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NOMENCLATURES

EDCs = Endocrine disrupting chemicals
SMT = Sulfamethazine

SZT = Sulfatiazole

SMX = Sulfamethoxazole

AI’" = Aluminium ion

E1 =Estrone

E2 = 17B-estradiol
E3 = Estriol

El = Estrone

EE2 = 17a-ethynylestradiol

4tBP = 4-tert-butyl phenol

BPA = Bisphenol A

HNO3 = Nitric acid

H2S0O4 = Sulfuric acid

fBC = Functionalized biochar

CNT = Carbon nanotubes

MWCNTs = Multiwalled carbon nanotubes
SWCNTs = Single walledcarbon nanotubes
PCPs = Personal care products

AGRs = Antibiotic resistant genes

ECs = Emerging contaminants

Kow = Octanol-water partition coefficient
BC = Biochar

AC = Activated carbon

SEM = Scanning electron microscope

EDS = Energy dispervise spectroscopy
XRD = Powder X-ray diffraction

BET = Brunauer-Emmett-Teller

FTIR = Fourier transform infrared spectroscopy

XPS = X-ray photoelectron spectroscopy



PO4* = Phosphate

CI" = Chloride ion

NOs™ = Nitrate ion

SO4* = Sulphate ion

CEC = Cationic exchange capacity
H/C = Hydrogen/carbon ratio
HNO3 = Nitric acid

NaOH = Sodium hydroxide
NaBH4 = Sodium borohydrate
Mary = Dried mas

Muvm= Weight of volatime matter
Mzt = Fraction of fixed carbon
Mash = Weight of ash

Na2COs= Sodium carbonate
CH30OH =Methanol

C2HsOH= Ethanol

NaHCO3 = Sodium bicharbonate
KClI = Potassium chloride

NaCl = Sodium chloride

HA = Humic acid

R = Alkyel group

AICl3 = Aluminium chloride
CH3-CO-CHs = Acetone

C=C = Carbon-carbon double bonds
K2HPO4 = Potassium biphosphote
MgSO4= Magnesium sulphate
PHEN = Phenanthrene

PABA = para-amino benzoic acid
DNB = /,3-Dinitro benzene

EDA = Electron donor-acceptor
EDD = Electron-donor-donor
CAP/CP = Chloramphenicol

TAP = Thiamphenicol



FF = Florfenicol

EM = Erythromycin

RTM = Roxithromycin

SD = Sulfadiazine

SM = Sulfamerazine

SP = Sulfapyridine

TC = Tetracycline

CTC = Chlortetracycline

OTC = Oxytetracycline

DXC = Doxycyclinehyclate

NFC = Norfloxacin

CIP = Ciprofloxacin

OFC = Ofloxacin

CARB = Carbodox

LNCM = Lincomycin

TRMP = Trimethoprim

WWTPs = Wastewater treatment plants
DWTPs = Drinking water treatment plants
STPs = Municipal sewage treatment plants
pKa= Acid dissociation constant

MBR = Membrane bioreactor

AOPs = Advanced oxidation processes
UV = Ultraviolet

TiO2 = Titanium dioxide

COD = Chemical oxygen deman
PPCPs = Pharmaceutical personal care products
-OH= Hydroxyl group

-COOH = Carboxylic group

-NH2 = Amino group

-CH = Alkyl group

-CO = Ketonic group

-COOR = Ester group

ZnO = Zinc oxide



UF = Ultrafiltration
O/C = Oxygen/ carbon ratio
N/C = Nitrogen/carbon ration
CAHB = Charge assisted hydrogen bonds
E’ = Redox potential
ZV1 = Zerovalent iron
nZV1/ Fe® = Nonosized zero valent iron
IMbBBC600 = Bamboo derived functionalized biochar (fBC-1)
TGA= Thermogravimetric analysis
Ka = Distribution coefficient
BJH= Barrett-Joyner-Halenda
DI= Deionised water
PFO = Pseudo first order
PSO= Pseudo second order
IDM = Intraparticle diffusion
Omax = Maximum sorption capacity
Ki= Langmuir fitting constant
Omax(total) = Summerized Langmur maximum sorption capacity
KFtota) = Summerized freundilich constant
CeHs = Aryl group
AG = Free energy change
Kaw = Water dissociation constant
TDS = Total dissolved solid
I6/Ip = Raman spectroscopy D and G band ratio
k = Rate constant
NO= Nitroso
HOAM = Hydroxlamino
m/z = Mass to charge ratio
DO = Dissolved oxygen
RP = Reverse phase
C18=18 C-12
Vis = Visible
LC-MSqto) = Triple quad liquid chromatography-mass spectroscopy
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ESI = Electrospray ionisation

PTFE = Poly tetraflouro ethylene

MP-AES = Microwave plasma-atomic emission spectroscopy
IC = Ion chromatography

EAA = Electon acceptor-acceptor

ApH = pH change

LOD = Limit of detection

CMs = Carbonaceous materials

HOCs = Hydrophobic organic contaminants

"H NMR = Proton nuclear magnatic resonance spectroscopy
0 = Chemical shifts in NMR

PMM = Polanyi-Mane Model

Cs = Solubility of compound

Sv= Sorbed volumn

proc= Density of HOC compounds

Kup = Hexadecane partition coefficient

2,4-D = 2,4-Dichlorophenoxyacetic acid

MCPA = 2-methyl-4-chlorophenoxyacetic acid
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Figure 5.1.6: Sorption performance of (a) estrone (E1) and (b) bisphenol A (BPA) in the
absence and presence of competitor such as m-electron-donor phenanthrene (PHEN) and n-
electron-acceptor 1,3-dinitrobenzene (DNB). Their interactions indicated the role of co-solutes
and the role of m-m electron-donor-donor or donor-acceptor multi-system on the sorption
performance of HOCs by fBC-2. Error bar representing the standard deviation. Sorption
performance of 174-estradiol (E2), estrio (E3) and 17a-ethynylestradiol (EE2) in the absence
and presence of m-electron-donor-acceptor system is represented in Figure 5.2.7. Each HOC

initial concentration was ~1000 pg L' and fBC-2 dosage was maintained 40-60 mg L. ...266

Figure 5.2.7: Sorption performance of (a) 17f-estradiol (E2), (b) estriol (E3), and (b) 17a-
ethynylestradiol (EE2) in the absence and presence of competitors such as m-electron-donor
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multi-system on the sorption performance of HOCs by fBC-2. Error bar representing the
standard deviation. The initial concentration of HOC was ~1000 ug L™ and fBC-2 dosage was
maintained 40-60 ME L. ........oooiiiiiieeeeeeceeeeeeeee et 267

Figure 5.2.9: Sorption performance of (a) estrone (E1) and (b) bisphenol A (BPA) in the
absence and presence of competitors such as m-electron-donor phenanthrene (PHEN) and n-
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solutes and the role of n-rt electron-donor-donor or donor-acceptor multi-system on the sorption
performance of HOCs by fBC-2. Error bar representing the standard deviation. The initial
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ABSTRACT

In the last few decades, water pollution by different organic and inorganic species has become
one of the most critical issues in many regions of the world. The consumption of the
contaminated water is of major human health concern. The presence of antibiotics and EDCs
in the aquatic environment causes critical problems to human health and aquatic organisms.
The efficacy for removing antibiotics and EDCs in traditional wastewater treatment plants is
not satisfactory by considering technology, cost and overall performance. On the other hand,
adsorptive materials are cost effective and highly suitable for removal of antibiotics and EDCs.
In this study, different adsorptive materials such as biorchar, functionlaized biochar and a
biochar composite sorbent were prepared by the utilization of woody biomasses (bamboo and
eucalyptus) and scrap iron material. Biochar was prepared at 380-400 °C via pyrolysis process
and then modified using oH3POs to produce functionalized biochar (fBC) at 600 °C. The
functionalized biochars were named as fBC-1(prepared from bamboo) and fBC-2 (prepared
from eucalyptus globules). Finally, fBC-2 was used to prepare a biochar composite with zero-
valent-iron (synthesized from scrap iron). These materials were used to remove antiobiotics

and EDCs in single and competitive mode.

Single and competitive sorption properties and mechanism of functionalized biochar for

removing sulfonamide antibiotics from water:

Single and competitive sorption of ionisable sulphonamides sulfamethazine, sulfamethoxazole
and sulfathiazole on functionalized biochar was highly pH dependent. The equilibrium data
were well represented by both Langmuir and Freundlich models for single solutes, and by the
Langmuir model for competitive solutes. Sorption capacity and distribution coefficient values
decreased as sulfathiazole > sulfamethoxazole > sulfamethazine. The sorption capacity of each
antibiotic in competitive mode is about three times lower than in single solute sorption. The
kinetics data were best described by the pseudo second-order model for single solutes, and by
PSO and intra-particle diffusion models for competitive solutes. Adsorption mechanism was
governed by pore filling through diffusion process. The findings from pH shift, FTIR spectra
and Raman band shift showed that sorption of neutral sulfonamide species occurred mainly

due to strong H-bonds followed by n-n electron-donor-acceptor (EDA), and by Lewis acid-
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base interaction. Moreover, EDA was the main mechanism for the sorption of positive
sulfonamides species. The sorption of negative species was mainly regulated by proton
exchange with water forming negative charge assisted H-bond (CAHB), followed by the
neutralization of ~OH groups by H" released from functionalized biochar surface; in addition,

n-n electron-acceptor-acceptor (EAA) interaction played an important role.

Competitive sorption affinity of sulfonamides and chloramphenicol antibiotics toward

functionalized biochar for water and wastewater treatment:

Competitive sorption of sulfamethazine (SMT), sulfamethoxazole (SMX), sulfathiazole (STZ)
and chloramphenicol toward functionalized biochar (fBC) was highly pH dependent with
maximum sorption at pH ~4.0-4.25. The Langmuir and Freundlich models well represented
equilibrium data in the order STZ > SMX > CP > SMT. Kinetics data were slightly better fitted
by the pseudo-second-order model than pseudo first-order and intra-particle-diffusion models.
Maximum sorptive interactions occurred at pH 4.0—4.25 through H-bonds formations for
neutral sulfonamides species and negative charge assisted H-bond (CAHB) formation for CP,
in addition to n-w electron-donor-acceptor (EDA) interactions. EDA was the main mechanism
for the sorption of positive sulfonamides species and CP at pH < 2.0. Sorption of negative
sulfonamides species and CP at pH > 7.0 was regulated by H-bond formation and proton
exchange with water by forming CAHB, respectively. The results suggested fBC to be highly

efficient in removing antibiotics mixture.

Chloramphenicol interaction with functionalized biochar in water: sorptive mechanism,

molecular imprinting effect and repeatable application:

Biochar and functionalized biochar (fBC-1 and fBC-2) were prepared and applied to
remove antibiotic chloramphenicol from deionized water, lake water and
synthetic wastewater. Results showed that chloramphenicol removal on biochar was pH
dependent and maximum sorption occurred at pH4.0-4.5. The sorption data of
chloramphenicol fitted better with the Langmuir isotherm model than the Freundlich isotherm
model with the maximum Langmuir sorption capacity of 233 uM g !'using fBC-2.
Chloramphenicol sorption on f{BC-2 followed the trend: deionized water > lake

water > synthetic wastewater. The presence of humic acid decreased the sorption distribution
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coefficient (K4) while the presence of low ionic strength and soil in solution increased Kd value
significantly. The mechanism of sorption on fBC mainly involved electron-donor-acceptor
(EDA) interactions at pH <2.0; formation of charge-assisted hydrogen bond (CAHB) and
hydrogen bonds in addition to EDA in the pH 4.0—4.5; and CAHB and EDA interactions at
pH > 7.0. Additionally, solvent and thermal regeneration of fBC-2 for repeatable applications
showed excellent sorption of chloramphenicol under the same condition, due to the creation of
a molecular imprinting effect in fBC-2. Consequently, fBC-2 can be applied with excellent

reusability properties to remove chloramphenicol and other similar organic contaminants.

Nano-Fe0 immobilized onto functionalized biochar gaining excellent stability during
sorption and reduction of chloramphenicol via transforming to reusable magnetic

composite:

The widely used nano-sized zero-valent iron (nZVI or nFe’) particles and their composite
material lose reductive nature during application, and the stability of transformed composite
material for repeatable application is not addressed to date. To shed light on this, nZVI was
synthesized from scrap material and immobilized on functionalized biochar (fBC) to prepare
nZVI-fBC composite. Comparative study between nZVI and nZVI-fBC composite on the
removal of chlorinated antibiotic chloramphenicol from different water types was conducted.
The results suggested that nZVI was solely responsible for reduction of chloramphenicol.
Whereas nZVI-fBC could be applied once, within a few hours, for the reduction of
chloramphenicol (29-32.5%) and subsequently sorption (67.5—70.5%) by transforming to a
fully magnetic composite (nFe3Os-fBC) gaining stability with synergistic sorption
performance. In both cases, two reduction by-products were identified namely 2-chloro-N-
[1,3-dihydroxy-1-(4-aminophenyl)propan-2-yl]acetamide (m/z 257) and dechlorinated N-[1,3-
dihydroxy-1-(4-aminophenyl)propan-2-yl]acetamide (m/z 223). The complete removal of
3.1 uM L! of chloramphenicol in different water was faster by nZVI-fBC (~12-15 h) than by
stable nFe304-fBC composite (~18 h). Both nZVI-fBC and nFe304-fBC composites removed
chloramphenicol in the order: deionized water > lake water > synthetic wastewater. nFe3Oa-
fBC showed excellent reusability after regeneration, with the regenerated nFe3Os-fBC

composite (after 6 cycles of application) showing significant performance for methylene blue
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removal (~287 mg g !). Therefore, the transformed nFe304-fBC composite is a promising and

reusable sorbent for the efficient removal of organic contaminants.

Sorptive removal of phenolic endocrine disruptors by functionalized biochar:

Competitive interaction mechanism, removal efficacy and application in wastewater:

Sorptive removal of six phenolic endocrine disrupting chemicals (EDCs) estrone (E1), 17B-
estradiol (E2), estriol (E3), 17a-ethynylestradiol (EE2), bisphenol A (BPA) and 4-fert-
butylphenol (47BP) by functionalized biochar (fBC-2) through competitive interactions was
investigated. EDC sorption was pH dependent with the maximum sorption at pH 3.0-3.5 due
to hydrogen bonds and ©t-m interactions as the principal sorptive mechanism. Sorption isotherm
of the EDCs was fitted to the Langmuir model. Sorption capacities and distribution coefficient
values followed the order E1 > E2 > EE2 > BPA > 4/BP > E3. The findings suggested that EDC
sorption occurred mainly through pseudo-second order and external mass transfer diffusion
processes, by forming H-bonds along with n-n electron-donor—acceptor (EDA) interactions at
different pH. The complete removal of ~500 ugL ™' of each EDC from different water
decreased in the order: deionised water>membrane bioreactor (MBR) sewage
effluent > synthetic wastewater. The presence of sodium lauryl sulphonate and acacia gum in
synthetic wastewater significantly suppressed sorption affinity of EDCs by 38—50%, hence

requiring more fBC to maintain removal efficacy.

Sorption of Hydrophobic Organic Contaminants on Functionalized Biochar: Protagonist

Role of n-n Electron-Donor-Acceptor Interactions and Hydrogen Bonds:

Sorption of five potent endocrine disruptors as representative hydrophobic organic
contaminants (HOCs) namely estrone (El), 17p-estradiol (E2), estriol (E3), 17a-
ethynylestradiol (EE2) and bisphenol A (BPA) on functionalized biochar (fBC-2) was
systematically examined, with a particular focus on the importance of m-electron-donor
(phenanthrene: PHEN) and n-electron-acceptors (1,3-dinitrobenzene: DNB, p-amino benzoic
acid: PABA) on sorption. Experimental results suggested that hydrogen-bond formations and
n-i-electron-donor-acceptor (EDA) interactions were the dominant sorption mechanisms. The
sorption of HOCs followed the order of E1 > E2 > EE2 > E3 > BPA based on the Freundlich

and Polanyi-Mane-models. The comparison of adsorption coefficient (Ks) normalized against
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hexadecane-water partition coefficient (Knw) between HOCs and PHEN indicated strong n-m-
EDA interactions. n-m interactions among DNB, PHEN and HOCs in methanol-d4 were verified
by the observed upfield frequency shifts using proton nuclear magnetic resonance (\H NMR)
which identified the specific direction of n-7 interactions. UV-vis spectra showed charge-
transfer bands for m-donors (PHEN and HOCs) with the model m-acceptor (DNB) also
demonstrating the role of m-n EDA interactions. The role of n-electron-donor and m-electron-
acceptor domains in fBC was identified at different solution pH. Therefore, m-n EDA
interaction together with hydrogen-bond formation were the key mechanism responsible for

sorptive removal of HOCs.
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CHAPTER ONE: INTRODUCTION

1.1. Background

Due to the rapid population growth, water pollution, and increasing demand for clean water,
advanced wastewater treatment is becoming an international focus for the rational use of scarce
water resources and as a means of safeguarding aquatic environments from the harm caused by
wastewater disposal. Reclamation and reuse of treated wastewater have become an important
topics in the sustainable management of water because high-quality water resources are
becoming increasingly limited. In recent decades, the wastewater treatment industry has
identified the discharge of emerging organic contaminants such as endocrine disrupting
chemicals (EDCs) and pharmaceuticals and personal care products (PPCPs) into waterways.
Most of the wastewater treatment plants are primarily designed to remove nutrients and easily
degradable carbon compounds. It has been shown that they have limited capacities to remove
pharmaceuticals, making them major sources of these micropollutants in rivers and streams.
Certain pharmaceuticals such as antibiotics, EDCs, pesticides and PCPs, are of particular
concern since emission may foster the development of resistant pathogens discharged into the
aquatic environments. To mitigate this problem with the micro-pollutants, many technologies
have already been considered as full or pilot plant basis via conventional wastewater treatment
and advanced treatment technologies. However, each process has some internal or
technological problem even with the new issue of the intermediate compound formation. Also,
the development of the proper technology for wastewater treatment is very important to
minimise the future global water need that is likely to be one of the most significant challenges
of the twenty-first century. Thus, adsorption is a process still widely used for the remediation
of diverse types of pollutants. My research will mainly focus on the removal of emerging
contaminants such as antibiotics and EDCs using low-cost adsorbents such as biochar,

functionalized biochar and their composite.

1.1.1. Adverse Effects of Antibiotic Residues

Antibiotics are the potent medicines that have been used for several decades in both human and
animals, for therapeutic treatment of infections related diseases, and for protecting their health
[2]. Among the various pharmaceuticals, antibiotic usage has been rapidly increasing all over

the world; thus they have received widespread attention [3]. Of particular concern are antibiotic
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residues in the environment which can induce antibiotic resistant genes (ARGs) from extended
exposure at relatively low concentrations [4]. The past and ongoing usage of antibiotics
produces significant residues which are directly or indirectly introduced into the aquatic and
terrestrial environments [5], and residues of human and veterinary antibiotics have been
detected in many different matrices [6-11]. Antibiotics have different half-lives in the
environment, some are highly persistent [12], and therefore their contamination levels in the
environment have been increasing. Several studies [13-15] showed significant impacts that
exposure to antibiotics (ug L' — mg L") might cause on aquatic organisms in their survival,
growth and body weight. Thus pharmaceutical chemicals, especially antibiotics, are gaining
the recognition of emerging environmental contaminants as being classified as recalcitrant bio-
accumulative compounds [16]. Hence antibiotics are regarded as toxic and hazardous
chemicals [15, 17, 18]. Even low concentrations of antibiotics in water can pose severe
problems to the ecosystem such as their potential risks of environmental toxicity and promotion
of microbial resistance [19-22]. The appearance of the compounds in water results in several
side effects such as aplastic anaemia. Aplastic anaemia is a condition that occurs when the
human body stops producing enough new blood cells, causing fatigue and a higher risk of
infections and uncontrolled bleeding. Different negative effects of chloramphenicol were
discovered, e.g., fatal bone marrow depression and aplastic anaemia as reported by Liu et al.
[23]. Additionally, antibiotics are responsible for the production of resistant microorganisms,
resulting in severe problems of public health such as difficulties in treating pathologies and

imbalance of microbial ecosystems [24].

1.1.2. Adverse Effects of EDCs

Phenolic structure based compounds such as the natural estrogens 17B-estradiol (E2), estriol
(E3) and estrone (E1), synthetic estrogen 17a-ethynylestradiol (EE2), and industrial
compounds such as octyl phenol, nonylphenol, 4-tert-butyl phenol (4/BP) and bisphenol A
(BPA), are the most potent EDCs [25]. EDCs are a large and relatively new group of
unregulated compounds [26] and can potentially cause deleterious effects in aquatic and human
life at environmentally relevant concentrations (ng L™! to ug L") which are becoming a growing
concern [27, 28]. ECs concentration may range from a few ng L™! to a few hundred pug L' [29].
Such concentrations in the aquatic environment may cause ecological risk such as interference

with endocrine system of high organisms, sexual differentiation, neurological and immune
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systems disturbance, microbiological resistance, and accumulation in soil, plants and animals
[30], as these EDCs are not completely removed by conventional wastewater treatment
processes [31-33]. They can affect water quality and potentially affect drinking water supplies,
ecosystem and human health [32, 34, 35]. Their environmental bioaccumulation exacerbates
the abnormal hormonal control causing reproductive impairments, decreased fecundity,
increased incidence of breast and testosterone cancers, and persistent antibiotic resistance [36].
EDCs are exogenous substances or mixtures that alter the functions of the endocrine systems
and consequently cause adverse health effect in an intact organism, or its progeny or
populations [37]. The effects associated with EDCs are breakage of eggs of birds, fishes and
turtles, problems in reproductive systems, change in the immunologic system of marine
mammals, reduction of sperm of human organ, increase in the incidence of breast, testicle and
prostate cancers, and endometriosis [35]. Consequently, the potential long-term effects of

EDCs in water are still uncertain and need further investigation.

1.1.3. Removal Technologies of Antibiotics and EDCs

Of the various physical, chemical and biological methods for removing antibiotics and EDCs,
adsorption and reduction methods are promising because they are economical and effective,
result in less sludge production and therefore, experience minimal disposal problems. These
methods are also able to handle shock loadings and operate over a wide range of temperatures
and pH. Furthermore, these methods seem to be the most suitable for the following scenarios:
small water supplies contaminated by these contaminants because of its simplicity and
effectiveness; selective removal in the presence of other ions when adsorbents with selectivity
for the contaminant are used; and easy regeneration of adsorbents for multiple reuse and
consequently reducing operational costs . Before discharging wastewater into the environment,
it is highly important for antibiotic residues to be removed, but it usually involves high cost.
Case studies of providing cost-effective solutions for antibiotic removal are urgently needed
[38, 39]. Although processes such as advanced oxidation can convert antibiotic molecules into
simple compounds or even mineralize them entirely these processes are costly and difficult to
maintain for the total removal of compounds including antibiotics at industrial scale. Thus,
physicochemical treatment technologies are proving to be a highly suitable treatment option
for organic contaminants [24, 40]. The adsorption process is very efficient [40], simple to

design and operate; and it is relatively inexpensive and unaffected by the potential toxicity as
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for biologically based processes [41]. Adsorption processes are widely used to remove organic
contaminants from contaminated stream onto adsorbent surfaces, although its application to
antibiotic removal has been reported for around 30 compounds so far. The efficiency of
adsorption processes is profoundly affected by the type of adsorbent, adsorbate properties, and
the composition of the waste stream [42].

EDCs are poorly removed in sewage treatment plants [26, 28, 43, 44] and are a primary
source of their discharge and occurrence in surface water, groundwater, seawater and
sediment [26, 45]. EDCs are relatively hydrophobic organic compounds according to their
octanol-water partition coefficient (Kow) values and have only one pK. value. Many separation
processes such as coagulation, flocculation and precipitation have been used for the removal
of EDCs from different water [28, 44]. Conventional biological processes such as activated
sludge, constructed wetlands, bio-filtration have shown limited removal of EDCs [28, 44],
while advanced treatment processes such as granular activated carbon, photolysis,
photocatalysis, ferrate [26] free radical oxidation, Fenton oxidation, sonolysis, membrane
separation, chlorination and ozonation have shown more satisfying results [28, 34, 44, 46].
Some hybrid systems such as membrane bioreactor (MBR) followed by
ultrafiltration/nanofiltration/reverse osmosis, flocculation followed by activated sludge and
ultrafiltration can also remove EDCs efficiently from water and wastewater [44, 47]. However,
a significant problem of hybrid systems is the high capital investment and operation cost.
Physical separation processes such as activated carbon adsorption, membrane filtration and ion
exchange usually show superior removal efficiencies of the EDC [29, 48]. Adsorption of EDCs
on carbonaceous materials has been studied using activated carbon [49-51] black carbon,
single- or multi-walled carbon nanotubes (SWCNT, MWCNT) [52, 53] and biochar [26, 54,
55]. Biochar is a low-cost sorbent for the efficient removal of many hydrophilic and
hydrophobic organic contaminants [56, 57]. Sorption of EDCs has also been studied using

alumina, silica and hydrophobic medium [58].
1.1.4. Removal of Antibiotics and EDCs by Biochar, Functionalized Biochar and Their
Composite

Several adsorbents such as ion exchange resins, carbonaceous materials (such as carbon
nanotubes or CNTs, graphene, activated carbon, biochar), naturally occurring, agricultural

wastes, zeolites, metal oxides and hydroxides, layered double hydroxides, industrial wastes,
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biosorbents and other synthetic organic and inorganic compounds have been used by previous
researchers to remove antibiotics and EDCs from water [59]. In this study, I used sorption
techniques for the removal of antibiotics and EDCs by preparing biochar, functional biochar
and its composites. Biochar is a low-cost sorbent. A comparison is shown among activated
carbon, carbon nanotubes, biochar and resin (Figure 1.1) about the cost of different sorbents.
However, most studies have not comprehensively covered the chemical mechanisms and
solution factors such as pH. Neither have they investigated the presence of other anions that

may influence the adsorption processes and modelling of adsorption.

1000000 ~
O Lower price W Higher price

100000 4
—_

éﬂ 10000 -
£

§ 1000 -
=
(=}
w2

2 100
(-
e}
s
(=)

1 -

0.1 ’_. T T T T
BC AC Resin MWCNTs SWCNTs
Adsorbent

Figure 1.1: The price of different adsorbents [57].

1.2. Research Hypothesis

In this study, I have used woody materials to produce adsorbent for removing pollutants from
water and wastewater. Applicability of the adsorbent to wastewater treatment depends on the
adsorption capacity, regeneration ability and treatment design. The principal hypothesis for this
research is that antibiotics and endocrine disruptors can be effectively removed from water and
wastewater using biochar, functionalized biochar and its composites. The following hypothesis
1s that biochar is an efficient, affordable and sustainable adsorbent. Most of the studies for

removal of organic contaminants are based on single component removal mode. In this study,
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I focus on both single and competitive sorption of antibiotics and EDCs. Competitive sorption
of organic compounds is of great importance, as these kinds of study have rarely been
conducted. Therefore, identifying the proper removal mechanism and development of models
for competitive sorption are of great importance. With the regeneration of adsorbent and the
applicability of biochar and functionalized biochar in water and synthesized wastewater
treatment will be economically achievable. These contaminants in wastewater sources must be
removed or reduced to avoid environmental and health hazards that can be a by-product of the
adsorption process. However, there may be competition for adsorption between anions, cations

and other contaminants which needs to be investigated.

1.3. Objectives

The overall aim of this research is to explore, in detail, the mechanisms and applications of

antibiotics and EDCs removal by biochar adsorbents in water and wastewater. To achieve this

overall aim, this study has set out specific targets as follows:

¢ Reviewing current studies in the literature on water pollution by antibiotics and EDCs,
together with technologies for removing them from the aqueous solution;

% Exploring novel low-cost materials for EDCs and antibiotics removal from water, based
on findings in the literature review and conducting experimental studies;

% Determining optimal conditions such as temperature, and modification technique

development for adsorbents preparation;

X3

*

Characterizing the developed materials in the pre and post adsorption states;

X/
°

Conducting parametric studies to determine the factors influencing adsorption

processes such as pH, effects of salt, soil, water matrix, desorption, and temperature;

¢ Eliciting adsorption isotherm and kinetic models of single and competitive solutes of
contaminants on the material;

% Evaluating the regeneration of the adsorbents after adsorption of antibiotics from the
aqueous solution;

% Investigation of the competitive adsorption of antibiotics and EDCs when they are
present at different concentration ratios in synthetic wastewater, Lake water and MBR
effluent.

¢ Modelling of equilibrium adsorption data by using Langmuir, Freundlich and Polanyi-

Mani models.
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% Model batch adsorption kinetic data using pseudo-first-order, pseudo- second-order,

intraparticle diffusion and boundary layer kinetic models.

e

%

Design of the reactor for production of adsorbents.

X/
°e

Develop a suitable method to regenerate the adsorbents for reuse so that the adsorbent
becomes cost-effective.

% Most importantly, determining adsorption mechanisms of EDCs and antibiotics onto
the adsorbent based on literature review, experimental, theoretical and instrumental

findings.

1.4. Research Significance

This study especially focused on the use of functionalized biochar (fBC) which is an excellent
adsorbent for removing pollutants such as antibiotics and EDCs from water and wastewater. It
is the first time that fBC was applied to remove a mixture of antibiotics and EDCs together
with the single solute system. In general, the applicability of the adsorbent to wastewater
treatment depends on the adsorption capacity, regeneration ability and treatment design.
Therefore, considering those factors, fBC is a potentially excellent sorbent for removing
antibiotics and EDCs. I have mainly focused on the elucidation of detail understanding of the
mechanisms of removal antibiotics and EDCs from different waters such as DI water, synthetic

wastewater, lake water and membrane bioreactor (MBR) effluent.

1.5. Thesis OQutline

This thesis consists of six chapters as follows:

Chapter 1 named “introduction” presents a context for this study, and identifies the
research problem and methods of antibiotics and EDCs removal, together with the research
hypothesis, research objectives and their significance. The main tasks to achieve the objectives
and scope of this research are also emphasized in details. Chapter 1 is the introductory chapter

of the thesis, and explains the background and significance of the PhD research.

Chapter 2 named as “literature review” and offers a detailed review of the relevant
scientific literature. Then, the water pollution caused by antibiotics and EDCs (definition,

sources, adverse effects and regulations) are discussed. Subsequently, the chapter introduces
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technologies for removing antibiotics and EDCs from water and wastewater. Chapter 2
concludes with key findings from the literature review and determines the proper research

direction.

Chapter 3 named as “materials and methodologies” and provides the information about

materials and methodologies that have been used in this study.

Chapter 4 titled with “antibiotics removal from water and wastewater: mechanisms
and applications” refers to four subheadings and each subheading described the removal
mechanisms of different antibiotics and application of functionalized biochar and composite

materials for different wastewater treatment.

Chapter 5 explores “endrocrine disruptors removal by functional biochar: mechanisms
and applications in wastewater treatment” using functionalized biochar as a sorbent. This
chapter has two main subheadings. This chapter discussed single and competitive sorption of

EDCs with detailed assessment of sorption mechanisms.

Chapter 6 summarizes significant findings of this work for antibiotics and EDCs

removal from water and wastewater together with recommendations for future study.
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CHAPTER TWO: LITERATURE REVIEW

2.1. Introduction

Due to water pollution, climate change and population growth, clean water scarcity is becoming
a significant problem for many countries around the world. According to a projection by the
International Water Management Institute, a very significant portion of the world is expected
to suffer from both physical (1000 m® per person/annum renewable water supply) and
economic water scarcity by 2025 [60]. Reclamation and reuse of treated wastewaters have
become essential themes in the sustainable management of water because many countries are
now experiencing severe water shortages. As the global supplies of clean water diminish and
demand water rises, advanced wastewater treatment is becoming an international focus for the
rational use of scarce water resources and as a means of safeguarding aquatic environments
from the harm caused by wastewater disposal.

Australia is at the crossroads regarding its ability to cope with increasing water scarcity
in that it has to choose between the more expensive capital and environmental options of more
storages and desalination, or minimise these via better water reuse strategies and increased
clean water productivity. There are different types of organic and inorganic contaminants
responsible for water pollution. Among organic contaminants, antibiotics and EDCs are
emerging organic contaminants in water and wastewater, which have to be removed by
appropriate water treatment process to produce clean water. This chapter reviews the literature
on biochar and modified biochar background for contaminants removal; antibiotics and EDCs
in water and wastewater together with their definitions, characteristics, sources, occurrence and
their relevant regulations; and their comparative removal technologies. Subsequently, the
techniques for removing the pollutants from aqueous solution, focusing on adsorption and
reduction methods using low-cost adsorbents are also mentioned and discussed. Finally,
chapter 2 summarizes major literature findings and research gaps, which guide the thesis

research.
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2.2. Antibiotics and EDCs in the Aquatic Environment

2.2.1. Definition, Characteristics, Source, Occurrence and Pollution of Antibiotics in the

Aquatic Environment

A. Definition

Antibiotics are defined as a group of compounds that eradicate microorganisms or inhibit their
growth [2]. Antibiotics are unique among medicines in that they act selectively on bacteria,
among them the pathogens while leaving human cells and tissues unaffected [61].
Nevertheless, the term “antibiotic” can be more broadly defined to incliude antibacterial,
antiviral, antifungal and antitumor substances. Most of these chemicals are natural from the
microbial origin, however possibly semi-synthetic or totally synthetic [2, 24]. The chemicals
are widely used in large quantities to treat bacterial diseases in both humans and animals for

therapeutic treatment of infections related diseases, and for protecting their health [62].

B. Characteristics of Antibiotics

Antibiotics can be classified by either their chemical structure or mechanism of action (Table
2.1). There are over 250 different antibiotic entities registered for use in human and veterinary
medicine [63]. Among the various pharmaceuticals, antibiotic usage has been rapidly increased
all over the world. Thus it has received widespread attention [3]. Antibiotics have different
half-lives in the environment, some are highly persistent [12], and therefore their contamination
levels in the environment have been increasing. The physicochemical properties of antibiotics
will affect their distribution in the environment as reported by Kemper (2008) [64].

Some common antibiotics are chosen for the present study including sulfamethoxazole
(SMX), sulfamethazine (SMT), sulfathiazole (STZ) and chloramphenicol [65]. SMX, SMT and
STZ are a compound belonging to the sulphonamide group, and chloramphenicol is belonged
to chloramphenicol class of antibiotic. Concerning the different classes of antibiotics,
sulfonamide antibiotics such as sulfamethazine (SMT), sulfamethoxazole (SMX) and
sulfathiazole (STZ) are commonly used in human therapy as well as veterinary medicine
because they are endowed with broad activity spectrum against Gram bacteria to prevent and
control infectious diseases [57, 66]. However, a significant fraction of sulfonamides remains
unmetabolised through the digestive system and is released continually to soil and water due

to their high water solubility [44, 67]. They can potentially damage aquatic organisms and
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impact on human health through the food chain [68]. Therefore, the adverse impact of such
compounds has received extensive attention.

On the other hand, chloramphenicol class of antibiotics have been commonly employed
in veterinary clinics since the 1950s and effective against Gram-positive and Gram-negative
cocci and bacilli. Chloramphenicol, however, has genotoxic effects and causes severe side
effects such as aplastic anaemia, leukopenia, agranulocytosis and anaemia [69]. Although
chloramphenicol has been banned since the 1990s in many countries for use in food-producing
animals, it is still widely used due to its low cost and easy availability [62, 69]. The occurrence
and fate of chlorinated pollutants in the environment are recognized as a significant problem
due to the adverse effects on human health through the formation of emerging antibiotic-
resistant bacteria and antibiotic-resistant genes [70, 71]. The characteristics of SMT, SMX,
STZ and CP such are shown in Table 2.1.

C. Sources and Occurrence of Antibiotics in the Environment

Antibiotics are widely used both in veterinary and human medicine with annual consumption
was 100000-200000 tons [72]. Some of the antibiotics, e.g. chloramphenicol being banned
from application to food-producing animals in developed countries, these chemicals are still
used in many developing nations due to their low cost, effectiveness, availability and limited
or no regulatory guidelines in place [2, 62]. Human and veterinary antibiotics have been
detected in different matrices, as observed by Homem and Santos [24]. Recent studies have
shown that several antibiotics are detected in surface and groundwater [73]. Most antibiotics
enter the environment, notably in the aquatic matrix, through discharge or disposal from
medical, municipal, and agricultural sources [73, 74]. Figure 2.1 illustrates the pathway of
antibiotics going into the natural environment through a diversity of sources. The chemicals
can contaminate soil, surface and groundwater via runoff or leaching by using manure of
livestock, aquaculture, poultry, pets as fertilizer for agriculture production [24]. In the same
way, disposal and excretion of households, industry, hospitals and services introduce human
antibiotics into the environment [24]. According to Ahmed et al. (2017) [44], most of
wastewater treatment plants (WWTPs) and drinking water treatment plants (DWTPs) are not
prepared to eradicate high polar micropollutants such as antibiotics. Thus, antibiotics can enter
the surface water, groundwater and drinking water [44].

First reports regarding the appearance of antibiotics in water were seen around 40 years

ago [75]. According to Homen et al., [24], the presence of antibiotics in environmental matrices
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has been investigated. Antibiotics have been detected in several environmental matrices
including surface water, groundwater, seawater, drinking water, wastewater treatment plants
effluent, hospital wastewater and biosolids [73, 76]. Typically, the concentrations of antibiotics
are in the higher mg L' range in hospital effluents and lower mg L' range in municipal
wastewater and ng L'! in surface, sea and groundwater [24, 73]. According to Adams et al.,
[75], concentrations of pharmaceuticals in surface water, groundwater and partially treated
water are usually less than 0.1 pug L™ and concentrations in treated water are generally below
0.05 pg L. For instance, concentrations of chloramphenicol in municipal sewage, the
Nanming River and the sediment of Nanming River of Guiyang City, China were reported at
474 ug L' 19.0 ug L' and 1138 pg L™, respectively [23, 65]. The chemical was also revealed
in sewage treatment plant effluents and river water at concentrations up to 0.56 and 0.06 pg L
!, respectively [23].

Furthermore, sediments from rivers that are influenced by agricultural activities have
higher antibiotics levels than sediments from other areas [77]. Due to the use of manure or
sludge as fertilizers, the appearance of antibiotics in soil is also more prevalent. Thus, the
findings of these compounds in vegetables and cereals were also reported by Homan et al.,
[24]. Current literature shows detection of TCs at up to 0.15 pg L™! in groundwater and surface
water, 86-199 ug kg™! in the soil, 4.0 mg kg'! in liquid manure, and 3ug L™ in farm lagoons
[19]. The antibiotics are very stable in the environment due to their high polarity and non-

volatile nature [78].
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Table 2.1: Physicochemical properties of major types of antibiotics investigated by different studies.

Class Compound Acronym CAS Number logk,.* pK* Molecular Molecular formula Reference
mass

Chloramp-henicols Chloramphenicol CAP 56-75-7 1.14 n/a® 323.13 C,H,CILbN,05 [79]
Thiamphenicol TAP 15318-45-3 -0.27 n/a 356.22 C,H;sCILNOsS
Florfenicol FF 76639-94-6 0.37 n/a 358.21 C1,H14,CLFNO,

Macrolides Erythromycin ET™M 59319-72-1 3.06 8.9 731.95 C3sHgNO, [79]
Roxithromycin RTM 80214-83-1 2.75 9.17 837.05 C41H76N,Oy5

Sulfon-amides Sulfadiazine SD 68-35-9 -0.34 2.0/6.48 250.28 CioH;0N4O,S [79, 80]
Sulfamerazine SM 127-79-7 0.44 2.06/6.90 264.30 C11H12N40,S
Sulfamethazine SMT 57-68-1 0.14 2.65/7.65 278.34 C1oH14sN4O5S
Sulfamethoxazole SMX 723-46-6 0.89 1.6/5.7 253.28 CioH;1N;05S
Sulfathiazole ST 72-14-0 0.05 2.2/7.24 255.32 CyoHyN;0,S
Sulfapyridine SP 144-83-2 0.35 2.9/8.54 249.29 CiHiN;0,S

Tetracyclines Tetracycline TC 60-54-8 -1.37 33 44443 C»HsN,O3 HCI [79, 80]
Chlortetracycline CTC 64-72-2 n/a 3.3/7.55 515.34 CHy;CIN,Og.HCI
Oxytetracycline OTC 2058-46-0 -0.9 9.5 496.90 C»HuN,O3 HCI
Doxycyclinehyclate DXC 24390-14-5 2.37 3.02/7.97 544.98 C»HsN,09 HCI

Flouro-quinolones Norfloxacin NFC 70458-96-7 -0.46 3.11/6.10 319.33 Ci6H1s FN;O; [80]
Enrofloxacin EFC 93106-60-6 0.70 3.85/6.19 359.4 Ci9H2, FN;0;
Ciprofloxacin CIP 85721-33-1 0.28 6.09 331.34 C17H 13 FN;0;
Ofloxacin OFC 82419-36-1 -0.02 n/a 331.34 Ci5H,0 FN;0;

Imidazoles Metronidazole, Fenbendazole, -0.02-3.9 2.4 171.5-315.3 [81]
Oxfendazole

B-Lactams Penicillins, Ampicillin, Meropenem, [81]
Cephalosporins, Ceftiofur, Penicillin G, 0.9-2.9 2.7 334.4-470.3
Cefotianm

Others Carbadox CARB 6804-07-5 n/a n/a 262.2 C1Ho(N4O4 [80]
Lincomycin LNCM 859-18-7 n/a 7.80 443.0 C5H34N,04S HCI
Trimethoprim TRMP 738-70-5 n/a 3.24/6.76 290.3 C14HsN4O5
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D. Effects of the Antibiotics Pollution on Water

Even low concentrations of pharmaceuticals in water can pose severe problems to the
ecosystems due to their potential toxicity and promotion of microbial resistance [19-21, 72].
The appearance of the compounds in water results in several side effects such as aplastic
anaemia. Aplastic anaemia is a condition that occurs when the human body stops producing
enough new blood cells, causing fatigue and a higher risk of infections and uncontrolled
bleeding. While being banned from application to food-producing animals in developed
countries, these chemicals are still used in many developing nations due to their low cost,
effectiveness and availability [62]. Conventional wastewater treatment methods can not
effectively remove antibiotics. Thus, they can accumulate causing a severe problem for the
aquatic organism and the ecosystem [62, 82]. Different adverse effects of CP were discovered,
e.g., fatal bone marrow depression and aplastic anaemia as reported by Liu et al. [23].
Additionally, Antibiotics are responsible for the production of resistant microorganisms,
resulting in serious problems of public health such as difficulties in treating pathologies and
imbalance of microbial ecosystems [24].

Among the various pharmaceuticals, antibiotic usage has been rapidly increased all
over the world. Thus it has received widespread attention [3]. Of particular concern are
antibiotic residues in the environment which can induce antibiotic resistant genes (ARGs) from
extended exposure at relatively low concentrations [4]. The past and ongoing usage of
antibiotics produce significant residues which are directly or indirectly introduced into the
aquatic and terrestrial environments [5], and residues of human and veterinary antibiotics have
been detected in many different matrices [6-11, 83].

Antibiotics have different half-lives in the environment, some are highly persistent [12],
and therefore their contamination levels in the environment have been increasing. Several
studies [13-15] showed significant impacts that exposure to antibiotics (ugL"' — mg L") might
cause on aquatic organisms on their survival, growth and body weight. The release of
antibiotics into the natural water bodies mainly comes from the effluents of municipal sewage
treatment plants (STPs) and pharmaceutical manufacturing plants. As reviewed by Michael et
al. [84] and Rizzo et al. [85], urban wastewater treatment plants are likely to be hotspots for
the release of antibiotics and ARGs in the natural environment. Thus pharmaceutical
chemicals, especially antibiotics, are gaining the recognition of emerging environmental
contaminants as being classified as recalcitrant bio-accumulative compounds [16]. Hence

antibiotics are regarded as toxic and hazardous chemicals [15, 17].
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Before discharging wastewater into the environment, it is essential for antibiotic residues to
be removed, but it usually involves high cost. Case studies of providing cost-effective solutions
for antibiotic removal are urgently needed [38, 39]. Although processes such as advanced
oxidation can convert antibiotic molecules into simple compounds or even mineralize them
entirely these processes are costly [86] and difficult to maintain for the total removal of

compounds including antibiotics at industrial scale.

2.2.2. Definition, Characteristics, Source, Occurrences and Pollution of EDCs in the

Aquatic Environment
A. Definition

According to the U.S. Environmental Protection Agency, an endocrine-disrupting compound
has been defined as ‘an agent that interferes with the synthesis, secretion, transport, binding,
or elimination of natural hormones in the body that are responsible for the maintenance of
homeostasis, reproduction, development and/or behaviour’ [87, 88]. Therefore, EDCs are
exogenous substances or mixtures that alter the functions of the endocrine systems and
consequently cause adverse health effect in an intact organism, or its progeny or populations
[89, 90]. Estrogenic compounds are those who can mimic (or block) the effect of endogenous
estrogen, and therefore, represent one class of endocrine disruptors. There are three primary
classes of endocrine disrupting chemicals, namely: estrogenic (or anti-estrogenic), androgenic

(or anti-androgenic), and thyroidal [91].

B. Characteristics of EDCs

EDCs can be either natural chemical that are found in human and animal food or synthetic
chemicals used as industrial solvents or lubricants and their byproducts (e.g. polychlorinated
biphenyls, polybrominated biphenyls, dioxins). Other synthetic EDCs include plastics, e.g.
bisphenol A, plasticizers, pesticides (e.g. dichlorodiphenyltrichloroethane), fungicides (e.g.
vinclozolin) and some pharmaceutical agents (e.g. diethylstilbestrol). However, from different
observations, endocrine disruptors can also be categorized into three groups such as (i)
pesticides, (II) chemicals in products; and (iii) food contact materials [88, 92]. Considering the
structural features of EDC, it is complicated to establish a relationship with them. This is

because of the distinct mechanism of action of EDC in the human and animal body. Sometimes
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EDCs metabolites are more hazardous than the parent compound itself. Although, some
structural features are indicative of endocrine disruption, therefore, not possible to determine
whether a compound is an EDC based on its structure [88].

EDCs have been detected in natural environments [16, 93, 94]. EDCs are relatively
hydrophobic organic compounds according to their octanol-water partition coefficient (Kow)
values and have only one pK, value. The chemical structures and physicochemical properties
of the selected EDCs are shown in Figure 2.2 and Table 2.2, respectively. Phenolic structure
based compounds such as the natural estrogens 17f-estradiol (E2), estriol (E3) and estrone
(E1), synthetic estrogen 17a-ethynylestradiol (EE2), and industrial compounds such as octyl
phenol, nonylphenol, 4-tert-butyl phenol (4¢BP) and bisphenol A (BPA), are the most potent
EDCs [25].

Bateng (B 17--Estradiol (E2)
| OH
i B — H
HC H
A f>_~_< -0
Ethinyl estradiol (EE2) Bisphenal A (BPA) 4-tert-butyl-phenol

(4TBF)

Figure 2.2: Chemical structures of EDCs and resonance form of phenolic group in EDCs.

C. Sources and Occurrence of EDCs in the Aquatic Environment

The sources of EDC exposure are usually diverse and widely distributed throughout the aquatic
environment. However, the situation is neither constant nor can be predicted easily since there
is a significant usage difference of these substances among the countries. The whole scenario
becomes more complicated as some of these EDCs have been banned in some countries while
others countries still using especially synthetic EDCs [88]. Human exposure to EDC occurs
with environmental contamination of the food chain, especially freshwater fish and meat,
contact with contaminated household dust, and occupational exposure [95]. Some chemicals

were banned or otherwise removed from production years ago but persist in the environment.
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For example, a family of industrial polychlorinated biphenyl compounds generally act as
oestrogen mimics and are still found in significant quantities in the environment, although their
manufacture in the USA was banned in 1977 [95]. EDCs are high production volume
chemicals found in a myriad of household products. Bisphenol A (BPA), for example, is
present in polycarbonate plastics, including beverage and food storage containers, epoxy resins
that line the interior of metal cans, and in ink used for thermal paper receipts. Synthetic
oestrogens from anticonceptional pills, such as ethinylestradiol, are commonly found in surface
water, as a result of their widespread use. Thus, exposure to EDCs is ubiquitous and
unavoidable, and there is growing concern that living in an EDC contaminated world may be
contributing to adverse health trends, such as early puberty and infertility, because of growing
evidence that some EDCs can produce varied effects. Figures 2.3 and 2.4 show the routes of
potential exposure of sex steroids from livestock and different exposure routes of EDCs,

respectively.

Sex steroids
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y
Agricutural field use

K 4

Run off
l :

Leaching, dissipation, run-off

Surface water and sediment

Ground Water

Figure 2.3: Routes of potential exposure of sex steroids from livestock [96].

On the other hand, EDCs as emerging contaminants are ubiquitously present in
municipal wastewater effluents. EDCs are the ingredients mostly detected in municipal sewage,
daily household products, pharmaceutical production plants, wastewater, hospitals, landfills,
and natural aquatic environment [44, 97, 98]. ECs concentration may range from a few ng L™!
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to a few hundred pg L™! [98, 99]. Such concentrations in the aquatic environment may cause
ecological risk and accumulate in soil, plants and animals as these ECs are not completely

removed by conventional wastewater treatment processes [44].
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Figure 2.4: Routes of potential exposure to sex steroids from livestock [100].
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Table 2.2: Physicochemical properties of the target EDCs.

Compound Molar mass  Molar volume Size of molar Molar density Volume of log Kow log Koe pKa Water Reference
(g mol ") (cm™) volume (g cm™) molecule solubility
(nm) (cm?) (mg L")

El 270.37 232.1+3.0 0.321 1.164 £ 0.06 3.85x102 3.13-3.43  3.1-3.5 10.34+0.05 30 [27]

E2 272.38 232.6+£3.0 0.322 1.170 +£0.06 3.86x102 2.81 3.5 10.46+0.03 13 [27]

E3 288.38 229.6+3.0 0.328 1.255 +£0.06 3.81x102 2.81 3.5 10.38+0.02 13 [27]

EE2 296.40 2444 +£3.0 0.331 1.21 +£0.01 4.06x10722 3.67-420 3.8 10.40 4.7-19 [27]

BPA 228.29 199.5+£3.0 0.304 1.143 £ 0.06 3.31x10% 3.32 9.6-10.02 120 [43]

41BP 150.22 154.5+3.0 0.264 0.971 £ 0.06 2.57x1022 3.31 3.39 10.16 610 Pubchem

logkow of BPA and 4/BP was taken from PubChem. Molar mass, molar volume and molar density were calculated using ChemSketch software.

Apparent size of molar volume (nm) was calculated using equation apparent size =
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D. Effects of EDC Pollution on Environment and Aquatic Organisms

EDC is a major research topic, which has been very active over last 15 years, although the
effects of EDCs in wildlife have been studied mainly since the 1940s [88]. Endocrine disruption
system is a system consisting of many interacting tissues that talk to each other and the rest of
the body using signals mediated by molecules called hormones. The hormone is responsible
for controlling some processes in the body that start from our early development processes such
as cell differentiation for development and bone formation to our adulthood control-ling tissue
and organ functions. The human endocrine system is shown in Figure 2.5. The endocrine
hormone system acts via hormones, which travel through the blood to produce effects on distant
cells and tissues via integrated complex interacting signalling pathways usually involving
hormone receptors. There are about 50 different hormone and hormone-related molecules
(cytokines and neurotransmitter) in humans that integrate and control normal body functions
across and between tissues and organs over the lifespan [88, 101].

However, EDCs can cause adverse effects due to exogenous endocrine disruption in the
reproductive, sexual differentiation, neurological and immune systems even at low
concentrations (ng L to pg L), and have attracted increasing attention [27, 43]. Exposure in
people is typically a result of contamination of the food chain, inhalation of contaminated house
dust or occupational exposure. They produce their effects by mimicking, antagonising or
altering endogenous steroid levels (androgens or oestradiol, E2) via changing rates of their
synthesis or metabolism and/or expression or action at receptor targets [95]. The effects
associated with EDCs are breakage of eggs of birds, fishes and turtles, problems in reproductive
systems, change in immunologic system of marine mammals, reduction of sperm of human
organ, including reduced female fecundity, longer time to conception, higher miscarriage rates
and decreased sperm motility increase in the incidence of breast, testicle and prostate cancers,
and endometriosis [34, 95]. Adverse effects of EDC exposure on reproductive physiology have
also been seen in numerous animal models, mainly when exposure occurs early in
development. In mammal and other vertebrates, EDC exposure during development alters both
male and female gonad development, reduction in sperm counts, abnormal sperm, and changes
in sexual behaviour, such as demasculinisation and feminisation of male offspring [95].

Other EDCs effects include:
1. Neurodevelopmental processes because many accumulate in fatty tissues of
exposed individuals, are readily transferred across the placenta prenatally, and are

expressed in breast milk.
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ii.

1il.

Emotional reactivity and stress responses

Several studies have investigated the effects of EDCs on sexually dimorphic brain

circuits
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Figure 2.5: Figure demonstrates that all hormone-sensitive physiological systems are
vulnerable to EDCs [1].

2.2.3. Relevant Regulations for Antibiotics and EDCs Residues

Emerging contaminant such as pharmaceuticals and specifically antibiotics are generally
controlled by stringent regulatory processes and necessarily rigorous preclinical and clinical
studies to evaluate their efficacy and safety before commercialization 0.25, 0.01, 0.05 and 0.80
mg L', respectively [75, 102]. Therefore, antibiotics are generally better characterized than

other environmental pollutants. Several legal limits have set up by the European Union (1990)
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for antibiotics in food such as 4-1500 pg kg for milk and 25-6000 ug kg™ for other food
products, especially from animal origin. However, there is no legislation applied to
environmental matrices [24]. At present, different government and non-government
organizations including the European Union, the North American Environmental Protection
Agency, the World Health Organization, or the International Program of Chemical Safety are
considering these problems and setting up directives and legal frameworks to protect and
improve the quality of freshwater resources to remove emerging contaminants such as EDCs
and antibiotics [34]. The US Environmental Protection Agency established the Endocrine
Disruptor Screening Program to identify screening methods and toxicity testing strategies that
can be used to determine whether chemicals are endocrine disruptors, but this process is
incomplete [103]. The Organization for Economic Co-operation and Development (OECD) is
also currently developing methods to identify EDCs. However, there currently is no consensus
within the scientific community for a strategy to definitively determine whether a chemical is
an endocrine disruptor, and definitions of the term vary. Some naturally occurring and
humanmade chemicals are widely considered endocrine disruptors, including certain
pharmaceuticals, pesticides, industrial chemicals, combustion by-products, phytoestrogens,
and hormones excreted by animals and humans. There are many other chemicals for which
there is limited, incomplete evidence of potential endocrine activity or for which the evidence
of endocrine activity is controversial. An even higher number of chemicals have not yet been
tested for potential endocrine activity using any of the available methods. Additionally,

therefore, any list of chemicals defined as EDCs is not exhaustive [90].

2.3. Antibiotics and EDCs Removal Technologies

A variety of different physical, chemical and biological technologies have already been used
to remove or degrade the residues of emerging contaminants over the last few decades [29,
104]. Biological treatment technologies are by far the most widely used for emerging
contaminants removal, including activated sludge (AS), constructed wetland (CW) [105],
membrane bioreactor (MBR), aerobic bioreactor, anaerobic bioreactor, microalgae bioreactor,
fungal bioreactor, trickling filter, rotating biological reactor, nitrification, enzyme treatment
and biosorption. It has been reported that some non-biodegradable organic micropollutants
cannot be sufficiently removed using biological treatment processes. Chemical treatment

technologies are also widely used for the degradation of these micropollutants, including
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conventional oxidation methods such as Fenton, ozonation, photolysis and advanced oxidation
processes (AOPs) such as ferrate, photo-Fenton, photocatalysis, solar driven processes,
ultrasound process, and electro-Fenton process. Moreover, some hybrid systems have recently
been applied to enhance the removal of a wide range of ECs. The advantages and challenges
of different processes for the removal of ECs are outlined in Table 2.3. The majority of polar
and semi-polar pesticides and pharmaceuticals will remain partitioned in the aqueous phase
due to their relatively high water solubility. Hence their removal by physical processes such as
sedimentation and flocculation is not effective [106], and has been reported to be less than 10%
[107]. On the other hand, a variety of methods to remove antibiotics and other pharmaceuticals
from aquatic matrix such as advanced oxidation processes, combined chemical/biological
treatment, aerobic digestion integrated with activated carbon, ion exchange, coagulation,
flocculation, sedimentation, ultraviolet irradiation, have been attempted [20, 24, 62, 73].
However, it was reported that these conventional methods were moderately ineffective in
removing antibiotics from aquatic media [20]. Adsorption using cost-effective adsorbents is

considered an effective process that removes antibiotics from aqueous solution [20].

2.3.1. Biological Treatment Technologies

Biological treatment technologies have been widely applied for the removal of ECs
predominantly by the mechanism of biodegradation. Biodegradation is the process by which
large molecular weight ECs are degraded by microorganisms such as bacteria, algae and fungi
into small molecules [108], and even biomineralised to simple inorganic molecules such as
water and carbon dioxide. In conventional biodegradation process, microorganisms use organic
compounds as primary substrates for their cell growth and induce enzymes for their
assimilation [99]. Some ECs are toxic and resistant to microbial growth hence inhibiting
biodegradation, in which case a growth substrate is needed to maintain microbial growth for
biodegradation, a process known as cometabolism [99]. Biodegradation methods have
traditionally been used in wastewater treatment systems for the removal of ECs. They can be
divided into aerobic and anaerobic processes. Aerobic applications include activated sludge,
membrane bioreactor, and sequence batch reactor. Anaerobic methods include anaerobic
sludge reactors and anaerobic film reactors. The wastewater characteristics play a vital role in
the selection of biological treatment [97, 109]. The wastewater treatment processes can be
broadly classified as conventional processes and non-conventional processes, which are

described in subsequent sections.
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Table 2.3: Advantages and challenges of different technologies in the removal of ECs.

Treatment process Advantages Challenges Reference
Conventional A wide range of ECs removal from wastewater The relatively high cost of operation and maintenance [32, 35, 110,
Biological activated Removal of residual disinfection/oxidation products Regeneration and disposal issues of high sludge 111]
carbon Not generating toxic active products Processing of sludge can increase total cost by 50-60%
Microalgae reactor Resource recovery of algal biomass used as fertilizer Removal efficiencies affected by cold season [112]
High-quality effluent & no acute toxicity risk associated with ECs EDCs cannot degrade properly
Activated sludge Lower capital and operational costs than AOPs Low efficiencies for pharmaceuticals and beta blockers [32,97, 109,
Environmental friendly than chlorination A large amount of sludge containing ECs 113]
Unsuitable where COD levels are greater than 4000 mg L™!
Non-conventional Low energy consumption and low operational & maintenance costs Clogging, solids entrapment and sediments formation [114]
Constructed wetland High performance on the removal of estrogens, PCPs, pesticides and Biofilm growth, chemical precipitation and seasonal dependent
pathogens Needs large area of lands and long retention time
MBR Effective for the removal of biorecalcitrant and ECs High energy consumption and fouling, control of heat and mass transfer [32,97, 115]
Small footprint High aeration cost and roughness of membrane
Pharmaceutical pollutants have low efficiencies
Chemical process Reduced turbidity arising from suspended inorganic and organic Ineffective micropollutants removal [32, 114]
Coagulation particles A large amount of sludge
Increased sedimentation rate through suspended solid particles Introduction of coagulant slats in the aqueous phase
formation
Ozonation Strong affinity to ECs in the presence of H,O, High energy consumption, the formation of oxidative by-products [32,110]
Selective oxidant favouring disinfection and sterilization properties Interference of radical scavengers
AOPs Major ancillary effects on removal of ECs such as EDCs, Energy consumption issues, operational & maintenance cost [32,110]
pharmaceuticals, PCPs and pesticides Formation of toxic disinfection by-products
Short degradation rate Interference of radical scavengers
Fenton and Photo- Degradation and mineralization of ECs The decrease of OH" forming chloro and sulfate—Fe(II) complexes or due to [97, 116]
Fenton Sunlight can be used by avoiding UV light scavenging of OH" forming Cl," and SO4™ in the presence of chloride and sulphate
ions
Photocatalysis (TiO,) Degrading persistent organic compounds Difficult to treat a large volume of wastewater [98]
High reaction rates upon using a catalyst The cost associated with artificial UV lamps and electricity
Low price and chemical stability of TiO, catalyst and easier recovery Separation and reuse of photocatalytic particles from slurry suspension
Physical process Can remove pathogens Not fully effective in removing some ECs as pore sizes vary from 100-1000 times [97]
Micro- or ultra- Applicable for heavy metal removal larger than the micropollutants
filtration The high cost of operation
Nanofiltration Useful for treating saline water and WWTP influents High energy demand, membrane fouling and disposal issue [32,91]
Can remove dyestuff and pesticides Limited application in pharmaceutical removal
Reverse osmosis Useful for treating saline water and WWTP influents High energy demand, membrane fouling and disposal issue [32,91,97]

Can remove PCPs, EDCs and pharmaceuticals

Corrosive nature of finished water & lower pharmaceutical removal
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A. Conventional Treatment Processes

Removal or degradation capacity of ECs depends on the chemical and biological persistence
of ECs, their physicochemical properties, the technology used, and operation conditions. For
the polar substances, e.g. most pharmaceuticals and their corresponding metabolites, the most
important removal process is through the biological transformation or mineralization by
microorganisms. The removal rates strongly depend upon the treatment technology, the
operation conditions, and target contaminants [117]. The identification of degradation products
in environmental samples is a challenging task because not only they are present in very low
concentrations but also they are mixed with complex matrices that may interfere with detection
[117, 118]. The conventional wastewater treatment plants frequently used techniques such as
biological processes, filtration and coagulation/flocculation/sedimentation [24, 73]. The
biological process degraded organic compounds in activated sludge tanks and treating large
effluent flow rates. However, this technique cannot be applied for treatment of highly toxic
pollutants due to their being toxic to microorganisms [24]. The filtration removes the solid
particles by passing the wastewater via a filtration media such as sand, coal, diatomaceous
earth, granular activated carbon. The disadvantage of filtration is it cannot degrade pollutants,
but accumulate it in the solid phase, creating a new waste [119]. Coagulation, flocculation and
sedimentation utilizes chemicals to increase the solids sedimentation, pollutants precipitation
and colloids formation and is easy to settle down. Nevertheless, the methods achieve low
efficiency for removing Antibiotics and need the following treatment to remove the pollutants

from water [24].

(i) Biological Trickling Filter

A biological trickling filter is a three-phase system with fixed biofilm carriers. Wastewater
enters the bioreactor through a distribution zone, trickles down over the biofilm surface, and
air moves upward or downward in the third phase [120]. Bio-trickling filters have been used in
wastewater treatment plants for decades in the removal of biochemical oxygen demand [121],
chemical oxygen demand (COD), pathogen decontamination, odour and air pollution control,
but their application to ECs removal has not become broad practice [122-124]. Trickling filters
or biobeds were used either alone or in combination with other treatment processes such as
activated sludge. Some bio-processes such as activated sludge, aerated lagoon and trickling
filters have reported very different removal efficiencies from almost complete removal to no

removal of some pharmaceuticals from different wastewater sources [125]. Kasprzyk-Hordern
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et al. [3] monitored 55 pharmaceuticals, PCPs, EDCs and illicit drugs during wastewater
treatment by trickling filter and activated sludge processes from South Wales, UK over a period
of five months. They concluded that the activated sludge treatment was a much more efficient
process than trickling filter beds for the removal of organic micropollutants. Overall, out of 55
pharmaceuticals and PCPs studied only a few were characterised by low removal efficiency (<
50%) during activated sludge treatment. In comparison, the WWTP utilising trickling filter
beds resulted in, on average, less than 70% removal of all 55 PPCPs studied with half of them
not being removed, while the WWTP utilising activated sludge treatment gave a much higher
removal efficiency of over 85% [3, 126]. Hence there is a need to develop or modify the present

bio-trickling process to attain higher and steadier removal efficiency for a wide range of ECs.

(ii) Biological Nitrification and Denitrification

Nitrification is the biological oxidation of ammonium to nitrite and nitrate, and denitrification
is the biological process which is used to degrade organic compound by the oxidation of nitrate/
nitrite to nitrogen gas [127]. Denitrification process is carried out at anoxic (i.e. absence of
oxygen but the presence of nitrate) conditions [128, 129]. Differences in results from recent
studies may originate from the variation in operating conditions (hydraulic retention time,
sludge retention time, mixed liquor pH and temperature). These kinds of conditions are mostly
applied together with MBR for the wastewater treatment. For example, Phan et al. [128] studied
ECs removal from wastewater using nitrifying and denitrifying condition in MBR. The sludge
retention time was 25 days, and nitrification was carried out by autotrophic bacteria under
aerobic conditions and denitrification process carried out under anoxic conditions. The
treatment duration was adequate to support the proliferation of both heterotrophic and slow-
growing nitrifying microorganisms that sustain high organics removal.

Removal of EDCs such as estrone (E1), 17a-ethinylestradiol (EE2), 17B-estradiol (E3),
bisphenol A, 4-fert-butylphenol and 4-fert—octylphenol and PCPs (such as benzophenone,
galaxolide, oxybenze, salicylic acid and tonalide) by denitrification has been found to be 82-
100% at pug L' level influent concentration. The fate of some EDCs and pharmaceuticals by
denitrification process was also studied, but the result was not satisfactory [130]. On the other
hand, nitrification process was found suitable to remove some ECs such as E1, E2 and EE2,
galaxolide, tonalide, ibuprofen, naproxen, erythromycin and roxithromycin. In comparison,

applied to same compound removal, denitrification process seems to be more suitable than
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nitrification process (denitrification > nitrification) for the removal of ECs (Table 2.4). A
challenge in the denitrification and nitrification process is the relatively low removal
efficiencies for a wide range of ECs, but this process can be integrated with MBR and other

processes to improve its removal efficiencies.

Table 2.4: ECs removal efficiency by nitrification and denitrification treatment technologies.

EC ECs Biological treatment technology Reference
category . . . . . .
Nitrification (aerobic reactor) De-nitrification (anoxic reactor)
Influent conc. (pug Removal Influent conc. (pg Removal (%)
LY (%) L)
EDCs EE2 5.54£2.6 87+11 5;5.8%1.9 93;20+13 [128, 130]
E3 5 97 [128]
El 6.6+1.4 99 5;6.4+0.8 100; 7242 [128, 130]
17B-estradiol 17- 5 100 [128]
acetate
E2 6.6+1.4 99 5;6.4+0.8 100; 72+2 [128, 130]
Bisphenol A 5 86 [128]
4-tert-butylphenol 5 81 [128]
4-tert-octylphenol 5 82 [128]
Antibiotics Erythromycin 17.7£2.2 89+2 23.940.1 20+10 [130]
Roxythromycin 17.4+£5.9 91 18.8+1.2 15+7 [130]
Sulfamethaxazole 21.1+1.6 2245 [130]

(iii) Biological Activated Carbon

The accumulation or artificial immobilization of microorganisms under proper temperature and
nutrition condition on the surface of activated carbon produces the biological activated carbon.
In that case, activated carbon (mostly granular form) acts as a carrier which can exert the
adsorption and biodegradation roles simultaneously [131-133]. The mechanism involves the
interaction of granular activated carbon particles, microorganisms, contaminants and the
dissolved oxygen in solution [134]. In most of the cases, biological activated carbon process is
used after ozonation for the removal of contaminants, and biological activated carbon can be
part of a tertiary treatment process for reclamation purpose as it can efficiently remove both
nitrogen and organic carbon [133]. Such comparative removal efficiencies by filtration,
ozonation followed by biological activated carbon are listed in Table 2.5, where it can be
observed that biological activated carbon process can be more effective in the removal of ECs
(ng L! level) especially pesticides (such as atrazine and triclosan), beta-blocker (atendol) and

pharmaceuticals (analgesics, antibiotics, lipid regulator and anti-depressant) when ozonation
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process has been carried out first. Biological activated carbon process showed lower efficiency
in the removal of some EDCs such as E3, bisphenol A, and octylphenol but did remove 99%
of E1 [131]. Thus biological activated carbon process can be very attractive if this process is
combined with some oxidation process such as ozonation. Therefore for the removal of ECs, it
can be concluded that biological activated carbon process followed the order of pesticides >
beta blockers > pharmaceuticals > EDCs > PCPs. As biological activated carbon process was
found to be less effective in the removal of EDCs and PCPs including some pharmaceuticals,

thus this process should mostly be applied in the hybrid system.

Table 2.5. ECs removal efficiency by biological activated carbon [131].

ECs category ECs Treatment technology
Filtration Ozonation/H,0, BAC
Influent Removal (%) Removal (%) Removal
(wgLh (%)
EDCs El 69 66+18 98+2 99+0.7
E3 3 71 83 83
Bisphenol A 43 72 78 78
Octylphenol 50 42 42 42
Pesticides Atrazine 3 545 69+8 92+2
Triclosan 203+70 345 99+0.5 99+0.2
Beta blockers Atendol 1267 46 £11 99+0.7 99+0
PCPs Atorvastatin 58 6+7 99+0.2 99+0.2
Benzophenone 233 16+11 56+14 57+16
Analgesics Carbamazepine 180 -4+3 99 99
Diclofenac 165 -9 99 99
Ibuprofen 13 49 83 92
Naprox 72 -10+12 99+0.2 99+0.1
Primidone 183
Anti-depressants Fluoxetine 44+5 -5£12 99+0.2 99+0.1
Lipid regulators Gemifibrozil 890 55+11 99 99
Antibiotics Sulfamethoxazole 443+172 -3£14 98+0.2 99
Trimethoprim 620 30+5 99 99
Stimulants Caffeine 43 -89+116 74+19 74+19

(iv) Microalgae/Fungi Based Treatment

Biologically based wastewater treatment by microorganisms (bacteria, algae and fungi) can
simulate the ability of natural ecosystems to attenuate pollution from water in a cost-effective
and sustainable way. Microorganism based treatment systems have been proved to effectively
remove some ECs with the mechanism of degradation and phytoremediation [92, 135].
Microorganisms produce some enzymes which are responsible for the biodegradation of the
ECs. For example, some fungi produce extracellular enzymes with low substrate specificity
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and are very suitable for the degradation of some ECs even at low water solubility [121]. On
the other hand, microalgae (phytoplankton) based wastewater treatment technologies such as
high rate algal ponds have high attention due to the resource recovery of algal biomass, use of
fertilizer, protein-rich feed or biofuel and high-quality effluent. High rate algal pond is shallow
raceway reactors in which microalgae and bacteria grow in symbiosis. Such system is
responsible for the degradation of organic matter by heterotrophic bacteria, which consume
oxygen by micro-algal photosynthesis. Such system does not require aeration [136]. Some of
the ECs such as pharmaceutical antibiotics (azithromycin, erythromycin, sulfathazole,
sulfapyridine and sulfamethazine) can be removed up to 100% by fungal reactors. EDCs such
as E1, E2 and EE2 can be removed by more than 95% at a concentration level of 1 pg L in
algae-based polishing pond treatment based system (Table 2.6). Microalgae-based treatment
system can well remove many types of ECs including EDCs at a concentration level of 9 to 24
pg L. Thus microorganism based treatment processes require depth study on the culture and
growth of the microorganisms for the efficient removal of ECs. Moreover, to improve its
pesticides removal efficiencies, this process can be integrated with biological activated carbon

process.

Table 2.6: ECs removal efficiency from WWTPs by different biological treatment
technologies.

Categories ECs Biological treatment technology Reference
of ECs a. Polishing pond (algae) b. Fungal reactor ¢. Micro-algae
Influent (ug L") Removal Influent Removal Influent Removal
(%) (ngL™h (%) (gL (%)
EDCs EE2 1.0 95 [108, 137]
E2 1.0 95 [108,137]
El 1.0 95 [108,137]
Bisphenol A 00-24 85 [112]
Octylphenol 00-24 93 [112]
Azithromycin 0.04- 100 [138, 139]
Antibiotics 84.71
Ciprofloxacin 0.04- 35 [138, 139]
84.71
Erythromycin 0.04- 100 [138, 139]
84.71
Sulfathiazole 200 36 0.01-0.21 86 [108, 139]
Sulfapyridine 200 45 0.01-0.21 100 [108]
Sulfamethazine 200 15 0.01-0.21 91 [108]
Sulfamethoxazole 200 20 [108]
Tetracycline 200 89 [108]
Oxytetracycline 200 93 [108]
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(v) Activated Sludge Process

Activated sludge is a process where biomass produced in wastewater by the growth of
microorganisms in aeration tanks takes place in the presence of dissolved oxygen [140].
Among all conventional wastewater treatment processes, the activated sludge process is the
most widely used and applied in so many ECs removal around the world, and as the proportion
of removal by primary setting, chemical precipitation, aerating volatilization and sludge
absorption is small, the majority of ECs in wastewater is removed by biodegradation [141,
142]. This process utilizes bacteria and protozoa for treating sewage and industrial wastewaters
by the utilization of air and a biological floc. These kinds of microorganisms can break down
the organic matter into carbon dioxide, water and other inorganic compounds. It has lower
capital cost than advance oxidation processes and generally more environmentally friendly than
chlorination process [32, 113]. Figure 2.6 shows the removal of 102 targets ECs including 23
EDCs, 3 pesticides, 4 beta blockers, 11 PCPs, 10 surfactants, and pharmaceuticals by activated
sludge processes [32, 47, 140, 142-148]. Ten types of surfactants have been successfully
removed (95-98%) by the activated sludge processes at a concentration of several mg L.
Higher removal efficiencies of surfactants by activated sludge may be due to their sorption
susceptibility toward microorganisms and also degradation nature of the contaminants (Figure
2.6b) [140]. Activated sludge process is also very effective in the removal of EDCs in the range
of 75-100% (Figure 2.6a). Some of the EDCs such as androstenedione, androsterone, EE2,
coumestrol, E3, E1, 2 hydroxy estrone (2-OH El), alpha hydroxyl estrone (a-OH E1),
progesterone, testosterone, bisphenol A and octylphenol have highest estrogenic removal up to
100% at 15-700 ng L' concentration level. This is due to their structure, relative binding,
biotransformation and affinity. Thus microorganisms can easily accumulate and degrade such
compounds into simpler substances [141, 149]. An environmental condition such as dissolved
oxygen is a vital factor for the removal of EDCs and their removal efficiency is higher in
aerobic conditions than in anaerobic conditions [150]. Activated sludge is also suitable for the
removal of many PCPs at 78-90% although cashmeran, celestolide and 2,4-D are less well
degraded (around 60%) due to both sorption and biodegradation [140]. The removal of polar
herbicides (atrazine, diuron, and triclosan) and beta blockers (metrolol, atenolol, metoprolol)
was found to be poor during activated sludge treatment (Figure 2.6a), which was due to
adsorption onto suspended solids rather than biodegradation [140]. Activated sludge process
based treatment plant with lower retention time has a limited capacity to remove highly polar

pharmaceuticals since most of such compounds cannot be metabolized by microorganisms as
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a source of carbon and may even inhibit the activity of the microorganisms [140, 151]. But
some pharmaceuticals such as stimulant drugs (caffeine, nicotine and paraxanthine) and some
metabolites (carbamazepine 10-OH, carbamazepine 2-OH, carbamazepine 3-OH, and
carbamazepine—DiOH) were found to be well removed (95-99.9%) from wastewater due to
their sorption onto the suspended solids (Figure 2.6b). Pharmaceuticals such analgesic ECs
can be removed up to 65 to 100%. The removal of pharmaceutical ECs by activated sludge
system followed the general order of stimulant drugs > metabolites > analgesics > antibiotics
> anti-inflammatory > lipid regulator > NSAIDs > other pharmaceuticals (fluoxetine,
iopromide, omeprazole, ranitidine and tamoxifen). Overall trend for ECs removal by activated
sludge process can be written as surfactants > EDCs > PCPs > pesticides > pharmaceuticals >
beta blockers. Finally, current knowledge about the degradation mechanism in activated sludge
is not complete and activated sludge can generate some human and natural metabolites that can
be more toxic than the parental compounds [140] which should be carefully addressed. The
activated sludge process can also be integrated with ozonation or MBR to improve the removal

efficiencies of ECs.

(vi) Aerobic, Anaerobic and Facultative Microbiological Treatment

During wastewater treatment, many ECs are sorbed (if not degraded) to some extent on
suspended solids, and as a result, they are found in sludge through sedimentation occurring in
primary and secondary clarifiers [152]. Aerobic, anaerobic and facultative bioreactor based
biological treatment process is used for the stabilization of excess sludge derived from activated
sludge [153-155]. The main mechanism involves bacteria present in the activated sludge
consuming ECs and converting them into carbon dioxide. Digestion (anaerobic) is one of the
most widely used processes for sludge stabilization where treated sludge is often discharged
on the soil or reused for agricultural purposes, and the fate of ECs is mainly governed by ECs
molecular structure such as the presence of electron accepting or donating functional groups
[156]. If the sludge including ECs is directly used in agricultural, then it may be a threat to the
environment and human health [157, 158]. The sludge retention time and temperature may
influence degradation of ECs. Some other factors such as microbial population, target
compounds bioavailability and co-metabolic phenomena can affect the biodegradation of some
ECs [159]. Degradation by aerobic, anaerobic and facultative digesters, ponds, lagoons or
bioreactor of different categories of ECs is represented in Table 2.7 [160, 161], which shows

that anaerobic process for ECs degradation has been mostly studied in EDCs removal from
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activated sludge. The removal efficiencies ranged from 60 to 100% with high concentrations
of ECs [162]. Some of the EDCs such as E2, EE2, bisphenol A and nonylphenol have been
found to have high removal efficiencies by aerobic biodegradation process. Pharmaceutical-
based ECs have well been removed (65-100%) by the treatment in aerobic lagoons due to an
increase of hydraulic retention time [140, 160].

To summarise, conventional treatment systems such as activated sludge, biologically
activated carbon and microalgae systems can successfully be applied to some extent for a
specific class of ECs removal. More effective and specific treatment is required to reduce the
environmental and potential impact of the effluents. Thus these processes can be coupled with
other chemical and physical treatment processes such as ozonation, ultrasound, ultrafiltration,
and photo—Fenton processes. Also, there is a need to increase our knowledge about the fate of
ECs during wastewater treatment for the implementation of better removal technologies. Future
work on WWTP will show to what extent ECs can be removed from wastewater and to what
extent the implementation of improved technology is feasible, taking into account other micro-

pollutants as well as the broad variety of complex matrices.
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Table 2.7: ECs removal efficiency by aerobic, anaerobic and facultative processes.

ECs ECs Source Biological treatment technology Reference
category a.  Aerobic b.  Anaerobic
Influent Removal Influent Removal
conc. (pg L (%) conc. (ugL- (%)
D D
EDCs EE2 a. & b. WWTP 0.185 100 X. 04-400 X.85 [141]
0.185 100
E2 a. & b. WWTP 0.003-0.226 90-100 X. 04-400 X. 85 [141,157]
M.0.003- M. 90-
0.226 100
1000 95
El X. 04-400 X. 85.00 [157]
Estrone sulphate X. 04-400 X.36.00 [157]
conjugate
Bisphenol A a. & b. WWTP 0.00-0.018 38-99 M. 0.00- M. 38-99 [141]
a. AS/ river water 0.018 08-22
0.05-10.00 100
100000
Nonylphenol a. & b. WWTP 0.381-5.320 85-99 X. 04-400 X. 100 [141, 154,
350000- 98-99 M.0.381- M. 85-99 157]
b. AS 388000 0.320 85.5
5000
Nonylphenol X. 04-400 X. 88 [157]
monoethoxylate
Nonylphenol X. 04-400 X. 66 [157]
polyethoxylate
Nonylphenol X. 04-400 X. 88 [157]
diethoxylate
Sulfapyridine Z.0.03- Z.74 X. 04-400 X. 99 [108, 157,
Antibiotics 25.57 160]
Sulfamethazine a. Pharmaceutical 02-05 64-94 [159]
and hospital WW
Sulfamethoxazole a. Pharmaceutical Z.0.03- Z7.78 X. 04-400 X.23 [108, 157,
and hospital WW 25.57 64-93 159, 160]
01-05
Trimethoprim a. Pharmaceutical 1 64-96 [159, 163]

and hospital WW

B. Non-conventional treatment processes

(i) Biosorption

Biosorption is a biologically based treatment process functioning with a different mechanism
than biodegrading process. In biosorption, microorganisms are immobilized onto an adsorbent,
and thus sorption and bio-oxidation occur [ 164]. After that pollutants can passively concentrate
and bind onto certain biomass cellular structure. Nguyen et al. [165] compared the role between
biosorption and biodegradation in ECs removal from wastewater, by using live cultured and
harvested white—rot fungus (7. versicolour) and that inactivated by sodium azide. Biosorption
based removal of some ECs has been shown in Table 2.8. Removal of ECs such as 17-
estradiol-170—acetate, pentachlorophenol, 4-tert-octylphenol and triclosan was achieved by
more than 80% as their octanol-water partitioning coefficient (Kow) is high. Banihashemi has
also studied biosorption of ECs such as EE2, bisphenol A and benzophenoneand Droste [166]

who indicated that the soluble concentration decreased rapidly for selected microconstituents
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(triclosan > EE2 > bisphenol A) and the soluble and solid phase concentrations continued to
decrease slowly during the length of the experiment which indicates the possible
biodegradation of these compound in both phases. The removal of estrogens can occur by a
combination of biosorption and biodegradation interactions due to their high Kow values and

low biodegradable nature with low Henry’s Law constant [167].

Table 2.8: ECs removal efficiency by biosorption and MBR based systems.

Categories ECs Biosorption MBR Reference
of ECs Live (fungus) Inactivated (fungus)
Influent  Removal  Influent Removal  Effluent  Removal
welh) (%) Wl (%) welh (%)
EDCs Androstenedione 1.775 99 [168]
Androsterone 1.775 98 [168]
El 50 72 50 315 5 96.53 [168, 169]
E2 50 60.5 50 29.5 5 99.50 [165,169]
EE2 50 62 1.50; 2. 1.38; 2. 5 92.85 [165,169]
10 76
E3 50 4.5 50 13 5 97.56 [165,169]
17 B —Estradiol- 50 79 50 84 5 99.10 [165,169]
17-acetate
Bisphenol A 50 65 1.50; 2. 1.24;2. 5 94.22 [165, 166]
10 59
4-ter butylphenol 50 33 50 10.5 5 92.76 [165, 169]
nonylphenol 1.58 98.7 [168]
Octylphenol 1.725 70.2 [168]
4 —ter octylphenol 90 82.5 5 96.50 [165,169]
4-n-nonylphenol 5 97.18 [169]
Testosterone 1.85 99 [168]
Dihydrotesterone 0.82 100 [170]
Antibiotics Azithromycin 0.142 74.00 [33]
Clarithromycin 2.722 87.00 [33]
Erythromycin 0.08 79.00 [33]
Ofoxacin 2.9 90.00 [33]
Sulfamethoxazole 0.268; 69.00; [33][168]
1.625 95.2
Trimethoprim 1.55 36.8 [168]

(ii) Membrane Bioreactor

Recently, MBR is widely viewed as being a state-of-the-art technology for municipal and
industrial wastewater treatment due to its high effluent quality achieved concerning many ECs
[171-174]. MBR can effectively remove a wide range of ECs including compounds that are
resistant to activated sludge process and constructed wetland [32, 107, 175]. This can be done
due to sludge retention on the membrane surface which can promote microbial degradation and
physical retention of all molecules larger than the molecular weight of the membrane. Removal
of ECs in MBR system can be affected by sludge age, concentration, and the existence of
anoxic and anaerobic compartments, the composition of wastewater, operating temperature,

pH and conductivity [32]. Ozonation process is most widely used together with MBR process.
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Adsorption and biodegradation were found to be responsible for the removal of ECs by MBR
treatment. Adsorption mechanism will be dominating when the log Kow is more significant than
3.2. Highly hydrophobic compounds (log Kow > 3.2) did not accumulate in the membrane, and
some compounds with a moderate hydrophobicity accumulate significantly in the solid phase.
The results provide a framework to predict the removal and fate of some ECs by MBR
treatment [176]. Table 2.8 shows the removal efficiency of some ECs by MBR system. MBR
is better for the removal of 15 target EDCs and their removal efficiencies varied from 92 to
99% at high concentrations (1-5 pg L'). In comparison to conventional activated sludge
process, MBR can remove the higher amount of EDCs from wastewater [165, 166, 168-170,
177]. Some of the pharmaceutical can be well removed while other pharmaceuticals were found
to be poorly degraded in MBR [33, 166, 169, 170, 177]. For example, antibiotics (azithromycin,
clarithromycin, erythromycin, ofloxacin and sulfamethoxazole), analgesics (carbamazepine,
citalopram, ibuprofen, lorazepan, metronidazole, primidone and trazodone), anti-inflammatory
drug (acetaminophen) and stimulant (caffeine) were found to be removed by MBR at 75-95%.
The removal of other pharmaceuticals (Table 2.8) was not satisfactory, although the removal
rate of some of them was higher than biosorption process and algal-based polishing ponds
treatment process. In general, the removal of some slowly degradable pharmaceuticals such as
antibiotics and analgesics in MBRs is better due to the relatively long sludge ages, which leads
to the development of distinct microbial communities in MBRs compared to activated sludge
plants. However, from the literature results, it could not be concluded that pharmaceutical
removal in MBR reactors is better as many other factors have been indicated that may affect
biodegradation rates, which are not directly related to the reactor configuration [106]. Other
factors such as membrane fouling, clogging, operational failures are still costly compared to
constructed wetland and other established technologies [115, 140]. Moreover, scale—up from
pilot MBR to industry-scale WWTPs should also be investigated to assess if the processes and

ECs elimination in the pilot plants are still valid in large scale operations.

(iii) Constructed Wetland

A constructed wetland (CW) is a biologically based wastewater treatment engineered system
that is designed and constructed to reproduce the processes occurring in natural wetland within
a more controlled environment. Constructed wetland based wastewater treatment is achieved

through an integrated combination of biological (biodegradation), physical (sorption) and
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chemical (oxidation) interactions among plants, substrate and soil [114]. Soil acts as the
primary supporting material for plant growth and microbial films. Moreover, the soil matrix
has a decisive influence on the hydraulic processes. Both chemical soil composition and
physical parameters such as grain-size distributions, interstitial pore spaces, effective grain
sizes, degrees of irregularity and the coefficient of permeability are all important factors
influencing the biotreatment system [178]. A constructed wetland is classified as
subsurface/surface flow (SFCW), horizontal flow (HFCW) and vertical flow (VFCW) systems
according to their wastewater flow regime (Figure 2.7) [113] [179]. Moreover, a constructed
wetland can be combined to form hybrid systems to take advantage of the characteristics of
each different system [108]. ECs removal efficiencies by differently constructed wetland are
shown in Table 2.9. EDCs such as E1, E2, EE2, steroid estrogens, bisphenol A, and phthalates
can be successfully removed by 75-100% [114, 180].

Figure 2.7: Constructed wetland for wastewater treatment. a CW with free-floating plants
(FFP). b CW with free water surface and emergent macrophytes (FWS). ¢ CW with horizontal
subsurface flow (HSSF, HF). d CW with vertical subsurface flow (VSSF, VF) [113].
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Table 2.9: ECs removal efficiency by different CW processes.

Categories of ECs ECs Source CWs treatment technologies Reference
c. CWs d. HFCW e. VFCW f. SFCW
Influent (ug L° Removal Influent (ng - Removal (%)  Influent (ug L")  Removal Influent (ug L") Removal
D (%) D (%) (%)
EDCs EE2 a.WWTP 0. 59- 6.56 75.3-94 X. 0.39-1.00 X.75 [114, 180]
E2 a.WWTP 1.35-9..05 84-99 X.0.39- 1.00 X. 84 [114, 180]
El a.WWTP 0..39-10.5 67.8-95.8 X.0.39-1.00 X. 68 [114, 180]
Steroid estrogens a. WWTP 0.164-0.259 100 [114]
Bisphenol A a.WWTP. 0.05-0.3 80-100 Z.0.1-56 Z.99 M. 4.06 M. 47.78 1.35 100 [114][111-
c. Urban WW M. 1.8 M. 89 113]
Diethylphthalate a.WWTP 0.151-3.788 80-100 [114]
Di-n- a.WWTP 0.043-6.134 100 [114]
butylphatalate
Antibiotics Amoxicillin Y. 0.06-46 Y. 21-45 Y. 0.06-46 Y. 27-42 [181]
Ampicillin Y. 0.06-46 Y. 32.00 [181]
Clarithormycin Y. 0.06-46 Y. 31-39 Y. 0.06-46 Y. 11-32 [181]
Doxycycline Y. 0.06-46 Y. 71-75 Y. 0.06-46 Y. 62-65 [181]
Erythomycin Y. 0.06-46 Y. 64 [181]
Monensin Z.100-1000 Z.21-37 [182]
Sulfamethoxazole Y. 0.06-46 Y. 80-87 Y. 0.06-46 Y. 59-71 [181, 183]
Z.0.01-0.90 Z.15-80
Sulfadimethoxine Y. 0.06-46 Y. 99 Y. 0.06-46 Y. 67-99 [181]
Trimethoprim Y. 0.06-46 Y. 92-99 Y. 0.06-46 Y. 65-88 [181]

Here, X. Microcosm Y. Mesocosm, Z. Pilot and M. Full plant, HFCW = Horizontal flow constructed wetlands, VFCW = Vertical flow constructed wetlands, and SFCW = Surface flow constructed

wetlands.
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Surface flow CW has been found effective for the removal of pesticides, beta blocker
such as mecoprop, MCPA, terbuthylazine and triclosan from 80% to 100%. The constructed
wetland also showed an excellent removal capacity for pharmaceutical ECs. Full-scale surface
flow constructed wetland has pronounced effect in the removal of analgesics from wastewater
[184]. On the other hand, HFCW was found to be better than SFCW for the removal of
antibiotics from wastewater. Overall removal efficiencies based on the effluent quality by
constructed wetland can be written as EDCs (constructed wetland) > pharmaceuticals (HFCW
> SFCW > VFCW). Constructed wetland technology can be successfully applied for small
communities for the remediation of a wide range of ECs but it will not difficult to use it in large
cities due to lack of space to perform such wastewater treatment processes [185]. Moreover,
the future applications of constructed wetland can be due to high costs of other technologies
such as MBR, ultrafiltration and oxidation processes, or the removal efficiency was not

satisfactory for a wide range of ECs.

(vi) Comparison of Different Treatment Technologies

Biological treatment processes can be applied to remove a wide range of ECs from wastewater.
The comparison of different biological based conventional and non-conventional treatment
processes is carried out regarding their average removal efficiencies, and this relationship is
represented in Figure 2.8. EDCs based ECs can well be removed by MBR and activated sludge
processes. The general trend for the average removal of EDCs can be written as MBR >
activated sludge > aerobic > Constructed wetland > microalgae > biological activated carbon
> anaerobic process. However, a wide range of EDCs can be removed by activated sludge.
Pesticides can be well removed by biological activated carbon-based treatment technologies.
The average removal efficiencies of pesticides by different biological processes decreased as
biological activated carbon > microalgae > constructed wetland > MBR > activated sludge.
Beta-blocker ECs can be comparatively better removed by MBR process, and the order of
different biological processes can be organised as MBR > aerobic > activated sludge (Figure
2.8). The application of other biological processes in the removal of beta-blockers was not
studied sufficiently. Average removal efficiencies of different PCPs based ECs were found to
be better removed by MBR processes. Based on the average removal efficiencies by biological
treatment processes, PCPs followed the trend of MBR > microalgae > constructed wetland >
activated sludge > biological activated carbon > anaerobic process. Surfactant-based ECs can
be well removed by activated sludge. Surfactants removal by other biological processes has

not been studied extensively. On the removal of pharmaceutical-based analgesic ECs,
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biological activated carbon and aerobic processes were found to be better processes. Activated
sludge process was found to be less effective in the removal of pharmaceutical-based
analgesics. Average removal efficiencies of analgesic ECs by different biological processes
can be written as aerobic > biological activated carbon > microalgae > constructed wetland >
MBR > anaerobic > activated sludge. Some of the pharmaceutical lipid regulators and anti-
inflammatories were found to be removed by activated sludge only. The average removal
efficiency of antibiotics was found better removed by biological activated carbon process. The
general trend of different antibiotics removal followed the order of biological activated carbon
> aerobic > MBR > anaerobic > constructed wetland > activated sludge. Finally, some of the
miscellaneous pharmaceuticals can be better removed by microalgae process, as represented in

Figure 2.8.
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Figure 2.8: Comparative average removal efficiency of ECs with standard deviation (error bar)
for wastewater treatment (activated sludge, biologically activated carbon, microalgae, MBR
and constructed wetlands) and sludge treatment (aerobic and anaerobic).

2.3.2. Chemical Treatment Technologies

Biological-based wastewater treatment systems can be useful in removing much class of
antibiotics depending on the type of the wastewater treatment process. For example, polar

pharmaceuticals and beta blockers showed variable removal efficiencies in different biological
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processes. Therefore, alternative treatment technologies can be considered with the intention
of finding suitable polishing techniques to remove ECs further. These technologies are broadly
defined as aqueous phase oxidation methods based on the intermediary of highly reactive
chemical species [186]. Oxidation reactions have primarily been used to supplement rather than
replace conventional systems and to enhance the treatment of ECs [187]. A chemical agent
such as chlorine, UV radiation, hydrogen peroxide, ozone, as well as the combination of these
oxidants including transition metals and metal oxides based catalysts in the so-called advanced
oxidation processes (AOPs) are required for chemical oxidation of ECs from wastewater. Also,
an energy source such as ultraviolet-visible radiation, electric current, solar, gamma-radiation
and ultrasound are also used [188]. Oxidations of ECs are based on the production of free
radicals, in particular, the hydroxyl radical and facilitate the conversion of pollutants to less
harmful and more biodegradable compounds [188, 189]. The ultimate aim of chemical
oxidation is the mineralisation of pollutants, with conversion to carbon dioxide, water, nitrogen
and other minerals. Rate constants for most reactions involving hydroxyl radicals in aqueous
solution are usually in the order of 106-109 M™! 57! [116]. Chemical oxidation processes may
change a compound’s polarity and the number of functional groups which affect the

functionality of the pharmaceutical in the body.

A. Conventional Oxidation Processes
(i) Chlorination of Antibiotics and EDCs

Chlorine gas or hypochlorite has often been used for disinfecting the drinking water in the post-
treatment stage because of its low cost and high efficiency [190]. Recently, chlorinated species
such as chlorine, chlorine dioxide, and hypochlorous acid were also utilized for treating
wastewater containing pharmaceuticals. Due to its oxidizing power, chlorine oxidizes them to
readily biodegradable and less toxic compounds [191]. Most of the chemical oxidation
processes have demonstrated high effectiveness in the degradation of ECs present in
wastewater system which is oxidized to readily biodegradable and less toxic compounds.
Sometimes less reactive species such as chlorine (gaseous chlorine and hypochlorite) and
bromine have also been used in wastewater treatments. The effect of chlorine on the removal
of some ECs has been carried out by Noutsopoulos et al. [192] using 1000 ng L' of each ECs
pollutant after exposing initial chlorine dose of 11 mg L™ for 60 min. The maximum removal

efficiencies were 95% and 100% respectively for naproxen and diclofenac. The removal of
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EE2 by chlorination was found to be up to 100% within 10 min [193]. The removal efficiencies
of other ECs such as nonylphenol, nonylphenol mono-ethoxylate, nonylphenol diethoxylate,
bisphenol A, triclosan, ibuprofen, and ketoprofen ranged from 34% to 83%. Removal of some
ECs may be enhanced using increased chlorine dose or extended contact time as well as
chlorination is affected by pH [194]. Moreover, on the removal of some ECs such as
amitriptyline hydrochloride, methyl salicylate and 2—phenoxyethanol revealed that the reaction
rate of chlorination process efficiency was three orders of magnitude lower than that of
ozonation process [195]. Also, chlorine and chlorine dioxide are potent oxidants which may
produce some sub-products during wastewater treatment, and the degree of mineralization

achieved is not acceptable [35].

(ii) Oxidation of Antibiotics

One of the alternative treatment methods for removing antibiotics from aqueous solution is
oxidation and advanced oxidation processes. The methods use oxidation reagent or oxidants to
oxidize the pollutants to less toxic compounds. Oxidants were used such as chlorine and
molecular ozone. Advanced oxidation processes are oxidative methods based on the generation
of intermediate radicals, the hydroxyl radicals (OH), which are extremely reactive and less
selective than chlorine or molecular ozone. The advanced oxidation processes are very useful

to treat many organic pollutants [196].

(iii) Ozonation of Emerging Contaminants Inclduing EDCs

Ozone is a potent oxidant that reacts selectively with double bonds and aromatic rings of ECs
with a high electron density [197]. Due to its selective reaction with nucleophilic molecules,
molecular ozone can oxidize organic compounds which have carbon-carbon double bonds,
aromatic bonds or nitrogen, phosphorous, oxygen or sulphur atoms [189]. Ozonation is also
an AOP which involves the direct reaction of ECs with ozone molecule through the action of
secondary oxidants such as hydroxyl radical produced from ozone in aqueous solution [35,
198]. This increases the oxidation capacity. Ozonation has been implemented as the principal
treatment method or to enhance the biodegradability and efficiency of subsequent treatment.
Ozone production is an energy-intensive process, therefore making it costly to implement. An
ozone treatment system may increase the energy demand over a conventional wastewater
treatment plant by 40-50%. The use of ozone as a means of breaking down pharmaceuticals in

80



wastewater has been the subject of numerous studies over the last 10 years [97]. Ozonation has
shown a broad range of effective removal of ECs, and in general, this process can remove all
types of ECs by 90% to 100% (Figure 2.9). From Figure 2.9a, it can be seen that ozonation
process has pronounced effect in the degradation of EDCs such as E1, E3, E2, EE2, bisphenol
A and nonylphenol at a high concentration level (up to 50 ug L") with a removal efficiencies
of 100% except E1 (90%). This may be due to the high K,w and high susceptibility of EDCs
toward degradation by ozonation [34, 198]. A degradation of 95-100% of pesticides including
alachlor, atrazine, chlorfenyvinphos, diuron and isobroturum rapidly occurred even at higher
concentration level (up to 18 mg L™'). However, 2,4-D and diazinon have shown less tendency
toward ozonation oxidation process [199]. Many pharmaceuticals were found to be effectively
removed by ozonation except perindopril, phenytoin, sertraline, and ketoprofen (Figure 2.9b)
[34, 200, 201].

Figure 2.10a shows the removal efficiencies of antibiotics and other ECs by ozonation
in the presence of hydrogen peroxide. Pesticides, pharmaceuticals and beta blockers can be
very successfully removed up to 97-100% by the ozonation process in the presence of H202 at
environmental relevant concentration [34, 198]. The problem with ozonation is the high energy
consumption, the formation of some oxidative byproducts and interference of radical scavenger
[110] [32]. Thus, these are the matters which need to be considered for future ozonation

research.

(iii) Fenton Process

Fenton is an oxidation process that involves reactions of hydrogen peroxide in the presence of
iron to produce hydroxyl radicals [202] [203]. Since iron is abundant and non-toxic, Fenton
reactions are a viable option for wastewater treatment. Its oxidation enhances oxidation power
of H202 to OH’, and the chain reactions of Fenton chemistry can be represented as:

Fe** + HO2 = Fe’* OH" + OH" (2.1)

Fe** + HO2 & Fe?*' + HO>+ H' (2.2)

Ferrous ion can be regenerated from Fe(IIl) through above reaction [204]. However,
reaction 2.2 is much slower than reaction 1. As a result, Fe(III) accumulates in the solution and
then precipitates as Fe(OH)3 sludge [204]. Thus the removal of Fe from solution can decrease
the process efficiency. Moreover, it requires a large number of reagents that increases the
operational costs. Another drawback of traditional Fenton process is the consumption of

formed OH" by hydrogen peroxide and ferrous ions according to following reactions.
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OH'+ Fe?" = Fe’" + OH" (2.3)
OH" + H202 2 H20 + HO?' (2.4)

At high reagent concentrations, these reactions can strongly hinder the efficiency of the
process since HO2" formed is a weak oxidant compared to OH'. For the remediation of ECs in
wastewater the iron concentrations used, normally added as ferrous sulphate, are commonly in
the range of 10-50 mg L!. As hydrogen peroxide is consumed in the reaction, the added
amount of this reagent is strongly dependent on the amount of organic matter and on the
intensity of treatment that is required. Figure 2.11 shows the removal of some ECs using only
Fenton process. By applying only Fenton process, the removal of ECs was not satisfactory
compared to other oxidation processes such as photo-Fenton and ozonation (Figure 2.11a).
Thus it requires adding some other compound such as hydrogen peroxide or using a catalyst,

solar or any other light source to promote the ECs removal from wastewater.
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(iv) Photolysis

Photolysis is a process in which molecules of ECs undergo decomposition as a result of the
absorption of light or radiations [77, 205, 206]. Though different sources of light are utilised,
disinfection of water using UV remains as a commonly used technique. There are two types of
photolysis, namely direct photolysis where the direct absorption of photons lead to degradation
of pollutants and indirect photolysis which occurs in the presence of photosensitisers such as
using of hydrogen peroxide or other photosensitisers [207]. Figure 2.11 and Figure 2.10 show
the UV photolytic removal of some ECs in the absence (Figure 2.11b) and presence of
hydrogen peroxide (Figure 2.10), respectively. Figure 2.11b shows that photolytic process has
high efficiency in the removal of EDCs (conc. level 5-10 pg L) and pesticides from 80% to
100% [141, 169]. Some pharmaceuticals such as diclofenac, iopamidol, ketoprofen, mefanamic
acid, oxytetracycline and tetracycline can be completely removed. On the other hand, UV
photolysis process was found to be less effective in the removal of beta blockers. In general,
UV photolysis process followed the order of ECs removal as beta blockers < other
pharmaceuticals < analgesics pharmaceuticals < antibiotics < pesticides < EDCs.

Also, UV photolysis in the presence of hydrogen peroxide has much more pronounced
effect in the removal of ECs as represented in Figure 2.10b. Regarding removal efficiencies,
UV photolysis in the presence of hydrogen peroxide has been found better than only UV
photolysis. UV photolysis/H202 process can remove most of ECs successfully for up to 100%
except some ECs such as lincomycin and diclofenac removal (around 80%), when ECs
concentrations were mg L. Thus it can be stated that UV photolysis is less capable than UV
photolysis/H20:2 for the removal of all ECs except EDCs where they followed the order of UV
photolysis > UV photolysis/H20:.

Moreover, gamma radiations have also successfully been applied in the removal of ECs
from wastewater. Data for the removal of some pharmaceutical ECs are represented in Table
2.10, which show that gamma radiation based oxidation process can successfully remove 100%
of chloramphenicol at a concentration level of mg L' [208]. Other ECs showed removal
efficiencies in a range of 80-95% except for sulfamethoxazole (53%). The maintenance and
production cost of gamma radiation can be a burden to obtain a cost-effective removal of ECs.

Therefore this kind of process is still at early stage and requires more research.
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Table 2.10: ECs removal efficiency by gamma radiation (conventional) and AOPs based
treatment technologies.

Categories ECs Source of  Influent conc. Chemical treatment ~ Removal Refere
of ECs ECs (pgL'hH technology (%) nce
Antibiotics Amoxicillin Water Gamma radiation 95.00 [208]
Cefaclor Water 30000 100 [209]
Chloramphe Water 323132 100 [210]
nicol
Penicillin G Water 92.00 [208]
Penicillin V Water 81.00
Sulfamethox Water 53.00 [211]
azole
Cefalexin Hospital 200000 Electro-Fenton 100 [212]
WWwW
Sulfamethazi  Hospital 55666 [213]
ne ww
Sulfamethox  Hospital 52700 100 [163]
azole ww
Tetracycline ~ Hospital 25000 86.00
wWwW
EDCs Progesterone ~ MWTPs 5 Solar Photo-Fenton 90.00 [178]
Antibiotics Flumequine MWTPs 5 90.00 [178]
Ofloxacin MWTPs 5 90.00 [178]
Sulfamethox ~ MWTPs 5 95.00 [178]
azole
Amoxicillin Water 104000 Photocatalysis/H,O» 100 [214]
Ampicillin Water 105000 100
Cloxacillin Water 10300 100
Ofoxacin MWTPs 1 Solar 85.00
photocatalysis
Trimethopri  MWTPs 1 85.00
m
Sulfamethox  Hospital 52700 100 [163,
azole WwWw 215]

B. Advanced Oxidation Processes (AOPs)

(i) Ferrate

Ferrate(VI) is an excellent oxidizing agent which has a powerful disinfection action. It can

generate a Fe(OH)s3 type gel which precipitates and removes other ions. Over the last decade,

the high oxidation state of ferrate from FeO4* was of interest due to its environmental,

industrial and biological importance. Ferrate can be used for the removal of ECs such as

arsenic, estrogens, pharmaceuticals and PCPs [216]. The main mechanism involved in water

treatment is oxidation/disinfection by Fe®" and coagulation/flocculation by Fe**. Several ECs

such as El, E2, EE2, bisphenol A, 4-tert-octylphenol and sulfamethoxazole have been
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degraded from 6400 to 7700 M s! at pH 7 [217]. Ferrate can oxidize some organic
micropollutants by up to 90% at ng L™! level pollutant concentrations. Ferrate has been observed
to be superior in disinfecting coliforms in WWTPs and sewage sludge. However, the main
problems with ferrate process are high preparation costs and poor stability of ferrate ions.
Moreover, ferrate process has limited application in some ECs removals. However, this process
had no adverse effects, and thus ferrate processes for ECs removal should be further explored

with good potential [218].

(ii) Electro-Fenton Process

The electro-fenton process has recently been developed to overcome the drawbacks of the
traditional Fenton process and to increase the efficiency of pollutant removal [204]. In this
process, H20z is electrochemically generated in situ in a controlled way [219]:

O2 +2H" + 2¢ 2 H20:2 (2.5)

Another electrochemical process is also used named photoelectron—Fenton process. In
this process, conditions remain the same as electro—Fenton process but simultaneously
irradiated with UVA light. Thus it accelerates the degradation rate of contaminants in the
reaction phase and increases the regeneration rate of Fe**. Moreover, OH' can also be produced
from the following reactions [204]:

[Fe(OH)]*" + hv = Fe** + OH (2.6)
Fe(OOCR)*" + hv & Fe?* + CO2 + R’ (2.7)

Electro-Fenton processes appear to be environmentally friendly and efficient, since in
situ generation of the Fenton’s allows thereby avoiding (i) the cost of reagents and risks related
to their transport and storage, the formation of sludge, and (iii) parasite reactions due to
maintenance of small reagent concentrations in the medium [163]. Electrochemical Fenton
processes can be enhanced by the additional application of UV radiation or ultrasound. Solar
radiation can also be used (solar photoelectro-Fenton process). However, the problem is that
additional energy is required for photo-or sound assistance, and their installation and
operational costs are involved in comparison to classical EAOPs except for solar
photoelectron-Fenton process [217]. These kinds of AOPs based treatment can oxidize ECs at
higher concentration (mg L' or g L) than relevant to the environmental levels. Some
antibiotics such as cephalexin, sulfamethazine, sulfamethoxazole, tetracycline and

acetaminophen were found to show enhanced removal capacity by the electro-Fenton process
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[163, 212]. The solar photoelectron-Fenton process has also been applied for the removal of
beta-blocker such as atendol, metoprolol tartrate, propranolol hydrochloride, with 88-93%
efficiency [220]. Thus electro-Fenton process seems to be better than solar photoelectro-Fenton
process. The most important advantage of these processes is that they can degrade
pharmaceuticals of higher concentrations very effectively than by some conventional
processes. The problem with such kinds of AOPs based treatment is that the maintenance and
operation cost is high. Conventional treatment processes such as activated sludge, constructed
wetlands, microorganism based algal treatment and biosorption based treatment are cost-

effective but cannot degrade when influent contaminants concentration is high.

(iii) Photo-Fenton Process

Photo-Fenton reactions are widely used AOPs for the removal of ECs in wastewater. These
processes involve the use of UV lights to produce radicals by reactions of hydrogen peroxide
in the presence of iron. Photo-Fenton reactions are also possible in sunlight avoiding the use
of UV light. Photo-Fenton studies are usually developed in acidic or near neutral conditions
which are optimum for aquatic solutions not containing organic matter. In acidic solutions, Fe**
forms the hydroxyl complexes such as Fe(OH)?" and Fe(OH):*", which absorb light in the
UV/visible region, undergoing photoreduction to generate OH" and Fe** (reaction 7). Thus the
whole mechanism is enhanced as more OH" are being produced, and Fe** can be recycled at a
higher rate for the reaction with H20:. In the case that the pH increases to near neutral, the
ferric ions precipitate to form amorphous ferric oxyhydroxides, in the absence of other ion
complex substances. Thus the Fe** can react with the hydrogen peroxide to give OH", and the
oxidized ligand can be involved in new reactions to the micropollutants degradation [94].
Hence, the effluent has to be acidified to reach this value and then neutralization is required
before discharge. However, important efforts are being devoted to developing photo-Fenton
processes under milder conditions. Oxidation of different ECs by the photo-Fenton process is
represented in Figure 2.12a. In general, many types of pharmaceuticals ECs have been found
to show higher removal efficiencies (95-100%) by photo—Fenton process except penicillin G
[31, 36, 94, 202]. Six anti-inflammatory ECs (such as antipyrine, 4AA, 4AAA, 4FAA, AMAA
and metronidazole) have been successfully degraded by this process with higher removal
efficiencies than by other processes. However, photo-Fenton was found to be less effective in

the removal of EDCs with relatively high Kow values. Four pesticides including atrazine,
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diuron, mecoprop and terbutryn were found to be better oxidized by photo-Fenton process
except for triclosan and abamectin (Figure 2.12a).

Alternatively, the solar photo-Fenton process was also applied in the removal of ECs
by up to 90% at a contaminant concentration of 5 pug L' (Table 2.10) [178]. Thus it can be
concluded that UV based photo—Fenton process can remove the higher amount of
pharmaceutical and beta blocker ECs than solar photo—Fenton based process: UV photo-Fenton

> solar photo-Fenton.

(iv) Photocatalysis

Photocatalysis is the transformation of chemicals by a catalyst that is activated in the presence
of light that provides adequate energy [27, 105]. Most photocatalysts are semiconductor metal
oxides which characteristically possess a narrow band gap. Photocatalysis is used to overcome
the disadvantages of photolysis, especially the slow rate of degradation. The catalyst takes part
in the reaction, increases the rate of reaction but remains unchanged by the end [221]. Titania
is the most widely investigated of the heterogeneous photocatalysts due to its cost-
effectiveness, inert nature and photostability [214]. Also, ZnO has been reported to catalyse
the photo-oxidation of pharmaceuticals such as carbamazepine and antibiotic tetracycline. In
fact, fast removal of tetracycline was measured with ZnO under optimized conditions (basic
pH), although the major drawback of this material is that it suffers from corrosion at low pH
values. Removal efficiencies of ECs by photocatalysis are presented in Figure 2.12. EDCs
such as E1, E2, EE2, E3, bisphenol A and progesterone can be highly be degraded by up to
100%, and the removal efficiencies are higher than photo-Fenton based AOPs (Figure 2.12b).
The high degradation rate of pharmaceuticals such as analgesics can be easily achieved using
photocatalysis process. The removal of ECs by a photocatalytic process generally followed the
order of EDCs > analgesics pharmaceuticals > pesticides > other pharmaceutical. For the
removal of pesticides such as aldrin, diazinon, malathion and some antibiotics such as
amoxicillin, ampicillin and cloxacillin, an alternative process such as photocatalysis in the
presence of hydrogen peroxide can also be applied with excellent removal efficiencies (99-

100%) [222, 223].

(v) Solar Photocatalysis

The solar photocatalytic process is an emerging and promising technology both as an

alternative treatment to conventional wastewater treatment methods and enhancement of
90



biodegradability of highly toxic and recalcitrant pollutants [224]. A promising alternative to
semiconductor-based solar photocatalysis of some pharmaceutical ECs can also be applied.

Data shows that up to 85% can remove many ECs by solar photocatalysis process [193, 214].

(vi) Semiconductor Photocatalysis

Semiconductor photocatalysis is the technique which uses artificial or sunlight to activate a
semiconductor (commonly TiOz2 due to its high stability, good performance and low cost) for
degrading pollutants. The removal mechanism of this technology includes both hydroxyl
radicals and other radical species derived from oxygen [24]. The removal efficiency of
Antibiotics by semiconductor photocatalysis depends on catalyst concentration, wavelength,
radiation intensity, pH and water matrix. The technique can use solar energy and achieves high
efficiency. Thus it is energy saving. In contrast, it is difficult to apply widely as it depends on

the penetration of light through aqueous solution [24]. It can be time-consuming and costly.

(vii) Electrochemical Processes

The electrochemical process has also been used to remove toxic organic compounds. In this
technique, pollutants are oxidized in anodes (graphite, TiO2, Ti-based alloys, Ru or Ir oxides,
boron-doped diamond) in the presence of an electrolyte. Direct anodic oxidation can destroy
antibiotics or indirectly in the liquid bulk with the mediation of electroactive species [226].
Advantages of this technique are effective, versatile, cost-effective, easy and clean technology
[226]. The technology can also treat wastewater containing high concentrations of both
antibiotics and COD [24]. However, the applicability of this technology is limited to small flow
rates, and the high operating cost is also a disadvantage. The process performance depends on
the nature and structure of the electrode material, experimental conditions (pH, temperature)

and electrolyte composition [227].
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Figure 2.12: ECs removal efficiencies achieved by photo-Fenton (a) and UV photocatalysis (UV/TiOz2) (b), with the corresponding reference after
the compound name. Concentrations are in mg L™ for empty columns and in g L™! for chloramphenicol. 1 = pesticide, 2 = corrosion inhibitor,
3 = contrast agent, 4 = antidepressant, 5 = anti-diabetic, 6 = gastroesophageal, 7 = lipid regulator, 8 = diuretic, 9 = beta blocker, 10 = pain reliever,
11 =NSAID, 12 = stimulant [225].
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(viii) Miscellaneous Processes

Besides AOPs based processes some other technologies have also been applied for the removal
of ECs from WWTPs, which include anodic oxidation [215, 228], ultrasound irradiation
(sometimes called sonochemical irradiation) and titanium-based ultrasound irradiation. EDCs
such as E1, E2, E3 and equilin were found to be removed by up to 80-90% from aqueous
solution by ultrasound processes at a concentration of 10 pg L1 [229, 230]. Naddeo et al [231]
investigated sonochemical degradation of 23 ECs (such as acetaminophen, atenolol, atrazine,
carbamazepine, diclofenac, progesterone, metoprolol, dilantin, DEET, pentoxifylline,
oxybenzone, caffeine, iopromide, erythromycin, fluoxetine, trimethoprim, propranolol,
sulfamethoxazole, ibuprofen, naproxen, bisphenol-A, gemfibrozil, and triclosan) from
wastewater treatment plant (at 1.00 ug L”'concentration level). It was found that a strong
degradation for all ECs at an average value of 70% due to the breakdown of the conjugated
double bonds. However, triclosan was found faster degradation rate (95%) and erythromycin
was found lowest degradation rate (50%). The all the ECs degradation followed the pseudo-
first order kinetic model. A significant reduction of the discharge of ECs into the environment
could be expected with catalysis, ultrasound irradiation and solar energy. Recent investigations

increasingly focus on those systems; however, commercial applications are still scarce.

(viii) Comparison of Different Chemical Processes

Comparative removal of ECs by different chemical based oxidation processes is shown in
Figure 2.13, where the average removal of different categories of ECs by Fenton and UV
photolysis processes was found less effective than other chemical oxidation processes. It is also
clearly seen that ozonation, ozonation in the presence of hydrogen peroxide and photo-Fenton
processes showed greater efficiency in the removal of a wide range of ECs. Other processes
were found to have a mixed effect in the removal of ECs. The average removal efficiencies of
EDCs followed the order: ozonation > UV photocatalysis > photo-Fenton > UV
photolysis/H202 > solar photo-Fenton > UV photolysis. On the removal of pesticides, UV
photolysis/H202 and electro-Fenton processes showed almost similar high average removal
efficiencies. The order of the removal of pesticides can be written as electro-Fenton =~ UV
photolysis/H202 > ozonation/H202 > photo-Fenton > Fenton = ozonation > UV photolysis >
solar photo-Fenton. On the other hand, the average removal efficiencies of beta blockers can be
written as ozonation/ H2O2 = UV photolysis/ H202 = photo-Fenton > electro-Fenton> ozonation
> UV photocatalysis > UV photolysis > Fenton process. The average removal efficiencies of
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analgesic pharmaceuticals by different chemical oxidation methods can be written as UV
photolysis/H202 = ozonation/H202 = photo-Fenton > ozonation > photocatalysis = solar photo—
Fenton > UV photolysis > Fenton process. For antibiotics, their average removal efficiencies
can be ranked as ozonation/H202> UV photolysis/H202 > ozonation > Photo-Fenton = electro-
Fenton > solar photo-Fenton > UV photocatalysis > UV photolysis. This kind of relationships
for pharmaceutical lipid regulators, anti-inflammatory and miscellaneous pharmaceuticals can
be developed (Figure 2.13). Thus it can be concluded that chemical-based oxidation processes
possess excellent oxidation characteristics in the removal of a wide range of ECs. However, the
main problem with chemical-based treatment technologies is that comparatively high costs
associated with the maintenance and operation, power consumption, handling of the large
volume of influents as well as these kinds of processes also produced different by-products in
the aqueous phase. The by-products can further create problems in the overall processes and

can also further increase the cost of the processes.
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Figure 2.13: Comparative average removal efficiency of ECs with standard deviation (error
bar) by different chemical treatment technologies.

2.3.3. Physical Treatment Technologies
(i) Membrane Processes

The application of membrane technology for removing antibiotics from aqueous solution has

been increased. The process is unable to degrade the toxicants but transfers them into a
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concentrated form. There are several kinds of the membrane to abate Antibiotics such as reverse

osmosis, nanofiltration, ultrafiltration and ion exchange.

(ii) Reverse Osmosis, Nano- and Ultrafiltration

Reverse osmosis is a kind of membrane techniques [232]. This process is often used to
immobilize large molecules and ions of pollutants. The flow occurs against the concentration
gradient in reverse osmosis. This technique can efficiently remove dissolved salts but not
effectively abate organic compounds. Moreover, reverse osmosis is simple and has high energy
efficiency. Nevertheless, the membranes are very quickly fouled or damaged. In comparison
with other techniques, reverse osmosis is a slow process for removing Antibiotics from
wastewater [24]. Other membrane processes are nanofiltration and ultrafiltration [232]. The
technologies are cross-flow filtrations and usually charged (carboxylic groups, sulfonic
groups). Hence, ion repulsion is the primary factor in this treatment, and it can remove smaller
molecules such as antibiotics. Furthermore, these membrane processes are sensitive to

temperature.

(iii) Ion Exchange

The water treatment by ion exchange is the use of ion exchange resin (anion or cation
exchangers) to exchange with cations or anions in a liquid medium [233]. The most used
materials for ion exchange resin is polymeric (styrenic and acrylic) due to their stability and
great selectivity [234]. lon exchange is also a reversible process which allows an extended using
time of the resin. On the other hand, the technique requires backwashing and regeneration

regularly, and fouling is also a problem [235].

(iv) Combined Processes

Combination of different technologies in one water treatment system is necessary to maximize
the cleaning performance. However, the combination of techniques at different stages for water
treatment needs a careful study to avoid negative influences. For instance, most microorganisms
in an iodegradation tank are sensitive to the toxic pollutants or chemicals from previous
treatment stages. Thus, advanced oxidize processes or adsorption has been used as a pre-
treatment step to oxidize the pollutants, making them less toxic and biodegradable before

treating with microorganisms [236].
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(vi) Adsorption Process

The adsorptive removal of organic pollutants from water has been widely applied. The most
common adsorbents are solid materials. Sorption has studied remediation of antibiotic
contaminated water on various sorbents such as natural sorbents, clays, a chitosan derivative,
activated carbon, and more [82]. There are two different kinds of adsorption regarding the
nature of forces involved including chemical and physical adsorption. In physical adsorption,
van der Waals interactions are main forces which are moderately weak. On the other hand,
chemical adsorption relates to the electron transfer and chemical bonds formed between
antibiotics and the solid surface. The interactions in chemical adsorption are strong and limited
to the monolayer coverage [237]. The advantage of adsorption is removing Antibiotics instead
of producing potentially more dangerous metabolites [238]. Conversely, the technology did not
destroy the antibiotics but concentrated them on adsorbents’ surface. The conventional and
most used adsorbent is activated carbons. However, their high cost means full application of
this adsorbent is difficult. Thus, adsorption using cost-effective adsorbents is considered an
effective process that removes antibiotics from aqueous solution [20]. Physical treatment
processes have been found very useful and economical in removing antibiotics among which
sorption has emerged as a cost-effective method for pollutant removal; unaffected by the
potential toxicity as for biological processes; and easy to design and operate [44, 239, 240].
Also, sorption is a vital process because it may dramatically affect the fate and impacts of
contaminants in the environment through different mechanisms [45]. The efficiency of sorption
process is profoundly affected by the properties of sorbate, sorbent, and operating conditions
[241]. The degree of sorption mainly depends on the physicochemical properties of the
micropollutants, type of solid matrices, surface area, porosity, pore diameter, and
environmental conditions [240, 242, 243].

The sorption of antibiotics onto carbonaceous materials such as biochar [55, 240, 244,
245], activated carbon [29], carbon nanotubes[57], graphene, clay minerals [57], and hollow
polymer nanorods [239] has been widely studied and proved very useful [57]. The sorption of
antibiotics using biochar was found particularly efficient [56, 57]. Biochar has a high
hydrophobicity and aromaticity and is an excellent sorbent for hydrophobic organic
contaminants, e.g. aromatics [246, 247].

Many separation processes such as coagulation, flocculation and precipitation have been
used for the removal of EDCs from different water [28, 44]. Conventional biological processes
such as activated sludge, constructed wetlands, bio-filtration have shown limited removal of

EDCs [28, 44], while advanced treatment processes such as granular activated carbon,
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photolysis, photocatalysis, ferrate [26] free radical oxidation, Fenton oxidation, sonolysis,
membrane separation, chlorination and ozonation have shown more satisfying results [28, 34,
44, 46]. Some hybrid systems such as membrane bioreactor (MBR) followed by
ultrafiltration/nanofiltration/reverse osmosis, flocculation followed by activated sludge and
ultrafiltration can also remove EDCs efficiently from water and wastewater [44, 47]. However,
a significant problem of hybrid systems is the high capital investment and operation cost.
Physical separation processes such as activated carbon adsorption, membrane filtration and ion
exchange usually show superior removal efficiencies of the EDC [29, 48]. Adsorption of EDCs
on carbonaceous materials has been studied using activated carbon [49-51] black carbon,
single- or multi-walled carbon nanotubes (SWCNT, MWCNT) [52, 53] and biochar [26, 54,
55]. Biochar is a low-cost sorbent for the efficient removal of many hydrophilic and
hydrophobic organic contaminants [56, 57]. Sorption of EDCs has also been studied using

alumina, silica and hydrophobic medium [58].

2.3.4. Hybrid Technologies

The conventional wastewater treatment processes are not adequate for the removal of many
ECs effectively. A variety of hybrid treatment technologies are reported in the literature, and
during the last few years, significant improvements have been achieved in their application in
wastewater treatment, to prevent the release of ECs into the aquatic media via effluent
discharge. Most of the hybrid systems consist of biological-based treatment system followed
by some physical or chemical treatment systems. Chemical oxidation based treatment such as
ozonation is the most widely used process to combine with a biological process. Some examples
of these combinations include ozonation followed by biological activated carbon, MBR-reverse
osmosis/ultrafiltration/microfiltration/ozonation, filtration and activated sludge followed by
ultrafiltration. Microfiltration and ultrafiltration are increasingly being considered as
alternatives to granular media filtration [248].

The remediation of 31 targets ECs such as EDCs, pesticides and beta blockers by hybrid
systems is represented in Table 2.11. Some EDCs such as E1, E2, EE2, E3, 17B-estradiol 17-
acetate, bisphenol A, 4-n-nonylphenol and 4-tert-butyl phenol can be better removed up to 99%
by the combined use of MBR and some physical treatment technologies such as reverse
osmosis, ultrafiltration or nanofiltration at concentrations up to 5 pg L. Combination of
flocculation activated sludge and ultrafiltration can also be employed, but removal efficiencies
of EDCs were low in some cases. This kind of combination can be more cost-effective than

MBR based hybrid systems. In term of removal of high influent concentrations of EDCs, MBR
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based hybrid system can be better employed. The general trend for EDCs removal can be
written as hybrid MBR with reverse osmosis or nanofiltration or ultrafiltration > flocculation—

activated sludge—ultrafiltration > constructed wetland.

Table 2.11: The removal efficiency of EDCs, pesticides and beta blockers achieved by hybrid
systems.

ECs category ECs Treatment process ECs source Influent (ug L") Removal (%) Reference
EDCs El MBR + UF Synthetic WW 5 99.4 [169]
MBR + RO Synthetic WW 5 99.6 [169]
Flocculants + AS + UF ww 0.025 96.0 [146]
MBR + NF Synthetic WW 5 99.3 [169]
E2 MBR + UF Synthetic WW 5 99.5 [169]
MBR + RO Synthetic WW 5 99.4 [169]
Flocculants + AS + UF Ww 0.014 96.5 [146]
MBR + NF Synthetic WW 5 99.6 [169]
EE2 MBR + UF Synthetic WW 5 95.5 [169]
MBR+ NF Synthetic WW 5 94.0 [169]
MBR + RO Synthetic WW 5 93.61 [169]
Flocculants + AS + UF WwW 0.041 95.0 [146]
E3 MBR + NF Synthetic WW 5 97.7 [169]
MBR + RO Synthetic WW 5 96.1 [169]
MBR + UF Synthetic WW 5 98.3 [169]
17B-estradiol- MBR + UF Synthetic WW 5 99.0 [169]
17-acetate
MBR+ NF Synthetic WW 5 99.3 [169]
MBR + RO Synthetic WW 5 100 [169]
Bisphenol A Flocculants +AS+ UF ww 0.857 95.0 [146]
MBR + UF Synthetic WW 5 98.6 [169]
MBR+ NF Synthetic WW 5 89.3 [169]
MBR + RO Synthetic WW 5 90.5 [169]
VFCWs+HFCWs+FWCWs Urban WW 4.06 99.0 [249]
4-n-nonylphenol MBR + UF Synthetic WW 5 96.9 [169]
MBR+ NF Synthetic WW 5 96.6 [169]
MBR + RO Synthetic WW 5 100 [169]
Flocculants +AS+ UF ww 14.635 97.0 [146]
4-tert-butylphenol MBR + UF Synthetic WW 5 95.5 [169]
MBR + UF Synthetic WW 5 98.2 [169]
MBR+ NF Synthetic WW 5 91.0 [169]
MBR+ NF Synthetic WW 5 95.7 [169]
MBR + RO Synthetic WW 5 83.5 [169]
MBR + RO Synthetic WW 5 93.8 [169]
Flocculants +AS+ UF WwW 4.385 98.0 [146]

AS = activated sludge, RO = reverse osmosis, MF = micro-filtration, UF = ultra-filtration, NF = nano-filtration,
BAC = biological activated carbon.
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The removal of antibiotics and other pharmaceuticals is represented in Table 2.12,
which shows that MBR-reverse osmosis can successfully remove more than 99% of
azithromycin, clarithromycin, erythromycin, ofloxacin, sulfamethoxazole, diazepam,
lorazepam, famotidine, ranitidine and clopidogrel. Ozonation followed by biological activated
carbon hybrid system can be well applied in the removal of a wide range of ECs such as
erythromycin, lincomycin, roxithromycin, trimethoprim, caffeine, citalopram, doxylamine,
phenytoin, risperidone, sertraline, hydrochlorothiazole and perindopril. However, this hybrid
system was found less effective in the removal of chloramphenicol, sulfamethaxazole, tylosin,
dapsone and perindopril. Combine application of ultrafiltration, activated carbon and
ultrasound was found highly effective in the removal of antibiotic amoxicillin even at 10 ppm
level [250]. Ozonation followed by ultrafiltration hybrid system can be used up to 100%
removal of some pharmaceuticals such as clarithromycin, clindamycin, sulfamethazine, 4-
aminoantipyrine, enalapril and norbenzoylecgonine but this process was found lower effective
in the removal of licomycin, ofloxacin, venlafaxine and irbesartan (Table 2.12). Thus on the
removal of pharmaceutical antibiotics and different pharmaceuticals hybrid systems followed
the order of MBR-reverse osmosis > ozonation-biological activated carbon > ozonation-

ultrafiltration.

Table 2.12: Pharmaceuticals removal efficiency by hybrid systems.

ECs Technology Influent conc. (ug L") Removal (%)  Reference
Amoxicillin Ultrafiltration+ Activated carbon+ Ultrasound 10000 99.9 [250]
Azithromycin MBR + RO 0.142 99.5 [33]
Chloramphenicol Ozonation + BAC 333 [108, 132]
Clarithromycin MBR + RO 2.722 99.5 [33]
Ozonation + Ultrasound 0.35 94.3 [251]
Clindamycin Ozonation + Ultrasound 0.01 100 [251]
Erythromycin Ozonation + BAC 0.167 98.4 [108, 132]
MBR + RO 0.08 99.5 [33]
Lincomycin Ozonation + BAC 0.003 80.6 [108, 132]
Ozonation + Ultrasound 0.21 66.7 [251]
Ofloxacin MBR + RO 2.9 99.5 [33]
Ozonation + Ultrasound 0.35 42.9 [251]
Roxithromycin Ozonation + BAC 0.081 97 [108, 132]
Sulfamethaxazole MBR + RO 0.268 99.5 [33]
Ozonation + BAC 0.023 77.4 [108, 132]
Sulfamethazine Ozonation + Ultrasound 0.21 100 [251]
Sulfathiazole Ozonation + BAC 0.001 58.3 [108, 130]
Trimethoprim Ozonation + BAC 0.027 99.3 [108, 130]
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In summary, MBR based reverse osmosis/nanofiltration/ultrafiltration has been found
highly efficient in the removal of a wide range of ECs such as EDCs, antibiotics and other
pharmaceuticals. Other issues such as process cost, membrane fouling and energy demand need
to be considered in designing such hybrid systems. Ozonation followed by biological activated
carbon was found to better result in the removal of pesticides & herbicides, beta blockers,
pharmaceuticals pain reliever, lipid regulators, analgesics, antibiotics and different
pharmaceuticals. However, this process still suffers from lower efficiencies of some ECs.
Ozonation followed by ultrasound hybrid system is a recent development, and this process can
be very potent in the removal of some ECs, but this process can be experienced with some
difficulties such as high costs, and lower efficiencies in the removal of some ECs. Regarding
cost, activated sludge based hybrid systems (activated sludge-ultrafiltration, activated sludge-
gamma radiation) can also be a good alternative but need to consider the high retention time
and sludge processing costs. The constructed wetland based hybrid system was found less
effective in the removal of many ECs. Data on the removal of PCPs and surfactants by hybrid
systems are scarce. In future, some AOPs based treatment processes such as photolysis in the
presence of hydrogen peroxide and photo—Fenton processes can be carefully merged with the

conventional processes.

2.4. Biochar and Functionalized Biochar

Biochar is a stable solid, carbon dominant product which is obtained by thermal (mostly
pyrolysis) or hydrothermal processes when biomass materials are heated at an elevated
temperature in a reactor with little or no oxygen [57, 252, 253]. Activated or modified BC is
obtained when BC is further activated or modified either chemically or physically to improve
their diameters of the pores, create some new porosity leading to the high surface area and to
enhance sorptive properties for inorganic and organic contaminants [254]. Raw BC may have
poor ability to selectively adsorb contaminants when their concentration is high [255, 256].
Moreover, BC application is restricted due to their limited functionalities. Modified BCs with
enriched surface functional groups had enhanced sorption capacity for a particular contaminant
or mixture of contaminants than that of primary BC [257, 258]. For example, hydrous
manganese oxide modification of peeled pine wood BC exhibited five folds higher Pb*"
sorption capacity than the parent BC [259]. Thus modification of BC surface area is gaining
more attention to improve BC performance. Consequently, various modification or activation
methods including surface oxidation and functionalization have been applied to improve their

performance in environmental remediation [260]. These modifications can increase the number
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of surface sorption sites, improve stability, introduce more positive charges and modified
surface functional groups on the modified surface of BC [261].

The specific properties of BC and modified BC which include low cost, specific surface
area, pore volume, pore size, enriched surface functional groups and minerals enabled BC and
modified BC to be used as an effective sorbents to remove many organic and inorganic
contaminants from aqueous solutions [262]. BC also has the potential to help mitigate climate
change via carbon sequestration, denitrification, sludge conditioning and dewatering, increased
soil fertility and agricultural productivity [263, 264]. When applied in soils, BC can introduce
additional benefits including better plant growth, reduced fertilizer requirements, reduced soil
acidity, increased soil cationic exchange capacity (CEC) and improved respiration [265].

Modified BC is prepared so that they can sorb target heavy metals or organic
contaminants through additional/improved functionality. Nano-composite sorbents with nano-
sized metal oxy-hydrates are attached to carbonaceous surfaces within the BC matrix. Elements
such as oxygen, hydrogen, sulfur, nitrogen together with carbon are generally present in the
BC’s core structure in the form of different functional groups and other chemical structures.
The atomic ratios such as H/C (aliphatic), O/C and N/C (polar index) are related to the specific
properties of the BC. In the core structure of BC, the functional groups such as hydroxyl as
phenol, carboxyl, a carbonyl group, lactones, quinones, amines, amides and others are
responsible for accumulating contaminants from water or wastewater. Those functional groups
on the carbon surface are mainly produced as a result of thermal or hydrothermal processes
such as pyrolysis, activation and others before and after treatment of raw biomass or BC. Due
to those modifications newly modified BC or activated BC is produced which is responsible for
improving the performance of BC for the removal of specific contaminants from water or
wastewater. This has generated more interest in using BC and modified BC in many
multidisciplinary research areas including water and wastewater treatment [56, 57].

Further improvements in enhancing the chemical and physical properties of BC-based
sorbents are possible because most of the BC were directly produced from precursors without
any modifications. Different methods such as physical modification, chemical modification,
impregnation and heat treatment have been reported in the literature [266, 267] to modify the
surface of carbonaceous materials. This research sheds light on the chemical mechanism
underlying treatment methods that enable the BC surface to remove specific contaminants.

The focus has increasingly shifted to the production, characteristics, applications and
opportunities for BC and modified BC to treat wastewater. Removing cations, anions, organic
contaminants including dyes through the sorptive process can well be done by modified

biochars. Modified BC is low-cost sorbent (compared to AC, graphene and carbon nanotubes)
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and have similar removal capacity for contaminants [268]. Thus I have chosen biochar and its

modification for the removal of ECs mostly antibiotics.

2.5. Adsorption of Antibiotics and EDCs Using Biochar and fBC

Thus, physicochemical treatment technologies are proving to be a highly suitable treatment
option for organic contaminants [24]. The adsorption process is very efficient, simple to design
and operate; and it is relatively inexpensive and unaffected by the potential toxicity as for
biologically based processes [41]. Adsorption processes are widely used to remove organic
contaminants from contaminated stream onto adsorbent surfaces [24], although its application
to antibiotic removal has been reported for around 30 compounds so far. The efficiency of
adsorption processes is highly affected by the type of adsorbent, adsorbate properties, and the
compositions of the waste stream [42].

Biochar has received increasing recognition as an essential soil component, in carbon
sequestration and water remediation [245, 246, 269-272]. Owing to its high hydrophobicity and
aromaticity, biochar is an excellent sorbent for hydrophobic organic contaminants, e.g.
aromatics [56, 246]. Biochar properties including surface functionality can be further improved
through different modification technologies [55]. Studies on the adsorption of ionic organic
compounds to biochar and functionalized biochar are limited compared to non-ionic
hydrophobic organic contaminants [59, 273, 274]. Nonetheless, from the few studies that have
used engineered carbon nanomaterials and biochars as adsorbents [273-275], it can be expected
that biochar can significantly affect or even dominate the sorption of ionic organic contaminants
such as sulfonamides in the environment. For example, it was observed that, under
environmentally relevant conditions, distribution coefficient (Kg) values of two sulfonamides
(SMX and sulfapyridine) to multi-walled carbon nanotubes and crop residue-derived biochar
could be in the order of 10* L kg™!. These are several orders of magnitude higher than the
reported Kd values to soils and clay minerals [274, 275]. Adsorption of sulfonamides to biochar
is expected to be heavily influenced by solution conditions and antibiotic speciation, e.g.
neutral, cationic or anionic forms under different pH conditions (Figure 1). Different species
can interact with biochar through different mechanisms [59, 273 ]such as n-t EDA interaction,
nucleophilic addition, electrostatic attraction, pore filling, partitioning into un-carbonized
fraction and formation of CAHB with surface oxygen groups. This is particularly the case under
alkaline conditions with multiple surface groups of sulphonamides and with certain type of

biomass materials and biochar preparatory conditions [57, 59, 257, 276].
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2.6. Sorption and Reduction of Chloramphenicol Antibiotics Using ZVI and Its

Composites

It has been demonstrated that ZVI (redox potential, E° = —0.44 V) and several other zero-valent
metals can serve as efficient reducing agents for the remediation of chlorinated organic
compounds, nitro-aromatic compounds, heavy metals, nitrate, dyes and phenolic compounds
from groundwater and wastewater [65, 277-283]. To date, most of the studies have focused on
using ZVI to remove chlorinated hydrocarbons from water [62, 281, 284, 285] due to
dechlorinative reduction nature of ZVI. However, ZVI can be easily oxidized in the presence
of oxygen. Powder state unstable [286]. These phenomena leading to ZVI applications in fixed
bed column or other dynamic flow systems result in the high-pressure drop and restriction of
nZVI for field-scale applications [286]. Attempts have been proposed to enhance the nZVI
transport in natural subsurface environments with the common objective of stabilizing the
colloidal suspensions. nZVI has already been coated/impregnated with polymeric materials
(such as polystyrene sulfonate, polyacrylic acid, and carboxymethylcellulose), combined with
resin, biochar [287], activated carbon [288, 289], multi-walled carbon nanotube [290], clay
mineral supported (e.g. kaolinite, and bentonite) [291-296], and modified with hydrophilic
carbon, and embedded in a silica matrix to obtain a stable nZVI suspension [297]. It was
reported that nZVI particles modified by covalently binding with carboxymethylcellulose
exhibited high transport potential in packed beds of glass, beads, sand and soil [297]. All these
researchers reported that nZVI-composites materials were applied once for contaminant
removal. Also, the fate of these nZVI-composites for a further stage of application is not clear.
Theoretically and practically, nZVI particles in composite materials lose their reductive nature
during application when in contact with the contaminants and eventually produce different
species either in solution or in the composite. The questions that arise are: what is the
transformed ZVI-composite material? Is it stable and usable for further and repetitive
applications? What are its unique characteristics regarding chemical structure and interfacial
properties? Thus to shed light on nZVI and its composite, I have synthesized nZVI from scrap
materials and immobilized on functionalized biochar (fBC), which were tested for the removal
of a chlorinated antibiotic chloramphenicol over repetitive cycles. Chloramphenicol as an
antibiotic can cause genotoxic and other side effects such as aplastic agranulocytosis, anaemia,
and leukopenia [299]. Low removal efficiencies of chloramphenicol from wastewater have
been reported using biological treatment technologies as it does not degrade in the metabolic
system and thus, has frequently been detected in surface water, groundwater, and even in

drinking water [16, 44]. The removal of chloramphenicol from wastewater has been reported
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using different physicochemical methods [284, 300, 301], among which ZVI has been widely
applied [62, 284, 285]. Moreover, different studies reported different reduction products [62,
284, 285, 299], and so far no study has been conducted using ZVI and ZVI-carbonaceous
composite for removing chloramphenicol except deionized water. Hence, the application of
ZV1 and its composite for removing chloramphenicol from different water and the identification
of byproducts are of great importance. Also, such kind of composite may possess simultaneous
sorption and reduction which has not been reported. Thus the calculation of the amount of

sorption and reduction is necessary to differentiate the role of each in such composite materials.

2.7. Conclusions and Research Gaps

Recently, the removal of EDCs and antibiotics from aqueous solution has gained
extensiveinterest from academic researchers and wastewater treatment practitioners. From the

literature review, some principal findings are summarized as below:

e Antibiotics are unique medicines in that they act selectively on bacteria, among them
the pathogens while leaving human cells and tissues unaffected. The mainstream of
these substances is natural from the microbial origin, however possibly semi-synthetic
or synthetic. Antibiotics are widely used in large amounts for treating bacterial diseases
in both humans and animals. The compounds can pollute soil, surface and groundwater
via runoff or leaching from the manure of livestock, aquaculture, poultry and pets as
fertilizer for agriculture production. Antibiotics in water can pose serious problems to
the ecosystem and have several side effects, e.g. aplastic anaemia. Numerous methods
to eliminate antibiotics from the aquatic environment, e.g. advanced oxidation
processes, combined chemical/biological treatment, aerobic digestion integrated with
activated carbon, ion exchange, coagulation, flocculation, sedimentation, ultraviolet
irradiation, have been researched. Among these techniques, the most efficient,
economical and environmentally friendly method for the removal of antibiotics from
water is adsorption using cost-effective adsorbents. Many typical low-cost adsorbents
obtained from natural minerals, agricultural waste/by-products and industrial waste/by-
products have been applied for removing antibiotics from aqueous solution.

e EDCs are exogenous substances or mixtures that alter the functions of the endocrine
systems and consequently cause adverse health effect in an intact organism, or its
progeny or populations. Estrogenic compounds are those who can mimic (or block) the

effect of endogenous estrogen, and therefore, represent one class of endocrine
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disruptors. EDCs can cause adverse effects due to exogenous endocrine disruption in
the reproductive, sexual differentiation, neurological and immune systems even at low
concentrations (ng L' to pg L7'). Exposure in people is typically a result of
contamination of the food chain, inhalation of contaminated house dust or occupational
exposure. They produce their effects by mimicking, antagonising or altering
endogenous steroid levels (androgens or oestradiol, E2) via changing rates of their
synthesis or metabolism and / or expression or action at receptor targets. The effects
associated with EDCs are breakage of eggs of birds, fishes and turtles, problems in
reproductive systems, change in immunologic system of marine mammals, reduction of
sperm of human organ, including reduced female fecundity, longer time to conception,
higher miscarriage rates and decreased sperm motility increase in the incidence of
breast, testicle and prostate cancers, and endometriosis. Adverse effects of EDC
exposure on reproductive physiology have also been seen in numerous animal models,
mainly when exposure occurs early in development. In mammal and other vertebrates,
EDC exposure during development alters both male and female gonad development,
reduction in sperm counts, abnormal sperm, and changes in sexual behaviour, such as
demasculinisation and feminisation of male offspring. Many advance treatment
processes have been applied for removing of EDCs. However, the removal success still
not satisfactory.

In physical treatment processes, adsorption process was found to be a prominent method
for removing antibiotics and EDCs. Therefore, as a low-cost adsorbent, mainly,
functionalized biochar is a good candidate due to its adsorption capacity and large
quantity. Functionalized biochar prepared from bamboo and eucalyptus wood is a low-
cost sorbent and is potential for removing antibiotics and EDCs. It is documented that
varieties of magnetic materials have been used for removing antibiotics from aquatic
matrices, €.g. scrap iron, iron nanoparticles, magnetite, magnetic montmorillonite, iron
oxides, microscale zero-valent iron, nanoscale zero-valent iron. Thus, immobilization
of ZVI onto functionalized biochar will be also able to increase for removing organic
contaminants.

To date, adsorption mechanism has been theoretically explained in most of the literature
and the proposed sorptive removal mechanisms of antibiotics and EDCs included
hydrogen bond formations, n-n electron-donor acceptor interactions, electrostatic and
non-electrostatic interactions, complexation through different mechanisms and redox

interactions.
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Research Gaps:

Even though much work has been conducted for removing EDCs and antibiotics from water

using different adsorbents and reductants, some important research gaps still exist as follows:

e There is a lack of studies on using biochar and functional biochar adsorbents for treating
water containing antibiotics and EDCs. Subsequently, more research is needed to
understand more and confirm whether the application of biochar and functional biochar
in removing antibiotics and EDCs from water is warranted and advantageous.

e Removal of a mixture of contaminants using a novel modification process of adsorbents
in water treatment is very interesting. However, the amount of research in this field has
been limited. Further studies need to be conducted to choose optimal conditions for the
use of this technique to produce the best adsorbent.

e (Current studies have only confirmed adsorption mechanisms of antibiotics, EDCs based
on the theoretical aspects, and therefore there is little research focusing on the driving
forces for the pollutants removal by adsorbents. Thus, there is a real need for research
to provide detail understanding of the uptake pathways of EDCs and antibiotics
adsorption.

e Most of the studies on using adsorbents for the abatement of EDCs and antibiotics from
aqueous solution are in a single compound based. It is a common phenomenon that if a
mixture of compounds present in a solution then the adsorbents should have some
tendency to remove all of contaminants based on their sorption affinity and their
removal mechanism may vary based on contaminant types. However, none of the
previous studies has focused on this issue.

e The removal mechanisms with experimental proof have not been established, and this
kind of approaches can be a good option for future study.

e Study gap on the reduction and adsorption of chloramphenicol anitibiotics using

functionalized biochar-ZVI composite materials.
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CHAPTER THREE: MATERIALS AND METHODS

3.1. Materials
3.1.1. Experimental Materials

Antibiotics such as sulfamethoxazole, sulfamethazine, sulfathiazole and chloramphenicol were
purchased from Sigma Aldrich. EDCs estrone (E1), 17B-estradiol (E2), estriol (E3), 17a-
ethynylestradiol (EE2), bisphenol A (BPA) and 4-fert-butylphenol (4/BP) were purchased from
Sigma Aldrich. Organic solvents such as methanol, methanol-d4, ethanol, acetonitrile,
hexadecane, acetone, 2-nonanone (NON-2), and formic acid of HPLC grade were purchased
from Sigma-Aldrich, Australia. Peptone, beef extract, humic acid, tannic acid, sodium lignin
sulphonates, Na-laryl sulphate, acacia gum powder, arabic acid, ammonium sulphate, KCI,
NaCl, HCI, NaOH, H2SO0s, AICl3, CaCl2, K:HPO4, NH4HCO3, and MgS04.3H20 were of
analytical-grade. Phenanthrene (98%), 1,3-dinitrobenzene (DNB), and para amino benzoic acid
(PABA, > 99%) were also purchased from Sigma-Aldrich. A Zorbax Bonus RP Cis column
(5.0 um, 2.1 X1.50 mm) was purchased from Agilent Technologies.

3.1.2. Woody Biomass Collection and Processing

Woody materials were chosen for the preparation of biochar, functional biochar and composite
material. Eucalyptus wood (Eucalyptus globulus) was supplied by New Forest Asset
Management Pty. Ltd., Portland, Victoria, Australia. Eucalyptus wood is abundantly grown in
green triangle region of South and Western Australia. At first the raw material was cut into 1.0-
4.0 mm small particle. After washing with DI water and drying, samples were stored for further

utilization.

Untreated bamboo wood (Bamboo asper poles) sample was donated by Baron Bay
Bamboo. Biomass material was initially cut into 3.0-5.0 cm long pieces, and it was then dried.
Then biomass materials were further cut into 1.0-4.0 mm sizes small particle using UTS
engineering workshop facilities. After washing with DI water and drying, samples were stored

for further utilization.

3.1.3. Scrap Iron Materials

Scrap iron waste (a mixture of iron material and plastics) was collected from UTS engineering
workshop for the extraction of iron and for the preparation of nano-zero valent iron (nZVI/Fe).
Firstly, scrap material was washed several times with tap water and dried at 105 °C in a furnace

overnight. This sample was stored for further use.
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3.1.4. Stock Solutions of Antibiotics and EDCs

Each antibiotic and EDC stock solution was prepared in methanol with an initial concentration
of 1 g L' and stored at 4 °C for further use. The stock solution was then diluted to the desired
concentrations and sorption experiments conducted. In case of a mixture of antibiotics and
EDCs, each stock solution was directly added to the aqueous solution (co-solute was added up
to 1% to avoid co-solute effect in mixed condition) and mixed thoroughly to make desired
concentration and rest of the contaminants added one by one. Concentrations were checked by

calibrating the result.

3.1.5. Furnace and Reactor for Biochar & Functionalized Biochar Preparation

A fixed bed reactor has used for the pyrolysis of the biomass particles (Figure 3.1). The reactor
was heated inside an electrical furnace (model: L51 SP, GS Gepriifte Sicherheit, BG-
PRUFZERT, W- Germany) by under oxygen hungry conditions by providing nitrogen
environment. As shown in the figure, pyrolysis reactor with biomass feeding placed inside the
furnace and turned on the switch at the desired temperature. After that, nitrogen gas passes
through the inlet into the reactor according to the following set up. During pyrolysis, a mixture
of gasses products produced and they passed through the outlet of the reactor system to vent
directly. After a desired period, the reactor took out and biochar and functionalized biochar

collected.

3.1.6. Synthetic Wastewater, MBR Sewage Effluent and Lake Water

Lake water (pH 7.2, temperature 19.9 °C, total dissolved solids 116 mg L™, total organic carbon
75.56 mg L', and total carbon 76.72 mg L) was collected from the Victoria Park, NSW,
Australia, and was filtered through 1.2 um filter paper before being stored at 4 °C. Synthetic
wastewater was prepared based on a recent study [33]. MBR sewage effluent was collected
from Central Park water treatment plant, Sydney, Australia. After collecting, MBR effluent was
filtered through 1.2 um syringe filter and measured physicochemical properties such as pH,
turbidity, UVass, total organic carbon (TOC), chemical oxygen demand, conductivity,
alkalinity, dissolved oxygen, inorganic ions, and metal ions were measured. MBR effluent was
stored in the fridge and subsequently used for another experimental purpose. Deionized water,
lake surface water, MBR effluent and synthetic wastewater were spiked with antibiotics and

EDCs before contact with materials to assess the extent of sorption in different water types.

109



|

sagquueyy srshjoahg

M, Cylinder

Figure 3.1: Fixed bed pyrolyser (reactor) for pyrolysis of biomass.

3.2. Methods

3.2.1. Preparation and Functionalization of Adsorbents, Synthesis of ZVI & Preparation of

Composite
3.2.1.1. Preparation of Biochar

Bamboo and Eucalyptus Globulus woods (30.0 g — 48.0 g) were selected for the production of
biochar. Biomass particle sizes were in the range of 600 um- 2.0 mm (or, 3.00 cm long and 8.00
mm wide). A fixed bed reactor has been used for the pyrolysis of the biomass particles (Figure
3.1). The reactor was heated inside an electrical furnace by under oxygen hungry conditions.
The reactor temperature was set for 380 °C and gradually pyrolyzed at an average heating rate
of 10.00-11.40 °C/min under nitrogen supply at a constant pressure of 2.5 psi. When the
temperature reached at 380 °C, nitrogen pressure was raised to 10 psi and maintained for 20
minutes. The residence time at pyrolysis temperature was 2 h. After paralyzing the biochar,
sample was allowed to cool down to room temperature inside the furnace. Prepared biochar was

rinsed with tap water and DI for several times to minimize the impurities and ash contents. Then
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pH was adjusted around 7.0 and drying at 80 °C. All biochar samples were then examined for
their physical and chemical characteristics without further treatment. The prepared biochar

named as BBC380 and EGBC380.

3.2.1.2. Functionalization of Biochar

Modification of bamboo biochar was carried out by soaking 15.3 g of BBC380 into 50% of 30
ml orthophosphoric acid (0H3PO4). The mixture was last for 3 hours with continuous stirring
in an orbital shaker at 50 °C. The mixture was ten transfers into a reactor and finally heated at
600 °C for two hours with a continuous flow of nitrogen at 2.5 psi. The modified was finally
then washed and dried at 120 °C for overnight. The modified biochar named as m1bBBC600,
i.e. fBC-1.

Modification of Eucalyptus globulus biochar has been carried out by soaking 8.0 g of
BBC380 into 50% of 30.0 mL ortho phosphoric acid (oH3POs). The mixture was last for 3
hours with continuous stirring in an orbital shaker at 50 °C. The mixture was ten transfers into
a reactor and finally heated at 600 °C for two hours with a continuous flow of nitrogen at a 2.5
psi. The modified was finally then washed and dried at 120 °C for overnight. The modified
biochar named as fBC-2.

3.2.1.3. Synthesis of ZVI and Preparation of ZVI-Biochar Composite

Scrap iron waste (a mixture of iron material and plastics) collected from UTS engineering
workshop was washed several times with tap water. The scrap iron material (30 g) was mixed
with 120 mL of 10% HNO3 for 10 min to remove impurities. The residual iron material was
transferred to 600 mL of 15% H2SO4 (v/v) and stirred for 3 h at 60 °C. The residues were
separated by settling. This ferrous sulphate solution (green colour) was obtained by filtration
and stored as a stock solution for further use. The stock solution iron concentration was
measured and found iron concentration being 21.9 g L.

The stock solution (15 mL) was diluted 10 times with deionized water and pH was
adjusted to ~5.0 using 2 M NaOH solution. Thus, ferrous sulphate was transformed to reddish
brown ferric sulphate and stirred for few minutes. Then, 15 mL of 1.6 M NaBH4 was added
drop-wise into the solution and mixed vigorously for 30 min, and nZVI was produced (Eq. 3.1).
The nZVI solution was centrifuged at 2000 rpm for 7 min and washed with ethanol. Finally,
nZVI was dried in a vacuum oven for 8 h and stored in an airtight container until further use
[302].

4Fe*" + 3BH4™+ 9H20 > 4Fe’ + 3H2BOs™ + 6H, + 12H” (3.1)
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To produce a nZVI-fBC composite, 5 mL of the stock solution was diluted ten times,
and pH was adjusted to 5.0 using 2 M NaOH and mixed thoroughly for 5 min. Then 1.0 g of
fBC was added to the solution and mixed for 2 h, and 5 mL of ethanol was added. Next, 5 mL
of 1.6 M NaBH4 was added drop-wise into the solution and mixed vigorously for another 2 h.
Thus, nZVI was immobilized onto fBC surface. Finally, the product was filtered, washed, dried

and stored to obtain a nZVI-fBC composite.

3.2.2. Characterization Methods

Proximate analysis, including yield, moisture content, mobile matter, ash and residual matter
contents (fixed carbon) of bamboo and eucalyptus wood were determined. Detail description
about proximate analysis can be found in chapter 4 (section 4.1.2.3). The yield of biochars has
been represented in Table 3.1. From the table 3.1, we can see that yield tend to be decreases
as the pyrolysis temperature goes up. In comparison, maximum yield was found for the bamboo
biochar at 380 °C, and minimum yield was found for eucalyptus L. at pyrolysis temperature
600 °C. This was due to the release of more volatile fraction from the raw materials. In general,

the release of volatile matter increased as the temperature goes up.

Table 3.1: Yield of biochar prepared from different biomass.

Raw material Types of BC Temp. Wi W, Final Wt. (g) Yield (%) ary basis
Bamboo BBC380 380 47.5 44.84 19.5 435
BBC600 600 20 18.88 6.7 35.50
Eucalyptus G. EGBC380 380 31.0 28.36 9.85 34.73

W = Initial Wt.(8),wet basis & W2 = Initial Wt.(g),qry Basis

Different instrumental characterization techniques were employed for the characterization of
biochar, functionalized biochar and composite materials. Fourier transform infrared
spectroscopy (FTIR), Scanning electron microscope (SEM) with energy dispersive
spectroscopy (EDS), thermogravimetric analysis (TGA) with differential scanning calorimetry
(DSC), Brunauer-Emmett-Teller BET, X-ray diffraction (XRD), X-ray photoelectron
spectroscopy (XPS), Zeta potential and sizer, and Raman spectroscopy were used to obtain the
surface morphology, elemental composition, mineral species, surface area, surface charge, and

functional groups. Details on those instruments are given below:

A. SEM-EDS
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Surface morphology and elementary composition of the material samples were analysed by
Zeiss Evo SEM (Carl Zeiss Microscopy, USA) with attached EDS at 15kV-30kV. For different

particles, images were collected at different magnifications.

B. XRD
Powder X-ray diffraction (XRD) was used to identify the surface homogeneity or heterogeneity
of biochar, fBC, ZVI, and composite. The sample was pulverized to powdered form and
smeared on a metal holder at room temperature. XRD analysis of the samples was carried out
using a Bruker D8 Discover diffractometer (Bruker, Germany) using Cu Ka radiation, in the

scattering angle 20 range 20°—80° at a rate of 5° per min.

C. XPS
XPS is a surface sensitive technique which can determine the binding energy of elements in the
top 10 nm of a sample. The abundance of surface functional groups of samples was obtained

by using X-ray Photoelectron Spectroscopy (XPS) (Thermoscientific, UK).

D. BET
BET characterization was applied to the raw and modified adsorbents. The specific surface area
and porosity distributions were calculated using Brunauer-Emmett-Teller nitrogen adsorption-
desorption isotherms and the Barrett-Joyner-Halenda (BJH) method, respectively, by utilizing

a Micromeritics 3-FlexTM surface characterization analyzer at 77 K.

E. Zeta Potential
To analyze the surface relating zeta potential of the adsorbents, Malvern Zeta potential and
Sizer was utilized. Adsorbents with Milli-Q water were adjusted at different solution pH values
and then shaken at 150 rpm for 24 hours. Subsequently, zeta potential values of the samples
were measured by Nano-ZS Zetasizer (Malvern, Model: ZEN3600). Zeta potential values of

materials were measured with 0.1 M KCI background solution (for constant ionic strength).
F. TGA-DSC

Thermo-gravimetric analysis and differential scanning calorimetry (TGA-DSC) tests were done

using SDT Q600 instrument. TGA-DSC analysis was carried out at 0-800 °C.
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G. 'HNMR
Proton nuclear magnetic resonance ("H NMR) spectra were recorded at a specific concentration
of solutes at room temperature using an Agilent 500 MHz NMR instrument. Samples were
prepared in methanol-d4 and measured after 24-30 hours. The chemical shifts (3) were recorded
by internally referenced to methanol-d4 solvent and observed proton frequency shift was

calculated based on NMR instrument frequency and chemical shift.

H. Raman Spectroscopy
Raman shifts measurement was carried out using Renishaw in via Raman spectrometer
(Gloucestershire, UK) equipped with a Leica DMLB microscope (Wetzlar, Germany), 17 mW
at 633 nm Renishaw helium-neon laser source and CCD array detector using 50% laser

intensity.

I. Furnace
An electrical furnace (model: L51 SP, GS Gepriifte Sicherheit, BG-PRUFZERT, W- Germany)

was used to prepare biochar and fBC.

J. FTIR
Fourier transform infrared spectroscopy (FTIR) (Miracle-10: Shimadzu) was used to determine
surface functional groups. The spectra were obtained at 4 cm! resolution by measuring the

absorbance from 400 to 4000 cm™' using a combined 40 scans.

Experimental findings of those instruments for different materials can be found on chapter 4

and 5 in details in characterization subsections.

3.2.3. Batch Adsorption Experiments for Removing Antibiotics and EDCs

Antibiotics such as SMX, SMT, CP, and SMZ and EDCs such as E1, E2, E3, EE2, BPA and
41BP stock solutions (1.0 g L") were prepared methanol solution and were used to obtain the
starting solute concentrations in batch sorption studies. The amount of methanol added in the
final solution was less than 1.0% of the total volume; hence, it was insignificant for the co-
solvent effect. Different concentration of each solute was used to get the data for isotherm and
kinetics studies. Effect of pH was also studied, and effect of different ions was also performed.
Details on batch adsorption methods of antibiotics and EDCs can be found the chapters 4 and
5.
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3.2.4. The Analytical Method of the Antibiotic and EDCs Concentrations

The initial and final concentrations of adsorbates were measured by high-performance liquid
chromatography (Jasco HPLC Instrument) equipped with an auto-sampler; Liquid
chromatography-mass spectrometry (LC-MS); Microwave Plasma-Atomic Emission
Spectroscopy (MP-AES), total organic carbon (TOC) analyser and UV-Vis spectroscopy.
Details instrumental description of each instrument is described below, and the detail analytical

methods can be found in chapter 4 and 5 in materials and methods subsections.

A. UV-Vis Spectroscopy
Ultraviolet-visible spectroscopy or spectrophotometry (UV-Vis or UV/Vis) refers
to absorption spectroscopy or reflectance spectroscopy in the ultraviolet-visible spectral
region. This means it uses light in the visible and adjacent ranges. The absorption or reflectance
in the visible range directly affects the perceived colour of the chemicals involved. In this
region of the electromagnetic spectrum, atoms and molecules undergo electronic transitions.
Absorption  spectroscopy is  complementary  to fluorescence  spectroscopy, in
that fluorescence deals with transitions from the excited state to the ground state, while
absorption measures transitions from the ground state to the excited state. To measure

concentrations of organic compounds a UV—visible spectroscopy (Shimadzu) was employed.

B. LC-MS (QTOF)

Liquid chromatography-mass spectrometry (LC-MS) is now a routine technique with the
development of electrospray ionisation (ESI) providing a robust and straightforward interface.
It can be applied to a wide range of biological molecules and the use of tandem MS and stable
isotope internal standards allows highly sensitive and accurate assays to be developed although
some method optimisation is required to minimise ion suppression effects. Fast scanning speeds
allow a high degree of multiplexing and many compounds can be measured in a single
analytical run. Chloramphenicol and its reduced products were identified by LC-MS/QTOF in
positive mode, on an Agilent Poroshell 120 EC-Cis column (2.7 pm, 4.6 mm x 50 mm). The
elution began with 95% pure water and 5% methanol, ending with 1% pure water and 99%
methanol within 9 min at a flow rate of 0.35 mL min—1. Following elution, the mobile phase

was changed to 95% water and 5% methanol. The total run time was 13 min.
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C. HPLC

High-performance liquid chromatography or high-pressure liquid chromatography (HPLC) is a
chromatographic method that is used to separate a mixture of compounds in Anal. Chem. and
biochemistry to identify, quantify or purify the individual components of the mixture.
Reversed-phase HPLC/UHPLC chromatography is a commonly used separation mode. It
provides dynamic retention of compounds possessing hydrophobic and organic functionality.
A combination of hydrophobic and van der Waals type interactions between all the target
compound and both the stationary and mobile phases enables the retention of these compounds
by reversed phase. The initial and supernatant concentrations were measured using HPLC
(Jasco) with aliquots from each reactor being taken and filtered through a 0.2 um PTFE filter
followed by 50 pL of sample injection. HPLC equipped with an auto-sampler, a UV detector at
285 nm, and a Zorbax Bonus RP Cis column (5.0 pm, 2.1 % 1.50 mm, Agilent Technologies)

was used for separation.

D. MP-AES
Microwave Plasma-Atomic Emission Spectroscopy (MP-AES) represents an entirely new
elemental analysis technique that has been designed to improve analytical performance and
productivity while decreasing operating costs by eliminating the flammable and expensive gas
requirements used in typical elemental analysis techniques. The Nitrogen based plasma
operates from a compressed air supply and Nitrogen generator, resulting in a significant
reduction in operating costs and reduced infrastructure costs. Also, the state-of-the-art design
of'the Agilent 4100 MP-AES reduces the number of costly consumables such as hollow cathode
lamps used in Atomic Absorption techniques. Iron concentration was determined using

microwave plasma atomic emission spectroscopy (4100-MP-AES, Agilent Technologies).

E. TOC Analyser

Total organic carbon (TOC) is the amount of carbon found in an organic compound and is often
used as a non-specific indicator of water quality or cleanliness of pharmaceutical
manufacturing equipment. TOC may also refer to the amount of organic carbon in soil, or in
a geological formation, particularly the source rock for a petroleum play; 2% is a rough
minimum. Dissolved organic carbon concentration measurement of MBR effluent, lake
wastewater and synthetic wastewater before and after sorption experiments were carried out
using a Multi N/C 2000 analyser (Analytik Jena AG) after filtering the water samples through
1.2 um glass fibre filters.
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CHAPTER FOUR: ANTIBIOTICS REMOVAL FROM WATER
AND WASTEWATER: MECHANISMS AND APPLICATIONS

4.1. Single and Competitive Sorption Properties and Mechanism of
Functionalized Biochar for Removing Sulfonamide Antibiotics from Water

4.1.1. Introduction

Antibiotics can selectively act on bacteria and pathogens without affecting human cells and
tissues [57, 67, 303]. Concerning the different classes of antibiotics, sulfonamide antibiotics
such as sulfamethazine (SMT), sulfamethoxazole (SMX) and sulfathiazole (STZ) are
commonly used in human therapy as well as veterinary medicine because they are endowed
with broad activity spectrum against Gram bacteria to prevent and control infectious
diseases [66, 304]. However, a large fraction of sulfonamides remains un-metabolised through
the digestive system and is released continually to soil and water due to their high water
solubility [44, 67]. They can potentially damage aquatic organisms and impact on human health
through the food chain [68]. Therefore, the adverse impact of such compounds has received
extensive attention.

Biochar has received increasing recognition as an important soil component, in carbon
sequestrations and water remediation [245, 246, 269-272]. Owing to its high hydrophobicity
and aromaticity, biochar is an excellent sorbent for hydrophobic organic contaminants e.g.
aromatics [56, 246]. Biochar properties including surface functionality can be further improved
through different modification technologies [55]. Studies on the adsorption of ionic organic
compounds to biochar and functionalized biochar are limited compared to non-ionic
hydrophobic organic contaminants [59, 273, 274]. Nonetheless, from the few studies that have
used engineered carbon nanomaterials and biochars as adsorbents [273-275], it can be expected
that biochar can significantly affect or even dominate the sorption of ionic organic contaminants
such as sulfonamides in the environment. For example, it was observed that, under
environmentally relevant conditions, distribution coefficient (K4) values of two sulfonamides
(SMX and sulfapyridine) to multi-walled carbon nanotubes and crop residue-derived biochar
can be in the order of 10* L kg !. These are several orders of magnitude higher than the reported
Kavalues to soils and clay minerals [274, 275]. Adsorption of sulfonamides to biochar is
expected to be heavily influenced by solution conditions and antibiotic speciation e.g. neutral,
cationic or anionic forms under different pH conditions (Figure 4.1.1). Different species can
interact with biochar through different mechanisms [59, 273] such as n-m EDA interaction,

nucleophilic addition, electrostatic attraction, pore filling, partitioning into un-carbonized
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fraction and formation of CAHB with surface oxygen groups. This is particularly the case under
alkaline conditions with multiple surface groups of sulphonamides, and with certain type of

biomass materials and biochar preparatory conditions [57, 59, 257, 276].
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Figure 4.1.1: Molecular structures of sulfonamides antibiotics and their equilibrium species.

Table 4.1.1: Physicochemical properties of the antibiotics investigated in this study.

Solubility®
Grou Compound Molecular mass log Kow? Kal/a2® i
P p g P (g L)
SMX 253.3 0.89 1.97/6.16 610
Sulfonamides ./ 255.3 0.05 2.04/6.93 373
SMT 278.3 0.14 2.04/6.99 1500

%Values obtained from U.S. National Library of Medicine: http://toxnet.nlm.nih.gov; "Values obtained from
ChemAxon: http://www.chemicalize.org

To date, the majority of adsorption studies of different antibiotic residues have been
conducted using single solutes, and studies are scarce on the competitive nature and
mechanisms of antibiotic mixtures using different adsorbents. These include, for example,
natural clay, activated carbon, ion exchange resins, graphene, carbon nano-tubes and biochar.
This study therefore aims to bridge this gap in our knowledge so that the mechanism of single

and competitive nature of three widely used sulfonamides antibiotics (sulfamethazine,
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sulfamethoxazole and sulfathiazole) using functionalized biochar is better understood. Their
physicochemical properties are shown in Table 4.1.1. Laboratory experiments were conducted
to elucidate and compare the single and comparative interactions of sulfonamides onto
functionalized biochar. Experimental data were fitted to different isotherm models, and the
adsorption affinities were compared. The governing adsorption mechanisms were analysed.
The effects of pH and temperature on the adsorption were examined to verify the proposed
sorption mechanisms and adsorption properties. The research findings will contribute to

improved understanding of the adsorption behaviour and mechanism of antibiotics mixture.

4.1.2. Experimental Section
4.1.2.1. Chemicals and Reagents

The antibiotic standards (purity > 99%) of SMT, SMX and STZ, HPLC-grade organic solvents
such as methanol, acetonitrile and acetone, and analytical-grade aluminium chloride, potassium

chloride and formic acid were purchased from Sigma-Aldrich, Australia.

4.1.2.2. Preparation of Biochar and Functionalized Biochar

Biomass was selected for the preparation of biochar as reported in Ahmed et al. [56]. Briefly,
50 g of bamboo biomass material was cut into 0.6—2 mm size particles and placed into a fixed
bed reactor. Biomass material was gradually pyrolyzed at 380 °C in a reactor inside the furnace
at an average heating rate of 10~11.4 °C min"! under continuous nitrogen supply at 2.5 psi for
2 h. When the temperature reached at 380 °C, nitrogen pressure was increased to 10 psi and
maintained for 20 min. The reactor was cooled at room temperature and biochar was grinded
and finally washed and dried. The prepared biochar coded as BBC380.

Functionalization of BBC380 was carried out by soaking 15.3 g of BBC380 in 30 mL
of 50% ortho-phosphoric acid (H3POs) for 3 h at 50 °C. H3PO4 was selected based on previous
studies [55, 305]. The mixture was then heated at 600 °C for 2 h with the same heating rate as
used before under continuous nitrogen supply at 2.5 psi, cooled at room temperature, and
washed with distilled water 4 times while adjusting pH to 7, followed by drying overnight at
120 °C, to obtain the functionalized biochar (1IMbBBC600 i.e. fBC-1). Average fBC-1 particles
size ranged from 75 to 1000 pum.
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4.1.2.3. Characterizations of Biomass, and Functionalized Biochar

The physicochemical characteristics of raw biomass, biochar and functionalized biochar were
extensively examined using Fourier transform infrared spectroscopy (FTIR), BET, Raman
spectroscopy, thermogravimetric analysis (TGA) and others (Tables 4.1.2 and 4.1.3, Figure
4.1.2). The yield, moisture content, mobile matter, ash and residual matter contents (fixed
carbon) were determined. Briefly, the yield was measured by the difference between initial
weight and after pyrolysis of the biomass on dry basis. Moisture content was determined after
drying in oven at 105 °C for 12 h and cooling in a desiccator. Mobile or volatile matter was
calculated by placing 1 g of dry biomass in covered crucible in a furnace at 450° C for 30 min.
The weight difference was measured as percentage volatile matter. Ash content was determined
by taking 5.0 g of dry sample in a crucible and placed in a furnace and heated at 550 °C for 8 h.
Then cooled in a desiccator and final weight was measured as percentage of ash content. The
weight of the original sample, subtracted by its moisture content, ash content and volatile matter
content corresponds to the stable carbon fraction of that sample and hence, this fraction is
termed ‘fixed carbon or fixed-C fraction’.

%Mfc = (Mdry- Mym - Mash)/ (Mdry - Mash) 100 (4.1.1)
where %Mzt is the fraction of fixed carbon (wWt%), Mvm is the weight of volatile matter in the
sample (kg), Mary is the oven dry weight of the sample (kg) and Mash is the weight of the ash
residue of the sample (kg).

The produced samples were examined by using energy dispersive spectrometer (EDS)
to determine the elemental composition of biochar and functionalized biochar (Zeiss Evo-
SEM). EDS was measured on different parts of the biochars and average results are reported
in Table 4.1.2. Structural analysis was conducted using FTIR (Miracle-10 from Shimadzu).
The spectra were obtained at 4 cm ! resolution by measuring the absorbance from 400 to
4000 cm ! using a combined 40 scans. Raman shifts measurement was carried out using
Renishaw in via Raman spectrometer (Gloucestershire, UK) equipped with a 17 mW Renishaw
Helium-Neon Laser 633 nm and CCD array detector. Thermo-gravimetric analysis and
differential scanning calorimetry (TGA-DSC) tests were done using SDT Q600. The specific
surface area and porosity distributions were calculated using Brunauer-Emmett-Teller [127]
nitrogen adsorption-desorption isotherms and the Barrett-Joyner-Halenda (BJH) method,
respectively, by utilizing a Micromeritics 3-FlexTM surface characterization analyzer at 77 K.
Zeta potential values were measured using 50 mg of functionalized biochar in 100 mL of 1-
mM KCl solution at different pH. Samples were pre-equilibrated for 48 h. Zeta potential values
were determined using a Nano-ZS Zeta-seizer (Malvern, Model: ZEN3600). Zeta potential was
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measured three times at each pH (50 scans each time) and the average and standard deviation

was calculated.
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Figure 4.1.2: DSC-TGA graph for biomass raw material (bamboo).

Table 4.1.2: The basic properties, zeta potential and EDS data of biomass and biochar
samples.

Sample Composition data

Yieldary vasis (%) Moisture content Ash (%) Volatile Fixed carbon

(%) mater (%) (%)

Biomass 5.61 12.93 63.83 26.67
BBC380 43.50
1IMbBBC600
Initial pH 1.62 3.00 4.35 6.13 10.00
Final pH 1.15 2.74 3.39 4.09 8.28
Zeta potential 5.34+0.32 -3.25+0.24 -12.76+£1.23  -19.6£1.15  -45.9+4.67
mV)
Sample EDS analysis

C% 0% P% Molar

o/C

BBC380 81.18+2.9 18.83+0.9 - 0.232
1IMbBBC600 51.96+2.5 39.52+1.2 9.16£1.0  0.761

122



Table 4.1.3: Summary of BET and BJH physical parameters for biochar and functionalized biochar.

Surface Area BBC380 1MbBBC600 i.e fBC-1
Single point surface area at P/Po = 0.30 0.44 m2 g'! 0.82 m? g'!
BET Surface Area 0.50 m? g! 1.12m? g!
Langmuir Surface Area 0.11 m? g’! 7.23 m? g’!
t-Plot Micropore Area 0.47 m? g!

t-Plot External Surface Area 0.027 m? g'! 171 m? g'!
BJH Adsorption cumulative surface area of pores

between 17 A and 3000 A diameter 0.19m> g’ L1l m2g!
BJH Desorption cumulative surface area of pores

between 17 A and 3000 A diameter 0.031 m>g’! 1.64 m* g!
D-H Adsorption cumulative surface area of pores

between 17 A and 3000 A diameter 021 m>g’! 1.33m?> g’!
D-H Desorption cumulative surface area of pores

between 17 A and 3000 A diameter 0.0215m2 g'! 1.53m? g'!
Pore Volume

t-Plot micropore volume 0.00023 cm? g*! 0.00043 cm? g'!
BJH Adsorption cumulative volume of pores

between 17 A and 3000 A diameter 0.00053 cm® g’! 0.0023 cm? g!
BJH Desorption cumulative volume of pores

between 17 A and 3000 A diameter 0.00048 cm® g’! 0.0025 cm? g!
Pore Size

BJH Adsorption average pore diameter (4V/A) 113.5A 83.8 A

BJH Desorption average pore diameter (4V/A) 613.8 A 59.8 A

D-H Adsorption average pore diameter (4V/A) 153.7 A 77.8 A

D-H Desorption average pore diameter (4V/A) 8923 A 623 A

4.1.2.4. Sorption Experiments Using Functionalized Biochar

Stock solutions of SMX, SMT and STZ were prepared with DI water in 1% methanol
(insignificant co-solvent effect) without adjusting the pH. The studies on pH effect were
conducted at different pH values starting from 1.5 to 10 for 24 h at room temperature to
determine sorption equilibrium time. The solution pH was adjusted using 0.1 M HCl and 0.1 M
NaOH solution before adding functionalized biochar. Batch single and competitive experiments
were carried out at different temperatures (21 + 0.5, 25 £ 0.5 and 30 + 0.5 °C) by mixing and
shaking 100 mg L' of functionalized biochar in 100 mL solution on an orbital shaker at
120 rpm for 40 h at a pH of 3.25, 4.50, 3.50 and 3.50, respectively, for SMX, SMT, STZ and
mixtures of three antibiotics. The control experiments without adsorbents were also executed.
The kinetics studies for single and competitive antibiotics were done using the same pH and
adsorbent dosage as carried out in isotherm studies for 24 h. After equilibrium, final solution
pH was measured and the supernatant concentration was measured with HPLC with aliquots

from each reactor being taken and filtered through a 0.20 um PTFE filter.
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4.1.2.5. Analytical Method

The concentrations of antibiotics were measured by HPLC (Jasco) equipped with an auto-
sampler and UV detector at 285 nm, by 20 pL injection. A reverse phase Zorbax Bonus RP
Cis column (5.0 um, 2.1 x 1.50 mm, Agilent Technologies) was used for the separation. Mobile
phase A was composed of acetonitrile and formic acid (99.9:0.1) while mobile phase B was
composed of Milli-Q water and formic acid (99.9: 0.1). The elution used 40% of A and 60% of
B at a flow rate of 0.4 mL min~!, which was changed to 0.2 mL min ! at 0.1 min. The method

was run over 8 min.

4.1.2.6. Distribution Coefficient, Kinetics and Isotherm Equations

The adsorption data obtained in the experiments were fitted to two different isotherm models
namely Langmuir and Freundlich isotherm models and three kinetic equations. The apparent
sorption distribution coefficient (Ku, L kg ') is defined by the ratio of adsorbate concentration

on sorbent (Qe, mg kg™!) to the adsorbate concentration in solution (Ce, mg L™):

Kg=%= ()2 (4.1.2)

Ce Ce /M
where Qe is the solid-phase concentration (mg g™!), and Co is the initial concentration (mg L ™).
The kinetic equations such as pseudo first order (PFO), pseudo second order model [306] and

intra-particle diffusion model [17] can be represented as follows:

PFO: Q, = Q,(1 — e ut) (4.1.3)
K,Q2%t
PSO: Qt = #ZQJ (414)
1
IDM: Q, = K;tz + C (4.1.5)

Parameters were estimated by nonlinear regression weighted by the dependent variable.
Where, K is the apparent diffusion rate constant (mg g”! min"’?), K; (min') and K> (g mg™' min-
1 are PFO and PSO kinetic rate constant, respectively, and C is a constant (mg g™!) that provides
the thickness of the boundary layer.

Langmuir and Freundlich isotherm models can be been represented in following.

Freundlich model: Q, = KFCel/ n (4.1.6)
Langmuir model: Q, = % 4.1.7)
Lte

where Qmax is the maximum adsorption capacity (mg g!), n is a dimensionless number related
to surface heterogeneity, Kr is the Freundlich affinity coefficient (mg!™L" g') and K is the

Langmuir fitting parameter (L mg™).
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4.1.3. Results and Discussion
4.1.3.1. Influences of pH on Distribution Coefficient

Sulfonamides sorption on carbonaceous materials revealed pronounced pH dependence. The
effect of pH on the sorption coefficients is shown in Figure 4.1.4a. Sulfonamides sorption was
greatly governed by the electrostatic interactions between antibiotics and functionalized biochar
surface. The distribution coefficient (K4) values (Eq. (1)) for the sorption of sulfonamides
reached their first maxima at pH 3.50 for STZ, at pH 3.25 for SMX and at pH 4.5 for SMT. A
further increase of pH up to 5 (for SMX and STZ) and up to 7 (for SMT) resulted in a decrease
in K4 values. Maximum sorption was due to the adsorption of neutral species of sulfonamides.
Selected sulfonamides behaved as positive species at solution pH < 2.5 for SMT and STZ and
pH < 1.6 for SMX (Figure 4.1.3). Biochar surface also became positive because the surface
zeta-potential was also positive below pH 2.5. Hence less adsorption is expected due to
electrostatic repulsion of positively charged biochar surface and sulfonamide antibiotics. The
adsorption of antibiotics at pH <2.5 may be dominated by the interaction between the
protonated aniline ring of sulfonamide antibiotics and the n-electron rich functionalized biochar
surface [59, 273]. The second sharp increase in K« values for each single solute was observed
from pH 5 to 6, 5 to 6.3, and 7 to 8, for SMX, STZ and SMT respectively; which coincided
with the intersections of neutral and negative species of the three compounds. This was
followed by a decreasing pattern up to pH 10. These trends may be due to the shifting of pH to
neutral species region of sulfonamides as a result of proton release from functionalized biochar
surface. The pH test showed that final solution pH became significantly lower and shift toward
neutral region if the initial solution pH was maintained at above 7. A further increase of pH up
to 10, the sorption of SMX"™, STZ™ and SMT™ species declined due to negative surface zeta-
potential value and the negative surface electrostatic repulsion. However, the negatively
charged biochar surface was still able to sorb to negative species from solutions through the

formation of CAHB [59, 307].
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Figure 4.1.3: The chemical speciation of (a) sulfamethoxazole modified from Fukahori et al.
[308]; (b) sulfathiazole took from Pei et al. [309], and (c) sulfamethazine modified from Teixido

et al. [59].
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Figure 4.1.4: (a) Effect of pH on the distribution coefficient (K4) with standard deviation (error
bars) for removal of sulfonamide antibiotics; (b) single and competitive sorption kinetics data
with PSO and IDM kinetics model fittings (initial concentration of sulfonamide antibiotics
being 10 mg L ™! for single solute, and 3.33 mg L' for each competitive solute at room
temperature using 100 mg L' functionalized biochar dosages).

4.1.3.2. Sorption Kinetics for Single and Competitive Solutes

The kinetics of sulfonamide antibiotics sorption by functionalized biochar at different times
were fitted to pseudo-first-order (PFO), pseudo-second-order [306] and intra-particle diffusion
model [17] as presented in Eqs. (2)—(4). Based on the correlation coefficient (R?) and
Qe,cal values, the kinetics of sorption for all single solutes closely followed the PSO
chemisorption kinetic model rather than PFO and IDM [310] (Figures 4.1.4b and 4.1.5).
Moreover, IDM may not be the best model to describe the rate controlling mechanism of single
solutes as r* value was significantly lower than PSO plot (Table 4.1.4). The values of PSO rate
constant K:and IDM rate constant Kidecreased as SMX>SMT>STZ and
STZ > SMX > SMX, respectively, for single solutes.

IDM showed higher r* values than the PSO model (Table 4.1.4), suggesting the

competitive sorption kinetics of sulfonamide antibiotics on functionalized biochar were
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controlled by a diffusion-dominated mechanism, which is consistent with a previous
study [271], and can be explained by the PSO. Other processes such as the boundary layer
diffusion or external mass transfer may also regulate the sorption process. Qe,cal values were
higher for PSO than those of PFO. The Ki values followed the order STZ > SMX > SMT for
competitive solutes. Maximum sorption capacities for PSO followed the trend of

STZ > SMX > SMT.
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Figure 4.1.5: Pseudo first order (PFO) kinetic model for the kinetics of sulfonamide sorption
on functionalized biochar, in single and competitive mode (model fitted to origin pro version
9.1 software).
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Table 4.1.4: Summary of the kinetic model parameters for sulfonamide antibiotic adsorption on functionalized biochar.

Adsorbent (1MbBBC600)
Antibiotic PFO at 21£0.5 °C PSO at 21+0.5 °C Intra-particle Diffusion Model
Qe cal (mg g™) K;(min™) r Qecal (mg g™ K> (g mg' min) r C(mggh Ki (mg g' min~ 7
0.5)
STZ Single solute 56.71+1.70 0.00783 0.960 66.08+1.17 0.0001412 0.992 12.01+£3.2 1.66+0.18 0.857
SMT 37.46+1.84 0.00627 0.907 43.30+1.18 0.0001840 0.963 7.25+1.49 1.08+0.08 0.921
SMX 42.08+1.81 0.00889 0.903 48.96+2.75 0.0002241 0.966 10.37£2.05 1.23+0.02 0.889
STZ Competitive 24.08+1.35 0.00222 0.956 30.40+1.85 0.0000718 0.973 0.26+.016 0.64+0.01 0.997
SMT solute 15.78+0.88 0.0023 0.955 19.80+1.20 0.0001158 0.972 0.28+0.13 0.42+0.01 0.996
SMX 19.83+1.08 0.00241 0.955 24.65+1.42 0.0000996 0.973 0.41+0.21 0.54+0.011 0.994
Table 4.1.5: Summary of the Freundlich isotherm parameters for sulfonamide antibiotic adsorption on functionalized biochar.
Adsorbent (1IMbBBC600)
Antibiotics At 21 + 0.5 °C Temperature At 25 + 0.5 °C Temperature At 30 £+ 0.5 °C Temperature
Kr n 7 Kr n 7 Kr n 7
STZ Single solute 27.029+0.946 2.599+0.072 0.998 23.120+2.06 1.795+0.092 0.995 26.052+2.05 2.5291+0.159 0.989
SMT 24.814+2.77 5.937+1.253 0.915 21.331+2.26 3.519+0.408 0.969 26.912+2.380 4.453+0.558 0.974
SMX 25.665+1.96 3.171+0.237 0.984 21.855+2.73 2.7282+0.214 0.983 27.210+2.762 3.419+0.376 0.965
STZ Competitive 12.187+0.605 2.940+0.215 0.981 10.317+1.42 2.27+0.292 0.945 8.790+1.19 2.130+0.275 0.962
SMT solute 10.458+0.708 4.7234+0.752 0.903 8.730+1.02 2.65+0.367 0.940 9.168+0.62 3.340+0.338 0.972
SMX 11.056+0.724 3.445+0.384 0.954 10.47+1.38 2.41+0.345 0.934 9.770+1.21 2.570+0.367 0.951

129



Table 4.1.6: Summary of the Langmuir isotherm parameters for sulfonamide antibiotic adsorption on functionalized biochar.

Adsorbent (IMbBBC600 i.e. fBC-1)

Antibiotics

STZ
SMT
SMX
STZ
SMT
SMX

Single solute

Competitive

solute

At 21 £ 0.5 °C Temperature

Qmax
127.37£10.98

42.42+2.555
84.58+4.571
30.18+1.094
17.71£0.410
23.76+0.709

K
0.13040.039
2.723+1.705
0.26540.069
0.6367+0.0866
1.682+0.2194
0.851+0.1089

0.957
0.831
0.966
0.983
0.979
0.983

At 25 £ 0.5 °C Temperature

Qmax
237.71+£18.87

65.74+6.25

88.10+8.125
40.11£1.101
25.11+0.424
34.01+£0.613

K

0.0582+.0105
0.2083+0.087
0.1974+0.077
0.3151+0.064
0.5406+0.035
0.4395+0.028

0.995
0.897
0.929
0.996
0.997
0.998

At 30+ 0.5 °C Temperature

Qmax
124.15+6.77

61.86£3.19
81.63+3.125
36.03£1.40
19.74+0.908
29.32+0.843

K;

0.141+0.027
0.443+0.134
0.289+0.052
0.271+0.032
1.098+0.298
0.471+0.054

0.978
0.938
0.978
0.995
0.968
0.995
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4.1.3.3. Sorption Affinity and Temperatures Effect

Single and competitive sorption isotherm plots for the Langmuir and Freundlich isotherm models
(Egs. (5) and (6)) are presented in Figures 4.1.6-4.1.8. The model parameters are summarized
in Tables 4.1.5 and 4.1.6. The sorption data for single solute STZ and SMX were fitted by both the
Freundlich and Langmuir isotherm models. However, the sorption data for SMT was fitted slightly
better by the Freundlich model with higher r? values. Maximum Langmuir adsorption capacity (Qmax)
values were 237.71, 65.74 and 88.10 mg g, respectively, for STZ, SMT and SMX at 25 °C.
Adsorption capacity was increased significantly for STZ (85%) and SMT (55%) and slightly for SMX
(5%) when the temperature rose from 21 to 25 °C. A further increase in temperature from 25 to 30 °C
decreased the adsorption capacity while the distribution coefficient indicated that adsorption was
unfavorable through monolayer covering. This is likely due to the complex relation between chemical
activation energy and exothermic reaction nature of adsorption. Specifically there is a need for
temperature increase to overcome activation energy (from 21 to 25 °C), but further increase above
25 °C caused a decrease in adsorption which releases heat. Sorption affinity could be ranked as
follows: STZ > SMX > SMT. Conversely, the maximum Freundlich constant Kr values with higher
r* values were found to be 22.12,21.33 and 21.86 mg' ™ L" g"! for STZ, SMT and SMX respectively,
at 25 °C. These results could happen due to specific surface area, microspore volume, and
introduction of additional sites onto functionalized biochar [51, 82]. The K+ values for single solute
ranged between 2.56x10°and 8.57 x 10%, 1.0x 10°and 5.77 x10%, and 1.8 x 10° and
6.4 x 10* L kg!, for STZ, SMT and SMX respectively (Figure 4.1.9b). The observed Ka values,
Qmax and Kr values for single solute of STZ, SMX and SMT were higher than reported in other studies
using different adsorbents e.g. carbon nanotubes (CNTs) supported nano-composite and graphene-
oxide based adsorbents and carbonaceous nano-composites [22, 51, 82, 246, 310-315]. For example,
biochar prepared at 700 °C from Burcucumber plants was found to show the maximum sorption
capacities of 20.56 and 37.73 mg g !, respectively for biochar (700 °C) and steam modified
biochar [82]. In addition, biochars prepared from Salvia miltiorrhiza Bunge biomass at 600 and
800 °C showed the maximum K values of 0.0155 and 0.0257 mg! ™ L" g"!, respectively for the

removal of sulfamethoxazole [246].
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Figure 4.1.6: STZ adsorption isotherm plots and model fits from single solute (initial concentration
0.5-50 mg L"), and from mixtures (initial individual concentrations were 0.33—-16.67 mg L™!) at pH
3.5 and different temperatures.

Competitive removal of sulfonamide antibiotics was found to be better fitted to the Langmuir
isotherm model with higher r? values and the maximum sorption capacities were obtained at 25 °C.
The sorption affinity was the same as that for single solutes. Competitive Qmaxvalues were found to
be 40.11, 34.01 and 25.11 mg g !, for STZ, SMX and SMT respectively, at 25 °C. The maximum
Kr values were 12.46, 10.46 and 11.06 mg' " L" ¢!, respectively, for STZ, SMT and SMX at 21 °C.
The K values for competitive solutes ranged from 2.0 x 10* and 2.5 x 104, 1.2 x 10° and 2.21 x 10%,
and 1.6 x 10° and 2.37 x 10* L kg"!, for STZ, SMT and SMX respectively (Figure 4.1.9a). Further
increases in temperature from 25 to 30 °C led to a decline in sorption affinity and Kz indicated that
adsorption affinity was not strong enough to support homogeneous covering of the surface. Kinetics
and isotherms data indicated that competitive sorption of sulfonamide solutes was better fitted by the

Langmuir model.

132


https://www.sciencedirect.com/science/article/pii/S1385894716316680#f0020

80 o
120 | !
i - @ Sorption data fit at 21 °C (single solute)
110 - 60 m  Sorption data fit at 21 °C (competitive)
| 50 - - - - Langmuir model fit at 21 °C (single)
404 Langmuir model fit at 21 °C (competitive)
100 ol —— Freundlich model fit at 21 °C (single)
1 Freundlich model fit at 21 °C (competitive) M Sorption data fit at 25 °C (single solute)
90 ] M & Sorption data fit at 25 °C (competitive)
4 10 — - Langmuir model fit at 25 °C (single)
80 0ol Langmuir model fit at 25 °C (competitive)

—— Freundlich model fit at 25 °C (single)
Freundlich model fit at 25 °C (competitive)

I Sorption data fit at 30 °C (single solute)
®  Sorption data fit at 30 °C (competitive)

30 - - —  Langmuir model fit at 30 °C (single)
Langmuir mode! fit at 30 °C (competitive)
= —— Freundlich model fit at 30 °C (single)

20 - Freundlich model fit at 30 °C (competitive)
10 -

# 0 10 20 30 40 50

0 \ \ \ ‘ \ ‘ \ \
0 10 20 30 40 50
C,(mgL")
e

Figure 4.1.7: SMX adsorption isotherm and model fits (Langmuir and Freundlich) at different temperatures using initial concentrations of 0.5-50
mg L' at pH 3.25 for single solutes, and at 1-50 mg L™! in mixture mode at pH 3.5.
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Figure 4.1.8: SMT adsorption isotherm and model fits (Langmuir and Freundlich) at different temperatures using initial concentrations of 0.5-50
mg L' at pH 4.5 for single solutes, and at 1-50 mg L' in mixture mode at pH 3.5.
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Total sorption capacities of the competitive solutes were calculated (Eqs. (4.1.9) and
(4.1.11)) by adding individual contributions to the overall sorption for both Langmuir and
Freundlich models. When comparing the single solute sorption capacities, each competitive
solute was found to have nearly 2-fold less adsorption capacity for overall individual sorption
capacities. Overall sorption capacities of competitive solutes are almost analogous to near about
the maximum sorption capacities of individual solutes sorption capacities. Hence the total
sorption capacities of competitive solutes onto adsorbent surface were maintained at a similar
level to single solute sorption. The results indicated that sorption on biochar was of monolayer
coverage in nature.

The adsorption data obtained in the experiments can theoretically consider calculating
and comparing the overall competitive sorption capacities using summarized Langmuir and
Freundlich Equations.

The combined Freundlich model for 3 antibiotics:

Qtotar = KFlcell/n + Kcmezl/n + KFSCe31/n (4.1.3)
KF(total) = Kp1 + Kpp + K3 (4.1.9)
The combined Langmuir model for 3 antibiotics:
_ Qmax1KL1Ce1 Qmax2K12Ce2 Qmax3K13Ce3
total =™ " 14K 1Cor + 14K 5Cer t 14+K13Ce3 (4.1.10)
Qmax.(total) = Qmaxl + Qmaxz + Qmax3 (4-1-1 1)

where Kr1, Kr2, Kr3 are the Freundlich constant for first competitive solute, second competitive
solute and third competitive solute respectively. Qmaxi, Qmax2 and Qmax3 are the maximum

Langmuir sorption capacity for the first, second and third competitive solute, respectively.
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Figure 4.1.9: Change of Ku values (with SD as error bars) against equilibrium concentrations
for (a) competitive solutes with total initial solution concentrations (Co) at 1-50 mg L™! and
each solute concentration was 0.33-16.67 mg L!(i.e. Co/3), and for (b) single solute (Co = 0.5—
50 mg L ).

4.1.3.4. Diffusion of Sorbate Molecules

Based on our kinetics study, the competitive adsorption mechanism for STZ, SMT and SMX
can partly be postulated firstly as a monolayer process involving sorbate molecules
transportation and diffusion. It is a process controlled by a combination of mass transfer steps
relating to external, surface microlayer, pore diffusion and adsorption on biochar surface, thus
supporting IDM mechanism (Figure 4.1.10). Secondly, both single and competitive solutes
followed the PSO kinetic model with adsorption through chemisorption with the surface
functional groups being indicated. Based on the isotherm study, this can be attributed, to the
adsorption of STZ and SMX following the monolayer through diffusion and chemisorption
reactions with surface functional groups in biochar. Adsorption of SMT followed the
Freundlich isotherm which was related to the chemisorption mechanism. In comparison to
biochar, the functionalized biochar had its surface area increased by 2.3 folds while its pore
diameter reduced to half. In addition, its Langmuir surface area was increased by 68 times
compared to that of biochar. Moreover, BJH and Dollimore Heal (D-H) adsorption cumulative
surface area of functionalized biochar was increased by 6 folds compared to biochar. However,

BJH and D-H pore diameters of biochar were 113 and 154 A which decreased to 84 and 78 A
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after functionalization (Table 4.1.3). Thus, higher adsorption affinities of fBC may be partly
due to the increase in surface area and reduction in pore diameter, accompanied by active
adsorption sites facilitating the adsorption of neutral sulfonamide molecules. This occurred
through diffusion rather than sorption chemisorption. The IDM rate constant values (K)
indicated that the diffusion of the sulfonamide molecules (both single and competitive solutes)

toward biochar surface followed the trend of STZ > SMX > SMT.
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Figure 4.1.10: Proposed sorption mechanism for single and competitive antibiotics (R1 for
SMT, R2 for STZ, R3 for SMX) on functionalized biochar with possible resonance effects for
T-T interactions.

4.1.3.5. Lewis Acid-Base Interaction

Based on the structural composition of the sulfonamides, they consist of sulfonamide group
(para position at benzene ring) associated with thiazole group (in sulfathiazole), 4,6-
dimethylpyrimidin-2-yl group (in sulfamethazine), and 5-methyl-1,2-oxazol-3-yl group (in
sulfamethoxazole) at N position of sulfonamide group and lone pair electron reach N-atom
(amino group in arene ring and in heterocyclic ring). Thus, Lewis acid base electronic

interaction can also contribute to the total sorption affinities of the sulfonamides due to extra
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interaction of sulfonamide molecules with the lone pair electrons and protons of -COOH and —

OH functional groups on the biochar surface [310]. The interaction can be written as:

RnNH-SO2-R-H2N:+H...BC=RnNH-SO2-R-H3N+...BC- (4.1.12)
where Rn = R1/R2/R3.

Thus the adsorption of sulfonamides (both positive and negative species) would be
possible with the mechanism of Lewis acid-base interaction as noted in reaction (4.1.12). It is
expected that the lone pair electrons in the amino group and in hetero-N participate in the
resonance process with the arena unit of sulfonamides, turning it into: firstly a positive species
at low pH; and secondly, a negative species at higher pH. In these cases, Lewis acid-base
interaction of sulfonamide antibiotics on the biochar surface may not be effective (Figure
4.1.10). However, this interaction might be possible at a pH where sulfonamides remain as a
neutral species and thus, loan-pair electrons of amino groups in the arene unit may donate to
form a complex with the protonated enriched surface functional groups. A few experiments
with the addition of co-solutes (electron-acceptor groups such as 0.01 M AICls3 and 0.025 M
acetone in 10 mg L' SMT solution without adsorbent for 40 h) were conducted. It was
observed that the pH change (ApH) was found to be 0.25-0.30 in neutral species regions. This
implied that the loan-pair-electrons availability from amino group or hetero-ring system of
sulfonamides to electrons-acceptor groups were not significant and may be a small contributor
to the reaction mechanism governed by the Lewis acid-base interactions. Experiments using
only adsorbent and co-solutes resulted in significant pH change. This could be due to the release
of protons into the solutions (Table 4.1.7, Figure 4.1.11). Similar effects were also observed
for the competition of co-solutes, the adsorbent and adsorbate; changes in final pH were due to

the release of protons.
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Table 4.1.7: pH shift for different species of SMT, SMX and STZ antibiotics on fBC.

Proton release test in solution (pH shift)

pH SMT (single, 10 mg L) SMX (single, 10 mg L) STZ (single, 10 mg L) Competitive solutes (each
conc.,3.33 mg L)
Initial 1.65 4.57 6.06 8.75 9.9 1.67 3.25 593 10.06 1.60 342 420 8.63 99 1.51 348 525 9.5
pH
FinalpH 1.59 3.93 4.63 8 7.05 1.61 2.92 3.58 7.12 1.61 317 34 7.19 705 1.52 3.01 332 5.05
Effect of cosolute (electron-acceptor group) ‘ Change of pH during sorption ‘
Initial Final fBC (mg) Electron acceptor SMT (mL) of 10 Initial Final SMT fBC (mg) Initial Final Competitive fBC (mg)
pH pH added group mg L pH pH conc. added in pH pH conc. added
in 100 mL (mgL1 100 mL (mg LY in 100 mL
4.15 3.84 6.5 0.01M AICI3.6H.0 90 438 375 05 2.1 5.6 3.9 1 1.7
7.25 8.65 7.8 0.01M AICl3.6H.0 90 455 385 1 4.7 5.53 369 5 35
8.77 4.4 5.4 0.25M CH3-CO-CH; 90 4.66 4 5 6.6 5.25 331 10 11
3.70 3.27 5.7 0.25M CH3-CO-CHj; 90 446 3.6 10 8.6 5.54 332 20 11.3
3.70 3.45 0 0.01M AICl3.6H.0 100 455 341 20 11.9 5.49 328 30 12.2
5.15 4.75 0 0.25M CH3-CO-CHj3 100 4.6 34 30 12.8 5.67 325 40 14.6
3.60 3 5.5 0.01M AICl3.6H.0 0 4.2 325 40 16.5 5.57 321 50 15.5
5.33 3.81 5.8 0.25M CH3-CO-CH; 0 449 323 50 17.6
3.65 3.05 52 0.01M AICl3.6H,O 0
9.63 4.65 5.7 0.25M CH3-CO-CH; 0
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Figure 4.1.11: Change of pH for blank samples (without antibiotics) at different adsorbent dosages leading to proton release in solution.
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4.1.3.6. EDA and EAA (n-n) Interactions

EDA interaction can be considered one of the main mechanisms for the sorption of positive
species of sulfonamides on biochar surface [59, 316]. Stronger EDA interaction might be
possible when the n-electron depletes aromatic ring (s) (or regions) and m-electron a rich regions
(or aromatic rings) interact together [316]. More specifically, there is stronger interaction
between oppositely polarized quadruples of functionalized sorbent surfaces and sorbate
molecules in a parallel planar fashion. Sulfonamide molecules have a strong m-electron acceptor
nature due to its amino functional groups (donates loan pair electrons to the benzene ring) and
N and/or O-hetero-aromatic rings (contribution to electronic resonance). In contrast, the fBC
surface was enriched with C=C, —-OH, and -COOH functional groups based on our study using
FTIR and Raman spectra (Figures 4.1.12 and 4.1.13) and other reports [51, 317]. Hence, the
surface functional groups of fBC can act as a strong n-electron-donor due its: firstly, hydroxyl
groups being situated in the benzene rings (especially participating in resonance as a n-electron
donor); and secondly, a strong m-electron-acceptor due to its carboxyl functional groups on the
benzene rings (especially, protonated carboxyl groups that taking part in electronic resonance
as a m-electron acceptor). In addition, the surface of fBC at low pH likely contains few, if any,
negatively charged sites because we found the zeta-potential is positive below pH 2.5. The
pKa values for carboxyl groups on aromatic ring systems are generally above 4.0 [59].
Subsequently, the surface of biochar may become positive due to protonation of unsaturated C
atoms or heterocyclic N and/or S atoms.

When n-electron-acceptor is positively charged and this charge lies within or resonates
with an arene unit of sulfonamides (e.g. charge in aromatic or heterocyclic aromatic amine)
then a stabilized overall interaction is designed as n'-m EDA [59, 318]. Resonance forms of
positive species of sulfonamides are able to form n'-electron (acceptor site) and sorption
affinities mostly governed by the mechanism of n*-t EDA. Teixido et al. [59] presented clear
support for ©'-n EDA interactions of SMT" in their study of solution pH and the effect of
different cosolutes on cation exchange. Our study agrees with the literature in that the biochar
surface contains —OH functional groups (Eq. (4.1.13)). Moreover, donor-donor and acceptor-

acceptor m-electron interaction might also be possible but not as strong as n-t EDA interaction

(Eq. (4.1.14)) [319].

HaN- CéH4?*-S02-NHR: + BC*-OH - HaN- CéH4 %*-SO2- NHRa.... BC* -HO™  (4.1.13)
HaN- CeHa®*-SO2-NHRy+ BC**-COOH > HaN- C¢H4?*-SO2- NHRu... BC**-COOH (4.1.14)
where Rn = aromatic heterogeneous groups represent SMT, SMX and STZ.
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It can also be hypothesized that the -1 EAA mechanism between the positive species of
sulfonamides arene units and surface carboxyl groups, which may also partially contribute to
the overall sorption but may not stabilize by charge repulsion. However, this also is not possible
at very low pH due to pKa values of surface carboxylic groups (> 4) [38, 39][320-322]. The
results on the effect of pH change showed a very small change of pH both for single and
competitive solutes (Table 4.1.7). Furthermore, the release of the proton in the solution from
carboxylic groups might not occur which indicates that unfavourable to behave biochar surface
to act as an electron acceptor at very low pH. Thus, the n-t EAA interaction (reaction 3) can be

ruled out for positive species of sulfonamides (Figure 4.1.10).
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Figure 4.1.12: FTIR spectra for raw bamboo biomass, biochar (BBC380), and functionalized
biochar (1IMbBBC600 i.e. fBC-1) for the sorption of single and competitive solutes (before and
after adsorption).

However, the maximum sorption capacities and K4 were found for the adsorption of
sulfonamides neutral molecules only.
SMTY%SMX%STZ° + H20 + fBC = SMT*/SMX'/STZ" .. f{BC + OH" (4.1.15)
SMTYSMX?/STZ® + fBC = SMT'/SMX*/STZ"... fBC (4.1.16)
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SMTYSMX/STZ’ + fBC = SMT* STZ* / SMX* .... fBC (-H") (4.1.17)
SMTYSMX/STZ’+ fBC = SMT*/SMX*/STZ*....fBC+ H' (4.1.18)

The reaction (Eq. (4.1.15)) is unfavorable to exchange protons with water molecules by leaving
the —OH group in the solution [313], thus solution pH should increase. We found, however, that
pH shifted more to the acidic region after adsorption and this is backed up by the literature [59].

The proton transfer free energy A62+exch1 = —RT In(K,1/Kqaw), Where Kawis the water

dissociation constant for sulfonamides with values ranging from +66.14 to
+70.73 kJ mol ! (Table 4.1.8) [59]. The reaction in Eq. (4.1.16) shows the proton transfer
from biochar surface functional groups (mostly —COOH rather than —OH) to amino N in
sulfonamides molecules (-NH"...”"O/"O0OC-BC). Furthermore, proton transfer is likely not
favourable by at least 15 kJ mol ™' at 293 k at pH 5 [59], it is augmented by the strong H-bond
that forms. The reaction in Eq. (4.1.17) involves tautomerisation of sulfonamides to the
zwitterion in the adsorbed state while the reaction in Eq. (4.1.18) shows the tautomerisation by
forming the zwitterion and releasing protons in the solution. Thus the observed pH decreased
from the initial solution pH. The stabilization of reactions (Eqs. (4.1.17) and (4.1.18)) might
be possible through the formation of a "-m EDA bond, which is not as strong as the positive
species, of the positively charged sulfonamide ring system with the biochar surface. Overall
stabilization of the cationic form of sulfonamides can be gained by releasing of a proton from
surface functional groups so that a negative site can be provided. The aim here is for it to interact
electrostatically with the positive charge through a strong H-bond formation. The n-t1 EAA
interaction is less effective as biochar surface became negative above pH 2.5 and as surface

carboxylate group has pKa values of more than 4.
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Figure 4.1.13: Raman spectra with band ratio (/p//c) for biochar (BBC380), and functionalized
biochar (IMbBBC600 i.e. fBC-1) before and after sorption of single and competitive solutes.
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Table 4.1.8: AG® values calculated from water dissociation constant (Kaw) at different temperatures.

Sample Temp  pKa  pKe KaX10%  KpX107  K,X10™  LnkK,  RTLn RTLn RTInK,; RTIK, AGI(')I+exch L AG2+exch )
(°K) Kaw Ko (in kJ (inkJ (inkJ (inkJmol"  (in kJ mol™)
mol ") mol") mol") D
SMX 294 1.97 6.16 107.15 6.92 6.85 -32.615  -79720 -79.72 -11.09 -34.67 68.63 45.05
298 1.97 6.16 107.15 6.92 6.85 -32.615  -80805 -80.81 -11.24 -35.14 69.57 45.66
303 1.97 6.16 107.15 6.92 6.85 -32.615  -82161 -82.16 -11.43 -35.73 70.73 46.43
STZ 293 2.04 6.93 91.2 1.17 1.01 -32.23 -78508 -78.51 -11.44 -38.87 67.07 39.64
298 2.04 6.93 91.2 1.17 1.01 -32.23 -79848 -79.85 -11.64 -39.54 68.21 40.31
303 2.04 6.93 91.2 1.17 1.01 -32.23 -81188 -81.2 -11.83 -40.20 69.36 40.99
SMT 293 2.04 6.99 91.2 1.02 1.47 -31.85 -77587 -77.59 -11.44 -39.21 66.14 38.38
298 2.04 6.99 91.2 1.02 1.47 -31.85 -78911 -78.91 -11.64 -39.88 67.27 39.04
303 2.04 6.99 91.2 1.023 1.47 -31.85 -80235 -80.24 -11.83 -40.55 68.40 39.69
e K, values were taken from http://www.chemguide.co.uk/physical/acidbaseeqia/kw.html
e pK,i and pK,, were taken from Table 4.1.1 and R =8.314 (J K! mol!) and AG13+exch1/2 = —RT In(Ka1/a2/ Kaw)
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4.1.3.7. Hydrogen Bond Formation

All peak assignments from the FTIR spectra and Raman spectra indicated that functionalized
biochar contains —OH, —-COOH and C = C groups on the surface. In Raman spectra, two
characteristic bands D and G can be assigned to carbon SP? hybridization (Table 4.1.9) [51].
The D band relates to disordered SP? hybridization of carbon atom containing vacancies,
impurities or defects such as containing of oxygen containing functional groups. On the other
hand, G band refers to the structural integrity of SP?hybridization of carbon atoms. The intensity
ratio of the D and G bands (In/Ic) indicates the degree of graphitization. If the ratio is <1 then
high degree of graphitization; if the ratio >1 then high number of functional groups present on
the surface. The Ip/lgratio for biochar was 0.850, which was increased to 1.06 for
functionalized biochar, indicating significantly increase in the number of functional groups on
the functionalized biochar surface. Similar functional groups have been found in FTIR
spectroscopy [55].

At higher pH where sulfonamide negative species dominate in the solution and the
biochar surface becomes negative (zeta potential = —45.9 mV), the anion exchange should be
destabilized by charge repulsion. The adsorption of SMT™ was explained clearly by Teixido et
al. [59] who also noted that the adsorption was due solely or partially to adsorption of negative
molecules by the release of —-OH to proton exchange with  water
(SMT™ + H20 — SMT? + OH"), followed by interaction of the resulting natural molecules with
surface -COOH and —OH functional groups (SMT? + BC = SMT?...BC). This is supported by
a strongly negative CAHB. As a result pH increased as the SMT sorption increased. On the
other hand, we found that the final pH reduced to several units for all single and competitive
sorption of sulfonamides antibiotics. The reduction of pH in the bank solutions were significant
compared to single and competitive solution of antibiotics (Table 4.1.7 and Figure 4.1.11).
Moreover, EDS analysis (average values) showed that the biochar particle comprised of carbon
(81.17%) and oxygen (18.83%) with O/C atomic ratio of 0.23. Due to the functionalization of
biochar with oH3POs, the O/C ratio increased significantly to 0.76 (51.96% C, 39.52% O and
8.16% P) (Table 4.1.2). This indicates the functionalized biochar had a more oxidized surface
[322]. Although HxPOs4 may be present in the core structure of functionalized biochar during
preparation and surface HxPO4 may undergo ligand exchange reactions with hydroxide and
carboxyl groups, if any, in the solution (Eq. (4.1.19) and Figure 5) [323]. One might assume
that significance of pH may be due to the capacity of biochar to release PO4* ions [323].

However, our experiments observed no phosphate ion release during adsorption studies
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HyPOs-BC + OH" — BC-HxPOs <> HO- (4.1.19)

Thus the release of protons in the solution may be, solely, due to the presence of
carboxyl groups on functionalized biochar. The carboxylate anion is stabilized by the resonance
which delocalizes electronegativity between the two oxygen atoms. As a result carboxylates are
ionized over a pH range. When electron-withdrawing groups such as O or Cl, are part of the
same molecule, the pK, value tends to decrease, whereas the presence of electron-donating
alkyl groups tends to increase the pK, [323]. The standard free energy of proton exchange is

given by ACv'fIerch2 = —RT In(K,,/K,y) and pKa2 values of all sulfonamides ranged from

6.16 to 6.99. Furthermore the pK, values of surface carboxyl groups are above 4 and those
surface phenolic groups’ values 10 or below [320]. Thus, ApK. value between surface carboxyl
group and sulfonamide group is around 2.2-3 (for the surface hydroxyl group =5). As this
difference narrows the bond between them becomes stronger. In the case of hydrogen
dicarboxylate conjugate pairs [RCOz...H...O2CR]", where ApK, is nearly zero and form a
strong (—) CAHB [321]. The free energy of formation AG°-)caus in water can be estimated
from gas-phase reaction and the resulting AG°-)cans is: firstly, about —56.2 kJ mol™! for the
hydrogen dicarboxylic conjugate pair; and secondly, approximately —50.2 kJ mol™! for the
hydrogen carboxylate-phenolate pair [321]. The free energy of proton release was calculated
the from —SO2-NH- as ranging from +38.38 to +46.43 kJ mol !, which is unfavorable for proton
release in the solution (Table 1). Thus, —SO2-NH- can initially undergo for proton exchange
with water molecule and release of —OH in solution (Eq. (4.1.20)). The additional driving force
may derive initially by the neutralization of ~OH ions through the formation of negative CAHB
(Eq. (4.1.21)). Moreover, biochar surface —-COOH group releases more protons into the
solution leading to the reduction of final solution pH toward the neutral species region. Thus, a
secondary increase in the sorption was found while studying the effect of pH. Thus change in
pH toward neutral region provided the same mechanisms as described in neutral species
sorption. In addition, according to reaction (Eq. (4.1.14)), n-t EAA interaction now may be
partially effective as biochar surface was highly negative and sulfonamide molecules also
behave as negative species. When the solution pH maintained above 9, significantly reduction

of pH was observed when electron-acceptor acetone cosolutes were present (Table 4.1.7).

(-SO2-(RaN" +H20 = (-SO2-(Ra)NH+ OH- (4.1.20)
(-SO2-(Ra)NH + HOOC....BC = (-SO>-(Rn)N"..H"..O0C-BC)+ H" (4.1.21)
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Moreover, based on Raman and FTIR spectra for sorption of sulfonamides, it can be
also confirm about hydrogen bond formation mechanisms. After sorption the FTIR peaks
shifted to near positions, other points remained almost same, which indicated that adsorption
did enhance at those particular wave-numbers. In addition, Raman Ip/Ic values decreased after
sorption of both single and competitive solutes and this further indicated that a few bonds might
form with the biochar surface and the sulfonamide molecules. Finally, the Ip/IG ratio was found
to be close to 1 suggesting that surface functional groups interacted with antibiotic molecules
through may be strong H-bond formation (Figure 4.1.13). These bonds formation may be due

to the protons linkage between biochar surface —COOH groups and antibiotics molecules.
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Table 4.1.9: Summary of Raman spectroscopy peak assignment in char [51, 317] and observed in this study before and after adsorption.

Band Band Description This study (BBC380, functionalized biochar and after adsorption) Bond
name  position, type
em’! BBC380 IMbBBC SMT.IMb SMX.IMb  STZ.IMbB SMT.SMX.STZ.

600 BBC600 BBC600 BC600 1IMbBBC600
GL 1700 Carbonyl group C=0 sp?
G 1590 Graphite E?; aromatic ring quadrant breathing; 1588.7 1599.25 1590.9 1591.98 1591.24 1588.71 sp?
structural integrity, alkene C=C
Gr 1540 Aromatics with 3—5 rings; amorphous carbon structures sp?
Vi 1465 Methylene or methyl; semi-circle breathing of aromatic sp?,
rings; amorphous carbon structures sp’
Vr 1380 Methyl group; semi-circle breathing of aromatic rings; sp?,
amorphous carbon structures sp?
D 1300 D band on highly ordered carbonaceous materials; C—C 1345.5 1337.31 1332.73 1344.35 1336.19 1332.42 sp?

between aromatic rings and aromatics with not less than
6 rings, simply —C=0, -OH, and -COOH groups

St 1230 Aryl-alkyl ether; para-aromatics sp?,
sp’
S 1185 Caromatic—Calky1; aromatic (aliphatic) ethers; C—C on sp?,
hydroaromatic rings; hexagonal diamond carbon sp?®; C— sp?
H on aromatic rings
Sk 1060 C—H on aromatic rings; benzene (ortho-di-substituted) sp?
ring
R 960-800 C—C on alkanes and cyclic alkanes; C—H on aromatic sp?,
rings sp?
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4.1.4. Concluding Remarks

The detailed mechanisms of sulfonamide antibiotics sorption in both single and mixture mode
were studied. The maximum sorption capacity of sulfonamides decreased as
STZ > SMX > SMT. The sorption of sulfonamides occurred through the formation of n'-n
EDA for positive species, and through proton exchange with water molecules forming (—)
CAHB and by m-m EAA interaction for negative species. The maximum sorption of
sulfonamides was found for neutral species due to charge pairing through strong H-bond
formation and stabilization of the zwitterion via ©"-mr EDA mechanism. The results suggest that
interactions between functionalized biochar and sulfonamide antibiotics can play important
roles in the removal of emerging contaminants from water. Thus, it is believed that competitive
sorption of a mixture of micropollutants onto functionalized biochar surface is environmentally

significant and should be further extended to wastewater application.
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4.2. Competitive Sorption Affinity of Sulfonamides and Chloramphenicol
Antibiotics toward Functionalized Biochar for Water and Wastewater

Treatment

4.2.1. Introduction

The use of different antibiotics resulted in a reduction of the mortality and morbidity rates from
epidemic and infectious diseases such as syphilis, tuberculosis, pneumonia, gonorrhea, and
communicable diseases of childhood [324-326]. The occurrence of antibiotic residues in the
environment is attracting attention due to their potential long-term adverse effects on human
and animals [44, 57, 303, 310, 327]. In addition, antibiotics are of great concern as they are
consumed in significant quantities all over the world and can particularly act on
microorganisms without affecting cells and tissues [85]. Physical treatment processes have
been found very effective and economic in removing antibiotics among which sorption has
emerged as a cost effective method for pollutant removal; unaffected by the potential toxicity
as for biological processes; and easy to design and operate [44, 239, 240]. In addition, sorption
is an extremely important process because it may dramatically affect the fate and impacts of
contaminants in the environment through different mechanisms [45]. The efficiency of sorption
process is highly affected by the properties of sorbate, sorbent, and operating conditions [241].
The degree of sorption mainly depends on the physicochemical properties of the
micropollutants, type of solid matrices, surface area, porosity, pore diameter, and
environmental conditions [240, 242, 243].

The sorption of antibiotics onto carbonaceous materials such as biochar [55, 240, 244,
245], activated carbon [29], carbon nanotubes [57], graphene, clay minerals [57], and hollow
polymer nanorods [239] has been widely studied and proved very effective [57]. The sorption
of antibiotics using biochar was found particularly efficient [56, 57]. Biochar has a high
hydrophobicity and aromaticity and is an excellent sorbent for hydrophobic organic
contaminants e.g. aromatics [246, 247]. To date, the majority of adsorption studies on the
removal of different antibiotic residues by carbonaceous sorbents have been conducted using
single solutes, and only a few studies were reported based on the competitive nature of
micropollutants [244, 328, 329]. In addition, the removal mechanisms of antibiotic mixture
using different adsorbents are unclear. In reality, aquatic environment can be highly complex

including mixtures of different organic and inorganic contaminants, and thus understanding the
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mechanisms of competitive adsorption is of great importance. During the application of
sorbent, sorbate molecules can interact with the same sites of the sorbent particles, hence faster
sorption mainly occurs for the compounds which have specific affinity to be sorbed onto the
specific surface of sorbent. Interactions are very simple for single solute but can be very
complex for a mixture of contaminants. Therefore, we have targeted four antibiotics for their
sorption onto fBC in order to check their competitive sorption affinity and to assess the sorption
mechanisms as well as sorption trend in different water types.

This study aims to bridge the knowledge gap by studying the competitive sorptive
capacity and mechanisms by fBC for four widely used antibiotics SMT, SMX, STZ and CP
from water and wastewater. Specifically this research studied: (i) the effect of pH on
competitive sorption with detailed sorption affinity mechanisms, [92] the kinetics parameters
for competitive solutes, (iii) the competitive sorption isotherms parameters, and (iv) the
application of fBC in removing antibiotics mixtures from lake water and synthetic wastewater

under practical conditions.

4.2.2. Materials and Methods
4.2.2.1. Chemicals and Reagents

The antibiotic standards of SMT (pKai/az=2.04/6.99, solubility =1500 mg L"), SMX
(pKaila2=1.97/6.16, solubility = 610 mg L), STZ (pKailaz =2.04/6.93,
solubility = 373 mg L™!) and CP (pKa: = 5.50, solubility = 2500 mg L™!) were purchased from
Sigma-Aldrich, Australia (Table 4.2.1). HPLC-grade organic solvents such as acetonitrile and
formic acid were also purchased from Sigma-Aldrich, Australia. Ortho phosphoric acid (85%),
hydrochloric acid (35%), sodium hydroxide, potassium chloride, sodium chloride were
obtained from Sigma-Aldrich. Eucalyptus globulus wood was donated by New Forest Asset
Management Pty Ltd, Portland, Victoria, Australia.
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Table 4.2.1: Physicochemical properties of the antibiotics investigated in this study.

Solubility*
Group Compound Molecular mass log Kow?  pKaiad
(mg L)
SMX 253.3 0.89 1.97/6.16 610
Sulfonamides STZ 2553 0.05 2.04/6.93 373
SMT 278.3 0.14 2.04/6.99 1500
Chloramphenicol® ¢ CP 323.1 1.14 5.50 2500

2Values obtained from U.S. National Library of Medicine: http://toxnet.nlm.nih.gov

®Values obtained from ChemAxon: http://www.chemicalize.org
“https://www.drugbank.ca/drugs/DB00446; d. http://www.sigmaaldrich.com/content/dam/sigma-
aldrich/docs/Sigma/Product_Information Sheet/c0378pis.pdf

4.2.2.2. Preparation and Characterization of fBC

fBC was prepared according to our previous study [244]. Briefly, 25 g of eucalyptus wood
biomass was pyrolyzed at 400 °C at an average heating rate of ~11.0 °C min ™! under constant
nitrogen pressure of 2 psi for 2 h, to obtain biochar samples. Biochar functionalization was
carried out by soaking 10 g of biochar in 20 mL of 50% orthophosphoric acid (0H3POa4) for 3 h
at 50 °C. The mixture was then reheated at 600 °C for 2 h. After that, the prepared material was
left to cool inside the reactor, washed and the pH adjusted to ~7.0, followed by drying
overnight at 105 °C, to obtain fBC. The physicochemical characteristics of fBC were
extensively examined using Fourier transform infrared spectroscopy (FTIR), Raman
spectroscopy, energy dispersive spectrometry (EDS), and zeta potential instrument. The
elemental composition of fBC was measured using EDS (Zeiss Evo-SEM). The identification
of surface functional groups was conducted using FTIR (Miracle-10, Shimadzu), by measuring
the absorbance from 400 to 4000 cm ! using a combined 40 scans. Raman shifts measurement
was carried out using Renishaw inVia Raman spectrometer (Gloucestershire, UK) equipped
with a 17 mW Renishaw Helium-Neon Laser 633 nm and CCD array detector. Zeta potential
values were measured using 500 mg L™ of fBC dosage at different pH values, after pre-
equilibration for 48 h, on Nano-ZS Zeta-seizer (Malvern, Model ZEN3600). Zeta potential was
measured three times at each pH (50 scans each time), with the average and standard deviation

being calculated.
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4.2.2.3. Competitive Sorption Experiments Using fBC

The stock solutions (100 mg L") of SMX, SMT, STZ and CP were diluted to different initial
concentrations of each antibiotic. The effects of pH were studied at adjusting pH values from
1.5 to 10.9, using HCl and NaOH solutions. fBC was pre-equilibrated at the same pH for 24 h
using half of the volume of a mixture of antibiotics and rest of solute was added and shaken
for another 42 h. The kinetics studies were carried at a pH 4.0-4.25 (where maximum
interactions occurred based on pH study) at 25 °C over 33 h using 80 mg L™! of fBC. Batch
competitive experiments were conducted at 25 °C using 80 mg L' of fBC with initial
concentrations of 0.250-20.0 mg L™! for each antibiotic in mixture mode which were shaken
on an orbital shaker at 120 rpm for 42 h (apparent equilibrium time) at pH 4.0—4.25. In all
cases, a constant ionic strength was maintained using 0.01 M NaCl. The control experiments
without adsorbents were also executed. The application of fBC to treat lake water (TOC,
96.67 mg L!) and synthetic wastewater (TOC, 54.0 mg L") was carried out by spiking each
antibiotic (1.0 mg L™!) at pH ~4.0-4.15 and 25 °C. TOC was measured by using a TOC
analyzer by the filtration of the collected and prepared sample using 1.0 mm pore size syringe
filter. Synthetic wastewater was composed of peptone, beef extract, humic acid, tannic acid,
arabic acid, sodium lignin sulphonate, acacia gum powder, KH2PO4 and MgSO4-3H20 Control
experiments in the absence fBC with different water matrices showed that there was no loss of
antibiotics. At equilibrium, the solution pH was measured before the supernatant was taken and

filtered through a 0.20 um PTFE filter for antibiotic analysis using HPLC.

4.2.2.4. Antibiotics Determination and Data Fitting

The concentrations of antibiotics were measured by HPLC (Jasco) equipped with an auto-
sampler and a UV detector at 285 nm, by using 70 puL injection. A reverse phase Zorbax Bonus
RP Cigscolumn (5.0 pm, 2.1 x 1.50 mm, Agilent Technologies) was used for the
separation. Mobile phase A was composed of acetonitrile and formic acid (99.9: 0.1) while
mobile phase B was composed of Milli-Q water and formic acid (99.9: 0.1).The elution started
with 15% of A and 85% of B at a flow rate of 0.4 mL min', which was changed to
0.3 mL min! at 0.1 min and maintained till 5.9 min. Then at 6.0 min the elution changed to
40% of A and 60% of B at a flow rate of 0.3 mL min ' and maintained over 15 min. The
competitive sorption data for all antibiotics were fitted to the Langmuir and Freundlich
isotherm models and three kinetic equations. The competitive sorption distribution coefficient

(Ka, L kg™") is defined by Eq. (4.2.1):
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W M
where g5 is the equilibrium concentration of each antibiotic in mixture mode in sorbent (mg g-
1, Cw and C, are the equilibrium and initial concentrations (mg L) of each antibiotic in
mixture mode, V is the solution volume (L), and M is the sorbent mass (g).
The kinetic equations such as the pseudo first order (PFO), pseudo second-order model [306]

and intra-particle diffusion model [17] can be represented as follows:

PFO: q; = q,(1 — e Kat) (4.2.2)
K,q2t
PSO: q; = 1+§<—th (4.2.3)
1
IDM: g, = Kjtz + C (4.2.4)

Parameters were estimated by nonlinear regression analysis weighted by the dependent
variable. K; is the apparent diffusion rate constant (mg g”! min'"?), K; (min™') and K> (g mg!
min!) are PFO and PSO kinetic rate constant, respectively, and C is a constant (mg g™!) that
provides the thickness of the boundary layer.

The Langmuir and Freundlich isotherm models can be been represented as follows:

Freundlich model: g, = KzC,,*/" (4.2.5)
. . _ QmaxKiLCw
Langmuir model: q; = T (4.2.6)

where gmax is the maximum adsorption capacity (mg g™'), n is a dimensionless number related
to surface heterogeneity, Kr is the Freundlich affinity coefficient (mg!™L" g'!), and K is the

Langmuir fitting parameter (L mg™).

4.2.3. Results and Discussion
4.2.3.1. Influence of pH on Antibiotic K; During Competitive Interaction with fBC

The K4 values for competitive interaction of selected antibiotics on fBC were found to be pH
dependence (Figure 4.2.1a). All the selected sulfonamide antibiotics are ionisable while CP is
nonionic. Lower Ky values were found for all positive sulfonamides species (pH 0-2.0) [59,
308, 309] and CP at pH ~1.50 (2.0 x 10* to 4.5 x 10* L kg! for SMT to STZ). The surface
zeta potential value of fBC was found to be pH 2.2 (Figure 4.2.2). When pH was below 2.2,
zeta potential value of fBC was found to be positive. Moreover, all sulfonamides were
positively charged at pH <2.0 (due to matched pKas values). Thus, lower K values were

highly expected due to the repulsion nature of same species and antibiotics might also get
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protonated at very low pH. The adsorption of antibiotics at lower pH may be dominated by the
interaction between the protonated aniline ring of antibiotics and the m-electron rich fBC

surface [273].

2.4x10°

{®) =
10 - 5
£ =
‘o B -
O smz
E SMT
o SMX

(o=
— S0 kinets model il for ST
— S0 kinetic model fit for SMT
— P knetic model fil for Shix
PO kinetic mode fit for CF
= = = PEO kinalic modal it for STZ
= PFQ kiretic model fit for SMT
= = = PFO kinetc model fit for SMX
= P8O kinetic model fit for CF

0 200 400 600 80U 1000 1200 1400 1600 1800 200D
Time {min)

Figure 4.2.1: Effect of pH on Kz (with standard deviation) during the removal of sulfonamides

and chloramphenicol antibiotics using fBC (80 mg L') with initial individual antibiotic

concentration of 1.0 mg L™! at 25 °C (a). Competitive sorption kinetics data with PSO and PFO

model fitting using 1.0 mg L™! initial antibiotics concentration and 80 mg L™' of fBC at pH
4.0-4.25 (b).
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Figure 4.2.2: Zeta potential values of fBC and pH shift during pH effect study.

The maximum Kq values were observed at pH ~4.0-4.25 for STZ (2.2 x 10° Lkg ™),
SMX (1.9x10°Lkg"), SMT (1.7x10°Lkg ") and CP (1.73x10°Lkg"). The
maximum Kq at this pH range was found due to the adsorption of neutral species of
sulfonamides at pH ~2.0-6.0 [59, 308, 309] and nonionizable CP. The adsorption was due to
the formation of strong hydrogen bonds for sulfonamides antibiotics, and due to CAHB for CP.

Further increase in pH from 4.5 to higher pH decreased the sorption. However, another
small sharp increase of Ksvalues for all antibiotics was observed at pH ~8.5. The
observed Ku values were 5.9 x 10% 2.6 x 10, 2.7 x 10%, and 1.8 x 10* L kg ! respectively for
STZ, SMX, SMT and CP. The main reason might be due to sorption of negative species
sulfonamides at pH ~6.0-11 [59, 308, 309], as well as CP, declined due to negative surface
zeta potential value of fBC leading to electrostatic repulsion. However, the sorption affinity
might be due to the formation of CAHB along with EDA interactions [307]. This was due to
the matching of pKa2 values of negative species of sulfonamides and surface
hydroxyl pK. values. After that, an increase of pH up to ~11, the sorption was decreased due
to highly repulsion nature of negative surface hydroxyl groups and negative species of

sulfonamides. The detailed mechanisms were discussed in Section 4.2.3.4.
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4.2.3.2. Sorption Kinetics in Competitive Mode

Kinetic experiments were carried out for 33 h with the equilibrium being reached within
~1800 min. The kinetics of mixture of antibiotics sorption by fBC was fitted to pseudo-first-
order (PFO), pseudo-second-order [306] and intra-particle diffusion (IPD) models. Based on
the correlation coefficient (7°) and gs,cal (mg g™!) values, the kinetics data for all competitive
solutes were slightly better fitted to the PSO chemisorption kinetic model than PFO and IDM
models but their > values were comparable (Figure 4.2.1b). Based on the gs,ca values in PSO
model, antibiotics followed the order of STZ (13.3mgg')>SMX (122mgg!)>CP
(123 mg g ') > SMT (10.9 mg g!). However, the gs,cal values for the PFO kinetic model
followed a different order: STZ (10.73mgg")>CP (10.03mgg ') >SMX
(9.89 mg g ') > SMT (8.73 mg g !). IDM and PFO showed slightly lower r? values than the
PSO model. The IPD rate constant Ki (mg g~! min %) also followed the same trend as the PSO
kinetic model gs,cal values (Table 4.2.2).

Table 4.2.2: Summary of the kinetic model parameters for antibiotics sorption on fBC at 25 +
0.5 °C.

PFO PSO IPD

Antib g cal K; (min™) r Qscal (mg  Ko(gmg 7 C(mgg") K(mgg 7~

iotic (mgg gh "min) ! min7)
D)

STZ 10.73=  0.00221+1. 0995 13.27+#0. 1.67E- 0.999 0.247+0.3 0.254+0. 0978
0.17 10E-4 172 4+8.5E-6 011

SMT  8.73£0. 0.00208+1. 0.992 10.91+0. 1.86E- 0.996 0.150£0.21 0.205+0. 0.984
19 38E-4 259 4+1.7E-5 0078

SMX  9.89+0. 0.00231x1. 0.992 12.15+0. 1.93E- 0996 0.272+0.32 0.235£0. 0.972
23 70E-4 333 442 1E-5 012

CP 10.03=  0.00239+£2. 0982 12.10+0. 2.12E- 0.991 0.542+0.27 0.235£0. 0.977
0.33 18E-4 421 442 9E-5 009
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Table 4.2.3: Summary of the Freundlich and Langmuir isotherm parameters for competitive
antibiotic sorption on fBC at 25 + 0.5 °C.

Freundlich isotherm parameters Langmuir isotherm parameters
Antibiotic  Kr n 7 Gmax K r
STZ 16.764+2.53 2.99+0.60  0.942 45.1945.03 0.48+0.20  0.956
SMT 9.65+1.21 3.52+0.67  0.930 20.71+1.99 1.0840.54 0915
SMX 11.04+1.33 3.03£0.47  0.949 28.29+2.30 0.65+0.23  0.965
CP 9.81+1.28 3.52+0.70  0.925 21.35+2.27 0.97+0.52  0.906

4.2.3.3. Sorption Isotherm Models for Competitive Sorption

Compared with the Freundlich isotherm model, interactions of antibiotics with fBC in the
competitive mode were better fitted to the Langmuir model with higher r* values for STZ and
SMX. While the Freundlich isotherm model provided a better fit for SMT and CP (Figure
4.2.3, Table 4.2.3). The Langmuir sorption capacity (qmax) was found to be 45.2, 28.29, 21.35
and 20.71 mgg ! for STZ, SMX, CP and SMT, respectively in competitive mode.
The Kr values were 16.76, 9, 11.04, 9.81 and 9.65 mg! ™ L" g}, respectively, for STZ, SMX,
CP and SMT at 25 °C. These findings aligned with the results observed from pH effect and
kinetics experiments. Thus, from both models, the sorption affinity can be written in the
following order as STZ>SMX > CP > SMT. It is assumed that all the antibiotics in
competitive mode share the same sorption sites of fBC when sorbed onto its surface. However,
their sorption affinity depends on the physicochemical properties of antibiotics and fBC. The
total fBC sorption capacities for all antibiotics in mixture mode were calculated by
summarizing individual contributions for both Langmuir model (115.54 mgg™') and
Freundlich model (47.3 mg'™L"g ). A similar result has been reported for single and
competitive sorption of three sulfonamide antibiotics [244]. Hence, fBC is capable of adsorbing

a mixture of antibiotics onto its surface.
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Figure 4.2.3: Sorption isotherm plots and model fitting for mixtures of antibiotics (initial
concentration of each antibiotic was 0.250-20.0 mg L™!) at pH 4.0—4.25 using fBC dosage of
80 mg L.

4.2.3.4. Mechanisms of Competitive Sorption on fBC

The results from the sorption isotherms, sorption kinetics and the pH effect suggested that the
fBC had very strong sorption affinity for antibiotics in competitive mode, while the affinity of
the antibiotics sorption onto fBC varied from compound to compound. The sorption of SMT
and CP followed the Freundlich isotherm which was related to the chemisorption mechanism.
While the sorption of STZ and SMX followed the Langmuir isotherm model related the
homogeneous covering of the fBC surface. The kinetic results indicated the sorption of
antibiotics in competitive mode agreed well with PSO, PFO and IPD model. This result
indicated that the role of surface functional groups, monolayer coverage and diffusion
of sorbate molecules during competitive sorption antibiotics. Thus, high competitive sorption
affinities of fBC toward antibiotics were due to a combination of effects such as surface
homogeneous and heterogeneous sorption sites.

All the peaks from the FTIR spectra indicated that fBC contained phenolic -OH, C=0
(carboxylic and ketonic), N=C=0 (isocyanate), C=C, and C=C groups on the surface [55, 330-
332]. Moreover, EDS data showed that fBC contains mainly C (75.3%), O (10.3%) and N
(11.62%), with O/C molar ratio of 0.102. FTIR spectra before and after antibiotics sorption
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clearly show the sorptive nature of fBC. Spectra at ~1516 cm™! (aromatic C=C), at ~2090—
2218 cm™! (C=C), at ~2276 cm™' (N=C=0), at ~1710 cm™"' (C=0, ketonic and carboxylic), at
3620-3860 cm ™! (phenolic, ~OH groups), and at ~3020 cm™' (-CH stretch) shifted to lower
absorbance areas indicated that antibiotics sorption had been increased by these functional
groups on fBC surface (Figure 4.2.4a). Raman spectra also confirmed this result. In Raman
spectra, the D band indicates the degree of disordered SP? hybridization of carbon atom
containing vacancies, impurities or defects whereas G band indicates the SP*hybridization of
carbon atoms in any carbonaceous materials (graphitic carbon). The intensity of the peaks was
reduced significantly after sorption of antibiotics. The Ip//c ratio also decreased which also
confirmed the interactions of antibiotics with the surface functional groups of fBC. The peak
intensity decreased due to sorption of antibiotics by the fBC functional groups leading to
blocking the functional groups available for detecting in Raman spectroscopy. This result also
confirmed the role of surface disordered structure carbon atoms i.e. D bands at ~1330 cm™! (in
the form of oxygenated functional group) while graphitic G-bands at ~1586 cm™! also
decreased indicating the role of C=C i.e. m structured carbon atoms. The latter case can be
explained by the electron-donar interaction nature of the arene unit in the C=C and C=C system.
Thus Raman spectra indicated the role of functional groups as well as n-w interactions due to
change in the peak intensity for G and D bands. In addition, G* band peak intensity also reduced
significantly indicating the n-m interactions (Figure 4.2.4b). The mechanisms of antibiotic

sorption can be also explained based on different pH described below.
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Figure 4.2.4: FTIR (a) and Raman spectra (b) with band ratio (/p/Ic) of fBC before and after
sorption experiments for competitive solutes in mixture mode.

The zeta potential value of the fBC was found to be positive at solution pH 1.5, i.e.
surface of the fBC gets protonated. Hence, the weak interactions between the opposite charged
quadruples might be the main reason for lower sorption of these antibiotics. However, still,
there was some sorption which can mainly be explained by the EDA interactions. Stronger

EDA interaction might be possible when the m-electron depletes any aromatic ring, and -

162



electron rich regions interact together [244]. Antibiotics such as SMT, STZ and SMX can act
as m-electron-acceptor due to their amino functional groups (donating lone pair electrons to the
arene unit) and N and/or O-hetero-aromatic rings (electronic resonance). While CP can also act
as the m-electron-acceptor site due to its nitro group presence on its arene unit. Moreover, fBC
enriched with C—=C and C=C groups along with -OH, C=0 and —COOH groups and may
act as a strong m-electron-donor or acceptor sites at pH ~1.5 (Figure 4.2.5). The pKa values of
surface -COOH and surface —OH are ~3.0-5.0 and above 8.0, respectively, hence proton
exchange is not possible for those functional groups [59]. However, the hydroxyl group in fBC
can acts as a m-electron donor due to its m-electron donor capacity to the arene unit in fBC,
while surface -COOH and -C=0 may act as opposite effect due to its n-electron withdrawal
capacity from the arene unit. Hence, at low pH, EDA interactions between —OH groups in fBC
and m-electron depleted aromatic unit in antibiotics might be the main sorption mechanism
(Figure 4.2.6). The n-n electron-acceptor-acceptor (EAA) interactions (due to BC-C=0
group and BC-COOH group become electron acceptor as well as antibiotics molecules can
behave as electron acceptor site) might also possible but not stronger than EDA interactions
(Figures 4.2.5 and 4.2.6). So, at very low pH, competitive sorption of sulfonamides and CP
antibiotics on to positively charged fBC were mainly due to EDA interactions, and this result

is also supported by a previous study [59, 244].

Resonance Structures

— Tlclectron acceptor sites

Sulfonamides, R= Hetrocyclic
rings for SMT, STZ & SMX

Ttelectron donor site

" S*W (7 s S 3
&

¥ -
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BC-OH BC-COOH BC-C=0O

Figure 4.2.5: Possible resonance structures of antibiotics and different functional groups in
fBC and their electron donor and acceptor sites.

At pH ~4.0, all sulfonamide antibiotics behaved as neutral species in the solution and
CP was more stable. Maximum sorption of all selected antibiotics in competitive mode was

found at this pH range. In addition to EDA, strong hydrogen bonds and CAHB formations
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might be the main sorption mechanisms. As mentioned earlier, the pKa value of surface —
COOH was near ~3.0-5.0, hence, hydrogen bond formations were highly possible among fBC
surface -COOH groups and with -NH2 or, -NO2 or hydrogen groups present in sulfonamides
and CP antibiotics.

Sulfonamides’/CP + H20 + fBC = Sulfonamides/CP* ...fBC + OH" (4.2.7)
Sulfonamides °/CP + fBC = Sulfonamides/CP *....fBC" (4.2.8)
Sulfonamides ° + fBC = Sulfonamides * .... fBC (-H") (4.2.9)
Sulfonamides °+ fBC = Sulfonamides *.....fBC+ H" (4.2.10)

Competitive Sorption Affinity Mechanisms

At very low pH:
(i). Repulsion interactions
(ii). BC-OH + sulfonamides/CP = EDA interactions

At pH 4.0-4.25;
(1). BC-COO ..... H*....'D?N—chlnramphenicnl = CAHB formations with EDA interactions

(ii). BC-COO..H + sulfonamides (NHSO,-/NH/ -NH,/CH,) = H-bond formations

At pH above 7.0:

(i). Repulsion interactions

(ii). Sulfonamides-N'+ H,0 = sulfonamides-NH + -OH"

(iii). BC-0....H + N....sulfonamides =BC-0O"....H".... N..sulfonamides = CAHB

(iv). BC-OH + chloramphenicol (H'/~-OH/NO,/-NH-/-Cl) = H-bond formations

Figure 4.2.6: Proposed sorption mechanisms for the removal of antibiotics in competitive
mode using fBC.

Proton exchange with water molecule should increase the solution pH by leaving —-OH
groups in the solution and thus final solution pH should be increased. However, pH shifted to
become more acidic indicating that Eq. (4.2.7) was not the main mechanism (Figure 4.2.2),
which is consistent with previous studies [59, 244]. This might be due to the formation of strong
H-bond formations for neutral sulfonamides (Eq.(4.2.8)). The Egq. (4.2.9) involves
tautomerisation of sulfonamides to the zwitterion in the adsorbed state while Eq. (10) shows
the tautomerisation by forming the zwitterion and releasing protons in the solution. Thus, the
observed equilibrium pH slightly decreased from the initial pH and stabilization of Eqs. (4.2.9)
and (4.2.10) might be possible through the formation of a m-n EDA which might not be as

strong as the positively charged sulfonamide ring system with the biochar surface. Overall
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stabilization of the cationic form of sulfonamides can be gained through a strong H-bond
formation (Figure 4.2.2).

On the other hand, CP has a pK, value of ~5.50, and thus ApK. for surface -COOH and
CP lays ~1.0-1.5. Usually, smaller the difference stronger the hydrogen bond formations
[321]. More clearly, CP can initially undergo for proton exchange with a water molecule and
release of —OH in solution (Eq. (4.2.11)) and the —OH may be neutralized by releasing proton
from the surface -COOH to form negative CAHB (Eq. (4.2.12)). This has resulted in slight
decrease in equilibrium pH (Figure 4.2.2). Thus at pH ~4.0—4.25, sulfonamides antibiotics
molecules mainly formed strong hydrogen bonds whereas CP formed CAHB along with EDA
interactions, which were the main reasons for higher sorption of those antibiotics. Moreover,
ordinary hydrogen bonds formation among hydrogen in CP and -COOH in fBC might be also
responsible for the high affinity. The n-n EAA interaction was less effective as biochar surface

became negative above pH 2.2 and as surface carboxylate group had pK. values more than 4.

CP +H20 - CP...H" + OH (4.2.11)

CP + HOOC....BC=CP.....H"......O0OC-BC+ H" (4.2.12)

Lewis acid-base electronic interaction might be possible at pH of ~4.0 where sulfonamides
remain as a neutral species and thus, loan-pair electrons of amino groups in the arene unit may
donate to form a complex with the protonated enriched surface functional groups [244].

At pH near 5.5, all the sulfonamide antibiotics remained as minimum ionized states due
to intersections points, and thus minimum sorption at this pH was found. At the same time,
minimum CP sorption was also found (might be just crossing the pK. matched solution pH).
Equilibrium pH moved to ~6.4 also indicating the release of —OH groups in the solution by
consuming proton from the solution leading to hydrogen bond formations.

In alkaline solution, the sorption of negative sulfonamide species was found to be
significantly lower than for neutral species. This was due to the repulsion of negative species
sulfonamides as well as negative surface fBC. Teixid6 et al. (2011)[59] noted that the
adsorption of SMT™ was due to the release of —OH for proton exchange with water molecule
(SMT™ + H20 — SMT? + OH"), followed by interactions of the resulting natural molecules
with surface -COOH and —OH groups (SMT? + BC = SMT.....BC). These kinds of bonds
formation were designed as strong negative CAHB. They mentioned that pH was raised as
SMT™ sorption amount increased. However, in this study it was found equilibrium pH was
decreased indicating that protons were released by fBC surface. As the pKa2 values of all

sulfonamides ranged from 6.16 to 6.99 and pK, values of phenolic groups ranged from 7 to 10
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[321], ApK. value between phenolic groups and sulfonamide groups is around ~0.0-2.5. Thus,
initially, sulfonamide antibiotics began with proton exchange with water molecules hence
releasing —OH in solution (Eq. (4.2.13)), followed by neutralization of hydroxyl groups by the
release of protons from fBC surface —OH groups through the formation of negative CAHB

(Eq. (14)).
Sulfonamide-N"+ H20 - Sulfonamide-NH+ OH" (4.2.13)
Sulfonamide-NH + HO....BC = Sulfonamide-N"....H"....O-BC+ H" (4.2.14)

CP might form CAHB and weak hydrogen bonds among surface hydroxyl groups of fBC,
aromatic nitro group and hydroxyl groups (Figure 4.2.6). EDA interactions for CP were not
favorable at this pH since the hydroxyl group was deprotonated to form CAHB. In addition,
EAA could be possible due to unchanged -COOH groups on {BC surface.

4.2.3.5. Treatment of Water and Synthetic Wastewater During Competitive Removal

Competitive removal of antibiotics was carried out at different dosages of fBC and pronounced
differences were observed for lake and synthetic wastewater (Figure 4.2.7). In comparison
with lake water, synthetic wastewater was found to have more influence on antibiotics removal
than lake water. Final lake water TOC value was found to be 46.53 mg L™'. The synthetic
wastewater contained different chemicals in the form of inorganic and organic species
(e.g. humic acid, sodium lignin sulfonate) that could compete with the antibiotics for fBC
sorption sites and resulted in lower sorption efficiency with final TOC value of 50.5 mg L',
Regarding antibiotics themselves, in both water types, STZ sorbed even at 200 mg L™ dosage
of fBC while SMT required a higher dosage (~700 mg L™! of fBC, synthetic wastewater) for
the complete removal from the mixture solution. Overall, the trend for removing selected
antibiotics in competitive mode followed the order of deionised water > lake surface
water > synthetic wastewater. Therefore, fBC could be successfully applied for the treatment

of a mixture of antibiotics from different water and wastewater.
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Figure 4.2.7: Sorption of antibiotics (%) in mixture mode with 1.0 mg L ™! initial concentration
of each antibiotic from lake water (a) and synthetic wastewater (b) with different dosages of
fBC at pH 4.0—4.25 and 25 °C.

4.2.4. Concluding Remarks

Competitive sorption of sulphonamides and chloramphenicol was very strong toward fBC.
Competitive sorption was governed by solution pH and the maximum sorption occurred at pH
4.0—4.25. Sorption affinity decreased in the order STZ < SMX < CP < SMT. fBC was found to
be highly efficient in removing these antibiotics from water and wastewater, with the sorption
affinity following the order of deionized water > lake water > synthetic wastewater. The
sorptive mechanisms were addressed in detail based on resonance effect of arene units. The
results demonstrate that fBC is very effective in removing antibiotics mixture from water and

wastewater.
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4.3. Chloramphenicol Interaction with Functionalized Biochar in Water:
Sorptive Mechanism, Molecular Imprinting Effect and Repeatable
Applications

4.3.1. Introduction

Antibiotics are widely produced and used in large quantities to treat diseases caused by
microorganisms as they can selectively act on bacteria and pathogens without affecting human
cells and tissues [57, 66, 244, 298]. Considering the different classes of antibiotics,
chloramphenicols antibiotics have been commonly employed in veterinary clinics since the
1950s. Chloramphenicol, however, has geno-toxic effects and causes severe side effects such
as aplastic anaemia, leukopenia, agranulocytosis and anaemia [69]. Although chloramphenicol
has been banned since the 1990s in many countries for use in food-producing animals, it is still
widely used due to its low cost and easy availability [62, 69]. The occurrence and fate of
chlorinated pollutants in the environment is recognized as an important problem due to the
adverse effects on human health through the formation of emerging antibiotic-resistant bacteria
and antibiotic-resistant genes [70, 71]. Low removal efficiencies of these organic contaminants
have been reported through different biological treatment technologies [44]. Moreover, they
are not easily degraded in the metabolite system and thus, they have been frequently detected
in surface water, groundwater, and even in drinking water [16, 45]. Several chemical methods
have been applied to remove chloramphenicol from water [62, 284, 300, 301]. In addition,
physicochemical methods have been applied for the removal of chloramphenicol [21, 333-335].
Generally, adsorption by porous materials such as engineered activated carbon, resin, graphene
oxide and carbon nanotubes is an expensive process. For this reason, biochar has received
increasing interest due to its low cost [57], high hydrophobicity, aromaticity and
multifunctional applications such as reduction of soil acidity, carbon sequestration and water
remediation [56, 336-340]. However, biochar properties depend on biomass origin, chemical
composition, physical properties, and pre and post-treatment processes [341]. Biochar
properties including surface functionality can be further improved through different
modification methods [55].

Adsorption of antibiotic onto biochar is expected to be heavily influenced by solution
conditions and antibiotic speciation under different pH values [274, 275, 342] [59] [343].
Different species can interact with biochar through different mechanisms such as n-n electron-
donor-acceptor (EDA) interaction, nucleophilic addition, electrostatic attraction, cation

bridging, cation/anion exchange, pore filling, partitioning into un-carbonized fraction and
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formation of the charge assisted hydrogen bond (CAHB) with surface oxygen groups [59, 298].
For example, during charcoal remove of tetracycline and chloramphenicol, Liao et al.
(2013)[298] found that n-m EDA interaction, cation-m bond in conjunction with hydrogen
bonding interaction were the main mechanisms while surface diffusion was less likely to be
involved. However, so far no studies clearly described the sorption behavior of
chloramphenicol using carbonaceous materials such as carbon nanotubes, graphene or
graphene oxide, and biochar. In addition, research is lacking on the potential regeneration and
repeatable application of carbonaceous sorbents. The physicochemical properties of

chloramphenicol are shown in Table 4.3.1.

Table 4.3.1: Physicochemical properties of chloramphenicol.

Water solubility
Molecular
Group Compound log Kow Logp pK?, (mg mL™") at
mass
25°C
Chloramphenicol Chloramphenicol 323.09 1.14 1.01 5.50 2.50

https://www.drugbank.ca/drugs/DB00446;
http://www.sigmaaldrich.com/content/dam/sigma-aldrich/docs/Sigma/Product Information Sheet/c0378pis.pdf

Therefore this study aimed to use biochar and fBC for removing chloramphenicol.
Specifically the objectives were to (i) evaluate the interaction mechanism and performance of
biochar and fBC for removing chloramphenicol; [92] study the impact of humic acid, soil and
salt concentrations on the sorptive behavior of chloramphenicol; (iii) assess the sorption
performance in different water matrices for removing chloramphenicol; and (iv) examine the
desorption and repeatable application of fBC with special emphasis on the fingerprinting

effects during regeneration from different water.

4.3.2. Materials and Methods
4.3.2.1. Chemicals

The standards of chloramphenicol (purity > 98%), potassium chloride, sodium chloride (>
99.6%), calcium chloride (> 97%), and organic solvents such as methanol, acetonitrile and
formic acid of HPLC grade were purchased from Sigma-Aldrich, Australia. Peptone, beef

extract, humic acid, tannic acid, sodium lignin sulphonates, Na-laryl sulphate, acacia gum
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powder, arabic acid, ammonium sulphate, Kz2HPO4, NH4sHCOs3, and MgS0O4.3H20 were of
analytical-grade. Phenanthrene (98%) and para aminobenzoic acid (PABA, > 99%) were also
purchased from Sigma-Aldrich. A Zorbax Bonus RP Cis column (5.0 pm, 2.1 X1.50 mm) was
purchased from Agilent Technologies. Eucalyptus globulus wood was donated by New Forest
Asset Management Pty Ltd, Portland, Victoria, Australia. The soil sample was collected from
the surface horizon (0-10 cm) at Willy Park, NSW, Australia. The soil was air dried, sieved (<

1.0 mm), and stored at room temperature for further use.

4.3.2.2. Preparation of Biochar and fBC

Biochar and fBC were prepared according to our previous study [244]. Details have been

described in section 4.1.2.

4.3.2.3. Chloramphenicol Sorption on Biochar and fBC under Different pH and Different

Concentrations of Humic Acid, Salt, Soil and Competitors

Interactions of biochar and fBC with chlorinated chloramphenicol in deionized water were
studied in batch method at different pH (1.6 to 9) to calculate Ka4. Sorption was carried out in
PTFE-lined screw cap glass vials with a capacity of 50 to 100 mL. Sorbents were pre-
equilibrated at a specific pH followed by adding the required amount of sorbate solution with
the same pH. Batch sorption isotherm experiments were conducted at pH ranging from 4.0 to
4.5 at 25 °C with initial chloramphenicol concentrations of 0.774 to 154.7 uM L at room
temperature using 50-60 mg L' of fBC and 100 mg L' of biochar for 40 h. These conditions
made it possible to calculate the maximum sorption at different pH values. The control
experiments without sorbents were also executed.

To study the effects of salts, soil and humic acid on K, the sorption experiments were
conducted by mixing humic acid or soil or salts with chloramphenicol (3.1 uM L) overnight,
before fBC-2 (being the best sorbent) was introduced. The sorption experiments were
performed at pH 4.0-4.5 and 25 °C. Humic acid stock solution was prepared by dissolving the
desired amount of humic acid in NaOH solution and stored for further use. Chloramphenicol
sorption was also carried out in the presence of competitors (PABA and phenanthrene). The n-
electron donor (phenanthrene) and m-electron acceptor (PABA) were chosen to unravel the
possible EDA, electron acceptor-acceptor (EAA) and electron donor-donor [49] interactions
mechanisms. The initial concentrations of chloramphenicol, phenanthrene and PABA were 3.1

uM L, 1.0 mg L' and 1.0 mg L™, respectively at different pH (~1.85, 4.0-4.5 and 9.0-10.5).
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Control experiments (no chloramphenicol) were also executed. The supernatant concentration
of chloramphenicol and PABA were measured using HPLC with aliquots from each reactor
being taken and filtered through a 0.2 um PTFE filter. Phenanthrene concentration was

measured using UV-Vis spectroscopy.

4.3.2.4. Analytical Method and Data Analysis

Chloramphenicol hydrolysis does not occur at pH 2—7 [302]. Its concentrations at different pH
(1.7 to 11.0) were measured by HPLC (Jasco) equipped with an auto-sampler and UV detector
at 285 nm, by 50 pL injection. A Zorbax Bonus RP Cis column was used for the separation.
Mobile phase A was composed of acetonitrile and formic acid (v/v, 99.9: 0.1) while mobile
phase B was composed of Milli-Q water and formic acid (v/v, 99.9: 0.1). The elution used 40%
of A and 60% of B at a flow rate of 0.4 mL min™!, which was changed to 0.3 mL min™ at 0.1
min. The method run time was 7 min. The same method was used for the measurement of
PABA concentration with HPLC. Phenanthrene concentration was measured using UV-Vis
spectroscopy (Shimadzu, UV-1700) at ~251 nm. In addition, the concentration of Ca>* and CI-
were measured using a Merck Spectrophotometer (NOV A 60) and relevant test kits.

The adsorption data were fitted to the Langmuir and Freundlich models. The apparent sorption
distribution coefficient (K4, L kg™') is defined as the ratio of adsorbate sorbed per unit sorbent
mass (Qe, UM g™!) to adsorbate concentration in solution (Ce, uM L) at equilibrium, and was

calculated using Eq. (1):

— 1000% — Co=Ce\ ¥
Ka =1000% = 1000 ( - )= 4.3.1)

where C, is the initial adsorbate concentration in water (uM L), ¥ is the solution volume (L)
and M (g) is the sorbent mass.

The Langmuir and Freundlich isotherm models can be represented as follows:

Freundlich model: Q, = KFCel/ n (4.3.2)
Langmuir model: Q, = % (4.3.3)
Lte

where Omar is the maximum adsorption capacity (uM g'), 1/n is a dimensionless number
related to surface heterogeneity, Kr is the Freundlich capacity-affinity coefficient (uM'™L" g°
" and K is the Langmuir fitting parameter (L pM ). Parameters were estimated by nonlinear
regression weighted by the dependent variable using above equations and fitting in Origin pro

software (version 2016).
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4.3.2.5. Characterizations of the Sorbents

Characterization of the prepared materials was carried out using Scanning Electron Microscope
with Energy Dispersive Spectrometer (SEM-EDS) (Table 4.3.2), Brunauer-Emmett-Teller
[127] analyzer, Raman spectroscopy and Fourier transform infrared spectroscopy (FTIR).
Raman shifts measurement was done using Renishaw in Via Raman spectrometer
(Gloucestershire, UK) equipped with a 17 mW Renishaw Helium-Neon Laser 633 nm and
CCD array detector at 50% laser intensity. Structural analysis was conducted using FTIR
(Miracle-10: Shimadzu). The spectra were obtained at 4 cm™ resolutions by measuring the
Antibioticsorbance from 400 to 4000 cm™ using a combined 40 scans. The specific surface
area and the porosity distributions were calculated using BET nitrogen adsorption-desorption
isotherms and the Barrett-Joyner-Halenda (BJH) method, respectively by using a
Micromeritics 3 FlexTM surface characterization analyzer at 77 K. Zeta potential was
measured twice using 1.0 mM KCl solution at different pH for 48 h (Nano-ZS, Malvern). Zeta

potential was measured twice for each pH.

Table 4.3.2: EDS analysis data of biochar and fBC.

Sorbent  EDS analysis (atomic percentage in each material)

C% P% N% 0%
BBC380  81.18+2.9 - 18.83+0.9
fBC-1 58.96+2.5 8.16x1.0 4.96+1.2 28.52+1.2
fBC-2 60.80+1.82 7.96+0.78  5.37+0.82 25.44+1.23

4.3.2.6. Desorption and Regeneration of fBC-2

Desorption experiments were conducted in different water matrices to calculate desorption
percentage of chloramphenicol, study on fingerprinting effects and the reusability of the
sorbent (fBC-2). After experiments, the supernatant was decanted and replaced with an equal
volume of 50% methanol. The fBC-2 and the solution mixture were shaken on an orbital shaker
for 24 h at 120 rpm and the suspension was centrifuged for 7 min at 2000 rpm. The supernatant
was then filter using 0.2 um PTFE filter paper and chloramphenicol concentration was

measured using HPLC. Desorption was performed after each sorption cycle using fBC-2. The
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thermal regeneration and fingerprinting ability of fBC-2 was examined by heating fBC-2 at
300 °C.

4.3.2.7. Water and Wastewater Samples

Synthetic wastewater was prepared based on a recent study [302] and lake water was collected
from Victoria Park, NSW, Australia. All water samples were filtered through 1.2 um filter
paper and stored in a fridge. The characteristics of lake water are given in Table 4.3.3.
Deionized water, lake water and synthetic wastewater were spiked with 3.10 uM L}
chloramphenicol and contacted with fBC-2 to examine sorption trends in different water.

Control experiments were also conducted.

Table 4.3.3: Physicochemical properties of lake water and synthetic wastewater.

Lake water Synthetic wastewater
Parameter Value Compound Concentration
(mg LY
pH 7.20 Peptone 2.37
Temperature 19.9 °C Beef extract 1.8
TDS 116 mg L™ Humic acid 4.2
TOC 75.56 mg L! Tanninc acid 4.2
Total carbon 76.72 mg L™ Arabic acid 5.0
Sodium lignin sulphonate 2.4
Sodium laryl sulphate 0.94
Acacia gum powder 4.37
Ammonium sulphate 7.1
Potassium phosphate
(KH,POy) 79
Magnesium sulphate 071

(MgS04.3H,0)




4.3.3. Results and Discussion
4.3.3.1. Sorbent Surface Properties

Surface properties of biochar and fBC were carried out using BET, EDS, FTIR, Raman and
zeta potential measurement. EDS data showed that BBC380 comprised of mainly ~81% C and
~19% O% while fBC-1 comprised of 59% C, 28% O, ~5% N and ~8% P, with O/C molar ratio
0f 0.363. The fBC-2 was composed of 60.8% C, 25.4% O, ~5% N and ~8% P, with O/C molar
ratio of 0.314 (Table 4.3.2). BET surface area of fBC-1 and fBC-2 were found to be 1.12 and
1.18 m? g!, respectively. The Langmuir surface area of fBC-1 and fBC-2 was 7.23 and 8.22,
respectively. The pore size distribution of fBC-1 and fBC-2 is represented in Figure. 4.3.1.
FTIR peak of each EDC is shown in Figure. 4.3.2. All biochar had alkyl —C-C- groups,
aromatic -C=C- group (due to conjugated arene units), ketonic or carboxylic -C=0 group and
at least one hydroxyl functional group (alkyl or phenolic —OH) in its structure. The peaks
around 3300-3850 cm™! represents the presence of hydroxyl groups whereas peaks at 2926-
2976 cm! represent the asymmetric carbon. In addition, two characteristics peaks at 1720 cm’

Vand 1520-1594 cm™! represent the presence of -C=0 and -C=C- groups [55, 302].

174



2.0
18 (a) ®
=h . |
A 16 - |
Be i
= S
£ 1.4 ¢|
§ 124
Z 104
= 0.8
2
S 0.6 -
Z 044
= 4 & —m— fRC-
& s _:.‘/i BC-1
5 —e— [BC-2
I " I £ 1 o | = I o I
0.0 0.2 0.4 0.6 0.8 1.0
Relative Pressure (P/Po)
0.005
—=— {BC-1 (adsorption)
0.004 = —=—1BC-1 (desorption)
= --a-- {BC-2 (adsorption)
o < :
Z 0.003 - —=— [BC-2 (desorption)
=]
a
=n 0.002
2
N
=
= 0.001 -
0.000 -
| I I 1 I

T T T T T
0 200 400 600 800 1000

Pore diameter (A)

Figure 4.3.1: Nitrogen sorption isotherm for fBC-1 and fBC-2 (a). Barret-Joyner-Halenda
(BJH) surface/volume mesopore analysis (adsorption/desorption) with cumulative pore size
distribution of fBC-1 and fBC-2 (b).

Raman spectroscopy was also carried out to obtain further data on fBC before and after
sorption. fBC showed two characteristic peaks at 1592-1597 and 1325-1345 cm’! (Figure
4.3.2b). The two broad peaks located at ~1325-1345 cm™ and ~1592-1597 cm™! corresponded
to the D-band (disordered structure) and G-band (graphitic structures) of sp’-type carbon
presence in fBC [344]. The sharp and relative band intensity ratio (Is/In) showed the degree of
functionalization in biochar. It is important to note that Raman spectra of fBC featured a strong
D-band, which illustrated a slightly more amorphous character (disordered) of the carbon in
fBC [344]. D-band surface defect was possible by the introduction of other elements onto

carbon structure during fBC preparation.
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4.3.3.2. Chloramphenicol K, on Biochar and fBC

Chloramphenicol sorption on biochar, fBC-1 and fBC-2 revealed pH dependence. The effect
of pH on the sorption coefficient is shown in Figure 4.3.3. Clearly, chloramphenicol sorption
was greatly governed by the electrostatic interactions between chloramphenicol and fBC
surfaces. The maximum Ky value for biochar (BBC380) was found to be ~500 L kg! at pH
around 4.5. Similar result was obtained for EGBC380 (data not shown). However, higher K4
values were observed for both fBC-1 and fBC-2 than biochar at all pH values studied. The
finding indicated that functionalization of biochar significantly changed the biochar properties
and increased its sorption capacity. The Ky values for both fBC reached their first maxima at
pH ~1.6 and the maximum at approximately pH 4.5. A further increase in pH resulted in
decreasing Ka values. Detailed mechanism in relation to pH values is discussed in section
4.3.3.4. Based on the results, the maximum Kg values were found to be ~1.8 X10* L kg™! for
fBC-2 and ~1.2X10* L kg' for fBC-1 at pH ~4.0-4.5 with initial chloramphenicol
concentration of 15.5 uM L. As fBC-2 showed a higher K¢ value than fBC-1 for

chloramphenicol, it was used in further sorption experiments.
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Figure 4.3.3: Effect of pH on the equilibrium Ka of chloramphenicol on biochar, fBC-1 and
fBC-2 at 25°C, using initial chloramphenicol concentration of 15.5uML™! 50—
60 mg L™ ' fBCs or 100 mg L™ ! biochar. Error bars indicate the standard deviation.
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4.3.3.3. Effects of Humic Acid, Salt and Soil Concentration on K,

The effect of humic acid on Ks was studied using different concentrations of humic acid (1.0
to 40.0 mg L!). It emerged that the increase of humic acid concentration from 1.0 mg L™ to 10
mg L reduced Ka value slightly from ~2.0 X 10% to ~1.7 X 10* L kg"! (Figure 4.3.4a). A further
increase in humic acid concentration caused a significant reduction in the K4 of
chloramphenicol which fell sharply to ~6.1 X10° L kg! when humic acid concentration was
raised to 40 mg L' (Figure 4.3.4a). In comparison, the Ky value in deionised water, in the
presence of humic acid, under the same initial conditions was ~6.9 X 10* L kg! (SD, 3.7x10%).
This indicated that humic acid yielded a negative influence on the sorptive removal of
chloramphenicol which can be explained by the direct competition of humic acid and fBC
sorption sites for the sorption of chloramphenicol [345, 346]. Pignatello et al. (2006)[345]
found that natural organic substances (e.g. humic substances) appear partially block biochar
pore network and may suppress adsorption by a competitive effect at the external surface at
normal temperature. The strongest suppression occurs for large molecules with reduced access
to interior pores, especially when the biochar has been co-flocculated with the humic substance.
Moreover, Zhou et al. (2015) [347] confirmed that pore blockage (confirmed by BET surface
area measurement) as well as the more hydrophilic surface with more sorbed water molecules
mainly suppressed the sorption of atrazine by biochar. In addition, hydrophobic effects and
electron donor acceptor (EDA) might also be responsible for lower chloramphenicol sorption
in the presence of humic acid. Hence, the presence of humic acid decreased sorption of
chloramphenicol which was significant when the humic acid concentration was more than 20

mg L.
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at pH 4.0-4.5.

The presence of lower ionic strength increased Ku slightly (Figure 4.3.4b). For
example, in the presence of 0.001 M NaCl, Ks was found to be ~7.0X10* L kg (initial
chloramphenicol concentration was 3.1 uM L), whereas it was ~6.9X10* L kg! in the

presence of salt with the same initial chloramphenicol concentration. This effect can be
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explained by the ionic mobility. Lower ionic strength increased the ionic mobility of a solution
hence the ionic mobility of the fBC was increased and contributed to the overall increase in
sorption [348]. However, a further increase in ionic strength (i.e. up to 0.01 M NaCl) slightly
decreased the sorption distribution efficient. Further increase of NaCl concentration (0.10 M)
did not have significant effect on the sorption of chloramphenicol, and the Kz was almost same.
This can be explained by the saturation of biochar surface in the presence of a higher
concentration of NaCl. On the other hand, in the presence of low calcium chloride
concentration (0.001 M), the K4 values was almost the same as that without CaClz. Hoverer, a
further increase in CaClz concentration (up to 0.01 M) reduced the Kz values linearly, indicating
that sorption of chloramphenicol in the presence of excess CaClz salt had much higher negative
influence than that of NaCl (Figure 4.3.4b). Control experiments with only Ca®" showed that
Ca?" was sorbed by fBC-2 (initial Ca** concentration = 155 mg L!, final concentration = 146.5
mg L!) at pH ~4.45. Thus, it can be stated that biochar surface was highly saturated by the salt
of divalent calcium ion as this ion which contributes to water hardness like magnesium.
Furthermore, K4 value was found to be significantly higher in the presence of soil, e.g.
1.06X10° L kg'! in the presence of 5.0 mg L' of soil (50-60 mg L' of fBC-2 dosage). While
in the absence of soil, chloramphenicol sorption Ka value was ~6.9 X 10* L kg™ (SD 3.7x10%).
It is usual that biochar adsorbs organic contaminants significantly more than soil, and the
addition of biochar to soil significantly increases sorption capacity which also depends on the
type of soil [323, 349]. Soil solids consist of different minerals (e.g. quartz, calcite,
montmorillonite, iron oxide) and organic matter (e.g. biopolymers, microbial and root
exudates, plant litter in varying stages of degradation). Pure clay minerals and metal oxides
have highly reactive surfaces, in most soils, coating/modifying of soil surfaces by organic
matter profoundly modifies their sorptive character. As a result, soil organic matter fraction
governs the sorption of virtually all organic molecules in soil [323]. Thus, the increase in K4
values might be due to soil organic matter and different minerals which make contribution to
the overall sorption of chloramphenicol onto fBC-2. From literature it is found that, soil organic
matter (m-electron acceptor site) can interact with an aromatic organic compound (with t-donor
site) through n-electron donor acceptor interactions [350] which might happen in this case. Yet,
the increase in soil concentration (up to 1.0 g L") with the same dosage of fBC-2 reduced K
values, indicating that fBC-2 dominated the overall sorption compared to soil. An increase in
the amount of soil led to a decline in Ku values which may be due to partial deposition of soil
particles onto biochar active surface that might block or hinder the pores of the fBC-2 as well

as due to release of more organic matter including minerals in the solution (Figure 4.3.4¢).

180



This aligns with the finding of different ionic strength solution discussed earlier in this section.
However, chloramphenicol adsorption was still significant which was mainly due to the

sorption by fBC-2 with partial contribution from soil minerals and organic fractions.

4.3.3.4. Affinity and Mechanism of Chloramphenicol Sorption by fBC

The sorption data was better fitted to the Langmuir isotherm model than the Freundlich model
(Figure 4.3.5a). The maximum Langmuir adsorption capacities (QOmax) were found to be 26.2,
200.5 and 233 pM g'! for biochar, fBC-1 and fBC-2, respectively. Conversely, the maximum
Freundlich constant (Kr) values were 1.6, 39 and 56 uM'™ L"g"! for biochar, fBC-1 and fBC-
2, respectively (Table 4.3.3). The higher adsorption by fBC-2 was attributed to change in the
specific surface area, micropore volume, and the introduction of additional sites onto fBC
through different interactions [57, 244]. Further, Kq values varied between 1.0X10? and
1.6X10% 1.35X10% and 8.0 10% and 1.6X10°and 1.2X10°> L kg for biochar, fBC-1 and
fBC-2, respectively (Figure 4.3.5b). The isotherm showed little sign of becoming linear at
lower end of the experimental concentration range for BBC380 (//n = 0.50) than that of {BC-
1 (I/n = 0.34) and fBC-2 (1/n = 0.30), upon regressing data from 0.774 to 154.74 pM L' of
chloramphenicol (Figure 4.3.5a). The observed values of K4, Omax and Kr for chloramphenicol
were higher than reported values [298]. For example, biochar prepared at 400-700 °C from
bamboo [298] had a Langmuir sorption capacity of 25.11 pM g!. The detailed sorption

mechanisms at different pH are described in more detail below.

Table 4.3.4: The Freundlich and Langmuir isotherm parameters for the sorption of
chloramphenicol by biochar and functionalized biochar.

Biochar ~ Langmuir isotherm parameter Freundlich isotherm parameter

Omax K, 2 Kr n 1/n 12
BBC380 26.15£3.28  0.02+0.0059 0.970 1.62+0.59 1.99+0.32 0.502 0.932
fBC-1 200.5+10.1  0.083+.0.016 0.990 38.91+6.74 2.98+0.37 0.340 0.958
fBC-2 233+12.3 0.12+0.027 0.983 55.97£12.12 3.36+0.59 0.300 0.915
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Figure 4.3.5: (a) Sorption isotherm plots and model fitting with initial chloramphenicol
concentrations of 0.774-154.7 uM L™ 'at pH 4.25, 25°C using 50-60 mgL ! fBC or
100 mg L™ ! biochar over 40 h. (b) Change of Kavalues (with SD as error bars) against
equilibrium concentrations from isotherm studies.

At pH Below 2.0

At low pH, higher Kz values were obtained (Figure 4.3.3). At very low pH, proton exchange
from surface functional groups (-OH and —COOH) of the biochar is not possible due to the
higher pKa values of the surface hydroxyl group (7-10) and surface -COOH group (4.0-5.0)
[351]. Thus, if solution pH could be maintained near the pK. value, then proton exchange might
contribute to the sorption process. This suggests that proton exchange is not favourable at low
pH and subsequently, maximum sorption of chloramphenicol may be mostly due to EDA

interactions with m-electron rich biochar and chloramphenicol surface [59, 352]. It is assumed
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that stronger EDA interactions between oppositely polarized quadrupoles might be possible
when the m-electron depletes aromatic rings (or regions) and m-electron rich regions (or
aromatic rings) interact each other. fBC was enriched with C=C, -OH, C=0 and —-COOH
groups (Figure 4.3.2) and surface zeta potential was +2.20 to +2.50 (point of zero charge)
(Table 4.3.5). The surface functional groups of fBC may act as a strong n-electron-donor due
to (i) hydroxyl groups being situated in the benzene rings (participating in resonance as a -
electron donor), and [92] strong m-electron-acceptors due to carboxyl functional groups/
ketonic functional groups on the benzene rings [244, 353-356]. Thus, when the m-electron-
acceptor is positively charged and this charge lies within or resonates with an arene unit of
chloramphenicol then a stabilized overall interaction is designed as m-mt EDA. Resonance forms
of positive species of chloramphenicol are able to form n*-electron (acceptor site) and sorption
affinities are mostly governed by the mechanism of n-nr EDA (Case I, Figure 4.3.6) [244]. In
addition, electron acceptor-acceptor (EAA) interactions (Case II, 1% part) may also be possible

but not critical.

Table 4.3.5: Zeta potential values of fBC-1 and fBC-2.

fBC-1

Initial pH 1.62 3.00 435 6.13 10.00

Zeta potential (mV) 5.34+0.32 -3.254+0.24 -12.76+1.23 -19.6+1.15 -45.944.67

fBC-2

Initial pH 1.65 2.86 4.16 6.35 8.35 10.73

Zeta potential (mV) 4.43+0.895 -6.74+0.00 -16.4+2.47 -10.3+0.495 -27.4+7.57 -39.0+2.70
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Figure 4.3.6: Proposed sorption mechanism for the removal of chloramphenicol from
different water using fBC.

To test the n-m EDA hypothesis, the competitive effects of two compounds having
similar affinity for the surface but opposite quadrapolarity were compared: phenanthrene, a -
electron donor by virtue of its « rich electrons (polarizable ring system) and PABA, a strong -
electron acceptor by virtue of the withdrawing capability of the acid groups. The results are
presented in Figures 4.3.7a and 4.3.8. It can be predicted that their competitor’s strengths
against chloramphenicol sorption would be similar if the competitive effect was due merely to
nonspecific forces, whereas PABA would be a much stronger competitor than phenanthrene if
the m-electron acceptor property of chloramphenicol as well as n-electron donor property of
fBC arene units were critical. Figures 4.3.7a and 4.3.8 clearly show that PABA strongly
interacted with fBC-2 (i.e. with graphene-like arene unit as n-electron donor site), suppressing
chloramphenicol (acted as m-electron acceptor) adsorption significantly than phenanthrene
(acted as m-electron donor). Thus. PABA is, by far, the stronger competitor than phenanthrene
for chloramphenicol sorption (Figure 4.3.7a). This kind of interactions can be written simply
as m- = EDA interactions, where EDD interactions were not as strong as EDA interaction. As
the sorption of chloramphenicol was increased by ~10% (excluding SD) in the presence of
phenanthrene indicating the insignificant role of EDD interactions. Similar explanation can be
drawn in the absence of chloramphenicol where adsorption of PABA was higher than that in

the presence of chloramphenicol (Figure 4.3.8). Moreover, cation exchange capacity of fBC-
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2 (Ca?") in this pH range was excluded as Ca’' ion adsorption capacity was found to be
insignificant (data not included). We also observed, anion competitor such as PO4* can reduce
chloramphenicol sorption capacity by ~8 % at this pH range and thus anion exchange capacity
of fBC-2 might be important under this condition.

Besides, the maximum Kqa values can also be partially attributed to the degradation
nature of chloramphenicol in excess hydrogen ions in a solution based on reaction (4.3.4) [357].
This increase is most logically owing to the basic character of the amide linkage (-NH-CO-),

resulting in the formation of a protonated intermediate due to Lewis acid-base interaction (Eq.
4):

—NH - CO —(g —[NH = c(0H)]* —g —NH(H*) — C(OHY) — (4.3.4)
Thus, this acid-degraded positive complex of chloramphenicol and positive surface of fBC
(zeta potential was positive) might repel each other and sorption of this degraded product was
not favorable. At low pH, different chloramphenicol K« values were obtained for biochar, fBC-
1 and fBC-2, indicating that the degradation of chloramphenicol was not pronounced but
comparable (Figure 4.3.3). It can be concluded that sorption of chloramphenicol was mostly

favoured by EDA interactions at low pH.
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Figure 4.3.7: Effects of competitors phenanthrene and PABA on the adsorption of
chloramphenicol at pH 1.82—-1.85 (a), pH 4.20-4.56 (b), and pH 9.15-9.60 (c) in deionized
water. Phenanthrene and PABA concentrations at 1.0 mg L™ !, chloramphenicol concentration
at~3.10 uyM L™ !, fBC-2 dosage at 40-50 mg L™ !. Error bars represent the standard deviation.

At pH 4.0-4.5

Chloramphenicol has three hydrogen bond donors and five hydrogen bond acceptor groups in
its structure. Aqueous solution of chloramphenicol is neutral and hydrolysis does not occur
rapidly at room temperature in the pH 2 to 7 range [357]. We have carried out separate
experiments for the dissociation of chloramphenicol at pH range from 1.5 to 10.0 and found

that chloramphenicol concentration was almost same in all pH except only ~10% reduction at
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pH ~4.5. And this was might be due to the pKa value of chloramphenicol. At pH 4.5,
maximum Ky value is mostly due to electrostatic interactions. Proton exchange with water
molecules is unfavorable (Eq. 5) by leaving the -OH group in solution, so the solution pH
should increase [59, 244]. However, in our experiments, the pH shifted towards the acidic

region following adsorption. The proton transfer free energy was calculated using AG 2+exch1 =

—RT In(K,, /Ky, and found to be +45.5 kJ mol™!, where Kuw is the water dissociation constant
for chloramphenicol. Furthermore, proton transfer is likely to be unfavorable by at least 15 kJ
mol! at 293 K and pH 5 [59, 351]. Thus, the decrease in equilibrium solution pH was due to
release of proton from fBC-2 surface carboxylic groups (pKa. value ~4.0-5.0) as well as from
chloramphenicol functional groups (pK. value ~5.50) although deprotonation of water
molecule release —OH in the solution which might be neutralized by protons release from fBC-
2 and chloramphenicol and the total interactions can be written as (Chloramphenicol O
...... H"....OOC-fBC-2). Thus, overall the stabilization of the sorption complex can be
obtained by releasing protons from surface functional groups and forming a strong CAHB.
Hydrogen bonds among surface carboxylic groups, hydroxyl groups and quaternary nitrogen
functional groups of fBC-2 and hydroxyl groups, nitro groups of chloramphenicol also play a
major role in the maximum sorption at this pH (case III, reaction 4.3.6).
Chloramphenicol + H20 + fBC = Chloramphenicol® ...fBC + OH (4.3.5)
Chloramphenicol + fBC = Chloramphenicol”....fBC (4.3.6)

EAA interaction for -COOH group may not occur within this pH range as -COOH takes part
in CAHB formation. Additionally, CAHB formation with the surface hydroxyl group of
biochar was not possible due to higher pKa value. It is noted that maximum sorption of any
organic species is observed near a pH where pK, lies within narrow limits. To test the n-m EDA,
EAA and EDD hypothesis, we also performed competitive effect on chloramphenicol sorption.
The results are presented in Figures 4.3.7b and 4.3.8. It is noticeable that, fBC-2 surface
functional groups such as -COOH (due to matched pKa value of surface -COOH groups) and
C=0 can act as m-electron acceptor sites whereas arene unit can act as m-electron donor site
(Figure 4.3.6). Thus, in this case, both interactions are preferable at this pH range if solutions
are provided with both acceptor and donor competitors. Figure 4.3.7b clearly shows that
PABA and phenanthrene strongly interacted with fBC-2 by suppressing chloramphenicol
adsorption significantly. However, PABA was found to have comparative highly competitors
than phenanthrene. This kind of interactions can be written simply as n- 1 EDA interactions

due to following reasons: PABA as acceptor and fBC-2 arene unit as donor; phenanthrene as
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donor and fBC-2 surface carboxylic groups and C=0 groups as acceptor; n- 1 EAA interactions
due to PABA as acceptor and fBC-2 surface carboxylic groups and C=0 as acceptor; and
finally, m-n EDD interactions due to phenanthrene as donor and fBC-2 arene unit as donor.
However, EDA interactions was the main reason with hydrogen bonds formations which can
be confirmed from Figure 4.3.8, which shows the strong adsorption of PABA and
phenanthrene with fBC-2 due to EDA interactions that clearly support the previous
explanations. Moreover, electrostatic attraction with opposite charged quadrupoles (fBC-2 as
negative and Ca?" as positive) were also observed as sorption of chloramphenicol reduce nearly
~18% in presence of 0.005 M L' CaClz in the solution while presence of anion (PO4°") in
solution did not bring any significance chloramphenicol sorption reduction.

Moreover, based on Raman spectra, it was found that the D to G band peak intensity
ratio (In/lg) significantly decreased after sorption (Figure 4.3.2b). This clearly indicated strong
interaction among surface functional groups and chloramphenicol molecules. FTIR peak
shifted to a point where C=0 (~1720 cm™") or —-COOH functional groups (~1028 cm™') as well
as “OH groups (3400-3800 cm!) were located due to sorption of chloramphenicol onto

functionalized biochar surfaces (Figure 4.3.2a). Thus, maximum sorption of chloramphenicol

in this pH range was due to the formation of CAHB and weak hydrogen bonds along with

mainly EDA interactions in fBC.

AL pH 1.82-1.85
ArpH 4.2-4.5
AL pH 9.15-9.60
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Figure 4.3.8: Sorption of PABA and phenanthrene in the presence or absence of
chloramphenicol [65] in deionized water at different pH values. Solution compositions:
phenanthrene and PABA concentrations at 1.0 mg L™ !, CP concentration at ~3.10 pM L™ !,
fBC-2 dosage at 40-50 mg L™ !. Error bars represent the standard deviation.
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At pH Above 7.0

At pH above 7.0, Ka values decreased when the pH of the solution was increased. However,
the negatively charged biochar surface (zeta potential was highly negative) could still sorb
chloramphenicol. This was mainly due to the formations of CAHB and weak hydrogen bonds
among surface hydroxyl groups of biochar, aromatic nitro group and hydroxyl groups in
chloramphenicol. The pK. value of the surface hydroxyl group in carbon-based sorbents lay
within 7-10. The only possible way was to form CAHB (Case IV, Figure 4.3.6). EDA was not
favorable at this pH since the hydroxyl group was deprotonated. In addition, EAA could be
possible due to unchanged ~COOH groups on the biochar surface (Case II, 1* part). To
elucidate the EDA, EAA and EDD interaction mechanisms, competitors were introduced into
solution at this pH range, and results (Figures 4.3.7c and 4.3.8) clearly showed that PABA
and phenanthrene had an insignificant effect on the overall sorption of chloramphenicol.
Hence, EDA, EAA and EDD interactions would have insignificant influence at this pH due to
the fact that both surface hydroxyl groups of fBC-2 and phenanthrene acted as n-electron donor.
Thus, their repulsive force was stronger than attractive forces. On the other hand, {BC-2 arene
unit might function as m-electron donor site whereas chloramphenicol and PABA act as n-
electron acceptor sites hence sorption of chloramphenicol remains stable (Figure 4.3.7¢).
Interestingly, PABA sorption was significant in the presence of chloramphenicol. Hence, EDA
might play a role in the overall sorption rather than EAA and EDD interactions. Moreover, the
presence of anion (PO4>) in solution did not bring any significant increase in chloramphenicol
sorption compared to without competitors. However, the presence of Ca?* in solution caused a
reduction in the sorption of chloramphenicol to some extent indicating the role of electrostatic
attraction to oppositely charged ions (data not presented).

Based on the results of FTIR, chloramphenicol interacted with surface -OH which led
to the increase of absorbance indicating the formations of hydrogen bonds. Moreover, the
Raman spectra intensity band ratio (In/Ic) also decreased suggesting that the -OH group played
a major role in the sorption of chloramphenicol. As well, at high pH, chloramphenicol might

also produce chloride ions in solution through hydrolysis (Eq. 4.3.7) [358].

—OH
—NH — CO — CHCl, < —NH — CO — CH(OH), (4.2.7)
Thus, chloramphenicol sorption at this pH range mainly occurred through hydrogen bond

formation with little contribution from EDA interactions.
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4.3.3.5. Application in Different Water at Environmentally Relevant Concentrations

The fBC-2 was applied to remove chloramphenicol (3.10 uM L) from different water types.
Pronounced differences in the removal efficiencies were observed for different water types in
the sorption of chloramphenicol (Figure 4.3.9a). However, synthetic wastewater had a highly
negative influence on the overall removal of chloramphenicol by fBC-2 followed by lake and
deionized water. This might be due to the presence of different species (inorganic and organic)
that were unfavorable for the comparative faster sorption of chloramphenicol from synthetic
wastewater. For example, the presence of humic substances (discussed earlier) had negative
influence on chloramphenicol sorption. Synthetic wastewater used in this study contained
different organic materials (such as peptone, beef extract, humic acid, tannic acid, arabic acid,
sodium lignin sulphonate, acacia gum powder) and inorganic (KH2PO4 and MgS04.3H20)
species. Thus, it was assumed that similar kinds of interactions with humic acid could happen
in the case of synthetic wastewater. In addition to this, we have separately carried out
chloramphenicol sorption experiments in the presence of sodium lignin sulphonate and acacia
gum powder using the same synthetic wastewater composition and same conditions, and
observed that the presence of these substances significantly hindered the sorption of
chloramphenicol by ~50%. In comparison with deionized water, the removal of same amount
of chloramphenicol from synthetic wastewater required a higher dosage of fBC-2 and also
longer contact time (Figure 4.3.9a). Control experiments in the absence fBC with different
water matrices showed that there was no loss of chloramphenicol. On the other hand, fBC-2
needed less contact time and at a low dosage for the complete removal of chloramphenicol
from lake water than synthetic wastewater. This indicated that lake water may contain fewer
competitive ions or species than synthetic wastewater. In the case of deionized water, the
removal of chloramphenicol was most effective which needed the least dosage of biochar. This
is because deionized water does not contain any competitive species whether organic or
inorganic. Hence the sorption of chloramphenicol was high and lower dosage of biochar was
required. The trend for removing environmentally relevant concentrations of chloramphenicol
followed the order: deionized water > lake surface water > synthetic wastewater. However, the
removal of chloramphenicol from different water matrices can be improved by using higher
concentration of biochar and by employing longer contact time (~48-60 h). Hence, fBC-2 can
be successfully applied for the removal of environmentally relevant concentrations of

chloramphenicol from water and wastewater.
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Figure 4.3.9: (a) Sorption of chloramphenicol (initial concentration 3.10 uyM L™ ') from
deionized water, lake water and synthetic wastewater at different dosages of fBC-2 against
residual concentrations at pH 4.0—4.5, 25 °C (contact time was 18 h). (b) Reusability of fBC-2

(on percentage basis) for the removal of chloramphenicol under the same condition from
different water samples.

4.3.3.6. Molecular Imprinting Effect, Regeneration and Reusability of fBC-2

Chloramphenicol that was sorbed onto fBC-2 surface was desorbed using methanol as a solvent
to regenerate fBC-2. The percentage of chloramphenicol desorption by methanol (two cycles
on average) from fBC-2 was found to be ~91%, ~86% and ~ 89.2% for deionised water,
synthetic wastewater and lake water, respectively (Figure 4.3.10). The results indicated that

fBC-2 had specific sites or specific functional groups on its surface that interacted with

191



chloramphenicol repeatedly, which clearly indicated a kind of “molecular imprinting effect”
[359]. The successful cycles of application and desorption of chloramphenicol using fBC-2
showed almost the same results as those of virgin fBC-2.

This molecular imprinting effect can be confirmed by the thermal regeneration studies
of fBC-2. For this reason, fBC-2 was thermally regenerated and tested under the same
conditions as freshly prepared fBC-2. Regeneration ability was repeated for six cycles, and it
emerged that fBC-2 can maintain excellent reusability with undiminished removal efficiencies
(almost 100% under same contact time and same dosages) up to the 6™ cycle of application
(Figure 4.3.9b). It is evident that due to thermal regeneration, chloramphenicol antibiotic was
sorbed onto specific sites or with specific functional groups (— OH, -COOH or —C=0 groups
confirmed by Raman spectra) of fBC-2. This can be explained by two facts. Firstly,
chloramphenicol molecules that were sorbed onto the fBC-2 surface or functional groups had
to emerge during thermal treatment and leave the functional groups or surface intact as they
were before. Therefore, further application of regenerated fBC-2 for chloramphenicol sorption
was accelerated. Secondly, thermal regeneration of fBC-2 at 300 °C might have created some
new binding sites which may have accelerated the sorption process. However, this kind of
outcome might not be significant since the functionalization of biochar was carried out at
600 °C and an increase in surface porosity theoretically may not be feasible below that
temperature. Furthermore, no significant change in biochar weight was noticed after
regeneration. It can be suggested that chloramphenicol sorption on fBC-2 was highly site-
specific producing a molecular imprinting effect, which was favourable for chloramphenicol

removal and subsequent regeneration for repeatable applications.
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Figure 4.3.10: Percentage of regeneration of chloramphenicol.

From the findings it can be stated that fBC-2 can be successfully regenerated and reused
for complete sorption of chloramphenicol. This type of functionalization of different
carbonaceous materials is very efficient for the removal of organic contaminants from water
and wastewater. Previous study also confirmed the efficient removal of three sulfonamide
antibiotics in single and competitive modes [244] using fBC. In addition, fBC-2 or the
functionalization of other carbonaceous materials utilizing the same method can generate more

costeffective sorbents for the removal of different types of emerging organic contaminants.

4.3.4. Concluding Remarks

The sorptive removal of chloramphenicol by fBC was very effective in different water types.
The removal of chloramphenicol was pH dependent, and maximum sorption occurred in the
pH 4.0-4.5 range. The removal of chloramphenicol was described better by the Langmuir
isotherm model than the Freundlich isotherm model. Sorption of chloramphenicol onto fBC-2
was significantly influenced by humic acid, salt concentration and different water properties.
The removal of chloramphenicol was higher in deionized water followed by lake water and

synthetic wastewater. K4 was decreased by ~70% when humic acid concentration was increased
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from 0.5 to 40 mg L™!. The presence of low concentration of salts and soil resulted in increasing
Ka values while high concentration of salts and soil led to decreasing K4 values. The sorption
of chloramphenicol onto fBC involved mainly EDA interactions at pH < 2.0; formation of
CAHB and hydrogen bonds in addition to EDA in the pH 4.0-4.5; and CAHB and EDA
interactions at pH > 7.0. fBC-2 can be regenerated with excellent reusability up to many cycles
for the efficient removal of chloramphenicol due to creating the fingerprint effect onto specific
sites of fBC-2. Finally, fBC-2 or functionalization of other carbonaceous materials with the
same method can potentially generate better sorbents for the removal of similar organic

contaminants in a sustainable manner.
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4.4. Nano-Fe' immobilized onto Functionalized Biochar Gaining Excellent
Stability During Sorption and Reduction of Chloramphenicol via

Transforming to Reusable Magnetic Composite

4.4.1. Introduction

In the last two decades, many studies have demonstrated that ZVI (redox potential,
E°=—0.44 V) and several other zero-valent metals (e.g. Sn’, Zn’, Al° and Mn®) can serve as
efficient reducing agents for the remediation of chlorinated organic compounds, nitro-aromatic
compounds, heavy metals, nitrate, dyes and phenolic compounds from groundwater and
wastewater [65, 277-283]. ZVI is non-toxic, abundant, cheap and easy to produce, and its
reduction process requires little maintenance [280]. To date, most of the studies have focused
on using ZVI to remove chlorinated hydrocarbons from water [62, 281, 284, 285] due to
dechlorinative reduction nature of ZVI. However, ZVI can be easily oxidized in the presence
of oxygen. Powder state unstable nanosized ZVI and its intrinsic characteristics to react with
surrounding media or agglomerate during preparatory processes as well as during application
hinder its direct application and reduce its reactivity with poor mobility and transport for the
continuous in situ environmental remediation [286]. These phenomena leading to ZVI
applications in fixed bed column or other dynamic flow systems result in high-pressure drop
and restriction of nZVI for field scale applications [286]. Attempts have been proposed to
enhance the nZVI transport in natural subsurface environments with common objective of
stabilizing the colloidal suspensions. nZVI has already been coated/impregnated with
polymeric  materials such as polystyrene sulfonate, polyacrylic acid, and
carboxymethylcellulose, combined with resin, biochar [287], activated carbon [288, 289],
multi-walled carbon nanotube [290], clay mineral supported (kaolinite, zeolite, clay,
montmorillonite, rectorite, palygorskite, and bentonite) [291-296], and modified with
hydrophilic carbon, and embedded in a silica matrix to obtain a stable nZVI suspension [297].
It was reported that nZVI particles modified by covalently binding with
carboxymethylcellulose exhibited high transport potential in packed beds of glass, beads, sand
and soil [297]. All these researchers reported that nZVI-composites materials were applied
once for contaminant removal, with repetitive applications being rare. In addition, the fate of
these nZVI-composites for further stage of application in repeatable manner is not clear.

Theoretically and practically, nZVI particles in composite materials lose their reductive nature

195



during application when in contact with the contaminants and eventually produce different
species either in solution or in composite by releasing and reacting loosely bonded surface ZVI
and along in composite surface. The questions that arise are: what is the transformed ZVI-
composite material? Is it stable and useable for further and repetitive applications? What are
its unique characteristics in terms of chemical structure and interfacial properties? Thus to shed
light on nZVI and its composite, we have synthesized nZVI from scrap materials and
immobilized on fBC, which were tested for the removal of a chlorinated antibiotic
chloramphenicol [(2,2-dichloro-N-[1,3-dihydroxy-1-(4-nitrophenyl)propan-2-yl]acetamide)]
over repetitive cycles.

Of global concern today are antibiotics that are widely manufactured and used to treat
the diseases caused by microorganisms. They are unique as they can selectively act on bacteria
and pathogens by leaving the human cells and tissues unchanged, but prolonged exposure to
antibiotics may develop antibiotic resistance genes [44, 57, 71, 298, 299]. Chloramphenicol as
an antibiotic can cause geno-toxic and other side effects such as aplastic agranulocytosis,
anaemia, and leukopenia [299]. Low removal efficiencies of chloramphenicol from wastewater
has been reported using biological treatment technologies as it does not degrade in the
metabolic system and thus, has been frequently detected in surface water, groundwater, and
even in drinking water [16, 44]. The removal of chloramphenicol from wastewater has been
reported using different physicochemical methods [284, 300, 301], among which ZVI has been
widely applied [62, 284, 285]. Moreover, different studies reported different reduction
products [62, 284, 285, 299], and so far no study has been conducted using ZVI and ZVI-
carbonaceous composite for removing chloramphenicol except from deionized water. Hence,
the application of ZVI and its composite for removing chloramphenicol from different water
and the identification of byproducts are of great importance. In addition, such kind of
composite may possess simultaneous sorption and reduction which has not been reported. Thus
the calculation of the amount of sorption and reduction is necessary to differentiate the role of
each in such composite materials.

Therefore, this study aimed to use nZVI-fBC as well as ZVI (for comparative purpose)
with emphasizing given on the stability of nZVI-fBC composite along with focusing on the
transformed magnetic composite (i.e. nFe30s-fBC) for repeatable applications. In addition, the
role of nZVI and nZVI-fBC composite for the reductive dechlorination and sorption of
chloramphenicol with detailed mechanisms was investigated. Furthermore, the reduced
products of chloramphenicol using nZVI and nZVI-fBC composite were identified. The effect

of regeneration of the magnetized composite for repeatable application for chloramphenicol
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removal was assessed up to six cycles. Finally, nFe304-fBC composite was applied (6 cycles

of application) for the removal of methylene blue to assess its suitability for reuse.

4.4.2. Materials and Methods
4.4.2.1. Chemicals and Sorbent

The standards of chloramphenicol, methylene blue and organic solvents (methanol,
acetonitrile, formic acid) of HPLC grade were purchased from Sigma-Aldrich, Australia.
Humic acid, tannic acid, arabic acid, acacia gum powder, ammonium sulfate, beef extract,
peptone, sodium lignin sulfonate, Na-laryl sulfate, K:HPO4, ammonium bicarbonate,
magnesium sulfate, potassium chloride, sulfuric acid (~98%), nitric acid (~68), and sodium
borohydrate (NaBH4) were of analytical-grade. Iron oxide (Fe3O4) nano particles (<50 nm)
were also purchased from Sigma Aldrich.

Eucalyptus globulus wood derived biochar was prepared by heating the wood particles
at 380 °C for 2 h in a reactor under continuous nitrogen gas supply, and functionalization of
this biochar was carried out according to a previous method [244]. Biochar and fBC were used
for the sorption of chloramphenicol. Based on preliminary experiments it was found that fBC
was much more effective for the immobilization of ZVI than biochar itself. Hence fBC was
chosen for the nZVI-fBC composite preparation for the maximum immobilization of ZVI on
fBC surface. fBC (75 um to 1.0 mm) is the biochar containing different functional groups such
as -COOH, -OH, C=0 and C=C on its surface.

4.4.2.2. nZVI Synthesis and Preparation of nZVI-fBC Composite

Details of nZVI synthesis and preparation of nZVI-fBC composite can be found in Chapter
Three, section 3.2.1.3.

4.4.2.3. Sorption Experiments, Chemical Analysis and Data Fitting

The interactions of biochar, fBC, nZVI, nZVI-fBC composite, and nFe304-fBC composite i.e.
magnetic-fBC (converted composite during chloramphenicol removal and regeneration) with
chloramphenicol solution were carried out at pH 4.0—4.5, 25 °C, based on previous study [284],
in order to get maximum removal of chloramphenicol. nZVI, nZVI-fBC and magnetic-fBC

were applied in different water types to determine their sorption and reduction nature of
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chloramphenicol. The supernatant concentration was measured using HPLC (Jasco) with
aliquots from each reactor being taken and filtered through a 0.2 ym PTFE filter followed by
50 pL of sample injection. HPLC equipped with an auto-sampler, a UV detector at 285 nm,
and a Zorbax Bonus RP Cis column (5.0 um, 2.1 % 1.50 mm, Agilent Technologies) was used
for separation. Mobile phase A was composed of acetonitrile and formic acid (99.9: 0.1) while
mobile phase B was composed of Milli-Q water and formic acid (99.9: 0.1). The elution used
40% of A and 60% of B at a flow rate of 0.4 mL min ™', which was changed to 0.3 mL min" at
0.1 min. The method was run over 7 min.

Chloramphenicol and its reduced products were identitfied by LC-MS/QTOF in positive
mode, on an Agilent Poroshell 120 EC-Cis column (2.7 um, 4.6 mm % 50 mm). The elution
began with 95% pure water and 5% methanol, ending with 1% pure water and 99% methanol
within 9 min at a flow rate of 0.35 mL min'. Following elution, the mobile phase was changed
to 95% water and 5% methanol. The total run time was 13 min.

Stock solution of methylene blue (1.0 gL™!) was diluted to different initial
concentrations. The nFe304-fBC composite was added without adjustment of the solution pH
at a dosage of 0.5 g L™! for methylene blue solution. The mixture was shaken on an orbital
shaker at 120 rpm for 24 h at 25 °C. The methylene blue concentration was measured by UV—
visible spectroscopy (Shimadzu). The sorption capacities of biochar, fBC, nFe3O4 and nFe3O4-
fBC for chloramphenicol and methylene blue were calculated, and modelled using the
Langmuir and Freundlich isotherms.

The Langmuir and Freundlich isotherm models can be represented as follows:

Freundlich model: g, = KFCel/" 4.4.1)
Langmuir model: q, = %Kéce (4.4.2)
Lte

where ce is the equilibrium concentration of chloramphenicol, qe equilibrium concentration of
chloramphenicol in solid phase, gmar is the maximum adsorption capacity (uM g), n is a
dimensionless number related to surface heterogeneity, Kr is the Freundlich affinity coefficient

(uM!'™L" gy and K is the Langmuir fitting parameter (L mg™).

4.4.2.4. Characterizations of fBC, nZVI, nZVI-fBC and nFe304fBC Composite

Scanning electron microscopy (SEM) with energy dispersive spectrometer (EDS) was used to
determine the morphological and chemical composition of the materials (Zeiss Evo-SEM).
XRD analysis of the samples was carried out using a Bruker D8 Discover diffractometer using

Cu Ko radiation, in the scattering angle 20 range 20°-80°. Fourier transform infrared
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spectroscopy (FTIR) (Miracle-10: Shimadzu) was used to determine surface functional groups.
The spectra were obtained at 4 cm™' resolution by measuring the absorbance from 400 to
4000 cm ™! using a combined 40 scans. Raman shifts measurement was carried out using
Renishaw in via Raman spectrometer (Gloucestershire, UK) equipped with a Leica DMLB
microscope (Wetzlar, Germany), 17 mW at 633 nm Renishaw helium-neon laser source and
CCD array detector using 50% laser intensity. The abundance of surface functional groups on
nZVI-fBC was obtained by using X-ray Photoelectron Spectroscopy (XPS) (Thermoscientific,
UK). Iron concentration was determined using microwave plasma atomic emission
spectroscopy (4100-MP-AES, Agilent Technologies). Zeta potential values of nZVI and
nFe304-fBC composite were measured with 0.1 M KCl background solution (for constant ionic
strength) using a Nano-ZS Zeta-seizer (Malvern, Model: ZEN3600). Zeta potential values were
measured at different pH values (Table 4.4.1). Particle size distribution of nZVI was also

measured using the same instrument.

Table 4.4.1: Zeta potential values (mV) of Fe304-fBC composite and nZVI.

Fe304-fBC composite

Initial pH 1.56 2.58 3.50 4.80 6.50 8.45 10.85

Final pH 1.77 3.65 5.23 5.98 6.33 6.75 7.22

Zeta - - - - - - -

potential 442+0.5 20.3+1.1 30.1£2.19 40.0£0.5 41.7£23 42.6+x1.5 42.6t1.41
4 3 7 3 6

nZVI1

Initial pH 1.56 2.58 3.50 4.80 6.50 8.45 10.85

Final pH 1.63 2.63 3.79 5.22 5.71 6.54 10.11

Zeta 28.6+0.7 35.842.1 30.0+0.21 10.8+0.28 8.02+0.5 - -

potential 1 9 0 2.02+0.2 19.0+£3.32

2

4.4.2.5. Comparative Study in Different Water Samples

Lake surface water (pH 7.2, temperature 19.9 °C, total dissolved solids 116 mg L™!, total
organic carbon 75.56 mg L', total carbon 76.72 mg L™!) was collected from the Victoria Park,
NSW, Australia and was filtered through 1.2 um filter paper before being stored at 4 °C.
Synthetic wastewater was prepared based on a recent study [360] (Table 4.4.2). Deionized

water, lake surface water and synthetic wastewater were spiked with 3.10 uM L 'of
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chloramphenicol before contact with nZVI, nZVI-fBC and magnetic-fBC composite to assess

the extent of sorption in different water types.

Table 4.4.2: Chemical composition of synthetic wastewater.

Compound Concentration (mg L)
Peptone 2.37
Beef extract 1.8
Humic acid 4.2
Tanninc acid 4.2
Arabic acid 5.0
Sodium lignin sulphonate 2.4
Sodium lauryl sulphate 0.94
Acacia gum powder 4.37
Ammonium sulphate 7.1
Potassium phosphate (KH2PO4) 7.0
Magnesium sulphate (MgS04.3H20) 0.71

4.4.2.6. Desorption and Regeneration of Magnetic-fBC Composite

Desorption of chloramphenicol was carried out to calculate and differentiate the reduction and
sorption percentage of chloramphenicol using nZVI-fBC (after application in the 1%cycle) and
magnetic-fBC composite (2™ to further cycles). After experiments, the supernatant was
decanted and replaced with an equal volume of 50% methanol solution as solvent (solvent
regeneration). After 24 h, the suspension was centrifuged for 7 min at 2000 rpm, and
chloramphenicol concentration was measured directly by HPLC. Desorption was performed
up to 2" cycle. The thermal regeneration of magnetic-fBC (after 1 cycle application, nZVI-
fBC transformed to magnetic-fBC composite) was carried out in an oven by heating at a pre-

set temperature 300 °C for 1 h.
4.4.3. Results and Discussion

4.4.3.1. Material Structure and Composition

The morphologies of nZVI, nZVI-fBC composite, and nFe3Os-fBC composite were analyzed
by SEM, EDS, XRD, XPS and Raman spectra. SEM images of unsupported fBC, nZVI-fBC
and magnetic-fBC composite are shown in Figures 4.4.1 and 4.4.2. In the case of nZVI-fBC,
the fBC surface was partially covered by the loaded nZVI particles (Figure 4.4.1b) and
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appeared to be uneven whereas bare fBC surface was smooth in appearance (Figure 4.4.1a).
Even after six cycles of application the SEM image (Figure 4.4.1¢) shows the presence of
nanosized iron oxide particles on fBC surface indicating that iron oxide particles were
successfully incorporated with fBC by forming a stable magnetic-fBC composite. It also found
some portion of nZVI in the nZVI-fBC composite was loosely bonded with fBC surface, which
was confirmed by the analysis of iron content in nZVI-fBC. The iron content in the nZVI-fBC
composite (7.8%) was determined by digesting of the composite in nitric acid solution (3%,
v/v) followed by MP-AES analysis. In order to validate the composition of iron oxides formed
on nZVI-fBC, EDS analysis was performed with nZVI-fBC composite (Table 4.4.3) and

~8.3% iron content was obtained.

Table 4.4.4: EDS of {BC, nZVI and nZVI-fBC.

Sample EDS analysis (atomic percentage)

C (%) P (%) N (%) Fe (%) O (%)
fBC 60.80£1.82 7.96+0.78 5.37+0.82 25.44+1.23
nZVI1/nFe’ 95.05+2.05 3.95+1.20
nZVI-fBC 58.90+1.5 0.82+0.20 6.56+£1.20 8.3+0.30 26.20+0.9

nZVI-fBC after 1% 62.30+0.56 1.04+0.20 7.32+1.20 5.48+1.32 23.68+1.78

cycle application
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Figure 4.4.1: SEM cross-sectional images of fBC, nZVI-fBC and nFe304-fBC composite (after
application of nZVI-fBC), respectively (a—c) using scanning electron microscope (SEM) with
energy dispersive spectrometer (EDS) and XRD pattern of nZVI (d).

Figure 4.4.2: SEM image of nZVI.
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XRD studies of nZVI showed the crystalline domain size of ZVI nanoparticles
(Figure 4.4.1d). The crystalline scattering domain size of nFe® was found at 20 = ~45° and
~28° [279]. Particle size distribution data showed that nZVI had particle sizes in the range of
220.2 nm (77.9%) and 190.1 nm (22.1%). In addition, iron oxide was also present in ZVI due
to the oxidation of a small portion of nZVI during measurement, preparatory processes or even
in drying processes. EDS data showed that nZVI comprised around 92-95% of nFe® with the
rest being oxidized to FeOOH/Fe203/Fe304 particles (Table 4.4.3 and Figure 4.4.3). XPS
analysis of nZVI-fBC showed that C1s spectra surface of this composite composed of aromatic
carbon in the form of C=C (284.4 ¢V), C-O (286.4 e¢V), C=0 (287.6 eV) and -COOH (289 eV)
functional groups (Figure 4.4.4a), while O1s spectra showed that oxygen content mostly in the
form of organic carbon (at 533.45 and 532.12 eV). A peak at ~530.7 eV (Ols) indicated the
presence of metal oxide in the composite [in the form of Fe2O3/Fe304 Fe(OH)O] and this might
possible due to the oxidation of surface nZVI to Fe203/Fe304 and by the interaction with
surface -COOH and —C=0 group to form -COOFe/-OFe (Figure 4.4.4b) [361-364]. Two
intense peaks were observed for iron at ~711 eV (for 2p3/2) due to the formation of
Fe/Fe203/Fe304/Fe(OH)O [361-364] and at ~725 eV (for 2pl/2) due to FeOOH/Fe20s
(Figure 4.4.4c) [365]. Thus, XPS results indicated that iron was successfully immobilized
onto fBC surface which might form different species such as - BC-COO-Fe-OOC-BC, BC-O-
Fe-O-BC, and BC-iron/iron oxide particles. However, XRD result of nFe3Os-fBC after reaction
with chloramphenicol only showed the presence of Fe3Oas in the composite (Figure 4.4.5a)

[366].
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Figure 4.4.3: EDS plot of nZVIL.

203



{ﬂ} [ Lo u'?‘_‘ﬂrﬂﬂc-f_j:f’f—l I\'I\m 12, 0%, Crgeree G0 {h:l

™\

rl:l.‘ SREFDT, Weilal it |

B4, Dl O, 5P

29, 0O DD

2864, OO}
ERTAE=x

s Cis { )
feidp
dt”’\‘ Nt
B0 —— ' - - ' - . . ' ' ' ' - - -
T TS I beoi) Laly Ti4 ™ ol o6 T & L] L B0 23 tan

Bading enangy (&V)

Figure 4.4.4: XPS analysis of nZVI-fBC composite before sorption experiments. Spectra
were obtained by plotting counts against binding energy for Cls (a), Ols (b), Fe2p (c) and
overall survey (d) in a wide scan.

FTIR spectra of nZVI-fBC showed similar functional groups present on nZVI-fBC
composite, with peaks at 3400-3800 cm ' (-OH/-OFe-), ~1720 cm ! (C=0), 1523—
1595 cm™! (C=C), and ~1020-2028 cm ! (-COOH/-COOFe-) (Figure 4.4.5). Additionally
Raman spectroscopy was carried out to obtain deeper insight into the crystalline structure of
the ZVI and nZVI-fBC. Bare ZVI showed bands [284] at 215.7, 278, 392, 483, 590 cm ! and
maximum peak at 1282.5 cm™' (Figure 4.4.6). In the case of ZVI, the three peaks at ~215,
~278 and ~483 cm! were assigned to hematite. These results are well supported by Raman
values reported for a-Fe203 in the literature [367]. A peak at ~394.7 cm™! indicated both -
FeOOH and y-FeOOH [368]. Another peat at ~483 cm™! indicated a-FeOOH presence along
with ZVI [368]. Raman spectra of nZVI-fBC showed three characteristic peaks at 1595.62,
1340.97 and 680 cm™!. The two broad peaks located at 1340 cm™! and 1595 cm™!corresponded
to the D-band and G-band of graphitic structures presence in nZVI-fBC. The band intensity
ratio (Ic/Ip) showed the degree of functionalization in fBC. In addition, the peaks at
~680 cm ! were due to the presence of magnetite Fe3O4 and FeO on the surface of nZVI-
fBC [365, 367, 369, 370]. From literature, it is found that the Raman spectra of a freshly
fractured Fe3Os showed peaks at ~300, ~532 and ~661 cm ™' [367].
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nZVI-fBC before experiment
nZVI-fBC after experiment
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Figure 4.4.5: FTIR spectroscopy of nZVI-fBC composite before and after the sorption of
chloramphenicol.
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Figure 4.4.6: XRD pattern of fBC, nZVI-fBC and nFe304-fBC (a). Raman spectra of nZVI
and nZVI-fBC composite (with band ratio, Ic/Ip) for the removal of chloramphenicol before
and after experiments (b).
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Figure 4.4.7: XPS analysis of nZVI-fBC (after 1% cycle). Spectra were obtained by plotting
counts against binding energy for Cls (a), Ols (b), Fe2p (c) and overall survey (d) in a wide
scan.

4.4.3.2. Application of nZVI for Chloramphenicol Reduction

nZVI was applied for the removal of chloramphenicol from different water types. nZVI could
completely reduce 3.10 uM L' of chloramphenicol within 5-6 h depending on the water types.
No pronounced difference was observed in the complete reduction and dechlorination of
chloramphenicol between different water types (Figure 4.4.8a), although synthetic wastewater
had slightly positive influence on the overall reduction of chloramphenicol followed by lake
and deionized water. This is possibly due to the presence of different species that were
favorable for the faster reduction of chloramphenicol in synthetic wastewater. In addition,
species in synthetic wastewater might increase the ionic mobility of chloramphenicol towards
nZVI particles resulted in strong interactions. However, lake water might contain less ionic
species than synthetic wastewater but more than deionized water, resulting in moderate
reduction of chloramphenicol. Furthermore, control experiments in the absence of nZVI with

different water types showed that there was no loss of chloramphenicol. This indicated that
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there was no adsorption/accumulation of chloramphenicol by organics present in synthetic

wastewater.

105

(a)

—— Gymithetic wasewater (0.5 g L' nZvi)
e Syl washrwnter (1.0 g L RZVH)
—— Symitatic wastesmter (1.2 g L nZvi)
—— Laka waber (1.5 g L” nZvi)

e Lkt Wb (1.0 9 L° REVT)

g LalmlmHJgL'nZ\"I-'l

— — Dalonized woter (0.5 gL nZvn)
== Dainnzed waber (1.0 6L" AZVi)
— Dgianized waier (1.2 gL nZV)

n L] 1 L] T I L] L L
50 100 160 200 200 300 &30 #00

Tirma (min}

Th =

45 -

Remeval (%)

—— Hynihetio wasiremsr (0.6 g L nfvi-BGH

e Gyrthentic; wasieramter (1.0 g L nZV-MRC)

e Syl whskirveie (1.2 L7 fVI-ECH

—.— Laka e (1.5 g L nZVMBC)

—c— Lakn warier (1.0 g L ndiisC)

i Lk e 1.2 g L nE V-G

i gt eine] b (005 L SZVIEAC)

—o— Delonized wwier (1.0.g L nZVIBGC)

——= Dipnized waier (1.2 g L' nZVHBC)H

] T v T g T v T hd T v T v T ad T . T - T
1} 100 200 300 A0 500 GO0 a0 ] 200

Tima [min}

30

16

Figure 4.4.8: Percentage removal (+standard deviation) of chloramphenicol with time using
nZVI (a) and nZVI-fBC composite (b). The initial concentration of chloramphenicol was
3.10 M L', pH 4.0-4.5, 25 °C from different water matrices with different dosages of nZVI
and nZVI-fBC composite.

The rate constant (k, min™') for chloramphenicol reduction was calculated using
Ci/Co = ™™, where Co and Ct are chloramphenicol concentrations at time zero and any time,
respectively. From the beginning to 3 h, the reduction rate of chloramphenicol by nZVI was
fast possibly due to initial surface interactions [284]. The reduction nature of nZVI particles
became slow with increasing time due to surface passivation of nZVI particles by reacting with

surrounding environment. In terms of complete chloramphenicol reduction by nZVI particles,
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the reduction rate constant followed the order of deionized water < lake water < synthetic
wastewater (Table 4.4.5). The detailed mechanism of chloramphenicol reduction by nZVI is

presented in Section 4.4.3.5.

Table 4.4.5: Reduction kinetic parameters of chloramphenicol in different water types using nZVI.

Amount Synthetic wastewater Lake water Deionized water

(gL k(min?) ¥ k(min) > k(min) r?
0.50 0.0041 0.963 0.0037 0.953 0.0036 0.987
1.0 0.0127 0.990 0.0071 0.942 0.0071 0.980
1.2 0.0168 0.84 0.0132 0.950 0.0115 0.910

4.4.3.3. nZVI-fBC Application and Its Transformation to Magnetic-fBC Composite During

Chloramphenicol Removal

The nZVI-fBC composite showed simultaneous reduction and sorption in the 1% stage of
application. Sorption was dominant over reduction and followed an opposite trend of nZVlI i.e.
deionized water > lake surface water > synthetic wastewater (Figure 4.4.8b). As sorption was
dominant over reduction, hence different organic and inorganic species in lake water and
synthetic wastewater may interact with the fBC surface functional groups as well, competing
with chloramphenicol; thus more time was needed than by nZVI for the complete removal of
chloramphenicol. In the case of deionized water, there was no competitor of chloramphenicol,
hence, sorption was faster. Initially, fast reduction of chloramphenicol using nZVI-fBC was
observed by the loosely bonded surface nZVI following sorption by strongly bonded nZVI onto
biochar surface. A small portion of loosely bonded surface nZVI was released into the solution
during the application of nZVI-fBC composite in the 1% cycle. This was confirmed through the
analysis of iron concentration in the supernatant by MP-AES and percentage of iron content on
the nZVI-fBC surface by EDS. From these results, it was found that 0.15% of iron content was
lost from nZVI-fBC composite (initially 7.8%) and likely released into solution. The properties
of nZVI-fBC composite were the main reason to take additional time than nZVTI itself (~5-6 h,
reduction was faster than sorption) and nZVI-fBC to be transformed into magnetic-fBC
composite for complete removal of the same amount of chloramphenicol (Figure 4.4.8b).
Furthermore, in the 2™ cycle application of nZVI-fBC composite after transformation to
magnetic-fBC, chloramphenicol reduction was negligible. Additionally no iron content was

found in the solution. Thus the 2" to 7" stage applications of nZVI-fBC showed that only
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sorption was dominant indicating that nZVI-fBC was transformed into magnetic biochar
composite (i.e. nFe30s-fBC). Some reactions might happen during the application and

transformation of nZVI-fBC composite as proposed by Liu et al. [371]:

Fe’(in ZVI-fBC)+2H20—Fe**+H+20H" (4.4.3)
2Fe’+02+2H20—2Fe?*+40H" (4.4.4)
6Fe?"+02+6H20—2Fe304(s)+12H" (44.5)

FTIR spectra of nZVI-fBC after experiments shifted to lower absorbance peaks at
3400-3800 cm ™! (-OH/-OFe-), and at 1020 cm ™! (-COOH/-COOFe-) [244]. These might be
due to the partial release of loosely bonded iron (-OFe/-COOQOFe or loosely bonded ZVI) from
surface functional groups (-COOH/-OH) of fBC. Hence surface functional groups of fBC
became free and showed lower absorbance at different positions (Figure 4.4.6). EDS (Table
4.4.1) and MP-AES measurement already confirmed that after the 1% cycle application of
nZVI-fBC, iron was released into the solution. Thus, during the first cycle, nZVI-fBC showed
partial reduction followed by maximum sorption of chloramphenicol. As the sample was
exposed to air during measurement, dissolved oxygen could cause partial oxidation of nZVI in
nZVI-fBC composite forming iron oxygenated species (-COOFe-/-OFe/FeO/Fe203/Fe304)
during the tests (Figures 4.4.1d, 4.4.4b, and 4.4.7) [299, 372]. Raman spectra of nZVI-fBC
showed that band intensity ratio (/¢/Ip) increased after the application of nZVI-fBC composite
in the 1% cycle. This information clearly indicated that surface functional groups (C=0O and
C=C) in nZVI-fBC became free by participating in reduction process. Hence, surface ZVI
(loosely bonded) and —COOFe- or —O-Fe- lost their iron content for the reduction of
chloramphenicol due to the reaction with air (in particular dissolved oxygen). In addition, a
stable peak for magnetite Fe3Os at 673.3-685.2 cm ! remained the same after experiment.
From literature, it is found that the Raman spectra of fresh Fe3O4 showed peaks at ~300, ~532
and ~661 cm ' [367]. Our XRD and magnetization test results after reaction also indicated the
presence of magnetic Fe3Os particles on the composite (Figure 3a). Thereby, nZVI-fBC
composite was fully transformed into magnetic-fBC (Eqs. (4.4.4)—(4.4.6)). In addition, in
comparison with nZVI, nZVI-fBC composite material did not show any extra peaks like nZVI
indicating no FeOOH, Fe:0s3 i.e. hematite presence in the composite. However, C=0 groups
such as -COOH and —C=0 might still associate with iron in the form of -COOFe- and C=0O-
Fe-. On the other hand, XPS spectra of Ols showed that the peak intensity of metal in oxide

form (~530.6 eV), decreased to some extent which also indicated that loosely bonded iron took
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part in the reduction and stable metal oxide remained in the composite (Figures 4.4.4b, 4.4.4c,
4.4.7b and 4.4.7c). Moreover, Fe2p peak intensity also significantly decreased by forming
some stable iron oxide. According to Tian et al. [365], the peaks at ~530.6 eV (for Ols), ~711
(for 2p3/2) and ~725 eV (for 2p1/2) were found before and after application indicating the
presence of Fe2Os3/Fe304/Fe(OH)O in the composite (Figures 4.4.4 and 4.4.7). Besides,
Raman spectra only indicated the presence of Fe3O4 and Fe(OH)O in the composite materials.
Fe304 indicated the presence of magnetic particles in the composite while Fe(OH)O indicated
the presence of iron species by forming bonds with the functional groups of fBC. The results
showed that nZVI-fBC composite was transformed to stable magnetic (nFe3Os-fBC) composite

during the application in the 1% cycle.

4.4.3.4. Comparative Study among Biochar, fBC, nFe;04and nFe;04fBC for

Chloramphenicol Removal

Comparative study on the removal of chloramphenicol using biochar, nFe3Os-fBC, fBC and
nFe304 was conducted to assess the synergistic effect. The results showed that nFe3Oscould
remove only ~3.57% of chloramphenicol whereas biochar (eucalyptus biochar, 2.0 g L")
showed 57.5% removal (after 3 days of interactions). On the other hand, fBC and nFe3O4-fBC
showed 100% removal. In addition, the sorption isotherm study showed that the maximum
Langmuir sorption capacities were 258.95 uM g ! and 406.77 uM g, respectively for fBC
and nFe304-fBC composite. The results indicated that transformed magnetic composite
(nFe304-fBC) had synergistic effect with an increased sorption capacity of ~57% than fBC
alone (Figure 4.4.9 and Table 4.4.6).
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Figure 4.4.9: Sorption of chloramphenicol by fBC and Fe304-fBC composite with the
Freundlich and Langmuir model fit.

Table 4.4.6: The Freundlich and Langmuir isotherm parameters for the sorption of
chloramphenicol using fBC and Fe304-fBC.

Biochar Langmuir isotherm Freundlich isotherm

Omax K 12 Kr n r?
fBC 258.95+9.52 0.110+0.02 0.991 61.25+15.0 3.33+0.67 0.909
Fe;04-fBC 406.77+£30.35 0.095+.026 0.968 84.26+18.2 3.04+0.50 0.940

4.4.3.5. Chloramphenicol Reduction Mechanisms and By-Products

Fresh nZVI showed bands at 215.7, 278, 392, 483, 590 and 1282.5 cm!. The intensity of most
of these peaks decreased significantly after reduction [284]. nZVI (nFe®) showed maximum
peak at ~1283 cm ! and the peak intensity significantly decreased and slightly shifted to
1331.7 cm ™! at the end of the experiments. The result from the Raman spectra clearly indicated
that nZ VI particles took part in the reduction processes and peak intensity reduced significantly

at different points (Figure 4.4.5). Hematite (agglomerate particles), FEOOH and free nFe® took

212


https://www.sciencedirect.com/science/article/pii/S1385894717306071#f0015

part in the reduction process, and the peak intensity was reduced significantly. This was also

confirmed by the final solution pH being increased to ~8.6 from initial 4.0—4.5.

Fe’+H>0O—Fe?"+H2+OH" (4.4.6)
Fe’+R-Cl+H"—Fe**+R-H+CI (4.4.7)
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Figure 4.4.10: Proposed reduction and dechlorination mechanisms for the removal of
chloramphenicol from water and wastewater.

Again, when chloramphenicol interacted with nZVI and nZVI-fBC (1% cycle), the
amino group was formed rapidly by reducing nitro group due to release of electrons by nFe’ and
oxidized in the presence of water or dissolved oxygen (reaction 4.4.6) [373, 374]. Some of
the additional intermediates were quickly produced during reduction of nitro groups turned into
firstly, nitroso (NO), secondly, hydroxylamino (HOAM) and thirdly, amine (AMCI2) products
of chloramphenicol (Figure 4.4.10). In the second stage of reduction and dechlorination,
AMCI2 was transformed into two by-products namely 2-chloro-N-[1,3-dihydroxy-1-(4-
aminophenyl)propan-2-ylJacetamide (1% product m/z 257) and dechlorinated N-[1,3-
dihydroxy-1-(4-aminophenyl)propan-2-yl]acetamide (2" product m/z 223) (Reaction
4.4.7, Figures 4.4.11, 4.4.12 and 4.4.13). The identification of by-products was confirmed
using LC-MS-QTOF. During the first cycle application of nZVI-{BC, it was found that the loss
of chloramphenicol was mostly due to reduction within first few hours and later stages once
the surface of nZVI-fBC was transformed, the decrease in chloramphenicol concentration was

mainly due to sorption onto nZVI-fBC surface. Moreover, negligible quantities of reduced
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products were detected in the solution after 18 h application of nZVI-fBC indicating that these
by-products could have been sorbed by nFe304-fBC composite (Figure 4.4.13). Furthermore,
the 2™cycle experiment showed minor reduction of chloramphenicol indicating that nZVI-fBC

surface had been transformed to nFe3Os-fBC composite which gained only sorption properties
(Figure 4.4.14).

4.0x10° - .
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7 ] \ N | |
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Figure 4.4.11: Reduced products of chloramphenicol as identified by LC-MS/QTOF from

deionized water, synthetic wastewater and lake water using nZVI only (sample collected after
8 h).
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Figure 4.4.12: Chloramphenicol transformation by-products identified by their retention times (2.1 min, 2.7 min)
in LC and mass spectra by LC-MS/QTOF from deionized water (a) and lake water (b) using nZVI only (sample
collected after 8 h). LC-MS/QTOF method run for 13 min and data plotted up to 5 min.
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Figure 4.4.13: Chloramphenicol transformation products highlighted by their retention times after 10 min (a),
30 min (b), 150 min (c), and 12 h (d) using nZVI-fBC in synthetic wastewater during the 1% cycle application.

LC-MS/QTOF method run for 13

min and data plotted up to 5 min.
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Figure 4.4.14: The 2™ cycle application of nZVI-fBC (nZVI-fBC transformed to nFe30s-fBC)
for the removal of chloramphenicol from synthetic wastewater. Small fraction of reduced
product indicates that sorption was dominating in the 2" and subsequent cycles.

4.4.3.6. Mechanism of Chloramphenicol Sorption by nZVI-fBC and nFe3;04fBC Composite
at pH 4.0-4.5

The removal ability of chloramphenicol by nZVI-fBC composite can be considered as two
processes namely sorption (by both magnetic iron oxide and fBC) and reduction (by surface
nZVI). The reduction mechanism has already been discussed in Section 4.4.3.5.
Chloramphenicol has hydrogen bond donors and acceptors groups according to its chemical
structure. The application of nZVI-fBC composite was conducted at pH around 4.0-4.5 and
the sorption mechanism can be discussed below. FTIR, Raman spectra, XPS and EDS analysis
of nZVI-fBC confirmed the presence of different free functional groups (e.g. C=C, _
COOH, __OH and =n-1*) and iron particles (such as BC-COO-Fe-OOC-BC, BC-O-Fe-O-BC,
fBC-iron/iron oxide) (Figures 4.4.4, 4.4.5, 4.4.6 and 4.4.7). Chloramphenicol is non-ionisable
compound and hydrolysis does not occur at pH 2—7 [358]. Thus, in the pH range of 4.0-4.5,
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proton exchange with water molecules is unfavorable
(chloramphenicol + H20 + fBC = Chloramphenicol” ...fBC + OH") [244]. Generally, any
carbonaceous surface -COOH group has pK, value of ~3.0-5.0[59, 351] and chloramphenicol
has a pK. value of ~5.5. So chloramphenicol could form hydrogen bonds at pH below 5.5
among fBC surface free functional groups (mostly -COOH) and nitro group present in
chloramphenicol. This kind of chemical bonds are called charge assisted hydrogen bond
(CAHB) (chloramphenicol-NOz ----- HOOC- BC). Hydrogen bonds between surface
carboxylic groups of fBC and hydroxyl groups in chloramphenicol also played a major role for
the maximum sorption at this pH (chloramphenicol-OH-----HOOC-fBC). Strong electron
donor-acceptor (EDA) interactions were favourable at the pH range 4.0-4.5 [21]. fBC surface
is abundant with C=C aromatic carbon along with -OH groups (arene-OH) which can act as a
n-electron donor (arene units as O due to resonance effect of -OH groups), while
chloramphenicol has nitro groups in its arene units which can act as n-electron acceptors (arene
unit as &' site in chloramphenicol due to resonance effect in the presence of sorbent) due to
stronger EDA interactions (Figure 4.4.15). Electron-acceptor-acceptor (EAA) interaction
might also be possible between fBC surface free C=0 groups (BC-C=0) and chloramphenicol
arene units at this pH range although such interactions may not be strong. EAA interactions
for -COOH/-COOQFe- groups in fBC may not occur within this pH range as -COOH takes part
in CAHB formation. Additionally, CAHB formation with surface hydroxyl groups (pK. > 7.5)
of biochar was not possible due to higher pK. value. Moreover, based on Raman spectra, it was
found that the G and D band peak intensity ratio (Ic/Ip) significantly decreased after sorption
(Figure 4.4.5). This clearly indicated strong interaction among surface functional groups and
chloramphenicol molecules. FTIR peak shifted to a point where C=0 (~1720 cm™") or -COOH
functional groups (~1028 cm™") as well as -OH groups (3600-3800 cm™") locate due to the
sorption of chloramphenicol onto biochar surfaces (Figure 4.4.6) [55]. Thus, maximum
sorption of chloramphenicol in this pH range was due to formation of CAHB and weak
hydrogen bonds along with stronger EDA and EAA interactions in fBC surface free functional
groups.

In addition, nZVI-fBC surface contains iron species in different forms such as BC-
COO-Fe-O0OC-BC, BC-0O-Fe-O-BC and fBC-iron oxide particles. After application in the
1* stage, Ic/Ip ratio increased compared to initial nZVI-fBC implied that fBC functional groups
became free and the intensity ratio increased (Figure 4.4.5). XPS Ols spectra also indicated

that stable magnetic Fe3O4 produced during the 1% cycle of application (Figure 4.4.7). The
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results clearly implied that functional groups (-COOH/-OH/C=0) of fBC were distributed
through different iron species on nZVI-fBC surface. Thus, sorption was fast through quick
interaction of iron containing functional groups with nitro and hydroxyl functional groups of
chloramphenicol. The formation of these bonds was stronger and faster compared to CAHB
due to higher electron affinity of iron or iron oxides or, cation exchange capacity of iron
towards chloramphenicol than carboxylic group hydrogen on biochar surface. Hence, sorption
using nZVI-fBC required less time (~12—15 h) for the complete removal of the same amount
of chloramphenicol. Separate experiments on the sorption of chloramphenicol using only fBC
found that it took over 24 h for the complete sorption of the same amount of chloramphenicol
at the same conditions. Further applications of this composite fully turned it into a stable
magnetic-fBC composite, and sorption was accelerated due to formation of iron-oxide complex
with chloramphenicol:

BC-COOFe-/-OFe- or, fBC-iron oxide = fBC-iron-oxygen complex (—NO2 in
chloramphenicol) or, BC-iron-hydroxyl complex (~OH in chloramphenicol) (4.4.8)

4.4.3.7. Percentage Sorption and Reduction of Chloramphenicol and Reusability of the

Materials

The amount of reduction and sorption of chloramphenicol using nZVI-fBC composite was
calculated, with ~28% reduction and ~70% sorption for deionized water, ~32.5% reduction
and ~67.5% sorption for synthetic wastewater, and ~31% reduction and ~69% sorption for
lake water, respectively (Figure 4.4.16a). The results clearly indicated that nZVI-fBC
composite had simultaneous sorption and reduction capability. After 2™ cycle application of
nFe304-fBC composite (nZVI-fBC transformed to nFe304-fBC), desorption amount increased
significantly up to ~91.5%, ~90.9% and ~88.2% for deionized water, synthetic wastewater
and lake water, respectively. These values confirmed that the application of nFe3O04-fBC
composite from 2" cycle onwards was solely due to sorption process (Figure 4.4.16).
Therefore, the reductive nature of nZVI-fBC composite was fully turned into sorptive nature
from the transformation of nZVI-fBC to nFe30s-fBC composite. Further sorption/desorption
experiments confirmed that the nFe3Os-fBC composite can be regenerated thermally in a
repetitive manner up to six cycles, and can maintain excellent reusability with ~100%

chloramphenicol removal up to > 7 cycles of applications (Figure 4.4.16b).
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Figure 4.4.15: Chloramphenicol sorption mechanisms at pH 4.0-4.5.
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Figure 4.4.16: Percentage of sorption and reduction (cumulative basis, after excluding the
amount of recoverable chloramphenicol) using nZVI-fBC composite (in the 1% cycle) followed
by sorption only onto nFe304-fBC composite (a). Reusability of nFe304-fBC composite for the
repetitive applications (up to 71 cycle) for the removal of chloramphenicol (3.10 pM L initial
concentration) at pH 4.0—4.5, 25 °C from different water (b).
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4.4.3.8. Application of nFe3;04fBC Composite to Remove Methylene Blue

After six cycles of application for the removal of chloramphenicol, the nFe304-fBC composite
was used for the sorption of methylene blue. The results indicated that the magnetic composite
took ~90 min, ~140 min and ~210 min for the complete removal of 2.5, 5.0 and
10.0 mg L™! methylene blue, respectively. In addition, the maximum Langmuir sorption
capacity of nFe3O4-fBC composite for sorption of methylene blue was found to be
285.25 mg g ! with high 72 (0.981). Maximum Freundlich sorption constant value was found
to be 82.06 mg' ™ L" ¢! (Figures 4.4.17 and 4.4.18). The sorption capacity was higher than
reported values of 64.7-270 mg g~ ' using different carbon materials such as activated carbon,
graphene and carbon nanotube [375-377]. Thus, nFe30s-fBC composite showed high sorption

capability of methylene blue even after six cycles of application in chloramphenicol removal.
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Figure 4.4.17: Sorption of methylene blue by nFe304-fBC with the Langmuir and Freundlich
model fit.
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Figure 4.4.18: Use of a magnet bar to demonstrate easy separation of nFe3;Os-fBC

composite after experiments.

4.4.4. Concluding Remarks
The interactions of nZVI and nZVI-fBC composite with chloramphenicol were very effective

even in different water types. nZVI showed fast reduction capability. Although successfully
immobilized, the nZVI-fBC composite quickly changed into magnetic-biochar composite
(nFe304-fBC) during the 1% stage of application, within a few hours, possessing simultaneous
reduction (29-32.5%) and sorption (67.5-70.5%) capabilities. Further interactions leading to
sorptive behavior of newly formed nFe3O04-fBC composite and sorption had accelerated to next
stage of applications with synergistic effect for chloramphenicol than fBC only. The removal
of chloramphenicol was almost similar with different water types. Thermal regeneration of the
magnetic composite showed excellent performance up to seven cycles, which can further
remove methylene blue subsequently. Therefore, the results demonstrate further research is
needed on nZVI immobilization onto biochar due to the instability of the immobilized nZVI-
fBC composite. Overall, the transformed magnetized composite can serve as a powerful
sorbent for chloramphenicol, methylene blue and other similar organic contaminants from

water and wastewater.
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CHAPTER FIVE: ENDOCRINE DISRUPTORS REMOVAL BY
FUNCTIONALIZED BIOCHAR: MECHANISMS AND
APPLICATIONS IN WASTEWATER TREATMENT

5.1. Sorptive Removal of Phenolic Endocrine Disruptors by Functionalized
Biochar: Competitive Interaction Mechanism, Removal Efficacy and

Application in Wastewater

5.1.1. Introduction

EDCs can cause adverse effects due to exogenous endocrine disruption in the reproductive,
sexual differentiation, neurological and immune systems even at low concentrations (ng L™ to
ug L), and have attracted increasing attention [27, 43]. Phenolic structure based compounds
such as the natural estrogens 17B-estradiol (E2), estriol (E3) and estrone (E1), synthetic
estrogen 17a-ethynylestradiol (EE2), and industrial compounds such as octylphenol,
nonylphenol, 4-tert-butyl phenol (4/BP) and bisphenol A (BPA), are the most potent EDCs.
EDCs are poorly removed in sewage treatment plants [26, 28, 43, 44] and are a primary source
of their discharge and occurrence in surface water, groundwater, seawater and sediment [26,
45]. EDCs are relatively hydrophobic organic compounds according to their octanol-water
partition coefficient (Kow) values and have only one pK, value. The chemical structures and
physicochemical properties of the EDCs are shown in Figure 2.2 and Table 2.2, respectively.

Many separation processes such as coagulation, flocculation and precipitation have
been used for the removal of EDCs from different water [28, 44]. Conventional biological
processes such as activated sludge, constructed wetlands, bio-filtration have shown limited
removal of EDCs [28, 44], while advanced treatment processes such as granular activated
carbon, photolysis, photocatalysis, ferrate [26] free radical oxidation, Fenton oxidation,
sonolysis, membrane separation, chlorination and ozonation have shown more satisfying
results [28, 34, 44, 46]. Some hybrid systems such as membrane bioreactor (MBR) followed
by ultrafiltration/nanofiltration/reverse osmosis, flocculation followed by activated sludge and
ultrafiltration can also remove EDCs efficiently from water and wastewater [44, 47]. However,
a major problem of hybrid systems is the high capital investment and operation cost. Physical
separation processes such as activated carbon adsorption, membrane filtration and ion
exchange usually show superior removal efficiencies of the EDC [29, 48]. Adsorption of EDCs

on carbonaceous materials has been studied using activated carbon [49-51] black carbon,
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single- or multi-walled carbon nanotubes (SWCNT, MWCNT) [52, 53] and biochar [26, 54,
55]. Biochar is a low-cost sorbent for the efficient removal of many hydrophilic and
hydrophobic organic contaminants [56, 57]. Sorption of EDCs has also been studied using
alumina, silica and hydrophobic medium [58].

So far, the sorption of EDCs has been studied using single compound, although there
are reports on using membrane-based processes for mixture removal. Although carbonaceous
materials such as CNT, graphene, activated carbon and biochar may have natural properties to
sorb different organic contaminants simultaneously from water, such data, especially on EDCs,
is scarce. Little is known about their sorptive behaviour, mechanism, affinities and distribution
coefficient in the competitive mode using carbonaceous materials. Therefore, this study was
focused on the competitive removal of six EDCs namely E1, E2, E3, EE2, BPA and 4/BP using
functionalized biochar (fBC). The objectives were to study (i) the competitive sorption of
EDCs using fBC, [92] the detailed mechanism of EDCs’ sorption, (iii) the trend of EDCs’
removal by fBC, and (iv) the removal efficiency of EDCs from synthetic wastewater and MBR

sewage effluent for practical applications.

5.1.2. Experimental

5.1.2.1. Chemicals and fBC Sorbent

E1 (99%), E2 (>98%), E3 (>97%), EE2 (98%), BPA (99%), and 4/BP (99%), and organic
solvents such as methanol, acetonitrile of HPLC grade were purchased from Sigma-Aldrich,
Australia. Formic acid was of 99.9% purity. Potassium chloride (>99.0%) and sodium chloride
(>299.5%) were of analytical grade. Eucalyptus globulus was donated by New Forest Asset
Management Pty Ltd, Portland, Victoria, Australia.

First 30 g of Eucalyptus globulus wood particles (0.425—1.00 mm size) were pyrolyzed
to obtain biochar at 400 °C under flowing nitrogen at 2.5 psi for 2 h. The biochar yield was
34.0-35.0%. The activation of biochar was carried out following a method described
previously [244]. Briefly, biochar was activated by soaking in 50% orthophosphoric acid
(oH3POs4) with the impregnation ratio 1:1 (w/v, taking oH3PO4 as 100%) for 3 h at 50 °C
followed by heating at 600 °C for another 2 h. Prepared material was cooled in the reactor,
washed several times with distilled water, and the pH was adjusted to ~7, followed by drying
overnight at 100 °C. After activation, ~15-20% weight loss (activated burn off) was observed.
The average particle size of activated biochar was in the range 75-600 um. As the activated

biochar was enriched with different functional groups such as -COOH, -OH, C=0 and C=C on
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its surface, (based on X-ray Photoelectron Spectroscopy (XPS) characterization) the prepared

activated biochar was termed as fBC-2.

5.1.2.2. EDCs Sorption on fBC-2 in Different Water

Competitive sorption experiments of EDCs on fBC-2 were conducted in 50 mL glass vials with
Teflon-lined screw caps at 25 °C in duplicate. EDCs were dissolved in methanol to prepare the
stock solution of 1.0 g L™!. The final methanol content in the sorption system was <0.5% (v/v)
to avoid the co-solvent effect. To study the effect of pH, the interaction of pre-equilibrated
fBC-2 (20 mL of solution at the same solution pH) with EDC mixture in solution (25 mL) was
carried out at different pH values (1.86, 3.1, 4.0, 5.1, 5.96, 7.85, 9.0 and 10.85) for 42 h at
25°C. The initial concentration of each EDC in the mixture was adjusted to ~500 ug L".
Competitive sorption isotherm and kinetics experiments of EDCs in duplicate were also
performed on an orbital shaker at 110 rpm, 25 °C for 48 h at pH ~ 3.0-3.25. Constant ionic
strength was maintained using 0.01 M NaCl. The solid phase sorption (gs, g g ') and sorption
distribution coefficient (K4, L kg™') were calculated. The initial concentrations of each EDC
were in the range ~250ugL'to ~3000pugL'in the mixture solution. The control
experiments without sorbents were also performed. The sorbent dosage was selected for 15—
95% sorption of each EDC at different concentrations. After equilibrium, the pH was measured,
and the solution was filtered through a 0.2 um PTFE filter and analyzed by high-performance
liquid chromatography (HPLC). Raw biochar showed low removal efficiency. Hence, the
discussion on the results obtained with unmodified biochar is not presented here.

The removal of EDCs spiked to synthetic wastewater, and MBR effluent (collected
from Central Park, Sydney, Australia) were also studied. The chemical composition of
synthetic wastewater is as follows: peptone (2.37 mg L™!), beef extract (1.8 mg L"), humic acid
(4.2mgL™"), tannic acid (4.2mgL™"), sodium lignin sulphonate (2.4mgL™"), Na-lauryl
sulphate (0.94 mg L"), acacia gum powder (4.37 mg L"), arabic acid (5.0 mg L™!), ammonium
sulphate (7.1 mgL™"), KoHPO4 (7.0mgL™") and MgSO4-3H20 (0.71 mgL™") [378]. MBR
effluent was filtered (1.2 um) before being stored at 4 °C. MBR effluent and synthetic
wastewaters were spiked with ~500 pg L'of each EDC in the mixture before interaction with
fBC-2 for 44—64h at pH 3.0-3.25, (maximum sorption-based on the pH study) at 25 °C.
Different dosages of fBC-2 were used to study the removal of EDCs in competitive mode. The
concentrations of the target EDCs in the MBR effluent were lower than the limit of detection

(LOD). Hence EDCs were spiked to MBR effluent. Synthetic wastewater and MBR effluent
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were used to examine the effect of different constitutes (organics and inorganics) present in
these waters, on the removal of EDCs. The physicochemical properties of MBR sewage

effluent and synthetic wastewater are listed in Table 5.1.1.

Table 5.1.1: Physicochemical characteristics of synthetic wastewater and MBR sewage
effluent.

Parameter Synthetic wastewater MBR effluent
pH 7.41 7.55
Conductivity (uS cm™) 56.3 621.0
Dissolved organic carbon, DOC (mg L") 5.4 8.0
Inorganic carbon (mg L) 3.71 39.23
Turbidity (NTU) 1.79 0.40
UVass (cm!) 0.325 0.191
Alkalinity (mg CaCO; L) 6.0 27.5
Chemical oxygen demand, COD (mg L) 23.6 26.2
Dissolved oxygen, DO (mg L) 8.5 52
CI' (mg L) 1.47 32.68
Br (mg L") 0.65 0.54
NOs; (mg L) 0.34 35.30
NO; (mg L) 0.04 0
POs* (as P) (mg L) 3.82 0.21
SO (mg L) 6.95 33.03
Na" (mg L) 3.04 103.88
K" (mgL™) 2.25 21.82
Ca?" (mg L) 0.18 19.99
Mg*" (mg L) 0.15 4.95
Fe¥* (mg L) 0.08 0.10
AP (mg L") 0 0.05
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Table 5.1.2: Limit of detection (LOD) of EDCs by HPLC equipped with UV and
fluorescence detectors.

EDC LOD Detector
(ng L)

E3 3.33 Fluorescence detector
BPA 6.97 Fluorescence detector
4TBP 6.65 Fluorescence detector
E2 4.60 Fluorescence detector
El 25.80 UV detector

EE2 3.80 Fluorescence detector

5.1.2.3. Characterization of fBC-2

Microscopic analysis of fBC-2 before and after EDC sorption was carried out using scanning
electron microscope (SEM) (Zeiss Evo-SEM). Brunauer-Emmett-Teller [127] nitrogen
adsorption-desorption isotherms and Barrett-Joyner-Halenda (BJH) method were used to
calculate specific surface area and the porosity of fBC-2 using a Micromeritics 3 FlexTM
surface characterization analyzer at 77 K. The bulk elemental analysis (C, H, O, N, P) of {BC-
2 was determined using Oxford energy dispersive X-ray spectroscopy (EDS) and XPS (Thermo
Scientific, UK). A Renishaw inVia Raman spectrometer (Gloucestershire, UK) equipped with
a Leica DMLB microscope (Wetzlar, Germany) and a 17 mW Renishaw helium-neon laser
source at 633 nm (with 50% of the laser intensity) with CCD array detector was used for Raman
spectroscopy. The fBC-2 was added to 0.01 M KClI solution at eight different pH values for

46 h to measure its zeta potential (Nano-ZS, Malvern).

5.1.2.4. Analyses of EDCs

EDCs were analyzed by HPLC with an auto-sampler and a reverse-phase Zorbax Bonus RP
Ciscolumn (5.0 um, 2.1 x 1.50 mm, Agilent Technologies), with an injection volume of
100 uL. Mobile phase “A” was composed of acetonitrile and formic acid (99.9: 0.1) while
mobile phase “B” consisted of Milli-Q water and formic acid (99.9: 0.1). The elution used 40%
of “A” and 60% of “B” at a flow rate of 0.4 mL min~!, which was changed to 0.3 mL min ™! at
0.1 min and maintained until 9.0 min. After 9min, the flow rate was changed to

0.2 mL min~' and maintained up to 24 min. EDCs were analyzed with a UV detector at 285 nm

228



and a fluorescence detector at 280 nm (excitation wavelength) and 310 nm (excitation
wavelength). Fluorescence and UV wavelength were kept unchanged throughout the analysis.

The method LOD for each EDC is given in Table 5.1.2.

5.1.2.5. Modelling of Sorption Kinetics, Thermodynamics and Isotherms

The sorption data were fitted to four kinetic models, namely pseudo first-order (PFO), pseudo
second-order [306], the Weber—Morris intra-particle diffusion model [17] and the external

mass transfer models as follow:

PFO: q; = q,(1 — e K1t) (5.1.1)
. _ Koq3t
PSO: g, = 1, 20r (5.1.2)
1
IDM: q, = K;tz + C (5.1.3)
d(Ce/C,
[FEEe)), o = —BS (5.1.4)

where K is the apparent diffusion rate constant (g ug ! min ?), ¢: (ug g ') is the sorbed mass
at time t, gs (ugg ') is the equilibrium sorbent mass, K; (min"!) is the PFO kinetic rate
constant, K> (ug g ' min!) is the PSO kinetic rate constant, and C is a constant (ug g!) that
provides the thickness of the boundary layer [244]. Coand C:(ugL™') represent the
concentrations of EDCs in solution at the beginning and at time ¢, respectively, # (cm min ') is
the external mass transfer coefficient, and S (cm ) is the specific surface of fBC-2 for external
mass transfer. the S value was calculated from the slope of the C+/Co versus ¢ plot [28].
Gibbs free energy (AG®, kJ mol™") of EDCs sorption onto fBC-2 at 25 °C was estimated with
different concentrations using Eq. (5.1.5) [28]:

AG® = —RT InKj, (5.1.5)
where K4(L kg!) is the apparent individual sorption distribution coefficient and can be defined
by the ratio of sorbed EDC concentration (gs, pg g™') to aqueous EDC concentration (Cw, pg L
1, using Eq. 5.1.6:

_ ds __ Co—Cw\ V
Kq = 1000 x £ = 1000 x (C—)— (5.1.6)

w w M
where V(L) is the solution volume, and M (g) is the sorbent mass.
The sorption data were also fitted to the Langmuir isotherm model which is represented below
[378]:

Langmuir model: g5 = % (5.1.7)
Ltw
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where gmar is the maximum adsorption capacity (ug g') and K; is the Langmuir fitting
parameter (L pg™). Parameters were estimated by nonlinear regression weighted by the
dependent variable.

The sorption data obtained were used to calculate the total competitive sorption capacities using
summarized Langmuir sorption (Egs. (5.1.8) and (5.1.9)). Since all the competitive solutes
interact and compete for the same sorption sites in fBC-2, the overall maximum sorption
capacity of fBC-2 can be estimated by the additive contribution of each EDC’s maximum
sorption capacity [244]. The combined Langmuir model for six EDCs in competitive

mode can be written as:

q — Amax1KL1Cs1 Amax2K12Cs2 Amax3KL3Cs3 Amax4KL4Css AmaxsKL5Css Amax6KL6Cse (5 1 8)
total 14+K11Csq 14K 5Cs2 14K 3Cs3 14+K14Css 1+K15Css 1+K16Cse T
Qmax.(total) = Qmax1 + Qmax2 + Qmax3 + Amaxa + Qmaxs + Amaxé (519)

where gmax1,qmax2, qmax3, qmax4,qmaxs and gmaxe are the maximum Langmuir sorption capacity for
El, E2, E3, EE2, BPA and 4/BP, respectively. gmax.(total) 1S the total maximum Langmuir
sorption capacity of the fBC-2 for EDC mixtures, estimated by the summation of individual

EDC’s maximum sorption capacities.

5.1.3. Results and Discussion

5.1.3.1. Characterization of fBC-2 and EDCs

The structure of the carbon network in fBC-2 was analyzed by SEM, BET, XPS, FTIR and
Raman spectra. SEM images of fBC-2 after sorption experiments showed the development of

flakes like structure on the fBC-2 surface (Figure 5.1.1).

Figure 5.1.1: SEM image of fBC before (a) and after (b) sorption of EDCs.
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Figure 5.1.2a represents the nitrogen adsorption-desorption isotherm plot of fBC-2.
This clearly indicates that isotherm plot was found to be type II isotherm. This isotherm
features Na2-uptake increment up to a relative pressure of 0.5 then slightly reduced followed by
an increment of N2 adsorption (relative pressure up to 1.0) to reach a plateau. This result
suggested the existence of mesopore (2—50 nm) and macrospore (>50 nm) structure of fBC-2
and the isotherm indicate unrestricted monolayer-multilayer adsorption [379, 380]. More
clearly, the arrow (Figure 5.1.2a) point, the beginning of the most linear middle section of the
isotherm indicating the point at which monolayer coverage is complete and multilayer
adsorption is about to begin. On the other hand, Figure 5.1.2b shows the presence of
mesopores (~2-50 nm) in fBC-2 core structure which has been calculated from the adsorption
branch of the isotherm by the BJH method [381]. Thus, the fBC-2 mostly contained meso and
macroporous structures and tis indicated that the activation method did not lead to the
development of microporous (<2.0 nm) structures. Also, BET and Langmuir surface area were
found to be 1.18 and 8.22m?g !, respectively which was much lower than the reported
values [382]. The BJH adsorption cumulative surface area of pores was also found to be
1.37 m?g ™! and Dubinin-Astakov micropore surface area was found to be 0.52 m?> g”' (Table

5.1.3).

Table 5.1.3: Summary of BET and BJH physical parameters for {BC-2.

Parameter Value

Single point surface area at P/Po = 0.30 1.05m? g'!
BET Surface Area 1.18 m? ¢!
Langmuir Surface Area 8.22m* g’
t-Plot Micropore Area 1.84 m* !
t-Plot External Surface Area 1.84 m? g’!

BJH Adsorption cumulative surface area of pores between 17 A
and 3000 A diameter 1.37m2 g’
BJH Desorption cumulative surface area of pores between 17 A
and 3000 A diameter 1.54m2 g’

Pore Volume
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BJH Adsorption cumulative volume of pores between 17 A and 2.74 cm® kg!
3000 A diameter

BJH Desorption cumulative volume of pores

between 17 A and 3000 A diameter 2.55 cm?® g’!

Dubinin-Astakov

Micropore surface area 0.52 m? g'!
Limiting micropore volume 0.24 cm® kg!
Pore Size

BJH Adsorption average pore diameter (4V/A) 79.69 A i.e. 7.97 nm
BJH Desorption average pore diameter (4V/A) 66.20 A i.e. 6.62 nm
D-H Adsorption average pore diameter (4V/A) 75.69 Aie. 7.57 nm
D-H Desorption average pore diameter (4V/A) 68.603 A i.e. 6.86 nm
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Figure 5.1.2: Nitrogen adsorption—desorption isotherm for fBC-2: Barret-Joyner-Halenda
(BJH) surface/volume mesopore analysis (a), and cumulative pore size distribution (b).

The Raman spectroscopy on fBC-2 showed two characteristic peaks at 1341 and
1588 cm ™! (Figure 5.1.3), which correspond to the D-band (disordered structure) and G-band
(graphitic structures) of sp’-type carbon present in fBC-2[244, 344]. The relative band
intensity ratio (/¢/Ip) is 1.04 (>1), demonstrated the functionalization in fBC-2. It is important
to note that Raman spectra of fBC-2 featured a strong D-band, which illustrated a slightly more
amorphous character (disordered) of the carbon in fBC-2 owing to more oxygenated functional
groups on its structure as functionalization of biochar was carried out using acid. D-band
surface defect was possible by the introduction of other elements onto carbon structure during
fBC-2 preparation.
XPS results indicated that fBC-2 was rich in different functional groups especially —-C=C-, -
C=0 and —O-C=0 [383]. Carbon (Cls) spectra of fBC-2 showed that fBC-2 surface was
composed of aromatic carbon mostly —C=C- (284.8 ¢V) due to long chain arene unit, -C=0

(286.3eV), -C=0 (287.8 eV), -COOH (289 eV) and n-n* (292.35 V) due to functional groups
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(Figure 5.1.4a). Also, fBC-2 surface contained oxygenated and phosphorous-based functional
groups/complexes. Ols spectra showed that oxygen content was mostly in the form of organic
carbon (at 533.3 and 531.62 eV) (Figure 5.1.4b) [384]. The P2p XPS spectrum of fBC-2
showed a peak at 133.79 eV in the form pentavalent tetra coordinated phosphorus (PO4 i.e. C-
0O-PO3), as in polyphosphates and/or phosphates (Figure 5.1.4¢) [385]. The survey peaks
showed the same results (Figure 5.1.4d). The elemental composition of fBC-2 was found to

be 81.76% C, 13.32% O, 0.8% N and 2.3% P from XPS.
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Figure 5.1.3: Raman spectra for fBC-2 before and after sorption experiments. Raman shifts
measurement was carried out using Renishaw inVia Raman spectrometer equipped with a
17 mW Renishaw Helium-Neon Laser 633 nm and CCD array detector at 50% laser intensity.
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Figure 5.1.4: XPS analysis of fBC-2. Spectra were obtained by plotting counts against
binding energy in a wide scan for Cls (a), Ols (b), P 2p(c) and overall survey (d).

5.1.3.2. Effect of pH on Competitive Sorption of EDCs

The effect of pH for competitive EDCs’ sorption against the solid-phase concentration of each
EDC is shown in Figure 5.1.5a. The sorption of individual EDC by fBC-2 was highly pH
dependent and was found to be moderate at very low pH ~ 1.85 (where fBC-2 became
positive). At this pH, gs values of all EDCs were found to be low, which might be due to the
repulsion between the positively charged fBC-2 (zeta potential value was positive) and
protonated EDCs (Figure 5.1.5b). However, the EDC sorption at this pH might be due to the
electron-donor—acceptor (EDA) interactions between oppositely charged arene units. Increase
in pH from 1.85 to 3.5 increased the sorption capacity significantly. The gmaxvalues of
individual EDCs were ~4110, ~3356, ~3333, ~3350, ~2765 and ~2725 ng g 'for E1, E2,
EE2, BPA, 4tBP and E3, respectively. The maximum sorption of EDCs could be due to EDA
interactions along with strong hydrogen bonds formation [302, 378]. Further increase in pH
from 3.5 to pH 5.0 led to a significant reduction of the sorption of each EDC. However, when
pH was increased above 5.0, another high gs value for EDC was observed at pH near 8.0. This
was due to pK, values (pH = pK. + log[salt/acid]) of each EDC and surface hydroxyl groups on
fBC-2, which were responsible for the formation of strong hydrogen bonds together with EDA

interactions with the fBC-2 surface functional groups. Further pH increases up to 10.85 caused
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a decrease of gs value of each EDC because of the highly repulsion between the negatively
charged fBC-2 and the EDCs. Hydrogen bond formations, as well as EDA interactions, were
not strong as solution pH was above the pKavalues of the EDCs. The E1 sorption was the
highest among the EDCs studied. This was mainly due to the presence of C=0 functional group
on its structure which might help in EDA interactions. Thus, qmax values for all EDCs in
mixture mode were obtained at pH 3.0-3.5 where significant EDC interactions with fBC-2

occurred. Detailed sorption mechanism at different pH is discussed in Section 5.1.3.5.
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Figure 5.1.5: Effect of pH on solid phase concentration (ug g ') during EDCs sorption in
competitive mode using fBC-2 at a dosage of 80 mg L ™! at 25 °C (a). Zeta potential values of
fBC-2 using 0.01 M KClI solution at different pH with fBC-2 dosage of 400 mg L' together
with initial and equilibrium pH values (b).
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5.1.3.3. EDC Sorption Kinetics

The kinetics of the competitive sorption of EDCs onto fBC-2 is shown in Figure 5.1.6, with
the apparent adsorption equilibrium reaching within ~42h. Based on linear regression
coefficient, the PSO model adequately described the kinetic data at 95% confidence level,
compared to PFO kinetic model (data not tabulated for PFO model). From the PSO model,
the gs values were found to be 7642, 5439, 4403, 5469, 4749 and 4431 pg g ! for E1, E2, E3,
EE2, BPA and 4tBP, respectively (Table 5.1.4).
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Figure 5.1.6: Kinetic model fit for EDCs adsorption on fBC-2 at 25 °C. (a) Weber-Morris
plots, (b) external mass transfer plots, and (c) Boyd plots.
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Table 5.1.4: Kinetic parameters calculated from the PSO and Waber-Morris kinetic models for the sorption of EDCs on fBC-2 at 25 °C.

PSO at25+ 0.5 °C

Initial linear portion

2" linear portion

3" linear portion

EDC Qs K; 2 C K; 7 Ca(pgeh) K r Cs Kis r
(nggh (ng g min) ; s L ; s
(ngg?) (ng g min™) (ng g min (ngg’)  (ngg min™)
0.5)
El 7642+476 2.56E-7+5.7E-8  0.969 592+402 167+£23 0.930 1735+192 131+6 0.996 59594261 25+6 0.905
E2 54394306 1.05E- 0.933 1646266 10815 0.926 3002499 5143 0.994  4355+186 18+4 0.905
6+3.03E7
E3 4403+409 1.88E-7+5.3E-8 0.979 685+386 96+22 0.816 170+251 66+7 0.969 2629+171 11+4 1.000
EE2 5468+188 8.33E-7£1.36E- 0.978 1079461 119+4 0.996 2040239 7747 0.984  4995+64 8+1 0.937
7
BPA 47494188 4 82E-7+7.67E- 0.984 71+£75 110+4 0.994 1176+£288 63+8 0.965 3812+12 9+1 1.000
8
4/BP 4431+198 5.52E-7+1.02E- 0.978 324270 105+15 0919 960+269 62+7 0.960 227620 34+0 1.000
7
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To further evaluate the competitive sorption, the kinetic data were fitted with external
mass transfer and intraparticle diffusion models as they play a major role in sorption process
(Figure 5.1.6, Table 5.1.4). For intra-particle diffusion model, piecewise linear regression
analysis of each EDC showed that ¢; vs ° plots had three distinct regions. The first linear
portion included the sorption period of 9.43 to 23.24 min®® which represents external mass
transfer and binding of EDCs by active sites on the outer surface of the fBC-2. The second
linear portion included the sorption period of 23.24 to 40.24 min®* represents intra-particle
diffusion and binding of EDCs by active sites on macro and mesopores. The third linear
portions included the period of 40.24-53.67 min®>, which denoted the establishment of the
equilibrium [28]. The third step was very slow, thus, could not be treated as a rate-accelerating
step. In addition, linear regression coefficient values were significant (r>>0.90). The linear
regression fittings for individual EDC did not pass through the origin, i.e. deviating from the
origin or near saturation. This might be due to the difference in the mass transfer rate of the
EDC:s in the initial and final stages of sorption. From intercept (C) data it was found that the
intra-particle diffusion was not the sole rate-limiting step [28]. The external mass transfer also
played an important role in controlling the sorption rate. The regression coefficients (r* > 0.950)
of all EDCs showed that the competitive sorption of EDCs could be represented by the external
mass transfer model (Figure 5.1.6b).

The Boyd plot (Eq. (5.1.10)) was used to explore whether intra-particle and external mass

transfer processes exerted any significant influence on the sorption rate of EDCs [28]:
- _ ) _
B,=—In( qs) 0.4977 (5.1.10)

From the Boyd plot, it can be observed that none of the sorption data lines pass thorough the
origin (Figure 5.1.6¢), indicating that the external mass transfer governed the sorption of EDCs
on fBC-2. This finding is consistent with the previous study for BPA sorption using MWCNT
where the external mass transfer was solely responsible for the sorption of BPA [28]. Thus, the

sorption kinetics of EDCs could be described by PSO and external mass transfer models.

5.1.3.4. Competitive Sorption of EDCs and Gibbs Free Energy

The variations of solid phase concentration of EDCs with aqueous equilibrium concentration
are represented in Figure 5.1.7. The isotherm data for competitive sorption of EDCs were fitted
with Langmuir isotherm model. The Langmuir gmax were found to be 7588, 5126, 4217, 5115,
4764 and 4567 ugg 'for E1, E2, E3, EE2, BPA and 4/BP, respectively with regression
coefficient >0.940 for all EDCs (Figure 5.1.8 and Table 5.1.5). The total sorption capacity of
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fBC-2 was found to be ~31375 ng g~ ! based on the summarized Langmuir model for selected
EDCs. Since the solutes competed for the same fBC-2 surface during sorption, the solute
(EDC) with the highest interactions led to the highest sorption. The competitive sorption
affinities followed the order: E1 > E2 > EE2 > BPA > 4/BP > E3.

—{—E1
: —0—K2
B iir = . H—E3
——FEE2
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E —}— 4BP
'E'h.uxnr‘-
g
-]
= -
g
=]
=T Y - QA
E O LY
=
WA
ikl =
|| h | = | v | ] =

v ¢ .
0o S0x10¢ L0x10" 1.5x10’ 2ox10’ 2.5x10° A1’
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Figure 5.1.7: Solid phase concentration vs. aqueous concentration at equilibrium for the
sorption of EDCs using 100 mg L—1 of fBC-2 at 25 °C.
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Figure 5.1.8: The Langmuir isotherm model fits for sorption of EDCs onto fBC-2.

The higher solid phase concentration of EDCs could be attributed to the
functionalization of the biochar, which resulted in the formation of additional sorption sites
with increased functional groups and an increase in specific surface area and micro pore
volume [244]. The observed interactions were comparable with reports for sorption of various
solutes by different carbon nanomaterials such as SWCNT, MWCNT and fullerene [52]. For
example, carbon nanomaterials were applied for the sorption of BPA and EE2 (seperately) and
it was observed that the solid phase concentrations (1 x 10*~ 1 x 10° pg g ') were within the
range observed in this study for competitive sorption, if the same initial EDC concentration
was maintained [52]. This implies that mixture of EDCs did not have adverse effect on the
sorption of individual EDC using fBC-2. In comparison, limestone sediment was found less
effective for the sorption interactions with BPA, E2, EE2, 4-tert-octylphenol and 4-n-
nonylphenol, with the Freundlich constant values being significantly lower with prolonged
interaction time than in this study [43]. Ying et al. [43] found the concentrations in sediment
were 45, 70, 80 and 1750 ugkg ' for BPA, E2, EE2, 4-tert-octylphenol, respectively.
Similarly, lower Langmuir and Freundlich isotherm parameters were reported for BPA and
EE2 interactions with sewage sludge [166]. Lorphensri et al. [58] also found EE2 removal
using alumina, silica and a hydrophobic medium (porapak P) was significantly lower than in

this study. Furthermore, there was a significant linear relationship between log K« and
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log Cw (r*>0.98) (Figure 5.1.9). Increase in EDCs concentration reduced Kavalue of each
EDC which resulted in a decrease in removal efficiency. This was due to the gradual saturation

of fBC-2 surface at higher solute concentrations, leading to lower removal efficiencies.

Table 5.1.5: Summary of the Langmuir isotherm parameters for EDCs sorption on fBC-2 at
25+0.5 °C.

EDC Gmax K r

El 75884308  0.0157+0.0033 0.967
E2 5126£251  0.0099+0.0024 0.946
E3 42174233 0.0062+0.0015 0.940
EE2 5116448 0.0096+0.0004 0.998
BPA 4765+219  0.0064+0.0014 0.954
41BP 4568+157  0.0039+0.0005 0.988

The sorption spontaneity of EDCs at different concentrations (~250 to 3000 pg L")
onto fBC-2 was examined and Gibbs free energy was calculated (Table 5.1.6). The AG® values
ranged from —29.01 to —20.17, —26.57 to —19.01, —24.78 to —18.25, —25.77 to —18.86, —24.91
to —18.38, and —24.09 to —18.68 kJ mole 'for E1, E2, E3, EE2, BPA and 4/BP, respectively,
when each EDC concentration was increased from ~250 to 3000 pg L', Thus, the negative

AG" values showed the spontaneous nature of the sorption of EDCs onto fBC-2.
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5.0 - ) v EE2
y=(-0.75)x +5.90, 1" = 0.996
BPA
S 4TBP
4.5
on
=<
2 /
<
= y=(-0.74)x +5.85,1°=0.984  ~
2 4.0 - e
y= (-0.65)x +5.52,1" = 0.984
3.5
3.0 ‘ | : : : ‘ ‘ ‘ ‘ ‘
1.0 1.5 2.0 2.5 3.0 3.5

log C_ (ugL™)

Figure 5.1.9: Logarithm plot of distribution coefficient (Ks) vs aqueous equilibrium
concentration for the sorption of EDCs using 100 mg L-1 of fBC-2 at 25 °C.
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Table 5.1.6: Calculated AG® (kJ mole™) values for EDCs at 25 °C with initial concentrations
of each EDC at 250-3000 pg L', Ka values were taken as L kg™'.

EDC AG° EDC AG°
El -29.01 EE2 -25.77
-27.03 -24.78
-23.98 -22.23
-21.64 -20.08
-20.17 -18.86
E2 -26.57 BPA -24.91
-24.16 -22.83
-22.20 -21.64
-20.05 -19.53
-19.01 -18.38
E3 -24.78 4/BP -24.09
-22.54 -22.69
-21.35 -21.56
-19.35 -19.70
-18.25 -18.68

5.1.3.5. Competitive Sorption Mechanism

Interaction mechanism of each EDC with fBC-2 can be explained based on experimental
findings. fBC-2 core structure consisted of meso- and macro-pores. The BET surface area and
Dubinin-Astakov micropore surface area were 1.183 and 0.516 m?g !, respectively. BJH
adsorption average pore diameter of fBC-2 was ~8.0 nm which might enough for diffusion of
EDCs onto fBC-2 pores as the apparent molecular size of EDCs molecules was well below the
average pore diameter of fBC-2 (Table 2.2). However, from the kinetics study, it was found
that both external mass transfer (sorption by active sites) and PSO (multilayer sorption) model
parameters satisfactory described sorption kinetic behaviour of EDCs on fBC-2, suggesting the
role of surface functional groups present in fBC-2 for EDCs sorption. The mechanism of EDCs
sorption by surface functional groups of fBC-2 is described below at different pH conditions.
Figure 5.1.3 shows the Raman spectra after sorption of a mixture of EDCs in
competitive mode. The graphitic structure G-bands (mainly —C=C- arene unit) intensity was
reduced significantly after sorption of EDCs in competitive mode. It suggested n-m interactions
among EDCs and fBC-2 (mostly in arene unit of biochar), whereas surface defect D band (due

to defect structure) was decreased greatly indicating the role of surface functional groups.
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These functional groups were mostly oxygenated as confirmed by the XPS data. The decreases
of peak intensity clearly suggested that hydrogen bond formation with the fBC-2 functional
groups as well as with EDCs’ functional groups were the main interaction mechanisms.
The I¢/Ip ratio also decreased significantly indicating strong interactions between fBC-2
surface functional groups and EDCs.

Varying pH can affect the protonation-deprotonation transition of functional groups on
any carbonaceous materials and change the chemical speciation for ionisable organic
compounds [28]. The zeta potential values of fBC-2 suspension in aqueous solution at various
pH were determined, and point of zero charge was found to be 2.2 (Figure 5.1.5b). Lower
sorption of any compound at this pH was highly expected. At pH below 2.2, the zeta potential
value of fBC-2 was found to be the positive indicating surface of fBC-2 was protonated under
highly acidic conditions. EDCs molecules might also become protonated at pH 1.85 (e.g. due
to hydroxyl or ketonic groups in EDCs). Hence, electrostatic repulsion of the same charge of
quadruples might lead to lower sorption of EDCs at pH <2.2. However, highly acidic condition
(at pH 1.85) was still favourable to sorb EDCs by fBC-2 to some extent. The EDA interactions
can explain the sorption of EDCs at this pH. Chemical structures of all EDCs contain at least
one hydroxyl group in arene unit, i.e. phenolic group, and due to resonance-effect of arene unit,
nearby carbon atoms in hydroxyl group (in arene unit) could act as m-electron donor site
(Figures 2.2 and 5.1.10). Meanwhile, fBC-2 consisted of ketonic and carboxylic -C=0
functional groups in its arene units (as confirmed by XPS) which might act as m-electron
acceptor site for the interactions (due to resonance) and the graphene unit in fBC-2 can act as
a m-electron donor site. Thus, stronger EDA interactions (from -C=0 and -COOH as n-electron
acceptor while EDCs as a m-electron donor) would be the main reason for the sorption of all
EDCs at this pH (Figure 5.1.10). The n-n electron-donor—donor (EDD) interactions between
phenolic —OH of EDCs and surface —OH group and graphene unit of fBC-2 are not significant,
and considered weaker than EDA interactions. Thus, EDD interactions at very low pH can be
excluded. The interactions of fBC-2 and EDCs can also be predicted from pH shift tests before
and after adsorption experiments. The variation of solution pH is shown in Figure 5.1.5b. The
equilibrium pH slightly increased after sorption (from 1.86 to 2.09) indicating either release of
hydroxyl ions or consumption of proton either by fBC-2 or EDCs. Moreover, hydroxyl ions
might exchange proton in the solution for neutralization leading to increase the solution pH.
However, proton exchange for fBC-2 at pH ~ 1.85 is not favourable for -C=0, -COOH and -
OH groups as their pK, values are higher. Hence, surface -OH groups or quaternary nitrogen

groups (tiny fraction) of fBC-2 as well as EDCs functional groups such as -OH and -CH might
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form hydrogen bond along with EDA interactions, i.e. excess hydrogen ions took part in
hydrogen bond formations hence equilibrium pH was increased. Therefore, sorption at

pH ~ 1.85 was observed due to EDA interactions and hydrogen bond formations.

____________________________ n-electron donor site

EDCs common structure, where R= .~
rest units except phenolic group in ,/'

E1, E2, E3, EE3, BPA and 4tBP,/' n-electrog acceptor sites
L, 8+§'— ) \iy A5 5
. / A
¥ 5H 5 e
fBC-OH fBC-COOH fBC-C=0

Figure 5.1.10: Resonance structures of EDCs and different functional groups in fBC-2.

The maximum solid phase concentration and Ky values of all EDCs were observed at
pH 3.0-3.5 (Figure 5.1.5a), and the main reason might be due to the formation of strong
hydrogen bonds and strong EDA interactions. Based on the pH shift study, equilibrium pH
shifted slightly to higher pH (pH 3.10-4.0 to 3.25-4.18). The increase in equilibrium pH
indicated hydroxyl groups released into solution, which was more significant in the control
experiments than sorption experiment (Figure 5.1.5b). Although the pH shift seemed less
significant in the sorption experiments, the release of protons from fBC-2 functional groups
(e.g. -COOH) and then forming strong hydrogen bonds (-COOH in fBC-2 and phenolic —-OH
in EDCs) might be the main reason for resisting equilibrium pH to decrease (Figure 5.1.5b).
Such hydrogen bonds can be proposed as charge assisted hydrogen bonds (CAHB), i.e. fBC-
2-CO/COO"....H"...O-EDCs. Stronger hydrogen bonds might be possible with —OH groups
and —CH groups in EDCs with fBC-2 surface functional groups (e.g. -COOH, -OH, C=0, C=N
groups and —C-O-PO3; complex). However, EDA interactions could be considered the main
sorption mechanism. The surface -COOH has pK, value of ~3.0-5.0[59, 244, 355].
Functional groups -COOH and C=0 could act as strong nt-electron acceptor while the phenolic
group in EDCs and graphene unit of fBC-2 could act as n-electron donor site (Figure 5.1.10).
Thus, stronger EDA interactions could be the main sorption mechanism. EDD interactions
might not be significant as graphene surface could act as n-electron donor site as well as EDCs

could act as m-electron donor. Hence, EDA interactions were the main mechanism for higher
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sorption of EDCs with additional contribution from the CAHB formations. Zhang et
al. [28] studied the separation of BPA using MWCNT and proposed the m-m stacking
interactions between the bulk n-system of MWCNT surface and BPA molecule in a wide pH
range of 4.0 to 10.0 [28]. They also mentioned that MWCNT could function as hydrogen bond
donor to form hydrogen bonds with —OH functional groups on BPA. However, they did not
mention any specific group in MWCNT responsible for n-m stacking interactions, while our
observations indicated that m-m stacking interactions (EDA) only came from the surface -
COOH/C=0 and —C=C- groups. Also, Jung et al. [48] studied the adsorption of emerging
contaminants such as EE2, BPA, sulfamethoxazole, atrazine, carbamazepine, diclofenac and
ibuprofen using activated biochar at different pH (3.5, 7.0, 10.5) and suggested that maximum
adsorption was mainly due to n-m interactions. Therefore, maximum interactions might be due
to the formation of negative CAHB as well as strong hydrogen bonds, with the main
contribution from EDA interactions leading to the higher interaction of EDCs with fBC-2.
With the increase in pH from 3.0 to 5.0, the solid phase concentration of all EDCs
decreased. When pH was increased from 5.0 to 8.0, another peak interaction value for all EDCs
was found although not as high as at pH ~ 3.0-3.5. All the EDCs have one pK. value. So, near
pH 8-9 proton release from any EDC is highly possible as pH = pK. + log [salt/acid]. On the
other hand, any carbonaceous surface OH group has pK. value of ~8.0-10.0 [28, 321]. Proton
exchange by EDCs molecules was calculated and found their AG® values were favourable for
proton exchange in solution at this condition (Table 5.1.7). Thus, negatively charged surfaces
(zeta potential was negative, and EDCs released a proton and became negative sites) could
repulse each other causing minimum interactions. However, at pH ~ 8.0 high interactions were
observed for all EDCs. This might be due to the formation of strong hydrogen bonds among
hydroxyl group of EDC and fBC-2 surface -OH groups, firstly, releasing the hydrogen ion from
fBC-2 or EDC hydroxyl group to neutralize -OH from water molecule (splitting of water
molecule) leading to shift in the equilibrium pH toward more acidic region to form CAHB
(fBC-O"....H"..."O-EDCs) (Figure 5.1.5b) [59, 320, 355]. In comparison with control
experimental equilibrium pH, the change of equilibrium pH was also significant indicating the
release of protons from surface -OH groups of fBC-2 (Figure 5.1.5b). The n-n EDA
interactions could also play an important role under this condition. However, EDA interaction
might only come from fBC-2 surface -C=0 groups (n-electron acceptor), graphene unit of fBC-
2 (as a m-electron donor) and EDCs (as a m-electron donor) whereas, EDA interactions might

not be effective for the surface carboxylic group (pK. value is near pH 3.0-5.0) (Figure 5.1.10)
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[59, 320, 355]. EDD interactions might be less effective. Furthermore, at pH > 9.0, each EDC
may exist as an anion, and the sorption was significantly impeded due to the electrostatic
repulsive force between negatively charged fBC-2 surface and EDCs anions. The ionized forms
of EDCs were the predominant fraction at pH > pKa, and the hydrogen bonds and hydrophobic
interactions between fBC-2 and each ionized EDC were much weaker than those between fBC-
2 and non-ionized EDCs. Besides, both EDC and fBC-2 were negatively charged, and the
electrostatic repulsion between them can also weaken their adsorption to some extent at
pH > 10. Hence, lower sorption at pH above 9.0 was observed. In addition, the pH shift result
was not significant at pH 10.85 indicating the insignificant role of the hydrogen bond

formation.

Table 5.1.7: AG® values calculated from water dissociation constant (Kaw) at 25 °C.

Temperatur pKyl Ka] xX10 Kawx 10 l’l Kaw RT In Kaw RT In Kaw RT In Ka] AGEI*

exchl

EDC e - -4 (J mol!) (kJ mol'")  (kJ mol ") (kJ mol ™)
X)
El 298 10.34 4.58 1.01 -32.23 -79858 -79.86 -59.00 -20.86
E2 298 10.46 3.47 1.01 -32.23 -79858 -79.86 -59.67 -20.19
E3 298 10.38 4.17 1.01 -32.23 -79858 -79.86 -59.22 -20.64
EE2 298 10.40 3.98 1.01 -32.23 -79858 -79.86 -59.33 -20.54
BPA 298 9.80 15.85 1.01 -32.23 -79858 -79.86 -55.91 -23.95
4¢BP 298 10.16 6.92 1.01 -32.23 -79858 -79.86 -58.00 -21.86

e Kaw values were taken from http://www.chemguide.co.uk/physical/acidbaseeqia/kw.html

e R=8314(JK'mol), AGy+ ;= —RT In(Ka1/ Kaw)

5.1.3.6. EDC Removal from Sewage Effluent vs. Synthetic Wastewater

When fBC-2 was applied to remove a mixture of EDCs from MBR sewage effluent (spiked at
508.4, 525.9, 532.9, 534.5, 465.8, 460.5ugL ' of E3, BPA, 4BP, E2, El and EE2,
respectively) at pH 3.0-3.25 and 25 °C, pronounced differences were observed for different
EDC:s in terms of their complete sorption onto fBC-2 (Figure 5.1.11). Using fBC-2 dosage of
100, 200 and 300 mg L' was not enough to remove the EDCs in mixture mode at the specified
concentration of each EDC. Better removal results were obtained with a higher dose of
400 mg L' of fBC-2, achieving ~97% removal of E3 and 4/BP. Although the complete
removal of E1 (460.5 ugL™") was found at 300 mg L™! of fBC-2 in competitive mode, the
complete removal of EE2, E2 and BPA was obtained only at 400 mg L ™! of fBC-2. The results
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indicated that sorption interactions of EDCs with fBC-2 were very efficient and dosage above
400 mg L 'of fBC-2 can remove the EDCs completely in competitive mode from the MBR
effluent. The removal trend was the same as obtained from isotherm, pH effect and sorption
affinity data as E1 > E2 > EE2 > BPA > 4/BP > E3. However, MBR effluent was found to have
a slightly negative influence on the overall removal of EDCs than deionized water and thus
required an extra dosage of fBC-2. The main reason might be the presence of different species
in MBR effluent that may compete for the fBC-2 surface and might block the surface functional
groups of fBC-2, leading to reduced sorption of EDCs onto fBC-2 surface than in deionized
water.

Synthetic wastewater also contains a mixture of different organic acids, organic
compounds and inorganic salts (Table 5.1.1). The removal of EDCs from synthetic wastewater
was carried out at various dosages of fBC-2 and residual concentration of each EDC was
measured after 46, 50 and 64 h. Each EDC was spiked in synthetic wastewater (~500 ug L™")
with individual concentration (measured after spiking) of 461.3, 486.0, 498.7, 497.0, 465.9,
460.4 pg L' of E3, BPA, 4/BP, E2, E1 and EE2, respectively. The fBC-2 dosage, residual
concentrations and percentage removal of each EDC in mixture mode are given in Table 5.1.8.
Approximately 94.2% of E3 was removed in 46 h, with 555 pg L™ of fBC-2; when sorption
time was increased to 64 h, the removal reached 100%. Similarly, complete removal of BPA
was obtained within 50 h at 445 mg L'of fBC-2 dosage. This result indicates that BPA can be
removed at any dosage above 445 mg L ™! of fBC-2 from a mixture ~500 pg L' of each EDC.
A similar result was obtained for 4/BP. Slightly long duration (~64 h) was needed for 100%
removal of E1, E2 and EE2 at fBC-2 dosage of 445 mg L™!. The interactions of EDCs with
fBC-2 in synthetic wastewater were found to have an adverse influence on the overall removal
of EDCs than with deionized water or MBR effluent. Table 5.1.1 shows that MBR effluent
composition is more complicated than synthetic wastewater. The main reason for slow
interactions arose from different organics in synthetic wastewater (e.g. Na-lauryl sulphate, beef
extract, sodium lignin sulfonate, humic acid, tannic acid) and from inorganic sulfates and bi-
phosphate. To shed light, separate competitive sorption experiments using fBC-2 was
conducted in the presence of Na-laryl sulphate and acacia gum powder (same concentration as
used in synthetic wastewater), and it was observed that EDC sorption was significantly
suppressed by 38—-50%. Also, control experiments in the absence fBC-2 showed that there was
no loss of each EDC. Thus, the presence of Na-laryl sulphate and acacia gum powder in

synthetic wastewater was the main cause for the reduced sorption of EDCs. Hence, an increased
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fBC-2 dosage (>555mgL™") is needed to ensure sufficient removal of EDC mixture from

synthetic wastewater.

100

B E3
EL
O 48P
I E2

Percentage of removal
:

100 200 300 400
fBC dosage (mg L")

Figure 5.1.11: Sorption of EDCs in mixture mode with initial concentration of each EDC at
~500 pug L' from MBR sewage effluent at different dosages of fBC-2 at pH 3.0-3.25, 25 °C.
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Table 5.1.8: EDC removal from synthetic wastewater with different dosages of fBC-2 at 46 h, 50 h and 64 h.

EDC Initial conc. Dosage 46 h 50h 64 h
(ug LY (mg LY Residual conc. Removal Residual conc. (ug Removal Residual conc. Removal
(ng LD (%) L (%) (ngLh (%)
E3 110 400.0 11.9 377.1 18.2 367.0 20.4
225 269.4 41.6 255.9 44.5 249.2 46.0
461.3 333 208.7 54.7 202.0 56.2 178.5 61.3
445 87.5 81.0 80.8 82.5 47.1 89.8
555 26.9 94.2 16.8 96.4 <LOD ~100
BPA 110 419.4 13.7 392.8 19.2 352.8 352
225 233.0 52.1 219.7 54.8 186.4 61.6
486.0 333 166.4 65.8 159.8 67.1 119.8 753
445 39.9 91.8 <LOD ~100 <LOD ~100
555 <LOD ~100 <LOD ~100 <LOD ~100
4/BP 110 3733 25.2 350.2 29.8 304.5 38.9
225 159.8 67.9 152.3 69.5 125.6 74.8
498.7 333 125.6 74.8 76.1 84.7 60.9 87.8
445 11.4 97.7 3.8 99.2 <LOD ~100
555 <LOD ~100 <LOD ~100 <LOD ~100
E2 110 418.1 15.9 385.5 224 371.6 25.2
225 209.0 57.9 199.7 59.8 153.2 69.2
497.0 333 102.2 79.4 88.3 82.2 74.3 85.0
445 4.6 99.1 4.6 99.1 <LOD ~100
555 <LOD ~100 <LOD ~100 <LOD ~100
El 110 388.2 16.7 336.5 27.8 284.7 38.9
225 118.1 61.1 155.3 66.7 129.4 72.2
465.9 333 77.6 83.3 25.9 94.4 25.9 94.4
445 25.9 94.4 <LOD ~100 <LOD ~100
555 <LOD ~100 <LOD ~100 <LOD ~100
EE2 110 258.1 43.9 230.2 50.0 209.3 54.5
225 244.2 47 230.2 50.0 188.4 59.1
460.4 333 111.6 75 104.6 77.3 69.7 84.8
445 27.9 93.9 6.9 98.5 <LOD ~100
555 <LOD ~100 <LOD ~100 <LOD ~100
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5.1.4. Concluding Remarks

In this work fBC-2 with enhanced functional groups, specific surface area, and meso and
macro-pores was successfully prepared for the removal of EDC mixture from water and
wastewater. The sorptive removal of EDCs by fBC-2 through competitive interactions reached
equilibrium within 42 h, with the external mass transfer diffusion process as the rate-limiting
step. PSO well modelled the sorption kinetics. EDC sorption was highly pH dependent, with
the maximum sorption occurring at pH ~ 3.0-3.5. The sorption equilibrium followed the
Langmuir isotherm model, suggesting monolayer coverage. In term of sorption mechanism,
EDC sorption mainly occurred through m-m EDA interactions and by forming different
hydrogen bonds. Overall, the sorption capacity and distribution coefficient values decreased as
E1>E2>EE2>BPA > 4/BP > E3 due to the difference in the EDCs’ hydrophobicity. Water
composition had a pronounced effect on EDC removal, as shown by the highest removal in
deionized water, followed by MBR sewage effluent, and finally synthetic wastewater. The
presence of sodium lauryl sulphonate and acacia gum in synthetic wastewater caused a
significant reduction in the competitive sorption of EDCs on fBC-2. Thus, fBC-2 can be
successfully applied for the removal of EDC mixtures from water and wastewater, although
appropriate pre-treatment may be required to remove the interfering substances such as certain

surfactants.
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5.2. Sorption of Hydrophobic Organic Contaminants on Functionalized
Biochar: Protagonist Role of n-m Electron-Donor-Acceptor Interactions

and Hydrogen Bonds

5.2.1. Introduction

Pyrogenic carbonaceous materials (CMs) such as mesoporous carbon, biochar, activated
carbon, graphene and CNTs exhibit strong sorption affinities for a wide range of organic
contaminants including polycyclic aromatic hydrocarbons, benzene derivatives, phenolic
compounds, and pharmaceuticals such as antibiotics, EDCs and pesticides [82, 386-391]. The
interactions of such contaminants with CMs in water, sediments and soil may result in strong
or weak bindings that can significantly affect the environmental fate of contaminants and their
remediation rates [392-394]. The underlying physical and chemical phenomena potentially
responsible for these apparent interactions of contaminants with CMs are of great importance.
Further, their persistence and potential risks to aquatic life are also important. Organic
contaminants comprise broad classes of chemicals, some of which are persistent in soils,
sediments and water, with potential for long-term impacts. The conventional idea for ionic
organic species is that they may undergo Coulombic attraction/repulsion at charged sites on
the adsorbent in addition to the weak forces available to uncharged molecules, including
London-van der Waals force, H-bonding, and the hydrophobic effect (solute exclusion from
water) [57, 387]. However, noncovalent forces are ubiquitous between chemical interactions
as they control diverse phenomena such as boiling points of liquids, solvation energies, and the
structures of molecular crystals. n-n interactions constitute one of the most important classes
of noncovalent interactions, contributing to biomolecular structure, chemical bonding, and the
structure and properties of m-conjugated materials (such as biochar and CNTs) of interest
having n-structure benzene or aromatic ring [395]. The elucidation of molecular-level
interactions controlling sorption of non-ionic compounds and the influence of solution-phase
composition on sorption are of considerable theoretical and practical importance. This study is
therefore aimed to compare the sorptive mechanism of five non-ionic endocrine disruptor
compounds (EDCs) such as E1, E2, E3, EE2 and BPA as representative HOCs on funcitionized
biochar (fBC) based on their physicochemical properties (Table 5.2.1). fBC was selected for
its higher sorption capacity of organic pollutants (both in single and competitive moods) due
to the presence of multifunctional groups on its surface. Also, the production and operation

cost of fBC is relatively low. Further, fBC can be used repetitively after regeneration [396].
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Table 5.2.1: Physicochemical Properties of Selected HOCs.

Name Abbreviation ~ Chemical PKL Solubility? K logP®
formula (C, mg LY
Estrone Fl Ci13H»0, 10.33 1.17 7.26 + 4.03-
0.48 431
17B-Estradiol E2 CisH240, 10.33 2.15 229+ 3.57-
0.21 3.75
Estriol E3 Ci1sH2403 10.33 13.96 0.65 £ 2.54-
0.02 2.67
170-Ethynylestradiol EE2 Cr0H240, 10.33 7.64 4.45+0.12 3.63-
3.93
Bisphenol A BPA CisHi602 9.78 313.15 0.34 + 3.81-
0.02 4.04
Phenanthrene PHE CisHio 1.10°¢ 17.30 + 4.46°
1.86
1,3-Dinitrobenzene DNB CeHiN,04 13.86° 185° - 1.49¢

2: Measured at 25 °C.
b http://www.t3db.ca/toxins/T3D0782
¢ https://pubchem.ncbi.nlm.nih.gov

The interaction mechanism of HOCs and fBC were evaluated based on theoretical,
experimental and analytical findings. The magnitude of non-hydrophobic interactions was
assessed by “normalizing” the hydrophobic effect. The fundamental role of non-hydrophobic
interactions namely hydrogen-bond formation and m-n interaction based on adsorption-pH
profiles of HOCs by fBC was examined. Further, we also identified the probes of structure-
adsorption property relationships for different n-electron-donor rings of HOCs (due to —-OH
groups on arene units) and PHEN (as model HOC) vs m-electron-acceptor rings of model
compounds (DNB and PABA). The potential role of n-electron-donor-acceptor domains in fBC
at different pH was predicted based on equilibrium sorption distribution coefficient and
sorption capacity in the n-electron-donor-acceptor systems. We also evaluated several potential
causes of sorption interactions, including pH effects on sorbent hydrophobicity, n-H-bonding,
effects of solution acidity on solute activity coefficient and the occurrence of n-m1 EDA
interactions with the m-electron-acceptor and donor sites of fBC. The role of n-m interactions
was assessed by solution-phase proton nuclear magnetic resonance ('"H NMR) and ultraviolet-
visible (UV-vis) spectroscopic studies by inspecting the behaviour of m-electron-donor

compounds (HOCs and PHEN) in comparison with n-electron-acceptor (DNB) systems.
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5.2.2. Materials and Methods
5.2.2.1. Chemicals

El1 (99%), E2 (> 98%), E3 (> 97%), EE2 (98%), BPA (99%), phenanthrene, 1,3-
dinitrobenzene, p-aminobenzoic acid, hexadecane, 2-nonanone (NON-2), and organic solvents
such as methanol, methanol-d4, formic acid (99.9%), and acetonitrile of HPLC grade were

purchased from Sigma-Aldrich, Australia.

5.2.2.2. Materials

Eucalyptus globulus wood was used to produce biochar by heating the wood particles at 380 °C
for 2 h in a reactor under continuous nitrogen gas supply and then activated using phosphoric
acid according to our previous studies [25, 244, 396]. Briefly, biomass and the phosphoric acid
mixture was then heated at 600 °C for 2 h under continuous nitrogen supply at 2.5 psi, cooled
at room temperature, and washed with distilled water 4 times while adjusting pH to 7, followed
by drying overnight at 120 °C, to obtain the activated biochar. The activated biochar product
named as functionalized biochar (fBC-2) based on its surface characteristics [25, 244].
Structural analysis of carbon network showed that fBC-2 was composed of mesopore (2-50
nm) and macrospore (> 50 nm) structure. X-ray photoelectron spectroscopic (XPS) results
indicated that fBC-2 surface was rich in different functional groups especially graphitic carbon
(~57%), phenolic or alcoholic (C-O-, ~13.5%), carbonyl or quinone (C=0, ~4%), carboxylic
or ester (COO-, ~3%), m-m* transition (~1%), quarternary nitrogen (~1%), and polyphosphates
and/or phosphates (C-O-POs3, ~1%) (Table 5.2.2). The point of zero charges for fBC-2 was pH
2.2.
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Table 5.2.2: XPS Spectra Summery for fBC-2 [25, 397].

Name Peak BE  Atomic %  Surface group Assignment

C(ls)A 284.8 56.98 Cc=C Graphitic carbon

C(1s)B 286.27 13.6 C-0O- Phenolic, alcoholic, etheric

C(ls)C 287.8 4.15 Cc=0 Carbonyl or quinone

C(ls)D 289 3.13 COO- Carboxyl or ester

C(Is)E  290.54 2.77 C=0/C=C Carbonate, ocluded CO, p-electrons in
aromatic ring

C(s)F 29235 1.13 n-* transition The transition due to conjugation

N (1s) 401.47 0.8 C-N'H-C Forms of quaternary nitrogen, protonated

pyridinic ammonium ions, nitrogen atoms
replacing carbon in graphene,

O(1s)B 5333 8.52 C-0O- Oxygen singly bonded to carbon in aromatic
rings, in phenols and ethers

O(1s) A 531.62 4.8 CcC=0 Oxygen doubly bonded to carbon

P (2p) 133.79 2.3 C-0-POs3 Polyphosphates and/or phosphates

5.2.2.3. Batch Sorption Experiments

HOC sorption experiments in distilled water were conducted in 50 mL glass vials with Teflon-
lined screw caps at 25 °C in triplicate on an orbital shaker over 48 hours using fBC-2. The
sorption of HOCs using pristine biochar was not studied due to its lower sorption capacity. The
effects of pH and sorption isotherm experiments of HOCs (at pH 3.0-3.5) were performed
under the same conditions. The control experiments without sorbents were also conducted. The
fBC-2 dosage was selected for 15-99% sorption of each HOC at different concentrations.
Single sorption experiments of PHEN, NON-2; DNB and PABA were carried out at three
different pH ranges, i.e. pH 1.5-1.7, 3.0-3.5, and 8.0-9.5, in triplicate. The effects of
competitors such as PHEN, PABA, and DNB for HOC sorption were also carried out under
the same conditions. The supernatants were filtered through a 0.45 um PTFE filter and analyzed
by high-performance liquid chromatography (HPLC) and by UV-vis spectroscopy.

HOCs were analysed by an HPLC equipment with an auto-sampler, a UV and a
florescence detector. A reverse-phase Zorbax Bonus RP Cis column (5.0 pm, 2.1 X 1.50 mm,
Agilent Technologies) was used throughout for detection and quantification of HOCs. The
volume of injection was 100 uL. Mobile phase A was composed of acetonitrile and formic acid
(99.9: 0.1) while mobile phase B was composed of Milli-Q water and formic acid (99.9: 0.1).
The elution used 40% of A and 60% of B at a flow rate of 0.4 mL min"' and maintained still
20 min. HOCs analyzed with a UV detector at 285 nm and a fluorescence detector at 280 nm

(excitation wavelength) and 310 nm (excitation wavelength). Fluorescence wavelength kept
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unchanged throughout the analysis. UV wavelength was changed to 240 nm at 4.10 min and
maintained up to 5 min and returned to 285 nm at 5.10 min. The method time was varied based
on each HOC and followed 5 min, 10 min, 12 min, 15 min and 20 min, respectively for E3
(limit of detection 3.33 ug L!) , BPA (limit of detection 6.97 ug L), E2 (limit of detection
4.60 ug L), E1(limit of detection 25.80 pg L") and EE2 (limit of detection 3.80 pg L™'). DNB
concentration was measured using HPLC and using the same ratio of solvent and same method.
The method was run for 6 minutes and using a UV wavelength of 240 nm. PHEN concentration

was measured using UV-vis spectroscopy using a wavelength of 250.5 nm.

5.2.2.4. 'TH NMR and UV-Vis Studies for n-m1 EDA Interactions in Solution

UV-Vis Spectroscopic spectra of test solution of HOCs, n-donor-DNB and n-acceptor-PHEN
in water were measured at room temperature using Shimadzu (UV-1700) instrument. Proton
nuclear magnetic resonance (‘H NMR) spectra were recorded at a specific concentration of
HOCs and donor-acceptor solutes at room temperature using an Agilent 500 MHz NMR
instrument. Samples were prepared in methanol-d4 and measured after 24-30 hours. The
chemical shifts (6) were recorded by internally referenced to methanol-d4 solvent and observed

proton frequency shift was calculated based on NMR instrument frequency and chemical shift.

5.2.2.5. Data Fitting

Different models employed to fit the adsorption isotherms are as follows:

Freundlich model: S, = K C," (5.2.1)
. p C d
Polanyi-Mane model (PMM): S, = S, + (Z X (RT In (C—S)) ) (5.2.2)

where S. is the solid-phase sorbed capacity (ug kg') of HOCs, S} .. is the maximum adsorption
capacity (ug kg'!) from PMM, n is a dimensionless number related to surface heterogeneity,
and Ky is the Freundlich affinity coefficient (ug'™ L" kg!). C. represents the aqueous-phase
concentration of solute (ug L) at 25 °C, whereas Cs (ug L) stands for solubility of each HOC
at 25 °C. Z and d are PMM adsorption fitting constants, R is universal gas constant (8.314 x
107 kJ mol' K1), and T (K) is absolute temperature. All model equations were fitted by origin-
pro, with model parameters being obtained with standard coefficient of determination (+°) and
adjusted coefficient of determination (7u4?).

The single point adsorption distribution coefficient (Kz) of HOCs was calculated using Eq.
(5.2.3):
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Partition model: Ki = Se/Ce (5.2.3)

Where C. = 0.002C; based on the fitting results using PMM. We used Ce/Cs ration of 0.002 to
get maximum distribution coefficient.
Equilibrium sorbed volume of each HOC can be calculated based on initial and equilibrium
concentrations using following equation:

Sv = (Co-Ce) V/ (1000 m proc) (5.2.4)
where Co and Ce (ug L) are the initial and equilibrium concentration of HOCs; ¥V (L) is the
solution volume in the system; m (g) is the mass of fBC-2 sorbent in the system, and proc (cm?

g'!) is the density of the solute.

5.2.3. Results and Discussion
5.2.3.1 Interactions of HOCs with fBC-2

The single maximum point Ks value was observed for E1 (2.90 x 10° L kg™!) with the
minimum for BPA (3.03 x 10* L kg™!); thus, E1 was found to be adsorbed more strongly onto
fBC-2 surface than other HOCs (Figure 5.2.1a and Table 5.2.3). The adsorption coefficient
values followed the order of E1 > E2 > EE2 > E3 =~ BPA. The PMM model parameters for
sorption isotherm of each HOC shows that the Polanyi theory may be useful to describe the
sorption of HOCs on fBC-2, as the Polanyi theory relates to competitive sorption of organic
compounds as micropore filling (Figure 5.2.2 and Table 5.2.3). However, we used single
solute to check the viability of PMM model. At zero adsorption potential, any undeformed
sorbent should have a limiting volume to the total available pores for adsorption based on
Polanyi pore filling model [398]. The adsorbed volume capacities of E1, E2, E3, EE2 and BPA,
calculated from their mass capacities and respective solid-phase density, were 24.0, 23.0, 15.0,
20.0, and 17.0 cm® kg'!, respectively [387]. The Dubinin-Astakov micropore surface area of
fBC-2 was 520.0 m? kg and the limiting micropore volume was 0.24 (cm? kg™!) [25]. Thus,
the micropore volume of fBC was at least 63-100% less than that of the adsorbed volume
capacity of HOCs. This result is contradictory with the pore-filling mechanism for un-
deformable sorbents [398, 399]. Therefore, pore filling cannot be the dominant mechanism for
the sorption of HOCs by fBC-2. Polanyi theory, however, is applicable for either pore-filling
or flat surface adsorption and adsorption parameters correlate with the material surface defects
curvatures of carbon materials, which can affect the adsorption significantly. BET surface area
of fBC-2 was found to be 1.18 (m? g'!) [25]. Thus, we hypothesize that surface adsorption of

HOC:s (rather than pore filling) is the dominant sorption mechanism and which came from
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different functional groups of fBC-2 surface. Therefore, several factors need to be considered
for surface adsorption of HOC:s: (i) potential energy of adsorption sites on solute-coated sorbent
surface (i.e. fBC-2) should be lower and more homogeneous than that on un-coated sorbent
surface, (i1) sorbed solute molecules on the sorbent surface should have attractive forces for
solute molecules, and (ii1) the maximum sorption capacity depends on the sorbent surface area
and its relative functional groups [398]. However, the higher solid phase concentration of
HOCs could be attributed to the functionalization of biochar resulting in the formation of

additional sorption sites.

Table 5.2.3: Summary of the Freundlich Isotherm Parameters for Each HOC Adsorption on
fBC-2 at 25+ 0.5 °C.

HOC Kr n r Adj. ¥’
El 8.76E6+2.6E6 0.17 0.935 0.920
E2 4.10E6+1.1E6 0.25 0.953 0.937
E3 2.97E6+6.7E5 0.25 0.965 0.953
EE2 5.51E6+2.32E6 0.22 0.907 0.876
BPA 2.60E6+1.2E6 0.27 0.876 0.821

Table 5.2.4: Summary of the PMM Isotherm Parameters for Each HOC Adsorption on fBC-2
at 25 + 0.5 °C (d=1).

HOC S’ max Z r Adj. ¥
El 3.81E7+ 4.62E6 -0.13+0.03 0.929 0.894
E2 3.55E7+ 3.90E6 -0.17+0.04 0.950 0.922
E3 2.27E7+ 0.92E6 -0.17+0.02 0.987 0.980
EE2 3.21E7+ 2.88E6 -0.14+0.03 0.954 0.931
BPA 2.36E7+ 3.72E6 -0.19+0.07 0.831 0.750
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Figure 5.2.1: (a) Adsorption isotherms of estrone (E1), 175-estradiol (E2), estriol (E3), 17a-
ethynylestradiol (EE2) and bisphenol A (BPA) on fBC at pH 3.0-3.5. Solid lines are the
polynomial fitting curves using PMM. (b) Effect of pH on solid phase concentration (ug kg™)
during HOC sorption (initial concentration of each HOC was ~500 pg L") by fBC with dosage of
40-60 mg L', 25 °C.

30107

2.5x10" =

20107 =

1.0x 10" =

A0x10" o

0.0 T

RT m(C/C)

Figure 5.2.2: PMM Sorption Isotherm Fitting for HOCs. Isotherm Parameters were
Normalized by the Primary Solute Solubility with 5= 1, and S. of Single-Solute Isotherms.
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Freundlich isotherm r.q7 values of HOCs provided a slightly better fit than PMM isotherm
radi’ values indicating the role of surface functional groups for multilayer sorption of HOCs
and the heterogeneity of the sorbent. Freundlich parameter ‘n’ values of HOCs ranged from
0.17 to 0.27, and all solute isotherms were nonlinear for all HOCs indicating that favourable
for multilayer adsorption and heterogeneous energy distribution of fBC-2 (Tables 5.2.4 and
5.2.5). Hence, the net interactive forces involving the solvent, solute, and the adsorbent are
assumed to be responsible for the solute adsorption by sorbent surface activity in addition to
pore filling in our fBC-2 [400]. Among different forces of attraction, van der Waals force is
primarily considered the dominant force for gas or vapour adsorption onto any hydrophobic
adsorbent surface (such as CNTs), which may also be significant for adsorption from the
aqueous phase [400]. Considering only van der Waals forces, however, may not be applicable
in cases when dipole-dipole, induced-dipole, and H-bonding or -1t donor-acceptor interactions
exist, typically in the aqueous phase, where these forces can be necessary especially for
chemicals and adsorbents with specific functional groups. Different possible interactions
including H-bonds, hydrophobic effects, n-n bonds, covalent and electrostatic interactions can
be observed and are responsible for the adsorption of organic chemicals on the surface of fBC-
2. The strengths of such interactions and their and contribution to the overall sorption are a
function of the properties of both organic chemicals and fBC-2 surface [400]. Based on pH
effects as shown in Figure 5.2.1b, lower sorption of HOCs was expected below the point of
zero charge of fBC-2 due to the repulsion of same charged species (i.e. positive fBC-2 surface
and protonated phenolic —OH groups of HOCs). Above the point of zero charge of fBC-2,
higher sorption of HOCs is expected due to oppositely charged species (negative fBC surface
and neutral or deprotonated HOCs). Aside from electrostatic interactions, EDA interactions,
H-bond formation and hydrophobic effects may play vital roles. Hence, at pH below 2.2, lower
sorption was found, which was mainly due to EDA and hydrophobic effects. The maximum
sorption of HOCs at pH 3.0-3.5 could be due to EDA interactions together with the strong H-
bond formation, hydrophobic effects and electrostatic interactions. At pH 8.0-9.5, the sorption
for each HOC was also slightly higher than pH 3.0-3.5, which might be due to H-bond
formations and EDA interactions. Details on the noncovalent forces based on experimental

findings are presented in the following subsections.
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5.2.3.2. Role of H-bond and n-H bond for Sorption of HOCs

pH impacted sorption of all HOCs (Figure 5.2.1b), with the most significant effect at pH range
3.0-3.5 and the least significant effect above pH 9.5. We categorized the adsorption data fall
into three distinct pH ranges: pH below 2.2, pH 3.0-3.5, and pH 8.0-9.5. In general, the
variations of sorption at different pH indicated that H-bond formation was involved.

To ensure that the effect of solution pH on HOC sorption was not a result of changes in
the aqueous phase and solute activity coefficients, the solubilities of HOCs, PHEN and DNB
were measured in three different solution pH values (Table 5.2.1). The fact that no significant
changes in solubilities were observed indicated that the changes in sorption with pH resulted
from the effects on sorbent-sorbate interactions, not solute-solvent interactions. Previously,
Zhu et al. [350] studied PHEN interaction mechanisms on soil organic matter and concluded
that sorption of PHEN was solely due to n-m interactions by rejecting solute hydrophobicity,
H-bonding, solute co-planarity, solute activity coefficient, and mineral surface proportionating.
We also observed that sorption of PHEN was high at low pH (Figure 5.2.3a) and the solubility
of PHEN was not affected by solution pH. One may assume that the variation of Ka values at

different pH for sorption of PHEN was related to H-bond formation.
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Figure 5.2.3: Individual sorption of different concentrations of (a) phenanthrene (PHEN) and
(b) 1,3-dinitrobenzene (DNB) on fBC-2 at different pH, 25 °C using fBC-2 dosage of 18-25
mg L and 40-60 mg L', respectively for PHEN and DNB.

However, H-bond and n-H-bond formation at low pH by fBC-2 can be ruled out based on
the following assumptions. NON-2 is a compound commonly known as stronger H-acceptor
and non m-donor than aromatic hydrocarbons [350]. If the hypothesis was correct, plausible
explanation of NON-2 sorption (at low pH) is that NON-2-sorption should increase as pH
decreases. This is due to H-bond formation by a polar ketonic group of NON-2 with proton
groups of sorbent, and n-H-bond formation by NON-2 with the aromatic n-system of sorbent
(i.e. graphitic unit of fBC-2). However, the opposite trend where the sorption of NON-2 on
fBC-2 was decreasing with pH decrease was observed (Figure 5.2.4). We also carried out the
solubility test for NON-2 and found no changes in solubilities at pH 1.8 and pH 3.5 but at pH
8.5 solubility decreased by ~25%. Also, PHEN molecule does not have any oxygenated
functional group to form H-bonds with a surface functional group of fBC-2. However, sorption
of NON-2 at different pH was mainly due to hydrophobic effect. Thus, H-bonding and n-H-
bonding (by the withdrawal of electron density from the ring by the H-bond) of fBC-2 cannot
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explain the acid-enhanced sorption of PHEN'. Therefore, sorption of PHEN was mainly due
to hydrophobic effects and n-n-EDA interactions between PHEN and fBC-2. On the other side,
selected HOCs have at least one hydroxyl group along with other groups connected with arene
units in their structure. Consequently, sorption interactions of HOCs will not be similar in all
cases as PHEN. For example, a variation of solution pH indicates that H-bond formation is
associated with surface functional groups on fBC-2 and HOCs. Hence, after excluding n-H-
bonding, it can be concluded that the pH-dependent sorption of HOCs is undoubtedly due to
their H-bonding involvement plus other interactions such as m-m EDA interactions, and
hydrophobic interactions. However, the contribution of H-bonding to the overall adsorption of

HOC:s is unknown.
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Figure 5.2.4: Removal percentage NON-2 during sorption by fBC-2 (30-35 mg L) at
different pH, highlighting the role of n-H-bonding and H-bonding with fBC-2.

5.2.3.3. Normalization to Hydrophobic Effects

The role of hydrophobic interactions was premeditated using inert solvent-n-hexadecane.
Higher single point adsorption coefficient (Ks) of HOCs attributed to the higher sorption of
HOCs by {BC-2. Thus, the normalization of Ks values by hexadecane-water partition
coefficient (Kuw) could rule out the hydrophobic effect, and potential adsorption mechanism
could be due to n-m interactions. We measured the hexadecane-water partition coefficient (Kxp)
of HOCs and PHEN at 25 °C (Table 5.2.1). The hydrophobicity followed the order of PHEN
>El > E2 > EE2 > E3 > BPA. The resulting parameters are listed in Tables 5.2.1 and 5.2.5.
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The normalized partition coefficient (K+/Kxp) of HOCs showed significantly higher values than

PHEN (Figure 5.2.5a) indicating the significant role of m-w interactions for HOCs sorption by

fBC-2. Moreover, this relationship was directly related to Kz and Kup of HOCs (Figure 5.2.5b).

Table 5.2.5: Hexadecane-Water Partition Coefficient and Sorption Coefficient Relationship.

Compound log Kuw log K4 K/Knw
(C.=0.002 Cs) at pH 3.0-3.5 (C.=0.002 Cy)
at pH 3.0-3.5
El 0.84 6.46 418934
E2 0.36 5.90 345894
E3 -0.19 5.33 331013
EE2 0.65 5.70 111964
BPA -0.47 4.48 88645
PHE 1.251 2.96 (at pH 1.5) 51.17
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Figure 5.2.5: (a) Comparison of K/Kuw between phenanthrene (PHEN) and HOCs such as estrone (E1), 17f-estradiol
(E2), estriol (E3), 17a-ethynylestradiol (EE2) and bisphenol A (BPA). K#/Kuw was calculated at C. = 0.002 C;. The

K/Kuw values of solutes were directly labelled on their respective bars due to the off-scale values. The differences

among them are consistent with the explanation that n-m bonds played a major role after eliminating hydrophobic

effects. The n-n bonds formed among HOCs and fBC-2 were a donor/acceptor system, and much stronger than those

between PHEN and fBC-2. (b) Relationship between log Kuw vs log Ky as calculated at C. = 0.002 C..
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5.2.3.4. Evidence for n-t EDA Interactions
5.2.3.4.1. Evidence from Experimental Finding

From literature, it has been reported that the adsorption of chemical contaminants on CMs
increases with increasing oxygen-containing functional groups, which is partially attributed to
-t EDA interactions [244, 388, 401]. Surface carboxylic acid, nitro, and ketonic groups of
CMs can act as an electron acceptor to form -t EDA interactions with aromatic molecules and
thereby enhance sorption [402]. On the other hand, graphitic carbon like structure, hydroxyl
and amine groups present in different CMs can serve as n-electron-donor site depending on the
type of functionalization. The strongest n-m interactions are between oppositely charged arene
units, while the weakest one is between like polarized units [402]. All HOCs used in this study
have at least one hydroxyl group connected with arene unit and we hypothesis that this arene
unit could act as the n-electron-donor site due to resonance effects. If the hypothesis is correct,
then the presence of a competitor (m-electron acceptor) in the same solution should affect
sorption capacity to some extent. Thus, to prove this concept, we provided both m-electron-
donor (PHEN) and n-electron-acceptors (DNB and PABA) at different concentrations in each
HOC solution at three different pH (pH 1.5-1.8, 3.0-3.5, and 8.5-9.5) individually and observed
their effects.
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Figure 5.1.6: Sorption performance of (a) estrone (E1) and (b) bisphenol A (BPA) in the
absence and presence of competitor such as n-electron-donor phenanthrene (PHEN) and
n-electron-acceptor 1,3-dinitrobenzene (DNB). Their interactions indicated the role of
co-solutes and the role of n-n electron-donor-donor or donor-acceptor multi-system on
the sorption performance of HOCs by fBC-2. Error bar representing the standard
deviation. Sorption performance of 17p-estradiol (E2), estrio (E3) and 17a-
ethynylestradiol (EE2) in the absence and presence of m-electron-donor-acceptor system
is represented in Figure 5.2.7. Each HOC initial concentration was ~1000 pug L' and fBC
dosage was maintained 40-60 mg L.
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Figure 5.2.7: Sorption performance of (a) 175-estradiol (E2), (b) estriol (E3), and (b)
17a-ethynylestradiol (EE2) in the absence and presence of competitors such as m-electron-
donor phenanthrene (PHEN) and m-electron-acceptor 1,3-dinitrobenzene (DNB). Their
interactions indicated the role of co-solutes and the role of n-n electron-donor-donor or
donor-acceptor multi-system on the sorption performance of HOCs by fBC-2. Error bar
representing the standard deviation. The initial concentration of HOC was ~1000 pug L
and fBC-2 dosage was maintained 40-60 mg L.
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Apparent view of the Figures 5.2.6 and 5.2.7 provided an overall idea of the competitors’
effects on HOC sorption. DNB has a higher influence on the reduction of sorption capacity of
HOCs than PHEN. This change is high at pH 3.0-3.5 compared to other pH values. For
example, in the presence of PHEN, no significant change in the solid-phase sorption capacity
of BPA observed. This indicates the minor role of n-electron-donor-donor interactions as arene
unit in BPA served as the n-electron-donor site. In contrast, the presence of DNB reduced the
solid-phase sorption capacity of E1 and BPA by ~48% and ~25%, respectively, apparently
supporting the role of EDA interactions. However, the presence of PHEN also affect sorption
capacity to few extents, and this might be due to co-solute effects. Similar strong EDA
interactions have also happened for E2, E3 and EE2 (Figure 5.2.8). Thus, DNB had an adverse
effect on the adsorption of HOCs. This result is consistent with the n-n-EDA interactions after
normalizing hydrophobic effects as shown in Figure 5.2.5a, indicating the protagonist role of
the EDA interactions in solution. Also, we also used another model n-electron-acceptor such
as PABA and obtained similar results (Figures 5.2.9 and 5.2.10). Thereby, these findings
indicated the protagonist role of EDA interactions in the sorption of EDCs by {BC-2.

Moreover, a previous study hypothesised that increasing solution pH facilitated
deprotonation of the acidic functional groups (-COOH, -OH) of CMs [388]. Deprotonated
functional groups ( e.g. -COO™ and -O") might modify the hydrophobicity and the net charge
on the carbon surface, which can further promote the n-electron-donor ability of the graphene
surface (-COO" is a strong electron donor), thereby enhancing n-t EDA interactions of two
nitroaromatics (e.g. DNB and 1,3,5-trinitrobenzene as m-electron acceptors) [388]. They
observed that sorption of nitroaromatics to single-walled CNTs increased by 2-3 times with the
increase of solution pH. Thus, similar interactions may apply to the system in this study. We
observed that sorption of DNB by fBC-2 was slightly increased when pH was increased from
3.0-3.5 to 8.5-9.5, indicating the role of EDA interactions between DNB and deprotonated acid
functional group (-COO") of BC (Figure 5.2.4b). All these results indicated that n-n-electron-
donor-acceptor interaction was one of the significant forces responsible for the overall HOC-

fBC-2 interactions.
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sorption performance of HOCs by fBC-2. Error bar representing the standard deviation.
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Figure 5.2.10: Sorption performance of (a) 17f-estradiol (E2), (b), estriol (E3), and (b)
17a-ethynylestradiol (EE2) in the absence and presence of competitors such as -
electron-donor phenanthrene (PHEN) and m-electron-acceptor p-amino benzoic acid
(PABA). Their interactions indicated the role of co-solutes and the role of n-r electron-
donor-donor or donor-acceptor multi-system on the sorption performance of HOCs by
fBC-2. Error bar representing the standard deviation. The initial concentration of HOC
was ~1000 pg L™ and fBC-2 dosage was maintained 40-60 mg L.
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5.2.3.4.2. UV-Vis Spectroscopic Evidence

Figure 5.2.11 shows the presence of n-r charge-transfer absorbance band in the UV region for
the mixture of DNB (as an acceptor), PHEN (as a donor) and HOCs (such as BPA, E3 and E1
as m-donor). Noteworthy deviation of adsorption intensity was observed for PHEN and DNB
solutions (Figure 5.2.5a). A similar result was also observed for DNB and E1 or BPA
interactions indicating the m-m EDA interactions took place (Figure 5.2.5b-d). On the other
hand, no interaction (no deviation of adsorption intensity) was observed for the mixture of
PHEN and E1/BPA/E3. We also increased the donor-acceptor concentration and similar result
observed which indicate the EDA interactions between n-electron-donor site and n-electron-
acceptor site of the selected model compounds (Figure 5.2.5b). Hence, we predict same
interactions in solutions at different pH happened between m-electron donor and m-electron

acceptor sites of fBC-2 and n-electron donor site in the target HOCs.
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Figure 5.2.11: UV-Vis spectra difference in the acceptor-donor mixture showing the charge-
transfer absorption band of m-m complexes. (a) Donor-phenanthrene (PHEN), acceptor 1,3-
dinitrobenzene (DNB) and their mixing interaction, (b) Donor-PHEN, acceptor-DNB and HOC-
estrone (E1) interactions, (¢) Donor-PHEN, acceptor-DNB and HOC-estriol (E3) interactions,
and (d) Donor- PHEN, acceptor-DNB and HOC-BPA interactions clearly indicating the
difference of absorption band of n-n complexes.
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5.2.3.4.3. "H NMR Spectroscopic Evidence: Specific Direction of n-m EDA Interactions

Previously, Zhu et al. [350] and Wijnja et al.[318] used "H NMR spectroscopy to examine nt-1t
interactions in solutions among PHEN, quinones, N-heteroaromatic cations, naphthalene,
pentamethylbenzene, 1,3,5-benzenetricarboxylic acid, 1,4,5,8-naphthalenetetracarboxylic acid
and pyridine. In this study, we also used 'H NMR tool to demonstrate molecular complexation
in solution between m-electron-donor (PHEN) and n-electron-acceptor (DNB) and their effect
on 7- interactions in a solution of E1 and BPA (as n-donor due ), separately. We assume that
n-m interactions might occur between subunits attached to fBC-2 surface due to m-electron-
donor (i.e., graphitic carbon, OH, and NH2) and/or n-electron-acceptor (e.g., COOH, C=0, C-
0O-POs3) groups. Our assumption is reasonable because n-m interactions occur, in here, readily
in a nonaqueous solvent (methanol-d4) and n-w interactions have already been demonstrated in
solid-liquid-phase systems based on donor-acceptor competitor experimental proof.

In 'H NMR, it has long been known that placing a nucleus above or below the plane of
an aromatic structure causes electronic shielding due to “ring current” effects. Moreover,
placing a magnetic nucleus along the edge of an aromatic ring results in the opposite ring
current effects so-called deshielding effect. Hence, because of the parallel-planner geometry of
a -1 complex system, one may easily expect an upfield chemical shift (6) of protons on one
ring induced by the ring current effect of the opposing ring [388]. This has been used as a tool
to identify m-m interactions in solution for different compounds [350, 388]. Similarly, our case
is entirely consistent with the formation of n-n complexes as a function of interactions due to
observed upfield chemical shift in complex mixtures of m-donor and m-acceptor model

compounds.
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Figure 5.2.12: 'H NMR observed frequency shift for different protons in specific carbon bonded protons in the
respective structure of structure of E1, BPA, DNB, and PHEN (Figures a-c). AHz of each proton in each component
in their mixture specified within first bracket. Data obtained from a series of combine mixing solution of solutes and
their increased shielding by extra-nuclear electrons (i.e. increasing magnetic field at fixed frequency) from a fixed
concentration of solute in methanol-d4 solvent. Observed frequency shift (AHz) for each solute in solution was
measured by multiplying the chemical shift (3) of each solute and spectrophotometer frequency for different proton
positions (marked as green color) as shown in figure (d). Structural proton positions were labelled based on '"H NMR
peaks accessible at http://sdbs.db.aist.go.jp/sdbs/cgi-bin/cre_result.cgi?STSI=151281072529897. (d) Illustration of
offset geometry of HOCs in which proton number lies in the structure.

Therefore, It was calculated the observed frequency shift for specific proton (in
respective carbon of arene unit) in the same orientation for the respective solute. The specific
direction of m-w interactions orientation was identified for each solute. Upfield shifts of protons
at different positions of each solute occurred for the following combinations: (i). PHEN
(positions a, b, ¢ in Figures 5.2.12a & d) in a mixture solution of PHEN and DNB; (ii). DNB
(positions a, b, and ¢ in Figures 5.2.12a & d) in a mixture solution of PHEN and DNB; (iii).
E1l (positions b, and c in Figures 5.2.12b & d) in the mixture solution of E1 and DNB; (iv).
DNB (positions a, b, and ¢ in Figures 5.2.12b & d) in the mixture solution of E1 and DNB;
(v). BPA (positions b, and c in Figures 5.2.12¢ & d) in the mixture of BPA and DNB; (vi).
DNB (positions a, b, and c in Figures 5.2.12¢ & d) in the mixture of BPA and DNB. No
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upfield frequency changes for respective protons were observed (Hz = 0) from the interactions
of E1 and BPA with PHEN (Figure 5.2.12).

These results show that arene unit of HOCs served as a n-electron-donor unit due to the
presence of hydroxyl group. Hence, clear -t EDA interactions observed for DNB and =-
electron-donors (i.e. E1 and BPA) in solution and the interactions were specific toward defined
protons in each arene unit (i.e. n-n-electron-donor-acceptor system). We predict that the similar
interactions also responsible for other HOCs such as E2, EE2 and E3. As fBC-2 consists of
both m-electron-donors and m-electron-acceptors groups, thereby, m-m EDA interactions
happened at different pH. Also, the NMR results for different HOCs did not provide evidence
of m-H-bonding, as no downfield shifts of protons were observed for different complexes

indicating the insignificant involvement of n-H-bonding [350].

5.2.3.5. Role of n-Donor and n-Acceptor Domains in fBC-2 Structure at Different pH

CMs consist of graphitic sheets and different functional groups. For example, CNTs contain
more than 95% graphitic carbon. Hence, the hydrophobicity of CNTs is an important factor
affecting the sorption of solutes. Functionalization of CMs can introduce hydrophilic moieties
to the surface of CMs and thereby affect the sorption affinity of the contaminants [55, 403].
For example, the introduction of O-containing moieties either increases or decreases sorption
of organic contaminants and might act as m-electron-donor (e.g., OH group) and mn-electron-
acceptor (e.g., COOH, C=0, -COO-) sites [271, 396, 404]. The presence of aromatic amine
groups (hetero) in the polyaromatic surface of CMs can act as n-electron-acceptor in forming
n'-m EDA interactions with the m-electron-rich surface of CMs [387]. XPS results of fBC-2
showed that fBC-2 consisted of 81.76% C, 13.32% O, 0.8% N and 2.3% P. Hence, fBC-2
surface was composed of C=C, —C-OH, -COOH, C=0, heteroaromatic amine and pentavalent
tetra coordinated phosphorus (PO4, i.e. C-O-PO3) groups. These functional groups can serve as
either m-electron-donor and n-electron-acceptor or both. Therefore, it can be predicted that n-nt
interactions were? based on solution chemistry and effects of competitors (n-donor or acceptor)
at different solution pH. Thence, the presence of n-electron-donor and acceptor compounds in
the solution can hamper the sorption significantly, and this result can reveal that the presence
and the role of m-donor/acceptor domains in any materials.

In general, m-electron-donor site of any material binds to a w-electron acceptor compound
and vice versa. At pH 8.0 to 9.5, fBC-2 surface might serve as the n-electron-acceptor site due

to surface ketonic, ester, and hetero-N-cyclic aromatic groups [387]. Also, the zeta potential of
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fBC-2 was found profoundly negative at this pH (-48.0 mV) indicating the presence of the
deprotonated carboxylic (-COQO", a strong electron-donor), which could serve as hydrophobic
moiety and form H-bonds together with EDA interactions. The n-electron-donor ability also
came from graphitic carbon; surface —OH (if not dissociate); and —NH2 groups. Therefore, at
this pH range, from the comparison of Ka values of PHEN and DNB, it can be concluded that
n-electron-donor ability of fBC-2 is stronger than m-electron-acceptor groups (Figure 5.2.4).
However, both groups are active for EDA interactions. Furthermore, sorption of HOCs did not
change significantly in the presence of n-donor PHEN (indicating HOCs served as m-donor
groups) and changed a lot in the presence of DNB and PABA (Figures 5.2.7-11). Therefore,
we assume m-electron-donor groups dominants over m-electron-acceptor groups for EDA
interactions, but this domination is not strong as like as acid enhanced sorption of HOCs;
PHEN; PABA and DNB (at pH 1.5-1.7).

At pH 3.0-3.5, we predict both n-electron-donor and n-electron-acceptor domains of fBC-
2 were active to form strong EDA interactions and strong H-bonds. This can be confirmed by
the higher sorption of all HOCs (Figure 5.2.1b). Thus, maximum pH is from EDA interactions
as fBC-2 surface comprises of m-electron-acceptor (e.g., COOH, C=0, hetro-N-cyclic, C-O-
POs3) and m-electron-donor (e.g. graphitic carbon of fBC-2, -OH, —NH2) groups. Similar
interpretation for EDA interactions can be made based on Figure 5.2.4, where sorption of
PHEN was significance over pH 8.0-9.5. The zeta potential value of fBC-2 at this pH was -
18.0 mV and deprotonation of surface —OH groups was insignificant at this pH (due to pKa
sorption at this value of surface —OH group is 8.5-10) indicating the role of H-bonds formations
together with EDA interactions [59]. Also, pK. value of each HOC is more than 10 (Table
5.2.1). Thus, charge-assisted H-bond formation also played an imported role for the maximum
sorption of HOCs. H-bonds formation can also come from ketonic groups or ester groups of
fBC-2 as the maximum sorption of NON-2 (as H-acceptor) was found at pH 3.0-3.5 indicating
the role of H-bond formation. These findings indicated the role of both m-electron-donor and
acceptor domains of fBC-2 surface for the sorption of HOCs, PHEN and DNB.

The sorption of PHEN, PABA and DNB were increased considerably when the solution
pH was low (1.5-1.7) indicating the presence of both n-electron-donor and n-electron-acceptor
groups on fBC-2 surface (Figures 5.2.4 and 5.2.13). Also, at pH below 1.8, fBC-2 surface
became positive (+4.5 mV), indicating that the surface hydroxyl, carboxyl and amino groups
of fBC-2 became protonated (i.e. COOH2", -OH2", -NH3"). Therefore the H-bonds formation
by fBC-2 at this pH would play a minor role. Graphene surface of fBC-2 could serve as the n-

electron-donor site [405], and ketonic group, ester groups, C-O-POs; and hetero-N-cyclic
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groups of fBC-2 might serve as the m-electron-acceptor groups. Hence, EDA was the main
sorption mechanism. Finally, HOC sorption in the presence of PHEN, PABA and DNB
(Figures 5.2.7-11) also indicated the duel behaviours of fBC-2 surfaces at this pH. Hence, at
this pH range, both m-electron-donor and n-electron-acceptor groups were significantly active
for the sorption of opposite n-electron compounds. The EDA interactions were the strongest
interactions among other interactions at this pH range. Therefore, fBC-2 surface consists of

different functional groups, and their behaviours change significantly with the change of
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Figure 5.2.13: Sorption of PABA at different concentrations and different pH using fBC-
2 dosage of 40-60 mg L.

5.2.4. Concluding Remarks

The affinity of functinalized biochar toward hydrophobic organic contaminants sorption
showed excellent results. The main causes of this affinities are n-n-EDA interactions and
hydrogen bonds formation together with other sorption mechanisms such as pore filling;
electrostatic attractions and hydrophobic effect. Different theoretical, instrumental and
experimental proofs for a potential cause of hydrogen bonds and n-n-EDA interactions were
undertaken. Most importantly, the specific direction of n-n-EDA interactions was identified.
Also, m-electron-donor and m-electron-acceptor domains in fBC-2 were responsible for the
different sorptive mechanism at different solution pH. Therefore, functinalized biochar has the
capability for sorption of a wide range of hydrophobic organic contaminants from aqueous

solution.
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CHAPTER SIX: CONCLUSIONS AND RECOMMENDATIONS

6.1. Conclusions

In this study, different adsorptive materials such as biochar, fBC-1 and fBC-2, and a fBC
composite were successfully prepared by the utilization of woody biomass (bamboo and
eucalyptus wood) and scrap iron material (for composite sorbent). These materials were
successfully applied to remove antibiotics and EDCs in single and competitive mode from
water and wastewaters (e.g. lake water, MBR effluent and synthetic wastewater).

fBC was found to have good sorption capacity for removal of sulfonamide class of
antibiotics (e.g. sulfamethazine (SMZ); sulfamethoxazole (SMX), sulfatiazole (STZ)),
chloramphenicol class of antibiotic (e.g. chloramphenicol) and EDCs (e.g. estrone (E1), 173-
estradiol (E2), estriol (E3), 17a-ethynylestradiol (EE2), bisphenol A (BPA) and 4-tert-
butylphenol (4/BP)) over pristine biochars. In this study, detailed mechanisms for removal of
antibiotics and EDCs were determineed based on pH profile, speciation, ionic strength,
materials charecteristics, temperature, thermodynamics, solution chemistry, and water
matrixes. Different isotherm models such as the Langmuir isotherm model, Fruendlich
isotherm model, and Polani-Mane model were applied to analyse the sorption data. For
competitive sorption, summerized isotherm models were proposed. Several kinetic models
such as pseudo first order kinetic model, pseudo second order kinetic model, intraparticle
diffusion model and Boyd model were also employed. Speciall focus was given on both single
and competitive effects on sorption performance based on experimental, theoretical and
instrumental findings. The experimental, instrumental and theoretical findings suggested that
antibiotics and EDCs sorption occurred mainly through pseudo-second order and external mass
transfer diffusion processes, by forming H-bonds along with n-t EDA interactions at different
pH. Other interactions such as van der walls forces, hydrophobic effect, electrostatic
interactions, Lewis acid based interactions and ion exchange capacity were also studied in
details. The treatment of wastewaters (e.g. synthetic wastewater, lake water and MBR effluent)
was found very promising result using modified biochars in both single and competitive mode.
The complete removal of antibitics and EDCs from different water decreased in the order:
deionised water > MBR sewage effluent > synthetic wastewater. The presence of sodium lauryl
sulphonate and acacia gum in synthetic wastewater significantly suppressed sorption affinity
of antibiotcs and EDCs by 38—-50%, hence requiring more fBC to maintain removal efficacy.

With the regeneration of adsorbent, the applicability of biochar and fBC in water and
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wastewater treatment will be economically feasible. Therefore, in this thesis, I particularly

focus on the removal mechanism in detail using biochar and fBCs.

6.2. Contributions to the Field

The successful application of novel adsorbents (fBC-1 & fBC-2) prepared from bamboo
and eucalyptus wood for removing antibiotics and EDCs from aqueous solution in both
single and competitive mode.

Development of an efficient method for modifying surface of biochar helps to improve
its adsorption capacities.

Clearly addressed on details adsorptiom mechanisms based on different parameters such
as pH profile, speciation, ionic strength, materials characteristics, temperature,
thermodynamics, solution chemistry, and water matrices.

Batch adsorption experiments and characterization of adsorbents improved the
understandings on adsorption mechanisms of antibiotics and EDCs onto the adsorbents.
Regeneration of adsorbent was successfully carried out.

Successfully treated water and wastewater such as lake water, synthetic wastewater and
MBR effluents.

It was found that presence of sodium lauryl sulphonate and acacia gum in synthetic
wastewater significantly suppressed sorption affinity of antibiotcs and EDCs by 38—50%.
Advantages and disadvantages of adsorption of antibiotics and EDCs was successfully
analysed based on experimental, theoretical and analytical findings.

Prepared materials successfully applied for the treatment of 14 different organic

contaminants such as antibiotics, EDCs, HOCs, and hydrophilic organic contaminants.

6.3. Recommendations for Further Research

The following recommendations are made for any future study on this important topic:

Future research needs to explore highly efficient, low-cost adsorbents such as
immobilisation of different metal-oxides onto fBC; preparation of fBC-complex for
hybrid treatment technology e.g. sorption-reduction/oxidation for EC removal.

fBC can be utilized in combination with othe chemical/biological processes e.g. MBR-

fBC, fBC-photocatalysis hybrid system for EC removal.
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The majority of studies reported have been conducted in batch trials and single
compound studies in synthetic waters. These trials need to be extended to continuous
mode column with competitive solutes trials which have more relevance to real
operating systems in natural water.

Surface modifications of the adsorbents can be explored to increase the capacity and
strength of adsorption without significantly increasing the cost of such modification.
The technique developed in this study needs to be tested at pilot scale for commercial
application of organic pollutants removal from wastewater.

The constant discharge of antibiotics and EDCs in the aquatic environment becomes an
essential part of the present life. Considering the widespread presence of these
chemicals in the environment, it is essential that strategies be developed to control
widespread environmental contamination of EDCs and antibiotics.

More regeneration studies need to be done for adsorbents to reduce the costs of the

water treatment process.
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