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ABSTRACT 

Arsenic (As) is one of the most dangerous substances and especially when it exists 

in its inorganic form in water, wastewater, air, and food. Elevated concentrations of 

inorganic As have been discovered in groundwater sources in many places worldwide, 

particularly Bangladesh, India, Nepal, Cambodia, Vietnam, and some areas of Australia. 

In many developing countries, As-contaminated groundwater is used as the primary 

drinking water source. Its concentration can reach as high as 1,000 µg/L, which is much 

larger than the WHO recommended standard of 10 µg/L. Inorganic As can lead to a 

number of diseases such as gastrointestinal symptoms, severe disturbances of the 

cardiovascular system, central nervous systems, and cancer. In natural aqueous systems, 

the most toxic species of As are trivalent arsenite (As(III)) and pentavalent arsenate 

(As(V)). As(III) is more toxic than As(V) and can be oxidized to As(V).   

Research on As removal, particularly As(V), began several decades ago, and many 

treatment technologies have been devised and implemented. However, the high treatment 

cost and complicated nature of As treatment systems present the main challenges in 

applying these technologies, especially at a decentralised scale and in rural or isolated 

areas. Consequently, the main objective of this research is to develop novel and cost-

effective methods that can be applied widely to remove As (V), particularly for vulnerable 

groups of people. Cost-effective adsorption based on novel adsorbents and 

electrocoagulation with solar energy was the focus of this study. Simplicity and cost-

efficiency during design and operation were the main topics analysed here. 

In the first part of this research, two novel adsorbents were developed and used 

to adsorb As(V) from water. A low-cost manganese oxide ore from Vietnam (VMO) 

(containing 25.6% Mn and 16.1% Fe mainly in the forms of cryptomelane and goethite 
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minerals) was firstly evaluated for its performance in As(V) removal from water. VMO 

was then modified by grafting with iron oxide and zirconium oxide to improve its 

adsorption capacity. Results show that the Langmuir maximum adsorption capacity of 

new modified VMO, namely Fea-VMO and Zra-VMO were 2.19 mg/g and 1.94 mg/g, 

respectively, nearly 20 times higher than that of the original VMO (0.11 mg/L). These 

adsorbents were used in a column study to remove As(V) from synthetic contaminated 

water under various conditions. Column adsorption data fitted well to the Thomas model 

and the predicted adsorption capacities followed the same order as that observed in the 

batch experiment for these three adsorbents: Fea-VMO > Zra-VMO > VMO. At an 

influent concentration of 0.25 mg As(V)/L, and flow velocity of 0.15 L/h, the Thomas 

model adsorption capacities of VMO, Fea-VMO, and Zra-VMO were 0.151, 1.145, and 

0.925 mg/g, respectively.  

Other novel adsorbents, namely FLF-3 and ZLF-3 have also been produced from a 

popular agricultural by-product, luffa plant fibre (LF), by grafting LF with iron oxide 

and zirconium oxide. This is the first time a luffa plant, an agricultural by-product, was 

used to treat As(V) from water. The Langmuir adsorption capacity of LF, at the influent 

As(V) concentration of 0.5 mg/L and pH 7, was found to be only 0.035 mg/g. Although 

the adsorption capacity of LF was poor, it improved remarkably after modification, in 

fact up to 2.55 mg/g for FLF-3 and 2.89 mg/g for ZLF-3. The adsorption capacities of 

FLF-3 and ZLF-3 are comparable or higher than those of many other chemically modified 

bio-adsorbents. In the column study, the experimental data also fitted well to the Thomas 

model and the As(V) adsorption capacity of ZLF-3 proved to be the highest (2.7 mg/g at 

initial As(V) concentration of 0.1 mg/L), followed by FLF-3 (1.26 mg/g) and LF (0.06 

mg/g). 
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In the second part of this research, a novel electrocoagulation method using 

different power sources (including new renewable energy - solar panel or rechargeable 

battery) was applied to remove As(V) in water. This method can be applied to remove 

As(V) in rural and isolated areas because of its capability of operating without electricity. 

For an initial As(V) concentration of 0.1 mg/L, an operational time of 5 min, an electrical 

potential difference of 7.5 V, and electrodes distance of 1 cm were identified as optimal 

conditions for removing As(V). In the batch study using a 9 V rechargeable battery and 

12 V solar panel, the electrocoagulation reactor could remove 93 and 98% of As(V), 

respectively, from 0.1 mg As(V)/L solution. As(V) concentration in treated water was 

smaller than that of the WHO drinking water guidelines. In the continuous study, a small, 

cost-effective system (cost $15AUD) using DC electrical power or a small solar panel of 

12V could successfully treat 12L contaminated water per hour (similar flow rate as many 

commercial household filters). During 4 hours of continuous testing, the As(V) removal 

efficiency maintained at more than 91% for DC electrical system and 96% for the solar 

energy system, respectively 

Finally, the third part of this research focused on managing the toxic waste 

resulting from the adsorption process. Solidification/stabilisation method (for VMO and 

modified VMOs) and phytoremediation method (by Pityrogramma calomelanos (fern 

plant) for LF and modified LFs) were investigated. The quality tests of concrete used for 

solidification (compressive strength, rapid chloride penetrability test, and volume of 

permeable voids) and leaching tests confirm that the concrete produced from the 

solidification/stabilisation can be safely disposed of or used as a structural construction 

material for driveways or pavements. To manage the exhausted LF and modified LFs, 

phytoremediation results show that As(V) could be well transferred from waste 
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adsorbents to plants and diffused to all parts of the plants. As(V) concentration from the 

mixing of soil and exhausted LFs reduced significantly from 38.56 mg/kg to 9.92 – 10.20 

mg/kg, much lower than the permissible level of the United States Environmental 

Protection Agency (USEPA) (24 mg/kg) and the ecological investigation level (EIL) limit 

of As in soil in Australia (20 mg/kg). 

In summary, this study successfully developed two novel adsorbents and a novel 

electrocoagulation process for removing As(V) in water. The new adsorbents and 

treatment process includes features that favour As(V) removal such as cost-effectiveness, 

high removal efficiency, environmental friendliness and simple application. The 

exhausted adsorbents can be safely disposed into the environment once the treatment 

process is completed. The novel electrocoagulation process using renewable energy is 

also a promising approach. The most important feature of this approach is its 

independence from power, which allows its application in the rural and isolated areas 

with poor infrastructure. 
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Chapter 1. Introduction 

 

1.1 Background of research 

Nowadays, more and more people are suffering from the impact of environmental 

pollution. Regardless of the efforts of many countries, organisations, and communities to 

relieve the effect of environmental degradation, it remains a serious issue. Besides human 

activities, some pollution sources come from nature. For arsenic (As), it occurs in water 

because of both natural geologic processes and anthropogenic activities. In nature, As 

could be found in minerals and hydrothermal veins (Søgaard, 2014), which upon 

weathering release As to surface and ground waters and sediments. The popular artificial 

sources of As pollution are mining, smelting of non-ferrous metals, combustion of fossil 

fuels, and groundwater exploitation (Søgaard, 2014). As contamination in drinking water 

is related to many human health problems, primarily causing cancer in the skin, lungs, 

kidneys, and bladder and elevating the risk of non-cancerous pathologies such as diabetes, 

skin lesions and metabolic dysregulation (Jochem et al. 2019; Mandal et al. 2016). A 

recent study by Singh (2017) shows that currently more than 200 million people in the 

world are exposed to As. Most of them live in rural areas with poor infrastructure 

conditions and the required resources. Therefore, the demand for an appropriate, simple, 

and cost-effective As treatment method is extremely important. 

Historically, many technologies have been applied to remove As, for instance, 

oxidisation, precipitation, coagulation, adsorption, ion-exchange, and membrane. Each 

method has its own advantages and disadvantages. However, not all of them can meet 

treatment requirements, including treatment efficiency and economic aspects. Adsorption 
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is a popular method in As treatment at the decentralised scale due to its simple 

implementation, low-cost, high efficiency, and low waste production. It could be deemed 

an appropriate technique to remove As in contaminated regions. 

A low-cost manganese oxide ore (VMO) derived from the mining process in 

Vietnam contains mainly Mn and Fe. Hence, it can be used as an adsorbent for removing 

As(V). It can be modified by grafting with Fe and Zr to improve As adsorption capacity. 

The exhausted media can be managed by the solidification/stabilisation method so that it 

is safe to dispose of into the environment.  

Another medium is known as porous luffa fibre, an agricultural by-product. This 

material is very environmentally friendly, easy to prepare, locally available, and 

extremely cheap. The prominent characteristics of luffa fibre are that it is very porous and 

durable in an aqueous environment. To achieve higher adsorption capacity, original luffa 

fibre can also be chemically modified. By grafting with Fe and Zr, the adsorption capacity 

of this material can improve considerably. The saturated adsorbents from this process can 

be managed by the phytoremediation method safely. 

Besides adsorption, electrocoagulation (EC) recently has emerged as a promising 

approach to remove As(V) from water. The new EC system can be operated with energy 

supplied by both an electricity source and a renewable energy source like solar energy. 

For this reason, it can be applied at a decentralised scale in remote and isolated areas 

without electricity. The advantages of this method are that it avoids chemical use, 

minimum solid waste, low-cost while still obtaining high As removal efficiency. 

 



4 

 

1.2 Objectives and scope 

This research aims to investigate and evaluate the arsenate (As(V)) removal 

efficiency of the adsorption method using two novel types of low-cost absorbents 

(manganese oxide ore and luffa fibre with and without modification) and a new 

electrocoagulation process (which can be run continuously with renewable energy source) 

to remove As(V) from water. The treatment targets the treatment of As(V) in the water 

source to meet the WHO drinking water guidelines. 

The specific objectives of this dissertation are: 

• Developing the novel adsorbents from manganese oxide ore (Chapter 3) and 

luffa fibre (Chapter 4) by applying appropriate modification methods. 

• Investigating and evaluating the adsorption capacity of the original media 

(including manganese oxide ore and luffa fibre) and their modified forms 

(Chapter 3, Chapter 4). 

• Modelling the performance of these adsorbents in batch equilibrium and kinetics 

adsorption and continuous adsorption studies (Chapter 3, Chapter 4). 

• Evaluating the influence of pH, coexisting anions, As(V) initial concentration on 

the adsorption capacity (Chapter 3, Chapter 4). 

• Managing the waste from the adsorption process (Chapter 5). 

• Investigating new electrocoagulation using stainless steel electrodes to remove 

As(V) from water (Chapter 6). 

• Replacing an electricity source with solar energy in an electrocoagulation system 

to evaluate the applicability of this process in remote and isolated areas (Chapter 

6). 
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1.3 Thesis structure 

This dissertation includes seven chapters and four appendices. They are briefly 

described below: 

Chapter 1: This introduces the topic and basic information about the research 

problems and solutions. This chapter includes details about the objectives and scope of 

the research covered here. 

Chapter 2 (Literature review): This chapter presents a comprehensive review on As 

pollution problems, including: (i) source and distribution of As compounds, (ii) As 

species and behaviour in the aqueous environment, (iii) effect on human health, (iv) 

limitation of As in drinking water, (v) As removal technologies, (vi) an overview of the 

adsorption method, (vii) an overview of the electrocoagulation method, and (viii) As-

contained waste management. 

Chapter 3: Investigated and evaluated here are the As(V) adsorption ability of 

original and modified manganese oxide ore in batch and column studies. The effect of 

influential factors such as pH, coexisting anions, As(V), and initial concentration on the 

adsorption performance together with a series of models, are discussed in detail. 

Chapter 4: This chapter describes the As(V) treatment utilising the adsorption 

method with raw and modified luffa fibre forms. The experimental data from both batch 

and fluidised-bed adsorption studies are discussed in detail. 

Chapter 5: Two methods of solid waste management, namely 

solidification/stabilisation (for modified and unmodified manganese oxide ore) and 

phytoremediation (for grafted and ungrated luffa fibre) are described in this chapter. In 
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this chapter, relevant experiments and analyses are carried out to evaluate the safety of 

waste disposal. 

Chapter 6: This chapter presents a new electrocoagulation process’s efficiency in 

removing As(V) using both electrical source and solar energy in batch and continuous 

studies. The applicability of the new electrocoagulation system at the decentralised scale, 

including cost calculation, is discussed. 

Chapter 7: The last chapter of this study summarises the key findings and provides 

recommendations for future analyses to explore. 
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Chapter 2. Literature review 

 

2.1 Source and occurrence of As compounds 

Arsenic (As) is the 33rd chemical element in Mendeleev’s periodic table. It is a 

metalloid but is usually classified as heavy metal (Järup 2003). It is one of the world’s 

most toxic elements and causes many cancerous and non-cancerous diseases. The United 

States Environmental Protection Agency (US EPA) has categorised As as a group A 

carcinogen (Singh 2017). In regard to its abundance, As is the 52nd most common element 

in the earth’s crust,  20th in nature, 14th in seawater and 12th in the human body (Gupta & 

Chatterjee 2017). In nature, As exists within more than 300 minerals and its approximate 

concentration on the earth is 5 mg/L (Nazari et al. 2017). The most common As-contained 

minerals are arsenopyrite (FeAsS), niccolite (NiAs), realgar (AsS/As4S4), orpiment 

(As2S3), cobaltite (CoAsS), and the secondary minerals formed by oxidation of these 

minerals (Sogaard 2014). 

Historically, As was discovered in the fourth century BC by the Greek philosopher 

Aristotle (Gupta & Chatterjee 2017). The first study on As contamination was reported 

in Germany in 1885. In 1983, the first study in As-contaminated groundwater was carried 

out in four As-affected districts in West Bengal, India. In 2008, the As-affected districts 

in this area increased to nine, which indicated the mobility of As in water (Gupta & 

Chatterjee 2017).  

As can be derived from both natural and anthropogenic sources (Fig. 2.1). As from 

geological origin can be released into groundwater, surface water, and sediments through 

weathering the As-contained minerals and hydrothermal veins (Sogaard 2014). In 
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particular, As in groundwater was mostly generated as a result of the resilient effect of 

water-rock interfaces. The As natural geological origin was found to be connected in a 

complex manner with groundwater flow regime and aquifer geometry (Gupta & 

Chatterjee 2017). The physical and geochemical conditions of the aquifer also affect the 

mobilisation, concentration, and accumulation of As in groundwater. Anthropogenic 

sources of As appeared decades ago, mainly in the groundwater exploitation, agricultural 

and industrial processes. These processes include mining, smelting, producing and using 

biocides, pesticides, fertilisers and wood preservatives, fossil fuel combustion, municipal 

wastes, military activities, medicinal uses, waste treatment, etc. (Gupta & Chatterjee 

2017; Sogaard 2014). In the past, As was even utilised to improve the complexion of 

women and for feeding horses (Singh & Stern 2017). From the late 1990s, farmers in 

many countries used some As-contained products for crops as a pest control method, 

including monosodium methane arsenate, disodium methane arsenate, cacodylic acid. As 

a result, the concentration of As in this raw food increased, leading to an uptake of As in 

plants, animals and humans (Gupta & Chatterjee 2017). In Australia, a number of workers 

suffered chronic As poisoning before 1970 due to the indiscriminate use of As-contained 

pesticides (Gupta & Chatterjee 2017).  
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Fig. 2.1. Natural cycling of As (Jones 2007) 

 

Many places around the world are reported to be harmfully affected by As 

contaminated groundwater. In 2008, Amini et al. (2008) modelled the global probability 

of geogenic As contamination in groundwater (Figure 2.2). The maps illustrate the 

distribution of As under two conditions: (a) highly reducing aquifers where As 

predominantly presented in its reduced state, and (b) high-pH aquifers where As is 

relatively soluble in its oxidised state. The concentration of As in both cases was 

measured to be as high as 5,000 µg/L. It also introduces that the most As-contaminated 

regions are Bangladesh, Cambodia, Vietnam, Taiwan, India, China, Mexico, Chile and 

southwest America (Amini et al. 2008). Therein, the As pollution statement in Asia, 

particularly Bangladesh, is worse than other regions of the world with more than 120 

million people exposed to As, followed by America and Africa with 48 million and 24 

million people, respectively (Singh & Stern 2017). 
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Fig. 2.2. Modelled global probability of geogenic arsenic contamination in groundwater 

(Amini et al. 2008) 

 

2.2 As species and behavior 

As is present in both organic and inorganic forms in the water environment. The 

occurrence of As species depends on the pH and potential condition of water 

(Thirunavukkarasu et al. 2002). In nature, the most common inorganic As compounds are 

arsenite (As(III)) and arsenate (As(V)), while the popular organic As species are 

monomethylarsonate (MMA) and dimethylarsinate (DMA). Their toxicity order is as 
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follows: As(III) > As(V) > MMA > DMA. Due to the high toxicity of inorganic As, most 

of the studies conducted on As removal usually focuses on this species. 

Generally, As(III) and As(V) exist in two opposite redox conditions (Fig. 2.3). 

As(III) exists under a reductive environment with the non-ionised form (H3AsO3) at pH 

< 9 while the ionised form (HAsO3
2-) appears at pH > 9. As(V) mainly occurs in oxidising 

conditions with the ionised form (H2AsO4
-, HAsO4

2-, AsO4
3-) at most values of pH (pH 2 

– 14) (Nguyen et al. 2020b, Sogaard 2014). Another basic difference between them is 

their solubility. The solubility of As(V) is 66 g/100 mL water, much higher than that of 

As(III), which is only 10.1 g/100 mL (Sogaard 2014). 

In groundwater, the inorganic As species varies at different regions. The ratio of 

As(V) and As(III) also changes frequently due to many factors, such as the variations in 

the availability of redox active solids, the activity of microorganisms, and the extent of 

convection and diffusion of oxygen from the atmosphere. Based on global As 

measurement of about twenty thousand samples, Amini et al. (2008) reported that 77% 

of As variation in reducing areas and 68% of As variation in oxidising areas. In some 

well-known As-contaminated regions, such as Bangladesh, Vietnam, and Taiwan (where 

35.4, 15.8 and 8.2% areas are contaminated with As at concentration of above 0.75 µg/L, 

respectively), the predominant As species in groundwater is As(III) (Amini et al. 2008; 

Guo et al. 2014; Jiang et al. 2013; Postma et al. 2007). In the United States, which 8.2% 

area having As contaminated in groundwater, a national research program stated that 48% 

of well water across the country had As(V), 44% had As(III) and 8% had both species 

(Sorg, Chen & Wang 2014). 
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    (a)      (b) 

Fig. 2.3. (a) Eh-pH diagram for As species in water at 25 °C and 1 bar and (b) As(III) and 

As(V) speciation as a function of pH (ionic strength 0.01 M) (Smedley & Kinniburgh 

2002b). 

 

2.3 Effect on human health 

As was named “the king of poisons” (Gupta & Chatterjee 2017). It can cause 

poisoning to humans by a natural pathway, or it can be used as a poison in high doses. 

Two of the most famous As poison events were of two contemporaries - Napoleon 

Bonaparte, the Emperor of France, and King George III of the United Kingdom. After 

their deaths, elevated concentrations of As were found in strands of their hair (Sogaard 

2014). 
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Naturally, humans are affected by As mainly through As-contaminated drinking 

water and these health effects are called arsenicosis. According to Singh (2017), 

approximately 202 million people in 100 countries have been affected by drinking As 

polluted water. Due to its high toxicity even at low concentrations, As contamination in 

drinking water becomes a global health concern (Sogaard 2014). The evaluation 

conducted by WHO states that As poisoning through drinking water can cause lungs, 

kidneys, bladder, and skin cancer at an As concentrations of about 0.1 mg/L (WHO 2001). 

Scientists have demonstrated that large quantities of inorganic As come into human body 

can lead to gastrointestinal symptoms, severe disturbances of the cardiovascular and 

central nervous systems, and eventually death (Järup 2003). Bone marrow depression, 

hemolysis, hepatomegaly, melanosis, polyneuropathy, and encephalopathy can be 

observed in others. There are many neurological complications when people are exposed 

to As also to be confirmed (impaired memory, poor concentration, Parkinson's disease, 

Guillain-Barre-like neuropathy, verbal comprehension, encephalopathy, and peripheral 

neuropathy) (Brinkel, Khan & Kraemer 2009; Yadav et al. 2010). Sogaard (2014) 

presented data on As accumulation in the human body in his research. This research 

shows that after entering the human body, As mostly accumulates in nails (1.30 – 52.03 

mg/kg) and hairs (0.1 – 83.4 mg/kg). A smaller amount of As can be found in urine (0.025 

– 9.420 mg/L).  

 

2.4 Limit of As in drinking water 

As a critically dangerous element even at a very low concentration, As limitation 

in drinking water is rigorous. The As standard does vary between countries throughout 

the world. Generally, As limitation in drinking water in the developed countries is 
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relatively lower than that of the developing countries (Table 2.1) (Sogaard 2014). The 

first guideline of As set by WHO in 1958 was 200 µg/L. However, they then realised that 

this value was not suitable because of emerging evidence of chronic As toxicity (Fisher 

et al. 2017). They reduced this limitation twice, down to 50 µg/L in 1963 and to 10 µg/L, 

the current guideline since 1993 (Fisher et al. 2017). Most countries adjusted their As 

standard to be similar to the WHO guidelines. Denmark even set the maximum 

contaminant level of As in drinking water to 5 µg/L. However, some countries such as 

Bangladesh, Mexico, India, Brazil, and Chile have delayed this adaptation. Their national 

As standard remains in the 25 – 50 µg/L range (Sogaard 2014). 

 
Table 2.1. As concentration in various countries’ regions with their As limitation in 

drinking water (Siddique et al. 2020)  

Country Tested region As concentration 

(µg/L) 

Permissible 

limit (µg/L) 

Afghanistan Ghazni 10 – 500  10 

Bangladesh Noakhali <1 – 4730  50 

Brazil Minas Gerais 0.4 – 350 10 

Cambodia Prey Veng, Kandal-Mekong delta 1610 10 

Canada Nova Scotia (Halifax county) 1.5 – 4440  10 

China - 17 – 4440  50 

Finland Southwest Finland 17 – 980   10 

India West Bengal, Uttar Pradesh 10 – 3200  50 

Japan Fukuoka Prefecture 1 – 293  10 

Mexico Lagunera 8 – 620  25 

Nepal Rupandehi 2620 50 

Pakistan Muza_argarh 906 50 

Taiwan - 10 – 1820  10 

Thailand Ron Phibun 1 – 5000  10 

USA Tulare Lake 2600 10 

Vietnam Red River Delta, Mekong Delta <1 – 3050  10 
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2.5 As removal technologies 

Due to its toxicity, As removal from contaminated water is always an essential 

issue. However, As and their compounds cannot be destroyed. They can only change their 

forms and phases, making them able to be attached or separated from particles or decrease 

their solubility in water (Pichhode & Gaherwal 2019). As can be removed from water 

using many technologies. To date, oxidation, coagulation/precipitation, adsorption, ion 

exchange, and membrane technologies are recognised as the most effective and popular 

As removal methods (Sogaard 2014). Many approaches have been studied in order to 

improve the efficiency in removing As. The selection and implementation of As removal 

technology is based on many aspects such as water characteristics, treatment capacity, 

treatment cost, and operational and maintained requirements.  

 

2.5.1 Oxidation 

Oxidation is a simple As treatment process. It results in the transformation of As 

species, from As (III) to As (V). However, this process alone cannot effectively remove 

As. It usually is combined with other methods like adsorption, ion exchange, and 

coagulation (Nicomel et al. 2016). Therefore, oxidation is normally used as a pre-

treatment step in an As treatment system. Natural and chemical oxidation agents are often 

utilised, such as ozone, free chlorine, hypochlorite, permanganate, hydrogen peroxide, 

and fulton's reagent, etc. As oxidation reactions with various agents are displayed in 

reactions [2.1 – 2.8] (Sharma et al. 2007). 
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𝐻3𝐴𝑠𝑂3 + 𝐻𝑂𝐶𝑙 → 𝐴𝑠𝑂4
3− + 𝐶𝑙− + 4𝐻+     [2.1] 

𝐻3𝐴𝑠𝑂3 + 2𝐶𝑙𝑂2 → 𝐴𝑠𝑂4
3− + 2𝐶𝑙𝑂2

− + 5𝐻+     [2.2] 

5𝐻3𝐴𝑠𝑂3 + 2𝐶𝑙𝑂2 + 𝐻2𝑂 → 5𝐴𝑠𝑂4
3− + 2𝐶𝑙− + 17𝐻+   [2.3] 

𝐻3𝐴𝑠𝑂3 + 𝑁𝐻2𝐶𝑙 + 𝐻2𝑂 → 𝐴𝑠𝑂4
3− + 𝑁𝐻4

+ + 𝐶𝑙− + 3𝐻+   [2.4] 

𝐻3𝐴𝑠𝑂3 + 𝐻2𝑂2 → 𝐴𝑠4
3− + 𝐻2𝑂 + 3𝐻

+     [2.5] 

𝐻3𝐴𝑠𝑂3 + 𝑂3 → 𝐴𝑠𝑂4
3− + 𝑂2 + 3𝐻

+      [2.6] 

2𝐻3𝐴𝑠𝑂3 + 2𝑀𝑛𝑂4
− → 3𝐴𝑠𝑂4

3− + 2𝑀𝑛𝑂2 + 7𝐻
+ + 𝐻2𝑂   [2.7] 

𝐻3𝐴𝑠𝑂3 + 𝐹𝑒𝑂4
2− + 𝐻2𝑂 → 3𝐴𝑠𝑂4

3− + 2𝐹𝑒(𝑂𝐻)3 + 5𝐻
+   [2.8] 

In many developing countries, the natural oxidation process is widely applied to 

remove As partly. The practical application of natural oxidation includes passive 

sedimentation, in-situ oxidation, and solar oxidation. A case study in Bangladesh shows 

that the method’s As removal efficiency was below 50% and As concentration in treated 

water did not meet the As limitation in drinking water (Ahmed 2001). Here, As was 

mostly removed by the oxidation of dissolved oxygen and ferrous iron in water. The 

application of chemical oxidation agents usually generates better oxidation efficiency 

compared to natural oxidation. In recent research, more than 93% of As(III) was oxidised 

to As(V) by δ-MnO2 modified activated carbon, resulting in more than 90% of As 

removed by subsequent adsorption process (Wang et al. 2020). In electrocoagulation, the 

oxidation process plays an important role in oxidising As(III) to As(V) and 

releasing/oxidising metal ions at the anode determined the efficiency of As treatment 

(Kobya et al. 2020).  
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In some research, some bacterium species, such as Bacillus arsenoxydans, 

Pseudomomas arsenoxydans, Xanthomonas arsenoxydans, Achromobacter rsenoxydans, 

Alcaligenes faecalis, etc., were able to oxidise As (III) to As (V) (Sogaard 2014). The 

reaction is presented in reaction 2.9:  

 

𝐻3𝐴𝑠𝑂3 +
1

2
𝑂2

𝐵𝑎𝑐𝑡𝑒𝑟𝑖𝑎
→      𝐻3𝐴𝑠𝑂4       [2.9] 

 
For drinking water treatment, only some bacteria are suitable when considering the 

impact on human health. The main factors that dominate the benefit of bacteria for the 

water treatment process are nutrient supply and autotrophic ability, oxidised ability, 

temperature and As concentration (Sogaard 2014). 

2.5.2 Coagulation/Co-precipitation 

The traditional coagulation process is chemical coagulation, which uses chemicals 

as coagulants. The popular coagulants such as aluminium sulphate Al2(SO4)3, ferric 

chloride FeCl3, and ferric sulphate Fe2(SO4)3
 are effective in removing As from water 

(Sogaard 2014). In the chemical coagulation process, the coagulant is added to water and 

it quickly forms aluminium or ferric hydroxide micro-flocs. These micro-flocs then 

agglomerate to form larger flocs that are settable. During this flocculation process, the 

negatively charged As ions are attached to the flocs by electrostatic attachment and settle 

with the flocs, which are then separated from the water by filtration or settlement 

(Nidheesh & Singh 2017). Although this method has been evaluated as one of the most 

effective As removal strategies, it still has some drawbacks such as requiring a lot of 

chemicals and high treatment cost, producing a large amount of As-contaminated sludge. 
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Table 2.2 presents the As removal efficiency of different coagulants. Results from 

previous studies show that treatment efficiency of As(III) was generally lower and less 

dependent on solution pH than that of As(V). 

 
Table 2.2. The As removal efficiency of several coagulants  

Coagulant Coagulant 

dosage  

(mg/L) 

pH Type of 

water 

 

As concen-

tration 

(µg/L) 

As removal 

efficiency 

Reference 

 

As(III) As(V) 

Ferric 

nitrate 

6 8.2 Agriculture 

wastewater 

73.9 80 (As total) Qiu et al. 
(2019) 

Ferric 

chloride 

40 7.0 Municipal 

wastewater 

8.6 - 78 Ge et al. 
(2020) 

Aluminium 

chloride 

40 7.0 Municipal 

wastewater 

8.6 - 84 Ge et al. 
(2020) 

Ferric 

chloride 

15 7.0 – 
8.0  

Synthetic 

groundwater 

300 51 60 Jahin et 
al. (2017) 

Aluminium 

chloride 

20 6.5 – 
7.5 

Synthetic 

groundwater 

300 43 56 Jahin et 
al. (2017) 

 
Recently, electrocoagulation (EC) has emerged as a promising technology to 

remove As from water. It can eliminate some disadvantages of other traditional water 

treatment techniques, particularly chemical coagulation (Kalaruban et al. 2017). Some 

advantages of EC are that it only requires simple equipment, is easy to operate, reduces 

chemical use, and produces less sludge. However, this method strongly depends on the 

operational conditions such as the type of electrodes and electrical source, which can be 

expensive or unavailable in some rural areas. The removal efficiency of the EC technique 
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can range from 75 to 99% when iron, aluminium, copper, titanium, and zinc served as the 

electrodes (Nidheesh & Singh 2017). 

 
2.5.3 Adsorption technique 

Amongst a large number of water treatment technologies for As removal, 

adsorption is considered to be the best technology for the decentralised context because 

of its high removal efficiency, low-cost features, and simple implementation and 

operation (Fu & Wang 2011; Jiuhui 2008; Mohan & Pittman Jr 2007). The selection of 

an appropriate adsorbent and its adsorption capacity depends on the As concentrations, 

the existing co-ions, pH, etc. For example, activated alumina is often efficient at pH 

values around 6, lower than the ones encountered in natural groundwater (Lescano et al. 

2015). Many natural and synthetic media have been examined for As removal from the 

water, such as activated alumina, activated carbon, iron, manganese coated sand, kaolinite 

clay, hydrated ferric oxide, activated bauxite, titanium oxide, silicium oxide (Nicomel et 

al. 2016). Mohan & Pittman Jr (2007) comprehensively reviewed the properties and 

adsorption capacity of many absorbents. In general, some low-cost adsorbents originated 

from agricultural by-products or industrial wastes such as treated slags, char carbons, 

coconut husk carbons, goethite, and commercial adsorbents such as activated carbon 

(AC), granular ferric hydroxide have high As adsorption capacities. In addition, some 

adsorbents have been pre-treated or modified to improve the adsorption capacity (Mohan 

& Pittman Jr 2007). For example, in the case of AC, the As(V) adsorption capacity of AC 

after modification by zirconium and iron were 73 - 78 times higher than that of original 

AC (Darco 12 × 20 carbon), respectively. In their study, Nicomel et al. (2016) 

recommended that most conventional adsorbents have irregular pore structures and low 
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specific surface areas, leading to low adsorption capacities. Therefore, in many cases, 

pre-treatment and modification of adsorbents for improving the surface areas and pore 

structures are the key factors to improve the As adsorption capacity of adsorbents. 

2.5.4 Ion exchange 

The As removal mechanism of ion exchange is similar to that of the adsorption 

process, but ion exchange resin – a synthetic product is utilised instead of an adsorbent. 

The ion exchange capacity (meq/mL) depends on the number of exchange sites and the 

competition of anions. Here, some anions in the water source can compete with As ions 

to occupy the exchange sites, leading to a reduction in ion exchange capacity. The general 

ion-exchange process with As(V) is described in the followed reactions (Mohanty 2017): 

 

As exchange:  2𝑅 − 𝐶𝑙 + 𝐻𝐴𝑠𝑂42− → 𝑅2𝐻𝐴𝑆𝑂4 + 2𝐶𝑙−   [2.10] 

Regeneration:  𝑅2𝐻𝐴𝑠𝑂4 + 2𝑁𝑎+ + 2𝐶𝑙− → 2𝑅 − 𝐶𝑙 + 𝐻𝐴𝑠𝑂42− + 2𝑁𝑎+ [2.11]  

where R is the polymetric unit of ion-exchange resin. 

 
There are four types of resins, strong acid (e.g. sulphonate, -SO3

-), weak acid (e.g. 

carboxylate, -COO-), strong base (e.g. quaternary amine, -N+(CH3)3), and weak base (e.g. 

tertiary amine, -N(CH3)2). Within these types, the strong base resin is usually used to treat 

As(V). However, As(III) almost cannot be eliminated by this method and must be 

oxidised to As(V) in the pre-treatment step. Chloride ions are reported to be one of the 

most effective anions present in ion exchange resins that can exchange with As(V), along 

with bromide and acetate ions. Some strong base anion-exchange resins like Purolite A-

505 and Relite-A-490 were able to remove 99% of As(V) from drinking water (Mohanty 

2017). 
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2.5.5 Membrane techniques 

Membrane filtration is one of the advanced technologies in water treatment. The 

pore structure of the membrane acts as a selective barrier that does not allow some 

constituents of the water to pass through. The advantages of membrane technology are its 

simplicity and versatility, no chemical addition, high efficiency, and commercial 

availability. However, the prominent disadvantages of the membrane include its high-

cost, high-energy consumption and membrane fouling. In addition, its requirement for 

input water is free from suspended solids and oxidising agents because they can block or 

damage the membrane (Criscuoli & Figoli 2019). Due to these disadvantages, membrane 

technology is only applied as one of the last steps in the water treatment system.  

The most popular membrane filtrations are microfiltration (MF), ultrafiltration 

(UF), nanofiltration (NF) and reverse osmosis (RO). Due to the larger size of the 

membrane pore (> 2 nm), MF and UF are not effective in removing As alone. They are 

usually combined with other processes. For example, coagulation using ferric salts as 

coagulants was applied before MF. The coagulation increases the particle size of As-

bearing species, leading to an increase in As removal efficiency by MF (Han et al. 2002). 

However, the efficiency of this method was affected by pH and the occurrence of other 

ions in water. 

In comparison with MF and UF, both NF and RO are more effective at removing 

As from water because of their very small pore size (< 2nm). NF90-4040, a commercial 

NF was found able to remove 94% and 90% of As(V) and As(III) from drinking water, 

respectively (Harfoush et al. 2018). The commercial RO product, namely XLE, BW30 

could remove more than 97% of both As(III) and As(V) from drinking water (Elcik et al. 

2016). However, as presented before, the cost of the commercial membrane is still quite 
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high, makes it become a high-cost method, and is not appropriate to rural areas in 

developing countries. 

Generally, the cost of As treatment method is very difficult to identify precisely. 

There were no much studies reported the treatment cost. The relevant cos of only some 

As treatment systems used the commercial products such as ion exchange, membrane, 

could be estimated appropriately. Other processes, for example, adsorption using waste 

materials/by-products from the industry or agriculture as adsorbents, or EC using waste 

metals as the electrodes, were seldom calculated in the literature (Mohan & Pittman Jr 

2007). The cost of each applied water treatment system depends on many factors, such as 

local availability, operation conditions, initial As concentration. Therefore, the cost 

evaluation of each process employed in this study is estimated in details basing on these 

aspects. Then, these costs are compared with the literature to evaluate the feasibility. 

In summary, a comparison among current As removal technologies is presented in 

Table 2.3. It shows different aspects of As removal technologies, including efficiency, 

economy, and applicability. Basing on the demand of As contaminated regions, especially 

in the rural and isolated areas in developing countries, the simple, low-cost and high-

efficiency technologies are generally the priority choice. Adsorption is one of the most 

appropriate methods would be selected. With most of the prominent features as 

introduced before, developing new cost effective adsorbents of good performance is 

necessary. Besides that, electrocoagulation also emerges as a new technology of many 

good features. In order to reduce the disadvantages of this technology, focusing on 

reducing the power dependence and optimising the operation conditions are the essential 

requirement. In addition, due to the unequal distribution of residents in the As-

contaminated areas, particularly in rural and isolated areas, development of suitable 
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decentralised water treatment systems is a priority option. Adsorption and 

electrocoagulation in the decentralised scale are focused of this study.   

 
Table 2.3. A comparison among several common As removal technologies (adapted from 

Sogaard (2014) and Mohanty (2017)) 

+ very low efficiency, ++ average efficiency, +++ very high efficiency 

 

Technology Advantages (+)/ Disadvantages (-) Removal efficiency 

As(III) As(V) 

 Oxidation (+) Relatively simple, low-cost; Oxidizes other impurities 

and kills microbes 

(-) Slow process; Cannot alone remove As, must be 

coupled with other processes. 

+++ ++ 

Coagulation (+) Effective over a wider range of pH; Common chemicals 

are commercially available 

(-) Produces toxic sludge; Pre-oxidation, readjustment of 

pH, and additional filtration required 

+ +++ 

Electro-

coagulation 

(+) Less space requirement; Sustainable technology 

(-)  Sludge production; Electrode replacement required; 

High energy consumption 

++ +++ 

 Adsorption (+) Low cost; Ease of operation; Adsorbent can be 

regenerated 

(-) pH, surface area, and the nature of the adsorbent: need 

to be maintained; adsorbent replacement required 

++ +++ 

Ion exchange  (+) Well-defined medium and capacity; Less dependent on 

pH of water; Exclusive ion-specific resin to remove As 

(-)  High-cost medium; Regeneration creates a sludge 

disposal problem 

+ +++ 

 Membrane (+) Well defined and high removal efficiency; No toxic 

solid wastes is produced 

(-)  High capital cost; Pre-treatment; High water rejection;  

+ +++ 
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2.6 Overview of adsorption technology 

2.6.1 Basic concepts and definitions 

Adsorption is a phase transfer process that transfers chemical species from liquid 

or gas phases onto the surface of a solid. In water treatment, molecules or ions of 

contaminants in the aqueous solution are removed by adsorption onto solid surfaces 

(Worch 2012).  

According to adsorption theory, the solid material that provides the surface for 

adsorption is called an adsorbent. The contaminant that will be adsorbed is referred to as 

adsorbate. The reverse process of adsorption, which changes the properties of the liquid 

phase and releases the adsorbed species, is known as desorption (Fig. 2.4) (Worch 2012). 

The major mechanisms in the adsorption process are Van der Waals force, ion exchange, 

hydrogen bonding, ligand exchange, surface precipitation, and diffusion (Kalaruban 

2017). 

 

 

 
Fig. 2.4. The terms used in the adsorption process (adapted from Worch (2012)) 

 

Solid phase 

Liquid phase 

Adsorption 

Desorption 

Adsorbate 

Adsorbent 
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Since adsorption is a surface process, the adsorbate uptake by the adsorbent surface 

should be expressed by surface concentration. However, because determining the surface 

area of adsorbent is more difficult than that of adsorbent mass, in practice, the mass-

related adsorbed amount, q (mg/g), is typically used instead of the surface concentration 

and is calculated by the following equation: 

 

𝑞 =
𝑛𝑎

𝑚𝐴
           [2.12] 

where na is adsorbed amount (mg), and mA is the adsorbent mass (g). 

 

Given the practical application of adsorption, three crucial factors that must be 

investigated in order to identify the dependencies of the adsorbed amount on the 

characteristic process parameters are the adsorption equilibrium, adsorption kinetics, and 

adsorption dynamics (Fig. 2.5) (Worch 2012). The adsorption equilibrium describes the 

dependence of the adsorbed amount on the adsorbate concentration (c) and temperature 

(T), which is usually considered constant, so q =f(c). The adsorption kinetics describe the 

time dependence of the adsorption process, q =f(t) and c =f(t). The adsorption dynamics 

or column dynamics depict the dependence of the adsorption process on time (t) and space 

(z), q =f(t,z) and c =f(t,z). 
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Fig. 2.5. Key aspects of adsorption theory (Worch 2012) 

 

2.6.2 Adsorption modelling 

a. Equilibrium adsorption models 

Several models are used to describe the equilibrium adsorption in water treatment. 

Langmuir and Freundlich isotherm are the two most popular models. The Langmuir 

model is developed with the assumption that one molecule is adsorbed at each adsorbent’s 

surface site, and the modules do not interact with each other. In other words, it is described 

as monolayer adsorption at specific homogenous sites. In contrast, the Freundlich model 

is described as the adsorption characteristics for the heterogeneous surface with 

multilayer adsorption. The Temkin model is another empirical model used to describe the 

equilibrium adsorption data. It assumes that the heat of adsorption of all molecules in the 

adsorbent layer will decrease linearly rather than in a logarithmic pattern with coverage 

(Ayawei et al. 2017). The equilibrium adsorption models are displayed in Table 2.4. 

  

Adsorption equilibrium 
q = f(c) 

 

Adsorption kinetics 
q = f(t)      c = f(t) 

 

Adsorption dynamics 
q = f(t,z)   c = f(t,z) 
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Table 2.4. The equilibrium adsorption models (Ayawei, 2017)  

Model Equation Parameter 

Langmuir  
𝑞𝑒 = 

𝑞𝑚. 𝑘𝐿. 𝐶𝑒
(1 + 𝑘𝐿 . 𝐶𝑒)

 

𝑅𝐿 = 
1

1 + (1 + 𝑘𝐿 . 𝐶0)
 

▪ qe : the amount of adsorbate adsorbed per unit 

mass of adsorbent (mg/g) 

▪ qm : the maximum amount of adsorbate 

adsorbed per unit mass of the adsorbent (mg/g) 

▪ Ce : concentration of adsorbate at equilibrium 

(mg/L) 

▪ Co : initial concentration of adsorbate (mg/L) 

▪ kL  : Langmuir isotherm constant (L/mg) 

▪ RL : Equilibrium parameter   

Freundlich  𝑞𝑒 = 𝑘𝑓 . 𝐶𝑒
1/𝑛 ▪ kf  : Freundlich constant related to adsorption 

capacity (L/g)  

▪ n : heterogeneity factor, dimensionless  

Temkin 
𝑞𝑒 =

𝑅𝑇

𝑏𝑇
. ln (𝐴𝑇 . 𝐶𝑒) 

𝐵 =
𝑅𝑇

𝑏𝑇
 

▪ AT : Temkin isotherm equilibrium binding 

constant (L/g) 

▪ bT : Temkin isotherm constant, dimensionless  

▪ R: universal gas constant (8.314 J/mol/K) 

▪ T: room temperature at 298 oK 

▪ B : constant related to heat of sorption (J/mol) 

 

b. Kinetic adsorption models 

Popular models commonly used to describe kinetic adsorption include pseudo-first 

order (PFO), pseudo-second order (PSO), Weber and Morris, and Elovich models. The 

PFO model is often used to describe the kinetic process under un-equilibrium conditions 

(Guo & Wang 2019), while it has been demonstrated PSO is suitable for the adsorption 

of lower molecular-weight adsorbates on smaller adsorbent particles (Wu et al. 2009). 



29 

 

The Elovich model assumes that the nature of active sites of the sorbent is heterogeneous 

and leading to a difference in activation energies for chemisorption. The Weber and 

Morris model is used to investigate the rate of diffusion of the adsorbate into the adsorbent 

through these pores/channels (Kalaruban et al. 2019). The equations of these kinetic 

adsorption models are shown in Table 2.5. 

 

Table 2.5. The kinetic adsorption models (Kalaruban et al. 2019) 

Model Equation Parameter 

PFO 𝑑𝑞𝑡
𝑑𝑡
= 𝑘1(𝑞𝑒 − 𝑞𝑡) 

 

▪ qe : the amount of adsorbate adsorbed at 

equilibrium (mg/g) 

▪ qt : the amount of adsorbate adsorbed at time t 

(mg/g) 

▪ k1 : the rate constant of the PFO model (1/h) 

▪ t : adsorption time (h) 

PSO  𝑑𝑞𝑡
𝑑𝑡
= 𝑘2(𝑞𝑒 − 𝑞𝑡)

2 ▪ k2 : the rate constant of the PSO model (g/mg.h) 

Elovich 𝑑𝑞𝑡
𝑑𝑡
= 𝛼𝑒−𝛽𝑞𝑡 ▪ α : the initial adsorption rate (mg/g.min) 

▪ β : the desorption constant, related to the affinity 

of adsorbate to adsorbent (g/mg)  

Weber and 

Morris 
𝑞𝑡 = 𝑘𝑝√𝑡 + 𝐵 ▪ kp : intra-particle diffusion rate constant  

(mg/g. h1/2) 

▪ B : a constant which provides a measure of the 

boundary layer thickness (mg/g) 
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c. Column adsorption models 

In the column study, the Thomas model is most popular model for analysing the 

adsorption capacity in column adsorption experiments and predicting the breakthrough 

curve. The Thomas model is theoretically suitable for the adsorption process where the 

external and internal diffusion limitations are absent (Aksu & Gönen 2004; Padmesh et 

al. 2005). The equation of this model is described in the below table. 

 

Table 2.6. The column adsorption models (Hammud et al. 2014)  

Model Equation Parameter 

Thomas 𝐶𝑡
𝐶𝑜
=

1

1 + exp (
𝐾𝑇ℎ𝑞𝑇𝑚
𝑄 − 𝐾𝑇ℎ𝐶𝑜𝑡)

 ▪ Co : initial concentration of 

adsorbate (mg/L) 

▪ Ct : concentration of adsorbate at 

time t (mg/L) 

▪ t : flow time (h) 

▪ kTh : Thomas rate constant 

[L/(h.mg)] 

▪ m : the amount of adsorbent in the 

column (g) 

▪ qT : the Thomas model adsorption 

capacity (mg/g) 

▪ Q : the volumetric flow rate (L/h) 

  

2.6.3 Adsorbents 

Adsorbent is the main factor of the adsorption process. It can originate from natural 

or industrial products. In general, adsorbents can be classified into two groups: natural 

absorbent and engineered adsorbent. The typical natural adsorbents are clay minerals, 
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natural zeolites, oxides, or biopolymers. Some prominent engineered adsorbents for As 

removal are carbonaceous adsorbents (e.g., activated carbon), oxidic adsorbents 

(including solid hydroxides, hydrated oxides, and oxides mainly originated from 

aluminium and iron materials), and synthetic zeolites (Worch 2012). Low-cost and 

environmentally friendly adsorbents originated from natural products or agricultural 

waste such as dry plants, bioadsorbents, red mud, fly ash, zeolites, blast furnace slags, 

hydrotalcite, and hydroxides. These have attracted a lot of attention due to their 

competitive cost and abundance (Chiban et al. 2012; Worch 2012). Additionally, many 

studies are focusing on adsorbent modification in order to improve the adsorption 

capacity of the adsorbents. Some modification methods have been applied effectively to 

modified As adsorbents and they include protonation, chemical modification (metal and 

metal oxides impregnation, acid treatment) and heat treatment (Mohan & Pittman Jr 

2007). This section focuses on modifying adsorbents by iron oxide and zirconium oxide. 

Granular activated carbon (GAC) is a well-known adsorbent. Although it possesses 

a very high surface area (800 - 1200 m2/g), its As adsorption capacity is relatively low 

because of the surface’s negative charge (Hao et al. 2018). Several studies chose iron as 

an effective modification agent to enhance the As adsorption capacity of GAC. Kalaruban 

et al. (2019) used 500 mL 0.1 M ferrous chloride (FeCl2) to incorporate with 20 mg of 

GAC at pH 4.2 – 4.5, 25 oC within 24 h to produce Fe-GAC. The modification slightly 

improved the As(V) adsorption capacity from 1.01 of original GAC to 1.43 mg/g of Fe-

GAC at As(V) initial concentration of 1 mg/L. Sigrist et al. (2014) employed iron tri-

chloride to impregnate GAC. The Fe-GAC products, namely P-2 and P-3 obtained the 

equilibrium As(V) adsorption of 3.38 and 3.30 mg/g, respectively, at a solution pH of 3.3 

- 3.4, initial As(V) concentration of 0.337 - 0.362 mg/L. 
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The As adsorption capacity of biocomposite materials is generally low. However, 

their As adsorption capacity was considerably enhanced after iron modification. The iron 

oxy-hydroxides doped biocomposite adsorbents were considered to be promising media 

because of their high-effective, low-cost, and eco-friendly nature (Hao et al. 2018). 

Biochar, a product of pyrolysis derived from agricultural wastes, is also said to be an 

effective and low-cost adsorbent after being modified by iron. Biochar produced from 

dried hickory chips was prepared through direct hydrolysis of iron salt Fe(NO3)3 to create 

a Fe-impregnated biochar, and subsequently applied to remove As(V) from synthetic 

water at As(V) initial concentration of 0.1 – 55 mg/L. The Langmuir adsorption capacity 

of this modified biochar was 2.16 mg As(V)/g, which was much higher than that of the 

pristine biochar, obtained below 0.01 mg As(V)/g (Hu et al. 2015). Some bioadsorbents 

and natural materials such as jute fibre, wheat straw, fungal biomass, chestnut shell, and 

sand were also successfully modified by iron. The As adsorption capacity of the modified 

products was generally much higher than that of original ones (Hao et al. 2018). 

In addition to Fe, zirconium (Zr) has functioned to modify adsorbents. The 

advantages of Zr are high affinity of Zr oxides/hydroxides to As adsorption and it is safe 

in regard to human health. A D401-Zr created by loading hydrous Zr oxide onto the 

polymeric adsorbent D401 was found to increase the adsorption capacity up to 60% 

compared with the original D401 (Li et al. 2013). Zr was also used in modifying GAC. 

The Langmuir adsorption capacity of Zr-oxalate complexes loaded GAC with As(V) was 

3.9 mg/g, 43% higher than that of the original GAC (Velazquez-Jimenez et al. 2018). 

In summary, most of the natural adsorbents are low-cost but they also has low As 

adsorption capacity. They can be modified by many methods to improve their adsorption 

capacity. Fe and Zr are the common chemical agents chosen to modify the adsorbents. 
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This study focuses on  adsorption using new low-cost and environmentally friendly 

natural adsorbents. The modification of these natural media by Fe and Zr is also 

implemented. 

 

2.7 Overview of electrocoagulation method 

2.7.1 Concept and mechanism  

Electrocoagulation (EC) was first applied to treat wastewater in the 19th century in 

England. However, due to its high capital and operating costs, mostly related to power 

cost, its application was limited for a long time. Until recent decades, given the 

developments of the power industry and what it has produced, more attention has been 

given to applying EC for solving issues in water supply and wastewater treatment (Song 

et al. 2017). EC technology has been trialled in treating various contaminants in water 

and wastewater such as turbidity, hardness, phosphate, fluoride, oil and heavy metals 

(copper, mercury, lead, arsenic, chromium, etc.) even at a very high influent concentration 

(Song et al. 2017). 

Similar to the chemical coagulation (CC), the EC process also removes 

contaminants by the coagulation. However, in the EC process, an in-situ coagulant 

generated by electrolytic oxidation of electrode is used instead of adding chemical 

coagulant in the CC. The EC process is operated based on three components: (1) 

electrochemical reactions, including anodic oxidation and cathodic reduction, (2) 

flotation, and (3) coagulation or adsorption. Fig. 2.6 displays the conceptual framework 

of the EC process as an overlapping of these components. Here the metals like Fe, Al, Zn, 

etc., are usually employed as electrodes of the EC system to generate the in-situ coagulant. 
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Fig. 2.6. A concept of EC process (Song et al. 2017) 

 
The mechanism of EC is described in Fig. 2.7. It includes electrochemical reactions, 

which occur at both electrodes and in-situ production of flocs or coagulants. Nidheesh & 

Singh (2017) suggested that the general reactions possibly occurring within the EC 

reactor did so according to the below reactions [2.13 – 2.15]. 

At the anode:  

𝑀(𝑠) → 𝑀(𝑎𝑞)
𝑛 + 𝑛𝑒−        [2.13] 

2𝐻2𝑂 → 4𝐻(𝑎𝑞)
+ + 𝑂2 (𝑔) + 4𝑒

−      [2.14] 

At the cathode: 

𝑛𝐻2𝑂 + 𝑛𝑒
− → (

𝑛

2
)𝐻2(𝑔) + 𝑛𝑂𝐻(𝑎𝑞)

−       [2.15] 



35 

 

When receiving a direct current, the oxidation occurs at the metallic anode and 

generates di- or trivalent metallic ions as well as releasing an equal amount of electrons. 

The aggregation occurs in the solution due to charge neutralisation between metallic ions 

and negatively charged ions. At the anode, the hydrogen ion and oxygen from water 

molecules are also released. At the cathode, the water molecules dissociate into hydrogen 

ions and hydroxide ions. The hydrogen ions in the EC system combine with each other 

and generate hydro gas. Meanwhile, the metallic ions at the anode combine with 

hydroxide ions at the cathode to generate metallic hydroxides. These metallic hydroxides 

work as an adsorbent to adsorb the pollutants in solution. 

 

 

 
Fig 2.7. Mechanism of contaminant removal by EC process (Nidheesh & Singh 2017) 
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2.7.2 Arsenic removal by EC process 

The common metal electrodes used in the EC system for As treatment are Fe, Al, 

stainless steel, Cu, Ti, and Zn (Nidheesh & Singh 2017). Among these, Fe and Al were 

used mostly because of good performance, low-cost, and easy availability. Besides this, 

the hybrid electrodes (e.g., Fe-Al) have also been trialled. Previous studies show that 

removing As with the EC process could be high and doing so depends on many factors. 

Ucar et al. (2013)  reported that a batch study of EC process using Fe electrodes in 

monopolar parallel connection mode could remove 95% of As(V) from 0.5 mg/L 

synthetic water in 5 min, at pH 7 and current density of 4.5 mA/cm2. Similarly, Kobya et 

al. (2016) also used Fe plate electrodes to remove 95% of As(V) from 0.15 mg/L synthetic 

water within 7.5 min at and pH 6.5 and electrical consumption of 2.5 mA/cm2. In 

comparison between these studies, at the same electrodes material and connection mode 

but different in initial As(V) concentration, they were conducted under varied operating 

conditions such as pH, current density, and operation time to obtain an expected As(V) 

removal efficiency. Employing Al electrodes, Flores et al. (2014)  removed 92% of As(V) 

from 50 µg/L ground water at a current density and flow velocity of 6 mA/cm2 and 1.8 

cm/s, respectively.  

In the EC process, As(III) can be removed through two stages, including As(III) 

treatment/oxidation and As(V) removal. In the first stage, As(III) can be treated by 

adsorption directly onto metal hydroxides/oxyhydroxides (Lakshmanan et al. 2010) or by 

As(III) oxidation to As(V) followed with As(V) adsorption onto the metal 

hydroxides/oxyhydroxides (Wan et al. 2011). The As(V) removal capacity in the EC 

process is 3-20 times higher than that of As(III). Therefore, the conversion from As(III) 

to As(V) is a crucial stage that affects the EC system’s efficiency in removing As (Song 
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et al. 2017). It is argued that the mechanism of As(III) oxidation occurs between three 

pathways: (1) As(III) oxidation in the EC process by the electrodes; (2) As(III) oxidation 

with DO in the EC process; and (3) As(III) oxidation with Cl2 in the EC process (Song et 

al. 2017). 

As(III) was oxidised to As(V) in the EC process by the electrodes or an 

intermediate. Wan et al. (2011) reported that at least 25% of As(III) was converted to 

As(V) during the EC process. They observed that the As(V) concentration firstly 

increased and then decreased with the operation time. It indicates that As(III) was firstly 

treated by converting to As(V) before completely removed by As(V) adsorption and 

precipitation processes (Kumar et al. 2004b). The same phenomenon was also observed 

in studies of Kumar et al. (2004b) and Meng et al. (2002). They also concluded that 

As(III) was oxidised to As(V) before being removed with As(V) in the solution.  

The As(III) oxidation rate by the EC reactor was low and could be improved by 

increasing the DO and Cl2 concentrations. DO can be produced from the anode or 

supplied by adding pure oxygen or air (Song et al. 2017). In their study, Song et al. (2014) 

stated that As(III) was favourably converted to As(V) with the increase of aeration 

intensity. When aeration intensity rose from 0.00 to 0.32 L/min, As(III) concentration 

decreased 60% while As(V) concentration increased about 50% and As(total) removal 

efficiency increased more than 30%. With the graphite anode, a small amount of Cl2 was 

generated (2 – 5% of theoretical amount calculated by the Faraday’s law) and helped to 

completely oxidise As(III) to As(V) in the solution of 0.05 mg/L of As(III) at the current 

of 0.025 – 0.15 A in 1 min. 

In the second stage, As(V) can be removed by the ligand exchange mechanism. 

Here, As(V) replaces the hydroxyl group of hydroxides/oxyhydroxides. The reactions 
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[2.16 – 2.20] describes the possible reactions of As(V) in the EC system, which contains 

Al and Fe electrodes (Song et al. 2017):  

 

2𝐹𝑒𝑂𝑂𝐻(𝑠) + 𝐻2𝐴𝑠𝑂4
− → (𝐹𝑒𝑂)2𝐻𝐴𝑠𝑂4

− + 𝐻2𝑂 + 𝑂𝐻
−   [2.16] 

3𝐹𝑒𝑂𝑂𝐻(𝑠) + 𝐻𝐴𝑠𝑂4
2− → (𝐹𝑒𝑂)3𝐻𝐴𝑠𝑂4(𝑠) + 𝐻2𝑂 + 2𝑂𝐻

−   [2.17] 

𝑚𝐴𝑙(𝑎𝑞)
3+ + (3𝑚 − 𝑛)𝑂𝐻− + 𝑛𝐻𝐴𝑠𝑂4(𝑎𝑞)

2− → 𝐴𝑙𝑚(𝑂𝐻)(3𝑚−𝑛)(𝐻𝐴𝑠𝑂4)𝑛(𝑠) [2.18] 

≡ 𝐴𝑙 − 𝑂𝐻(𝑠) + 𝐻𝐴𝑠𝑂4(𝑎𝑞)
2− →≡ 𝐴𝑙 − 𝑂𝐴𝑠(𝑂)2(𝑂𝐻)(𝑠)

− + (𝑂𝐻)(𝑎𝑞)
−   [2.19] 

𝐴𝑙(𝑂𝐻)3(𝑠) + 𝐴𝑠𝑂4(𝑎𝑞)
3− → [𝐴𝑙(𝑂𝐻)3𝐴𝑠𝑂4

3−]𝑠     [2.20] 

 
In EC and adsorption technologies, several operating parameters can affect their 

performance. pH, influent concentration, co-existing ions, operation time, operating 

mode, and current density (for EC) are the most common factors that significantly impact 

efficiency in As removal. Therefore, in this study, detailed experiments were carried out 

to determine the impact of these factors as well as to identify the optimal operating 

conditions. Additionally, this study also focuses on solving the power dependence 

problem of the EC method, leading to a promising technology that could be implemented 

at all places, including isolated areas. The scale of EC reactor is also one of the important 

factors. This study focuses on the decentralised scale so that the new EC system can be 

applied at the household level.  

 

2.8 As-contained waste management 

Processes to remove As generate several types of wastes (Table 2.7). It is necessary 

that these wastes should be managed properly to prevent As being returned back to the 
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environment. The As contained wastes can be divided into two types, liquid and solid 

waste (Litter et al. 2019). The liquid waste includes brines of regeneration of ionic 

exchange resins, water reject of membrane systems and spent regenerants of adsorption 

media. Generally, the concentration of As in the liquid waste is high. Therefore, liquid 

waste must be treated, normally by precipitation or coagulation and filtration, before 

being discharged into the waterways. With semi-liquid wastes, they can be thickened and 

dewatered and then treated as solid waste. 

 

Table 2.7. Wastes from As removal processes (Litter et al. 2019) 

Process Wastes  Type of wastes 

Coagulation, ad-

sorption, filtration 

Solids deposited in a sedimentation tank 

Backwashing of filters 

Very dilute semiliquid 

with 2 – 8% solids 

Ionic exchange  Exhausted resins 

Regeneration agents 

Solid and liquid  

Membrane Exhausted membranes 

Liquids from chemical cleanings 

Solid-liquid from 

chemical cleanings 

Activated 

alumina  

Regeneration agents and exhausted 

adsorbents 

Liquid and solid  

Iron-based 

adsorbents 

Washings  

Exhausted adsorbents 

Liquid and solid  
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As-contained solid wastes could be treated by four methods: (1) 

desorption/regeneration, (2) concentration and containment, (3) dilution and dispersion, 

and (4) encapsulation of the material (Leist et al. 2000, Mandal et al. 2016, Mohan & 

Pittman 2007). The primary factors that dominate the applicability of these methods are 

treatment cost and safety. The first three methods are not considered as the best choice 

because they have problems regarding the safe storing, limited market demand and low 

purity of As. The decline in the quality of the products after desorption and regeneration 

is another obstacle of the first approach. Mohan & Pittman Jr (2007) stated that 

desorption/regeneration method is usually used for other metals and organics rather than 

for As. In the As desorption process, the most popular eluents used to desorb As are 

sodium hydroxide and strong acid, which are chosen basing on the adsorption mechanism 

and nature of adsorbents. Chiban et al. (2012) used 0.07 M NaOH to regenerate the used 

W. frutescens plant and recovered 92% of As(V). Similarly, 2M NaOH solution was 

employed to desorb bead cellulose loaded with iron oxyhydroxide and reused it for four 

cycles (Guo & Chen 2005). 0.5M HCl could recover more than 85% of As(III) from 

exhausted fungal biomass and this biomass could be regenerated up on 10 cycles. 

However, most studies concluded that desorption/regeneration is not an attractive option 

due to the difficulty in the storage of the concentrated As and the limited market value of 

the recovered As. Encapsulation through solidification/stabilisation (S/S) is selected as 

one of the most attractive methods in the literature. It is recognised as the Best 

Demonstrated Available Technology (BDAT) for the land disposal of hazardous elements 

by the U.S. Environmental Protection Agency (USEPA) (Yoon et al. 2010). The 

advantages of this method are cost-effectiveness and being safely disposed of in a secure 

landfill. The most popular agents used in S/S process are cement, cement mixed iron (II, 

about:blank


41 

 

III), lime, fly ash, or silicate (Leist et al. 2000, Mandal et al. 2016), while a few studies 

also tried industrial slags and polymers (Nguyen et al. 2014). Many studies tested S/S 

products, mostly based on the toxicity characteristic leaching procedure (TCLP) of 

USEPA to identify the As concentration in leachates. The encapsulated material can be 

safely disposed of into the environment when the As concentration in leachate is below 

the regulation requirement, which is currently 5 mg/L in the United States and Australia 

(Lei et al. 2017; NSW EPA, 2014). 

Liu et al. (2018) applied the S/S method to co-treat solid wastes produced by copper 

smelting. These wastes included flotation waste of copper slag, neutralisation sludge, and 

As-containing gypsum sludge, which are very difficult to dispose of. Firstly, they 

prepared the binder by a combination of 40% flotation waste of copper slag, 10% of 

neutralisation sludge, 50% cement clinker, and the ratio of water: binder was 1:4. After 

28 days, the unconfined compressive strength of the binder was 43.24 MPa. The binder 

was also mixed with As-containing gypsum sludge at the ratio of 5:5 in the S/S process. 

As a result, the unconfined compressive strength of the S/S product after 28 days fell to 

11.06 MPa but still met the required level of MU10 brick in China. In this mixing state, 

the leachate concentration was much lower than the limits of the China standard leaching 

test (CSLT) of 5 mg/L. Sludge containing As and heavy metals from the primary lead-

zinc smelter was also successfully encapsulated with the binder at a mass ratio of 1:1. 

After 28 days, the As concentration in the leachate was lower than that in the current 

TCLP threshold limit (Li et al. 2016). The products from both studies were recommended 

for reuse as construction materials. 

Sarntanayoot et al. (2019) stabilised/solidified the As-contained iron waste 

generated from tap water production at the Bangkhen Water Treatment Plant, Thailand 
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with cement. The waste from this treatment plant was dried at 100 °C overnight. Then, it 

was mixed with cement in four ratios of 4:6, 3:7, 2:8, and 1:9, and cast in a plastic 

cylindrical mould (40 ± 1 mm high and 43 ± 1 mm in diameter). After 14 days, only the 

solidification at a ratio of 4:6 passed the requirement of unconfined compressive strength 

test (USEPA) and was then used in the leaching test. The cumulative concentrations of 

As leached from the solidification sample were much lower than the USEPA’s TCLP 

regulatory limit value of 5 mg/L after 64 days. 

Mohapatra et al. (2008) noted another As-contained waste treatment approach, 

biological treatment. Here As bearing waste was mixed with cow dung. The As in the 

solid waste could be transferred into soluble and volatile species (trimethylarsine and 

arsine) by some microbial species such as Clostridium collagenovorans, Desulfovibrio 

gigas, Desulfovibrio vulgaris, Methanothermobacter thermautotrophicus, Bacillus 

idriensis and Sphingomonas desiccabilis (Liu et al. 2011; Michalke et al. 2000). However, 

the application of this method has been limited due to the generation of gaseous arsine, 

which is also an As toxic compound. 

In addition, the phytoremediation method, which is usually applied to treat As-

contaminated soils, also can be considered in managing As-contaminated solid waste. 

Some As-hyperaccumulating fern species were observed as being able to remove As from 

soil (Niazi et al. 2016). This method takes a longer time in comparison with the S/S 

method and more studies are needed to evaluate the possibility of managing As-

contaminated waste by phytoremediation. 

 
2.9 Conclusion 

As is one of the most toxic elements in the world’s water resources and seriously 

impacts human health in many countries. Using As-contaminated drinking water, even at 
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a low concentration, can cause cancerous and non-cancerous diseases. Efforts to remove 

As from drinking water have obtained many achievements, including investigation of 

various As treatment methods, such as oxidation, coagulation/precipitation, adsorption, 

ion exchange, and membrane technology. These approaches can be used individually or 

in combination to reduce As concentration in aqueous environments to the acceptable 

level. The appearance of As contamination in groundwater majorly affected the rural 

areas of developing countries, where groundwater is used as the primary drinking water 

source. Therefore, low-cost, highly effective water treatment system is the priority option 

for the affected areas. Within these treatment methods, adsorption and electrocoagulation 

are promising methods for decentralised scale systems, which can be implemented in rural 

and isolated areas. This study focuses on developing (i) two novel adsorbents fabricated 

by simple modification methods and (ii) a novel EC process that can be used with 

different energy sources. The continuous flow mode, which is more relevant to real 

treatment systems but not studied too much in literature, is also conducted in this study.  

Moreover, the waste generated from the As removal process also needs to be well 

managed to prevent the generation of secondary pollutants. Solidification/stabilisation 

and phytoremediation, when employed in suitable conditions, can be applied to safely 

handle the As contaminated waste.   
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Chapter 3. Removing arsenate from water with an original 

and modified natural manganese oxide ore 

 

Summary 

Chapter 3 presents the first research finding about a low-cost adsorbent, namely 

Vietnamese manganese oxide ore, and its modified forms, namely Fea-VMO and Zra-

VMO in removing As(V) from water. The batch study was published in the Journal of 

Environmental Science and Pollution Research (Q2 journal, impact factor: 3.00) in 2020 

as below.  

Nguyen, T.T.Q., Loganathan, P., Nguyen, T.V. & Vigneswaran, S. 2020, 

'Removing arsenic from water with an original and modified natural manganese 

oxide ore: batch kinetic and equilibrium adsorption studies', Environmental Science 

and Pollution Research, vol. 27, no. 5, pp. 5490-502. 

The column study was published as the first part in the following paper in the 

Journal of Environmental Chemical Engineering (Q1 journal, impact factor: 4.02).  

Nguyen, T.T.Q., Loganathan, P., Nguyen, T.V. & Vigneswaran, S. 2020, 

'Removing arsenate from water using modified manganese oxide ore: column 

adsorption and waste management', Journal of Environmental Chemical 

Engineering, p. 104491. 
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The research findings in this work includes two novel and low-cost adsorbents for 

removing As(V) from water. In this chapter: 

• Four different modification methods using Fe and Zr compounds were applied to 

produce modified VMO adsorbents which had better As(V) adsorption 

performance. 

• Batch and column studies were conducted to identify the As(V) adsorption capacity 

and treatment cost. 

• Evaluation of the effects of aqueous environmental conditions on the As(V) 

adsorption (e.g. pH, co-existing anions).  

• Testing the adsorbent characteristics to determine the adsorption mechanism. 
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3.1 Introduction 

Inorganic arsenic (As) is one of the most serious and challenging pollutants that 

must be removed from water sources because it is highly toxic in drinking water (Sogaard 

2014). As contamination of water is prevalent in several countries because of natural 

geological processes and human activities such as mining, chemical industries, and 

groundwater exploitation (Järup 2003). The range of As concentration in water varies 

widely from below 0.001 mg/L up to 1.0 mg/L; in some places, it can even reach 3.0 

mg/L or higher (Amini et al. 2008; Berg et al. 2001). These concentrations are much 

higher than the WHO recommended As concentration in drinking water of 0.01 mg/L. In 

some well-known contaminated regions in Asia, such as Bangladesh, India, Nepal and 

Vietnam, the common As concentration in the affected areas is 0.2 - 0.5 mg/L (Berg et 

al. 2007; Berg et al. 2001; Buschmann et al. 2007; Chakraborti et al. 2002; Polya et al. 

2005; Smedley & Kinniburgh 2002a). The most common As species in groundwater are 

arsenate As(V) and arsenite As(III).  

Several studies have demonstrated that various techniques can remove As, for 

example, coagulation, adsorption, ion exchange, and membrane separation (Maiti et al. 

2010). Choosing the best appropriate As removal technology is based on many factors: 

water characteristics, treatment cost, treatment target, treatment efficiency, application 

conditions, etc. Removing As through adsorption technology has many advantages such 

as low-cost, simple implementation, high efficiency at a wide range of concentrations, 

and minimum waste production. It is also suitable for application in decentralized systems 

in affected areas, especially in developing countries where the As problem mostly occurs. 

A wide range of materials, both natural and synthetic media, have been used as 

adsorbents for As removal. Some commercial and synthetic media such as activated 
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carbon, activated alumina and Zr resin have produced a very high As removal capacity, 

i.e., over 10 mg/g (Mohan & Pittman Jr 2007). Several natural materials or waste 

industrial/agricultural products (including sand, natural clay, kaolinite clay, bentonite, 

laterites, manganese ore, iron ore, dry plants, red mud, fly ash, etc.) have emerged as low-

cost As removal options (Ahmed 2001; Chakravarty et al. 2002; Chiban et al. 2012). 

Unlike commercial products, some natural materials cannot reach As adsorption capacity 

higher than 1 mg/g. For example, the capacity of red mud is 0.514 mg/g, and kaolinite 

clay is below 0.23 mg/g (Altundoğan et al. 2002; Mohan & Pittman Jr 2007). In some 

cases, they could not even meet the As permissible limit for practical application (Kabir 

& Chowdhury 2017). However, when compared to the most popular and efficient As 

adsorbent, such as activated carbon, which has a high price and regeneration cost, the 

natural materials’ advantages are cost-effectiveness, mechanical stability and local 

availability in many As affected areas (Chiban et al. 2012). This has encouraged 

researchers to promote the use of low-cost, locally available natural adsorbing materials. 

Natural manganese oxide ore is a popular low-cost material that has been used to 

remove both As(III) and As(V) (Ahmed 2001; Chakravarty et al. 2002). However, the 

adsorption capacity of this ore is generally low (Chakravarty et al. 2002), and for this 

reason, it is difficult to use it widely and compete with other adsorbents having higher 

adsorption capacity. Chemical modifications can significantly improve the adsorption 

capacity of adsorbent media (Asere et al. 2019). For example, modification of 

clinoptilolite-Ca zeolite using manganese dioxide doubled the adsorption capacity of the 

unmodified zeolite (Camacho et al. 2011). The modification of biochar using magnetic 

gelatine also increased As adsorption capacity by about three times (Zhou et al. 2017). 
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Pokhrel & Viraraghavan (2008a) reported that iron oxide-coated biomass (IOCB) 

improved the efficiency significantly in removing As compared to uncoated materials. 

Among the many chemicals used as modified agents, water-insoluble metal oxides 

are the best choice (Khan et al. 2013). Coating low-cost materials with iron (Fe) oxide 

and zirconium (Zr) oxide is considered an efficient method because of the high affinity 

of Fe and Zr towards As adsorption (Khan et al. 2013, Mohan & Pittman Jr 2007, Pokhrel 

& Viraraghavan 2008a). 

In this study, a low-cost manganese oxide ore from Vietnam (VMO) with and 

without modification was tested as an adsorbent for As(V) removal from aqueous solution 

in batch kinetics and equilibrium adsorption studies. The modification was carried out by 

coating VMO with Fe oxide and Zr oxide under four different coating conditions and the 

modification that produced the highest adsorption capacity was chosen for detailed 

studies. These included testing the effects of pH and coexisting anions 

(PO43−, SiO32−, SO42−, CO32−) on adsorption as well as determining the mechanism of 

adsorption. 

Based on the promising results obtained in batch studies, these adsorbents were 

used in a column study for removing As(V) from synthetic contaminated water under 

various experimental conditions. The column study is more relevant to practical 

conditions in water treatment plants than the batch study. The column study could mimic 

the decentralised scale system, the household water filtration system.  
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3.2 Material and Methods 

3.2.1 Feed solution 

In this study, 1 L synthetic stock solution was prepared by dissolving sodium 

arsenate (Na2HAsO4·7H2O) in Milli-Q water to obtain a concentration of 10 mg As(V)/L.  

This stock solution was then diluted to desired concentrations for use in the experiments. 

The solution’s ionic strength was maintained at 1x10-3 M NaNO3 and the solution pH was 

adjusted to 7.0 ± 0.2 by adding diluted nitric acid (0.1 M HNO3) and sodium hydroxide 

(0.1 M NaOH). 

 

3.2.2 Original adsorbent 

A commercial Vietnamese manganese oxide (VMO) (particle size 0.1 – 3.0 mm), 

which is a mineral waste originating from the Tuyen Quang mine, and supplied by Phuong 

Nam Import-Export Trading and Service Joint Stock Company, Ha Noi, Vietnam, was 

used as an adsorbent for As. It is a low-cost material and employed locally as an adsorbent 

in water treatment systems.  The VMO was ground and sieved into three different sizes - 

0.3 – 0.6 mm, 0.6 – 1.0 mm and 1.0 – 2.0 mm - to study the effect of particle size on the 

VMO adsorption performance towards As. The sieved materials were washed by 

deionized distilled water and diluted nitric acid (0.1 M HNO3) to remove any dirt and 

soluble compounds adhering to its surface. Then it was dried at 100 oC for 24 h to remove 

excess water and moisture before being stored in tightly closed plastic bags.  
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3.2.3. Modified adsorbents 

Modified VMOs were produced from VMO with a particle size of 0.3-0.6 mm using 

four coating methods. Both Fe and Zr were used as coating agents. Below are the details 

of the modification processes:  

• Fea-VMO: 200 g of VMO was poured into a mixture of 80 mL 2 M ferric nitrate 

nonahydrate (Fe(NO3)3.9H2O) and 1 mL 10 M NaOH and shaken manually for 5 

min. The mixture was heated at 110 oC for 4 h and then at 550 oC for 3 h for the 

first time. After cooling and washing the mixture, 100 g of this material was 

poured into a similar mixture as before and heated again at 110 oC for 20 h. This 

modification procedure is an adaptation of the method used by Thirunavukkarasu 

et al. (2003) for preparing iron oxide coated sand (IOCS-2).  

• Feb-VMO: VMO was modified again by impregnation of iron. 10 g VMO was 

mixed with 1 L ferric chloride hexahydrate FeCl3.6H2O (2.0 g Fe3+/L) and the 

mixture was shaken for 1 h at 120 rpm. Then, the pH of the mixed solution was 

adjusted to 8.0 by adding 1 M NaOH. After 3 h of continuous shaking, the shaking 

speed was reduced to 30 rpm and the suspension was intermittently mixed for 24 

h. The material was then rinsed by Milli-Q water to remove unreacted Fe and dried 

at 45 oC for 24 h (Kalaruban et al. 2016). 

• Fec-VMO: This material was prepared by adding 10 g VMO to 150 mL solution 

of 0.1 M ferrous chloride tetrahydrate (FeCl2.4H2O) at pH 4.2 - 4.5 and agitated 

at 120 rpm for 24 h at room temperature (25±1 °C). This was followed by washing 

it with 200 mL Milli-Q water three times and drying at 80 °C for 4 h (Gu et al. 

2005). 
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• Fed-VMO: The preparation procedure was similar to that of Fec-VMO. However, 

20 mL sodium hypochlorite (13% NaClO) was added four times to the 150 mL 

solution during the shaking phase, each at intervals of 6 h. In this process, pH was 

maintained at 4.5 - 5.0 (Gu et al. 2005). 

• Similarly, Zra, Zrb, Zrc, Zrd were produced by mixing zirconyl chloride 

octahydrate (ZrOCl2.8H2O) instead of the iron salts with VMO according to the 

above methods. 

 

3.2.4 As(V) adsorption capacity of modified and unmodified VMOs with different 

particle sizes  

 Unmodified VMO of doses 1 – 5 g/L with particle sizes of 0.3 – 0.6 mm, 0.6 – 1.0 

mm, 1.0 – 2.0 mm, and the original size of 0.3 – 3 mm were added into 250 mL flasks 

containing 100 mL As(V) solution of 0.1 mg/L concentration. These flasks were shaken 

at 120 rpm for 24 h. The supernatant solution was filtered using 0.45 µm filters and 

filtered samples were analysed for As using an ICP-MS instrument (Agilent Technologies 

7900 ICP-MS) (Pic. S3.1, Appendix 1). Similar experiments were also conducted with 

the eight types of modified VMO of the same particle size of 0.3 – 0.6 mm. In all studies, 

the initial pH and ionic strength were 7.0 ± 0.2 and 1x10-3 M NaNO3, respectively.  

The results (presented in more detail in Section 3.3.1) demonstrated that VMO of 

particle size 0.3 – 0.6 mm and Fea-VMO and Zra-VMO had the highest As(V) adsorption 

capacity. Consequently, they were chosen for the subsequent studies and characterisation.  
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3.2.5 Equilibrium and kinetic adsorption of As(V) on VMO, Fea-VMO and Zra-

VMO 

All batch experiments were conducted on VMO, Fea-VMO and Zra-VMO (particle 

size 0.3 – 0.6 mm) at room temperature of 25 ± 1 oC and natural pH of 7.0 ± 0.2 (excluding 

experiments on pH impact). The ionic strength was kept at 1x10-3 M NaNO3 for all feed 

solutions. 

The equilibrium adsorption experiments were conducted by adding different 

adsorbent dosages, i.e. 2.0 – 14 g/L of VMO and 0.1 – 2.0 g/L of modified VMO, into a 

set of flasks containing 100 mL As(V) solution of 0.5 mg/L. The flasks were agitated on 

a shaker at 120 rpm for 24 h (Pic. S3.2a, Appendix 1). The supernatant solutions were 

filtered using 0.45 µm filters and As in filtered samples was analysed. 

The amount of As(V) adsorption at equilibrium was calculated using Eq. 3.1 (Nur 

et al. 2014): 

 

𝑞𝑒 =
(𝐶𝑜−𝐶𝑒).𝑉

𝑚
   (mg/g)       [3.1] 

 
where Co is initial concentration of As(V) (mg/L), Ce is equilibrium concentration 

of As(V) (mg/L), V is volume of solution (L) and m is mass of adsorbent (g)  

Adsorption efficiency was calculated using Eq. 3.2 as follows:  

 

𝐸(%) =
(𝐶0−𝐶𝑒)

𝐶0
× 100      [3.2] 

 
The adsorption kinetics experiment was conducted by adding predetermined 

amounts of VMO (2 g/L) and modified VMO (0.1 mg/L) into a set of flasks containing 



54 

 

100 mL solution of 0.5 mg/L As(V). The flasks were then agitated at 120 rpm, and 

samples were taken at different time intervals, ranging from 5 min to 24 h. 

The data of equilibrium and kinetics adsorption was modelled using Langmuir, 

Freundlich, Temkin models (Table 2.4, Chapter 2) and PFO, PSO, Elovich models (Table 

2.5, Chapter 2), respectively. 

 

3.2.6 pH influence on As(V) adsorption 

Experiments on pH influence on As(V) adsorption were conducted at a pH range 

from 3.0 to 10.0. Here, pH of As(V) solution was adjusted using 0.1 M HNO3 and 0.1 M 

NaOH solutions after the required amounts of modified VMO (0.3 g/L) and unmodified 

VMO (3 g/L) were added to a set of glass flasks containing 100 mL of 0.5 mg As(V)/L. 

The experimental procedure was similar to the previous equilibrium adsorption 

experiment. 

 

3.2.7 Coexisting anions’ influence on As(V) adsorption 

A study on the influence of coexisting anions on As(V) adsorption was carried out 

utilising four typical anions, i.e. phosphate (PO43−), sulphate (SO42−), silicate (SiO32−) and 

bicarbonate (CO32−). In this experiment, Sodium salts of different anions of concentration 

from 0.1 to 20 mg/L were added separately into 100 mL solutions containing 0.5 mg 

As(V)/L. Predetermined amounts of 0.1 g modified VMO and 1 g unmodified VMO were 

added to the above solutions. The experimental procedure was similar to that of the 

previous equilibrium adsorption experiments. 
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3.2.8 Column studies 

Column adsorption studies were conducted using nine glass columns with a height 

of 50 cm. They were packed with 40 g of adsorbent (corresponding to 30 cm bed-height). 

1.0 mm acrylic beads and cotton balls were used at the top and bottom of the column 

respectively to prevent the release of adsorbent from the columns (Pic. S3.2b, Appendix 

1). A dosing pump (Master flex L/S) was used to continuously pump the As solution 

through the columns in an up-flow mode at constant flow rates of 0.15 and 0.50 L/h (1.9 

and 6.4 m/h). Samples were collected every 2 h on the first day and then once daily and 

weekly until the adsorbents were saturated with As. The pH of the effluent samples was 

nearly the same as the influent solution (pH 7.0 ± 0.2). 

The samples were filtered using 0.45 µm filters, and filtrates were analysed for 

As(V) using an ICP-MS instrument (Agilent Technologies 7900 ICP-MS). 

The total amount of As(V) adsorption, qtotal (mg), and column experimental 

adsorption capacity, qexp (mg/g) were calculated manually from the breakthrough curves 

using Microsoft Excel spreadsheet according to the following equations (Nguyen et al. 

2020, Nur et al. 2014): 

 

 𝑞𝑡𝑜𝑡𝑎𝑙 = 𝑄. ∫ (𝐶𝑜 − 𝐶𝑡)𝑑𝑡
𝑡=𝑡𝑜𝑡𝑎𝑙

𝑡=0
      [3.3] 

𝑞𝑒,𝑒𝑥𝑝 =
𝑞𝑡𝑜𝑡𝑎𝑙

𝑚
         [3.4] 

 
where Q is the volumetric flow rate (L/h), t is flow time (h), Co is As(V) initial 

concentration (influent) (mg/L), Ct is As(V) concentration (effluent) at time t (mg/L), m 

is amount of adsorbent in the column (g). 
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The nonlinear Thomas model was applied to describe the experimental data (Table 

2.6, Chapter 2). 

 
3.2.9 Adsorbent characterisation 

Characteristics of unmodified and modified VMOs were determined by: X-ray 

diffraction (XRD, Bruker D2 Phaser instrument); Scanning electron microscopy (SEM; 

Quanta-650 instrument); Fourier transform infrared (FTIR, Nicolet iS5 FT-IR 

Spectrometer); X-ray fluorescence (XRF, Olympus Vanta M series); and Brunauer-

Emmett-Teller (BET) nitrogen adsorption.   

Zeta potential of the materials was measured to determine their surface charge 

before and after As(V) adsorption. Here, the zeta potentials of suspensions prepared by 

adding 0.1 g of fine material (<0.75 µm) in 100 mL Milli-Q water at different pHs were 

measured using a Zetasizer nano instrument, Nano ZS Zen 3600. 

 
3.3 Results and discussion 

3.3.1 Characteristics of adsorbents 

Elemental compositions of unmodified and modified VMO as determined by XRF 

are shown in Table 3.1. The unmodified VMO had high percentages of Si and Mn and a 

moderate percentage of Fe, but no Zr. The composition was found to be strongly 

dependent on the coating conditions. The modified materials, Fea-VMO and Zra-VMO 

produced by the first modification process (mixing original VMO with ferric nitrate and 

sodium hydroxide and heating at high temperature) had the highest percentage of Fe and 

Zr after modification (21.9% and 9.8%, respectively). Coating metals on VMO increased 

the percentages of these metals in Fea-VMO and Zra-VMO by approximately 6 and 10%, 
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respectively. Additionally, after As(V) adsorption, the percentages of Fe and Zr did not 

decrease, indicating a strong coating of these metals. Therefore, there is no risk of heavy 

metals leaching from the adsorbents and creating secondary pollution in the treated water.  

Effluent samples from the columns had no detectable Fe or Zr, which indicates these 

metals in the modified VMO remained intact and well-conserved. Because original VMO 

contained many elements, mainly Mn, Fe, Al, these elements could leach out from VMO 

into the treated water. This was checked by analysing these elements in the leachates. The 

results showed that the Al concentration in the leachates was below the detection limit, 

while Fe and Mn concentrations were very low (0.002 and 0.001 mg/L, respectively). 
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Table 3.1. Metals composition of original and modified VMO determined by XRF 

Adsorbent Si (wt%) Mn (wt%) Fe (wt%) Zr (wt%) Al (wt%) 

Before As adsorption    

VMO 13.0 ± 0.1 25.6 ± 0.2 16.1 ± 0.0 0 2.5 ± 0.1 

Fea-VMO   8.7 ± 0.1 20.9 ± 0.2 21.9 ± 0.2 0 2.0 ± 0.1 

Feb-VMO 15.2 ± 0.1 16.7 ± 0.1 20.0 ± 0.1 0 3.1 ± 0.1 

Fec-VMO 14.4 ± 0.1 19.9 ± 0.1 19.0 ± 0.1 0 2.9 ± 0.1 

Fed-VMO 14.3 ± 0.1 19.7 ± 0.1 19.1 ± 0.1 0 3.0 ± 0.1 

Zra-VMO  7.4 ± 0.1 22.5 ± 0.3 12.2 ± 0.2 9.8 ± 0.1 1.4 ± 0.1 

Zrb-VMO 13.0 ± 0.1 21.6 ± 0.1 19.0 ± 0.1 0.1 ± 0.1 2.9 ± 0.1 

Zrc-VMO 13.6 ± 0.1 23.4 ± 0.1 18.5 ± 0.1 0.08 ± 0.1 2.8 ± 0.1 

Zrd-VMO 13.7 ± 0.1 19.9 ± 0.1 18.9 ± 0.1 0.5 ± 0.1 2.8 ± 0.1 

After As adsorption    

VMO  13.1 ± 0.1 26.0 ± 0.2 16.4 ± 0.0 0 2.4 ± 0.1 

Fea-VMO    9.9 ± 0.1 25.0 ± 0.2 23.1 ± 0.1 0 2.2 ± 0.1 

Zra-VMO    7.6 ± 0.1 24.2 ± 0.2 13.6 ± 0.1 10.2 ± 0.1 1.3 ± 0.1 

 

Fig. 3.1a, b, c, d, e, and f show the surface morphologies of original VMO and Fea-

VMO and Zra-VMO, before and after As adsorption determined by SEM at a high 

magnification of 3200x, respectively. The relatively irregular and heterogeneous surface 

morphology of the three materials can be clearly seen in these figures. The images also 
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indicated that both Fea-VMO and Zra-VMO possessed more porous layers/channels than 

the original VMO. No visible change in the surface morphologies of the materials was 

observed after As adsorption in batch and column study (Fig. S3.1, Appendix 1).  

 

Before As(V) adsorption   

(a) VMO 

 

(b) Fea-VMO 

 

(c) Zra-VMO 

 

After As(V) adsorption   

(d) VMO + As 

 

(e) Fea-VMO+As 

 

 (f) Zra-VMO+As 

 

Fig. 3.1. SEM images of VMO before, after coating and adsorption. 

 

A material’s adsorption ability strongly depends on its mineral components. 

According to the XRD diagram (Fig. 3.2), VMO consists of four main minerals, namely 

quartz, goethite, cryptomelane and muscovite.  Quartz and muscovite contributed to the 

high content of silicon (13%) in VMO; goethite to the high content of Fe (16.1%); and 
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cryptomelane to the high content of Mn (25.6%) (Table 3.1)  Fe modification of VMO 

slightly changed the XRD pattern. This modification produced new peaks characteristics 

of hematite, a Fe oxide mineral. It also appears that the goethite peaks in the unmodified 

VMO were reduced in size. This shows that some of the goethite were transformed into 

hematite at the high temperatures used in the modification procedure and/or the Fe 

coatings might have produced the hematite.  Zr coating of VMO also produced new XRD 

peaks, which are characteristics of zirconia minerals such as zirconia/zirconolite. It could 

also be possible that the Fe and Zr added might have formed some amorphous (non-

crystalline) compounds which cannot be identified by XRD. As adsorption did not change 

the XRD pattern probably either because of the small amounts of As concentration 

compared to other elements on the adsorbents or the As compounds formed are 

amorphous that cannot be detected by XRD. 
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Before As adsorption 

 

After As adsorption 

 

Muscovite (M) 

Quartz (Q) 

Hematite (H) 

Goethite (G) 

Cryptomelane (C) 

Cubic zirconia and Zirconolite (Z) 

Fig. 3.2. XRD diagram of VMO and modified VMOs before and after As adsorption 
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BET surface areas of VMO and its modified forms were 27.1 and 37.1 – 37.5 m2/g, 

respectively (Table 3.2, Fig. S3.2a, Appendix 1). These values are higher than those of 

many other natural As adsorbents such as gibbsite, goethite, kaolinite, and iron oxide 

coated sand (Mohan & Pittman Jr 2007). However, their BET surface area values are 

lower than those of the popular commercial adsorbents such as activated carbon and 

activated alumina (Mohan & Pittman Jr 2007). Table 3.2 also shows that the surface area 

of VMO increased significantly after modification. This may have been triggered by the 

creation of porous forms of Fe and Zr precipitated particles (Fig. S3.2b, Appendix 1). 

However, the BET surface area and pore volume of both original and modified VMO 

decreased after adsorption (Table 3.2). It could be because of the adsorption of As(V)/or 

formation of As(V) compounds on the surface of the adsorbent and filling-up of some of 

the pores inside the adsorbent. 

 

Table 3.2. BET surface area and pore volume of adsorbents 

Adsorbent Before As(V) adsorption After As(V) adsorption 

BET (m2/g) Pore volume (cm3/g) BET (m2/g) Pore volume (cm3/g) 

VMO 27.1 0.0022 17.3 0.0012 

Fea-VMO 37.5 0.0017 24.4 0.0004 

Zra-VMO 37.1 0.0022 26.6 0.0006 

 

FTIR diagrams (Fig. 3.3) depict the presence of some chemical bonds on the 

adsorbents before and after As(V) adsorption process. Evaluation of the differences in the 

peak intensity, peak shifting and peak appearance (or disappearance) indicates the types 

of interaction between surface chemical groups and absorbed As(V). 
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Generally, the FTIR shapes of the three adsorbents are not too different. After 

coating, some new peaks appeared that represent new bonds between Fe or Zr with 

available functional groups. Fig. 3.3a shows that a vibrational spectrum exhibited broad 

O-H stretching peaks between 3700 and 3300 cm-1, and O-H bending at 1640 cm-1 

(Myneni et al. 1998; Petit & Puskar 2018; Tomić et al. 2011). The peak of 1384 cm-1 

could be ascribed to the vibration of C-H (Delva et al. 2013). The bands between 1100 

and 900 cm-1 are normally assigned to Fe-OH bending, Al-OH bending and Si-O 

stretching vibration (Tomić et al. 2011; Zhang et al. 2009). The peaks at 794 cm-1 and 

nearby could be attributed to Fe-O (Jia et al. 2007; Tomić et al. 2011). Many peaks were 

also observed at 525, 524, 523 and 466, 454, 419 cm-1. According to previous reports, 

these peaks could be assigned to the functional groups of metal such as Mn-O, Mn-O-

Mn, Zr-O-Zr, Si-O-Al, and Si-O-Si (Markovski et al. 2014; Tomić et al. 2011). 

Fig. 3.3b illustrates that all peaks of the adsorbents reduced evenly after adsorption. 

Moreover, it shows that no new group appears in the FTIR diagram. It means that As(V) 

only reacted with the available functional groups of adsorbents. 

 
 (a) Before adsorption (b) After adsorption 

  

Fig. 3.3. FTIR diagram of original and modified VMO before and after As(V) adsorption 
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Zeta potential of original and modified VMOs at different pHs is presented in Fig. 

3.4. The data shows that zeta potentials of Fea-VMO and Zra-VMO were more positive 

than unmodified VMO at all pHs (Fig. 3.4a). This means that the impregnation of Fe and 

Zr on VMO increased the surface positive charge of VMO. As(V) often exists in anionic 

forms, depending on pH in water (monovalent H2AsO4
−, divalent HAsO4

2− and trivalent 

AsO4
3− within the pH range from approximately 3.0 to 6.0, 7.0 to 11, and 12 to 14, 

respectively) (Mondal et al. 2007). Therefore, the appearance of a more positive charge 

on modified VMO is favourable for As(V) removal from water through electrostatic 

adsorption forces. 

The zero point of charges (ZPC, pH at which net surface charge is zero) of VMO, 

Fea-VMO and Zra-VMO were at pH 6.3, 7.5 and 7.1, respectively. At pH lower than ZPC, 

the zeta potentials were more positive and at pH higher than ZPC they were more negative 

(Loganathan et al. 2014; Oladoja & Helmreich 2014). During As(V) adsorption process, 

because As(V) exits in negatively charged forms, the original and modified VMO had a 

better tendency to adsorb As(V) at lower pH through electrostatic forces. In contrast, at 

higher pH, especially at basic conditions, the surface charges of original and modified 

VMO change from positive to negative. This leads to a reduction of As(V) adsorption 

capacity of these materials. In comparison with GAC, the surface charge of VMO and 

modified VMOs were more positive. At the same pH range (3 – 10), the zeta potential 

value of GAC varied from -35 to +5 (Kalaruban et al. 2019) whereas this value for VMOs 

varied from -27 to +38. In addition, the ZPC of GAC (at pH 3.2) was also much lower 

than that of VMOs (at pH 6.3 ÷ 7.5). The difference in surface charge could affect the 

adsorption capacity of each adsorbent, which would be discussed in details in the later 

section (3.3.6). 
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Fig. 3.4b shows that the negative zeta potentials decreased at all pHs and the ZPC 

reduced when the negatively charged As(V) adsorbed on all adsorbents. The decrease of 

zeta potential indicated that As species were adsorbed on the surface of the adsorbent by 

inner-sphere complexation as well (ligand exchange) (Kalaruban et al. 2016; Loganathan 

et al. 2014).  

 

 

Fig. 3.4. Zeta potential of adsorbents (a) before and (b) after As(V) adsorption 

 

3.3.2  Effect of particle size on As(V) adsorption 

As(V) adsorption efficiency (E%) increased with adsorbent doses and reduction in 

particle size (Fig. 3.5). At the highest dosage of 5 g/L, the E% of particle size 1.0 – 2.0 
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mm was only 38% while that of smaller sizes of 0.3-0.6 mm and 0.6 – 1.0 mm reached 

up to 90% and 84%, respectively. With the original commercial size, which is a mix of 

all sizes (from 0.3 to 3 mm), E% was approximately 52%. The particle size of 0.3 – 0.6 

mm was chosen for experimentation in the subsequent studies because of its highest E%. 

 

 

Fig. 3.5. Effect of particle size on As(V) removal efficiency 

 

3.3.3 Effect of modification method on As(V) adsorption 

Fig. 3.6 shows that the coating of Fe and Zr on VMO material has improved the 

material’s capacity to remove As(V). However, the level of improvement strongly 

depended on the modification methods. The Fea-VMO and Zra-VMO had the highest 

improvement. At the dose of 1g, the As(V) removal efficiency of modified Fea-VMO and 

Zra-VMO was nearly five times higher than that of the unmodified VMO. The other three 
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modification processes were less effective and only a slight improvement in As(V) 

removal was observed. 

 

  

Fig. 3.6. Effect of different methods of VMO modification on As(V) removal efficiency 

 

Temperature played an important role in the effectiveness of the modification 

processes. The Fea and Zra modification method applied to the production of Fea-VMO 

and Zra-VMO involved a light agitation followed by heating at high temperature of 110 

oC and 550 oC. Here, the modification temperatures were higher than those used in the 

other three methods (less than 80 oC). At extremely high temperature, the coating agents 

might have adhered strongly to the surface of the VMO. Solutions used to wash Fea-VMO 

and Zra-VMO after their preparation were colourless compared to those in other 

preparations, suggesting strong coatings at high temperature. The Fe and Zr contents of 

these modifications were also higher than those produced at lower temperatures (Table 

3.1). Moreover, a high temperature would also have raised the surface area of the samples 
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(Thirunavukkarasu et al. 2003). Based on these findings, Fea-VMO, Zra-VMO and 

unmodified VMO were used in the subsequent studies.  

 

3.3.4 Batch adsorption studies 

3.3.4.1 Equilibrium adsorption isotherms 

The equilibrium adsorption experiments for the three adsorbents were conducted at 

pH 7.0 ± 0.2 with different adsorbent dosages. The Langmuir, Freundlich and Temkin 

models were employed to describe the data of the adsorption isotherms (Fig. 3.7). Table 

3.3 shows that the experimental data fitted well to all three isotherm models with the 

Freundlich model having the best fit (R2 = 0.90 – 0.97), followed by the Langmuir (R2 = 

0.87 – 0.95) and Temkin (R2 = 0.82 – 0.95). Better fit to the Freundlich model is probably 

because of heterogeneous adsorption sites on VMO and modified VMO such as the 

different adsorption sites on Mn and Fe minerals (Fig. 3.2) and Zr and Fe coatings. The 

Langmuir adsorption capacity of VMO increased considerably after modification. 

Adsorption capacities of Fea-VMO and Zra-VMO were 2.19 mg As/g and 1.94 mg As/L, 

respectively. These values are nearly twenty times higher than that of the original VMO 

(0.11 mg As/g) (Table 3.3). It indicates that the presence of Fe3+ and Zr4+ on the surface 

of VMO improved significantly the As(V) adsorption capacity of VMO. The 

improvement is due to the strong adsorption of the anionic As species on Fe3+ and Zr4+ 

hydroxide/oxides on the surface of VMO (Loganathan et al. 2014; Sogaard 2014).  
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Fig. 3.7. Batch equilibrium adsorption models fit adsorption data for VMO and modified 

forms of VMO 

 

The RL value obtained from the Langmuir model fit indicates the nature of 

adsorption. Adsorption is considered unfavourable if RL > 1, linear if RL = 1, favourable 

if 0 < RL < 1 and irreversible if RL= 0 (Dada et al. 2012). The calculated RL data of VMO, 

Fea-VMO, Zra-VMO were 0.15, 0.24 and 0.23, respectively (Table 3.3). All these values 

are between 0 and 1 indicating that the adsorption process is favourable for both original 

and modified VMOs. 

In contrast to the Langmuir model, the Freundlich model is used to depict the 

adsorption characteristics for the heterogeneous surface with multilayer adsorption (Dada 

et al. 2012). The calculated kf  parameter value from the Freundlich model decreased in 

the following order: Fea-VMO (2.48) > Zra-VMO (1.98) > VMO (0.14). This is in the 

same order of As(V) adsorption capacity calculated using the Langmuir model. 
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Additionally, all values of 1/n are below 1 indicating that the adsorption of As(V) by these 

adsorbents is favourable confirming the findings from Langmuir RL values. 

Unlike the Langmuir and Freundlich models, the Temkin model is usually used for 

heterogeneous surface energy systems (Erhayem et al. 2015; Shahmohammadi-Kalalagh 

2011). It contains a factor that explicitly takes into account of adsorbent- adsorbate 

interactions (Dada et al. 2012). According to the calculated data in Table 3.3, the B values 

related to heat of sorption are positive indicating that the sorption process is exothermic 

and the values are higher for modified VMOs (Puttamat & Pavarajarn 2016). 

 
Table 3.3. Parameter values for batch equilibrium adsorption models 

Model Parameter Adsorbent 

VMO Fea-VMO Zra-VMO 

Langmuir qm (mg As/g) 0.11 2.19 1.94 

kL (L/mg) 8.93 4.24 4.75 

RL 0.15 0.24 0.23 

R2 0.95 0.89 0.87 

Freundlich kf (mg/g) (L/mg)1/n 0.14 2.48 1.98 

N 2.34 1.70 2.11 

R2 0.97 0.90 0.95 

Temkin AT (L/g) 84.27 40.63 211.75 

B (J/mol) 0.025 0.49 0.26 

bT  99.1 5.1 9.5 

R2 0.95 0.90 0.82 
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In comparison with adsorbents that have similar iron oxide modification such as 

IOCS and IOCS-2, the modifications made in Fea-VMO and Zra-VMO improved the 

As(V) adsorption capacity considerably. For example, IOCS and IOCS-2 had As(V) 

adsorption capacity of 0.018 mg/g and 0.008 mg/g at initial As(V) concentration of 0.325 

mg/L and 0.1 mg/L, respectively (Mohan & Pittman Jr 2007, Thirunavukkarasu et al. 

2001). Nevertheless, in comparison with other natural manganese ores, As(V) adsorption 

capacity of unmodified VMO is lower. For instance, manganese oxide (MO1) from 

France had a capacity of 0.172 mg/g at an initial As(V) concentration (Co) < 1 mg As(V)/L 

(Mohan & Pittman Jr  2007, Ouvrard et al. 2002). 

 

3.3.4.2 Adsorption kinetics 

The adsorption kinetics of original and modified VMO were conducted at pH 7.0 ± 

0.2 with the same initial As(V) concentration of 0.5 mg/L. This kinetics study can help to 

understand the mechanism of adsorption of As(V) onto VMO and its modified forms 

(Puttamat & Pavarajarn 2016). The experimental results show that As(V) was adsorbed 

rapidly within the first 30 min when there were enough adsorption sites for As(V) 

adsorption (Fig. 3.8). Then, the process slowed down because of the gradual saturation of 

adsorption sites.  

Pseudo-first order (PFO), pseudo-second order (PSO) and Elovich models were 

applied to investigate the adsorption kinetics of As(V). The values of model parameters 

and correlation coefficients obtained from the plots are presented in Table 3.4. According 

to the values of R2, the PFO and PSO models fitted the data comparatively better than the 

Elovich model.  
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Finally, the Elovich model was used to describe the kinetics adsorption data. This 

model also explained the data well, though the R2 values were slightly lower than those 

for PFO and PSO models. The good fit of the model to data is consistent with the 

chemisorption mechanism (Adeogun & Babu 2015; Firdaous et al. 2017; Önal 2006) for 

As shown by zeta potential data. The α value was much higher for Fea-VMO and Zrb-

VMO than for VMO (Table 3.4) indicating that the initial rate of adsorption was higher 

for the modified VMOs. This could be due to the increased affinity of Fe and Zr in VMO 

to As. However, the β value which is a reciprocal of the number of sites available for 

adsorption (Adeogun & Babu 2015), was higher for VMO, indicating that the number of 

sites available for adsorption was lower for VMO with higher activation energy for 

chemisorption on VMO (Firdaous et al. 2017). 

 

 

Fig. 3.8. Adsorption kinetics models fit to the data on As(V) adsorption on modified and 

un-modified VMO 
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Table 3.4. Parameter values for batch adsorption kinetics  

Model Parameter                             Adsorbent 

VMO Fea-VMO Zra-VMO 

 qexp (mg As/g) 0.09 1.50 1.36 

PFO 

 

qe (mg As/g) 0.10 1.49 1.36 

k1 (1/h) 0.26 0.96 0.63 

R2 0.92 0.94 0.88 

PSO qe (mg As/g) 0.11 1.62 1.51 

k2 (g/mg.h) 2.42 0.82 0.59 

R2 0.89 0.94 0.88 

Elovich α (mg/g.min) 0.002 0.125 0.105 

β (g/mg) 53.8 3.88 4.32 

R2 0.82 0.88 0.83 

 

3.3.4.3 Influence of pH on As(V) adsorption 

The As(V) adsorption depends on the pH of the solution because pH affects the 

protonation/deprotonation of the adsorbate, the surface charge of the adsorbents, the 

degree of ionisation of the surface groups and the nature of the adsorbing ions (Puttamat 

& Pavarajarn 2016; Worch 2012). Fig. 3.9 illustrates a significant decline in the As(V) 

adsorption efficiency (E%) when the pH rose from 3 to 10 for all three adsorbents. This 

phenomenon is due to the decrease in positive zeta potential or increase in negative zeta 

potential as pH increased from 3 to 10 (Fig. 3.4). The increase in surface negative charge 
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repels the negatively charged As(V) anions. Also, the negative charge on the As(V) 

anions increases as pH increases producing unfavourable conditions for adsorption. 

Another reason for the decreased adsorption at high pH is that at high pH the 

concentration of OH- anions increases and it competes with As(V) for adsorption. Others 

have also reported a reduction in As(V) adsorption when pH increases for other 

adsorbents (Camacho et al. 2011, Wu et al. 2017). 

 

 

Fig. 3.9. Influence of pH on As(V) removal efficiency of VMO (3.0 g/L), Fea-VMO (0.3 

g/L) and Zra-VMO (0.3 g/L) 

 

3.3.4.4 Effect of co-existing anions on As(V) adsorption 

In nature, many ions are present along with As in water and some of them can 

impact the As adsorption ability of an adsorbent. In this study, the prominent anions 
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present in water, PO43−, SO42−, SiO32− and CO32−, were selected for analysis at different 

concentrations (0.1, 1, 5, 10, 20 mg/L) to evaluate their effects on As(V) adsorption. 

As can be seen from Fig. 3.10, at the lowest concentration of 0.1 mg/L, all anions 

exerted only minor influence on As(V) adsorption efficiency. When their concentration 

increased to more than 5 mg/L, the effect of PO43− and SiO32− was significantly higher 

than that of CO32− and SO42−. This observation is consistent with previous studies, which 

reported silicate and phosphate competing with As for adsorption (Ciardelli et al. 2008). 

The presence of 20 mg/L of PO43− in solution reduced the As removal efficiency of the 

three adsorbents by about 60 – 70%. The effect of SiO32− followed that of PO4
3- with 

reductions of 47%, 34% and 26% As(V) removal efficiency of VMO, Fea-VMO and Zra-

VMO, respectively. This is because these oxyanions were strongly adsorbed by M(OH)n, 

where M is a metal ion such as Fe3+, Mn4+, Zr4+, etc. The oxyanion, CO32− and SO42−, did 

not have much effect on As removal. Consequently, the sequence of competitive anions 

hindering the sorption of As(V) is PO43−> SiO32− > CO32− > SO42−. Gu et al. (2005) and 

Ren et al. (2011) also reported that PO43− and SiO32− reduced As(V) adsorption on Fe 

modified GAC more than  CO32− and SO42−. 
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Fig. 3.10. Effects of co-existing anions on As(V) removal at fixed initial As(V) 

concentration of 0.5 mg/L 

 

3.3.5 Column studies 

The column studies were carried out to evaluate the adsorption capacity of the 

adsorbents in dynamic conditions, and the effects of flow rate, and initial As(V) 

concentration on As(V) breakthrough. Fig. 3.11 and 3.12 show the breakthrough curves 

of 9 columns belonging to original and modified VMOs at the flow rates of 0.15 and 0.5 

L/h and influent As(V) concentrations of 0.1 and 0.25 mg/L, respectively. The bed 
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volumes (B.V.) at different times of breakthrough were calculated using the following 

formula where the flow rates 0.15 and 0.5 L/h correspond to 1.9 and 6.4 m/h, respectively 

(Kalaruban et al. 2019): 

 
B.V. = flow rate (m/h) x time of breakthrough (h)/bed height (m)  [3.5] 

 
At any initial concentration and flow rate, the breakthrough curves of VMO were 

steeper than those of Fea-VMO and Zra-VMO (Fig. 3.11 and 3.12). It means that VMO 

was saturated faster (at lower B.V.) than others did. Furthermore, the breakthrough curves 

of Zra-VMO were steeper than those of Fea-VMO. Consistent with the shapes of the 

breakthrough curves, the adsorption capacities of the three adsorbents followed the order, 

Fea-VMO > Zra-VMO > VMO (Table 3.6). This order is the same as that observed in the 

batch experiments for these three adsorbents. 

The effect of the flow rate is depicted in Fig. 3.11. It can be seen that at the higher 

flow rate (0.5 L/h), the breakthrough curves were steeper, and the plateau of Ct/Co for all 

adsorbent columns occurred earlier (at lower B.V.) in comparison with those at the lower 

flow rate (0.15 L/h). This tendency has also been reported for adsorption of phosphate on 

ion exchange resin (Nur et al. 2014), As (V) adsorption on Fe grafted GAC (Kalaruban 

et al. 2019), and magnetite/hematite/organic carbon composite (Li et al. 2018). These 

trends were explained as due to the larger amounts of As passing through the column per 

unit time at the higher velocity, resulting in a higher proportion of the available adsorption 

sites on the adsorbent getting saturated  (Nur et al. 2014). The results also showed that at 

both flow rates, the B.V. required for adsorbent saturation was higher for the adsorbent 

with greater adsorption capacity (Fea-VMO > Zra-VMO > VMO). The adsorption 
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capacities of the modified adsorbents are many times higher than the adsorption capacity 

of the unmodified adsorbent, as found in our earlier batch study (Table 3.5).  

At As(V) initial concentration of 0.1 mg/L and the flow rate of 0.15 L/h, the B.V. 

of treated water by Zra-VMO and Fea-VMO, which had As(V) concentration below WHO 

guidelines (CWHO = 10 µg/L), was 6 and 8 times higher than for VMO, respectively. When 

the flow rate was increased (0.5 L/h), the B.V. of treated water at CWHO was 12 for Zra-

VMO and 16 for Fea-VMO times, respectively higher than for unmodified VMO (Table 

3.5). This means that much larger amounts of As(V) contaminated water can be treated 

to produce water with safe levels of As(V) by the modified VMOs rather than the 

unmodified VMO. Such larger amounts of treated water generated by the modified VMOs 

would lead to a reduction in the cost of the treatment process per unit volume of water 

produced. This cost reduction is expected to cover the cost of Fe/Zr modification of VMO. 

The number of B.V. treated is higher at the lower flow rate because the retention time of 

As(V) in the column is longer, which allowed more effective interaction of As(V) with 

the adsorbent leading to larger amounts of it being removed (Kalaruban et al. 2019; Li et 

al. 2018). This is confirmed by the higher As(V) adsorption capacity at the lower flow 

rate (Table 3.5). These results indicate that a higher volume of treated water can be 

produced by reducing the flow rate. 
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Fig. 3.11. The effect of flow rate on As(V) adsorption breakthrough in VMO, Fea-VMO, 

and Zra-VMO columns at an initial As(V) concentration of 0.1 mg/L. The 10 µg/L 

horizontal line within the figure indicates the WHO As concentration limit.  
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Table 3.5. The bed volumes of water treated by original and modified VMO to reduce 

As(V) concentration to WHO guideline concentration (10 µg/L) and the amount of As(V) 

adsorbed on adsorbents 

Flow rate 

(L/h) 

Adsorbent Initial As(V) 

concentration (mg/L) 

Bed volume As(V) adsorption 

capacity (mg/g) 

0.5 VMO 0.1 127 0.013 

 Zra-VMO 0.1 1541 0.079 

 Fea-VMO 0.1 2055 0.115 

0.15  VMO 0.1 611 0.016 

 Zra-VMO 0.1 3822 0.217 

 Fea-VMO 0.1 4892 0.276 

0.15 VMO 0.25 153 0.021 

 Zra-VMO 0.25 2293 0.320 

 Fea-VMO 0.25 2752 0.388 

 

Fig. 3.12 shows the effect of the initial concentration of As(V) on As(V) removal 

at the same flow rate (0.15 L/h). The data showed that the columns operated with higher 

initial concentration (0.25 mg/L) would reach As(V) saturation faster than those at a lower 

initial concentration (0.10 mg/L). Therefore, these columns treated fewer B.V., and the 

breakthrough curves reached plateau faster than those at the lower As(V) concentration. 

This is because larger amounts of As(V) enter the column at higher initial concentrations, 

and the adsorption sites are used up more quickly than when low As(V) concentration 

enters the columns. Li et al. (2018) also reported that an increase in the initial As(V) 

concentration reduced the time taken for the saturation of columns containing 
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magnetite/hematite/organic carbon composite. However, when the initial concentration 

rose, although the number of B.V. decreased, the As(V) adsorption capacity also 

increased (Table 3.5). This can be explained by the fact that at the higher initial 

concentration, more available adsorption sites were occupied by As(V) rapidly (Han et 

al. 2009).  

 

 

Fig. 3.12. The effect of As(V) initial concentration on As(V) removal by VMO, Fea-

VMO, and Zra-VMO at the flow rate of 0.15 L/h. The 10 µg/L horizontal line within the 

figure indicates the WHO As concentration limit. 

 

The Thomas model was used to describe the experimental data obtained in the 

column studies on the effect of flow rate (Fig. 3.13) and initial concentration (Fig. 3.14). 

Table 3.6 presents the results of the model fits data. At the same Co, as the flow rate 

increased, the value of rate constant KTh also increased, but the As(V) adsorption capacity 
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qT decreased. Conversely, at the same flow rate, the value of qTh increased, and KTh 

decreased when Co increased. Therefore, a higher Co, along with a slower flow rate, would 

increase the As(V) adsorption capacity of adsorbent in the column study (Table 3.6) (Han 

et al. 2009). The reasons for these trends were explained in the previous section. The R2 

values were very high (> 0.92, that is > 92% of the variance in the data is explained by 

the model. The correlation coefficient r, which is the square root of R2 is > 0.96 and this 

is very highly significant (Preece 1982)), indicating that the experimental data fitted very 

well to the Thomas model. This model can predict the adsorption performance very well 

under various experimental conditions. According to the prediction of the Thomas model, 

the maximum As(V) adsorption capacities of VMO, Zra-VMO, and Fea-VMO were 0.151, 

0.925, and 1.145 mg/g, respectively, for Co = 0.25 mg/L, and Q = 0.15 L/h (Table 3.6).   

The adsorption capacities calculated from the breakthrough curves (qexp) were only 

slightly lower than the respective Thomas adsorption capacities (Table 3.6), suggesting 

that the breakthrough curves almost reached the plateau point (adsorbent saturation). The 

Thomas adsorption capacities for the modified adsorbents at the higher concentration and 

lower flow rate (Zra-VMO and Fea-VMO with 0.925 and 1.145 mg/g, respectively) are 

much lower than the Langmuir maximum adsorption capacities (Zra-VMO and Fea-VMO 

with 1.94 and 2.19 mg/g, respectively) determined in batch experiments. The column 

adsorption capacities are lower than the batch adsorption capacities because in the batch 

experiments, adsorption reached equilibrium, and the Langmuir model predicted the 

maximum adsorption capacities at a higher solution As(V) concentrations (Kalaruban et 

al. 2019). These conditions were different in the column experiment, where the adsorption 

capacities were measured at lower concentrations, and adsorption did not reach 

equilibrium. However, for the unmodified VMO, the adsorption capacities between the 
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Thomas and Langmuir models calculated values were not very different, probably 

because of the very low adsorption capacity of VMO where maximum adsorption occurs 

at lower As concentrations. 

The Thomas adsorption capacities obtained in this study were compared with those 

reported for other adsorbents in Table 3.7. The data shows that most adsorbents had 

adsorption capacity lower than VMO and its modified forms, except rice husk. However, 

the modified VMOs, Fea-VMO and Zra-VMO, had much higher adsorption capacities 

than all the other adsorbents.  

 

 

Fig. 3.13. Non-linear Thomas model fits to data on the removal of As(V) by VMO, Fea-

VMO, and Zra-VMO at the two flow rate (Co = 0.1 mg/L). 
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Fig. 3.14. Non-linear Thomas model fits to data on the removal of As(V) by VMO, Fea-

VMO, and Zra-VMO at the two initial concentrations (Q = 0.15 L/h) 
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Table 3.7. Comparison of Thomas adsorption capacities obtained in the current study with 

those reported in other studies 

Adsorbent As (V) concentration 

(mg/L) 

Flow rate 

(L/h) 

Thomas adsorption 

capacity (mg/g) 

Reference 

Multi walled carbon 

nanotubes 

0.04 1.20 0.014 Ali (2018) 

Rice husk 0.07 0.42 0.416 Asif & Chen 

(2017) 

Natural pozzolan 0.40 0.24 0.003 Kofa et al. 

(2015) 

Thioglycolated 

sugarcane carbon 

1.50 0.18 0.083 Roy et al. 

(2013) 

VMO 0.25 0.15 0.151 This study 

Zra-VMO 0.25 0.15 0.925 This study 

Fea-VMO 0.25 0.15 1.145 This study 

 

3.3.6 Cost estimation for treatment 

The market price of VMO is A$0.40/kg (including transportation and grinding). 

The costs of the modified VMOs are calculated using the industrial prices of the 

chemicals, Fe(NO3)3·9H2O (A$0.40/kg), ZrOCl2.8H2O (A$1.64/kg), and NaOH 

(A$0.30/kg) employed in the modification procedure  (prices of the chemicals are 

obtained from https://www.alibaba.com) and the quantities of the chemicals used in the 

modification. The quantities of the chemicals used are obtained from section 3.2.3. Based 

on this calculation, the cost of Fea-VMO and Zra-VMO were estimated to be A$0.80/kg 

and A$1.67/kg, respectively.  

https://www.alibaba.com/product-detail/36-zirconium-oxychloride-ZrOCl2-8H2O_62258498574.html?spm=a2700.7724857.normalList.44.5964454atASTiI
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The cost of treating 1 m3 water containing 0.1 mg As(V)/L to produce safe drinking 

water (<10 µg As/L) was calculated by multiplying the cost of the adsorbent by the weight 

of adsorbent in the column (40 g) divided by the volume of water treated (m3). The 

volumes of water treated by VMO, Zra-VMO, and Fea-VMO at the flow rate of 0.15 L/h, 

initial As(V) concentration of 0.1 mg/L are 0.0144 m3, 0.0900 m3, and 0.1152 m3, 

respectively (time (h) taken to reach 10 µg As/L in treated water x flow rate (L/h)/1000 

L/m3). Based on this calculation, the costs of treating 1 m3 water by VMO, Zra-VMO, and 

Fea-VMO are estimated to be A$1.111, A$0.742, and A$0.278, respectively. 

The lower treatment costs of the modified VMOs compared to the unmodified 

VMO is due to the larger volumes of water treated, despite their higher costs. The 

treatment cost of Fea-VMO is lower than that of Zra-VMO because its production cost is 

lower, and it treated a higher volume of water. The cost calculated here applies only to a 

single use of the adsorbents until they get exhausted to produce safe levels of As in the 

treated water. However, the exhausted adsorbents can be regenerated by desorbing the 

adsorbed As and repeatedly used. Repeated use of the adsorbents will considerably 

decrease the cost of the treatment. 

Kalaruban et al. (2019) reported that at effluent As(V) concentration below WHO 

guidelines (0.01 mg/L), As(V) adsorption capacity of the Australian commercial GAC in 

the column study was 0.118 mg/g, about 7 times higher than that of original VMO (0.016 

mg/g) at the same experimental conditions (initial As(V) concentration of 0.1 mg/L and 

flow velocity of 2.0 m/h). However, after chemical modification, the As(V) adsorption 

capacities of modified VMOs (0.276 mg/g Fea-VMO and 0.217 mg/g Zra-VMO) were 

higher than that of Australian’s GAC. In addition, the costs of modified VMOs were much 

lower (A$0.8/kg Fea-VMO and A$1.67/kg  Zra-VMO compares with A$3.0/kg of GAC). 
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According to an internal report of the project ‘A low energy gravity fed membrane 

adsorption system for As and bacteria removal from groundwater in developing 

countries’ (Nguyen, 2018), the Langmuir As(V) adsorption capacities of two commercial  

GAC from Vietnam) were much lower, only 0.04 and 0.07 mg/g. The costs of the two 

GAC were A$0.8 and A$2.0/kg, respectively. The treatment costs by GAC are higher 

than original and modified VMOs. It shows that the low-cost absorbents in this study are 

promising to use. 

 

3.4 Conclusions 

As a low-cost commercial adsorbent, VMO was employed to remove As from 

groundwater in many treatment systems in Vietnam. However, the As(V) removal 

capacity of pure VMO is not high.  

In four different modification methods studied, mixing VMO with ferric nitrate or 

zirconium nitrate and sodium hydroxide followed by heating at 110 oC and 550 oC 

emerged as the best modification method for improving As(V) removal. The Langmuir 

adsorption capacities of the modified materials, Fea-VMO and Zra-VMO at pH 7.0 were 

2.19 and 1.94 mg As/g, respectively, which are approximately 20 times higher than that 

of the unmodified VMO. Zeta potential data showed that the better As(V) adsorption by 

the modified adsorbents could be due to inner-sphere complexation of As(V) with Fe and 

Zr oxide/hydroxides coatings on VMO, as well as outer-sphere complexation of As(V) 

with the Fe/Mn coatings which provided increased positive charges for electrostatic 

adsorption of negatively charged As species. Langmuir, Freundlich and Temkin models 

were applied successfully to describe the equilibrium adsorption of As(V) onto the 
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original and modified VMO. The adsorption kinetics data also fitted well to the three 

models, pseudo-first order, pseudo-second order and Elovich models. The As(V) removal 

efficiency increased by up to 50 – 60% when pH was progressively decreased from 10 to 

3. The PO43− and SiO32− co-ions had a strong competitive effect on As(V) removal 

efficiency. In contrast, the ions, CO32− and SO42− had little influence on As removal.  

As(V) was effectively removed from water in columns packed with the original 

VMO or modified VMOs. The As(V) adsorption capacity and the number of B.V. of 

contaminated water that can be treated to maintain the As(V) concentration below the 

WHO guideline concentration (CWHO = 10 µg/L) increased in the order, VMO < Zra-VMO 

< Fea-VMO. An increase in the initial As(V) concentration increased the adsorption 

capacity, but an increase in the flow rate of As(V) solution through the column reduced 

the adsorption capacity of the adsorbent. The results indicated that higher volumes of 

treated water could be produced by reducing the flow rate. The Thomas model 

satisfactorily described the column breakthrough curves. 
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Chapter 4. Iron and zirconium modified luffa fibre as an 

effective bioadsorbent to remove arsenate from drinking water 

 

Summary 

Chapter 4 presents the second finding about a bioadsorbent, namely luffa fibre (LF), 

and it modified forms, namely FLF-3 and ZLF-3 in removing As(V) from drinking water. 

The study was published in the Journal of Chemosphere (Q1 journal, impact factor: 5.78) 

in 2020, as below. 

Nguyen, T.T.Q., Loganathan, P., Nguyen, T.V., Vigneswaran, S. & Ngo, H.H. 

2020, 'Iron and zirconium modified luffa fibre as an effective bioadsorbent to 

remove arsenic from drinking water', Chemosphere, p. 127370. 

This work presents another novel bioadsorbents (LF, FLF-3, ZLF-3) in removing 

As(V) from water. In this chapter:  

• Original LF was grafted with Fe and Zr in three coating cycles in order to produce 

novel media which had higher adsorption capacities. 

• Batch and column studies were conducted to identify the As(V) adsorption capacity 

and treatment cost. 

• Evaluation of the effects of aqueous environmental conditions on the As(V) 

adsorption (e.g. pH, co-existing anions). 

• Testing the adsorbent characteristics to determine the adsorption mechanism. 
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4.1    Introduction 

Arsenic (As) is classified as a Class I human carcinogen because it is very toxic to 

people’s health through the food chain and drinking water (Niazi et al. 2018). High doses 

of inorganic As cause a number of diseases related to the skin, lungs, and other organs 

such as vascular disease, renal disease, neurological problems, cardiovascular disease, 

and chronic lung disease (Berg et al. 2007; Mohan & Pittman Jr 2007). Two of the most 

toxic species of As in natural aqueous systems are trivalent (arsenite, As(III)) and 

pentavalent (arsenate, As(V)) ions (Berg 2007). Generally, As(III) exists under mildly 

reducing conditions in the non-ionised form (H3AsO3) at pH < 9 and changes to ionised 

form (𝐻𝐴𝑠𝑂32−) at pH > 9. While As(V) predominantly presents in oxidising conditions 

and exists in the ionised form (𝐻2𝐴𝑠𝑂4−, 𝐻𝐴𝑠𝑂42−, 𝐴𝑠𝑂43−) in a wide range of pH (pH 2 – 

14). As in water is derived from both natural and anthropogenic sources. The major 

industrial processes that lead to As contamination are smelting of non-ferrous metals, 

combustion of fossil fuels, and manufacture and use of arsenical pesticides and wood 

preservatives. In nature, As could be found in minerals (e.g. pyrite) and hydrothermal 

veins (Sogaard 2014), which on weathering release As to surface and ground waters and 

sediments. The most common As concentration of highly contaminated groundwater 

sources is around 0.1 – 0.5 mg/L, which is much higher than the WHO’s guideline on 

drinking water for As (0.01 mg/L) (Nguyen et al. 2020a). 

Because As is very dangerous to humans, scientists have implemented various 

strategies to remove As from drinking water. As well as the As removal efficiency feature 

of these methods, their cost-effectiveness, sustainability, and environmental-friendliness 

are prominent concerns. Among the numerous As removal techniques such as 

coagulation, adsorption, ion exchange, and membrane separation, adsorption is an 
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efficient, cost-effective, and relatively easy-to-use method with minimum waste 

generation (Mohan & Pittman Jr 2007). Several natural and synthetic adsorbents have 

been explored and used widely. Low-cost adsorbents consist of natural materials such as 

manganese ore, goethite, pisolite, red mud, dry plant materials, etc. (Chiban et al. 2012; 

Mohan & Pittman Jr 2007). Of these, adsorbents derived from plants have been 

considered promising media for removing pollutants from water because of their 

environmental friendliness, low cost, local availability, and sustainability (Abu-El-

Halawa et al. 2003, Chiban et al. 2009).  

Luffa fibre (LF) is a material derived from the luffa plant. The luffa plant belongs 

to the family of Cucurbitaceae and is widespread in subtropical and tropical areas, 

especially in Southeast Asia, South Asia, Africa, and South America (Chen et al. 2014; 

Wang et al. 2017). The internal structure of old cylindrical luffa is a fibre-connecting 

porous and open-cell foam material with the pattern of branched fibres (Chen et al. 2014). 

It contains cellulose/hemicellulose, lignin, proteins, amino acids, polypeptides, 

glycosides, and other inorganic compounds (Chen et al. 2014). Luffa is used widely as 

food (the young and fresh variety), daily household cleaning material, and as a packaging 

material (the old and dry variety) (Chen et al. 2014; Wang et al. 2017). In the 

environmental field, it can be used in many applications. For example, natural luffa 

cylindrical fibre has been trialled as an adsorbent to remove methylene blue dye, phenol, 

and lead from aqueous solutions (Abdelwahab & Amin 2013; Adewuyi & Pereira 2017; 

Demir et al. 2008). However, it has not been used as an adsorbent for removing As from 

drinking water.  

In this research, LF with and without chemical modification was used to remove 

As(V) from water. To enhance the adsorption capacity of the original LF, the LF material 
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was modified by grafting it with iron (Fe) and zirconium (Zr) separately. These metals 

were selected for grafting for two reasons: firstly, high affinity of their oxides/hydroxides 

to As adsorption; and secondly, their safety as regards to human health (Nguyen et al. 

2020b). The hydroxyl and carboxylic groups on the surface of LF can specifically adsorb 

Fe and Zr which are known to have high adsorption capacity towards As(V) (Adewuyi & 

Pereira 2017, Gupta et al. 2013, Kalaruban et al. 2019, Nguyen et al. 2020b). The 

performance of original and modified LF on As(V) removal from synthetic water was 

evaluated through batch and column adsorption studies. Whilst the outcomes of the batch 

studies could use to assess the performance of these adsorbents, the column studies were 

conducted to assess the application capability of them on a decentralized scale. The 

effects of pH and coexisting anions on the adsorption process were also evaluated. The 

novelty of this present study is that it is the first to compare As removal performance of 

a bioadsorbent originating from a commonly cultivated plant (luffa) before and after 

chemical modification with two metals, Fe and Zr, having very high As adsorption 

capacities in both batch and column-based experiments. Zeta potential and FTIR 

measurements are used to explain the Fe and Zr complexation on LF and adsorption of 

As on the metals-grafted LF. Previously, column-based studies that have direct relevance 

to practical treatment-plant operations have rarely been reported for As adsorption by 

bioadsorbents. 

 

4.2 Material and Methods 

4.2.1 Feed solution 

A synthetic stock solution was prepared by dissolving 4.165 mg sodium arsenate 

(Na2HAsO4·7H2O) in 1 L Milli-Q water to obtain a concentration of 1 mg As(V)/L. The 



94 

 

stock solution was diluted to the desired concentration of 0.5 mg/L for batch studies and 

0.1 mg/L for fluidised column studies. These concentrations are typical of As 

contaminated groundwater in many countries. The ionic strength of the solution in batch 

studies was maintained at 1 mM NaNO3. The solution pH was also adjusted to 7.0 ± 0.2 

(except from 3 to 10 in the study on the effect of pH on As adsorption) by adding 0.1 M 

HNO3 or 0.1 M NaOH. 

 

4.2.2 Luffa material 

4.2.2.1 Original material 

The raw dry luffa appears as a cylindrical sponge column supported by a fibrous 

network (Fig. S4.1). The luffa column has four major areas, these being the inner surface, 

outer surface, interlayer, and core. They grow in different directions, for instance, the 

longitude, circumferential, and radial directions. LFs include small empty channels with 

an internal diameter of 1 – 10 µm. Old luffa fruits with dark brown peel were collected 

from a household in My Duc rural district, Hanoi, Vietnam. It was naturally sun-dried 

and the luffa fibre (in the form of cylinder sponge) was separated. The LF was cut into 

small pieces manually and crushed to the size of 0.5 – 1 mm using a grinder. It was then 

washed by deionised distilled water, dried at 70 oC, and stored in airtight containers. 

 

4.2.2.2 Modified materials 

The procedure employed by Gu et al. (2005) was modified and used to prepare iron 

(Fe)-grafted luffa fibre (FLF) and zirconium (Zr)-grafted luffa fibre (ZLF). The 

modification method comprised the following three steps. 
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Step 1: 10 g dried LF of size 0.5 – 1 mm was added into a 150 mL solution of 0.1 

M ferrous chloride tetrahydrate (FeCl2.4H2O). The pH of the suspension reduced to 

approximately 2.0 probably due to the hydrolysis of Fe 0.1 M NaOH was added to the 

solution to raise the pH to 4.2 - 4.5, and the mixture was agitated at 120 rpm for 24 h at 

room temperature (25 ± 1 °C).  

Step 2: FLF produced in Step 1 was separated from the above mixture and dried at 

70 °C for 24 h. The material was then washed with Milli-Q water till the brown coloured 

fraction (excess iron) was removed, and the remaining fibre dried again at 70 °C for 24 h 

to produce FLF-1.  

Step 3: To enhance the degree of grafting, the FLF-1 was grafted once and then 

twice more using the above procedure to produce FLF-2 and FLF-3, respectively. After 

cooling, all FLFs were stored in airtight containers for testing. 

ZLF-1, ZLF-2, and ZLF-3 were also produced using the same methods except by 

mixing LF with 0.1 M zirconyl chloride octahydrate (ZrOCl2.8H2O) instead of ferrous 

chloride tetrahydrate. When the Zr salt was added, the pH reduced to around 2.0 and 

NaOH was added to raise the pH to 4.2 – 4.5 as in the case of Fe salt addition described 

above.  

 

4.2.3 Comparison of the As adsorption capacity of different luffa modifications 

In order to compare the adsorption capability of new adsorbents produced from the 

two kinds of grafting agents and grafting cycles, three different amounts of modified LFs 

(0.02, 0.05 and 0.07 g) were mixed with 100 mL As(V) solution of 0.5 mg/L and shaken 

at 120 rpm for 24 h. The initial pH and ionic strength of the solution were 7.0 ± 0.2 and 
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1 mM NaNO3, respectively. After shaking the suspensions, the supernatant was filtered 

using 0.45 µm filters, and the filtrates were analysed for As using an ICP-MS instrument 

(Agilent Technologies 7900 ICP-MS). The results (presented in Section 4.3.1) 

demonstrated that FLF-3 and ZLF-3, which were LF grafted three times with Fe and Zr, 

had the highest As adsorption capacity. Consequently, FLF-3 and ZLF-3 were chosen for 

the subsequent studies, including their characterisation.  

 

4.2.4 Material characterisation 

The morphology and elemental composition of pristine LF, FLF-3, and ZLF-3 were 

determined using scanning electron microscopy (SEM) and energy-dispersive X-ray 

spectroscopy (EDS) (Quanta-650 instrument). The main functional groups’ presence on 

the material surface was measured by Fourier transform infrared spectroscopy (FTIR, 

Nicolet iS5 FT-IR Spectrometer). BET surface area and Zeta potential were determined 

using N2 adsorption isotherm at 77 K with a Micromeritics absorptiometer (Accu Pyr II 

1340. V1.02) at 77 K and Nano ZS Zen 3600, respectively. The Barrett-Joyner-Halenda 

(BJH) method served to calculate the total pore volume, pore size distribution and average 

pore diameter (Kalaruban et al., 2019). The mineralogy was determined using a XRD 

Empyrean (Netherlands) diffractometer on powder samples of the adsorbents. The X-ray 

diffractometer was equipped with a Cu target operated at 45 kV and 40 mA with a setting 

of 5 – 80 o (2θ), step time 2 o/min. 

The elemental composition of LF and modified LFs were also determined by 

chemical analysis using strong acid digestion. Here, 0.1 g sample was added into 100 mL 

mixed solution of 2M HNO3 and 1M HCl (1:1 volume ratio) and shaken for 4 h at 50 oC 

(modification of the method employed by Kalaruban et al. (2016)). The suspensions were 
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filtered, and the filtrate was analysed for heavy metals using Agilent Technologies 4100 

MP-AES instrument. 

4.2.5 Batch adsorption studies 

The equilibrium adsorption study was conducted by mixing predetermined amounts 

of adsorbents (1 – 5 g LF and 0.003 – 0.07 g of modified FLF-3 and ZLF-3) with 100 mL 

of 0.5 mg As(V)/L in 250 mL flasks and shaking them at 120 rpm for 24 h. At the end of 

this period, the suspensions were filtered, and As in the filtrate was analysed as described 

earlier. The pH of the solution was kept constant at 7.0 ± 0.2 by checking the pH after 2 

– 3 h and adjusting back to the original value. This pH was selected for adsorption studies 

because most of the As contaminated natural surface and ground waters had 

approximately neutral pH (Berg 2007; Mohan & Pittman Jr 2007). Initially, the pH 

increased during adsorption probably due to exchange of As(V) anions with hydroxide 

groups attached to the Fe and Zr by ligand exchange, leading to increased hydroxide ion 

concentration in solution (Ren et al. 2011). The Langmuir, Freundlich and Temkin 

models were then used to model the experimental data (Table 2.4, Chapter 2). 

The adsorption kinetics was carried out by mixing 1 g LF or 0.02 g FLF-3 or ZLF-

3 with 100 mL of 0.5 mg As(V)/L in 250 mL flasks and shaking the flasks at 120 rpm. 

The samples were collected at different adsorption periods, from 5 min to 24 h, and As(V) 

concentration in solution was analysed as described in the equilibrium experiment. The 

experimental data were then modelled using PFO, PSO, Elovich, and Weber and Morris 

models (Table 2.5, Chapter 2). 

The analysis of the pH influence on As(V) adsorption by LF and modified LFs was 

carried out by adjusting the pH of feed solution from 3 to 10. The dose of adsorbents was 
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kept constant at 10 g/L for LF and 0.2 g/L for modified LFs and the initial As 

concentration was 0.5 mg As(V)/L. The experiments were conducted using a method 

similar to the one described for the equilibrium adsorption experiment. The final pHs 

were measured at the end of the adsorption period. 

The sodium salts of phosphate (𝑃𝑂43−), sulphate (𝑆𝑂42−), silicate (𝑆𝑖𝑂32−) and 

carbonate (𝐶𝑂32−) at concentrations 0.1 and 10 mg/L were also added separately and 

together into As(V) solution of 0.5 mg/L. This was done to evaluate the influence of 

coexisting anions on As(V) adsorption capacity of LF and modified LFs. In this set of 

experiments, the same predetermined amounts of adsorbents were used (30 g/L of LF and 

0.3 g/L of modified LFs). As with the batch experiments, the pH of the solution was kept 

constant. 

 

4.2.6 Fluidised-bed adsorption studies 

Fluidised-bed adsorption experiments were conducted using acrylic glass tubes. 

The adsorbents were filled in the columns to two bed-heights (H) of 15 cm and 30 cm. 

Cotton balls were placed at the top and bottom of the column to keep the adsorbents in 

place without changing the bed heights. In total, there were six columns in this set of 

experiments, corresponding to 2 columns (at 2 different heights) for each of the 3 

adsorbents. Synthetic water containing As(V) of 0.1 mg/L was pumped by a dosing pump 

(Master-Flux L/S) in the up-flow mode through the columns at a constant flow rate of 47 

mL/h (corresponding to 0.6 m/h). The effluent samples were collected at 2 h intervals in 

the first 24 h, and then once a day until the column was almost saturated with As. The 

experimental data were modelled using the Thomas model. 
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4.3. Results and discussion 

4.3.1 Comparison of the As(V) adsorption capacity of different modified LFs 

The experimental results showed that the As(V) adsorption capacity of the original 

LF did improve significantly after Fe and Zr modifications (Fig. 4.1). Moreover, the 

increase in the number of grafting cycles also increased the As(V) adsorption capacity. 

At a dose of 0.2 g/L, As(V) removal efficiency of ZLF-1 was 30%, then it rose to 45% 

with ZLF-2 and 78% with ZLF-3. In comparison with the original LF, the As(V) removal 

efficiency of ZLFs was 15 to 48% higher. The same trend was also observed with FLFs. 

This improvement can be explained by the increasing amount of Fe and Zr on the surface 

of luffa through the multi-cycle grafting process, as demonstrated by EDS and chemical 

analysis results (discussed later in the paper). Due to the highest As(V) removal efficiency 

of FLF-3 and ZLF-3 in comparison with other modification cycles, they were used in the 

subsequent experiments. 

 

      

   (a)      (b) 

Fig. 4.1. The As removal efficiency percentage (E%) comparison of the modification 

methods, (a) Fe grafted-LF and (b) Zr grafted-LF 
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4.3.2 Characteristics of adsorbents 

The SEM images clearly showed the fibre structure of LF (Fig. 4.2). These images 

also displayed extremely different surfaces before and after the modification of LFs. 

While original LF possessed a relatively flat, smooth, homogeneous surface (Wang et al. 

2017) the modification process caused a reduction in the homogeneity. The modified LFs 

developed an irregular surface with a rough microstructure formation on the surface as 

reported for LF after chemical washing by Wang et al. (2017). Chaudhry et al. (2017) 

reported that when Fe/Zr oxides were coated on sand, the surface became very irregular 

and porous and ascribed this as due to the formation of amorphous and porous Fe/Zr 

oxides. Chemical treatment during Fe and Zr grafting (acidity production and subsequent 

alkali addition to neutralisation of acidity) might have removed the gummy/waxy 

materials in LF to expose the rough surface as stated by Stella & Vijayalakshmi (2019). 

The porous structure of the modified LFs is consistent with the increase in the BET 

surface area and pore volume presented in the section below. No visible change occurred 

in the surface appearance of the adsorbents after As adsorption. This could be due to the 

very low concentration of As(V) on the LF surface.  

The EDS analysis was carried out to determine the concentrations of the grafting 

agents in LF. The EDS mapping clearly showed that Fe and Zr are concentrated on LF 

surface, with the former spread over a larger surface (Fig. 4.2). The concentrations of Fe 

and Zr in the respective metals grafted LF determined from the spectra are 6.09 and 4.95% 

(Fig. 4.2). The chemical analysis also revealed the notable increase of Fe and Zr amounts 

after each grafting cycle. The highest percentages of the grafting agent’s metals by the 

chemical analysis were 5.4% Fe for FLF-3 and 5.3% Zr for ZLF-3, compared to 2.9% Fe 

and 2.0% Zr for FLF-1 and ZLF-1, respectively. The percentage of Fe and Zr after As 
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adsorption remained nearly the same, indicating that these metals did not leak into the 

solution during the adsorption process. 

 

(a) LF (b) FLF-3 (c) ZLF-3 

   
   

   
   

   
 

Fig. 4.2. SEM image, EDS mapping and EDS elemental spectrum analysis for (a) LF, (b) 

FLF-3 and (c) ZLF-3 

 

The BET surface area and pore volume of LF were quite small (0.61 m2/g and 

0.0034 cm3/g) (Table S4.1, Fig. S4.2a, Appendix 2). These values increased considerably 

after the grafting process. The BET surface area of FLF-3 and ZLF-3 were 6.7 m2/g and 
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10.7 m2/g, respectively, which are 11 and 18 times the value of the original LF. However, 

the BET surface areas of the modified LFs are still small in comparison with most other 

adsorbents (Mohan & Pittman Jr 2007). The BJH total pore volume (cm3/g) of FLF-3 and 

ZLF-3 are 0.006 – 0.007 compared to 0.003 – 0.004 of LF (Table S4.1, Appendix 2). Both 

modified and unmodified LFs had mainly mesopores (> 95% mesopores (2 – 50 nm)) and 

< 5% micropores (< 2 nm) (Fig. S4.2b, Appendix 2). Adewuyi & Pereira (2017) also 

reported that the raw luffa fibres had mainly mesopores with a range of pores of 10 – 30 

nm sizes. The average pore size of LF is 16 – 27 nm, whereas that of FLF-3 and ZLF-3 

are 3.3 – 4.9 and 3.5 – 5.0 nm, respectively. The cumulative pore volume increased at a 

faster rate with decrease in pore size from 4 nm for FLF-3 and ZLF-3, but this was not 

the case with LF (Fig. S4.2b, Appendix 2). 

XRD analysis showed the presence of cellulose in the original and metals grafted 

LFs (Fig. 4.3a). The peaks at 2θ = 15 – 16, 22.6, and 34.4 are characteristics of 

commercial cellulose (Stella & Vijayalakshmi 2019). Hemicellulose and lignin in the 

samples could not be identified in the analysis because they are non-crystalline 

(amorphous) compounds (Hideno 2016) and XRD can only identify crystalline minerals. 

The chemical components of LF are reported to be mainly cellulose (60 – 66%), 

hemicellulose (17 – 22%), and lignin (11 – 15%), which have hydroxyl and carboxyl 

chemical groups with a strong affinity to bind with heavy metals (Adewuyi & Pereira 

2017, Siqueira et al. 2010). Adewuyi & Pereira (2017) reported that the principal 

mechanisms of Pb adsorption on luffa fibres are ion exchange of the Pb with protons in 

the carboxylic and hydroxyl functional groups in cellulose and hemicellulose and H-

bonding between Pb hydroxide species and these functional groups. Similar mechanisms 

of adsorption would have occurred for other heavy metals including Fe and Zr in this 
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study. The FTIR pattern of LF shows peaks at 3690 cm-1 and 1640 cm-1 corresponding to 

-O-H stretching and bending, respectively, which are the chemical bands of cellulose (Fig. 

4.3b) (Petit & Puskar 2018, Siqueira et al. 2010). The peaks at 1710 cm-1 is assigned to -

C=O functional group in the components of hemicellulose and lignin (Siqueira et al. 

2010). The peak at 1053 cm-1 revealed the presence of =C-O group in either phenol or 

ester groups (Adewuyi & Pereira 2017, Siqueira et al. 2010). The intense peak from 971 

to 1127 cm-1 for Fe grafted LFs is the bending vibration of hydroxyl groups of Fe 

(hydr)oxides in LF (Zhang et al. 2009). The peaks at 992 and 1506 cm-1 for the ZLF-3 

are associated with -Zr-O and -Zr-OH bonds, respectively (Velazquez-Jimenez et al. 

2014). 

The peaks from 971 to 1127 cm-1 of the FLF-3 and 992 cm-1 of ZLF-3 adsorbents 

reduced in size after As(V) adsorption, and no new peak appeared in the FTIR diagram 

(Fig. 4.3b). This indicates that As(V) reacted only with the available functional groups of 

the modified adsorbents and not formed any new compounds. Zhang et al. (2009) also 

reported that these peaks (971 to 1127 cm-1) weakened when As(V) adsorbed on Fe oxide 

and explained this as being due to As(V) forming a surface complex with Fe in the 

adsorbent. In the case of ZLF-3, the zirconyl ions on the surface of the Zr grafted LF 

adsorbent would have chemically adsorbed As(V) (Daus et al. 2004). The FTIR results 

suggest that chemical adsorption of As(V) on Fe and Zr sites in LF might be the primary 

mechanism of As(V) adsorption on FLF and ZLF. 
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Position [o2θ] (Cu) 
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(b) 

Fig 4.3. XRD (a) and FTIR (b) graphs of LF, FLF-3 and ZLF-3 
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Fig. 4.4 shows the zeta potential (ZP) pattern of the three adsorbents before and 

after As(V) adsorption. The ZP value of FLF-3 and ZLF-3 was much higher than that of 

LF due to the impregnation of the positively charged Fe and Zr on LF’s surface. The zero 

points of charge (pH at which the net surface charge is zero) of LF, FLF-3, and ZLF-3 

were 3.9, 7.4, and 7.6, respectively. The ZP of these adsorbents decreased when pH was 

increased and also after As(V) adsorption. This is because of the specific adsorption of 

the increased amounts of OH- at increased pHs as well as the specific adsorption, i.e., 

inner-sphere complexation (Loganathan et al. 2014) of the negatively charged As ionic 

species (Mondal et al. 2007). LF also contains cellulose chains with hydroxyl groups that 

can bind with As(V) anions by hydrogen bonding and remove it from the solution (Elias 

et al. 2012; Fang et al. 2014). The positive charges produced as a result of Fe and Zr 

impregnation would have also adsorbed the negatively charged As(V) by electrostatic 

forces (physical adsorption or outer-sphere complexation) (Loganathan et al. 2014). The 

fact that the positive ZP decreased after As(V) adsorption indicates that the adsorption 

mechanism of modified LFs also included chemical process (inner-sphere complexation). 

Others have also reported both physical and chemical processes operating for the 

adsorption of As(V) on Fe (Kalaruban et al. 2019) and Zr (Velazquez-Jimenez et al. 

2014)- grafted organic carbon-based adsorbents. 
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   (a)      (b) 

Fig. 4.4. The zeta potential of LF and modified LFs before (a) and after (b) As(V) 

adsorption 

 

4.3.3 Batch adsorption studies 

4.3.3.1 Equilibrium adsorption 

Fig. 4.5 illustrates the equilibrium adsorption of As(V) on LF and modified LFs. 

The data were evaluated using nonlinear forms of the Langmuir, Freundlich, and Temkin 

models. The adsorption data fitted well to all three adsorption models, with the Temkin 

model being the best-fitted model for the data of LF. The R2 values for all model fittings 

were >0.88, indicating that the fits were very highly significant (probability level = 0.001) 

(Preece 1982) (Table 4.1). The Langmuir maximum As(V) adsorption capacity (qm) of 

LF was 0.035 mg/g, and it increased remarkably after modification. The Langmuir 

adsorption capacities of FLF-3 and ZLF-3 were 2.55 mg/g and 2.89 mg/g, respectively 

(Table 4.1). These values are 70 – 80 times higher than that of the original LF. It clearly 

confirms the beneficial impact of the grafting process. The improvement of As(V) 
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adsorption capacity is due to the strong adsorption of the anionic As species onto Fe and 

Zr on the surface of the modified LFs, as explained by the FTIR and zeta potential data 

earlier. The Langmuir isotherm constant kL is related to the strength of the interaction 

between the adsorbent and adsorbate (Kocherbitov & Arnebrant 2010). The kL value for 

the three adsorbents is in the order ZFL-3 > FLF-3 > LF, which is the same order of qm. 

This shows that grafting of Zr and Fe on LF not only increased the adsorption capacity, 

but also increased the energy of adsorption. 

Furthermore, the favourable nature of As(V) adsorption on LFs was analysed using 

an essential feature of the Langmuir isotherm model. This is the dimensionless 

equilibrium parameter RL as shown in the equation below. 

 

𝑅𝐿 = 
1

1+(1+𝐾𝐿.𝐶0)
        [4.1] 

 
The RL values for all the adsorbents in this study are 0 < RL < 1 (LF 0.23, FLF-3 

0.172, ZLF-3 0.051), indicating that the adsorption process is favourable (Demir et al. 

2008). 

Although the Freundlich constant kf does not give the maximum As(V) adsorption 

capacity like the qm parameter of the Langmuir model, it is related to the adsorption 

capacity (Dada et al. 2012). The model results showed that the kf values ((mg/g) 

(L/mg)1/n) of FLF-3 and ZLF-3 are 3.020 and 3.851, respectively, which are 65 – 80 times 

higher than that of the unmodified LF (0.047) (Table 4.1). This is consistent with the qm 

value differences between the adsorbents. The values of the Freundlich exponent n term 

for all the adsorbents were between 1 and 10 (LF 1.89, FLF-3 2.45, ZLF-3 3.32). Thus, 

the values for 1/n were between 0 and 1, indicating again a favourable sorption process, 
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which is consistent with the conclusion made from the Langmuir model (Nguyen et al. 

2020b). 

The Temkin model is usually used for heterogeneous surface energy systems and 

chosen to evaluate the adsorption potentials of the adsorbent for adsorbates (Nguyen et 

al. 2020b). The Temkin isotherm equilibrium binding constant AT (L/g) (464, 83 and 50 

for ZLF-3, FLF-3 and LF, respectively) corresponding to maximum binding energy (Nayl 

et al. 2020), correlates well with the Langmuir constant kL relating to the energy of 

adsorption (ZLF-3 > FLF-3 > LF) (Table 4.1). Temkin isotherm constant bT is inversely 

related to the heat of adsorption B calculated from the equation B = RT/bT (unit of B, 

J/mol; R gas constant, 8.314 J/mol.K; T, absolute temperature K) (Dada, 2012). The 

positive values obtained for bT suggest that the adsorption process is endothermic 

(Adeogun & Babu 2015). Others have also reported endothermic reaction for the 

adsorption of As(V) on Fe-Zr binary oxide coated sand (Chaudhry et al. 2017) and on 

natural laterite containing Fe oxides (Nguyen et al. 2020a) based on thermodynamic 

adsorption studies. The B value for LF of 0.009 J/mol is much lower than that for FLF-3 

(0.586 J/mol) and ZLF-3 (0.543 J/mol), indicating that the thermal energy created in the 

adsorption reaction of LF is lower than that of the others.  

The Langmuir adsorption capacity of LF is generally lower than those of other 

natural plants (Table 4.2). However, the adsorption capacity of LF improved remarkably 

after modification. The adsorption capacities of FLF-3 and ZLF-3 are comparable or 

much higher than those of many other chemically modified bioadsorbents (Table 4.2). 

Some As adsorption studies (Chiban et al. 2009; Daus et al. 2004; Zhang et al. 2013) were 

conducted at an exceptionally high solution As concentrations up to 100 –  200 mg/L, 

which are rarely found in contaminated groundwaters and therefore they are not included 
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in Table 4.2. As(V) is mostly adsorbed by inner-sphere complexation onto the Fe and Zr 

hydroxy-oxides grafted on LF as shown by the zeta potential and FTIR data, and 

therefore, the As(V) adsorption capacity is not influenced by the surface area of the 

adsorbent matrix. In fact, there are many studies that have shown that adsorbents having 

very low surface area can have high adsorption capacities because of certain constituents 

in the adsorbents having very high affinity towards As. For example, a study on As(V) 

adsorption by a Fe oxide grafted on biomass which had a very low surface area of 2 m2/g 

resulted in a Langmuir maximum adsorption capacity of 1.54 mg/g (Pokhrel & 

Viraraghavan 2008b). On the other hand, adsorbents having very high surface area do not 

necessarily have high adsorption capacity. This was demonstrated in a study of As(V) 

adsorption on granular activated carbon (GAC) and Fe grafted GAC, where GAC having 

a surface area of 1124 m2/g had a low adsorption capacity of 1.01 mg/g, whereas Fe-GAC 

with a surface area of 876 m2/g had an adsorption capacity of 1.43 mg/g (40% increase 

over GAC) (Kalaruban et al. 2019). 

 

 

Fig. 4.5. Batch adsorption isotherms by LF and modified LFs  
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Table 4.1. Parameter values for batch equilibrium models of As adsorption 

Model Parameter Unit LF FLF-3 ZLF-3 

Langmuir qm mg/g 0.035 2.553 2.894 

 

 

kL L/mg 6.680 9.629 36.91 

RL  0.230 0.172 0.051 

R2  0.919 0.989 0.945 

Freundlich kf L/g 0.047 3.020 3.851 

 

 

n  1.886 2.451 3.317 

R2  0.889 0.958 0.951 

Temkin AT L/g 49.50 82.75 463.5 

 

 

B J/mol 0.009 0.586 0.543 

bT
  275.3 4.228 4.563 

R2  0.991 0.986 0.984 
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Table 4.2. Comparison of As(V) adsorption capacities of some bioadsorbents 

Adsorbent Solution 

pH 

Co  

(mg/L)* 

Q  

(mg/g)** 

Reference 

LF 7 0.5 0.035 This study 

FLF-3 7 0.5 2.55 This study 

ZLF-3 7 0.5 2.89 This study 

Iron hydroxide modified 

activated carbon 

7 0.025 – 1.5 0.37 – 1.25 Vitela-Rodriguez & 

Rangel-Mendez (2013)  

Granular activated 

carbon 

6 0.1 1.01 Kalaruban et al. (2019) 

Iron coated granular 

activated carbon 

6 0.1 1.43 Kalaruban et al. (2019) 

Coal-based activated 

carbon 

6 0.5 1.76 Li et al. (2014) 

Manganese oxide-

modified pine biochar 

7 1 – 20 0.59, 0.91 Wang et al. (2015) 

Iron oxide coated A. 

niger biomass 

6 0.1 0.526 Pokhrel & 

Viraraghavan (2008b) 

Fish scale 6.8 0.333 0.0266 Rahaman et al. (2008) 

Rice polish 4 0.1 – 1 0.147 Ranjan  et al. (2009) 

Anaerobic biomass 5 0.5-4 0.164 Chowdhury & 

Mulligan (2011) 

*Initial As concentration, **Langmuir maximum adsorption capacity 
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4.3.3.2 Adsorption kinetics 

The experimental data for the adsorption kinetics on LF, FLF-3, and ZLF-3 were 

fitted to non-linear PFO, PSO, Elovich models, and the linear Weber and Morris model 

(Fig. 4.6). The results show that As adsorption on ZLF-3 reached the fastest saturation 

within 60 min (Table 4.3). LF and FLF-3 needed more time to reach the saturated point, 

4 h and 6 h, respectively. The adsorption rate on all adsorbents during the initial period 

increased rapidly because a large number of adsorption sites were available for As(V) 

adsorption. As time progressed, it slowed down because of the gradual saturation of the 

adsorption sites before finally reaching an equilibrium state with no change in adsorption 

capacity. Between the PFO and PSO models, the latter fitted the data better for FLF-3 and 

ZFL-3, as revealed by the higher R2 values (0.985, 0.986 for PSO; 0.894, 0.953 for PFO). 

In addition, the experimental maximum adsorption capacity (qexp) was closer to the 

predicted adsorption capacity of the PSO model (qe) than those for the PFO model for 

these modified LFs. This suggests that the main As(V) adsorption mechanism was 

chemical adsorption for the modified LFs (Kalaruban et al. 2019), as also found from the 

zeta potential data. The PSO adsorption rate constant (k2, g/mg.h) of ZLF-3 (5.1) is higher 

than that of FLF-3 (0.8) (Table 4.3), indicating that it had a higher rate of adsorption than 

FLF-3. For the unmodified LF, the R2 of the model fits the data, and the qexp/qe difference 

between the two models was nearly the same. Therefore, the results could not suggest 

whether PSO or PFO is a better predictive model for LF adsorption and whether the 

adsorption process is chemical or not.  

The Elovich model fitted well to the adsorption data of all three adsorbents (Fig. 

4.6a). The α values of FLF-3 and ZLF-3 were much higher than that of LF, indicating 

that the initial rate of adsorption was increased significantly after modification. This 
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phenomenon can be explained by the higher affinity of Fe and Zr modified LFs to As(V). 

The value of β (g/mg), the desorption constant, which is inversely related to the affinity 

of adsorbate to adsorbent (Wang et al. 2015; Zhang et al. 2013) is much lower for FLF-3 

(4) and ZLF-3 (6) than for LF (233) (Table 4.3), indicating that the modified LFs have 

stronger affinity to As(V) than LF. 

Because LF consists of pores and channels, the Weber and Morris model was 

chosen to investigate the rate of As diffusion into this material through these 

pores/channels (Fig. 4.6b). The As(V) adsorption capacity of LF was too small, and 

therefore the change in adsorption rate could not be determined. For this reason, the 

Weber and Morris model fit to LF adsorption data was described by a single straight line. 

However, the As(V) adsorption process for FLF-3 and ZLF-3 appears to take place in two 

phases. The two phases were described by the two straight lines that fit the data in Fig. 

4.6b. The data fit the two straight lines for both the modified adsorbents are very highly 

significant with R2 values > 0.960. The kp values of the first set of straight lines (kp1) were 

higher than the respective kp values (kp2) of the second set of straight lines, indicating that 

the intra-particle diffusion rates of As(V) into these adsorbents at short-term adsorption 

are faster than those at the long-term process. The faster rate is due to intra-particle 

diffusion of As into the larger sized pores of the absorbents (mostly > 4 nm, Fig. S4.2, 

Appendices), and the slower rate is due to intra-particle diffusion of As into the smaller 

sized pores (mostly < 4 nm, Fig. S4.2, Appendices). Kalaruban et al. (2019) also reported 

a good fit of data to the Weber and Morris model for the kinetics of adsorption of As on 

Fe-coated granular activated carbon (GAC) with two distinct straight lines. They 

considered that the two straight lines fit, indicating As diffusing initially (short-term 
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process) through the mesopores in GAC and later (long-term process) through the micro-

pores in GAC. 

 

      

(a)      (b) 

 

Fig. 4.6. Batch kinetics adsorption by LF and modified LFs, (a) PFO, PSO and Elovich 

models and (b) Webber and Morris model 
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Table 4.3. Parameter values for batch kinetics models of As adsorption 

Model equation Parameter Unit LF FLF-3 ZLF-3 

 qexp mg/g 0.022 1.600 1.870 

PFO qe mg/g 0.022 1.478 1.751 

𝑑𝑞𝑡
𝑑𝑡
= 𝑘1(𝑞𝑒 − 𝑞𝑡) 

k1  1/h 0.425 1.000 5.933 

R2  0.981 0.953 0.894 

PSO qe  mg/L 0.025 1.623 1.830 

𝑑𝑞𝑡
𝑑𝑡
= 𝑘2(𝑞𝑒 − 𝑞𝑡)

2 
k2  g/(mg.h) 21.77 0.827 5.097 

R2  0.985 0.986 0.986 

Elovich α  mg/(g.min) 0.001 0.112 15.00 

𝑑𝑞𝑡
𝑑𝑡
= 𝛼𝑒−𝛽𝑞𝑡 

β  g/mg 232.9 3.632 5.808 

R2  0.956 0.977 0.882 

Weber and Morris Short-term adsorption 

𝑞𝑡 = 𝑘𝑝√𝑡 + 𝐵 

 

 

 

 

 

 

kp1 mg/(g.h1/2) 0.007 0.685 0.719 

B mg/g 6x10-4 0.149 0.904 

R2  0.960 0.968 0.985 

Long-term adsorption 

kp2 mg/(g.h1/2) - 0.101 0.053 

B mg/g - 1.193 1.668 

R2  - 0.961 0.976 
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4.3.3.3 Influence of pH on As(V) adsorption 

pH is one of the most important parameters of the adsorption process. It impacts the 

surface charge of the adsorbents, the extent of ionisation of the surface groups, the nature 

of the adsorbing ions, and finally influences the adsorption mechanisms (Firdaous et al. 

2017). Fig. 4.7 shows the influence of pH on As(V) adsorption by LF, FLF-3, and ZLF-

3. The As(V) adsorption efficiency of the three adsorbents declined when the pH rose 

from 3 to 10 (from 53 – 68%). This fall in adsorption capacity is due to the increase in 

the surface negative charges on the adsorbents as pH increases (as shown in the zeta 

potential diagram, Fig. 4.4), which is not favourable for the adsorption of the negatively 

charged As species. Additionally, the number of negative charges on the As species would 

have also increased with pH to aggravate this situation. Another reason is that the 

increasing concentration of hydroxyl ions at high pHs might have competed with As 

species for specific adsorption on the adsorbents.  

The decline in As(V) adsorption capacity with rise in pH has also been reported by 

others. For example, for a granulated activated carbon (GAC) and iron grafted GAC, it 

was reported that the adsorption capacity continued to decrease with increase in pH from 

6 to 8 (Kalaruban et al. 2019). For an iron-zirconium binary oxide adsorbent, it was shown 

that As(V) adsorption efficiency continuously declined with increase in pH from 5 to 11 

(Ren et al. 2011). Similarly, the adsorption of As(V) on iron and zirconium grafted 

manganese oxide ore decreased from pH 3 to 10 (Nguyen et al. 2020b). Also, for three 

types of iron oxide minerals and zero-valent Fe, As(V) adsorption decreased from pH 6 

to 12 (Mamindy-Pajany et al. 2011). 
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Fig. 4.7. Influence of pH on As(V) removal efficiency of LF (10 g/L), FLF-3 (0.2 g/L) 

and ZLF-3 (0.2 g/L) 

 

4.3.3.4 Effect of co-existing anions on As(V) adsorption 

In nature, many ions present in water, but some of them are able to interfere with 
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The results showed that the performance of the three adsorbents was affected 
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the lower concentration (0.1 mg/L), the effect of 𝑆𝑂42−and 𝐶𝑂32− ions on As(V) removal 
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removal efficiency (As removal reduced by 50 – 70%), especially 𝑃𝑂43− because of their 

chemical similarities (Ren et al. 2011).  

In general, the order of competition for adsorption is: 𝑃𝑂43− > 𝑆𝑖𝑂32− > 𝐶𝑂32− >

𝑆𝑂4
2−. The same order of competition was also reported by Nguyen et al. (2020a) for 

As(V) adsorption by a natural laterite containing Fe oxides. The reason for 𝑃𝑂43− and 

𝑆𝑖𝑂3
2− having higher competition than 𝐶𝑂32− and 𝑆𝑂42− is that they are adsorbed mostly 

by inner sphere complexation onto the Fe and Zr in the adsorbent compared to the latter 

two ions which are adsorbed mostly by outer sphere complexation (Tuutijärvi et al. 2012). 

Inner sphere complexation leads to strong chemical adsorption usually involving ligand 

exchange mechanism (adsorbent surface OH groups exchanging with anions such as 

As(V)) (Loganathan et al. 2014; Ren et al. 2011). Tuutijärvi et al. (2012) reported that 

𝑆𝑂4
2− and 𝑁𝑂3− had negligible effect on As(V) adsorption by maghemite but 𝑃𝑂43− and 

𝑆𝑖𝑂3
2− had strong adverse effect. Gu et al. (2011)  also reported that 𝑆𝑂42− did not affect 

As(V) adsorption by Fe grafted GAC, whereas  𝑃𝑂43− and 𝑆𝑖𝑂32− did. Ren et al. (2011) 

observed that the adsorption of As(V) by Fe/Zr binary oxide was not affected by 𝑆𝑂42−, 

slightly by 𝐶𝑂32−, and severely by 𝑃𝑂43− and 𝑆𝑖𝑂32−. Of the last two anions, the former 

was considered to compete more intensively with As(V) because they have similar 

molecular structure and located in the same group in periodic table (Ren et al. 2011; 

Zhang et al. 2009). Another similarity is that both are oxyanions and have similar types 

of ionic species at neutral pH (𝐻2𝑃𝑂4−, 𝐻𝑃𝑂42−, 𝐻2𝐴𝑠𝑂4−, 𝐻𝐴𝑠𝑂42−) (Tuutijärvi et al. 

2012). 

The competitive ability of the co-existing anions was enhanced when all of them 

were present in the same solution. The presence of multiple anions in solution competed 

for a greater number of adsorption sites of As, thus leading to the significant decline in 



119 

 

As(V) removal efficiency. This decreased from 40% to 90% as the mixed anions 

concentration increased from 0.1 mg/L to 10 mg/L. 

 

      

 

 

Fig. 4.8. Effect of single and multiple anions on As(V) removal capability of (a) LF, (b) 

FLF-3, and (c) ZLF-3 
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4.3.4 Fluidised-bed studies 

Fig. 4.9 depicts the As breakthrough curves of six columns. At the same initial 

As(V) concentration (Co = 0.1 mg/L) and filtration velocity (Q = 0.047 L/h), the 

breakthrough curves of LF were always steeper than those of FLF-3 and ZLF-3. It means 

that LF saturated faster than the others did. At the same bed height, the plateau of Ct/Co 

of these columns occurred at different periods and bed volumes (B.V.). For example, with 

the 15 cm columns, the life cycle of LF was the shortest, and the plateau of Ct/Co occurred 

around 120 h (B.V. 479, Ct/Co = 0.99). Meanwhile, FLF-3 and ZLF-3 operated for much 

longer, and the ratio Ct/Co = 0.98 occurred approximately at 1824 h, B.V. 7281, and 2832 

h, B.V. 11304, respectively. In the case of 30 cm columns, a similar trend was also 

observed. For LF, Ct/Co of 0.80 was reached at B.V. = 239 (120 h), while for FLF-3 and 

ZLF-3, this Ct/Co was reached at B.V. of 3640 (1824 h) and B.V. of 5652 (2832 h), 

respectively. 

For each adsorbent, the higher column height became saturated after a longer time 

than the shorter one. This is because the column packed with an adsorbent to a greater 

height had a larger number of adsorption sites for As(V) adsorption. The longer 

operational time of the column with greater height enables it to treat larger volumes of 

water to maintain As concentration below the WHO recommended level of 10 µg/L. For 

instance, the 30 cm column with ZLF-3 adsorbent treated 33 L of water to the WHO level 

compared to 6.8 L water the 15 cm column treated. The corresponding volumes of water 

treated by LF columns were 0.2 and 0.1 L, respectively. 
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The total amount of As(V) adsorption, qtotal (mg), and column adsorption capacity, 

qe,exp (mg/g) in the fluidised-bed studies were calculated using the following equations 

(Kalaruban et al. 2016): 

 

 𝑞𝑡𝑜𝑡𝑎𝑙 = 𝑄. ∫ (𝐶𝑜 − 𝐶𝑡)𝑑𝑡
𝑡=𝑡𝑜𝑡𝑎𝑙

𝑡=0
      [4.2] 

𝑞𝑒,𝑒𝑥𝑝 =
𝑞𝑡𝑜𝑡𝑎𝑙

𝑚
         [4.3] 

 

where: Q is the filtration velocity, (L/h); Co is the initial As(V) concentration 

(mg/L); and Ct is the As(V) concentration at time t (h), (mg/L). 

The calculations showed that ZLF-3 had the highest As(V) adsorption capacities at 

both the column heights (2.630 and 1.950 mg/g with H 15 and 30 cm columns, 

respectively), followed by FLF-3 (1.237 and 1.031 mg/g) and LF (0.054 and 0.053 mg/g) 

(Table 4.4).  

The linear Thomas model (Table 2.6 Chapter 2) fitted well to the experimental data 

with values of R2 > 0.87 (Fig. 4.9).  

The modelling results showed that the maximum As adsorption capacity of ZLF-3 

was the highest (2.7 and 2.2 mg/g for 15 cm and 30 cm height columns, respectively) 

while that of LF was the lowest (0.06 mg/g for both column heights) (Table 4.4). The 

corresponding values of FLF-3 were 1.26 mg/g and 1.10 mg/g, respectively.  
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      (a) 

   

(b) 

Fig. 4.9. The experimental breakthrough curves and Thomas model fit to data for As(V) 

removal at V = 0.047 L/h, Co = 0.1 mg/L and H = 15 cm (a) or H = 30 cm (b)  
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Table 4.4. Column experimental parameters for As adsorption 

Parameter Unit 
H = 15 cm, m = 1.95 g H = 30 cm, m = 3.9 g 

LF FLF-3 ZLF-3 LF FLF-3 ZLF-3 

qtotal mg 0.106 2.412 5.133 0.213 4.019 7.600 

qe,exp mg/g 0.054 1.237 2.630 0.053 1.031 1.950 

Thomas model 

qe mg/g 0.060 1.263 2.677 0.059 1.102 2.145 

 KTh L/(h.mg) 0.446 0.027 0.019 0.264 0.019 0.017 

R2  0.921 0.902 0.952 0.873 0.946 0.924 

 

4.3.5 Cost estimation for treatment 

Currently, luffa fibre has not been used for water treatment purposes. Its cost was 

estimated based on the raw material price, collection, transportation, and processing, 

about A$0.2/kg. The costs of the modified LFs are calculated using the industrial prices 

of the chemicals, FeCl2.4H2O (A$1.37/kg), ZrOCl2.8H2O (A$1.64/kg), and NaOH 

(A$0.30/kg) employed in the modification procedure (prices of the chemicals are 

obtained from https://www.alibaba.com) and the quantities of the chemicals used in the 

modification (section 4.2.2.2). Based on this calculation, the cost of FLF-3 and ZLF-3 

was estimated to be A$1.02/kg and A$1.81/kg, respectively.  

The cost of treating 1 m3 water containing 0.1 mg As(V)/L to produce safe 

drinking water (<10 µg As/L) was calculated by multiplying the cost of the adsorbent by 

the weight of adsorbent in the column (3.9 g) divided by the volume of water treated (m3). 

https://www.alibaba.com/product-detail/36-zirconium-oxychloride-ZrOCl2-8H2O_62258498574.html?spm=a2700.7724857.normalList.44.5964454atASTiI
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The volumes of water treated by LF, FLF-3 and ZLF-3 at the flow rate of 0.047 L/h are 

0.2 L, 15 L, and 33 L, respectively (time (h) taken to reach 10 µg As/L in treated water x 

flow rate (L/h)/1000 L/m3). Based on this calculation, the costs of treating 1 m3 water by 

LF, FLF-3, and ZLF-3 are estimated to be A$3.9, A$0.26, and A$0.21, respectively. The 

cost calculated in this section applies only to a single use of the adsorbents until reaching 

the safe limitation of As in the treated water. However, the adsorbents can be used until 

absolutely exhausted. They could be continuously utilised by connecting in a series with 

a new column. This method would reduce the water treatment cost by using these 

adsorbents. In addition, desorption/regeneration of the exhausted adsorbents is also an 

option to reduce the cost of water treatment by using the absorbents repeatedly. However, 

the applicability of this method depends on many factors, such as adsorbent cost, market 

value of adsorbate, which would be discussed in detail in Chapter 5. 

In comparison between three adsorbents, the water treatment costs of the original 

LF is higher than that of modified LFs due to the smaller volume of water treated, despite 

its lowest cost. A similar reason is also applied to explain the difference in the water 

treatment cost between ZLF-3 and FLF-3. Comparing with other adsorbents, the cost of 

treated water by modified LFs is lower than that of Zra-VMO (A$0.742/m3) and Fea-VMO 

(A$0.287/m3) in the previous study (Nguyen et al. 2020b). The Langmuir adsorption 

capacity of modified LFs is also much higher than that of Vietnamese high quality GAC 

while their cost is comparable (0.07 mg/g and A$2.0/kg of high quality GAC compares 

with 2.55 mg/g and A$1.02/kg of FLF-3 and 2.89 mg/g and A$1.81/kg of ZLF-3) (Section 

3.3.6, Chapter 3). 
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4.3.6. Adsorption mechanism 

Zeta potential data showed that when LF was modified with the positively charged 

Fe and Zr, the negative charges on LF significantly decreased at all pHs and reversed to 

positive values at pHs 4.0 to 7.5. FTIR data provided evidence that Fe and Zr were 

complexed with the hydroxyl and carboxylic groups mostly present in the cellulose 

component of LF. XRD data proved that cellulose was present in LF. The grafting of Fe 

and Zr produced significant amounts of these metals on the grafted product as shown in 

EDS mapping.  

The positive charges generated on LF by Fe and Zr would have helped the 

adsorption of some As(V) by coulombic (electrostatic) forces leading to outer-sphere 

complexation. However, the major mechanism of As(V) adsorption is through inner-

sphere complexation caused by ligand exchange of surface hydroxyl groups attached to 

Fe and Zr with As(V) species (𝐻2𝐴𝑠𝑂4−, 𝐻𝐴𝑠𝑂42−) (Kalaruban et al. 2019; Mohan & 

Pittman Jr 2007; Nguyen et al. 2020b, Ren et al. 2011, Tuna et al. 2013). The evidence 

for this process is provided by the zeta potential data. The zeta potential of FLF and ZLF 

decreased and even became negative at pHs above 6.5 due to the negatively charged 

As(V) ions complexing with the Fe and Zr oxides/hydroxides. Because As(V) was 

adsorbed mainly by inner-sphere complexation the non-specifically adsorbing anions 

such as 𝑆𝑂42− and 𝐶𝑂32− were not able to compete well with As(V) for adsorption sites. 

The scheme of As(V) adsorption mechanism is illustrated in Eq. 4.4 – 4.7 below. Eq. 4.4 

and 4.5 are for 𝐻2𝐴𝑠𝑂4−, the dominant anionic species at pH 2 – 7, and Eq. 4.6 and 4.7 

are for 𝐻𝐴𝑠𝑂42−, the dominant species at pH 7 – 12 (Ren et al. 2011). The complexation 

could have occurred by As(V) species acting as electron donors and the metal hydroxide 

groups acting as electron acceptors (Tuna et al. 2013). SEM images showed that Fe and 
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Zr modifications exposed the pores and channels of the fibrous LF in the acidic conditions 

prevalent during the modification process, which removed the gummy/waxy substances 

on the LF surface. The adsorption of As(V) on FLF and ZLF is not only on the planer 

surface of the adsorbent but also inside these pores/channels by As(V) diffusion as 

demonstrated by Weber and Morris kinetic data analysis. 

 

𝐿𝐹] − 𝐹𝑒 − 𝑂𝐻 + 𝐻2𝐴𝑠𝑂4
− → 𝐿𝐹] − 𝐹𝑒 − 𝐻2𝐴𝑠𝑂4

− + 𝑂𝐻−    [4.4] 

𝐿𝐹] − 𝐹𝑒 − 𝑂𝐻 + 𝐻𝐴𝑠𝑂4
2− → 𝐿𝐹] − 𝐹𝑒 − 𝐻𝐴𝑠4

2− + 𝑂𝐻−   [4.5] 

𝐿𝐹] − 𝑍𝑟 − 𝑂𝐻 + 𝐻2𝐴𝑠𝑂4
− → 𝐿𝐹] − 𝑍𝑟 − 𝐻2𝐴𝑠𝑂4

− + 𝑂𝐻−   [4.6] 

𝐿𝐹] − 𝑍𝑟 − 𝑂𝐻 + 𝐻𝐴𝑠𝑂4
2− → 𝐿𝐹] − 𝑍𝑟 − 𝐻𝐴𝑠4

2− + 𝑂𝐻−   [4.7] 

 

4.4. Conclusions 

This study has demonstrated that porous fibres of the luffa plant (LF), which is 

found in most parts of the world, can be easily grafted with Fe and Zr, and the As(V) 

adsorption capacity can be increased by 70-80 times when compared to the unmodified 

raw LF. Grafting with Fe and Zr increased the zeta potential and zero point of charge 

(ZPC) of LF (from pH 3.9 to 7.4 for Fe-grafting and to 7.6 for Zr grafting), due to 

chemical bonding of the metals, possibly with the hydroxyl and carboxylic groups in LF 

as indicated in the FTIR pattern of peaks. Zeta potential and ZPC decreased after As 

adsorption owing to inner-sphere complexation mechanism of adsorption. The adsorption 

capacities of the grafted materials (2.55 – 2.89 mg/g) are higher than many of the other 

bioadsorbents. The Fe- and Zr-grafted LF are very promising cost-effective, and 

environmentally friendly bioadsorbents for the removal of As(V) from contaminated 

drinking water. 
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Chapter 5. Solid waste management 

 

Summary 

Chapter 5 presents the third key findings about management/safe disposal of the 

exhausted adsorbents, including waste from original and modified manganese oxide ore 

and luffa fibre. The first part of this study (section 5.1) on managing the exhausted original 

and modified manganese oxide ore was published in the Journal of Environmental 

Chemical Engineering (Q1 journal, impact factor: 4.02).  

Nguyen, T.T.Q., Loganathan, P., Nguyen, T.V. & Vigneswaran, S. 2020, 

'Removing arsenate from water using modified manganese oxide ore: column 

adsorption and waste management', Journal of Environmental Chemical 

Engineering, p. 104491. 

After use as adsorbents in the previous chapters, VMO, LF, and their modified 

forms need to be managed properly to prevent the return of As(V) to the environment. 

The encapsulation method through solidification/stabilisation was applied to the used 

VMO and modified VMOs. Testing of the quality of concrete and the leaching test was 

conducted to identify the application and safety degree of concrete (Fig. S5.1, Appendix 

3). 

The exhausted original and modified LFs were managed by the phytoremediation 

method using Pityrogramma calomelanos. The study presents the level of As(V) 

transformation from the soil to different sections in the plants as well as the  As(V) residue 

remaining in the soil after phytoremediation. 
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5.1    Original and modified manganese oxide ore 

5.1.1 Introduction 

After the adsorption treatment process, the exhausted adsorbent media must be well 

managed to prevent As being released into the environment. Four options could be chosen 

to treat the exhausted adsorbent waste, which includes: (1) desorption/regeneration (D/R), 

(2) concentration and containment, (3) dilution and dispersion, and (4) encapsulation of 

the material (Leist et al. 2000; Mohan & Pittman Jr 2007; Nguyen et al. 2014). These 

options have been applied selectively depending on such issues as economic efficiency, 

safety, concentration, and purity of the substance. Practically, the D/R process is usually 

applied to valuable adsorbents and adsorbates. Because there is a limited demand for As 

in the market and it is unsafe to store the As after recovery, the D/R method used for 

valuable elements is not attractive for As (Mohan & Pittman Jr 2007). Furthermore, the 

D/R approach has problems regarding: firstly, the safe disposal of the highly concentrated 

As in the desorbed solution; secondly, inability to completely desorb all the adsorbed As 

from the adsorbent; and thirdly, the decline in As adsorption capacity of the adsorbent 

after each adsorption cycle. The second method of concentration and containment is 

relatively costly and not affordable for local people, where most of the As-related 

problems exist. The third method of dilution and dispersion, although it reduces the 

immediate environmental problem of As, can cause environmental problems in the future 

at the site where it is repeatedly disposed of. Moreover, humans exposed to low 

concentrations of As over the long-term will pose serious health problems (Leist et al. 

2000). 

Unlike other methods, the encapsulation option through solidification/stabilisation 

(S/S) is more attractive and considered to be an effective technique to treat As-containing 
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solid waste (Jing et al. 2005). The United States Environmental Protection 

Agency (USEPA) also recognized S/S processes as the Best Demonstrated Available 

Technology (BDAT) for the land disposal of hazardous elements (Yoon et al. 2010). The 

advantage of this method is that the toxic substance (As) is immobilised and incorporated 

into solid materials such as cement, slag, or polymer so that the As-encapsulated materials 

become a reduced or non-hazardous solid waste (Leist et al. 2000; Mohan & Pittman Jr 

2007). Moreover, the S/S method can be cost-effective if the incorporation and 

stabilisation are done using a material that is manufactured locally for another purpose 

without affecting its quality. The product of the S/S process can be safely disposed of in 

a secure landfill or used as a construction material that has limited contact with humans.  

The popular agents of the As(V) S/S process that have been evaluated successfully 

are cement and mixtures of cement, such as Portland cement, mixtures of Portland cement 

with Fe (II, III), lime, fly ash, or silicate (Leist et al. 2000, Mohan & Pittman Jr 2007; 

Sullivan et al. 2010). The advantages of these agents are that they are low-cost, easy to 

incorporate with wet/solid waste, and have high alkalinity, which could restrict the 

solubility of hazardous metals (Singh & Pant 2006). However, the As, which is 

incorporated and stabilised into these materials, should not leak out into the environment 

in the future. Some studies find that As concentration in leachates from the encapsulated 

materials determined according to the Toxicity Characteristic Leaching Procedure 

(TCLP) of USEPA was below the acceptable limit of 5 mg/L (below this concentration, 

As is unlikely to cause toxicity) (Jing et al. 2005; Lincoln et al. 2007). However, detailed 

studies about the characteristics of encapsulated material regarding the physico-chemical 

characteristics with reference to the reaction of As within the encapsulated material and 

the potential As release in the long-term are limited. Moreover, evaluating the quality of 

about:blank
about:blank


131 

 

the S/S product using measurements such as compressive strength, rapid chloride 

penetrability test (RCPT), and volume of permeable voids (VPV), which are important 

features to decide whether the construction material can be used widely or not, has been 

rarely performed. 

The aims of this research were to evaluate the feasibility of disposing of the 

exhausted adsorbent waste by encapsulating it into concrete made from cement and test 

whether As(V) leaching from the material is within the safety level. The physico-chemical 

characteristics of the encapsulated product and the possible reactions of As(V) within the 

product are also investigated in this study to determine the product’s stability. 

 

5.1.2 Material and methods 

5.1.2.1 Material 

The used exhausted adsorbents from the column experiments were rinsed quickly 

with tap water to remove the adsorbent residues stuck to the column surface. They were 

then dried at a temperature of 50 oC for 8 h. The As ions in the adsorbents would not have 

leached out of the adsorbents during the rinsing with water because they were strongly 

adsorbed through electrostatic adsorption forces and chemical bonds. The exhausted 

VMO, Fea-VMO and Zra-VMO adsorbents were mixed at a ratio of 1:1:1 and 

encapsulated with concrete. 

 

5.1.2.2 Solidification/stabilisation 

Five levels of the exhausted adsorbents were used in the concrete mix. The 

compositions of the 5 mixtures are shown in Table 5.1. The concrete mix samples are 
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named C0, C5, C10, C15, C20, corresponding to the replacement levels of sand by the 

exhausted adsorbent mixture (0%, 5%, 10%, 15%, and 20%). The materials for the 

concrete mix, such as river sand, aggregates (gravels of 10 - 20 mm size), and Portland 

cement, were supplied by a local construction material store. The concrete samples were 

prepared utilising a 100 mm x 200 mm cylindrical mould (Pic. S5.1, Appendix 3). One 

day after casting, the concrete samples were unmoulded and soaked in a curing chamber 

containing a lime solution for 27 days, as described by Baweja et al. (2003). The weight 

of each fresh concrete sample was kept constant at 2365 kg per m3. The initial As(V) 

loading was estimated based on the results of the column study and the proportions of the 

constituents in the concrete (Table 5.1). It is approximately 8.97, 17.95, 26.92, and 35.89 

mg As(V) per 1 kg of fresh concrete corresponding to C5, C10, C15, and C20. 

The characteristics of the final products were determined, and they consisted of 

compressive strength, RCPT, and VPV (Pic. S5.2, Appendix 3). Compressive strength 

was measured using UTC-4727G-2000 kN Capacity general-purpose compression testing 

frame - standard method ASTM C39/C39M-20 (El-Zohairy et al. 2020). In this method, 

a load of 0.25 ± 0.05 MPa/s was applied at a rate of movement, corresponding to a stress 

rate on the cylindrical sample, until the load indicator presents a steady decrease of the 

load, and the concrete sample displays a definite fracture pattern. The RCPT was 

measured using Proove’s It - Germany Instrument in accordance with standard method 

ASTM C1202-19 (Xuan et al. 2019). In this method, a 50 mm-thick slice of the concrete 

sample was introduced to a potential of 60 V with two ends of the slice immersed in 

sodium chloride solution and sodium hydroxide solution, respectively. After 6h, the total 

charge that passed through the sample was measured to obtain the sample’s resistance to 

chloride ion penetration. The VPV of the product was measured according to the standard 
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method ASTM C642-13 (Kumendong et al. 2019). The VPV percentage of each concrete 

sample was calculated based on the decrease in mass of a 50 mm-thick slice sample after 

drying in an oven at 110 oC for 24 h, followed by immersing in water for 48 h and boiling 

for 5 h. 

 

Table 5.1. Concrete mixture compositions 

Name Exhausted adsorbent 

waste (kg/m3) 

Sand 

(kg/m3) 

Aggregate gravels (kg/m3) Cement 

(kg/m3) 

Water 

(L/m3) 10 mm 20 mm 

C0 0 745 460 655 325 180 

C5 37 708 460 655 325 180 

C10 75 671 460 655 325 180 

C15 112 633 460 655 325 180 

C20 149 596 460 655 325 180 

 

5.1.2.3 Leaching test 

The leaching test on all concrete samples was conducted to determine whether 

leaching of As into the natural environment would comply with the stipulated USEPA 

regulation. Method 1313 of the Leaching Environmental Assessment Framework 

(LEAF), which was conducted in a batch extraction procedure, assessed the leaching 

potential (Kosson et al. 2014). This is a short-term procedure (24, 48 or 72 h, depending 

on the sample’s particle size) performed at a wide range of pH (from 2 to 13). 

The waste incorporated concrete sample (28 days-old) was crushed into a size of 

approximately 5 mm using a jaw crusher. The crushed concrete was then washed by 

deionized (DI) water to remove the dust and dried at 50 oC for 8 h. 80 g of each dried 
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crushed concrete sample was mixed with 800 mL of DI water (solid/solution ratio of 1:10) 

whose pH was adjusted to 2, 4, 5.5, 7, 8, 9, 10.5, 12 and 13 using 2N HNO3 and 1N KOH. 

The mixture was placed inside a 1L vessel and shaken at 28 ± 2 rpm for 72 h in an orbital 

shaker. The suspensions were filtered through 0.45 µm filters, and As in the filtrates was 

analysed using an Agilent Technologies 7900 ICP-MS instrument. The pH of the filtrate 

was also measured. 

 

5.1.2.4 Characteristics of material 

The characteristics of the exhausted adsorbent encapsulated concrete samples were 

evaluated using Scanning electron microscopy/energy-dispersive X-ray spectroscopy 

(SEM/EDS, Quanta-650 instrument), and X-ray diffraction (XRD, Empyrean-

PANalytical instrument, Netherlands). These have been described in detail elsewhere 

(Nguyen et al. 2020b). 

 

5.1.3 Results and discussion 

5.1.3.1 Characteristic of concrete 

a. SEM, EDS, and XRD 

The SEM images revealed that generally, the surface of the concrete mix samples 

was rough and heterogeneous, and there was no visible change in the surface morphology 

of the samples before and after incorporating the contaminated unmodified VMO and 

modified VMOs (Fig. 5.1a, b). The absence of any change in morphology could be 

because the VMO derived from the mine contains many minerals/compounds whose 

morphologies are similar to the sand and aggregate gravels of the concrete mixture.  
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The EDS results showed that As element was not detected on the surface of all 

concrete samples (Fig. 5.1c). Only the elements included in the compositions of Portland 

cement, sand, and aggregate gravels were identified, which included Si, Ca, and Al 

(Aïtcin 2016; Kaur et al. 2019). The spectra of C5, C10, C15, and C20 were similar to 

that of C0, with no change in peak intensities, and no peak disappeared, or a new peak 

appeared after adding the adsorbent wastes into the concrete mixture.  

Similarly, the XRD analysis of the various mixtures of concrete showed only peaks 

for the major minerals of concrete (Fig. 5.1d). The peaks at 2θ = 21o, 26.5 o, 50 o, and 60 

o are characteristics of quartz. The peak at 2θ = 21 o can additionally be due to the presence 

of gismondine (Karanac et al. 2018). The peaks around 2θ = 28 o – 29 o are due to calcite 

and feldspars (Karanac et al. 2018). No As(V) minerals were identified in the XRD result, 

and this is consistent with the EDS finding, which did not show any As elemental peak. 

This may be because the amount of As(V) in the adsorbent waste (< 0.05%) and the 

percentage of waste in the concrete mixture (< 7%) were very small in comparison to a 

large amount of concrete mixture. However, Singh & Pant (2006) detected a peak for 

calcium arsenite in XRD for a concrete mixture of As waste (As adsorbed to activated 

alumina). This was probably due to the much higher proportion of As in the mixture 

(approximately 75% waste in the mixture and 12.5% As in adsorbent) than what was used 

in the current study. 
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   (a)      (b) 

  

             (c)              (d) 

Fig. 5.1. SEM of the concrete mixture with (a) 0% and (b) 20% of adsorbent waste, (c) 

EDS spectrum, and (d) XRD patterns of five concrete mixture samples 

 

b. Compressive strength, RCPT, and VPV  

The compressive strength, RCPT, and VPV measurement results are presented in 

Table 5.2. The compressive strength results showed that after replacing sand by up to 
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20% exhausted unmodified and modified VMOs, the compressive strength declined only 

by a maximum of 4 MPa from the original value of 35 MPa. According to the Concrete 

Structures Standard of Australia AS 3600:2018, the concrete product with a minimum 

compressive strength of 20 - 32 MPa can be used to build footpaths and residential 

driveways (20 MPa), commercial and industrial floors not subject to vehicular traffic (25 

MPa), and pavements or floors subject to pneumatic-tired traffic (32 MPa) (Khalajestani 

et al. 2018). Based on these standards, the concrete mixture produced by mixing 

exhausted adsorbent in this study can be used in many construction projects, such as the 

driveways, pavements, where humans will not have direct contact. The reason for the 

adsorbent waste addition not seriously affecting the compressive strength is that the 

original VMO adsorbent is also a crystalline inorganic material having similar mineral 

composition as sand and gravel in the concrete mixture, as well as due to the small 

amounts of waste added.  

The ASTM C1202-19 determines the electrical conductance of concrete to provide 

a rapid indication of its resistance to the penetration of chloride ions via the rapid chloride 

penetrability test (RCPT) (Kaur et al. 2019). As the electrical charge passed through the 

concrete increases, the strength, performance, and the appearance of certain concrete 

structure will reduce, hence can lead to the corrosion of embedded steel bars within 

concrete (Sekar & Kandasamy 2019). Using this method, the charge passed through the 

five concrete mixes was measured to be 1175 – 1281 coulombs, which indicated that the 

chloride ion penetrability is low and the increase was only <1% with the adsorbent waste 

replacement of sand in all mixes (Table 5.2) (Kaur et al. 2019). The low charge transport 

through the concrete mixes suggests that the concrete mixes have greater compressive 

strength, denser materials with less porous microstructure, hence enhancing the chloride-
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ion transport resistance (Kaur et al. 2019). In contrast, Kaur et al. (2019) found that when 

incinerated biomedical waste ash replaced sand in concrete at various proportions (5 – 

20%), the charge increased from 1200 to 7825 coulombs. They stated that >10% 

replacement producing RCPT values of 6890 – 7825 coulombs was not acceptable as it 

can cause problems involving ions permeability.  

According to standard ASTM C642-13, the VPV gives an indication of the amount 

of moisture and air, which can penetrate into the concrete. The VPV values of the 5 

concrete mixes are in the 12.2 - 14.7% range (Table 5.2), which are similar to that of 

lightweight concrete having many applications (Sekar & Kandasamy 2019). As in the 

case of RCPT, VPV value also changed very little with an increase in percentage 

replacement of sand by the adsorbent waste in the concrete mix.  

 

Table 5.2. The characteristics of the concrete mixes 

Features Unit C0 C5 C10 C15 C20 

Compressive strength MPa 35.4 33.2 31.7 32.5 31.2 

RCPT (charge passed) coulombs 1270 1175 1225 1275 1281 

VPV % 12.2 13.5 14.4 12.6 14.7 

 

5.1.3.2 Leaching test 

VMO and modified VMOs have proved to be low-cost, safe, and environmentally 

friendly adsorbents (Nguyen et al. 2020b). The coating agents used to modify VMO to 

increase its As(V) adsorption capacity, such as Fe and Zr, are also safe with regard to 

human health  (Nguyen et al. 2020c). The commercial components (sand, cement, 

aggregates) used to make the concrete mixes have been employed widely and found to be 
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very safe. Therefore, in investigating the potential toxicity of elements that might leach 

from the concrete mixes, only As was tested in the leachate.  

The results of the leaching test are presented in Table 5.3. They indicate there is 

virtually no As leaching from the solidified/stabilised samples. Only in 3 samples (at pH 

13 of C15, at pH 4 and 13 of C20) was As detected, but its concentration is extremely 

low (0.0005, 0.0001, and 0.0014 mg/L, respectively). It is insignificant in comparison 

with the recommended limit stipulated in the TCLP of USEPA (up to 5 mg/L for As) 

(Jing et al. 2005). 

The pH of all leachates in the leaching test, which had an initial pH from 2 – 13, 

increased to 10 – 13 after the leaching test process. The highly alkaline conditions of the 

cement, due to the presence of calcium (Ca) hydroxide, would have increased the leachate 

pH, and this could restrict the solubility of hazardous metals (Singh & Pant 2006). Both 

the high alkalinity and presence of a high concentration of Ca in cement would have 

resulted in the formation of Ca-As precipitates, and this may be the main mechanism that 

reduced or prevented the leachability of As (Jing et al. 2005; Sullivan et al. 2010). 

Therefore, based on the results of compressive strength, RCPT, VPV, and As 

leachability tests, it can be concluded that the solidification/stabilisation product in this 

study is safe to dispose of or use as a structural construction material. 
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Table 5.3. As concentration in the leachates (mg/L) 

Initial pH 

Sample  

2 4 5.5 7 8 9 10.5 12 13 

C0 0 0 0 0 0 0 0 0 0 

C5 0 0 0 0 0 0 0 0 0 

C10 0 0 0 0 0 0 0 0 0 

C15 0 0 0 0 0 0 0 0 0.0005 

C20 0 0.0001 0 0 0 0 0 0 0.0014 

 

5.2 Original and modified luffa fibre 

5.2.1 Introduction 

Phytoremediation is a promising soil pollution treatment method. This method has 

been trialled for As remediation from contaminated soil. Although phytoremediation 

takes a long time to attain results, it is still attractive due to its cost-effectiveness, in-situ 

application, environmental friendliness, and less damage being done to the world’s 

biodiversity (Vithanage et al. 2012). In order to limit the negative effects of operating for 

a long time, native plant species are usually chosen for phytoremediation to reduce 

conflict with local ecosystems (Moreno-Jiménez et al. 2010). In the phytoremediation 

process, As transfers from bulk soil to the root surface and from the root to the shoot 

system via different mechanisms. It moves from the soil to the root through three separate 

mechanisms: (1) passive uptake through the apoplast, (2) direct transcellular transport 

from the environment to the plant vascular system, and (3) active uptake through the 

symplast. In plants, As is then moved from the root to the shoot through the translocation 

mechanism (Dabrowska et al. 2012). 
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There are many studies reported in the literature on As removal from As-

contaminated soil by the phytoremediation method. Nahar et al. (2017) used transgenic 

and wild tobacco plants to reduce As(V) in soil. They transformed the AtACR2 gene 

(arsenic reductase 2) of Arabidopsis thaliana into the genome of tobacco (Nicotiana 

tabacum, var Sumsun). As a result, the transgenic tobacco could accumulate 2,400 mg 

As/kg dry root weight, whereas the un-transgenic plant contained 2,100 mg As/kg dry 

root weight within 35 days. Titah et al. (2018) employed 8 week-old Lludwigia octovalvis 

plants to remove As(V) in soil. Ludwigia octovalvis was evaluated as a high biomass 

plant, which was suitable for the phytoremediation of As-polluted sites. It could remove 

70% of As concentration from contaminated soil at 39 mg As(V)/kg soil after 42 days. 

The Raphanus sativus (radish plant) was also used to treat As(V) in As-contaminated soil. 

Smith et al. (2008)  reported that radish plants could be able to reduce As concentration 

in the mine waste. The As concentrations were 120, 100 and 80 mg/kg in dry leaf, stem 

and root, respectively, after 35 days. 

Amongst the various plants used in the phytoremediation method, plants that belong 

to the fern species have the most promising As removal capacity. Recently, Yang et al. 

(2020) reported that the As accumulation capacity of Pteris vittata and Pteris multifida 

was up to 22,630 mg/kg dry biomass and more than 1,000 mg/kg fronds (Du et al. 2005; 

Ma et al. 2001). In long-duration studies, Raj & Singh (2015) and Niazi et al. (2012) 

demonstrated that some fern plants such as Pteris vittata, Pityrogramma calomelanos var. 

austroamericana, Adiantum capillus veneris and Christella dentata performed well in 

removing As from contaminated soil. 

In this study, the exhausted luffa fibre (LF) and their modified forms (FLF-3, and 

ZLF-3), which were collected after water treatment by the column filters, were managed 
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by the phytoremediation method. This strategy was selected since luffa fibre is a soil-

friendly product that can be a good bio-material and is biodegradable. Similar to other 

plant fibres, luffa fibre can benefit the soil by improving water retention, supporting 

seedlings and aeration to the plant’s roots, providing bedding for worms and creating 

potting mix. Here, the performance of phytoremediation in transferring As(V) from waste 

luffa fibre to plants was evaluated in terms of As(V) concentration that remained in the 

soil. 

 

5.2.2 Material and methods 

5.2.2.1 Material 

The exhausted LF, FLF-3 and ZLF-3 adsorbents from the column experiments were 

dried at a temperature of 50 oC for 4 h. The exhausted LF, FLF-3 and ZLF-3 adsorbents 

were then mixed at a ratio of 1:1:1 before being added into the garden soil. This mixture 

was given the term waste LFs.  

 

5.2.2.2 Phytoremediation 

Pityrogramma calomelanos, a species of fern, was chosen in this phytoremediation 

study. The fern seedlings with strong roots and garden soil were purchased from a local 

landscaping shop in Sydney, New South Wales, Australia. The contaminated potting mix 

was created by adding waste LFs into garden soil at a ratio of 1g waste LFs : 30 g garden 

soil. This ratio was selected based on the recent results documented by Titah et al. (2018). 

The potting mix was manually mixed until it was visually homogenous. 

Three seedlings were planted in three pots, namely LF1, LF2, and LF3. All pots 

contained the same amount of contaminated potting mix, i.e. 400 g. The amount of initial 
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As(V) in the potting mix calculated from data of column experiment and above mixing 

conditions was 38.56 mg As(V)/kg of potting mix. Two similar seedlings were also 

planted in the same garden soil. They were named LF01 and LF02 and used as control 

samples. All five Pityrogramma calomelanos pots were located next to the glass window 

in a laboratory. They were watered using tap water in a normal gardening process. Plants 

were grown naturally without adding any fertilisers or nutrients. The temperature in the 

laboratory was kept at 23 ± 2 oC. Fig. 5.1 illustrates the preparation process for the potting 

mix. 

After six months, the plants were harvested. They were washed thoroughly with tap 

water to wash out the soil on the root and further rinsed with distilled water. The plants 

were then sectioned into root, stem, and leaf. Each part of the plants was dried at 70 oC 

for 6 h and ground using an electric grinder to produce dried powder samples. 

 

 

 

Pic. 5.1. The preparation of gardening soil mixture in the phytoremediation process 

 

LF 

ZLF-3 

FLF-3 

Column study 

Potting mix 
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5.2.2.3 As determination test 

In this study, a nitric acid digestion method introduced in the study by Smith et al. 

(2008) was applied to extract As(V) from the plant samples. Firstly, 500 mg of dried 

sample was digested by adding10 mL of concentrated HNO3 (70%) onto a hot plate at 

120 °C for 6 h. When the volume of samples reduced to 1 mL, 3 mL of 30% hydrogen 

peroxide was added. It was kept heated until the volume of samples was again evaporated 

down to 1 mL. Then, double-distilled water was added in to make final digested samples 

at a volume of 20 mL (Pic. S5.3, Appendix 3). The final digested samples were then 

filtered by a 0.45 µm filter and the filtrate was analysed for As using Agilent Technologies 

7900 ICP-MS instrument. 

 

5.2.3 Results and discussion 

By observing the plants’ growth, it can be seen that five plants, including three As-

contained plants (LF1, LF2, LF3) and two blank plants (LF01, LF02), grew normally. 

There were no visual signs of As toxicity on LF1, LF2 and LF3. Although the budding of 

LF01 and LF02 was observed to be a little bit slower (15 days) than others (10 days) at 

the beginning, it is difficult to see any difference between the two groups of plants. It can 

therefore be stated that at the experimental conditions, there was no impact of As(V) on 

the growth of the plants. In their study, Raj & Singh (2015) studied the As treatment 

capability of four types of plants (Pteris vittata, Adiantum capillus veneris, Christella 

dentata and Phragmites karka) in three years. They also revealed that these plants grew 

well regardless of the difference in As concentrations in soil. However, some studies 

reported that the As concentration in soil could affect the growth of plants. In their study, 
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Ma et al. (2001) trialled the treatment of chromated copper arsenate (CCA) contaminated 

soil at a site in central Florida, United States, by Pteris vittata. They reported that the fern 

biomass production increased by 40% when the As(V) concentration in the contaminated 

soil was added at 100 mg/kg more in comparison with the control. Conversely, Smith et 

al. (2008) stated that in the study of liquid cultivation of radishes, the total yield of shoots 

and roots of Raphanus sativus declined to half when the As(V) concentration of growth 

solution rose from 0 to 30 mg/L. Moreover, when As concentration increased to 60 mg/L, 

the leaf tips became discoloured and necrotised. These changes were assumed to be signs 

of As toxicity.  

After six months, all plants were harvested and prepared for the As determination 

test. In previous long-term studies, six months is considered to be enough time for As to 

be transferred from soil into fern species (Raj & Singh 2015). Fig. 5.2 illustrates the 

diffusion of As(V) from waste LFs into different parts of plants. It shows that most of the 

As(V) was transferred into the shoot (69 – 77%). Only 23 – 31% of As(V) was 

accumulated into the roots of the plants. The same tendency was also reported in previous 

studies. The As(V) amount identified at 61 – 64% in fronds and 36 – 39% in roots of 

Pteris vittata, Adiantum capillus veneris, Christella dentata and Phragmites karka plants 

in a three-year study (Raj & Singh 2015). After 35 days, the accumulation of As in radish 

was 73% in leaf and stem, and 37% in root (Smith et al. 2008). It confirms that most of 

the As in contaminated soil were transferred from soil to root and finally to the stem and 

leaf of plants. 

 The results show that the weight of a dry plant varied from 4.9 – 5.1 g, much lower 

than that of exhausted LFs. The concentrations of As extraction from each section of dried 

plants are presented in Table 5.4. The total As concentration in a dry plant was 2276 – 
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2298 mg As/kg dry plant, corresponding to the amount of 11.38 – 11.49 mg per plant. 

The analysis result for the blank plants, LF01 and LF02 shows that no As was found in 

all parts of the plant samples. In comparison with other fern species, particularly Pteris 

vittata, which is reported as As hyper-accumulating species (more than 3,500 mg/kg dry 

weight of fronds), the plants’ accumulation of As in this study was lower (Niazi et al. 

2012). However, the As(V) accumulation of plants in this study is similar to that of the 

transgenic and wild tobacco plants (2,400 and 2,100 mg/kg dry plant, respectively) 

(Nahar et al. 2017) and more than that of Nephrolepis exaltata, which can remove As(V) 

29 times less than Pteris vittata (Silva Gonzaga et al. 2006). 

 Compared to the initial amount of As(V) in soil, 73.6% – 74.3% of As(V) in the 

LF1, LF2, and LF3 samples were transferred from soil to the plants. Based on this 

calculation, the As(V) concentrations remaining in the potting mixes – LF1, LF2, and 

LF3 – were 9.92, 10.13 and 10.20 mg As/kg, respectively. Unlike the regulations, these 

values were well below the recommended permissible soil As concentration as specified 

by the  USEPA of 24 mg/kg (Abbas et al. 2018) and the ecological investigation level 

(EIL) limit of As in soil in Australia of 20 mg/kg (Niazi et al. 2012). Therefore, the As 

contaminated soil after phytoremediation can be safely reused or disposed of in the 

environment. 
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Fig. 5.2. The diffusion of As(V) from waste LFs into different parts of Pityrogramma 

calomelanos plants  

 

Table 5.4. As concentration in the plant after six months of phytoremediation process 

Sample Concentration of As per plant section (mg/g dry weight) mg As/dry plant 

Leaf Stem Root 

LF01 0.00 0.00 0.00 0.00 

LF02 0.00 0.00 0.00 0.00 

LF1 2.94 1.99 2.11 11.49 

LF2 2.50 2.14 2.08 11.41 

LF3 2.81 2.47 1.56 11.38 
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5.2.4 Conclusion 

 The waste of VMO and its modified forms, after adsorbing As(V) from treatment 

process could be managed successfully by the solidification/stabilisation method. The As 

exhausted media could be encapsulated together with cement, sand and gravel into the 

concrete. This solidified concrete had satisfactory compressive strength, RCPT, and VPV, 

which demonstrated good stability of the material. Therefore, it can be used as a building 

material in construction works. The amount of As(V) leaching from these materials into 

the environment was found to be negligible. 

Most As(V) from exhausted bioadsorbent luffa fibre could be transferred to the fern 

plant through the phytoremediation method. After six months, Pityrogramma 

calomelanos could remove a large amount (73.6 – 74.3%) of As(V) from contaminated 

soil at 38.56 mg As(V)/kg. The dried plant was less than 40% of the initial amount of 

waste LFs. The As concentration in soil after phytoremediation proved to be much lower 

than the As permissible level of USEPA and the EIL level of Australia. 
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Chapter 6. Removing arsenate from water using batch and 

continuous-flow electrocoagulation with diverse power sources 

Summary 

This chapter presents the fourth finding about a novel electrocoagulation process in 

As(V) removal from water. The paper based on this finding was submitted to the Journal 

of Environmental Chemical Engineering for possible publication. The details are given 

below.  

Nguyen, T.T.Q., Loganathan, P., Dinh, B.K., Nguyen, T.V., Vigneswaran, S., 

Ngo H.H., Removing arsenate from water using batch and continuous-flow 

electrocoagulation with diverse power sources  

The attraction of this work is the use of alternative power sources such as DC 

electricity, rechargeable battery, and solar energy. It is found to be an effective, simple, 

and low-cost method to treat As in the rural and isolated areas where electricity is limited. 

A series of experiments was carried out to identify the optimal conditions. The water 

treatment cost of this EC system was calculated and it shows very competitively. 

[Production Note: Citation updates – This article has been accepted and published in Journal of Water 

Process Engineering in June 2021]

View/Download: UTS OPUS or Publisher's site

https://doi.org/10.1016/j.jwpe.2021.102028
http://hdl.handle.net/10453/149509
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6.1 Introduction 

Arsenic (As) is one of the world’s most hazardous contaminants. It is estimated that 

more than 200 million people in 100 countries have been affected by drinking As polluted 

water (Singh & Stern 2017). A potential human carcinogen, As causes many other 

diseases related to skin, lungs, etc. (Sogaard 2014). It is distributed in the environment 

through natural and anthogenesis processes (Mohanty 2017). The two most toxic forms 

of As are arsenite (As(III)) and arsenate (As(V)), and their concentrations are controlled 

mainly by redox conditions and solubility. Whilst As(III) occurs at low redox potential, 

and its solubility is 10 g/100 mL of water, As(V) appears at a higher redox state and its 

solubility is up to 66 g/100 mL of water (Sogaard 2014). Although many technologies 

have been developed and applied to remove As from drinking water (Alka et al. 2020), 

As treatment is still a great challenge for the water industry, especially at a small and 

affordable scale applicable to rural and isolated areas. Among these methods, 

electrocoagulation (EC) is a promising method, which could eliminate the disadvantages 

of other traditional water treatment techniques (Kalaruban et al. 2017). For example, 

adsorption has the problem of adsorbent regeneration, interference from co-existing 

anions, and toxic exhausted adsorbent waste production, while chemical precipitation 

requires a large amount of chemical coagulants and sludge disposal problem. Some 

advantages of EC are its simple equipment requirements, easy operation, no use of 

chemicals, oxidisation of As(III) to As(V) during the process, and less sludge production 

(Kobya et al. 2016; Kumar et al. 2004). However, removing As through this method 

strongly depends on the operational conditions (type of electrodes, voltage, current, inter-

electrode distance, operation time, solution pH and initial As concentration) and an 
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electrical source that can be expensive or unavailable in many rural or isolated regions 

(Mollah et al. 2001). 

Many kinds of metal can be used as electrodes, such as iron (Fe), aluminium (Al), 

stainless steel, copper (Cu), titanium (Ti), and zinc (Zn) (Nidheesh & Singh 2017). 

Among these, Fe electrodes are the most widely used (Nidheesh & Singh 2017). Ucar et 

al. (2013) reported that when Fe electrodes in monopolar parallel electrode connection 

mode were employed, EC could remove up to 95% As(V) from 0.5 mg/L synthetic water 

at an electrical input of 4.5 mA/cm2 in a batch experimental process. The hybrid 

electrodes with the combination of Fe, Al, or Cu were also tested for removing As (Song 

et al. 2017). The removal efficiency of the EC technique on treating As(V) with the above 

electrodes was reported to be 75 to 99% (Nidheesh & Singh 2017). The application of 

stainless steel electrodes also produced high As removals (Balasubramanian et al. 2009; 

Lakshmanan et al. 2010, Vasudevan et al. 2010). Though Fe electrodes are the most 

popular electrodes used in the EC process, they can create a problem in the form of water 

with a yellow colouration, principally due to the production of fine particles of rust. To 

overcome this challenge, stainless steel anodes have been used (Dura & Breslin 2019). 

In order to reduce the electricity cost of the EC method, a few studies used solar 

power in EC to remove different contaminants in water. An EC system utilising solar 

power and batteries (60 W capacity) was shown to remove 92% of chemical oxygen 

demand and 49% of total dissolved solids by aluminium electrodes at a distance apart of 

1 cm in 20 min (Nawarkar & Salkar 2019). In another study, an EC system using a 30.2 

V solar-photovoltaic module (containing 12 polycrystalline silicon cells) was able to 

remove 99.9% of lead (Pb) from a solution containing 10 mg Pb/L in 10 min (Hussin et 

al. 2017). Studies on the application of solar energy in the EC system for removing As 
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from water are limited. Recently, Oh et al. (2019) used an EC system with large solar 

panels (380 to 750 W) to remove As from groundwater in Vietnam. Although this system 

obtained a high As removal efficiency (96.6% from a solution containing 0.376 mg/L in 

10 min), this system was in fact large, and therefore the initial cost to install it was 

probably high. Moreover, it can only be installed, operated, and maintained by qualified 

technicians, and not by local residents. Instead of this type of large centralised solar 

energy system, a simple and smaller sized EC unit using smaller solar panels applicable 

to individual households, as and when clean water is required, is more suitable and 

affordable for rural areas. 

In the present study, a new EC process using stainless steel electrodes was utilised 

to remove As(V) from synthetic water. The objectives of the study were to: firstly, 

determine the removal efficiency of As(V) from synthetic solution using an EC system 

with stainless steel electrodes in both batch and continuous flow mode experiments; 

secondly, determine the influence of many operating conditions of the EC system on 

As(V) removal, including voltage/current intensity, inter-electrode distance, operation 

time and solution pH; thirdly, compare different power supply sources (DC, rechargeable 

battery, and solar power) on As(V) removal and their cost of operation. The information 

obtained from the EC system in a continuous mode operation is useful in designing 

decentralised scale water treatment systems.  
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6.2 Material and Methods 

6.2.1 Feed solution 

A stock solution was prepared by dissolving 4.165 mg sodium arsenate 

(Na2HAsO4.7H2O) in 1 L Milli-Q water to obtain a concentration of 1 mg As(V)/L. The 

stock solution was diluted with distilled water to the desired As(V) concentrations of 0.1, 

0.25, and 0.5 mg/L for batch studies and 0.1 mg/L for continuous flow mode studies. The 

ionic strength of the solution was maintained at 1x10-3 M NaCl. The initial solution pH 

was adjusted to 6.0 – 8.0 (the pH range found to occur in groundwater) to study the effect 

of pH on As(V) removal, and in the other experiments, the pH was kept constant at 7.0 ± 

0.2 by adding 0.1 M HNO3 or 0.1 M NaOH. 

 

6.2.2 EC system 

A couple of commercial stainless-steel plates, grade 316 and size of 11 cm  6 cm 

 0.09 cm, were used as an anode and cathode. The electrodes were hung inside a 

transparent polypropylene tank (size of 10.2  10.2  20 cm) by a glass stick in a 

monopolar parallel connection mode so that the submerged part of the electrodes in the 

solution was 8 cm  6 cm  0.09 cm. The solution volume was 1L. To retain a uniform 

concentration, the solution was mixed by using a magnetic stirrer rotated at 120 rpm at 

the bottom of the tank. Batch and continuous-mode experiments with DC electricity and 

rechargeable battery were conducted using this set-up at room temperature of 25 ± 1 °C. 

The voltages and generated electrical current supplied by this DC system could be 

varied through its converter. The performance of the EC system on As(V) removal was 

investigated at different conditions: electric potential difference 3.0 – 10 V, operation 
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time 5 – 120 min, initial As(V) concentration 0.1 – 0.5 mg/L, the distance between 

electrodes of 0.5 – 4.0 cm, and solution pH of 6 – 8. In each experiment, samples were 

periodically collected, filtered through 0.45 µm filters, and the filtrates were analysed for 

As using an ICP-MS instrument (Agilent Technologies 7900). The experimental scenario, 

which produced an As(V) concentration smaller than the WHO’s permissible limit for As 

in drinking water at the lowest energy consumption, was considered to be the optimal 

treatment condition. The sacrifice rate of the anode was also determined in some 

experiments by measuring the electrode’s weight before and after the experiment. The 

initial and final pH of the solution in all experiments were measured using a pH meter 

(model HQ40D) to investigate whether the pH of the solution changed and, if so, to what 

extent.  

In order to evaluate the feasibility of using renewable energies, two other 

experiments were carried out at the optimal condition of the EC system determined in the 

initial experiments, using a 9 V rechargeable battery and a 12 V solar panel separately 

instead of the DC source of electricity. The 9 V rechargeable battery was simply 

connected to electrodes by using clips (Pic. 6.1b). The small 12 V solar panel (Powertech) 

was designed with 36 multi-crystalline silicon solar cells and a maximum power of 5 

watts. The size of the solar panel was 25.1  20.5  1.8 cm with a weight of 0.7 kg (Pic. 

6.1c). It was fitted with a blocking diode making it suitable for direct connection to the 

EC system by means of clips without using any intermediate equipment. The experiments 

with the solar panel were conducted outdoors and in the winter season from 10.00 am to 

14.00 pm (July and August 2020, Australia). The voltage and current density of the solar 

panel were measured using a Multimeter Voltage Sensor (model QM1529). It 
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demonstrated that solar energy during this period was enough for the EC system’s 

operation. 

The operation of the solar panel, in general, depends on the weather conditions. On 

days when the sunlight is insufficient, it is recommended that a simple and low-cost 

rechargeable battery be employed for storing solar energy captured during bright sunny 

periods and then supply this stored power for the EC system on days with insufficient 

sunlight. 

To evaluate the sacrifice (dissolution) rate of the anode, in addition to the 

calculation using Faraday’s Law, a chemical analysis was conducted to measure the Fe 

concentration in the EC reactor. 1 mL of solution in the EC reactor at different operation 

times and currents was sampled and mixed with 5 mL each of 2M HNO3 and 1M HCl. 

The mixture was then shaken at 50 rpm at room temperature for 1 hour, filtered and 

analysed for Fe using an ICP-MS instrument (Agilent Technologies 7900). This is a 

modification of the method utilised by Kalaruban et al. (2016). 

 

  

(a)             (b)           (c) 

Pic. 6.1. Installation of EC system with (a) DC power supply, (b) 9 V rechargeable battery 

and (c) 12 V solar panel 
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In the continuous flow mode study, both the DC power supply system and the small 

12 V solar panel were utilised separately with a small EC reactor (containing 1L of As-

contaminated water) to investigate the As(V) removal efficiency. The system was 

operated at different hydraulic retention times (HRT) of 5, 10, and 20 min [HRT (min) = 

reactor volume (L)/flow velocity (L/h)  60 (min)], corresponding to flow velocities of 

12 L/h, 6 L/h, and 3 L/h. A schematic diagram of the continuous flow reactor is presented 

in Fig. 6.1. The synthetic feed solution containing 0.1 mg As(V)/L was pumped 

continuously by a dosing pump (Masterflex L/S) into the 1 L reactor at the optimal 

operating condition determined in the batch study (U = 7.5 V, I = 0.030 A, pH = 7.0 ± 

0.2, electrodes distance 1 cm). The treated solution then automatically flows into the 2 L 

clarifier (Pic. S6.2, Appendix 4). The effluent samples in the clarifier were collected after 

1, 2, and 4 h, then they were filtered and analysed for As, Fe and Chromium (Cr) using 

an ICP-MS instrument (Agilent Technologies 7900). 
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Fig. 6.1. The schematic diagram of the EC continuous flow reactor 

 

6.3 Results and discussion 

6.3.1 Batch study 

6.3.1.1 Effect of initial concentration and operation time 

Effect of initial As(V) concentration (Co) was investigated at three concentrations, 

0.1, 0.25 and 0.5 mg/L. In this experiment, the distance between electrodes, initial pH, 

and electrical potential difference (U) were 1 cm, 7.0, and 3 V, respectively. Under these 

conditions, the current produced was very small, only 0.007 A. Samples from the reactor 

container were collected at 5, 10, 15, 30, 45, 60, 90, and 120 min, and analysed for As, 

pH, and Fe. Fig. 6.2 depicts the effect of Co on the residual As(V) concentration in water 

samples as a function of operation time (tEC (min)). As can be seen from this figure, the 
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WHO permissible limit for As in drinking water (CWHO = 10 µg/L, Nguyen, Loganathan, 

Nguyen & Vigneswaran (2020)) was attained after 60 min with Co of 0.1 mg/L and 90 

min with Co of 0.25 mg/L. At Co of 0.5 mg/L, the CWHO could not be obtained within the 

120 min tested in the experiment. Since As(V) concentration of around 0.1 mg/L is the 

typical level reported for As-contaminated groundwater in many countries (Nguyen, 

Loganathan, Nguyen, Vigneswaran, et al. 2020), it was chosen for use in the subsequent 

studies. 

Fig. 6.2 also shows that the As(V) removal rate was sharp during the first hour and 

then decreased slowly with time for all As(V) concentrations as reported by others 

(Balasubramanian et al. 2009; Kumar et al. 2004a). This decline in the rate of As(V) 

removal is due to the decrease in solution concentration of As(V), which was in 

equilibrium with the As(V) adsorbed on the hydrous iron oxide/hydroxide precipitates 

formed from Fe dissolution derived from the anode during the EC process. When the 

As(V) concentration drops, so does the maximum loading of As(V) per mg of Fe 

precipitates in equilibrium (Amrose et al. 2013). These precipitates were formed by the 

reaction of Fe with the OH- ions generated in the cathode at the neutral pH of the solution 

(Balasubramanian et al. 2009; Kobya, Demirbas & Ulu 2016). It is also possible that at 

longer EC times, the As(V) concentrations became very small to produce additional 

Fe/As co-precipitation, mainly because the soluble products of Fe/As precipitates would 

not have reached at these low As(V) concentrations.  
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Fig. 6.2. The effect of As(V) initial concentration at 3V, pH = 7.0, and electrodes distance 

= 1 cm. The 10 µg/L horizontal line within the figure represents As concentration limit 

in the WHO drinking water guideline 

 

6.3.1.2 Effect of electric current and anode dissolution 

The effect of electrical current was studied by keeping the distance between 

electrodes, Co, and pH constant at 1 cm, 0.1 mg/L, and 7.0, respectively. The voltage of 

power supply source (U) was adjusted to 3 V, 5 V, 7.5 V, and 10 V, and the corresponding 

values of the electrical current (I) were measured as 0.007 A, 0.018 A, 0.030 A, and 0.061 

A, respectively. The experiment remained running for up to 120 min. Results showed that 

CWHO could be reached in 15 min at 0.018 A (U = 5 V), which is much faster than that at 

0.007 A (U = 3 V)  (Fig. 6.3a). At the higher currents of 0.030 A (U = 7.5 V) and 0.061 

A (U = 10 V), CWHO was reached extremely quickly (within 5 min). Consistent with these 

data, the increase in the electrical current led to rising As(V) removal efficiency. For 
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example, at tEC of 5 min the removal efficiency (E%) increased from 24% to 58.5%, 92%, 

and 96%, corresponding to the rise of the current values from 0.007 A to 0.018 A, 0.030 

A, and 0.061 A, respectively. The possible reason for this is that at a higher electrical 

current, a larger amount of hydrous iron oxides/hydroxides was generated (Amrose et al. 

2013; Balasubramanian et al. 2009; Kobya, Demirbas & Ulu 2016). This led to the 

removal of a larger percentage of As(V) due to As(V) replacing the increasing number of 

hydroxyl groups in the iron precipitates (Kobya, Demirbas & Ulu 2016). It is also possible 

that at high concentrations of Fe, As is removed by co-precipitation with Fe (Nur et al. 

2019). Other studies also reported that As removal efficiency was proportional to the 

current density (Amrose et al. 2013; Kobya, Demirbas & Ulu 2016; Vasudevan, Lakshmi 

& Sozhan 2010). 

Fig. 6.3a also shows that the As(V) removal efficiency significantly increased when 

tEC increased from 5 min to 120 min. For example, at the current value of 0.018 A (U = 5 

V), As(V) removal efficiency at 5 min was only 58.8%. However, it increased to 79.7% 

after 10 min and reached almost 99% at 30 min. The increase of tEC elevated the amount 

of dissolved Fe as observed for the effect of an increase in current. The higher amounts 

of dissolved Fe would have produced abundant Fe hydrous oxides/hydroxides, leading to 

a greater amount of As(V) being removed by adsorption. Greater amounts of As(V) are 

also removed by co-precipitation with Fe at high concentrations of Fe (Nur et al. 2019). 

In order to evaluate the sacrifice (dissolution) rate of the anode, the mass of Fe 

generated at the anode mFe (mg), and the electrode consumption concentration Celectrode 

(mg/L) for the As removal from water were calculated using chemical analysis and 

Faraday’s Law. The Faraday’s Law equations are presented below (Kobya, Demirbas & 

Ulu 2016): 
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𝑚𝐹𝑒 =  
𝐼×𝑡𝐸𝐶×𝑀𝐹𝑒

𝑧×𝐹
        [6.1] 

𝐶𝑒𝑙𝑒𝑐𝑡𝑟𝑜𝑑𝑒 = 
𝐼×𝑡𝐸𝐶×𝑀𝐹𝑒

𝑧×𝐹×𝑣
        [6.2] 

 

where I is the current value (A), MFe is the molecular weight of iron (55,850 mg/mol), z 

is the number of electrons involved in the oxidation/reduction reaction (zFe = 2), F is the 

Faraday’s constant (1F = 1608.06 A.min/mol), tEC is EC operation time (min), v is the 

solution volume (v = 1 L). 

Fig. 6.3b depicts that the calculated amounts of Fe ions generated as well as the 

weight of the anode lost increased with I and tEC (Pic. S6.1, Appendix 4). For example, 

the increase of I from 0.007 A to 0.061 A led to a rapid increase in the sacrifice rate of 

the anode, from 5.2 mg/L to 127.1 mg/L after 120 min reaction. The Fe concentrations 

calculated from this equation at the end of the experiment (tEC = 120 min), at I = 0.007, 

0.018, 0.030 and 0.061 A were 14.6, 37.5, 62.5 and 127.1 mg/L, respectively. However, 

the corresponding concentrations of Fe measured by chemical analysis were much 

smaller, i.e. 7.9, 10.8, 22.6 and 35.2 mg/L, respectively (Fig. 6.3c). A possible reason for 

the difference in the chemical analysis and calculated values is that Faraday's law is valid 

only when all the electrons in the system participate solely in the metal-dissolution 

reaction at the anode, which seldom happens. Another reason for the lower measured 

value is that the anode used does not consist of pure Fe; it is stainless steel, which contains 

other metals such as Cr in addition to Fe. This is not taken into consideration in Faraday’s 

equation. 
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(a)  

     

 (b)        (c) 

Fig. 6.3. The effect of electric current on As(V) removal (a) and the sacrifice rate of anode 

in the EC process as (b) calculated using Faraday’s Law and  (c) measured using chemical 

analysis, at Co = 0.1 mg/L, electrodes distance apart = 1 cm, pHinitial = 7.0. The 10 µg/L 

horizontal line within Fig. 6.3a indicates As concentration limit in the WHO drinking 

water guideline. 
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The initial solution pH of 7.0 increased slightly up to a maximum of 8.0 during the 

EC process. The precipitation of Fe dissolved from the anode would have reduced pH, 

but the amounts of OH- generated at the cathode and OH- ions released during As 

adsorption on the hydrous Fe oxide/hydroxides would have been more than the H+ 

released during Fe precipitation. These reactions are possible reasons for the slight 

increase in solution pH. 

According to the above results, tEC = 5 min and the potential of 7.5 V were identified 

as optimal conditions for As(V) removal. In these conditions, CWHO can be reached 

quickly (only 5 min compared to 15 and 60 min at the potentials of 3 V and 5 V, 

respectively) while ensuring minimum energy usage (less energy than that at the potential 

value of 10 V). This condition was chosen for analysis in the subsequent studies. 

 

6.3.1.3 Effect of distance between electrodes 

This study was carried out at Co of 0.1 mg/L, pH of 7.0, tEC of 5 min, U of 7.5 V, 

and varying electrodes distance apart of 0.5, 1.0, 2.0, 3.0, and 4.0 cm. As can be seen 

from Fig. 6.4, As(V) removal efficiency and current values increased when the distance 

between electrodes was reduced. At electrodes distance apart of 0.5 cm, the current 

intensity and As(V) removal efficiency reached 0.087 A and 99.5%, respectively. These 

values fell to 0.030 A and 92%, respectively, at an electrodes distance apart of 1 cm. 

When the electrodes distance apart increased to 2, 3, and 4 cm, the EC system increasingly 

proved to be inefficient for removing As(V), reaching values of less than 20%. This 

decline in removal efficiency can be explained as being caused by the increase in the 

space between the electrodes, which in turn decreased the current generated (down to 

0.003 A). The end result was less Fe dissolution from the anode for its interaction with 
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As(V) ions (Kalaruban et al. 2017). Similar outcomes were reported for the removal of 

other contaminants from water via the EC process, such as removing water hardness using 

Fe-rod electrodes (Malakootian, Mansoorian & Moosazadeh 2010), mercury using Al and 

Fe electrodes (Nanseu-Njiki et al. 2009), and indium ions using Fe electrodes (Chou & 

Huang 2009).  

Although the inter-electrode distance of 0.5 cm produced the best As(V) removal 

efficiency, the cost of electrical power (voltage x current) consumed is high due to the 

high current generated. Therefore, the next shortest inter-electrode distance of 1 cm was 

selected as the optimal distance and applied in subsequent studies. Moreover, this distance 

is more practical to maintain in the EC installation set-up. 

 

 

 

Fig. 6.4. The effect of distance between electrodes on As(V) removal efficiency and 

current generated, Co = 0.1 mg/L, pH = 7, potential value = 7.5 V. 
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6.3.1.4 Effect of solution pH 

The solution pH is one of the important factors influencing contaminants removal 

in the water treatment process. Investigation of the effect of solution pH was conducted 

at pH varying from 6 to 8 because it is a common pH range in most As-contaminated 

groundwater (Kumar et al. 2004a). Fig. 6.5 shows that As(V) removal efficiency slightly 

increased when pH was increased from 6 to 7 and then decreased as the pH is further 

increased to 8. A slight increase in the final solution pH was also observed, the reasons 

for which were presented in Section 6.3.1.2. The decrease in As(V) removal at lower pH 

is possibly due to the dissolution of iron hydroxide precipitates that were responsible for 

adsorbing the added As(V) (Balasubramanian et al. 2009). The reduction in As removal 

at the higher pH of 8 could be due to reduced adsorption of the more negatively charged 

As species on the negatively charged iron hydroxide precipitates (Nguyen, Loganathan, 

Nguyen, Vigneswaran, et al. 2020). It is well known that the negative charges on the 

surface of Fe oxide/hydroxide (Kalaruban et al. 2019) and on the As species increase 

(𝐻2𝐴𝑠𝑂4− to 𝐻𝐴𝑠𝑂42−) with pH (Thakur & Mondal 2017).   

Based on the results of all the batch studies conducted, it can be concluded that the 

highest As(V) removal at Co 0.1 mg/L could be achieved at pH of 7, tEC of 5 min, electric 

potential of 7.5 V (corresponding to the current value of 0.030 A), and electrodes distance 

apart of 1 cm. These conditions were therefore considered as the optimal conditions for 

the EC process and employed in the subsequent studies on the use of alternative power 

sources and continuous flow mode process. 
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Fig. 6.5. The effect of initial solution pH on As(V) removal efficiency, Co = 0.1 mg/L, 

electrodes distance apart = 1 cm, electric potential = 7.5V, tEC = 5 min.  

 

6.3.1.5. Use of alternative power supply sources 

Batch experiments with alternative power supply sources were conducted using 

either a small 12 V solar panel or 9 V rechargeable battery. These experiments can 

provide vital information on whether renewable energy can replace the DC power supply 

used to treat As(V) in the EC system.  Fig. 6.6 shows that the As(V) removal efficiency 

of both renewable energy sources was approximately the same as that of the DC power 

supply (93% for rechargeable battery and 98% for solar panel compared with 96% for the 

DC electrical source). This result indicates that renewable energy sources such as a 

rechargeable battery or a small-scale solar energy system can remove As(V) effectively 

in miniature portable EC systems that are suitable and affordable for rural households.  
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Fig. 6.6. The As(V) removal efficiency of EC system using different energy sources in 

batch study, Co = 0.1 mg/L, pH = 7, tEC = 5 min and electrodes distance apart = 1 cm 

 

6.3.2. Mechanisms of As(V) removal in the EC process 

The main chemical reactions in the EC process and the reactions involving As(V) 

removal from the solution are presented in Fig. 6.7 (Gilhotra et al. 2018). The two prime 

mechanisms of As(V) removal in the EC process are co-precipitation of As(V) with the 

various Fe ion species generated in the EC process and adsorption of As(V) on the 

hydroxide precipitates of Fe2+ and Fe3+. These are depicted in the last four equations in 

the solution compartment of Fig. 6.7 (Kobya et al. 2020). 
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Fig. 6.7. Mechanism of As(V) removal from water using EC process with stainless-steel 

electrode 

 

6.3.3. Continuous flow mode study 

This study was conducted in two EC systems. The first EC system was operated 

with the 7.5 V DC electrical source, and the second one was with the small 12 V solar 

panel. Solution with 0.1 mg As(V)/L was continuously supplied to the EC reaction 

chamber at three different flow rates (12, 6, 3 L/h, corresponding to HRT of 5, 10 and 20 

min). Fig. 6.8 shows that the As(V) removal efficiency of both systems was maintained 

at more than 91% during 4 h operation at all 3 flow rates. The residual As(V) 

concentration in the effluent was always lower than that of the WHO drinking water 

guidelines. The solar energy system’s As(V) treatment efficiency (> 96%) was higher 

Fe(s) stainless-steel anode - 2e- = Fe2+ 

2H2O - 4e- = 4H+ + O2 

2H2O + 2e- = 2OH- + H2
 

2H+ + 2e- = H2↑ 

Anode reactions Cathode reactions 
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Co-precipitation 

2FeOOH+ H2AsO4
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than that of the electrical system (> 91%) at all flow rates due to the higher voltage of the 

solar panel. Results also show that the Fe concentration was below the WHO guideline 

value and Vietnam’s water quality standard of 0.3 mg/L for drinking water (Le Luu 2019; 

Mohora et al. 2018). The effluent concentration of Cr, one of two main elements in the 

stainless steel was not detected by the ICP-MS instrument (< 0.01 µg/L). 

Fig. 6.8 also shows that a decrease of flow rate (an increase of HRT) increases the 

efficiency of As(V) removal. This is because at higher HRT, As(V) had longer time to 

interact with Fe hydroxides leading to greater adsorption and co-precipitation. 

The results show that the solar-EC system with a flow rate of 12 L/h could be chosen 

for application in decentralised water treatment systems in rural and isolated areas. 

Though lower flow rates can remove higher percentages of As(V), the volume of water 

treated would be lower. However, for contaminated water containing very high As 

concentrations, lower flow rates (higher HRTs) may be necessary. At the flow rate of 12 

L/h, an EC reactor of a small volume of 1 L could provide 12 L clean water per hour. This 

flow rate is nearly the same as that of many commercial household filters currently being 

used. On a normal day, the system can produce 48 L of As(V)-free water during an 4-

hour operation, which is enough to meet the drinking water demand of the average family. 

Although the solar energy system has many advantages such as simplicity, cost-

effectiveness, and non-electrical appliance requirements operating the solar panel 

depends on the weather conditions. The recommended solution for this issue, as stated in 

section 2.2, is using an appropriate rechargeable battery for storing solar energy during 

favourable weather conditions and using it when solar energy is limited. 
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Fig. 6.8. The As(V) removal efficiency of EC system using DC electricity and solar 

energy at various flow rates, feed solution concentration Co = 0.1 mg/L, pH = 7,  

electrodes distance apart = 1 cm. Ct (mg/L) is As concentration in the treated solution at 

time t (h). The 10 µg/L horizontal line within the figure represents As concentration limit 

in the WHO drinking water guideline.  

 

6.3.4. EC operation cost 

Operating cost is one of the most important factors in water treatment technologies 

because it decides the applicability of the treatment method in real-life situations, which 

primarily depends on users’ budgets. The operating cost of the EC system in continuous 

flow mode was calculated for DC and solar power sources according to Eq. 6.3 and 

presented in Table 6.1. Here the price of Australian electricity was assumed to be 

A$0.30/kWh (Energy Australia, 2020): 
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The lifespan of the anode for the small-scale reactor was determined by measuring 

the amount of Fe in solution. For a given reactor of 1L operated at the optimal conditions 

(initial As(V) concentration 0.1 mg/L, pH 7.0, electrode distance 1 cm, U= 7.5 V for DC 

power or 12 V for solar energy), the sacrifice rate of anode Celectrode was measured to be 

0.516 mg/L for the DC electrical EC system and 0.664 mg/L for the solar energy EC 

system. In one day, the EC system could treat 48 L water for 4 hours (1 m3 in 20.83 days; 

see Section 3.3 for calculation) and consume 24.77 and 31.87 mg of the anode for DC 

electricity and solar energy system, respectively. The weight of the submerged part of the 

selected anode in this reactor was measured as 32,000 mg. Assuming that the anode can 

be effectively used until 50% of it is dissolved, the anode could be used for 645 

(32,000/24.785 x 50%) days using DC electricity source (at U = 7.5 V) or 502 

(32,000/31.866 x 50%) days using solar energy (at U = 12 V). The total volume of treated 

water produced per lifetime of the anode is calculated as 31.0 m3 (645 days/20.83 days/m3 

water) using the DC electricity source and 24.1 m3 (502 days/20.83 days/m3 water) using 

a solar panel source. 
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Table 6.1. Cost calculation for EC system operation using DC electricity and solar energy 

(based on flow rate 12 L/h, operation time 4 h/day, and treatment capacity 0.048 m3 

water/system.day or 20.8 day/m3 water) 

 Formula EC system Solar system 

Voltage (V)  U 7.5 12 

Current (A)  I 0.03 0.08 

Power (W) U x I 0.225 0.960 

Operation time in 1 day (h) h 4 4 

Energy consumption in 1 day 

(kWh) 

W x h x 10-3 0.0009 0 

Energy cost in 1 day (A$)  A$0.30/kWh x kWh 0.00027 0 

Energy cost for 1 m3 treated water 

(A$/m3) 

A$0.30 x kWh x 20.8 

d/m3 

0.00563  

(1) 

0          

(1) 

Electrodes cost (A$)  3 3 

Mass of electrode dissolved 

(Celectrode, mg/day) 

 24.77 31.87 

Electrodes lifespan (day) (up to 

50% dissolution) 

= 32,000 mg/ (Celectrode 

mg/m3) x 50/100 

645 502 

 

Electrode cost/m3 treated water 

(A$/m3) 

= A$3/(lifespan d * 0.048 

m3/d)  

0.097     

(2) 

0.125  

(2) 

Capital cost (Power supply and 

accessory in a reactor) (A$)* 

 12 12 

Lifetime of power supply (year)**  5 5 

Reactor/m3 treated water (A$/m3)  = A12$/(lifetime y x 365 

d x 0.048 m3/d) 

0.137     

(3) 

0.137   

(3) 

Treatment cost (A$/m3):  

(1) + (2) + (3) 

 0.240 0.262 

Note: * Cost of the EC reactor, including power supply system DC or solar panel and 

accessory like buckets, is A$12. 

** Assuming that the lifetime of the power supply is 5 years. According to the 

supplier, the lifetime of the solar panel could be as long as 20 years, and at least 

10 years for power supply system DC. 
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The calculation shows that the DC electricity cost in this study is considerably low, 

0.00563 A$/m3 of treated water while the cost of the solar energy system is zero. The cost 

for the treatment of As-contaminated water is 0.240 A$/m3 water for the electrical EC 

system and 0.262 A$/m3 for the solar EC system. The slightly higher cost of the solar 

energy system is due to its higher voltage, which dissolved larger amounts of the anode. 

This resulted in a higher percentage of As being removed. Such a high percentage is not 

required for the solution of As concentration 0.1 mg/L used here because the final As 

concentration is well below the WHO limit. However, for waters containing higher As 

concentrations, this is an advantage. 

In comparison with the estimated cost reported in other EC studies, the cost 

estimated in this study is lower. For example, Şık et al. (2017) and Thakur & Mondal 

(2017) reported treatment costs of $0.546 US$/m3 (A$0.746/m3) and 0.357 US$/m3 

(A$0.488/m3), respectively. However, the expense calculated from most of these studies 

only included operating cost (energy cost and electrode cost). In this study, in addition to 

the operation cost the capital cost is included.  

  

6.4. Conclusions 

The new small-scale (household) EC system with DC power supply using stainless 

steel electrodes could successfully remove As(V) from contaminated water and maintain 

the As concentration below the WHO recommended safety level. In the batch study, the 

ideal scenario for the EC system’s operation was determined as pH 7.0, electrodes 

distance apart of 1 cm, voltage of 7.5 V and current intensity of 0.030 A for initial As(V) 

concentration amounting to 0.1 mg/L. The batch study using a rechargeable battery and 
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solar energy, which also confirmed that these renewable energy sources could be used 

instead of the DC source to remove As(V) effectively in the EC system.  

In the continuous water flow study, both DC electricity source and solar energy 

were able to supply the required power for the successful operation of the EC system with 

a low capital cost of A$15 and running cost of 0.240 - 0.262 A$/m3 treated water. The 

system with all three power sources could remove As(V) from water at very high rate of 

efficiency, more than 91 – 96%. A small volume EC reactor of 1 L could supply enough 

drinking water daily for a household, and the anode replacement only needs to be done 

after more than 55 days at 4 h/day of operation. The low-cost EC system can be used with 

or without a DC electricity source, so it can be implemented in all areas.   
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Chapter 7. Conclusion and recommendation 

 

7.1 Conclusion 

Due to the high toxicity of As and the wide distribution of As in groundwater in 

many countries, the health of more than two hundred million people around the world is 

being harmfully affected by using As-contaminated drinking water. There are high 

demands on simple and cost-effective As removal water filters since most of the affected 

people are living in developing countries’ rural areas. This study concentrates on two 

simple and cost-effective technologies that can remove As (V) effectively from water. 

The results from adsorption studies using new low-cost manganese oxide ore (VMO), 

bioadsorbent luffa fibre (LF) and their modified forms show that the modified VMOs and 

LFs have high adsorption performance on As(V) removal. The exhausted media 

generated from the above adsorption process could also be safely managed by 

encapsulation into cement and phytoremediation methods. These management 

approaches could reduce the risks of releasing toxic wastes back into the environment. A 

novel EC method developed in this study could also successfully reduce As(V) level in 

the water below the permeable level in a short time. The novel EC system could operate 

effectively with an alternative electricity source and generate less toxic waste. 

A summary of the results of this study is presented in detail below.   
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7.1.1 Removal As(V) from water using original and modified natural manganese 

oxide ore (VMO, Fea-VMO, and Zra-VMO) 

• Natural VMO originating from mines in northern Vietnam contains minerals, i.e. 

25.6% Mn and 16.1% Fe. It was coated successfully by Fe or Zr separately to 

produce novel adsorption media, namely Fea-VMO and Zra-VMO. The ratio of Fe 

and Zr on Fea-VMO and Zra-VMO were 6.0% and 9.8% higher than that of VMO, 

respectively. 

• The characteristics of VMO changed significantly after modification. Fea-VMO 

and Zra-VMO possessed more porous layers/channels, higher BET surface area, 

and larger pore volume than the original VMO. The surface charge of the modified 

VMOs was also more positive than that of the original VMO at all studied pH 

levels. Thus the modified forms have more affinity to As(V) than VMO. 

• The As(V) adsorption capacity of modified VMOs was much higher than that of 

unmodified VMO. At pH 7.0 and As(V) initial concentration of 0.5 mg/L, the 

Langmuir adsorption capacities of Fea-VMO (2.19 mg/g) and Zra-VMO (1.94 

mg/g) were nearly 20 times higher than that of VMO (0.11 mg/g). 

• All types of VMOs could adsorb As(V) rapidly in the first 30 min. The adsorption 

rate then slowed down due to the reduction of adsorption sites. In addition to PFO 

and PSO models, the Elovich model fitted well to the data of adsorption kinetics. 

This outcome indicates that the main mechanism adsorption of these adsorbents 

is chemisorption. 

• The As(V) adsorption was significantly influenced by solution pH and coexisting 

ions. The optimal pH for the As(V) adsorption of VMO and its modified forms 

was 3.0. The As(V) removal efficiency was observed to decrease with the increase 
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in pH. The existence of other anions such as PO43−, SO42−, SiO32− and CO32− in 

solution reduced the adsorption ability of these adsorbents through competition. 

The sequence was as follows: PO43− > SiO32− > CO32− > SO42−. 

• The bed volumes of water (As (V) concentration 0.1 mg/L) treated to maintain the 

As(V) concentration below the WHO guideline concentration were 8 and 16 times 

higher for Fea-VMO, 6 and 12 times higher for Zra-VMO than for unmodified 

VMO at flow rates of 0.15 and 0.5 L/h, respectively.  

• In the column study, an increase in influent As concentration increased the 

adsorption capacity, but increasing the flow rate reduced the adsorption capacity.  

• The maximum adsorption capacities derived from the Thomas model for VMO, 

Fea-VMO, and Zra-VMO at an influent concentration of 0.25 mg As(V)/L, and 

flow rate of 0.15 L/h were 0.151, 1.145, and 0.925 mg/g, respectively. These 

values dropped when influent As(V) concentration decreased or the flow rate 

increased. 

• The cost of VMO, Fea-VMO and Zra-VMO were estimated to be A$0.40/kg, 

A$0.80/kg and A$1.67/kg, respectively. At the flow rate 0.15 L/h and initial 

As(V) concentration of 0.1 mg/L, the cost to produce safe drinking water (< 0.01 

mg As/L) by VMO, Zra-VMO, and Fea-VMO are estimated to be A$1.111/m3, 

A$0.742/m3, and A$0.278/m3, respectively. At the same operation conditions, the 

costs of modified VMOs are lower whereas the adsorption capacities of modified 

VMOs are higher than that of commercial GAC. 
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7.1.2 Removal As(V) from water using original and modified luffa fibre (LF, FLF-

3, ZLF-3) 

• LF is a bio-material that originates from the luffa plant, and it belongs to the family 

of Cucurbitaceae. The major components of LF are cellulose (60 – 66%), 

hemicellulose (17 – 22%), and lignin (11 – 15%). It served as an adsorbent to 

remove methylene blue dye, phenol, and lead from water. However, to the best of 

the author’s knowledge, it is the first time LF was used for removing As(V) from 

water. 

• LF was grafted three times by FeCl2.4H2O or ZrOCl2.8H2O at pH 4.2 – 4.5 and 

dried at 70 oC in 24 h to produce new adsorbents, namely FLF-3 and ZLF-3, 

respectively.  

• The grafting process significantly changed the characteristics of pristine LF. The 

surface morphology of LF changed from flat, smooth, homogeneous to irregular 

and porous. The ratios of Fe and Zr in grafted LFs were 6.09 and 4.95%, 

respectively. The BET surface area of the original LF also rose 11– and 18– fold 

after modification by Fe and Zr, respectively.  

• The modification also changed the zeta potential of LF from negative to positive 

for FLF-3 and ZLF-3 at all pHs, which facilitated the As(V) adsorption. 

• The Langmuir maximum adsorption capacity of LF (0.035 mg/g) at an initial 

concentration of As of 0.5 mg/L increased 70 – 80 times after grafting LF with Fe 

(2.55 mg/g) and Zr (2.89 mg/g). 

• The adsorption capacity of pristine LF was slightly lower than that of other natural 

plants. However, the adsorption capacity of modified LFs was higher than that of 
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many modified adsorbents, such as iron hydroxide modified activated carbon, 

manganese oxide-modified pine biochar, and iron oxide-coated A. niger biomass. 

• The modification also shortened the saturation time of LF in kinetic adsorption, 

from 6 h to 4 h for FLF-3 and only 1 h for ZLF-3. 

• The adsorption efficiency of LF and its modified forms was also affected by pH 

and co-existing anions. The optimal solution pH was 3.0 for three adsorbents. 

With the co-existing anions, a similar order of competition for adsorption was 

observed to be PO43− > SiO32− > CO32− > SO42−. The As(V) adsorption efficiency 

was reduced by up to 90% when the mixed anions with a concentration of 10 mg/L 

of each ion were present in the solution. 

• In the column study, at the same operating conditions, the breakthrough curves of 

LF were always steeper than those of FLF-3 and ZLF-3. Therefore, LF always 

saturated faster than the others did. The Thomas adsorption capacity of ZLF-3 

was the highest (2.7 and 2.2 mg/g for 15 cm and 30 cm height columns, 

respectively), followed by FLF-3 (1.26 mg/g and 1.10 mg/g, respectively) and LF 

(0.06 mg/g for both column heights). 

• The cost of LF, FLF-3 and ZLF-3 were estimated to be A$0.2/kg, A$1.02/kg and 

A$1.81/kg, respectively. At the initial As(V) concentration of 0.1 mg/L, the cost 

to produce 1 m3 water containing less than 0.01 mg As/L by LF, FLF-3, and ZLF-

3 is estimated to be A$3.9, A$0.26, and A$0.21, respectively. The cost of LF 

increased considerably after modification but the water treatment costs reduced 

due to the larger volume of treated water. The treatment cost was competitive with 

commercial GAC.  
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7.1.3 Waste management 

The exhausted adsorbents from the adsorption process were managed by different 

methods. The solidification/stabilisation method with the encapsulation in concrete 

helped to manage the exhausted VMO and modified VMOs. The exhausted LF and 

modified LFs were managed by the phytoremediation method. 

 

7.1.3.1 Exhausted VMO and modified VMOs 

• The solidification/stabilisation method was applied to immobilise As(V) in the 

exhausted absorbent wastes. The used VMO and modified VMOs were 

incorporated into the monolithic concrete samples. Here, different ratios of sand 

(5, 10, 15, and 20%) in a sand/cement concrete mixture were replaced by 

exhausted VMO and modified VMOs.  

• The value of compressive strength, rapid chloride penetrability, and volume of 

permeable voids of concrete samples at 28 days were 31.2 – 33.2 MPa, 1175 – 

1281 coulombs, and 12.6 – 14.7 %, respectively. These concrete samples had 

good stability, making them suitable for use as a building material in construction 

work. 

• The As(V) leaching from these materials, as measured by Method 1313 of the 

LEAF of USEPA, was much lower than regulation limit of 5 mg/L. Thus, the 

concrete was safely disposed of or reused for other purposes, such as driveways, 

pavements, where humans will not have direct contact. 
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7.1.3.2 Exhausted LF and modified LFs 

• The exhausted original and modified LFs were managed by the phytoremediation 

method using the plant Pityrogramma calomelanos, a species of fern. The plants 

were grown in a potting mix, which was created by mixing waste LFs and garden 

soil at a ratio of 1 g of waste LFs: 30 g of garden soil. 

• The plants were grown normally for six months without any visual signs of As 

toxicity. Most As(V) transferred to the plants was present in the shoot (69-77%), 

and a smaller amount stayed in the root (23 – 31%) of the plants. The average 

concentration of As(V) was 2286 mg As/kg dry plant].  

• After six months, 73.6 – 74.3% of the As(V) in the potting mix has transferred to 

the plant. The amount of dried plant was only 38 – 40% in comparison with the 

initial amount of waste LFs. The As(V) concentration remaining in mixed soil 

was 9.92 – 10.20 mg As/kg. This value was well below the recommended 

permissible soil As concentration as specified by the United States Environmental 

Protection Agency (USEPA) (24 mg/kg) and the ecological investigation level 

(EIL) limit of As in soil in Australia (20 mg/kg). Therefore, the soil containing 

waste LFs can also be safely disposed of or reused. 
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7.1.4 EC 

• The small-scale EC system was designed using 1 L volume reactor. A couple of 

stainless steel plates (11 x 6 x 0.09 cm) were used as electrodes, and the system 

was operated in a monopolar parallel connection mode. 

• In a batch study, for a solution with an As(V) initial concentration of 0.1 mg/L, 

DC electric potential difference of 7.5 V (corresponding to a current density of 

0.030 A), electrodes distance of 1 cm and solution pH of 7.0 were found to be the 

optimal condition for EC process. At this condition, the As(V) removal efficiency 

was 92% after a short operation time of 5 min. 

• By replacing DC electricity with a 9V rechargeable battery or small 12V solar 

panel, the EC system could remove 93% and 98% of As(V) from 0.1 mg As(V)/L 

solution, respectively. As(V) concentration in treated water was found to be lower 

than that of the WHO drinking water guidelines. 

• In the continuous study, a small, cost-effective system (reactor volume of 1 L, 

capital cost $15AUD) using DC electricity or small 12V solar panel as the power 

source could successfully treat 12L As(V)-contaminated water per hour. During 

4 hours of continuous testing, the As(V) removal efficiency of the continuous 

system was maintained continuously at more than 91% for the DC electrical 

system and 96% for the solar system, respectively. The lifespan of the sacrificial 

anode was more than 410 days for DC electrical system and 330 days for solar 

energy system in the continuous flow mode. The cost for the treatment of As(V)-

contaminated water, including both operating cost and capital cost, is 0.240 A$/m3 

water for the electrical EC system and 0.262 A$/m3 for the solar EC system. 

 



185 

 

7.2 Recommendation  

• The novel adsorbents in the present study performed well in removing As(V) from 

synthetic water. It is recommended to carry out field trials of these adsorbents 

with real contaminated water sources (including both As(III) and As(V)) under 

various operational conditions. The field trials will provide comprehensive 

information to evaluate the practical applicability (including the technical and 

economic aspects) of the adsorbents in the future.  

• The modification procedure of adsorbents is relatively complicated and poses 

chemical safety issues. In addition, only a small amount of adsorbents was 

prepared in the laboratory. A future study on a simpler modification process 

should facilitate the possibility of adsorbent production in an industrial process. 

In this case, the new adsorbents will become marketable products at affordable 

prices. 

• Desorption/regeneration of adsorbents is important as it relates to the economic 

aspect of application. It is recommended to study simple desorption/regeneration 

methods for the exhausted VMOs and LFs.  

• EC method could successfully remove As(V) from water using renewable energy. 

This is a promising method for application in rural and isolated areas. A future 

study should be carried out in the field to evaluate the practicality of this method. 

• Hazardous waste management is very important for sustainable treatment. The 

methods applied in this study have demonstrated their ability to manage waste 

safely. More studies should be carried out in the future at different mixing ratios, 

different ages of concrete and plants, types of plants to establish guidelines on 

safe waste management. 
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• A comprehensive water treatment cost should be calculated in future studies at the 

field trial to evaluate exactly the economic efficiency of these methods. 

• The research on applying simple, low-cost, and environmentally friendly methods 

to remove As in water will be continuously investigated in the future study.   
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Appendix 1 (Chapter 3) 

 

 

 

Pic. S3.1. As analytical instrument - Agilent Technologies 7900 ICP-MS 

 

    

  (a)      (b) 

Pic. S3.2. Batch (a) and column (b) adsorption 
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Fig. S3.1. SEM image of VMO, Fea-VMO and Zra-VMO before and after As(V) 

adsorption in column study 
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Fig. S3.2. BET N2 adsorption/desorption isotherm plot (a) and BJH adsorption pore-size 

distribution graph (b) for VMO, Fea-VMO and Zra-VMO 
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Appendix 2 (Chapter 4) 

 

 

Fig. S4.1 Cylindrical luffa porous structure  
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Fig S4.2. BET N2 adsorption/desorption isotherm plot (a) and BJH adsorption pore-size 

distribution graph (b) for LF, FLF-3 and ZLF-3 
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Table S4.1. BET surface area and pore size distribution of LF, FLF-3 and ZLF-3 

 

Parameter (unit) LF FLF-3 ZLF-3 

BET surface area (cm2/g) 0.61 6.70 10.69 

BJH Adsorption cumulative volume of pores (cm3/g) 0.0034 0.0071 0.0074 

BJH Desorption cumulative volume of pores (cm3/g) 0.0041 0.0059 0.0069 

BJH Adsorption average pore width (nm) 15.5 3.3 3.5 

BJH Desorption average pore width (nm) 27.3 4.9 5.0 

 

 

 

  



194 

 

Appendix 3 (Chapter 5) 

 

 

Fig. S5.1 As(V) removal from water using original and modified VMOs, followed by 

solidification/stabilisation 
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Pic. S5.1. Concrete casting and slicing 

 

 

     

 (a)    (b)    (c) 

Pic. S5.2. Concrete characteristic measurement: (a) compressive strength, (b) VPV, and 

(c) RCPT 
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Pic. S5.3. As-extracted solutions from plant’s sections in the phytoremediation method 
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Appendix 4 (Chapter 6) 

 

Video of the operation of EC system: 

https://studentutsedu-

my.sharepoint.com/:v:/g/personal/12671451_student_uts_edu_au/EcVR3xz8-

OpDnZJ5aC6rtkYBAvh1Vy61OfgiBWVa5SPXLg?e=kPl75k  

  

https://studentutsedu-my.sharepoint.com/:v:/g/personal/12671451_student_uts_edu_au/EcVR3xz8-OpDnZJ5aC6rtkYBAvh1Vy61OfgiBWVa5SPXLg?e=kPl75k
https://studentutsedu-my.sharepoint.com/:v:/g/personal/12671451_student_uts_edu_au/EcVR3xz8-OpDnZJ5aC6rtkYBAvh1Vy61OfgiBWVa5SPXLg?e=kPl75k
https://studentutsedu-my.sharepoint.com/:v:/g/personal/12671451_student_uts_edu_au/EcVR3xz8-OpDnZJ5aC6rtkYBAvh1Vy61OfgiBWVa5SPXLg?e=kPl75k
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(a) 5 min     (b) 15 min 

     

   (c) 30min     (d) 45 min 

     

   (e) 60 min     (f) 120 min 

Pic. S6.1. The change of water colour in EC system with operation time 
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Pic. S6.2. Treated water after microfilter in EC system 

 

  

Microfilter Dosing pump Treated water 
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