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Abstract: Phthalic acid esters (PAEs) are one of the most widely used plasticizers and the well-
studied environmental pollutants with endocrine disrupting properties. Investigation about PAEs in
terrestrial ecosystem has been extensively conducted while the fate of PAEs in marine environment
remains underexplored. In this study, a novel di-(2-ethylhexyl) phthalate (DEHP) degrading marine
bacterial strain, Mycolicibacterium phocaicum RL-HYO1, was isolated and characterized from
intertidal sediments. Strain RL-HYO01 could utilize a range of PAE plasticizers as sole carbon source
for growth. The effects of different environmental factors on the degradation of PAEs were evaluated
and the results indicated that strain RL-HYO01 could efficiently degrade PAEs under a wide range of
pH (5.0 to 9.0), temperature (20 °C to 40 °C) and salinity (below 10%). Specifically, when Tween-
80 was added as solubilizing agent, strain RL-HYO01 could rapidly degrade DEHP and achieve
complete degradation of DEHP (50 mg/L) in 48 h. The kinetics of DEHP degradation by RL-HYO01
were well fitted with the modified Gompertz model. The metabolic intermediates of DEHP by strain
RL-HYO01 were identified by ultra-performance liquid chromatography-tandem mass spectrometry
(UHPLC-MS/MS) analysis and then the metabolic pathway of DEHP was deduced. DEHP was
transformed into di-ethyl phthalate (DEP) via B-oxidation and then DEP was hydrolyzed into
phthalic acid (PA) by de-esterification. PA was further transformed into gentisate via salicylic acid
and further utilized for cell growth. Bioaugmentation of strain RL-HYO01 with marine samples was
performed to evaluate its application potential and the results suggested that strain RL-HYO01 could
accelerate the elimination of DEHP in marine samples. The results have advanced our understanding
of the fate of PAEs in marine ecosystem and identified an efficient bioremediation strategy for PAEs-
polluted marine sites.
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1. Introduction

The increasing discharge of plastic debris into the marine environment has drawn worldwide
attention (Thompson et al., 2004), especially the formation of microplastic particles (Ahmed et al., 2021).
As one of the main destinations of plastic wastes, plastics are ubiquitous in marine ecosystem and it was
estimated that 4.8 to 12.7 million tons of plastic waste entered the oceans in 2010 (Jambeck et al., 2015).
Plastics entering the oceans will eventually be decomposed into microplastic debris by mechanical
abrasion, or photodecomposition (Andrady, 2005). Marine plastics pose huge threats to ocean ecosystem
during this process because of the release and sorption of contaminants. When plastic debris are
decomposed into microplastics (MPs), they might adsorb some other pollutants (such as heavy metals,
PAHs, PCBs, etc.) and become the vector for transportation, which might be ingested by marine
organisms and make the carried contaminants to be accumulated in food chain (Brennecke et al., 2016;
Devriese et al., 2017; Lucia et al., 2018). Meanwhile, some eco-toxic plastic additives like plasticizers
and flame retardants would be released from polymers during the decomposition, which might also pose
great threats to marine organisms (Hermabessiere et al., 2017; Koelmans et al., 2014). Although marine
plastic pollution has attracted great concerns and has become a pervasive global environmental issue, the
investigations are mainly about the toxic evaluation, distribution, related environmental policy, et al.
However, the fate of the released plastic additives in marine ecosystem has not been well studied.

Plasticizers are ubiquitously added to plastic polymers to improve their flexibility and durability.
Plasticizers can make up for 10 to 70% of plastics’ weight (Wright et al., 2020). As the most widely used
plasticizer, di-(2-ethylhexyl) phthalate (DEHP, one kind of PAEs) makes up the majority of plasticizer
market (Ren et al., 2018). It is estimated that the annual consumption of DEHP is above 3 million tons
globally. Since DEHP is a typical external plasticizer, it could be released into environments during the
manufacturing, using and disposing of plastics (Schiedek, 1995). Because of marine plastic pollution,
DEHP has been detected in all oceans (Paluselli and Kim, 2020; Lubecki and Kowalewska, 2019; Zhang
etal., 2019; Savoca et al., 2018). For the above reasons, great concerns on the safety of DEHP have been
raised and related investigations have classified DEHP as endocrine disruptor and carcinogen. The origin,
distribution, transformation, and fate of DEHP in terrestrial ecosystems have been systematically
investigated. However, the knowledge on the fate of DEHP in marine ecosystem is still limited.

The transformation of pollutants in different environments is considered to be the mass balance-
wise main route of matter cycle (Fenner et al., 2013). Since photolysis and chemical hydrolysis of PAEs
are relatively slow, microbes-mediated degradation of PAEs is known as the major route for natural
decomposition of PAEs in different ecosystem (Baker et al., 2021; Zhao et al., 2019; Cheng et al., 2018).
Though lots of PAEs-degrading microbes have been isolated and characterized, marine PAEs-degrading
microbes are limited (Wright et al., 2020). The metabolic pathways and related molecular mechanisms
of PAEs biodegradation have been extensively investigated, mainly in terrestrial microorganisms (Xu et
al., 2021; Wang et al., 2019; Yang et al., 2018; Zhao et al., 2018; Nahurira et al., 2017). The typical
metabolic pathways of PAEs include two main steps: (a) transformation of PAEs into phthalic acid (PA),
and (b) utilization of PA. In some isolates, long side-chain PAEs (e.g., DEHP) were converted into short
side-chain PAEs (e.g., di-ethyl phthalate (DEP) or di-methyl phthalate (DMP)) prior to de-esterification
via B-oxidation and demethylation (Ren et al., 2018). As to the utilization of PA, it was commonly
transformed into protocatechuate and further utilized through protocatechuate branch of B-ketoadipate
pathway. Several enzymes involved in the hydrolysis of ester bonds in PAEs have been identified and
related catalytic mechanisms have been characterized to some extent in a number of terrestrial isolates.

Nevertheless, previous studies mainly focused on biodegradation by terrestrial microorganisms, while
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the degradation of PAEs in the marine ecosystem remains underexplored.

The aims of this study were to isolate and characterize PAEs-degrading marine bacterial strain from
intertidal sediments. One DEHP-degrading Mycolicibacterium phocaicum strain RL-HYO01 was isolated
with the capability of utilizing several kinds of PAEs as sole carbon source for growth. Strain RL-HYO01
showed good adaptability to different environmental factors. Tween-80 could accelerate the degradation
by enhancing the solubility of DEHP and its kinetics followed the modified Gompertz model. The
metabolic pathway of DEHP was deduced by metabolic intermediates identification. Bioaugmentation
of strain RL-HYO01 with synthetic DEHP-contaminated marine samples was performed to evaluate its

application potential.

2. Materials and methods
2.1. Chemicals, medium and culture conditions

The standards of DEHP (98% purity), di-cyclohexyl phthalate (DCHP, 99% purity), di-butyl
phthalate (DBP, 99% purity), di-ethyl phthalate (DEP, 99% purity), di-methyl phthalate (DMP, 99.5%
purity) were purchased from J&K Scientific (Beijing, China). The stock solution of PAE with the
concentration of 2 x10* mg/L was prepared with methanol. Tween-80, Brij-35 and Triton X-100 were
obtained from Sangon Biotech (Shanghai, China). Acetonitrile and n-hexane of HPLC grade were
purchased from Sigma-Aldrich. Enzymes and biological reagents were obtained from Takara (Japan).
Reagents for the preparation of microbial cultivation medium and all other chemicals were of analytical
grade and purchased from Sinopharm Chemical Reagent (Shanghai, China).

The isolation of DEHP-degrading bacterial strain and tests of degrading capacity were conducted
in mineral salt medium (MSM) with the composition per liter of: NaCl (20 g), NaH,PO4-12H,0 (4.8 g),
K,HPO, (3.6 g), KHoPO4 (4.5 g), (NH4)2S04 (1.2 g), MgSO4-7H,0 (0.1 g), FeCl, (0.05 g), and CaCl,
(0.03 g), at pH 7.0. The stock solution of PAE was added into the sterilized MSM to obtain the target
concentration which served as the sole carbon resource. The bacterial inoculum was prepared in modified
Luria-Bertani (LB) medium consisted of: peptone (10 g), yeast extract (5 g), and NaCl (25 g), per liter,
at pH7.0. The solid media of MSM and LB were prepared by adding agar with a final concentration of
15 g/L. All media were sterilized by autoclaving at 121 °C for 30 minutes.
2.2. Enrichments and Microbial Isolation from intertidal sediments

Intertidal sediment samples were collected from the intertidal of Zhanjiang Bay, China. The detailed
information of these samples is presented in Table S1. Approximately 5 g of sediment sample was
inoculated into 50 mL of LB medium and supplemented with 50 mg/L of DEHP. The enriched cultures
incubated (180 rpm) at 30 °C for 5 days. And then 1 mL of enrichment suspension was transferred into
10 mL of fresh LB medium and the concentration of DEHP was adjusted to 100 mg/L. The steps for
enrichment were repeated until the concentration of DEHP was increased to 500 mg/L. The final
enrichment suspension was spread onto the MSM solid medium supplied with 500 mg/L of DEHP and
0.01 g/L of Tween 80. Well grown colonies with hydrolytic halos were further selected for confirmation.
Briefly, (a) potential single colony was inoculated into fresh LB medium and incubated (180 rpm) at
30 °C for 24 hours, (b) cells in 1 mL of cultures were harvested by centrifugation (6000 rpm, 2 minutes),
washed by phosphate buffer solution (PBS, pH 7.8) and re-centrifugated (6000 rpm, 2 minutes) for three
times, (c) the cell pellets were finally resuspended in 1 mL of fresh MSM liquid medium and inoculated
into 9 mL of MSM supplemented with 50 mg/L of DEHP, and (d) cultures were incubated (180 rpm) at
30 °C for 5 days and then used for the determination of DEHP concentration. Steps (a) to (d) were
repeated until stable DEHP-degrading strain was isolated.
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2.3. Biochemical and 16S rRNA gene identification of DEHP-degrading strain

The identification of isolated DEHP-degrading strain was accomplished by 16S rRNA gene analysis
coupled with biochemical characterization. The amplification, sequencing and analyzing of 16S rRNA
gene were conducted prior to biochemical characterization. The amplification of 16S rRNA gene was
achieved by polymerase chain reaction (PCR) with universal primers of 27F and 1492R. The amplified
fragments were inserted into the p-MDI9T vector and then sequenced by Thermo Fisher Scientific

(Guangzhou, China). VecScreen (https://www.ncbi.nlm.nih.gov/tools/vecscreen/) was used for removing

the vector fragments from the obtained sequences and the Basic Local Alignment Search Tool (BLAST,
https://blast.ncbi.nlm.nih.gov/Blast.cgi) was employed to identify the resulting 16S rRNA gene

sequences. According to the BLASTN search results, 16S rRNA genes of related type strains were
retrieved from the List of Prokaryotic names with Standing in Nomenclature (LPSN,

http://www.bacterio.net/) for phylogenetic analysis (Parte, 2018). Phylogenetic analysis was

accomplished via MEGA 7.0 with a Neighbor-Joining algorithm (bootstrap value was 1000) (Kumar et
al., 2016). According to phylogenetic analysis results, the biochemical characteristics of isolated strain
and its closest species was compared as referenced in Bergey's Manual of Determinative Bacteriology
(George et al., 2001).

2.4. Characterization of isolated strain

The seeds for inoculum were prepared by inoculating the single colony of isolated strain into 10
mL of LB and incubating (180 rpm) at 30 °C for 24 hours. Bacterial cells in 1mL of the culture for the
following assays were harvested by centrifugation (8000 rpm, 3 min) and the cell pellets were washed
by PBS buffer (pH 7.8, 100 mM). The centrifugation and washing were repeated for three times, and the
cells were resuspended in 1 mL of fresh MSM. The cell density of the obtained inoculum was
approximately 7.0x107 cells/mL with ODgoo of 0.8. The inoculation ration for the following assays was
maintained at 1.0% (v/v) unless stated otherwise.

The isolated strain was inoculated in 50 mL Erlenmeyer's flasks containing 10 mL of MSM
supplemented with 50 mg/L DEHP. The cell growth (ODggo) and the residual concentration of DEHP
were measured with an interval of 12 h during 72 h. The capacity for utilizing other PAEs for growth
was detected by adding DCHP, DBP, DEP and DMP as sole carbon sources separately, and the effect of
PAEs concentrations (500 mg/L, 700 mg/L, 1000 mg/L, 1200 mg/L, and 1500 mg/L) on biodegradation
was measured. The degradation of selected PAEs under different pH (4, 5, 6, 7, 8, 9, and 10), temperature
(10 °C, 20 °C, 30 °C, 40 °C, and 50 °C), and salinity (4.0%, 6.0%, 8.0%, 10.0% and 12.0%, w/v). The
control treatments for the above assays were performed in same cultures without inoculation and
incubated under the same conditions. Samples were withdrawn after 72 hours’ incubation and
subsequently applied to the measurements of substrate concentration. The residual concentration of PAEs
was detected by gas chromatography (GC). All assays were performed in triplicate.

Since the selected PAEs are insoluble in water, their real concentrations in MSM are relatively low.
Therefore, nonionic surfactants were used to improve the solubility of DEHP and its effects on the growth
ofisolated DEHP-degrading bacterial strain was evaluated as well as the influence on DEHP degradation.
The detailed information of selected nonionic surfactants was presented in Table S2. The improvement
of DEHP solubility was measured using a modified method from previous report (Navacharoen and
Vangnai, 2011). Briefly, (a) standard solution was prepared by adding DEHP into fresh MSM to a
theoretic concentration of 100 mg/L, (b) different surfactants were added into the prepared standard
solution (50 mL) in Erlenmeyer's flasks with different multiples (0, 0.1, 0.5, 1, 2) of critical micellar

concentration (CMC), separately, (c) the obtained mixtures were equilibrated on a rotary shaker at 120
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rpm for 24 h, and (d) 20 mL of the mixture below the surface layer was withdrawn for DEHP
concentration determination.

Further, the effects of selected surfactants on cell growth were evaluated. DEHP-degrading bacterial
strain was inoculated into fresh MSM in the presence of each surfactants (optimized minimum
concentration) and glucose (50 mg/L) was supplemented as carbon resources. Cultures were incubated
(180 rpm) at 30 °C for 24 hours and then the cell concentration (ODgg) was determined. Finally, the
surfactant that showed the lowest adverse effects on cell growth was selected for the following assays.
Firstly, the biodegradation of DEHP by the isolated strain was measured with and without the selected
surfactant. The concentration of surfactant was added with the optimized minimum concentration. The
residual concentration of DEHP was determined at every 12 h intervals. And then, a modified Gompertz
model (Eq. 1) and a first-order decay model (Eq. 2) were applied to simulate the kinetics of DEHP
degradation with and without the supplementation of surfactant (Zhang et al., 2020).

The modified Gompertz model: S:SO-A-exp{—exp [% (L-9+ 1]} 1)

The first—order decay model: S=S¢+A-exp(-t/ti) 2)
In which S represents the substrate concentration; Sy represents the fitted initial concentration; 4 is the
biodegradation potential; V'm means the maximum biodegradation rate; and L represents the lag phase.
2.5. Metabolites and metabolic pathways of DEHP

The isolated DEHP-degrading strain was inoculated in MSM (containing 50 mg/L DEHP),
incubated and sampled as described above. Filtered supernatants (0.45 pm) were applied for metabolites
extraction and two steps extraction was used. Briefly, (a) equal volume of n-hexane was added into the
filtered supernatant and fully extracted by ultrasonic extraction for 10 min after which the organic portion
was collected as neutral extracts, and (b) the rest aqueous portion was adjusted to pH 3.0 using 2 M HCl
and then extracted as described in step (a) in which the extracts were classified as acid extracts. And then,
the neutral extracts and acid extracts were merged, evaporated, redissolved in methanol and subsequently
applied for metabolites identification. Finally, the metabolic pathways of DEHP in the isolated strain
were deduced according to the identified metabolites.
2.6. Bioaugmentation with synthetic DEHP-contaminated marine samples

Since the isolation and application of marine DEHP-degrading strains are rarely reported, the
bioaugmentation of isolated DEHP-degrading strain into synthetic DEHP-contaminated marine samples
was conducted and the degrading capacity of DEHP was evaluated. Seawater and intertidal sediments
were collected from Naozhou island (Zhanjiang, China). The characteristics of marine samples are
presented in Table S1. For the seawater, the seeds of isolated strain were inoculated in 50 mL glass vials
containing 10 mL of seawater supplemented with 50 mg/L DEHP with an inoculum ration of 1% (v/v).
Seawater (containing 50 mg/L DEHP) without inoculation was set as the control treatment. Three types
of intertidal sediments (Mud, M; Sand, S; Mud and sand mixed, MS) were sampled and applied for the
following assays. For the intertidal sediments, the bioaugmentation was conducted in a glass beaker with
20 g sediments. DEHP was added to the sediments with a final concentration of 50 mg/kg and 2 mL of
bacterial seeds were inoculated. Sediments (containing 50 mg/kg DEHP, all on dry weight basis?) without
inoculation was set as the control treatment. All samples were fully mixed and all treatments were
conducted in triplicate. Seawater samples were incubated under constant shaking (80 rpm) at 30 °C while
sediment samples were incubated under constant temperature (30 °C) and humidity (90% relative
humidity). DEHP in seawater was extracted as described above and DEHP in sediments was extracted

according previous reports (Zhang et al., 2020). The residual concentration of DEHP in sediments was
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measured with an interval of 3 d during 21 d while the time interval for seawater was 12 h during 72 h.
2.7. Analytic methods

A GC system (GC-2010 pro, SHIMADZU, Japan) equipped with a WondaCap 5 column (GL
Sciences Inc., Japan, 30 mx0.25 mmx0.25 um) and electron capture detector (ECD) was used for
quantification of selected PAEs. An oven temperature program of 100 °C for 5 min, increased to 260 °C
with a rate of 20 °C/min, and finally maintained at 260 °C for 15 min was used for the quantitative
detection while the temperatures of inlet and detector were maintained at 300 °C and 280 °C, respectively.
The injection volume was 2 uL and nitrogen (purity > 99.999%) was used as the carrier gas with a flow
rate of 2 mL/min. Data acquisition and analysis was executed on LabSolutions (version 5.90, Shimadzu,
Japan). The standard curves of selected PAEs were established and presented in Table S3. DEHP in
marine samples was extracted by n-hexane, dried by nitrogen blow, and redissolved in methanol.
Membrane filtering of all samples was conducted prior to GC analysis. The recovery rates of DEHP were
measured with the average recovery rate of 96.8% (all above 94.0%). The degradation percentages of
PAEs were calculated with Eq. (3):

Degradation percentage (%) = (Ceke — Cg)/Ceke * 100 3)
where Cqr means the final concentration of PAE in control treatment and Cr represents the final
concentration of PAE in the target treatment.

The cell growth was monitored by the absorbance at 600 nm (ODgg). Cells in collected cultures
were harvested by centrifugation (6000 rpm, 5 min), washed by PBS buffer (pH 7.8), and the
centrifugation and washing were repeated three times. Finally, cell pellets were resuspended in PBS
buffer (equal to initial volume) and then the cell density was measured by a spectrophotometer
(MAPADA, P4PC, China).

The identification analysis of DEHP metabolites was accomplished by ultra-performance liquid
chromatography coupled with mass spectrometry conducted by Bionovogene Co. Ltd (Suzhou, China).
Chromatographic separation was accomplished in an Thermo Ultimate 3000 system equipped with an
ACQUITY UPLC HSS T3 (150%2.1 mm, 1.8 um, Waters) column maintained at 40 °C. The temperature
of the autosampler was 8 °C. Gradient elution of analytes was carried out with 0.1% formic acid in water
(A) and 0.1% formic acid in acetonitrile (B) or 5 mM ammonium formate in water (C) and acetonitrile
(D) at a flow rate of 0.25 mL/min. Injection of 2 pL of each sample was done after equilibration. An
increasing linear gradient of solvent B (v/v) was used as follows: 0~1 min, 2% B/D; 1~9 min, 2%~50%
B/D; 9~12 min, 50%~98% B/D; 12~13.5 min, 98% B/D; 13.5~14 min, 98%~2% B/D; 14~20 min, 2%
B-positive model (14~17 min, 2% D-negative model). The ESI-MSn experiments were executed on the
Thermo Q Exactive Focus mass spectrometer with the spray voltage of 3.8 kV and -2.5 kV in positive
and negative modes, respectively. Sheath gas and auxiliary gas were set at 30 and 10 arbitrary units,
respectively. The capillary temperature was 325 °C. The analyzer scanned over a mass range of m/z 81-
1 000 for full scan at a mass resolution of 70 000. Data dependent acquisition (DDA) MS/MS
experiments were performed with HCD scan. The normalized collision energy was 30 eV. Dynamic
exclusion was implemented to remove some unnecessary information in MS/MS spectra. The entire
process of metabolites characterization and annotation was based on known MS/MS database (Table S4).
The processing, visualization and analysis of mass spectrometry based molecular profile data was
executed on MZmine 2 (version 2.53) (Pluskal et al., 2010).

2.8. Accession numbers

Strain RL-HYO01 is available from Guangdong Microbial Culture Collection Center (GDMCC) with

accession number of 61246. The 16S rRNA gene of strain RL-HYO01 is accessible in GenBank with
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accession number MK787328.

3. Results and discussion
3.1. Isolation and identification of DEHP-degrading marine bacterial strain

The sampling intertidal sites are around a municipal wastewater treatment outlet. An isolated
bacterial strain, RL-HYO01 could completely degrade 50 mg/L of DEHP in 72 hours with significant cell
growth. The 16S rRNA gene of strain RL-HYO01 with a length of 1505 bp was amplified and subsequently
applied to BLAST search. Phylogenetic analysis of strain RL-HYO01 with related type strains were
performed and the result indicated that strain RL-HYO1 was clustered with Mycolicibacterium
phocaicum CIP 1085427 (Figure 1). The physiological and biochemical characteristics of strain RL-
HYOl were presented in Table 1. Finally, strain RL-HYO1 was identified as Mycolicibacterium
phocaicum according to 16S rRNA gene analysis, and its physiological and biochemical characteristics.

Genus Mycolicibacterium, previously known as the members of genus Mycobacterium, including
91 species now (Yamada et al., 2018). Genus Mycobacterium is known as decomposer of xenobiotics
that has been isolated from various environments (Johnston et al., 2017; Kandil et al., 2015; Child et al.,
2007; Sutherland et al., 2002). However, limited isolates of genus Mycolicibacterium (or Mycobacterium)
capable of degrading PAEs were reported and the related information was summarized in Table 2. Strain
NKO0301 was the first reported Mycobcterium capable of degrading PAEs (Nakamiya et al., 2005). Strain
NKO0301 could degrade DEHP into 2-ethylhexanol and 1,2-benzenedicarboxylic acid, and it could
remove up to 90% of DEHP in polyvinyl chloride sheets within 3 d. Mycobacterium sp. YC-RL4 is a
DEHP-degrading strain isolated from petroleum-contaminated soil which could utilize a wide range of
PAEs as sole carbon source for growth. Strain YC-RL4 could transform DEHP into PA via MEHP and
PA was further utilized for growth via benzoic acid (BA) degradation pathway (Ren et al., 2016).
Interestingly, strain YC-RLA could adjust its cell surface hydrophobicity when incubated with DEHP
which could be beneficial for biodegradation by increasing the accessibility of the hydrophobic DEHP.
Strain DBP42, the sole reported marine PAEs-degrading Mycobacterium strain, was isolated from marine
plastic debris (Wright et al., 2020). Strain DBP42 could degrade a wide range of PAEs by transforming
PAEs into PA via DAPs and utilizing of PA via protocatechuate branch of PB-ketoadipate pathway.
Furthermore, the molecular mechanism of DEHP degradation in Mycobacterium spp. is still unknown
and it is not known whether the mechanism for biodegradation is the same for terrestrial and marine
Mycobacterium isolates. Hence, further isolation of PAEs degrading Mycobacterium strains and
investigation of related mechanisms are needed.
3.2. Characterization of Mycolicibacterium phocaicum RL-HY 01

Since plasticizer PAEs includes dozens of compounds, the investigation of degrading capability of
other representative PAEs became necessary. All the selected PAEs except DCHP could be utilized by
strain RL-HYO1 as sole carbon source with significant cell growth. The substrate profile analysis
indicated that strain RL-HYO01 could utilize linear side chain and branched side chain PAEs, but failed to
utilize ring side chain PAEs. Further, the degradation percentages of selected PAEs with different initial
concentrations were measured after 72 hours’ incubation (Figure 2A). When the substrate concentration
was below 1000 mg/L, the degradation percentages of all selected PAEs were 100% while the
degradation and cell growth were significantly inhibited when substrate concentration was increased to
1500 mg/L. Strain RL-HYO01 could degrade the selected PAEs under a wide range of pH (Figure 2B).
The degradation percentages were all above 60% under pH 5.0 to 9.0 while no cell growth and limited
degradation of PAEs were observed when pH were 4.0 and 10.0. The degradation of DEHP was
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significantly inhibited when incubation temperature was too low (10 °C) or too high (50 °C) while strain
RL-HYO01 showed a good performance when the incubation temperature was ranged from 20 °C to 40 °C
(Figure 2C). In addition, the optimal temperature for degradation was 30 °C, in which all the selected
PAEs were completely degraded. Since the salinity of MSM was around 3% during enrichment and
isolation, the investigation of the effects of salinity on PAEs degradation was conducted with salinity
ranged from 4% to 12% (Figure 2D). When the salinity was around 4% to 8%, the selected PAEs were
completely degraded within 72 h and the degradation percentage of PAEs decreased significantly when
the salinity was increased to 12%. The substrate profile reflects the potential metabolic pathways in
microbes which were determined by the intrinsic molecular mechanisms. Strain RL-HYO01 failed to
utilize DCHP, which suggested that the enzymes in strain RL-HYO01 could not work on PAEs with closed
circular chain. As to the known PAE-degrading Mycobacterium spp., only Mycobacterium sp. YC-RLA,
a terrestrial bacterial strain, is able to degrade DCHP, indicated that the metabolic mechanisms of PAEs
between terrestrial and marine microbes might be different (Ren et al., 2016). The underlying reason
could be illuminated by analyzing the molecular mechanisms involved in the metabolism of other PAEs.
As to the effects of environmental factors, strain RL-HYO01 exhibited good tolerance to a wide range of
pH, temperature, and salinity. Specifically, strain RL-HYO1 could efficiently degrade DEHP under high
salinity, with 72.8% of DEHP degraded under salinity 10.0% within 72 h. The good performance of strain
RL-HYO01 under high salinity might be due to high salinity of intertidal sediments where strain RL-HY 01
was isolated. The tolerance of high salinity would be a key characteristic for industrial application and
marine microbes are known to be important resources for industrial development.

The addition of surfactant has been proved to be able to promote the solubility of hydrophobic
compounds (Paria, 2008). The detected concentrations of DEHP with the addition of different
concentration of surfactants were shown in Figure 3A. The concentration of DEHP in aqueous phase
increased with the increasing of surfactants concentration which could reach its maximum concentration
(viz. added concentration). However, the requirements of surfactants’ concentration were different for
the target maximum concentration of DEHP and they were half CMC of Tween 80, and 1xCMC of Brij-
35 and Triton-X-100, respectively. Thus, half CMC of Tween 80, and 1xCMC of Brij-35 and Triton-X-
100 were selected for the further tests of cell toxicity. As shown in Figure 3B, all the selected
concentration of surfactants showed toxic effects on the growth of strain RL-HYO01 of which Brij-35 and
Triton-X-100 significantly inhibited the cell growth while Tween 80 showed the least toxic effect. Since
Tween 80 yielded highest solubilization of DEHP with relative lower concentration (0.5xCMC) and
showed least toxic effects to strain RL-HYO01, it was selected as the solubilizing agent to establish a stable
homogeneous system for the modeling of degradation kinetics.

The degradation of DEHP by strain RL-HYO01 when supplemented with or without Tween 80 is
presented in Figure 3C. When Tween 80 was added, the degradation was accelerated and 50 mg/L was
completely degraded within 48 h while 60 h was needed for the treatment without Tween 80. Further, the
obtained residual concentrations of DEHP in both treatments were applied for the modeling of
degradation kinetics with a modified Gompertz model and a first-order decay model. The results revealed
that the degradation of DEHP by strain RL-HYO01 fitted with the modified Gompertz model better,
compared with the first-order decay model (Table 3). Meanwhile, the kinetics analysis indicated that
DEHP biodegradation by strain RL-HYO1 supplemented with Tween-80 followed the modified
Gompertz model with a higher correlation coefficient (R*=0.9998) than DEHP biodegradation by strain
RL-HYO1 without the supplementation of Tween-80 (R?=0.9857). The best-fitted curves for DEHP
degradation by strain RL-HYO!1 using the modified Gompertz model are presented in Fig. 3D and the
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kinetic parameters were shown in Table 3. When supplemented with Tween-80, the degradation was
promoted with a higher DEHP biodegradation rate (2.7 mg/L/h) and shorter lag phase time (10.7 h),
compared with DEHP degradation without supplementation of Tween-80 (1.30 mg/L/h and 22.19 h,
respectively). The results suggested that strain RL-HY 01 performed better with the supplementation of
Tween-80 and the enhanced solubility of DEHP by Tween-80 might be the potential reason.

Knowledge of the biodegradation kinetics and their dependency on environmental factors might
provide key insights into the understanding of the fate and transformation of substrates in many
environmental systems. A multitude of factors might affect microbial degradation kinetics in a particular
environmental system, but the substrate abundance is known to be the most dominant effect among all
(Gharasoo et al., 2015). For the degradation of xenobiotics, a high substrate concentration might have
toxic effects and therefore inhibit the degradation process, while the bioavailability limitations of some
insoluble pollutants (such as DEHP) can therefore promote the degradation by softening the contaminant
toxicity effects to microbes (Gharasoo et al., 2015; Semple et al., 2004). However, the low concentration
could also slow down the biodegradation by reducing the microbial access to the substrate (Bosma et al.,
1996). Thus, the degradation could be promoted by improving the accessibility of hydrophobic
compounds to a suitable range. Generally, there are two strategies for microbes to improve the
bioavailability of such kind of compounds, (i) adjust the cell properties of microbes, for example,
Mycobacterium sp. YC-RLA, a PAEs-degrading bacterium, could adjust its cell surface hydrophobicity
to improve the bioavailability of PAEs, which has been proved to be able to accelerate the biodegradation
(Ren et al., 2016), and (ii) produce some cosolvent (e.g., biosurfactant) to promote the solubility of
hydrophobic compounds as well as the synthetic surfactants (Patowary et al., 2017; Wu et al., 2019).
Numerous of biosurfactant producing and hydrophobic compounds degrading bacterial strains have been
isolated and they were proved to be an efficient approach for elimination of hydrophobic compounds. In
addition, the toxicity of biosurfactants is commonly less than synthetic surfactants while the
solubilization effects of biosurfactants is generally better than synthetic surfactants. However, the
application of biosurfactants is limited for their low production. Although the synthetic surfactants are
known to be toxic to microbes, they were extensively applied in the biodegradation of hydrophobic
compounds because of their low-costs and favorable stability. Bacillus subtilis strain 3C3, an organic-
solvent-tolerant and PAEs degrading bacterium, showed better performance in the presence of surfactant
(Tween-80) during the degradation of PAEs (Navacharoen and Vangnai, 2011). For the isolated DBP-
degrading soil bacteria, six surfactants were tested for their abilities to increase degradation rate in the
isolated DBP-degrading strains and all of them showed growth inhibition against the tested strains(Chao
et al., 2006). Further study found that soil could minimize surfactant toxicity of surfactant and increase
the degradation potential of some of the test bacteria. It was also found that the effects of surfactants and
the requirement of surfactant’s concentration varied with bacterial species (Chao et al., 2006; Allen et
al., 1999). For our investigation, it can be concluded that strain RL-HY01 showed good tolerance with
Tween-80 and better DEHP degradation performance in the presence of Tween-80.

3.3. Metabolites and metabolic pathways of DEHP

The metabolic pathways (Figure 4A) of DEHP in strain RL-HYO01 was proposed through metabolic
intermediates identification. Apart from the parent compound DEHP, several compounds were detected
(Figure 4B) and then MS/MS analysis was executed. For identification of some compounds, the RT and
MS/MS results were both taken into account to distinguish the compounds share same molecular weights.
According to the MS/MS results (Figure S1), di-n-hexyl phthalate (DrnHP), di-(2-ethylbutyl) phthalate
(DEBP), DBP, DEP, PA, salicylic acid and gentisic acid were identified from the extracts. All these
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metabolites disappeared after 72 h incubation, which suggested that DEHP was completely degraded by
strain RL-HYO01. DEHP was transformed into shorter side chain PAEs (DrHP, DEBP, DBP, and DEP)
step by step via f-oxidation in strain RL-HY01. Subsequently, DEP was hydrolyzed into PA and then PA
was transformed into gentisic acid via salicylic acid. Finally, gentisic acid was exploited for cell growth
through B-ketoadipate pathway. For the transformation of PAEs into PA, B-oxidation in prior of de-
esterification is better than direct de-esterification since some released side chains are recalcitrant to
degradation and toxic to environmental organisms. These processes might also explain why the
degradation of shorter side-chain PAEs (DMP) is faster than the longer side-chain PAEs (e.g. DEHP) by
strain RL-HYO1 although the difference is not significant. Meanwhile, the requirements for the
transformation of DEHP into DEP by B-oxidation in strain RL-HYO01 could also explain why strain RL-
HYOLI failed to utilize DCHP (circle side-chain). In addition, the simultaneous detection of DnHP and
DEBP indicated that there is no special order for the B-oxidation. As to the utilization of PA, the metabolic
pathway showed some differences with most reported PAEs-degrading microbes. As we know, most of
the isolated PAEs degrading microbes transformed PA into protocatechuic acid which was further utilized
via the protocatechuate branch of the B-ketoadipate pathway (Ren et al., 2018). Although salicylic acid
and gentisic acid have been identified during PAEs biodegradation in a few of recent reports (Yu et al.,
2020), the recognition of the complete metabolic pathway and related molecular mechanism of the
gentisate branch of the B-ketoadipate pathway in PAEs-degrading bacteria was underrepresented.
According to our knowledge, this is the first report of gentisate branch of the B-ketoadipate pathway
mediated PAEs degradation in marine microbe which might provide novel insights into the metabolic
diversity of PAEs in marine ecosystem.
3.4. Bioaugmentation with synthetic DEHP-contaminated marine samples

The degradation of DEHP in the synthetic DEHP -contaminated marine sample was presented in
Figure 5. The degradation of DEHP in seawater by strain RL-HY01 showed similar tendency with the
performance in MSM and the natural degradation of DEHP in seawater was very slow which can be
neglected. The performance of strain RL-HYO1 in seawater indicated that strain RL-HYO01 could be a
robust candidate for the bioremediation of PAEs-contaminated seawater. The degradation of DEHP in
intertidal sediments showed some differences with different types of sediments. Firstly, the natural
degradation percentages of DEHP (without bioaugmentation of strain RL-HYO01) in muddy sediment,
sandy sediment and mixed sediment were 5.7%, 2.1%, and 8.9%, respectively. The difference of natural
degradation percentages of DEHP in different sediments indicated that different types of sediments
possess different degradation potential towards PAEs. As we know, the microbial diversity and
abundance in sand are relatively low as well as the nutrition which are essential for the microbe-mediated
elimination of xenobiotics. Further, the natural degradation of DEHP in muddy and mixed sediments
might be mediated by the natural hydrolysis or potential indigenous marine microbes. Secondly, the
degradation percentages of DEHP in the bioaugmented muddy sediment, sandy sediment and mixed
sediment were 57.6%, 79.3%, and 92.5%, respectively. Although we know that the elimination of
pollutants in environments is predominated by microbes, the process of microbe mediated biodegradation
is affected by the condition of the habitat, such as environmental pH, oxidant, indigenous microbes, and
sunlight irradiation. In this study, different types of sediments represent different environmental matrices
which possess different reaction conditions for the bioaugmented strain. Muddy sediment is more likely
to form an anaerobic environment which may have negative effect on the degradation of DEHP by strain
RL-HYO01. Meanwhile, muddy sediment contains numerous amounts of organic matter which may

adsorb some hydrophobic DEHP and therefore decreases its bioavailability. As to the sandy sediment,
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the lack of indigenous microbe and nutrition could be important limitations for the elimination of DEHP
by strain RL-HYO01. However, the degradation percentage of DEHP in sandy sediment is still higher than
the one in muddy sediment and this suggests that oxygen could be an important condition for DEHP
biodegradation. The degradation percentage of DEHP in the mud and sand mixed sediment is the highest
which might be contributed by the potential indigenous degraders, good environmental factors (nutrition
and oxygen), and well adaptability of strain RL-HYOI. In general, the bioaugmentation of strain RL-
HYO01 with marine sample demonstrated that strain RL-HYO01 could be used as a potential and efficient

PAEs degrader for the bioremediation of contaminated marine sites.

4. Conclusion

In this study, one new marine bacterial strain RL-HYO01 with high DEHP degradation ability was
isolated from intertidal sediments polluted by municipal wastewater, and systematically identified and
characterized. Strain RL-HY01 showed good environment adaptability and Tween-80 was found to be
able to promote the biodegradation. The kinetics analysis of DEHP degradation by strain RL-HYO01
indicated that the process followed the modified Gompertz model well (R>=0.9998). The metabolic
intermediates of DEHP in strain RL-HYO01 were identified by UHPLC-MS/MS and the metabolic
pathway was proposed. DEHP was transformed into PA by p-oxidation and de-esterification which was
further utilized by gentisate branch of the f-ketoadipate pathway, which has not been reported in PAEs-
degrading isolates. Finally, the bioaugmentation of strain RL-HYO01 with synthetic DEHP-contaminated
marine samples was performed and strain RL-HY 01 could remove DEHP from these samples efficiently,
with a maximum DEHP degradation percentage of 92.5 (50 mg/kg, 21 d). These results might advance
our understanding about the fate of PAEs in marine ecosystem and also provide an efficient degrader for

developing bioremediation strategies for PAEs-polluted marine sites.
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