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ABSTRACT  

  
  

Arsenic (As) is a ubiquitous toxic metalloid, and its pollution has been reported in soil, surface 

water, groundwater and sediment worldwide. Additionally, micro-plastics (MPs) are an 

emerging organic pollutant widely detected in different environments. So far, studies on the 

interfacial behaviour of As in the river sediment-water were limited. This PhD research, 

therefore, aims to explore the adsorption and desorption processes and interfacial behaviour of 

As in the contaminated water-sediment system. The kinetic and isotherm sorption models are 

used to estimate the sorption behaviours of As(III) and As(V), while various surface 

characterisation methods are applied to understand the interactions between As species with 

adsorbent surface and the transformation among As species. 

Firstly, the adsorption and desorption of As(III) on river sediment (RS) were investigated 

under various environmental conditions and sediment characteristics. Higher As(III) and As(V) 

adsorption on RS was found in acidic to neutral conditions and on smaller size fractions of 

sediment. The monolayer maximum surface adsorption (qm) of As(V) (210.0 mg/kg) was 

higher than that of As(III) (201.7 mg/kg). The FTIR results showed the changes in surface 

functional groups of river sediment before and after adsorption, indicating that Fe–O/Fe–OH, 

Si(Al)–O, –OH and –COOH functional groups were predominantly involved in As(III) and 

As(V) adsorption on sediment surface.  

Secondly, the adsorption of As(III) and As(V) on polystyrene (PS) and low-density 

polyethylene (LDPE) in deionized (DI) water and simulated river water (RW) conditions were 

investigated by using bead MPs. Physisorption was the main mechanism involved in the 

adsorption processes based on the isotherm modelling. Moreover, the interactions between As 

species and PS and LDPE mainly occurred on the carboxyl and hydroxyl groups of adsorbent 



xvii 
 

surfaces, whilst electrostatic force and non-covalent interaction played an important role in the 

adsorption mechanism of As(III) and As(V) on PS and LDPE. 

Furthermore, the sorption behaviour of As(III) and As(V) was evaluated by using 

mixtures of sediment with PS or LDPE and DI water or RW. The amounts of As(III) and As(V) 

adsorbed in RW solution with the presence of PS and LDPE were lower than those in sediment 

only, suggesting that PS and LDPE may inhibit sediment adsorption of As(III) and As(V). The 

desorption process showed a positive impact of RW in the release of As(III) and As(V) into 

the water phase. This study provided valuable information on the sorption behaviour and 

mechanism of inorganic As species in the simulated river system.  

 

 
 



  

 
 

 
 
 
 
 
 
 
 
 
 
 

CHAPTER ONE:  
 

INTRODUCTION 
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1. CHAPTER ONE: INTRODUCTION 

 

1.1. Background 

Arsenic (As) received significantly higher concern than other metals because it is a notorious 

trace metalloid in the environment and can be toxic and carcinogenic for human health (Jiang 

et al., 2018). A substantial number of studies have investigated all aspects of As including the 

sources of As exposure, speciation, contamination, mobility and transport, exchanged ion, 

modelling, treatment methods and its toxic characteristics in terms of carcinogenic and non-

carcinogenic effects for human health and environment (Smedley and Kinniburgh, 2002). The 

concentrations of As in contaminated groundwater varied between 0.5 and 5,000 μg/L 

(Ravenscroft et al., 2009), whilst the average of As concentration in polluted river water was 

0.8 μg/L and ranged from 0.1 to 2.1 μg/L (Singh et al., 2015). For example, high As 

concentrations in water of Mole River, New South Wale, Australia was high as 13,900 μg/L 

due to mining activities (Ashley and Lottermoser, 1999). According to Stafilov et al. (2010), 

average As concentration in European soil was 7.0 mg/kg and reached to 18,100 mg/kg in 

lower Silesia, Southwestern Poland in soil of Au-enriched me-allogenic zones (Karczewska et 

al., 2007). As releasing to groundwater or surface water poses a major environmental problem 

(Dousova et al., 2012).  

As derives from either natural source (e.g. rocks) or anthropogenic activities (e.g. 

industry and agriculture) (Patel et al., 2005). As can be released into the atmosphere via fossil 

fuel combustion, agricultural activities (e.g. spraying of pesticides and fertilizers), emissions 

associated with metallurgical activities, and tannery industries (Dousova et al., 2012). 

Anthropogenic activities were the main sources of elevated arsenic contamination in surface 

waters (Hao et al., 2018). Many countries such as Argentina, Chile, Mexico, China, Hungary, 

Bangladesh, India and Vietnam face with high As contaminated-groundwater for the purposes 
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of drinking and irrigation (Singh et al., 2015). As present in stream sediments can be derived 

from both natural and anthropogenic sources. Erosion process can provide As contamination 

in sediments from upper to lower streams (Polizzotto et al., 2008). However, mining activities 

causing the weathering of sulphide minerals are considered as the largest subsoil sources of 

As.  

 

Figure 1.1. Forms of As species in Eh-pH diagram (Smedley and Kinniburgh, 2002). 

 

Arsenic exists in various inorganic and organic forms (Carlin et al., 2016). Inorganic 

arsenite and arsenate are the major compounds in water bodies and sediments of rivers. As(V) 

is the most dominant form in water, whilst As(III) is predominant in reduced redox 

environment (Even et al., 2017; Gorny et al., 2018). As speciation are controlling by the 

important environmental factors of redox potential (Eh) and pH (Smedley and Kinniburgh, 

2002). HAsO4
2- becomes dominant at pH ≥ 7, H2AsO4

- is dominant at pH < 7, while H3AsO4 

and AsO4
3- occur in extremely conditions (Figure 1.2). 
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Figure 1.2. Effects of pH on As(III) and As(V) speciation (Smedley and Kinniburgh, 2002). 

 

The extent of As contamination in soils, stream sediments, groundwater, surface water 

(rivers, lakes and estuaries) depends on its source, microbial activity and the physiochemical 

characteristics of solid-aqueous phases (Dousova et al., 2012; Smedley and Kinniburgh, 2002). 

Concentration of As in the stream sediments ranges from 1-15 mg/kg (Plant et al., 2005). 

Cullen and Reimer (1989) indicated that As(V) predominates in the oxic surface layer, whilst 

the less stable As(III) prevails in the anoxic zone. The variations of As concentrations depend 

on the changes in the surface layer of sediments, the level of stratification, temperature and 

flow dynamics of the overlying water column (Postma et al., 2010). Natural organic matter 

plays a key role in As mobility while redox conditions control the regulating arsenic dynamics 

in the aquatic systems (Dousova et al., 2012). 

Recently, microplastics (MPs) have received increasing attention as they are considered 

not only as pollutants in aquatic systems but also as the adsorbents in terms of the association 

with As and other heavy metals. MPs are currently concerned as an emerging aquatic pollutant 

in freshwater systems due to high densities and ecological effects (Rodrigues et al., 2018; Shen 

et al., 2021). The presence and content of MP in the ecosystems such as marine, lake and river 
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waters and sediments have been widely investigated (Galafassi et al., 2019). MPs have been 

detected in river water bodies in various physical conditions including shapes (fragments, 

pellets, fibres, films and foam), colours (white, transparent, black, red, yellow, green) and types 

(primary and secondary). Polyethylene (PE), polypropylene (PP), polyvinyl chloride (PVC), 

polystyrene (PS) and polyethylene terephthalate (PET) were found as the major groups of MPs 

(Andrady and Neal, 2009). Mass abundance of MPs in river waters were reported as high as 

152 mg/m3 in Tamsui River, Taiwan (Wong et al., 2020), followed by Antuã River, Portugal 

and Dongjiang River, China, at 62 and 51.7 mg/m3, respectively (Fan et al., 2019; Rodrigues 

et al., 2018). High mass contents of MPs in river sediments were found in Rhine River 

(Germany) 932 mg/kg (Klein et al., 2015), Tet River (France) 458 mg/kg (Constant et al., 2020) 

and Brisbane River (Australia) 129.2 mg/kg (He et al., 2020a). Another concern related to MPs 

is that they can adsorb and convey metal ions in river and marine systems. Significant 

concentrations of metals on natural and aged MPs were reported including Al, Cr, Cu, Fe, Mn, 

Ti and Zn (He et al., 2020b; Vedolin et al., 2018; Wang et al., 2017). Dong et al. (2019 and 

2020) conducted the kinetic and isotherm adsorption of As(III) onto different types of MPs. 

Adsorption of As(III) on polytetrafluoroethylene (PTFE) and PS influenced by controlling 

factors including pH, temperature, interfering nitrate and phosphate ions. The effects of pH, 

SSA, NO3
- and PO4

3- on adsorption of As(III) on MPs were similar to soils and sediments. 

Polarity, morphology and organic polymer composition also enhanced heavy metals adsorption 

on MPs (Ahmed et al., 2021; Godoy et al., 2019). Adsorption of As(III) on MP surface 

primarily occurs via hydrogen bond of carboxyl group, while electrostatics forces and non-

covalent are the main interactions of adsorption mechanisms (Dong et al., 2020). However, one 

question is concerning how As interacts with different adsorbents in environments such as 

sediments and MPs, in river water (RW) or seawater. Sediment is a vital compartment in river 
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systems, and works as a sink of metals, MPs and other pollutants (Jahan and Strezov, 2018; 

Nematollahi et al., 2021). 

The interfacial behaviour of As (both As(V) and As(III)) in the stream sediments–water 

interface under different environmental factors (pH, MPs and sediment properties), including 

the sorption kinetics, isotherm and mechanisms should be studied to develop a better 

understanding. The research questions of this study are: 

• Research question 1. What is the predominating adsorption behaviour of As in the 

river/sediment systems under various controlling factors? 

• Research question 2. What is the As adsorption and desorption mechanism at the 

sediment-water system? 

• Research question 3. How do the interactions among As, MPs and river sediment 

capture or release As in sediment-water system?  

  

1.2. Research Objectives 

This study principally aims to explore the adsorption and desorption processes and interfacial 

behaviour of arsenic in the contaminated river water-sediment systems. To achieve the overall 

aim, three specific objectives have been set out: 

 (i) Assess the adsorption and desorption processes and interfacial behaviour of inorganic 

As species in the water-sediment system, and the effects from environmental factors including 

pH, initial As concentrations in solution, sediment and river water characteristics.  

(ii) Evaluate the adsorption behaviour and mechanism of inorganic As species on selected 

MPs.  

(iii) Investigate the behaviour and mechanism of interactions among sediments, MPs 

with inorganic As species, in distilled water and river water systems.  
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1.3. Research significance 

This research was to explore the sorption capacities of selected RS and MPs for As(III) and 

As(V) under various controlling factors including environmental parameters (pH, initial As 

concentrations, DI water, RW) and adsorbents characteristics (sediment organic matter and 

fraction sizes, different types of MPs). The study provided valuable information on the impacts 

of RS on sorption behaviour and mechanism of As(III) and As(V) in the simulated river system. 

PS and LDPE play significant roles in capturing As(III) and As(V), as well as how they worked 

with RS for sorption of As species were discussed for feasible management of As contaminated 

water-sediment in river. The results are valuable for assessing the long-term fate and 

management of As contaminated river systems. 

RS, PS and LDPE play significant roles in the adsorbing or transporting As(III) and 

As(V) in the rivers. In contrast, RW enhanced As releasing into the water bodies, but had a 

negative impact on the adsorption of As(III). Among different batch essays studied in this 

work, DI water provides better adsorption affinity of adsorbents for As(III) and As(V) because 

it does not own any controlling element itself, while the effects of RW were still complicated. 

 

1.4. Thesis Outline 

This thesis consists of seven chapters as follows: 

Chapter 1 is the introduction chapter, identifying the research problem and research 

objectives. The main tasks to achieve the objectives and scope of this research are also 

described in detail. Chapter 1 explains the PhD research's background and significance. 

Chapter 2, named “literature review”, reviews the degrees of As contamination in soils 

and sediments, effects of controlling factors on arsenic adsorption/desorption behaviours are 

discussed. Additionally, the issues of MP contamination in river systems as well as how they 
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interact with arsenic are also reviewed. Subsequently, the key findings from the literature 

review are summarized and research direction is introduced. 

Chapter 3, named “materials and methodologies”, provides information about the main 

materials and methodologies used in this study.  

Chapter 4, titled with “Adsorption-desorption of arsenic species on river sediments on 

the associated mechanism”, examines the interactions of inorganic As species with river 

sediments under various controlling factors.  
Chapter 5 explores “adsorption of arsenic species on distilled and river water”. This 

chapter focussed on the behaviours of As(III) and As(V) adsorption on PS and LDPE pellets 

under different solutions.  

Chapter 6 titled with “adsorption-desorption of arsenic species on river sediment and 

microplastics”, discuss how arsenic adsorbs on or desorbs from sorbents in the presence of both 

river sediment and PS or LDPE with the assessment of sorption mechanisms.  
Chapter 7 summarizes significant findings of this work for sorption behaviours and 

mechanisms of As(III) and As(V) by using sediment and MPs as the adsorbents, as well as 

recommendations for future study. 
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2. CHAPTER TWO: LITERATURE REVIEW 

 

2.1. As contamination and adsorption in soils and sediments 

Section 2.1 covers the contents of a published review paper: Kien Thanh Nguyen, Mohammad 

Boshir Ahmed, Amin Mojiri, Yuhan Huang, John L. Zhou, Donghao Li (2021) Advances in 

Arsenic contamination and adsorption in soil for effective management. Journal of 

Environmental Management, 296: 113274. 

 

 

2.1.1 Background 

As contamination in soils, water and plants is widely reported (Selim, 2013). This notorious 

trace metalloid has received heightened concern than other heavy metals due to its toxicity and 

carcinogenicity to humans (Hayat et al., 2017; Johnston et al., 2020). Environmental problems 

related to As are caused by the mobilization under natural conditions as well as through a range 

of anthropogenic sources such as mining and agricultural activities, and fossil fuel combustion 

(Ungureanu et al., 2015). As a result, As pollution occurs widely in the environment including 

soil, surface water (e.g., lakes, rivers), groundwater and sediment worldwide (Nguyen et al., 

2019).  

There are four valence states of As in nature including -3, 0, +3 and +5 with both organic 

and inorganic species (Basu et al., 2014; Wang and Mulligan, 2006a). However, As(III) and 

As(V) commonly occur in natural sediment-water systems (Baviskar et al., 2015). As(III) 

contents varied from < 5% to 40% of total As in railway soils in South Australia, although the 

source of As(III) was not provided (Smith et al., 2006). As(V) is the most abundant form of As 

in soil under Eh > 200 and pH 5-8 conditions (Akter et al., 2006; Álvarez-Benedí et al., 2005). 

The main forms of As(V) species in solution are H2AsO4
-, HAsO4

2- and AsO4
3-, while As(III) 
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is mainly dissociated (Álvarez-Benedí et al., 2005; Martin et al., 2014) and easily mobilize. 

The toxic level of As(III)  is estimated as 100 times as As(V) (Akter et al., 2006; Maji et al., 

2007), and occurs in solution as H3AsO3 and H2AsO3
-. The solution pH affects the dissociation 

hence the sorption rates of As species, with As(V) sorption decreasing while As(III) sorption 

increasing with pH increases (Álvarez-Benedí et al., 2005; Antelo et al., 2005). Methylated is 

the major species of organic forms and may contribute substantial amounts in soils (Alloway, 

2012). Table 2.1 summarizes the structures and the acid dissociation constant (pKa) of 

inorganic and organic As species. 

 

Table 2.1. Physiochemical properties of As species. 

Arsenic species Dissociation reaction and structure pKa 

Inorganic arsenate 

(As(V)) 

H3AsO4 + H2O = H2AsO4
- + H3O+ 

H2AsO4
- + H2O = HAsO4

2- + H3O+ 

HAsO4
2- + H2O = AsO4

3- + H3O+ 

pKa1 = 2.20a  

pKa2 = 6.97a 

pKa3 = 11.53a 

Inorganic arsenite 

(As(III)) 

H3AsO3 + H2O = H2AsO3
- + H3O+ 

H2AsO3
- + H2O = HAsO3

2- + H3O+ 

HAsO3
2- + H2O = AsO3

3- + H3O+ 

pKa1 = 9.23a 

pKa2 = 12.13a 

pKa3 = 13.40a 

Dimethylarsinic acid 

(DMA) 

As(CH3)2(OH)O + H2O = As(CH3)2O2
- + H3O+ pKa = 6.20b 

Monomethylarsonic 

acid (MMA) 

As(CH3)(OH)2O + H2O = As(CH3)(OH)O2
- + H3O+ 

As(CH3)(OH)O2
- + H2O = As(CH3)O2

2- + H3O+ 

pKa1 = 4.10b 

pKa2 = 8.70b 

Arsenobetaine 

(AsB) 

(CH3)3CH2AsO2
- pKa = 2.18b 

a. Wilson et al. (2010); b. Wilson et al. (2010). 

 

Although there are several processes of As transportation in soil, adsorption is the 

predominant process regulating As transport in aqueous systems (Stollenwerk, 2005), 

including the mobility, fate and bioavailability (Dousova et al., 2012; Farrell, 2017; Gedik et 
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al., 2016; Luo et al., 2019). Adsorption process and its mechanisms can be well explained with 

different isotherm models although As adsorption is greatly influenced by many factors 

including soil properties, As concentrations, and environmental factors such as pH 

(Aksentijevíc et al., 2012; Foo and Hameed, 2010). Previous studies have summarized the 

influence of various parameters from both soil properties and environmental conditions on As 

adsorption. For instance, Akter et al. (2006) reviewed how As adsorption and desorption 

processes affected the biological availability of inorganic As species in soils. The sources, 

behaviour, distribution, toxicity and remediation technologies of As in natural water worldwide 

were summarised by Basu et al. (2014) and Smedley and Kinniburgh (2002), while Smith et 

al. (2003) reported sources of As in natural environments and the exposure pathways in 

Australia. Wilson et al. (2010) provided a summary of As adsorption on soils including the 

effects of clay minerals, oxides and hydroxides, organic matter as well as the adsorption 

mechanisms.  

 

2.1.2. As concentrations in highly contaminated river waters, sediments and soils 

Baseline concentrations of As in rivers varied from 0.1-2.0 μg/L (Smedley and Kinniburgh, 

2002). Figure 2.1a shows the highest levels of As pollution in rivers/creeks for each selected 

country from previous studies. The mean concentrations of As in polluted rivers varied from 

15.6 µg/L in Simav River, Turkey to 125.5 µg/L in Slate Creek, USA, while the minimum and 

maximum concentrations in these selected rivers ranged at 0.2-28 µg/L and 20.2-239 µg/L. 

The sources of As pollution were different among rivers. Urban rivers receiving domestic raw 

sewage, household waste and industrial waste were found in Korotoa River, Bangladesh and 

Nhue River, Vietnam (Islam et al., 2015; Nguyen et al., 2019). Agricultural activities were 

considered as the main source of pollution in Claromecó stream, Argentina (Sosa et al., 2019). 

Mining sites were dominant sources that caused the most serious pollution of As in rivers such 
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as Hengshi River (China), Bournac Creek (France), Simav River (Turkey), and Slate Creek 

(USA). High As concentrations in rivers also derived from multi-sources including urban, 

agricultural and industrial wastewater such as Korotoa River in Bangladesh (Islam et al., 2015) 

and Haraz River in Iran (Nasrabadi, 2015). 

Sediments can be considered as both carriers and sinks for contaminants in aquatic 

environments (Singh et al., 2005; Zhou et al., 2018). Minimum, average and maximum 

concentrations of As in sediments ranged at 1.8-8820, 5.9-32600 and 12.44-275000 mg/kg, 

respectively (Figure 2.1b). A wide range of sources contributed to high As contamination in 

river sediments such as urban wastewater (Karnaphuli River, Korotoa River in Bangladesh and 

Zarringol River in Iran) (Ali et al., 2016; Islam et al., 2015; Malvandi, 2017), industrial 

activities at Liaohe River (Ke et al., 2018) and Yangtze River (Yang et al., 2009), mining 

activities (Mole River in Australia, Bournac Creek and Presa River in France, mining 

Endeavour Inlet in New Zealand, Zlata Idka in Slovakia, Tigris River in Turkey, and Slate 

Creek in USA) (Casiot et al., 2007; Rapant et al., 2006; Ritchie et al., 2013; Varol and Şen, 

2012; Wilson et al., 2004) or multi-sources of urban and agricultural activities, industrial and 

mining sites (Zhaosu River in China, Danube River in Europe, Gironde Estuary in France, 

Dokai Bay in Japan, Tisza River in Serbia, and To Lich River in Vietnam) (Gao, 2018; 

Kadokami et al., 2013; Larrose et al., 2010; Nguyen et al., 2016; Štrbac et al., 2017; Thuong et 

al., 2013; Woitke et al., 2003). 
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Figure 2.1. The mean As concentrations in contaminated river waters (a), river sediments (b) 

and soils (c). worldwide. 

 

The background concentration of As in natural uncontaminated soils varies from 5.0 

mg/kg to 7.5 mg/kg (Zhang et al., 2006) and from 42 mg/kg to 4530 mg/kg for polluted soils, 

while the earth’s crust has the average concentration of As at 1.8 mg/kg (Wang and Mulligan, 

2006a). In comparison, the average As concentrations in soil ranged between 8 mg/kg and 

82000 mg/kg in contaminated soils, although concentrations as high as 116000 mg/kg were 
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also reported (Figure 2.1c). The lowest mean concentrations of As (Figure 2.1c) from the soil 

in the United States varies in the range of 0-174 mg/kg (Masri et al., 2021). The concentrations 

of As in agricultural soils, China was high as 6402 mg/kg (Jia et al., 2021), and were reported 

at 153-294 mg/kg in the mining soils from China. Overall, these Chinese soils were considered 

as slightly to moderately polluted by As compared to background concentration of As globally 

(Zhang et al., 2006) as well as exceeding the risk screening values in China at 40 mg/kg (Cao 

et al., 2021). The agricultural soils in Bangladesh were slightly polluted by As, being at 20.3 

mg/kg of average As concentration (Figure 2.1c). The natural activities were again found as 

the main sources of As pollution in South America, with the mean concentration being 34 

mg/kg (Tapia et al., 2019). The repeated applications of herbicides in a large area in South 

Australia were the reason leading to high level of As contamination in soils (35-545 mg/kg, 

mean = 133 mg/kg) (Smith et al., 2006), with a correlation between high concentrations of both 

As and iron (Fe) oxide content in soils (r2 = 0.57), and As(III) contributed to 40% of the total 

As concentration in soils. As concentration in the Austrian Central Alps varied in the range 1-

3000 mg/kg with the mean concentration of 77.1 mg/kg caused by mining, smelter activities 

and geogenic mineralization (Wenzel et al., 2002). The mine soils from the European countries 

were reported with mean As contaminations reaching over 500 mg/kg including Ouche mine 

soil in France (593 mg/kg), Losacio mine soil in Spain (508.5 mg/kg), and up to 892.7 mg/kg 

for Zlata Idka village in Slovakia (Rapant et al., 2006). In contrast, As concentrations in soils 

from the Turkonu Hg mine in Turkey were low at 6.9-65.2 mg/kg (Gemici and Tarcan, 2007), 

compared to other soils polluted by mining activities. The highest degree of As in contaminated 

soils was reported by Osuna-Martínez et al. (2021), with average As concentration of 82000 

mg/kg in Aurora Chihuahua soils, followed by subsoils (54000 mg/kg) in Iran (Gerdelidani et 

al., 2021) and Aurora mine (18046) in Mexico (Carrillo-Chávez et al., 2014) due to mining 

activities. Consequently, different soils studied in those reports can be defined as slightly 
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polluted by As in Bangladesh, China, Czech Republic, Nigeria, South America, Turkey and 

United States, to moderately polluted in Australia, Austria and Belgium, and highly polluted 

in France, Iran, Mexico, Poland, Slovakia and Spain because their As concentrations all 

exceeded the level of uncontaminated soils at 6.0 mg/kg (Casado et al., 2007). It can also be 

concluded that the highest contamination of As in soils was caused by mining, followed by 

agricultural activities. 

 



  

 
 

Table 2.2. Detailed information and references of As contamination in river waters, sediments and soils. 

No. 
 

Country 
/Region 

Reference No. 
 

Country /Region Reference 

 
River water 

   
Soils 

  

1 Simav River Turkey Gemici et al. (2008) 1 Seven land use USA Masri et al. (2021) 
2 Hengshi River China Liao et al. (2017) 2 Mercury mine Turkey Gemici and Tarcan (2007) 
3 Nhue River Vietnam Nguyen et al. (2019) 3 Irrigated  Bangladesh Bhuiyan et al. (2021) 
4 Karnaphuli River Bangladesh Ali et al. (2016) 4 Agricultural China Jia et al. (2021) 
5 Korotoa River Bangladesh Islam et al. (2015) 5 Contaminated Belgium De Brouwere et al. (2004) 
6 Bournac Creek France Casiot et al. (2007) 6 Metal mining Nigeria Orosun (2021) 
7 Claromecó stream Argenina Sosa et al. (2019) 7 Central Alp Austria Wenzel et al. (2002) 
8 Slate Creek USA Ritchie et al. (2013) 8 Andes Volcanic S. America Tapia et al. (2019) 
9 Presa River France Culioli et al. (2009) 9 Former railway Australia Smith et al. (2006)  

River sediment 
  

10 Mining China Cao et al. (2021) 
1 Danube River Europe Woitke et al. (2003) 11 Floodplain Czech Republic Kebonye et al. (2021) 
2 Liaohe River China Ke et al. (2018) 12 Farmland China Dong et al. (2021) 
3 Dokai Bay Japan Kadokami et al. (2013) 13 Losacio mining Spain Casado et al. (2007) 
4 Gironde Estuary France Larrose et al. (2010) 14 Old mining France Jana et al. (2012) 
5 ZarrinGol River Iran Malvandi (2017) 15 Agriculture Iran Rezaei et al. (2019) 
6 Karnaphuli River Bangladesh Ali et al. (2016) 16 Mining waste Slovakia Rapant et al. (2006) 
7 Korotoa River Bangladesh Islam et al. (2015) 17 Former mining France Lebrun et al. (2021) 
8 Endeavour Inlet New Zealand Wilson et al. (2004) 18 Mine waste Mexico Carrillo-Chávez et al. (2014) 
9 Zhaosu River China Gao (2018) 19 Historical mining soils Poland Szopka et al. (2021) 
10 Zlata Idka Slovakia Rapant et al. (2006) 20 Agricultural Iran Gerdelidani et al. (2021) 
11 Hengshi River China Liao et al. (2017) 21 Mining zone Mexico Osuna-Martínez et al. (2021) 
12 Bournac creek France Casiot et al. (2007)     
13 Slate Creek USA Ritchie et al. (2013) 

    

14 Stream in Beydag Turkey Gemici et al. (2008) 
    



  

 
 

2.1.3. As adsorption by soils and sediments 

Soils and sediments have received increasing attention as a natural sorbent in As sorption 

studies. The mobility, toxicity, fate and bioavailability of As in solid-water-plant systems are 

mainly controlled by the adsorption-desorption processes on soils or sediments. Soil/sediment 

properties would strongly affect the adsorption and desorption of As (Gedik et al., 2016; Huling 

et al., 2017; Selim, 2013; Xie et al., 2018b), whilst other parameters including ionic strength 

and competing anions (Williams et al., 2003), initial solute concentration of As, adsorbent 

dosage and reaction time (Matouq et al., 2015), and As speciation (Lombi and Holm, 2010) 

have also shown influence on As(V) adsorption. 

 

2.1.3.1. Soil/sediment pH 

Soil/sediment pH is considered as one of the most important parameters in As adsorption, and 

the relationship between solid pH values and As adsorption has been widely investigated 

(Arco-Lázaro et al., 2016; Campbell et al., 2014; Ma et al., 2015). Soil pH plays an important 

role in As adsorption due to its effect on As speciation and the charge of solid particle surfaces 

(Gitari and Mudzielwana, 2018; Huang et al., 2013). As(V) adsorption decreased significantly 

while As(III) adsorption increased with the pH increase on soils (Álvarez-Benedí et al., 2005; 

Deng et al., 2018; Fan et al., 2020). Adsorption of As(V) is extremely dependent on pH values 

(Williams et al., 2003), and increasing pH can cause an increase in repulsion of the soil surface 

to arsenate, resulting in the decrease in arsenate adsorption (Jiang et al., 2017). On the other 

hand, As(III) adsorption was highly favoured on positively charge sites in soil through 

electrostatic attraction under the acidic condition (Xu et al., 2009). It was suggested that As(V) 

adsorption exhibited a maximum adsorption around pH 6-7, and then decreased with further 

increase in solution pH (Goldberg et al., 2005). A study on the adsorption-desorption of As(V) 

in three Spanish soils showed that pH values slightly reduced during the As adsorption 
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experiments and pH was more important on As(V) sorption at high concentrations and for 

variations of several pH units (Álvarez-Benedí et al., 2005). Figure 2.2a illustrates the 

maximum adsorption of As(III) on a tropical soil increased from 150 mg/kg to 230 mg/kg when 

pH was increased from 3 to 7 (Goh and Lim, 2004), and reached the peak of 180.8 mg/kg at 

pH 7.09 for irrigated soil (Huang et al., 2013). The adsorption of As(V) on surface paddy soil 

(Jiang et al., 2017), in contrast, decreased from 1875 mg/kg (pH 3) to 1275 mg/kg (pH 5.5), or 

reached the maximum of 337 mg/kg at pH 4.5 for tropical soil (Figure 2.2b). The fact that soil 

surface positive charge density decreased with the increase in pH could be due to the increasing 

amount of the OH- ions, resulting in decreasing adsorption (Goh and Lim, 2004). Moreover, 

Jeppu and Clement (2012) successfully incorporated sand pH value as a dependent variable of 

the modified Langmuir-Freundlich (MLF) isotherm equation for predicting As(V) adsorption 

onto pure goethite and goethite-coasted sand sorbents. On the other hand, pH may not be 

considered as a main factor affecting As sorption capacities (Alloway, 2012), and the impacts 

of soil pH on As adsorption were difficult to conclude (Jiang et al., 2005b). The adsorption 

capacity of As(V) on iron ore reached a maximum of 400 mg/kg at pH 4.5-6.5 (Zhang et al., 

2004). Although Alloway (2012) suggested that pH had small influences on As(V) adsorption, 

Figure 2.2(a and b) indicated that soil pH had significant effects on the As(III) and As(V) 

adsorption on soils. 
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Figure 2.2. Effects of pH on (a) As(III) adsorption on tropical soil (Goh and Lim, 2004) and 

irrigated soil (Huang et al., 2013); b) As(V) adsorption on tropical soil (Goh and Lim, 2004) 

and surface paddy soil (Jiang et al., 2017). 

 

2.1.3.2. Clay minerals 

Clay minerals have a significant influence on As sorption in soils/sediments due to their unique 

physicochemical properties such as chemical and mechanical stability, large specific surface 

area, high charge density, layered structure and high cation exchange capacity (Gitari and 

Mudzielwana, 2018; Mukhopadhyay et al., 2017). The large total surface area is one essential 

property of clay minerals (Gitari and Mudzielwana, 2018) which represents the sum of external 

surface area and the internal surface area corresponding to the interlayer spaces (Jlassi et al., 

2017), which allows clay minerals to adsorb water and environmental contaminants. Macht et 

al. (2011) expressed that the specific surface area of natural particles is an important factor in 

quantifying processes of sorptive interactions in soils. For example, the adsorption capacities 

of total As on three soils increased with an increase of soil surface area (Figure 2.3). Similarly, 

Xie et al. (2018b) found that As(III) and As(V) adsorption capacities decreased with the 

reduction of sediment clay content, with S3 (45.5% clay) > S2 (11.0% clay) > S1 (7.2% clay), 

as shown in Figure 2.4. The role of clay content would enhance As(V) adsorption on the low-
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energy surface because the behaviour of As on clay minerals is similar to that on the oxides 

(Goldberg, 2000), and large surface areas and active sites of clay minerals would provide a 

high capacity for As adsorption (Jiang et al., 2005b). Foroutan et al. (2019) reported the highest 

adsorption of As(V) on natural clay (~94%) at pH 3-4, which decreased to under 30% when 

pH was 9.0; the results were explained by the interactions between As(V) ions with hydroxyl 

ions in aqueous media. According to Gitari and Mudzielwana (2018), the adsorption of As(III) 

was via physisorption and occurred on the outer layer surface complex of the adsorbent while 

As(V) adsorption was via chemisorption and occurred in the inner layer surface complex of the 

adsorbent. 

 

Figure 2.3. Effects of surface area of clay minerals and SOM on the adsorption of total As on 

soils (Feng et al., 2013). 

 

The reaction of physical adsorption occurs rapidly on the surface of adsorbents with low 

enthalpy and creating multilayer formation. In contrast, chemical adsorption reacts slowly and 

irreversibly, having high enthalpy and monolayer formation. Similarly, Fan et al. (2020) 

suggested that the chemisorption process of As(V) adsorbed on the black soil occurs because 
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adsorbent and adsorbate share or exchange their electrons. Therefore, As adsorption will be 

favoured in terms of clay minerals in soils (Arco-Lázaro et al., 2016). 

 

2.1.3.3. Soil organic matter (SOM) 

The release of As from soils to the solution is mainly controlled by SOM (Wang and Mulligan, 

2006a). SOM strongly interacts with As and affects its species and mobility in aquatic 

environments (Wang and Mulligan, 2006a). Varsányi and Kovács (2006) suggested that there 

was a correlation between total As and particulate organic carbon with low contents of 

extracted Fe (4.91 g/kg) and organic carbon in soil (0.04%), while no correlation was observed 

with higher concentration of extracted Fe (7.75 g/kg) and organic carbon content (0.09%). 

Jiang et al. (2005b) found that dissolved SOM reduced As(V) adsorption on both high- and 

low-energy surfaces of soil adsorption sites. It is postulated that dissolved organic matter 

competed with As for adsorption to mineral surfaces or formed complexes with As(V); 

however, the percentage of As retention on natural organic matter was low (Wilson et al., 

2010). High stability of As in ionic solutions was due to the prevented aggregation of OM 

leading to the balanced distribution of surface charge, and expressed that As(V) released from 

soils was controlled by organic matter regardless of the adsorption mechanism (Grafe et al., 

2011). Similarly, Feng et al. (2013) and Wang and Mulligan (2006b) pointed out that the 

content of SOM had great potential effects on As adsorption behaviour due to its interactions 

with mineral surfaces and/or with As itself. Figure 2.3 shows that the total As maximum 

adsorption capacity (qm) on three Chinese soils increased with a decrease of SOM. It was 

suggested that a portion of As was bound to SOM during As adsorption on humic acids through 

positively charged amine groups (Varsányi and Kovács, 2006), resulting the negative impact 

of SOM on As adsorbed on soils (Huang et al., 2013). 
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2.1.3.4. Bacteria 

Bacteria can affect As adsorption because they can resist As(V) toxicity by reducing 

intracellular As(V) to As(III) (Wang and Mulligan, 2006b). Microbial redox cycling 

contributed to the acceleration of the kinetics of As(III) oxidizing or As(V) reducing reactions 

(Campbell et al., 2014), which affect the speciation of As in the environment. Furthermore, 

Wang and Mulligan (2006b) suggested As(V) can be used as an electron acceptor of anaerobic 

microorganisms for the oxidation of organic matter or H2 gas. Xie et al. (2013) found that the 

rate of growth inhibition of bacteria increased with the increasing initial As(V) solution during 

4-day reaction time (Figure 2.4a). They found that the highest inhibition rates occurred on the 

second day of exposure, being 24.5% and 40.8% with As(V) concentration of 800 and 1600 

µg/L, respectively, which gradually decreased to 4.6% and 18.3% at the end of reaction. The 

authors suggested that the presence of As(V) deeply affected the growth of parts of bacterial 

cells till the second day of exposure, and then most of the organisms had been adapted to the 

As(V) stress environment, resulting in a decrease in the growth inhibition rates to their lowest 

levels (Xie et al., 2013). In turn, As adsorption on sediment particles was influenced by the 

presence of bacteria (Xie et al., 2018b). As shown from Figure 2.4b, the adsorption occurred 

rapidly during the first 7-days, and then gradually increased at the end of exposure. For 

instance, the estimated As(III) concentrations in these three soils were 12.5 mmol/kg, 17.1 

mmol/kg and 18.5 mmol/kg at the first day, and reached 15.7 mmol/kg, 22.5 mmol/kg and 26.2 

mmol/kg at 28 days for S1, S2 and S3, respectively. The results for As(V) at the first day were 

15.5 mmol/kg, 24.5 mmol/kg and 25.5 mmol/kg, and 28.1 mmol/kg, 44.3 mmol/kg and 51.3 

mmol/kg at 28 days, respectively. It also can be found that amounts of As(III) and As(V) 

adsorption on the S3 were significantly higher than those of S1 and S2 at any time of reaction 

time. It would be suggested that S3 contained higher amount of clay content (45.5%) and Fe2O3 

(4.68%), compared to S1 (7.2% clay, 3.16% Fe2O3), and S2 (11.0% clay, 3.95% Fe2O3). These 
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soil properties can enhance the adsorption of As on soil. Xie et al. (2013) suggested that bacteria 

can change their shape, activate detoxifying processes and strengthen antioxidant defence 

systems in order to adapt to an environment with high As contamination. It can be concluded 

that bacteria could reduce the adsorption affinity of As on soils because of the reduction from 

As(V) to As(III) under the impact of bacteria, then As(III) was released from solid phase into 

solution (Xie et al., 2018b). 

 

Figure 2.4. Interactions between bacteria and As adsorption. A) Effect of As(V) on the growth 

inhibition rate of bacteria (Xie et al., 2013); b) effect of bacteria on As(V) and As(III) 

adsorption, estimated and modified from the results of Xie et al. (2018b) study. 

 

2.1.3.5. Ionic strength 

The sorption of As on soils varies among inorganic As species under the effect of ionic strength. 

The adsorption of As(V) ions increased with increasing ionic strength at pH > 5.0, but was not 

significantly affected by ionic strength at pH < 5.0 (Antelo et al., 2015). In contrast, ionic 

strength had a relatively small effect on As adsorption (Li et al., 2019; Williams et al., 2003). 

Lower As(III) adsorption and higher As(V) adsorption and on the two soils investigated under 

acidic condition due to an increase in ionic strengths (Xu et al., 2009), whilst the amount of 

adsorbed As(III) increased in high pH solution. Antelo et al. (2015) reported that the presence 
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of Ca2+ ions at relatively high pH values (> 8) increased As(V) adsorption on ferrihydrite, while 

not influenced at pH < 8.0 due to the weak adsorption of this cation. The rate of As(V) 

adsorption increased by up to 30% when the concentration of Ca2+ was increased from 0.3 to 

6.0 mM at pH 10.2.  

 

Figure 2.5. As(III) and As(V) adsorption onto soils. a) Effects of Na+ and Ca2+ (Smith et al., 

2002); b) Effects of CO3
2- and PO4

3- (Williams et al., 2003). 

 

As shown in Figure 2.5a, Smith et al. (2002) compared the effects of Ca2+ and Na+ on As(III) 

and As(V) adsorbed onto Alfisol soil, with Ca2+ having a greater influence on the adsorption 

of both As(III) and As(V) than Na+. For example, the maximum adsorption of As(III) and 

As(V) in 0.1 mmol Ca(NO3)2 was 0.50 mmol/kg and 1.85 mmol/kg, higher than 0.40 mmol/kg 

and 1.30 mmol/kg in the presence of 0.1 mmol NaNO3, respectively. In addition, Figure 2.5b 

pointed out the adsorption of As(V) was significantly higher than that of As(III). In general, 

the ionic strength had a marginally positive effect on As sorption on soils during both 

physisorption and chemisorption. 
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2.1.3.6. Anion competition 

As adsorption generally decreased with the presence of anion competition (Alloway, 2012). 

Sharing the same chemical characteristics, the presence of PO4
3- ions significantly decreased 

the adsorption of As(V) when both As(V) and PO4
3- adsorption on minerals and soils (Selim, 

2013; Williams et al., 2003) because soils and iron oxides have positively-charged surface 

(Jiang et al., 2017). As(V) adsorption on bulk soils greatly decreased within the pH range 3.0-

4.5 with the presence of phosphate (Jiang et al., 2017). The similar effect of phosphate on 

As(III) sorption was found on the Alfisol and Oxisol soils in Australia (Smith et al., 2002), in 

the conditions of initial 0.2 mmol/L As(III) concentration and the presence of phosphate, 

amount of As(III) adsorption in soil decreased from 0.38 mmol/kg to 0.1 mmol/kg at 

equilibrium. The effect of phosphate on As adsorption varied in different soils. For example, 

at As concentration of 12.0 μg/L in solution, the adsorption of As(V) on soil from Beijing 

reduced from 1.75 mg/kg to 0.75 mg and from 1.16 mg/kg to 0.33 mg/kg for As(V) when 

phosphate exists in the solution (Feng et al., 2013). Phosphate had a significantly negative 

impact on adsorption of As while sulphate and chloride contents slightly enhanced the 

adsorption. However, the concentration of PO4
3- exhibited less effect on As(V)/As(III) 

adsorption on soil from Hainan, China (Feng et al., 2013). Other anions presenting in soil 

solutions at higher concentrations such as CO3
2-, Cl-, SO4

2-, NO3
- had a relatively small effect 

on adsorption of As(V) (Álvarez-Benedí et al., 2005; Huang, 2018; Li et al., 2019; Williams et 

al., 2003). Figure 2.5b compares the effects of CO3
2- and PO4

3- due to the anion competition 

for As(V) adsorption onto soils (Williams et al., 2003). Of different anions, it was found that 

at the various pH degrees in soils, CO3
2- slightly reduced the adsorption of As(V), while PO4

3- 

had a significant impact on As(V) adsorption, reduced by 110-128 mg/kg in the pH 4.5-8.0. 

Such results were explained by Welch and Stollenwerk (2003) as due to sulphate adsorbed via 

electrostatic attraction acting as an outer-sphere complex in the presence of net positive surface 
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charge on soil. As a result, phosphate ions have shown strongly negative influence on 

As(III)/As(V) adsorption (Zeng et al., 2012) via chemisorption while other anions reduce As 

adsorption through physisorption. 

 

2.1.3.7. Initial As concentration, adsorbent dosage and reaction time 

Adsorption of As is influenced by the contents of As concentration, adsorbent dose and reaction 

(Matouq et al., 2015). In general, increasing initial concentration of As(V) or As(III) in solution 

leads to high rate of adsorption (Wang et al., 2018). The adsorption of As(V) on sediment in 

Wuhan, China was higher than that of As(III) at high initial As concentrations, particularly 

below 3.33 μmol/L As (Wang et al., 2018). However, Yolcubal and Akyol (2008) observed the 

opposite results that the degree of As(V) sorption in carbonate-rich soils at equilibrium in batch 

experiments decreased with increase in As(V) concentrations (0.1–200 mg/L). Regarding 

adsorbent dosage, efficiency of As(V) adsorption increased from 41.32% to 94.76% and from 

47.27% to 98.82% with adsorbent concentration increasing from 0.25 to 2.0 g/L by using 

natural clay and clay/Fe-Mn composite, respectively (Foroutan et al., 2019), although no 

significant change of adsorption efficiency was observed with higher than 1.5 g/L of adsorbent 

dose. In addition, the residual As(V) concentration decreased from 1.0 mg/L to below detection 

limit when the amount of adsorbent (iron ore) was increased from 0 to 5.0 g/L (Zhang et al., 

2004).  

As adsorption from batch experiments displayed a strong time-dependent kinetic 

behaviour (Selim, 2013). Adsorption process exhibited a rapid rate at the initial stage, e.g. 

within the first 24 hours (Guo et al., 2007; Zhang et al., 2004), 48 hours (Williams et al., 2003) 

or seven days (Xie et al., 2018b), followed by a slower or stable rate over the next several 

weeks (Williams et al., 2003). Based on the laboratory batch experiments, As adsorption 

reached 99.0% and 98.7% for soils from Beijing and Hainan, but only 34.0% for soils from 
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Jilin, China after two hours of reaction. In comparison, Feng et al. (2013) and Guo et al. (2007) 

showed that adsorption capacity of As(III) was 386 mg/kg and 458 mg/kg for As(V) at 194 

hours. The adsorption amount of As(III) on irrigated soils achieved 33% within the first hour 

of contact, while further adsorption was only 9.4% in the following 23 h (Huang et al., 2013). 

 

2.1.3.8. Soil/sediment textures 

Guo et al. (2007) reported that As adsorption on the fine grains (0.10-0.25 mm) of natural 

siderite was higher than on the coarse ones due to their greater surface areas. A study by 

Álvarez-Benedí et al. (2005) also showed that the amount of As adsorbed in the sandy clay 

loam soil was significantly higher than in the loamy sand soil as a result of greater adsorption 

surface of the sandy clay loam soil. In addition, the grain size also influenced the adsorption of 

As species (Guo et al., 2007). For instance, greater As(III) adsorption occurred with the grain 

size fractions between 0.04-0.08 mm and 0.25-0.50 mm than that of As(V) while the opposite 

trend happened with the grain size fraction of < 0.04 mm. According to Xie et al. (2018b), the 

adsorption capacity decreased in accordance with particulate texture, i.e. clay loam > loamy 

sand > silty sand and As(III) had less adsorption affinity than As(V) with the activity of 

bacteria. As concentrations on the selected soils in South Australia decreased from 256-1389 

mg/kg on clay fraction (0-2 µm) to 170-675 mg/kg on sand fraction (250-2000 µm) (Smith et 

al., 2006). However, Jiang et al. (2005a, 2005b) did not observe any relationship between the 

changes of clay contents and As(V) adsorption on 16 soils in China. In addition, there was no 

significant correlation between the proportion of particulate grain size and total As content in 

the study of Varsányi and Kovács (2006). However, total As concentrations increased 

markedly with decreasing particle size with sand < silt < clay, with increasing As concentration 

generally correlated with increasing Fe concentrations (r2 = 0.57) (Smith et al., 2006). Hence, 
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more proportion of clay fraction would enhance more adsorption of As on to soils and 

sediments.  

 

2.1.3.9. As speciation 

As adsorption rates are influenced by its speciation, with faster rate for As(V) than, normally 

at lower pH, and slower and similar rate to As(III) adsorption at a higher pH of 9 were reported 

(Welch and Stollenwerk, 2003). The adsorption of As(V) on Olivier loam and Windsor sand 

soils was higher than As(III) adsorption under varying conditions of ionic strength, As 

concentration and pH (Mohan and Pittman, 2007). As(III) adsorption on tropical soils and 

goethite was less than that of As(V) (Goh and Lim, 2004; Huang, 2018). Goh and Lim (2004) 

reported that the percentages of As(III) adsorbed on the tropical soil increased from 50% after 

8h to 58% at 24h, while the figures for As(V) were 83% and 92%, respectively. Regarding As 

species, pH and redox conditions (Eh) in soil and water influenced the concentrations of As(III) 

and As(V) (Wang and Mulligan, 2006b). As(V) is dominating under the Eh > 200 mV and pH 

5-8 (Violante and Pigna, 2002), while As(III) mainly occurs in reducing conditions (Wang and 

Mulligan, 2006a). Goldberge et al. (2005) pointed out that the oxidizing redox state As(V) was 

stable in soils, and as a result, As(V) species has been widely investigated in adsorption on 

soils (Álvarez-Benedí et al., 2005; Arco-Lázaro et al., 2016; Fan et al., 2020; Farrell, 2017; 

Gedik et al., 2016; Goldberg and Suarez, 2013; Jiang et al., 2017, 2005b, 2005a; Li et al., 2019; 

Luo et al., 2019; Williams et al., 2003; Yolcubal and Akyol, 2008; Zhang and Selim, 2005). 

The adsorption-desorption mechanisms of As(III) and As(V) under different controlling factors 

have been evaluated (Deng et al., 2018; Dousova et al., 2012; Feng et al., 2013; Guo et al., 

2007; Mishra and Ramaprabhu, 2012; Qiu et al., 2018; Wang et al., 2018; Xu et al., 2009), 

although only a few studies focused on As(III) sorption (Caporale et al., 2013; Huang et al., 

2013). The mechanism for adsorption of solute by a solid surface can be used to explain the 
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difference of As speciation adsorbed on soils. There are three common adsorption mechanisms 

including outer-sphere surface complexation, physisorption inner-sphere complexation, and 

chemisorption (Welch and Stollenwerk, 2003). The complex bonds of inner-sphere are stronger 

than those of outer-sphere because the ‘electrostatic attraction between a charged surface and 

an oppositely charged ion’ in solution involved in outer-sphere is weaker than the ‘formation 

of a coordinative complex with the mineral surface’ involved in inner-sphere. Consequently, 

As(V) adsorption on soil via chemisorption is generally stronger than As(III) adsorption via 

physisorption (Ma et al., 2015). The results (Figure 2.2(a and b)) illustrate that As(V) had 

higher adsorption affinity than As(III), which agree with the results from Fendorf et al. (2010). 

 

2.1.3.10. Bioavailability of As in soils/sediments 

The bioavailability of As is dependent on several factors including soil/sediment properties, 

adsorption and desorption processes, plant species and microbial processes (Akter et al., 2006). 

The soil factors include clay content, SOM, texture, pH, Eh, cation-exchange capacity, oxides 

and hydroxides of Fe, Al and Mn (Akter et al., 2006). According to Yang et al. (2002), Fe oxide 

content and pH were the most important soil properties influencing the bioavailability of As 

on aging. They reported that high Fe oxide content and low pH (< 6) significantly caused the 

reductions of As bio-accessibility over 6 months, while As could become more bioavailable 

with soil pH > 6 over time. The study also found that the mean initial bio-accessibility of As(V) 

in 36 soils was 43.6% at the beginning of adsorption, then reduced marginally to 40.1%, 36.5%, 

35.6% and 33.0% after 1, 2, 3 and 6 months, respectively. Adsorption process is also able to 

reduce the mobility and bioavailability of As in soils. For instance, As(III) was more 

bioavailable than As(V) at higher pH due to stronger adsorption affinity of As(V) on metal 

oxides, especially Fe oxides (Akter et al., 2006). Plant species are generally able to accumulate 

part of As concentrations in soils to their root and translocate to shoot and grains (Neidhardt et 



31 
 

al., 2015). The amount of As accumulation depends on the accumulation and translocation 

ability of the plants (Huang et al., 2006). As(III) and As(V) up taking mechanisms occur in 

different ways. For example, rice plants can accumulate As(III) in their shoots through silicon 

uptake pathway (Fleck et al., 2013), while plants uptake of As(V) is through phosphate 

transport channels (Bhattacharya et al., 2021). As(III) can be removed by microorganisms such 

as bacteria, fungi and algae which can reduce As(V) to As(III) (Akter et al., 2006) and release 

As(III) from solids to solution (Xie et al., 2018b), resulting in less bioavailability of As in soils 

as long as there are no limitations to soil drainage. Hence, As(V) is more bioavailable in soils 

due to its negative charge and stronger retention in soils, whilst more As is mobile in solution 

(Lombi and Holm, 2010). 

Therefore, As adsorption is highly dependent on soil/sediment properties such as pH, 

texture, SOM, clay minerals and environmental factors namely initial As solution, sorbent dose 

and reaction time (Huang et al., 2013). Dias et al. (2009) suggested that iron oxide content was 

the most important soil parameter affecting As(III) adsorption on soils, while soil textures 

including sand, silt and clay fractions were the most important factors for As(V) adsorption on 

soils and sediments. 

 

2.1.4. As adsorption isotherm models 

The Langmuir and Freundlich isotherm models have been widely applied for As sorption as 

these models can provide a good fit of results under a range of different conditions. According 

to Ghosal and Gupta (2017), the Langmuir isotherm is most applicable for the chemisorption 

process since it is primarily used for unimolecular adsorption on the gas-solid interface with 

the assumption of monolayer surface coverage, independent and homogeneous sorption and 

energy, whilst Freundlich isotherm exhibits the physical adsorption which was developed for 
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the heterogeneous surface with the phenomena that adsorption heat distributes the non-uniform 

and monolayer coverage is unrestricted. 

 

2.1.4.1. The Langmuir isotherm model 

Based on the data from the previous studies, Figures 2.6 illustrates the maximum Langmuir 

adsorption capacity (qm) values of different soils for adsorbed As(III) and As(V). The selected 

soils were classified by USDA soil classification system (García-Gaines and Frankenstein, 

2015). The average values of qm for As(III) increased from 225.00 mg/kg (sand soil) to 2998.2 

mg/kg (loam soil) (Figure 2.6a), while the results for As(V) varied between 114.8 mg/kg (silty 

clay soil) and 14950.3 mg/kg (sandy loam soil) (Figure 2.6b). The highest values of qm for 

As(III) and As(V) were found on loam and sandy loam soils, being at 8901.0 and 42400.0 

mg/kg, respectively. It can be seen that the Langmuir maximum adsorption capacities of soils 

for As(V) were significantly higher than those of As(III). 
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Figure 2.6. The minimum, mean and maximum values of adsorption capacity (qm) of As(III) 

and As(V). Data from Arco-Lázaro et al. (2016); Dias et al. (2009); Fan et al. (2020); Gedik et 

al. (2016); Huang et al. (2013); Jiang et al. (2005a); Luo et al. (2019); Kumar et al. (2016); 

Zhang and Selim (2005).  

 

The Langmuir isotherm model exhibited better display with experimental data of metal 

and metalloid adsorption than Freundlich isotherm (Jiang et al., 2005a; Matouq et al., 2015). 

According to Gedik et al. (2016), the Langmuir isotherm model provided a better statistical 

correlation with various of As(V) concentrations and soils properties such as pH, Eh, OM, As 

concentration, Fe, Al and clay content than Freundlich model (Gedik et al., 2016; Jiang et al., 

2005b; Luo et al., 2019). Both these models showed the very good fit with high r2 values at 

least 0.801 for As(III) and As(V) adsorbed on soil (Dousova et al., 2012; Goldberg and Suarez, 

2013; Ma et al., 2015; Wang et al., 2018). The Langmuir equation is widely known as the 
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Langmuir one-surface equation with hypothesis that there is the same binding energy at all 

adsorption sites on sorbent surfaces (Jiang et al., 2005a). However, in some cases, the plots 

using the Langmuir one-surface equation for adsorption data were divided into two straight 

line portions with different gradients, indicating that two different types of adsorption sites 

were available. 

The Langmuir maximum sorption capacity and the isotherm constants from the 

experimental data vary with the controlling factors. For instance, the variation of the maximum 

As(V) sorption capacity of low and high energy surfaces calculated by using a two-surface 

Langmuir equation in 16 Chinese soils was 83% and 68%, respectively (Jiang et al., 2005b). 

Similarly, due to the effect of 0.5 mmol/L Fe(OH)3 colloids, the maximum percentage 

adsorption of As(V) was 95% and 64% for As(III) on soil from Beijing and 53% and 36% on 

soil from Jilin, China, respectively while the percentages reached 98% and 76% for As(V) and 

As(III) on soil from Hainan, China when Fe(OH)3 concentration was lower than 0.01 mmol/L 

(Feng et al., 2013). The results of Feng et al. (2013) also dictated that As adsorption on three 

soils in China was favoured at high temperature. The adsorption capacities (qm) determined 

from the Langmuir models increased from 13.22, 9.96 and 23.27 mg/kg at the temperature of 

283K to 16.37, 19.46 and 27.08 mg/kg at 323 K for soils from Beijing, Jilin and Hainan, China. 

Kundu and Gupta (2006) showed similar results for As(V) and As(III) adsorption capacities on 

iron oxide-coated cement at three investigated temperatures of 288 K, 298 K and 308 K. In 

addition, Zhang and Selim (2005) reported that adsorption maximum of As(V) calculated by 

the Langmuir equation increased with reaction time from 92.2 mg/kg, 263.0 mg/kg and 169.2 

mg/kg in the first six-hour to 418.2 mg/kg, 742.0 mg/kg and 554.9 mg/kg at 504-hour for the 

three investigations soils (Olivier loam, Sharkey clay and Windsor sand). For As(III), the 

maximum adsorption on irrigated soil was 368 mg/kg (Huang et al., 2013). In addition, 

adsorption capacities of As(V) on MIL-101(Fe) were nearly stable at pH 3-11 (Li et al., 2019).  
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Generally, As(III) had higher maximum adsorption capacities than As(V), e.g. 1040 μg/g 

vs 520 μg/g by natural siderite (Guo et al., 2007), 180.3 mg/g vs 172.1 mg/g by iron oxide-

graphene (Mishra and Ramaprabhu, 2012), and 7.7 mmol/kg vs 5.0 mmol/kg by natural soil 

(Dousova et al., 2012) for As(III) and As(V), respectively. However, Wang et al. (2018) 

reported a higher maximum adsorption capacity of As(V) at 6.949 µmol/g than for As(III) at 

4.044 µmol/g by lake and river sediments in China. 

 

2.1.4.2. The Freundlich isotherm model 

The empirical equation of the Freundlich adsorption isotherm is most often used in the 

description of adsorption in an adsorbent (Aksentijevíc et al., 2012; Wang et al., 2018)., The 

Freundlich adsorption constant KF from the study increased from 1.94 to 4.71 (mg/kg) 

(L/mg)1/n, 0.58 to 0.77 (mg/kg) (L/mg)1/n and 3.59 to 5.38 (mg/kg) (L/mg)1/n for soils from 

Beijing, Jilin and Hainan, China when the temperature increased from 283 K to 323 K (Feng 

et al., 2013). The linear adsorption constant (Kd) for As(V) adsorption on saline-alkali soils 

varied between 86.0 mL/g and 157.1 mL/g (Luo et al., 2019). The Freundlich isotherm model 

exhibited better results for As(V) adsorbed on soils than As(III) due to several low r2 values of 

regressions for As(III) at 0.03, 0.12 and 0.34, respectively (Kuma et al., 2016). 

Furthermore, a study by Kundu and Gupta (2006) illustrated that As(V) and As(III) 

sorption data was better fit in linear and nonlinear systems at three temperatures (288, 298 and 

308 K) by Freundlich isotherm model than Langmuir, Dubinin-Radushkevich (D-R) and Toth 

and Temkin isotherm equations. As(V) adsorption was highly nonlinear with the Freundlich 

reaction on three types of soils (Zhang and Selim, 2005) and on carbonate-rich soils (Yolcubal 

and Akyol, 2008). Similarly, the Freundlich isotherm equation provided a better exhibition than 

other isotherm models (Huang et al., 2013), for As(III) adsorption process in contaminated 

agricultural soil from an irrigated area, China. In another study, Guo et al. (2007) showed that 
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the Freundlich isotherm exhibited a better fit to the experimental data for the smaller grain size 

of the natural siderite (0.10-0.25 mm) in comparison to the Langmuir model, whilst the two 

models were comparable for the grain size range of 0.25-0.5 mm. The study of Arco-Lázaro et 

al. (2016) also showed the better fitting results of As(V) adsorption by soils using the 

Freundlich isotherm equation than the Langmuir isotherm equation. Therefore, it can be 

concluded that the Freundlich isotherm equation well describes the non-linear form for the 

adsorption of As(III) and As(V) on soils. 

 

2.1.5. Future perspectives and implications for managing As-contaminated soil  

Based on the extensive literature review, this study has identified that the maximum As-

contaminated soil was found in Chihuahua region, Mexico with 116000 mg/kg of As, whilst 

the highest Langmuir maximum adsorption capacity of soils adsorbed As was 42400 mg/kg for 

Dunellen sandy loam from the State of New Jersey, United States (Dias et al., 2009). The most 

important controls of As adsorption on soils/sediments are pH, clay mineral and texture to 

enhance the efficiency of As(III)/As(V) adsorption. Therefore, there are a few lessons that we 

have learnt for managing soil contaminated by As. First, the sources of As contamination 

should be identified as soon as feasible, in order to control further contamination spreading 

beyond the affected areas. Secondly, the contamination hotspots should be determined through 

well-designed field sampling and chemical analysis with good quality control. Thirdly, the 

fundamental properties of soil should be determined through a range of instrumental and 

physicochemical analyses, in order to identify the mechanism of As-soil interactions. Finally, 

the decontamination of As-contaminated soils can be treated to a high standard using 

technologies which are effective and environmentally friendly. 
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2.2. Characteristics of microplastics contamination in rivers and their interactions with 

arsenic 

2.2.1. Plastics and microplastics 

Plastics provide a wide diversity of applications because they have lightweight, strong, durable 

characteristics (Thompson et al., 2009; Zhang et al., 2015), have thus made our life become 

more convenient (Fu et al., 2021; Phuong et al., 2016). The truth is that plastics have been 

widely used in our daily life and applied in industry, science and technologies (Wen et al., 

2018). However, these materials have currently become a global and ubiquitous problem as 

white pollution (Fu et al., 2021) and can be detected everywhere including air, surface waters, 

soils, sediments, sand beaches, wastewaters, sludges, biota and marine environment (Barcelo 

and Pico, 2020). Virgin plastic polymers are usually mixed with various additives such as 

inorganic fillers (e.g. carbon or silica), stabilizers or plasticizers (Andrady, 2011), which are 

used in substantial quantities and productions (Meeker et al., 2009). Inorganic fillers are used 

to reinforce the plastic materials, while the plastics can be processed at high temperatures or 

prevented degradation when exposed to sunlight by adding thermal or ultraviolet stabilizers 

(Andrady and Neal, 2009). Plasticizers such as phthalates are used to make plastics more 

durable (Thompson et al., 2009). 

Main plastic materials including polyethylene (PE), polypropylene (PP), polyvinyl 

chloride (PVC), polystyrene (PS) and polyethylene terephthalate (PET) contributed around 

90% of total world plastic production (Andrady and Neal, 2009). They. These plastics have 

high molecular weight and are non-biodegradable resulting in extreme persistence in the 

environment (Lagarde et al., 2016). With the durability expected to be 70 years old (Thompson 

et al., 2009), plastics rise problems associated with fragmentation processes (Andrady, 2011), 

contributing to large amounts of plastics arriving in the environment (Lagarde et al., 2016). 

The production of plastic has been estimated up to 8300 million metric tonnes between 1950 
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and 2017, and plastic waste has been around 6300 million metric tons until 2015, 9% and 12% 

of waste were recycled and incinerated (Blair et al., 2019; Geyer et al., 2017). The remaining 

amount of this waste, 4977 million metric tons (79%) was buried in landfills or released to the 

natural environment. In 2017, approximately 348 million tons of plastics was produced 

globally, of which China was the largest producer and shared 27% of total plastic pollution 

(Barcelo and Pico, 2020). It is estimated that 12000 million metric tons of plastics will be 

produced by year 2059 (Geyer et al., 2017). Additionally, the plastic waste stored in landfills 

on land is often received poorly management conditions (Nizzetto et al., 2016). The major 

contributions of non-fibre plastics containing 93% polymer resin and 7% additives by mass are 

high- or low-density PE (36%), PP (21%), PVC (12%), and less than 10% each for PET, 

Polyurethane (PUR) and PS (Geyer et al., 2017). For the usage purposes, packing accounted 

for 42% of all non-fibre plastics with the predominant compose of PE, PP and PET, 19% was 

used in building and construction section, of which 69% from all PVC (Geyer et al., 2017). In 

addition, MP physical and chemical features have effects on environmental fate, for instance, 

PE, PP and PS may float within the water column due to their light densities, while PVC and 

PET with high densities can sink and settle on sediments (De Felice et al., 2019). To date, MPs 

are plastic polymers with diameters less than 5 mm (Dong et al., 2020; He et al., 2020b), and 

have received great concern worldwide (Shen et al., 2021). 

 

2.2.2. Characteristics and sources of microplastics  

2.2.2.1. Microplastic types 

MPs have received an increasing attention recently due to posing a great concern to biodiversity 

and potentially risks for human health (Blair et al., 2019; Eerkes-Medrano et al., 2015; Zhang 

et al., 2015). Their naturally pervasive and persistent characteristics are the most concern 

related to these issues (Hu et al., 2018; Thompson et al., 2009).  
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MPs are defined as primary and secondary (Akdogan and Guven, 2019; Alam et al., 

2019). Manufactured plastics are the primary MPs including all micro-sized particles such as 

microbeads from cosmetics or industrial purposes, manufactured pellets used as raw material 

and fibers (Andrady, 2011; Phuong et al., 2016). MP beads are often found in industrial and 

domestic wastewater then entering into rivers or estuaries (Blair et al., 2019). Scrubbers come 

from air-blasting technology during the process of blasting acrylic, melamine or polyester. This 

MPs are often found as contamination with heavy metals (Cole et al., 2011). The most 

commercially used MPs are PS, PE, PP, PVC and PET (Akdogan and Guven, 2019; Andrady, 

2011; Horton et al., 2017). These MPs are expected as the major components of MP samples 

due to their non-biodegradable properties (Phuong et al., 2016). High proportions of PE, PP, 

PS in sampled MP concentrations reflect the domain of these plastics on the market 

(Campanale et al., 2020).  

The secondary MPs including fibers and fragments often derive from the larger plastics 

broken down under environmental conditions such as ultraviolet rays or mechanic abrasion, 

sites of higher population densities (Eerkes-Medrano et al., 2015), laundry procedures (Dris et 

al., 2015a), paint flakes and car tires debris (Browne et al., 2011; Nizzetto et al., 2016). 

Fragmentation of plastic debris created by physical, chemical and biological processes, which 

has the smaller sizes than original plastic litter (Akdogan and Guven, 2019). Various shapes 

such as pellets, fibers and fragments were found in the environments due to their different 

sources (Akdogan and Guven, 2019; Klein et al., 2015; Nizzetto et al., 2016). The major 

component of MP particles distributed in river surface water and sediment is fibers (Alam et 

al., 2019), and can exhibit long residence times (Eerkes-Medrano et al., 2015). 

2.2.2.2. Sources of MPs 

There are several sources of MP entering into the fluvial systems including wastewater 

treatment plant (WWTP) effluents (Hoellein et al., 2017; Lebreton et al., 2017; McCormick et 
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al., 2014; Murphy et al., 2016), sewer overflows caused by heavy rain events, agricultural 

runoff, atmospheric fallout (Campanale et al., 2020; Dris et al., 2015b), urban runoff and 

fragmentation of plastic litter (Estahbanati and Fahrenfeld, 2016). WWTPs were the main point 

sources of MPs in rivers (McCormick et al., 2014). WWTPs can retain a large amount of MP 

particles of an effluent, from 80% (Hoellein et al., 2017) up to 98.41% (Murphy et al., 2016), 

which explained the function as MP sources for the rivers, depending on the MP capturing 

capacities of the WWTPs (Donoso and Rios-Touma, 2020).  In fact, MPs can directly enter the 

fluvial systems throughout wastewater effluents. Urban rivers receive WWTP effluent often 

containing high MP concentrations, causing varies of potentially biological interactions with 

river biota (McCormick et al., 2014). In developing countries such as Ecuador, increasing 

population, poor management of urban waste, the loss of riparian plant cover, and the lack of 

wastewater treatment led to alarmingly high number of MPs found in rivers (Donoso and Rios-

Touma, 2020). The finding data in this study surpassed those in other works with the highest 

value of MP found at 1,186,339 particles/m3 due to untreated wastewater discharging directly 

into the rivers.  

Urban areas with high population density were also a major factor contributing to large 

amount of MP abundance. Human activities had great influence on the MPs distribution, of 

which MP concentrations are often higher at location with more human activities than others 

(Wang et al., 2017; Wen et al., 2018). An illustration is that urban river water in Ziang city was 

found as highest concentrations of MPs among other cities located along the Tuojiang river 

due to numerous factories of cars, pharmaceuticals, food, textiles and building materials (Zhou 

et al., 2020). Additionally, fibers were dominant particles of MPs in both river water and 

sediment sample sites closed to urban areas, while the number of fibers was similar to other 

particles (films and fragments) in remote areas (Donoso and Rios-Touma, 2020). MPs are most 

likely deriving from municipal sewage treatment plants and runoff from processing facilities 
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(Klein et al., 2015). Improper waste disposal, insufficient waste management and urban runoff 

are considered as the main routes of discharge MPs into the river (Alam et al., 2019; Klein et 

al., 2015), causing MP contamination in river water and sediment.  

Agricultural and livestock uses in remote areas were considered as a source of MPs in 

rivers (Donoso and Rios-Touma, 2020), although the content of pollution was away from the 

centres (Allen et al., 2019). The pollutants from these sites are often associated with runoff. 

Moreover, agricultural activities led higher concentrations of MPs in the river water during the 

wet seasons (Campanale et al., 2020). 

Spillage of preproduction pellets and powders, and bead blasting media are potential 

sources for primary MPs. The most recognized sources of MPs in rivers, lakes or marine 

systems are photodegradation and mechanical breakdown of larger plastics such as Styrofoam, 

plastic bags, bottles, wrappers, cigarette butts and tires (Cole et al., 2011), causing the 

secondary MPs. Under Ultraviolet (UV) degradation and adsorbing hydrophobic pollutants of 

polychlorinated biphenyls (PCBs), MPs will become smaller and more toxic over time (Fendall 

and Sewell, 2009).  

 

2.2.3. Particle and mass abundance of MPs in river waters and sediments 

Both primary and secondary MPs have been detected in surface water samples and the number 

of MP particles in river waters globally are shown in Figure 2.7. The lists of rivers and their 

authors are given in Table 2.3. Rivers in Asia continent (Figure 2.7a), particularly China and 

followed by Japan, were investigated for this polluted issue than other continents (Figure 2.7(b 

and c)). The average abundance of MP in Asian rivers ranged at 24.72-1780x103 particles/m3. 

The three highest abundance numbers found in Majime River (Japan), Yellow River (China) 

and Arakawa River (Japan), at 1061x103, 1392x103 and 4700x103 particles/m3, respectively 

(Han et al., 2020; Kabir et al., 2021; Sankoda and Yamada, 2021). The two former rivers 



42 
 

collected MPs with their sizes of 50-5000 µm compared to MP sizes 500-5000 µm from later 

river, indicated that Arakawa River water was extremely polluted by MPs. 

 

Figure 2.7. Number of MP particles in river waters globally. 

 

The river waters in European countries were less polluted MPs than Asian and American 

rivers. The average abundance of MPs in this continent varied between 0.91 and 305.83 

particles/m3 and the highest value of 1265 particles/m3 was found at Antuã River, Portugal 

(Rodrigues et al., 2018), followed by River Mignone, Italy (Gallitelli et al., 2020). Figure 2.7c 

shows the maximum and average abundance of MPs in river waters in Ecuador and USA. 

Ecuadorean rivers were estimated at 13.84 particles/m3 of average MP numbers (Pita River) 

and 1853.03 particles/m3 (San Pedro River) (Donoso and Rios-Touma, 2020), while USA 

rivers were significantly higher with average number ranging 108.4-46711 particles/m3 
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(Figure 2.7c). The Mississippi River was recorded with the highest amount of MP particles in 

America, at 172000 particles/m3 (Scircle et al., 2020), which was equal to MPs abundance in 

Asa River, Japan (Kabir et al., 2021) and was lower than that in some rivers including Awano 

River, Majime River and Arakawa River in Japan (Kabir et al., 2021), Yellow River in China 

(Han et al., 2020), and Saigon River in Vietnam (Lahens et al., 2018). 

 

Figure 2.8. Number of MP particles in river sediments globally. 

 

Furthermore, in the sediment environment, MPs are not easily identified by the naked 

eye (Barcelo and Pico, 2020) due to their sizes and colours. Nizzetto et al. (2016) found that 

MPs (> 0.2 mm) can be retained in the sediment in condition of their densities marginally 

higher than water whilst the small size (<0.2 mm) MPs do not sink and remain in the water, 

regardless of their density. Figure 2.8 shows the MP abundance in river sediments throughout 

the world. The sources of data are shown in Table 2.3. The number of studies carried out in 
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China also dominated than other countries in comparison. Average amount of MPs in river 

sediments collected in Asia varied from 26 to 5795.3 particles/kg, and the highest amount was 

found in Haihe River, China at 11917 particles/kg (Liu et al., 2021). Bloukrans River (South 

Africa) and Brisbane River (Australia) were seen as slightly pollution, with their average 

abundance of 83.2 and 126.25 particles/kg, respectively (Figure 2.8b). The average MPs 

abundance in American countries were closed to those in Asia, ranging between 39.8 and 

7023.5 particles/kg. The highest value (27830 particles/kg) was estimated in Lake Ontario 

tributaries, Canada (Ballent et al., 2016), which roughly doubled the highest number in Asia 

(Figure 2.8c). The most polluted MPs in river sediments were recorded in Europe, where the 

field MP concentrations varied greatly from 0.72 to 329750 particles/kg (Figure 2.8d). Rhine 

River in Germany was recorded as the greatest MP abundance in the world, with the maximum 

of 528000 particles/kg (Donoso and Rios-Touma, 2020). Consequently, river sediments are 

considered as the hotpots for deposition of MPs one the river sections have low stream power 

(Barcelo and Pico, 2020; Nizzetto et al., 2016). According to Phuong et al. (2016), MP 

concentrations in sediments accounted for up to 5% of sediment mass.

 

Figure 2.9. The mass fraction of MPs in river waters and their plastic materials (The sources 

of data are given in Table 2.3). 

 

R
h

ô
n

e
 R

iv
e

r,

F
ra

n
c
e

T
ê

t 
R

iv
e

r,

F
ra

n
c
e

B
e

iji
a

n
g

 R
iv

e
r,

C
h

in
a

A
n

tu
ã

 R
iv

e
r,

P
o

rt
u

g
a

l

L
o

s
 A

n
g

e
le

s

R
iv

e
r,

 U
S

A
T

a
m

su
i 
R

iv
e

r,

T
a

iw
a

n

S
a

n
 G

a
b

ri
e

l

R
iv

e
r,

 U
S

A

D
o

n
g

jia
n

g

R
iv

e
r,

 C
h

in
a

P
e

a
rl

 R
iv

e
r,

C
h

in
a

X
iji

a
n

g
 R

iv
e

r,

C
h

in
a

0

30

60

90

120

150

180

M
P

 c
o

n
c
e

n
tr

a
ti

o
n

 (
m

g
/m

3
)  Max

 Mean
a)

0

2

4

6

A
n

tu
ã

 R
iv

e
r,

P
o

rt
u

g
a

l

A
w

a
n

o
 R

iv
e

r,

Ja
p

a
n

C
h

is
h

u
i R

iv
e

r,

C
h

in
a

E
lb

e
 R

iv
e

r,

G
e

rm
a

n
y

H
a

ih
e

 R
iv

e
r,

C
h

in
a

M
a

o
z
h

o
u

 R
iv

e
r,

C
h

in
a

N
a

kd
o

n
g

 R
iv

e
r,

S
o

u
th

 K
o

re
a

O
fa

n
to

 R
iv

e
r,

It
a

ly

P
e

a
rl

 R
iv

e
r,

C
h

in
a

S
a

ig
o

n
 R

iv
e

r,

V
ie

tn
a

m

T
u

o
jia

n
g

 R
iv

e
r,

C
h

in
a

W
e

s
t 
R

iv
e

r,

C
h

in
a

Y
a

n
g

tz
e

 R
iv

e
r,

C
h

in
a

Z
h

a
n

g
jia

n
g

R
iv

e
r,

 C
h

in
a

0

20

40

60

80

100

120

P
l a

s
ti

c
 m

a
te

ri
a

ls
 (

%
)  Others

 PS
 PE
 PP

b)



45 
 

The mass fraction and plastic materials of MPs in river waters and sediments are shown 

in Figures 2.9 and 2.10. Estimation of MP weight in both river waters and sediments was far 

less popular as the MP particle calculation. The lowest mass fractions of MPs in rivers waters 

in Rhône River and Têt River, France, with the average values (0.5 and 0.8 mg/m3) and 

maximum values (3.9 and 3.4 mg/m3), respectively (Constant et al., 2020). The Dongjiang and 

Pearl Rivers, China were considered as highly MP contaminated with their average mass 

amount of 58.33 and 69 mg/m3 (Figure 2.9a). However, the highest value was accounted in 

Tamsui River, Taiwan at 152 mg/m3 (Wong et al., 2020). Regarding mass contamination of 

MPs in river sediments, the average amount increased from 5.17 mg/kg (Yongfeng River, 

China), 29.09 mg/kg (Brisbane River, Australia), 35.75 mg/kg (Antuã River, Portugal), 133 

mg/kg (Têt River, France), 216 mg/kg (Pear River, China) and 476.9 mg/kg (Rhine River, 

Germany) (Figure 2.10a). Rhine River was also attributed to the highest content of MPs in 

sediments, at 932 mg/kg (Klein et al., 2015). Nizzetto et al. (2016) supported that the lack of 

investigation in the retention efficiency of river sediment beds resulting in river sediments may 

be work as permanent or important temporary sinks to store or delay discharging MPs into the 

sea. MP concentrations in river waters and sediments varied seasonally. For example, MPs 

accumulate and repose temporarily in river sediment during the dry season  (Nel et al., 2018). 

MP abundance in sediment was 2827 times as those in surface water of Nakdong river, Korea 

in May before the rainy season (Eo et al., 2019). 
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Figure 2.10. The mass fraction of MPs in river sediments and their plastic materials (The 

sources of data are given in Table 2.3). 

Different polymer types such as PP, LDPE, HDPE, PVC, PUR, PET, PS and polyamide 

(PA) coming from a multitude of sources, and presenting in various sizes, colours, shapes and 

types of materials are the popular MPs (Barcelo and Pico, 2020). PP, PE and PS were dominant 

polymer types of MPs in river waters and sediments (Figures 2.9b and 2.10b). In the river 

waters, the percentages of PP and PE in total MPs varied at 10.2-58.9% and 7-79%, 

respectively. PS was generally less abundant than PP and PS, contributing to 2.5-34.5% of the 

total MPs in river waters. High proportion of PP and PE float in water due to their lower density 

(PP: 0.9-0.91g/cm3, PE: 0.917-0.965 g/cm3) than water, PS with a higher density (1.04-1.11 

g/cm3) than that of fresh water explained that density was one of the key factors influencing 

the distribution of MPs (Zhou et al., 2020). As a result, the distribution of MPs in water column 

depends on both environment factors and the intrinsic properties of MPs (Zhou et al., 2020). 

Moreover, PP in river sediments accounted for from 12.5% in Elber River, Germany (Scherer 

et al., 2020) to 38% in West River, China (Huang et al., 2021). PE had higher proportion than 

PP, ranging between 27%-61%, whilst PS contributed to less amount of the total MPs (7%-

18.5%) in comparison with PP and PS (Figure 2.10b). Original low-density characterization 

is unable to explain the high content of PP and PE in the sediments. Several hypothesises were 

given that the density of these MPs may be increased due to interactions of aggregates, 
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biofouling and faecal, resulting in their settling (Cole et al., 2016; Eo et al., 2019; Long et al., 

2015). 

 



  

 
 

Table 2.3. Sources of MPs in river waters and sediments. 

MP contaminated in river waters and 

location 

Mean concentration 

(particles/m3) 

Main MP types References 

Tamsui River, Taiwan 24.7 
 

Wong et al. (2020) 

Ganges River, India and Bangladesh 38.0 PVC, PET Napper et al. (2021) 

Han River, S. Korea 102.0 PE, PS, PTFE Park et al. (2020) 

Beijiang River, China 213.3 PE, PP, PET Fan et al. (2019) 

Dongjiang River, China 376.7 PE, PP, PET Fan et al. (2019) 

Fengshan River, China 795.5 PE, PET, PA, PES Tien et al. (2020) 

Nakdong River, S. Korea 1555.0 PP, PS Eo et al. (2019) 

Tuojiang River, China 1946.8 PP, PE, PS Zhou et al. (2020) 

Yongjiang River, China 2345.0 PP, PE, PET, PS Zhang et al. (2020) 

Suzhou River, China 2437.8 PES Luo et al. (2018) 

Yangtze River, China 2516.0 PET, PP Wang et al. (2017) 

Hanjiang River, China 2933.0 PET, PP Wang et al. (2017) 

Ciwalengke River, Indonesia 5850.0 
 

Alam et al. (2019) 

West River, China 6429.5 PP, PE, PVC, PET Huang et al. (2021) 

Wei River, China 7038.0 PE, PVC, PS Ding et al. (2019) 

Maozhou River, China 9578.1 PE, PP, PS, PVC Wu et al. (2020) 

Haihe River, China 14170.0 PE, PP Liu et al. (2020) 

Manas River, China 35000.0 PP, PET, PE, PS, PVC Wang et al. (2020) 
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Ayaragi River, Japan 111880.0 PE, PP, PET, PS Kabir et al. (2021) 

Asa River, Japan 130000.0 PE, PP, PET, PS Kabir et al. (2021) 

Awano River, Japan 132800.0 PE, PP, PET, PS Kabir et al. (2021) 

Majime River, Japan 272500.0 PE, PP, PET, PS Kabir et al. (2021) 

Saigon River, Vietnam 354000.0 PE, PP, PES Lahens et al. (2018) 

Yellow River, China 744250.0 PE, PP, PS Han et al. (2020) 

Arakawa River, Japan 1780000.0 PE, PP, PS Sankoda and Yamada (2021) 

Rhône River, Swiss 0.9 PE, PP, PS Faure et al. (2015) 

Ebro River, Spain 3.5 PA, PE, PES, PP Simon-Sánchez et al. (2019) 

Elbe River, Germany 5.6 PE, PP Scherer et al. (2020) 

Ofanto River, Italy 6.0 PE, PP, PS, PVC, PUR Campanale et al. (2020) 

River Thames, UK 18.8 PE, PP, PA, PCV, PS, Rowley et al. (2020) 

Rhône river, France 19.0 PET, PS, PUR Constant et al. (2020) 

River Seine, France 30.0 
 

Dris et al. (2015) 

Venoge River, Swiss 35.3 PP, PE, PS Faure et al. (2015) 

Têt river, France 42.0 PES, PP, PE, PS Constant et al. (2020) 

Marne River, France 100.6 PET, PP, PA Dris et al. (2018) 

River Mignone, Italy 280.0 PE, PP, PA Gallitelli et al. (2020) 

Antuã River, Potugal 305.8 PE, PP, PS, PET, PTFE Rodrigues et al. (2018) 

Pita River, Ecuador 13.8 
 

Donoso and Rios-Touma (2020) 

San Gabriel River, USA 66.3 PS Moore et al. (2011) 
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Snake & Comumbia Rivers, USA 910.0 PP, PE, PET, PES Kapp and Yeatman (2018) 

Hudson river, USA 980.0 PET, PVC, PP Miller et al. (2017) 

Gallatin River, USA 1200.0 PET, PVC, PA, PP Barrows et al. (2018) 

San Pedro River, Ecuador 1853.0 
 

Donoso and Rios-Touma (2020) 

Los Angeles River, USA 2305.8 PS Moore et al. (2011) 

Mississippi River, USA 46710.5 PES, PP Scircle et al. (2020) 

MP contaminated in river sediments 

and location 

Mean concentration 

(particles/kg sediment) 

Main MP types References 

Yongfeng River, China 26.0 PP, PE, PET, PS Rao et al. (2020) 

Ciwalengke River, Indonesia 30.3 
 

Alam et al. (2019) 

Naqu River 50.0 PET, PE, PP, PS, PA Jiang et al. (2019) 

Buqu River, China 130.0 PET, PE, PP, PS, PA Jiang et al. (2019) 

Brahmaputra River, China 132.5 PET, PE, PP, PS, PA Jiang et al. (2019) 

Shuangtaizi River, China 170.0 PET, PE, PP, PS, PA Xu et al. (2020) 

Gange River, India 210.1 PET, PE, PP Sarkar et al. (2019) 

Dailao River, China 237.0 PE, PET, PP Xu et al. (2020) 

Yongjiang River, China 285.0 PP, PE, PS, PET Zhang et al. (2020) 

Beijiang River, China 312.5 PET, PP Wang et al. (2017) 

Dongjiang River, China 604.0 PE, PP, PET Fan et al. (2019) 

Wei River, China 630.7 PE, PVC, PS Ding et al. (2019) 

Shanghai River, China 802.0 PP, PES, PET Peng et al. (2018) 
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Pear River, China 1669.0 PE, PP Lin et al. (2018) 

Fengshan River, China 1673.2 PP, PA, PE Tien et al. (2020) 

Nakdong River, South Korea 1971.0 PP, PE Eo et al. (2019) 

Haihe River, China 4980.0 PE, PP, PS Liu et al. (2020) 

West River, China 5795.3 PP, PE, PVC, PET Huang et al. (2021) 

River Mignone, Italy 0.7 PE, PP, PA Gallitelli et al. (2020) 

Ombrone River, Italy 143.3 
 

Guerranti et al. (2017) 

Tet River, France 258.0 PES, PP, PE, PS Constant et al. (2020) 

Albegna River, Italy 279.0 
 

Guerranti et al. (2017) 

Osa River, Italy 285.5 
 

Guerranti et al. (2017) 

Kelvin River, UK 296.5  Blair et al. (2019) 

Antuã River, Portugal 318.2 PE, PP, PS, PET, PTFE Rodrigues et al. (2018) 

Estuaries of River Thames, UK 349.5 PP, PES Horton et al. (2017) 

Rhine River, Germany 858.8 PE, PP, PS, PA Klein et al. (2015) 

Main River, Germany 1077.0 PE, PP, PS, PA Klein et al. (2015) 

Ebro River, Spain 2052.0 PA, PE, PES, PP Simon-Sánchez et al. (2019) 

Elbe River, Germany 2080.0 PE, PP Scherer et al. (2020) 

Rhine River, Germany 3805.0 PUR, PP, PS, PES, PA Mani et al. (2019) 

Meuse River, The Netherlands 139500.0 
 

Donoso and Rios-Touma (2020) 

Rhine River, Germany 329750.0 
 

Donoso and Rios-Touma (2020) 

James River, USA 39.8 PE, PP, PS, PET Christensen et al. (2020) 
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Pita River, Ecuador 63.4 
 

Donoso and Rios-Touma (2020) 

San Pedro River, Ecuador 109.6 
 

Donoso and Rios-Touma (2020) 

Guayllabamba River, Ecuador 126.0 
 

Donoso and Rios-Touma (2020) 

Roanoke River, USA  137.0 PE, PP, PS, PET Christensen et al. (2020) 

St. Lawrence River, Canada 832.0  Crew et al. (2020) 

Amazon River, Brazil 1208.0 
 

Gerolin et al. (2020) 

Solimões River, Brazil 1631.0 
 

Gerolin et al. (2020) 

Lake Ontario tributaries, Canada 4500.0 PE, PS, PUR Ballent et al. (2016) 

Negro River, Brazil 7023.5 
 

Gerolin et al. (2020) 

Bloukrans River, South Africa 83.2 
 

Nel et al. (2018) 

Brisbane River, Australia 126.3 PE, PP, PA He et al. (2020) 



  

 
 

2.2.4. Adverse effects and risk assessment of MPs 

2.2.4.1. Adverse effects of MPs on the environment 

MPs have significantly affected the river ecosystems because they cause a number of 

potentially biological interactions with river biota (McCormick et al., 2014). Rivers are 

considered as a sink to receive MPs, they are also the main source and transport MPs to 

downstream lakes and coastal environments. Therefore, rivers play an important role in the life 

cycle of global MPs (Donoso and Rios-Touma, 2020; McCormick et al., 2014) or are addressed 

as pollutant vectors because they can adsorb and then transfer harmful organic chemicals via 

ingestion pathway (Cole et al., 2011; Lebreton et al., 2017). 

 

Figure 2.11. Diagram of MPs transport pathways in the environment (Eerkes-Medrano et al., 

2015). 

 

MPs become more serious and widespread ecological impacts than macro-plastics 

because they have small particles in size, originate from various sources (Klein et al., 2015), 

easily come to food-webs via ingestion pathway (Cole et al., 2011; Wagner et al., 2014). MPs 

containing additives such as plasticizers, flame retardants, antioxidants and stabilizers, which 

are easily released into environment (Liu et al., 2020). As a result, MPs can be seen as a vector 
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of organic contaminants and pathogens ingested by organisms and introduced into the food 

web (Barcelo and Pico, 2020). Plasticisers are considered toxic, resulting MPs may introduce 

toxins to the food chain and potential bioaccumulation for organisms via ingestion pathway 

(Cole et al., 2011). Pollutants, monomers and plastic additives can be transferred into organism 

bodies after they ingested MPs (Browne et al., 2011). Consequently, organisms could face with 

uncertain health effects (Browne et al., 2011). Moreover, organic airborne fibers have an aspect 

ratio > 3.1, and are mainly derived from surface and re-suspended (Li et al., 2020). These MPs 

may enter into human respiratory system (Barcelo and Pico, 2020). 

Potential effects of MPs in water column, sediment, terrestrial biota and humans when 

they transfer in freshwater (Figure 2.11). Adsorbing or releasing contaminants is the main 

activity of MPs influencing directly other organisms such as rafting organisms, benthic 

invertebrates, fish in water and detritivores in sediments. In addition, Simpson et al. (2005) 

suggested that MPs affect the physical properties of water column e.g. altering light penetration 

due to accumulated in pelagic and benthic habitats, and sediments including the sizes and 

chemical binding capacity.  In turn, these changes in water and sediment characteristics could 

affects back the biogeochemical cycles (Eerkes-Medrano et al., 2015). MPs also indirectly 

affects the terrestrial biota via food-webs, to humans via food-webs or river flows. 

 2.2.4.2. MP risk assessment 

The index (H) of MPs for the specific polymers was firstly introduced by Lithner et al. (2011) 

containing 5 levels of hazards corresponding with grades, namely level I (<10), level II (10-

100), level III (100-1000), level IV (1000-10000) and level V (> 10000) for each polymer. 

Recently, the risk categories (I, II, III and IV) to evaluate the risk level for MP pollution based 

on the values of the polymer index (H: <10, 10-100, 100-1000 and > 1000), and the pollution 

load index varies from less than 10 to over 30 (Wang et al., 2021; Zhou et al., 2020). These 

methodologies were similar to HI, which has been widely applied for effect of heavy metals 
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for human health. Wang et al. (2021) explored that Manas River, China was classified as risk 

levels of I-III varied from upstream to downstream and between sampling period of April and 

July. Additionally, Zhou et al. (2020) pointed out that among seven cities belong to Tuojiang 

River in China, Ziyang and Fushun were defined at great risk (category III), followed by three 

cites at level II, while the MP risks at Jianyang and Luzhou cities were relatively low as the 

category of I.   

2.2.5. Interaction between MPs and arsenic 

The association of MPs with metals, particularly the toxic elements like arsenic (As), has been 

received more attention, recently. The accumulation of metals on MPs in the environment has 

been widely investigated by using different types of MPs (He et al., 2020b; Vedolin et al., 

2018; Wang et al., 2017). The concentrations of Al, Cr, Cu, Fe, Mn, Sn, Ti and Zn in pellets 

collected from São Paulo State beaches, Brazil provided high levels of Fe and Al (maximum 

of 227.78 and 45.27 mg/kg, respectively) (Vedolin et al., 2018). Regarding the types of MPs, 

the concentrations of Fe decreased as PP (7.6 mg/kg) > HDPE (4.1 mg/kg) > PE- Blue (3.3 

mg/kg) > PE- Black (2.3 mg/kg), while the contents for As decreased as HDPE (16.0 mg/kg) 

> PE- Blue (7.4 mg/kg) > PP (5.7 mg/kg) > PE- Black (4.7 mg/kg). A study of Wang et al. 

(2017) showed high concentrations of Cd (2.16-17.56 mg/kg), Pb (38.24-131.11 mg/kg), Cu 

(80.9-500.6 mg/kg), Zn (2414.8-14815.3 mg/kg), and Ti (13617-38823.7 mg/kg) in the mixture 

of PE and PP films and fragments with their size < 5 mm (mainly 2-3mm) from the Beijiang 

River, China. To date, the interaction of MPs with arsenite [As(III)], a toxic metal classified as 

the first important carcinogen, was conducted in the laboratory conditions by Dong et al. (2019; 

2020). The maximum adsorption amounts of As(III) on polytetrafluoroethylene (PTFE) were  

1050, 980 and 910 mg/kg related to the particle’s sizes of 100-1000 nm, 1000-10,000 nm and 

greater than 10,000 nm, respectively (Dong et al., 2019). Maximum adsorption capacity values 

of As(III) on PE were 920 mg/kg on the +10,000 nm particle size and up to 1120 mg/kg on the 
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100-1000 nm particle size (Dong et al., 2020). These findings indicated that PE has marginally 

higher As(III) adsorption capacity than PTFE, smaller sizes of MPs provided higher adsorbed 

amount of As(III). As a result, adsorption capacity of As on MPs was affected by surface area 

and types of MPs. These studies also pointed out that the adsorption behaviour of As(III) on 

these MPs were in accordance with the adsorption kinetics, adsorption isotherms of both 

Langmuir and Freundlich models. Moreover, these authors evaluated other parameters 

influencing the adsorption process of As(III) including pH, temperature, interfering nitrate and 

phosphate ions. The results showed that increasing in the pH, temperature and concentrations 

of interfering nitrate and phosphate ions led to a decrease in As(III) adsorption on PTFE and 

PE. Dong et al. (2020) explored the 16.3% of As(V) species after adsorption of As(III) on PE, 

indicating this MP had oxidation function with respect to As(III).  

It is presumed that there are two proceeds of metals adsorption onto plastic resin pellets 

including interactions between ‘bivalent cations and oxyanions with charged regions of’ 

plastics or via ‘neutral metal-organic complexes and the hydrophobic plastic surface’ (Holmes 

et al., 2012; Naqash et al., 2020). Heavy metal adsorption on MPs were highly influenced by 

the large surface area, polarity, and organic polymer composition (Ahmed et al., 2021; Ashton 

et al., 2010). DOM, specific surface area, porosity and morphology are also other major factors 

affecting the adsorption of metals on MPs (Godoy et al., 2019). Related to As adsorption onto 

MP surface, Dong et al. (2020 and 2019) concluded that As(III) adsorbed on these PTFE and 

PE occurred on the carboxyl group through hydrogen bonding with the adsorbent surface 

(Figure 2.12), while the interactions of electrostatic forces and non-covalent were the key 

mechanisms of adsorption. 
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Figure 2.12. Adsorption mechanism on MP surface (Modified from Naqash et al., 2020). 

 

2.2.6. Knowledge gap 

The studies of MP abundance in the environments mentioned several limitations. They are the 

lack of standardised protocols and approaches for methods used in sampling and detecting 

MPs, investigating size classification, and units in expressing results lead to tough challenges 

of conducting samples and comparing data (Campanale et al., 2020; Wagner et al., 2014; Zhou 

et al., 2020). Moreover, models used for quantifying the risks of MPs including the 

quantification of human exposure to MPs, risk data and other parameters are put as another 

concern (Galafassi et al., 2019; Phuong et al., 2016; Zhou et al., 2020). The adsorption capacity 

of MPs for other contaminants is still limited related to MP behaviours and environmental fate 

(Wagner et al., 2014). Regarding to interactions with As, these studies above provided 

information of As(III) adsorption on specific MPs with various conditions. However, the 

adsorption mechanism of As(V) species, which is more dominant than As(III) in environments, 

has not been studied so far. Additionally, the impacts of some other environmental conditions 

such as bacteria, river water, seawater are needed to support further risk assessment. 
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3. CHAPTER THREE: MATERIALS AND METHODS 

 

3.1. Sample collection and materials 

 

River water and sediment were collected from Bargo River in May 2021 at the location of 

(34o14’35.1”S; 150o35’16.7”E), about 3km downstream of the Teatree Hallow creek, which 

receives treated wastewater for underground coal mining activity in New South Wales, 

Australia. Grab sampling methods of the bed material sampling was used to collect river water 

and sediment (Awal et al., 2019). Cleaned 5 L plastic containers were rinsed three times by 

river water, then filled up by river water, sealed before transporting to the laboratory and kept 

at room temperature for experiments. In addition, the cleaned 200 mL plastic bottles were 

rinsed three times before filling up by river water, then sealed by caps. The bottles were stored 

in a cool box at 4 oC when transferring to the laboratory for analysing the initial compounds. 

The sediment samples were packed in sealed polyethylene bags, then stored in a cool box at 4 

oC when transferred to the laboratory. The sediment samples were dried in an oven at 105 oC 

for 24 hours, then passed through 2-mm sieve before further analysis. 

Polystyrene (PS) and low-density polyethylene (LDPE) resin pellets (beads) purchased 

from Sigma-Aldrich Australia were used as the adsorbents. Multi-element standard solution 4 

for ICP (As concentration of 40 mg/L) was supplied by Sigma-Aldrich Australia. The solution 

was diluted by Milli-Q water with a resistivity of 18 MΩ. Sodium arsenate (HAsNa2O4.7H20) 

and sodium arsenite (AsNaO2), purchased from Sigma-Aldrich Pty Ltd, were mixed with Milli-

Q water for obtaining the stock solution of 100 mg/L of As(III) or As(V). The phosphoric acid 

(H3PO4, 85% w/w) and sodium hydroxylamine hydrochloride (NH2OH.HCl, 99% purity) were 

also obtained from Sigma-Aldrich Pty Ltd. Then 1.0 M phosphoric acid solution was prepared 

by diluting the original standard solutions with Milli-Q water. 0.2 M hydroxylamine 

hydrochloride solution was prepared by adding 13.898 g sodium into 1 L Milli-Q water. 
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Figure 3.1. Pollution source and sediment sampling point. 

 

3.2. Methods 

3.2.1. Characterization or river sediment (RS) and river water (RW) 

The content of SOM was determined by the loss-on-ignition (LOI) method, by sediment 

combustion at 550 oC, according to Hoogsteen et al. (2018). The combusted sediment was 

named as river sediment without organic matter (RS-NOM). The sediment was fractionated by 

sieving through a series of sieve to obtain gravel and coarse sand (fraction S1, 300-2000 μm), 

medium sand (fraction S2, 150-300 μm), fine sand (fraction S3, 75-150 μm), and clay-silt 

(fraction S4, < 75 μm). The specific surface area (SSA) of the dried sediment and different 

sizes were measured by a Quantachrome surface area analyser using the Brunauer–Emmett–

Teller (BET) method.  

The extraction of As from sediment was conducted by following a method described by 

Ellwood and Maher (2003). Briefly, sediment (1.0 g) was accurately weighed into each 50 mL 

Teflon centrifuge tube, to which 5 mL of 1.0 M of phosphoric acid and 5 mL of 0.2 M of 

hydroxylamine hydrochloride were added. The samples were shaken on a horizontal shaker at 
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120 rpm for 1 hour which were then centrifuged. Aliquots of the supernatant were removed 

and filtered through 0.45 µm filters, before As analysis. According to Ellwood and Maher 

(2003), around 90% of extractable As is obtained by using this method. 

RW was analysed in triplicate to evaluate the metals concentrations (As, Fe, Al, Ni, Cu 

and Pb) by ICP-MS (Agilent 7900) and total organic carbon (TOC). 

 

3.2.2. Batch adsorption and desorption experiments  

The adsorption of As(III)/As(V) was assessed for various adsorbents including natural RS, 

sediment without organic matter (RS-NOM) content, particle sizes of 300-2000 μm (S1), 150-300 

μm (S2), 75-150 μm (S3) and 0-75 μm (S4), PS, LDPE, SOM-PS and SOM-LDPE. The stock 

solution of 100 mg/L of As(III)/As(V) was diluted by distilled water (DI-water) or RW to 

obtain the solutions of 0.1-10 As mg/L. The adsorption experiments were conducted by mixing 

200-mL of As(III) or As(V) (0.1-10.0 mg/L) with 2.0 g of sediment. The samples were kept at 

room temperature for 7 days (168h) and mixed on a shaker at 120 rpm for the first 2 days (48 h). 

During adsorption, 2 mL suspension samples were taken on regular intervals (3, 6, 12, 24, 72, 

120 and 168 h), filtered by a 0.45 μm membrane filter, and analysed for total As by ICP-MS 

(Agilent 7900). The adsorption of As(III) or As(V) was evaluated by monitoring the decrease 

of arsenic concentration in the solution.  

For the adsorption isotherm calculation, a series of As(III)/As(V) solutions with initial 

concentrations of 0.1, 0.25, 0.5, 1.0, 2.0, 5.0 and 8.0 mg/L were prepared by diluted stock 

solution from 100 mg/L by adding DI-water. Accurate 2.0 g sediment mixed with 200 mL 

solution was placed in 500 mL beaker for 7 days (168h) and mixed by a flatted shaker at 120 

rpm for the first two days (48h). The pH of feeding solutions was adjusted to 4 ± 0.2 and 10 ± 

0.2 by diluted nitric acid (0.1 M HNO3) and sodium hydroxide (0.1 M NaOH). 
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Desorption experiments were immediately conducted in sequential decant-refill steps 

after the completion of adsorption process of As(III) and As(V) on RS, RS-PS and RS-LDPE. 

Supernatant was removed and replaced by 200 mL DI water or RW, the vials resealed and 

shaken at 120 rpm for 48 h. Aliquot (2 mL) was sampled from the supernatant at different 

reaction times (3, 6, 12, 24, 72, 120 and 168 h), then filtered and analysed for total As 

concentration using ICP-MS (Agilent 7900). The fractions of As(III) and As(V) desorbed from 

the adsorbents were calculated from the mass balance results based on the changes in As(III) 

and As(V) concentrations in solution before and after desorption. 

 

3.2.3. Surface functional groups of sediment, PS, LDPE and minerals of sediment analysis 

The FTIR-spectra (500-4000 cm-1) of RS, RS-NOM, PS and LDPE before and after 

adsorption/desorption of As(III) and As(V) were analyzed by using IR-Spectroscopy 

(Shimadzu MIRacle 10, Japan) in order to investigate surface functional groups of these 

adsorbents involved in adsorption and desorption mechanisms. The sediment samples were 

ground to fine power before analyzed. Additionally, the X-ray Diffraction (XRD) method is 

widely used to explore the sedimentology research related to main minerals involved in 

sediment. The XRD analysis were conducted by Bruker D8 Discover XRD. RS surface before 

and after adsorption was examined by scanning electron microscopy (SEM) and energy 

dispersive X-ray spectroscopy (EDS) method by Oxford instrument, while X-Ray 

Photoelectron Spectroscopy (XPS) from Thermo Scientific was used to detect the surface of 

RS.  

 

3.2.4. Sorption kinetic studies 

Arsenic concentrations retained in the adsorbent phase (mg/kg) were calculated by following 

formula: 
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q� =
(�����)�

�
                                                                       (1) 

q� =
(�����)�

�
                                                                    (2) 

where qt (mg/kg) and Ct (mg/L) are the concentrations of As(III) or As(V) in sediment and solution 

at time t; qe (mg/kg) and Ce (mg/L) are the concentrations of As(III) or As(V) in sediment and 

solution at the equilibrium time; Co (mg/L) is As(III) or As(V) concentration at the initial time; V 

(mL) is volume of solution; m is the weight of adsorbent (g). 

The pseudo-first-order (PFO) and pseudo-second-order (PSO) equations have been 

widely applied to assess the adsorption of As on soils, sediments and MPs (Dong et al., 2020, 

2019; Gedik et al., 2016; Guo et al., 2007; Kumar et al., 2016; Kundu and Gupta, 2006; Luo et 

al., 2019; Ma et al., 2015; Rawat et al., 2021). The PFO model can well describe the initial 

adsorption stage (Ho and McKay, 1999; Ma et al., 2015), while the PSO model was better for 

describing the physical or chemical adsorption at a site (Kumar et al., 2016) or the whole 

adsorption process (Ma et al., 2015).  

The adsorption experimental data was analysed by adsorption kinetic PFO and PSO models 

using non-linear regression equation described by (Alkurdi et al., 2021; Ma et al., 2015). The linear 

forms of PFO and PSO kinetic models are straightforward for application, however, the erroneous 

values of calculating kinetic parameters were the drawbacks (Azizian, 2004). In contrast, the non-

linear forms provided better results in comparison to linear regression analysis (Rawat et al., 2021). 

Thus, the non-linear forms of PFO and PSO models for the adsorption kinetics are used in this 

study (Ma et al., 2015): 

q� = q�(1 − e����)                                                         (3) 

q� =
��

����

�������
                                                                     (4) 
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Another model commonly applied for simulating the kinetics of adsorption is Elovich 

equation, which was developed by Roginsky and Zeldovich (López-Luna et al., 2019; Plazinski et 

al., 2009) as below: 

q� =
�


ln(1 + t)                                                               (5) 

where qt is the amount (mg/kg) of As(III) or As(V) adsorbed at time t; qe is the amount (mg/kg) of 

As(III) or As(V) at the equilibrium; k1 (1/h) is the equilibrium rate constant of the PFO model; k2 

(kg/mg-h) is the equilibrium rate constant of the PSO model;  is the Elovich initial adsorption rate 

(mg/kg min) and  is desorption constant (kg/mg). 

For the desorption process, the PFO and PSO models are described as below (Tseng et 

al., 2009): 

q� = q� + (q� − q�)exp(−k�t)                                                 (6) 

q� = q� +
�����

��(�����)���
                                                              (7) 

where qo is the amount (mg/kg) of As(III) or As(V) at the initial time of desorption. 

 

3.2.5. Sorption isotherm study 

The adsorption phenomenon at the interface between solid and liquid phases is widely 

interpreted by the Langmuir and Freundlich adsorption isotherms (Tseng et al., 2009).  

The Langmuir isotherm model is used to describe the mono-molecular layer adsorption, 

which is expressed as below (Rawat et al., 2021): 

�� =  
������

������
                                                  (8) 

where KL and qm represent the bonding energy constant (mg/L), and the maximum 

adsorption capacity (mg/kg) from the Langmuir equation. 

Additionally, the equilibrium parameter (RL) was used to explain the essentiality of 

Langmuir adsorption isotherms by the following equation (Rawat et al., 2021): 
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�� =  
�

������
                                                                    (9) 

The values of RL > 1, 0 < RL < 1, RL = 1, and RL = 0 indicate unfavourable, favourable, linear 

and irreversible of As(III) and As(V) adsorption on the surface of sediment particles, respectively 

(Rawat et al., 2021). 

The Freundlich sorption model is an empirical adsorption equation indicating that adsorption 

sites on the surface of adsorbent possess different adsorption energies, which can be expressed as 

(Wang et al., 2018): 

�� = ��  ×  ��
�/�

                                     (10) 

where KF is the Freundlich constant or capacity factor (mg/kg-(L/mg)n), while 1/n is the 

Freundlich exponent. The n value < 1 indicates the ordinary adsorption while co-operative 

adsorption and more surface heterogeneity are referred by n > 1 and nearer to zero (Rawat et 

al., 2021). 

A three-parameter isotherm model, Sips is formed by the combination from Langmuir 

and Freundlich expressions (Alkurdi et al., 2021). This model reduces to the Freundlich model 

at the low adsorbate concentrations or to the Langmuir model while the adsorbate 

concentrations are high (Foo and Hameed, 2010). 

q� =
��������

(��������)
                                                                 (11) 

Where Ks is the Sips constant related to the energy of adsorption process, and ns is the 

exponential factor of the isotherm. 

 

3.2.6. Partition coefficient 

The solid-solution partition coefficient (Kp) was used to describe the interactions of 

heavy metals at interface of water phase and sediment (Fang et al., 2021). Kp provides the 

information of combined effect of desorption and adsorption processes of heavy metals 

(Nematollahi et al., 2021). In addition, it also was used for modelling trace metal transfer in 
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various catchment scales or hydraulic systems such as rivers or lakes. Garneau et al. (2015) 

used Kd as a sub-model of adsorption and desorption process to simulate As transport in the 

Garonne River, France. In this study, this relationship was described as the partition 

coefficients to determine the relationship the concentrations of As in sediment-water phases 

(Zhou and Broodbank, 2014): 

�� =
��

��
 (kg/L)                                                 (12) 
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4. CHAPTER FOUR: ADSORPTION-DESORPTION OF 

ARSENIC SPECIES ON RIVER SEDIMENTS ON THE 

ASSOCIATED MECHANISM 

This chapter covers the contents of a published review paper: Kien Thanh Nguyen, Amir 

Navidpour, Mohammad Boshir Ahmed, Amin Mojiri, Yuhan Huang, John L. Zhou (2022) 

Behaviour and mechanism of arsenite and arsenate adsorption and desorption at river sediment-

water interface. Journal of Environmental Management. (Accepted 6 June 2022) 

 

 

4.1. Introduction 

As contamination in soils, sediments, surface water and groundwater has been long monitored 

due to significant threat to plants, animals and human health due to its highly toxic level 

(Dousova et al., 2012). Natural and anthropogenic processes cause an increasing amount of As 

into sediments and water environment (Goldberg and Suarez, 2013; Zhang and Selim, 2005). 

As contamination in soils and sediments mainly derives from anthropogenic activities 

(Dousova et al., 2012), among which mining is the second largest source contributing to highly 

contaminated As levels in environments (Akter et al., 2006). As(III) and As(V) are the soluble 

forms of As existing in the natural environment (Arco-Lázaro et al., 2016). As(V) is prevalent 

under oxidising conditions, whilst As(III) form is predominant under reducing conditions 

(Dousova et al., 2012). Great abundance and high toxicity of inorganic arsenics [As(III) and 

As(V)] have received high attention from scientists to examine As transportation behaviour 

(Wang et al., 2018).  

Adsorption is a key process regulating As transport in the aquatic environment. 

Adsorption kinetics, mechanisms and controlling parameters (pH, temperature, organic carbon, 

texture, clay minerals, phosphorus and cations) have been studied (Arco-Lázaro et al., 2016; 
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Dousova et al., 2012) to have a better understanding of As sorption mechanisms. Effect of pH 

on As adsorbed on sediments has been investigated by Ma et al. (2015), with amount of As(III) 

and As(V) adsorbed on sediment increased when pH decreased from 5 to 9. Adsorption of As 

is highly dependent on sediment properties (Xie et al., 2018) and other parameters. 

Environmental parameters and sediment properties have been examined to evaluate the fate 

and transport characteristics of As in sediment. Sediment organic matter (SOM) has negative 

impacts on As adsorption, whilst smaller particle size of sediment texture enhances As 

adsorption on soils (Nguyen et al., 2021). It was suggested that the negative charge of humic 

acid (HA) and fulvic acid (FA), two types of SOM, had a high affinity for adsorption to the 

metal (hydro)oxide surface, resulting in competing of As(III) and As(V) with HA and FA was 

the adsorption mechanism on the solid surfaces (Wang and Mulligan, 2006a). However, the 

authors explained that As(III) and As(V) anions may be bound with the formation of SOM-

metal complexes through metal-bridging mechanisms, in which these As species form aqueous 

complexes with HA and FA. In addition, SOM could control the release of As(V) from solid 

phase regardless of the adsorption mechanism (Grafe et al., 2001). Varsányi and Kovács (2006) 

showed a strong correlation between As and sediment organic carbon (SOC) at low SOC 

(0.04%) and Fe (4.91 g/kg) concentrations, but no correlation was observed at high SOC 

(0.775% and 0.810%) and Fe (0.09 and 0.29%) concentrations, however, it can be found how 

was the influence of only SOC. Therefore, As(III) and As(V) adsorption on sediment 

influencing by SOM was still not clear to conclude. Regarding grain size of sediment, Dias et 

al. (2009) considered sediment textural fractions as the most important parameter influencing 

As(V) adsorption on sediments. Smith et al. (2006) and Xie et al. (2018) found that decreasing 

particle size, with sand < silt < clay led to an increase in the adsorption of total and inorganic 

As species on sediments. For instance, the adsorption capacity of As(III) on sediments 

increased from 1.57 to 2.62 mmol/kg for sandy and clay types, and from 2.81 to 5.13 mmol/kg 
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for As(V) (Xie et al., 2018). The impacts of particle sizes from different sediments on As(III) 

and As(V) adsorption were clear when comparison among different sediment, however, the 

contribution of only fraction sizes is still needed to investigation. 

The adsorption and desorption rates of As on sediments were observed by Xie et al. 

(2018). They found that As(III) and As(V) had rapid adsorption rates during the first two days, 

slowed down in the next 5 days, and then became relatively stable until 28 days. Similarly, the 

release of As from sediment into water rapidly decreased at initial stage (7-day), followed by 

a slow rate. Furthermore, the desorption rate of As(V) was lower than that of As(III), with a 

maximum of 40% compared to 60% (Xie et al., 2018). Overall, As adsorption from water and 

its controlling factors have been widely investigated. However, the desorption process and 

consequent migration to the environment are greatly important, though the study on As 

desorption was limited to soils (Feng et al., 2013).  

In river sediments, As predominantly exists as arsenite [As(III)] in the anoxic zone, and 

as arsenate [As(V)] in the oxic surface layer (Akter et al., 2006; Dousova et al., 2012). The 

crustal earth has the average As abundance of 1.5 mg/kg, varying from <1 to 15 mg/kg in 

alluvial sands, glacial till, lake sediments and soils (Plant et al., 2005). According to 

Hettiarachchi et al. (2017), only inorganic species were present in mangrove sediments located 

in southeast New South Wales, Australia. Even low concentrations, contaminated As in river 

sediment can cause tremendous harm to living organisms (De Jonge et al., 2012; Tang et al., 

2017). Adsorption and desorption studies of As on river sediment are limited. Therefore, it is 

necessary to explore the adsorption and desorption mechanisms of As on river sediments, 

which have a vital role in removing As from the water or are considered as a secondary 

pollution sink releasing As into the water (Chen et al., 2016). 

The sorption behaviour of As on sediments were reported (Dousova et al., 2012; 

Goldberg and Suarez, 2013; Ma et al., 2015); however, the contribution of sediment 



72 
 

physicochemical characteristics to As adsorption or retention was still not entirely. Therefore, 

the mechanism of interaction between As species and sediment surface ligands was 

investigated in this study in order to have a deeper understanding and sustainable management 

strategies for arsenic contaminated sediments. This chapter aims to examine the adsorption 

kinetics, adsorption isotherms and sorption mechanisms of inorganic As species on river 

sediment under different conditions. 

 

4.2. Material and Methods 

4.2.1. Materials and soil preparation 

The detailed descriptions about the sample collection, sediment preparation and materials are 

reported in Chapter 3.1.  

 

4.2.2. Adsorption and desorption experiments 

The adsorption of As(III)/As(V) was assessed for various characteristics of sediment including 

natural sediment (RS), natural sediment without organic matter (RS-NOM) content and four 

particle sizes including 300-2000 μm (S1), 150-300 μm (S2), 75-150 μm (S3) and 0-75 μm (S4). 

The stock solution of 100 mg/L of As(III)/As(V) was diluted by DI-water to obtain the 

solutions of 10 As mg/L. The adsorption experiments were conducted by mixing 200-mL of 

As(III) or As(V) (0.1-10.0 mg/L) with 2.0 g of sediment. The samples were kept at room 

temperature for 7 days (168h) and mixed on a shaker at 120 rpm for the first 2 days (48 h). During 

adsorption, 3 mL suspension samples were taken on regular intervals (3, 6, 12, 24, 72, 120 and 

168 h), filtered by a 0.45 μm membrane filter, and analysed for total As by ICP-MS (Agilent 7900). 

The decrease of arsenic concentration in the solution was observed to evaluate the adsorption 

of As(III) or As(V).  
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For the adsorption isotherm calculation, a series of As(III)/As(V) solutions with initial 

concentrations of 0.1, 0.25, 0.5, 1.0, 2.0, 5.0 and 8.0 mg/L were prepared by diluted stock 

solution from 100 mg/L with DI-water. Accurate 2.0 g sediment mixed with 200 mL solution 

was placed in 500 mL beaker for 7 days and mixed by a flatted shaker at 120 rpm for the first 

two days. 

The desorption experiments were immediately conducted in sequential decant-refill steps 

after the completion of adsorption process of As(III) and As(V) on SOM. Supernatant was 

removed and replaced by 200 mL Milli-Q water, the vials resealed and shaken at 120 rpm for 

48 h. Aliquot (3 mL) was sampled from the supernatant at different reaction times (3, 6, 12, 

24, 72, 120 and 168 h), then filtered and analysed for total As concentration using ICP-MS 

(Agilent 7900). The mass balance results based on the changes in As(III) and As(V) 

concentrations in solution before and after desorption were used to calculate the fractions of 

As(III) and As(V) desorbed from the RS. 

 

4.2.3. Experimental analysis 

The RS characteristics, adsorption and desorption kinetics, adsorption isotherms and partition 

coefficient are described in Chapter 3 (3.2.3-3.2.6). 

 

4.3. Results and discussion 

4.3.1. Characteristics of river sediment 

Total As content and other physicochemical characteristics of the river sediment compared to 

other sediments collected in New South Wales, Australia are given in Table 4.1. In this study, 

the concentrations of metals were lower than those from Fleming et al. (2021), who collected 

the samples closer to coal mining. Table 4.1 indicated that water quality in sediments in New 

South Wales related to heavy metals are influencing by coal mining activities, although the 
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concentrations of heavy metals are below the guideline values for sediment in Australia. Thus, 

the selected sediment in this study is not contaminated above background value. In addition, 

these heavy metal concentrations were less than those of other sediments collected from several 

ports in New South Wales (Jahan and Strezov, 2018). It is suggested that the treated wastewater 

from mining activities in the upstream area causes marginal effect on polluted sediment in the 

downstream. As concentration (0.16 mg/kg) in this sediment was remarkably lower than 

average concentrations of As (32.0 mg/kg) in three mangrove surface sediments collected at 

Candalagen creek, Batemans bay and Sussex inlet in southeast New South Wales, Australia 

(Hettiarachchi et al., 2017). The SSA of the river sediment was 4.60 m2/g, which was between 

those of two sediments collected from the Elbe River basin in Czech Republic (7.30 m2/g and 

3.50 m2/g) (Dousova et al., 2012). This value was also smaller than that for goethite, kaolinite 

and oak bark char, but higher than pine wood char, oak wood char and pine bark char 

investigated by Mohan and Pittman (2007). The SOC content of the Bargo river sediment was 

lower than any sediments investigated by Dousova et al. (2012).



  

 
 

 

 

Table 4.1. The composition of the Bargo River sediment (in triplicate), in comparison to other sediments in New South Wales, Australia. 

 SSA 

(m2/g) 

SOM 

(%) 

SOC 

(%) 

Al 

(mg/kg) 

Fe 

(mg/kg) 

As 

(mg/kg) 

Cr 

(mg/kg) 

Ni 

(mg/kg) 

Zn 

(mg/kg) 

Cd 

(mg/kg) 

Pb 

(mg/kg) 

Reference 

Bargo River 4.60 0.40 0.046 33.7±7.9 36.7±9.9 0.2±0.05 0.08± 0.008 0.1±0.02 1.8±0.02 0.06±0.001 0.2±0.08 This work 

Bargo River    3000 5800 < 4 4 3 20  5 Fleming et al. (2021) 

Coxs River    5800 30000 16 8 13 43  6 Fleming et al. (2021) 

Wollangambe 
River 

   270 900 < 4 < 1 < 1 1  < 1 Fleming et al. (2021) 

Georges River    1100 4000 < 4 2 1 5  2 Fleming et al. (2021) 

Redbank Creek    4000 33000 8 16 6 33  11 Fleming et al. (2021) 

Nepan River    990 2400 < 4 2 1 4  2 Fleming et al. (2021) 

Port Jackson    895±7 7300±142 6 4 3±1 85±7  18 Jahan and Strezov (2018) 

Port Botany    930±28 765±248 - 2±1 - 7±3.6  2 Jahan and Strezov (2018) 

Port Kembla    1250±212 8000 ± 778 18.5±20 11±3 20±20 235±78  74±66 Jahan and Strezov (2018) 

Port Newcastle    1550±778 5300±566 4 4 3 78 ± 3  24 Jahan and Strezov (2018) 

Port Yamba    383±78 760± 198 0 1 - 3  1 Jahan and Strezov (2018) 

Port Eden    2250±354 46000 ± 
46669 

29±30 31±17 12±4 2345 ± 2057 0.6 165±205 Jahan and Strezov (2018) 

DGV      20 80 21 200 1.5 50 AGI (2019) 

DGV: Australian default guideline values for sediment quality.  
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4.3.2. Effects of pH, sediment properties and initial As solution on adsorption kinetics 

Figures 4.1a and b depict the time variation of As(III) and As(V) concentrations in RS with the 

different pH levels (4, 10 and uncontrolled conditions) in aqueous media. By doing this, the 

experiments examined the statement that “the adsorption of As(V) in sediments is stronger under 

acidic condition (pH varies 3.7-7.0) and weaker under alkaline conditions (pH 8-10), while the 

effect h pH on As(III) is weakened” (Chen et al., 2016; Maji et al., 2007; Mamindy-Pajany et al., 

2011). Therefore, selecting the low acidic and high alkaline pH levels would provide the better 

results. The PFO and PSO models were well fitted experimental data in accordance with the 

correlation coefficient (R2), varied 0.980 and 0.999 for As(V) and slightly higher for As(III), at 

0.995-0.998 (Table 4.2). The amounts of As(III) adsorbed on RS estimated were 109.92 mg/kg (pH 

4) and 89.39 mg (pH 10) by PSO, which were better than those by PFO, at 104.03 mg/kg (pH 4) 

and 84.41 mg/kg (pH 10). The results for As(V) were less accurate in comparison to As(III), at 

168.13 mg/kg (pH 4, PFO), 88.18 mg/kg (pH10, PFO), 203.28 mg/kg (pH 4, PSO), and 97.73 

mg/kg (pH 10, PSO), respectively. The results from PSO for As(V) were a bit far away from 

experimental data. It can be found that As(III) was favourable in alkali condition because its 

concentrations in sediment at the equilibrium time of pH 4 (112.35 mg/kg) were higher than 

those of pH 10 (89.03 mg/kg) or without controlling pH (RS) (105.64 mg/kg, respectively). 

However, at neutral pH (RS), As(V) concentration in sediment was highest at 168.63 mg/kg, 

which was slightly higher than its concentration at pH 4 (167.11 mg/kg) and pH 10 (91.29 

mg/kg) (Table 4.2). The results for As(V) agreed with the statement that As(V) adsorbed on 

sediment, which was generally stronger under acidic conditions and weaker under alkaline 

conditions (Chen et al., 2016; Mamindy-Pajany et al., 2011), while pH had less effect on As(III) 

than As(V) due to its incomplete ionized state (Chen et al., 2016). Adsorption of As(III) and 

As(V) on sediment decreased when pH degrees increased and higher adsorption capacity for 

As(V) than As(III) in all pH conditions (5, 7, 9) (Ma et al., 2015). This study agreed with those 

findings, except for the highest adsorption capacity for As(V). 
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Figure 4.1. Effect of pH (a, b) and initial As concentrations in solution (c, d) on the adsorption 

of As(III) and As(V) on the RS. Symbols are experimental data; the straight and dash lines 

represent the PFO and PSO kinetic models. 

 

Adsorption of As(III) and As(V) on sediment at varying As concentrations (1 – 8 mg/L) is 

shown in Figure 4.1(c and d). As(III) and As(V) adsorption rates showed initial rapid stage up to 

24h, followed by a slow stage at the end of observation time. It was suggested that a rapid increase 

in As adsorption caused by the enhancement in the specific surface area and presence of more active 

surface groups of solid particles (Rawat et al., 2021). The PFO and PSO exhibited well with 

experimental data, with the R2 values ranged 0.953-0.999 and 0.989-1.000 for As(III) and As(V), 

respectively, except the data for As(V) at initial concentrations of 1.0 mg/L. The qe values were 

50.02 and 71.07 mg/kg estimated from PFO and PSO, in comparison with experimental data (32.61 

mg/kg). Other results were closed to the experimental data (Table 4.2). 
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Figure 4.2. Effect of RS and RS-NOM (a, b) and sediment fraction sizes (c, d) on the adsorption 

of As(III) and As(V) on the river sediment. Symbols are experimental data, and the straight and 

dash lines represent the PFO and PSO kinetic models. 

 

Effects of RS and RS-NOM on As(III) and As(V) adsorption on sediment are shown in 

Figure 4.2(a and b). The experimental data of As(III) and As(V) adsorption were in good exhibition 

of the PFO and PSO models. The R2 values were at 0.987-1.000 for As(III) and 0.989-0.995 for 

As(V). The qe estimated by PSO for As(III) and were better than by PFO, at 103.52 mg/kg (RS) 

and 108.39 mg/kg (RS-NOM) compared to 91.65 mg/kg (RS) and 98.87 mg/kg (RS-NOM), 

however these values were lower than experimental data. The degrees of qe for As(V) from PFO 

showed the similar trend, at 155.58 mg/kg and 158.06 mg/kg for RS and RS-NOM, whilst the PSO 

provided higher qe values for both RS (173.49 mg/kg) and RS-NOM (178.00 mg/kg). The amount 

of As(III) on RS-NOM from the experiment was 114.03 mg/kg at the equilibrium, which was 

8% higher than that of RS (105.64 mg/kg), whilst the values for As(V) was slightly higher 

(170.64 mg/kg compared to 168.63 m/kg, respectively). Dousova et al. (2012) found that an 
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increasing of organic matter and Fe contents led to an increase in adsorption capacities of As(V) 

on three sediments. However, the adsorption capacity of As(III) only increased with the 

increase of Fe contents. Xie et al. (2018) pointed out that adsorption of As(III) and As(V) on 

three sediments increased with increasing the organic matter and clay contents. It is hard to 

conclude that this study revealed the contradictory results to these outcomes. This comparison 

may not be completely accurate because the two investigations above used different types of 

sediment with different characteristics, while only one type of sediment was used in this study 

and other characteristics of the selected adsorbent are assumed as unchangeable. An illustration 

is that humic acid can bind a portion of As through positively charged amine groups (Varsányi 

and Kovács, 2006). It is suggested that As adsorption on RS is partly prevented because organic 

matter may inhibit the binding of As(III) and As(V) with functional groups of sediment surface. 
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Table 4.2. Kinetic parameters and equilibrium adsorption capacity of Bargo River sediment 

from the PFO and PSO models. 

As Exp. 
conditions 

PFO  PSO qe
c 

(mg/kg) 
 R2 K1 

(1/h) 
qe

a 
(mg/kg) 

 R2 K2    
(kg/mg-h) 

qe
b 

(mg/kg) 

Adsorption         

As(III) pH 4 0.995 0.103 104.03  0.9968 0.0017 109.92 112.35 
 

pH 10 0.997 0.109 84.41 
 

0.9983 0.0022 89.39 89.03 
 

Conc. 1.0 0.998 0.052 19.33 
 

0.9530 0.0030 21.89 21.95 

 Conc. 2.0 0.999 0.071 27.23  0.9616 0.0032 30.04 30.50 

 Conc. 5.0 0.992 0.045 48.95  0.9600 0.0009 57.09 57.90 

 Conc. 8.0 0.975 0.029 81.76  0.9826 0.0004 95.61 96.65 
 

RS 0.987 0.062 91.65 
 

0.9996 0.0007 103.52 105.64 
 

RS 0.988 0.078 98.87 
 

0.9893 0.0010 108.39 114.03 

 S1 0.998 0.106 97.64  0.9994 0.0021 102.33 102.20 

 S2 0.995 0. 077 135.99  0.9982 0.0008 147.19 146.37 

 S3 0.993 0.078 151.94  0.9974 0.0007 164.60 160.46 

 S4 0.993 0.106 189.68  0.9960 0.0009 200.93 205.20 

As(V) pH 4 0.980 0.023 168.13  0.984 0.0001 203.28 167.11 
 

pH 10 0.997 0.058 88.18  0.999 0.0008 97.73 91.29 
 

Conc. 1.0 0.993 0.065 50.02  0.994 0.0001 71.07 32.61 

 Conc. 2.0 0.999 0.143 36.90  1.000 0.0067 38.86 39.00 

 Conc. 5.0 0.989 0.077 91.77  0.993 0.0010 100.81 106.38 

 Conc. 8.0 0.990 0.074 131.68  0.995 0.0007 144.66 146.22 
 

SOM 0.989 0.059 155.58  0.995 0.0005 173.49 168.63 
 

NOM 0.989 0.040 158.06  0.995 0.0003 178.00 170.64 

 S1 0.999 0.064 105.42  1.000 0.0006 163.37 153.22 

 S2 0.995 0.067 159.93  0.998 0.0005 175.09 170.88 

 S3 0.997 0.101 185.41  0.999 0.0010 194.90 194.22 

 S4 0.990 0.049 271.42  0.996 0.0003 296.27 289.75 

Desorption         

As(III) RS 1.000 0.142 98.56  1.000 0.028 98.07 98.49 

As(V) RS 1.000 0.188 162.42  1.000 0.043 162.00 162.01 
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a. estimated equilibrium adsorption capacity from the PFO model. 

b. estimated equilibrium adsorption capacity from the PSO model. 

c. estimated equilibrium adsorption capacity in the experiments. 
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Figure 4.2(c and d) exhibit the PFO and PSO models for As(III) and As(V) adsorption on 

the sediment fraction sizes. The results indicated that a fast stage of adsorption occurred in first 24h, 

then the adsorption rate decreased for rest of experimental observation. Similarly, other conditions, 

PFO and PSO models provided high R2 values (at least 0.990) for all As(III) and As(V) adsorption 

(Table 4.2). It can be seen that there was a marginal difference on As(III) adsorption between S2 

and S3, while As(V) adsorption on S1 was closed to S2. As(III) and As(V) adsorption was also 

affected by the initial As concentrations and sediment fraction sizes. Table 4.2 shows that at the 

equilibrium, the adsorption capacity for As(III) increased from 102.20 mg/kg for the largest 

size (S1) to 146.37 mg/kg for S2, 160.46 mg/kg for S3 and 205.20 mg/kg for the smallest size 

(S4). This value for S4 was nearly double those of RS at the same time. Regarding As(V) 

adsorption, the qe values were 153.22, 170.88, 194.22 and 289.75 mg/kg for S1, S2, S3 and S4, 

respectively (Table 4.2). As(V) adsorption capacities on different sizes of sediment were higher 

than those of As(III). Xie et al. (2018b) showed similar results in higher adsorption affinity for 

A(V) than As(III) related to the smaller fraction sizes regardless of sediment sizes. Based on 

the surface area analysis including SOM (4.6 m2/g), S1 (3.1 m2/g), S2 (6.0 m2/g), S3 (6.5 m2/g) 

and S4 34.2 m2/g), S1 had smaller surface area than RS, resulting in less adsorption capacity, 

while S2, S3 and S4 showed higher adsorption than RS due to larger surface areas. It is clear that 

the smaller sediment fraction sizes than natural size had a positive impact on As(III) and As(V) 

adsorption, whilst larger size showed a negative effect.  

According to López-Luna et al. (2019), the nonlinear form of PFO needs to be carefully 

applied due to linear adjustment failure, while PSO model provided better results for low initial 

solute concentrations (Azizian, 2004). PSO generally provided better results in kinetic 

adsorption of both As(III) and As(V) than PFO based on the R2 and the qe values. The results 

revealed the statement of López-Luna et al. (2019) that it is highly recommended to apply PSO 

nonlinear model due to advantages in calculating the adsorption values at equilibrium and initial 
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adsorption rate. However, Ma et al. (2015) reported that better results evaluated by PFO than 

PSO while the R2 were not significant different between two models. 

 

4.3.3. Kinetic models for desorption process of As(III) and As(V)  

The desorption kinetics of As(III) and As(V) adsorption on RS were displayed by PFO and PSO 

models (Figure. 4.3). It can be seen that the high rate desorption at initial stage (0-12h), 

followed by stable rate for the remaining time. The amount of As(III) in sediment reduced from 

105.638 mg/kg at the beginning to 100.16 mg/kg at 12h, then finished at 98.49 mg/kg at the 

equilibrium time. For the As(V), the concentrations in sediment were 168.63, 163.02 and 

162.01 mg/kg at these observation time, respectively. The results supported for the statement 

of Ho and McKay (1999) and Ma et al. (2015) that PFO model can well described at the first 

step of kinetic sorption rather than the late time. The concentrations of As adsorbed on RS at 

the equilibrium time calculated PFO and PSO models were closed to the experimental data. 

Amounts of As(III) were 98.56 mg/kg and 98.07 mg/kg from PFO and PSO, whilst the results 

for As(V) were 162.42 mg/kg and 162.00 mg/kg, respectively (Table 4.2). Moreover, the PSO 

model well fitted with all experimental data, indicated that the physicochemical sorption 

including surface complexation and the sorption sites’ diffusion was associated with the 

desorption processes of both As(III) and As(V). Consequently, the desorption of As(III) and 

As(V) on RS was similar behaviour in terms of adsorption kinetics. 
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Figure 4.3. The nonlinear regression in the PSO and PSO kinetic models of As(III) and As(V) 

desorption on the RS. 

 

4.3.4. Equilibrium adsorption studies 

The Langmuir and Freundlich adsorption equations were used to model the adsorption isotherms 

of As(III) and As(V) for RS (Figure 4.4(a and b)). It can be seen that both Langmuir and 

Freundlich models fitted well to As(III) and As(V) adsorption isotherms at the equilibrium time 

and exhibited nonlinear behaviour. In addition, the best-fit parameter values (qm, KL, KF, n) and 

R2 for As(V) and As(III) at the equilibrium time and from the previous studies for sediments are 

presented in Table 4.3. The experimental data was fitted significantly better by the Freundlich 

model for As(III) and by than the Langmuir model for As(V) due to lower values of Reduced 

Chi-Sqr. 
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Figure 4.4. a) and b) adsorption isotherms of As(III) and As(V) on RS at the equilibrium time; 

c) maximum adsorption amount of As(III) and As(V) on RS estimated by Langmuir isotherm 

model in this study and from previous studies (Dousova et al., 2012; Goldberg and Suarez, 2013; 

Ma et al., 2015; Wang et al., 2018). 

 

According to Zhang and Selim (2005), low 1/n values (< 0.4) indicated extensive 

heterogeneity of sorption sites. However, the 1/n values for As(III) was 0.741 0.752 for As(V) at 

the equilibrium time, suggesting the extensive homogeneity of the adsorption sites in the selected 

sediment. It is suggested that 1/n values between 0 and 1 are favourable for both As(III) and 

As(V) adsorption on the river sediment. Furthermore, the RL values for As(III) and As(V) varied 

0.115-0.920 and 0.098-0.902 at initial As concentrations of 0.11 - 10.30 mg/L. High surface 

activity of sediment associated with high mobility of As mobility in the sediment-water interface 

led to the favourable adsorption of both As(III) and As(V) on river sediment (Dousova et al., 

2012). The adsorption maxima (qm) estimated by Langmuir equation were 263.31 and 398.70 
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mg/kg for As(III) and As(V), respectively, lower than those of sediments investigated by Dousova 

et al. (2012) and Wang et al. (2018), and significantly higher than qm values for As(III) and As(V) 

adsorbed on sediments from other studies (Goldberg and Suarez, 2013; Ma et al., 2015) (Figure. 

4.4c). 

 

Table 4.3. Calculated Langmuir and Freundlich equation parameters for As(III) and As(V) 

adsorption at the equilibrium time in this study and data from the previous studies. 

 As(III)  As(V) Reference 

Langmuir qm 

(mg/kg) 

KL 

(L/mg) 

R2   qm 

(mg/kg) 

KL 

(L/mg) 

R2   

         

Bargo RS 263.31 

±73.81 

0.077 

±0.03 

0.986  398.70  

±90.0 

0.089  

±0.03 

0.989 This study 

SD1, Elbe River 1350 0.0133 0.969  900 0.0133 0.997 Dousova et al. (2012) 

SD2, Elbe River 975 0.020 0.972  577.5 0.0124 0.931 Dousova et al. (2012) 

SD3, Elbe River  1125 0.0537 0.991  532.5 0.0129 0.964 Dousova et al. (2012) 

Surface sediment, 

Antelope Valley pond 

    8.96 ± 

0.62  

0.00082 0.975 Goldberg and Suarez 

(2013) 

Aquifer pristine fine 37.8 0.33 0.990  60.2 0.46 0.974 Ma et al. (2015) 

Aquifer coarsea 24.5 0.30 0.967  29.1 0.27 0.997 Ma et al. (2015) 

Wuhan rivers and 

lakesa 

303.3 0.0048 0.936  521.175 0.00268 0.944 Wang et al. (2018) 

Freundlich KF n R2  KF n R2  

Bargo RS 21.50  

±2.18 

1.35 

±0.10 

0.991  35.10 

±4.24 

1.33 

±0.11 

0.987 This study 

a. the data at pH 7 were used. 

 

In summary, the isotherm adsorption results in this study showed no significant difference in 

exhibiting the adsorption mechanism between As(III) and As(V). Ma et al. (2015) reported that 

Langmuir model can describe homogeneous adsorbent surface while Freundlich model displayed 

multi-layers of adsorption. Thus, both types of adsorption processes can be fitted well by the data 

from this study. As a result, As(III) and As(V) adsorbed on this RS occurs in both chemisorption 

and physisorption with higher adsorption capacity of As(V) than As(III). The results were 
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agreement with the findings from Ma et al. (2015) and Wang et al. (2018) but opposite to values 

from Dousova et al. (2012). 

 

4.3.5. Sediment-water distribution of As(III) and As(V) 

Partition coefficients (Kp) for both adsorption and desorption processes of As(III) and As(V) 

are shown in Figure. 4.5. The results were used to provide further understanding the migration 

and transformation of As(III)/As(V) between RS and overlying water. According to 

Nematollahi et al. (2021), log Kp values > 1 reflected a stronger affinity of adsorption and the 

element strongly remained in the sediment phase compared to lower values. The log Kp of pH4 

was higher than that of pH10, indicating higher adsorption affinity in acidic condition than 

alkaline solution. Figure 4.5 illustrates the less adsorption affinity of pH10 compared to other 

conditions. Regarding sediment properties, RS-NOM had marginally higher adsorption affinity 

than RS for As(III) and the opposite trend was for As(V). The effect of sediment sizes was 

similar for both As species, which highest adsorption affinity for the smallest size (S4), then 

reduced followed by S3 > S2 > S1. The log Kp values in this study were significantly higher than 

those investigated from the southern Caspian Sea (mean: 0.35, range: -0.21-0.75) reported by 

Nematollahi et al. (2021). Moreover, log Kp values for As(V) were higher than those of As(III), 

reflected that higher adsorption affinity of As(V) on sediment than As(III) regardless of 

controlling factors. The results were supported for the findings from the adsorption kinetic and 

isotherm sections above. 

The statement of Nematollahi et al. (2021) was also revealed from the log Kp values for 

the desorption process. It can be seen that lower log Kp for As(III) than As(V), in which As(III) 

easily released from sediment to water phase in comparison to As(V). The amount of As(III) 

released from sediment at the equilibrium of desorption was 7.146 mg/kg compared to 6.621 

mg/kg for As(V) evidenced for this hypothesis.   
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Figure 4.5. Distribution coefficient of As(III) and As(V) with different conditions. 

 

4.3.6. As-sediment surface adsorption mechanisms 

As(III) and As(V) are triprotic acids, which dissociate and present in aqueous media in the 

forms of H3AsO3 (pH=0-9), H2AsO3
- (pH 10-12), HAsO3

2- (pH 13) and AsO3
3- (pH 14) for 

As(III), and H3AsO4 (pH 0-2), H2AsO4
- (pH 3-6), HAsO4

2- (pH 7-11) and AsO4
3- (pH 12-14) 

for As(V) (Mondal et al., 2007; Yin et al., 2019; Yohai et al., 2019). 

The interaction between As(III) and As(V) and with sediment particles in the adsorption 

process was investigated by performing FTIR of different sediment types including RS and RS-

NOM before and after As(III) and As(V) adsorption. The FTIR spectra for RS is shown in 

Figure 4.6a. A new IR adsorption peak appeared at 1516 cm-1 attributed to carboxyl group 

(Kaufhold et al., 2012; Li et al., 2018) or amine C=O stretching (Yu et al., 2015) after As(III) 

and As(V) adsorption on RS. The band at 3742 cm-1 corresponds to O–H stretching vibrations 

of phenolic hydroxyl groups or adsorbed water (Luo et al., 2012a; Yu et al., 2015). The IR 

peaks shifted from 1057 cm-1 to 1088 cm-1 and 1080 cm-1 after As(III) and As(V) adsorption, 

which can be associated with Si(Al)–O vibration or antisymmetric stretching vibrations of Si–

O tetrahedron  (Hahn et al., 2018). The IR adsorption bands of all samples recorded at 779 cm-

1 before adsorption and 787 cm-1 as well as 694 cm-1 are assigned to Si–O symmetrical 

stretching vibrations of quartz, exhibiting the roles of these surface functional moieties in 

As(III) and As(V) binding with sediment particles (Hahn et al., 2018; Rawat et al., 2021). 

Furthermore, the small shift in the IR peaks from 563 cm-1 to 553 cm-1 and 559 cm-1 after As(III) 
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and As(V) adsorption, respectively can be contributed to the involvement of Fe–O/Fe–OH 

vibration of the magnetite phase in the As(III) and As(V) adsorption (Luo et al., 2012; Rawat 

et al., 2021). Finally, the IR bans at around 420-428 cm-1 before and after As(V) adsorption can 

be related to the formation of Si–O–Mn bonds (Hahn et al., 2018; Kaufhold et al., 2012), while 

its disappearance after As(III) adsorption indicated the involvement of these functional groups 

in As(III) binding with sediment particles.  

Regarding RS-NOM, no new groups appeared in the FTIR diagram (Figure 4.6b), 

indicating that the interaction between As(III) and As(V) and sediment particles only occurred 

in the available functional groups of sediments. Moreover, the IR bands under 500 cm-1 can be 

assigned to Si–O–Mn bonds (Hahn et al., 2018; Kaufhold et al., 2012), which disappeared after 

adsorption of As(III) on RS and indicated the involvement of these functional groups in As(III) 

binding with sediment particles. XRD analysis for RS and RS-NOM before and after As(III) 

and As(V) adsorption (Figure 4.6(c and d)) indicated that quartz was dominant and had the 

strongest peak in all samples. The results revealed to findings from previous studies of XRD 

for river sediments (Maity and Maiti, 2016; Xie et al., 2018a). Hahn et al. (2018) indicated that 

quartz peaks attributed to the Si-O-Si symmetric stretching of antisymmetric stretching 

vibrations. Additionally, the changes of quartz peaks may be due to either reaction of anionic 

As species with organic-Si or with SiO2 in the presence of OM (Rawat et al., 2021). 

Furthermore, the SEM-EDS images of RS before and after adsorption of As(III) and 

As(V) was given in Figure 4.7. It can be seen that Figure 4.7 (a and b) showed high Al contents 

was detected on RS before adsorption and after adsorption of As(III), while low Al contents 

was found on RS after adsorption of As(V) from Figure 4.7c revealed the results higher 

enrichment of As(V) on RS than As(III) (Matera et al., 2003). Highly rich contents of Al and 

Si in RS particles may affect the Al signal after adsorption of both As(III) (Matera et al., 2003). 

Moreover, XPS results showed no detection of As for RS before and after adsorption of As(III), 

whilst both As2p3A and As2p3B corresponding to As(III) and As(V) were detected on RS after 



90 
 

adsorption of As(V) (Figure 4.8). The results indicate that there was reduction from As(V) to 

As(III) on RS after adsorption (Guo et al., 2022). Additionally, the % atomic of As(V) and 

As(III) on RS particles after adsorption of As(V) were 0.08% and 0.04%, respectively, 

revealing for this finding. 

 

 

Figure 4.6. FTIR spectra (400-4000 cm-1) of RS (a), RS-NOM (b); XRD patterns of RS (c) and 

RS-NOM (d) before and after As(III) and As(V) adsorption. 
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a)  

 
b)  

 
c)  

 
 

Figure 4.7. SEM-EDS analysis of RS (a) before adsorption, (b) after adsorption of As(III), 
and (c) after adsorption of As(V). 
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c) 

 
Figure 4.8. XPS analysis of RS (a) before adsorption, (b) after adsorption of As(III), and (c) 

after adsorption of As(V). 
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As(III) on the RS surface under XPS analysis. The results are valuable for assessing the long-

term fate and management of As contaminated river sediment. 
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5. CHAPTER FIVE: ADSORPTION OF ARSENIC SPCIES ON 

DISTILLED AND RIVER WATER 

Section 5.3.1.1 covers the contents of a published review paper: Kien Thanh Nguyen, Amir 

Navidpour, Mohammad Boshir Ahmed, Amin Mojiri, Yuhan Huang, John L. Zhou (2022) 

Behaviour and mechanism of arsenite and arsenate adsorption and desorption at river sediment-

water interface. Journal of Environmental Management. (Accepted 6 June 2022). 

 
 
 

5.1. Introduction 

Plastics, which are composed of synthetic polymers, play an indispensable role in people’s lives 

in this era. Increasing amounts of plastics enter the natural environment due to their large-scale 

production and widespread applications (Zong et al., 2021). In 2019, the plastic was globally 

produced by 368 million tonnes, of which China was the largest producer by sharing 31% of 

world’s plastic production (Plastics Europe, 2020). It cannot deny that the proportion of 

recycled plastic waste was still small. For example, the high rate of recycling in Europe was 

15% of total plastic waste compared to 25% that was sent to landfill in 2018 (Plastics Europe, 

2019). In Australia, roughly 3.5 million tonnes of plastic were consumed in 2018-2019, of 

which only 13% of used plastic was recycled and 84% was sent straight to landfill (Australian 

Bureau of Statistics, 2020). Plastic materials have become an increasing environmental problem 

of plastic contamination in both anthropic and natural ecosystems due to the persistence and 

the inappropriate disposal (De Felice et al., 2019).  

MPs are plastic polymers with diameters smaller than 5 mm (Dong et al., 2020; He et al., 

2020b), and have received a great concern worldwide due to their pollution in environments 

and ecological effects (Shen et al., 2021). There are five types of MPs including hard and 

jagged-edged fragments, hard and rounded micro-pellets, fibrous or thin uniform fibers, thin 

and 2-dimensional plastic films, and foam. In terms of sources, MPs are grouped into primary 
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and secondary categories (Akdogan and Guven, 2019; Alam et al., 2019. Primary MPs are 

generally manufactured plastics while secondary MPs often derive from the breakdown of 

larger plastic items (Akdogan and Guven, 2019; Dris et al., 2015b; O’Brine and Thompson, 

2010). Another concern about the MPs is that they can carry other pollutants such as 

hydrophobic organic, heavy metals and microorganisms (Shen et al., 2021). Regarding 

adsorption behaviours of heavy metals onto MPs, the properties of MPs, adsorbates and 

environmental conditions were the main factors influencing the adsorption capacities of MPs 

(Wang et al., 2020).  

Polyethylene (PE) and polystyrene (PS) are the most popular MP products and 

contaminants in fluvial environment. The PE density varies from 0.917 to 0.965 g/cm3, while 

the density of PS (1.04-1.11 g/cm3) is slightly higher than that of fresh water (Zhou et al., 2020). 

Studies found that PE shared high proportion of total MPs concentrations in river water and 

sediments. For example, it is estimated that PE accounts for 38% of total MPs in the Yangtze 

River, China (Zhang et al., 2015), 47.5% of total MPs in Elbe River, Germany (Scherer et al., 

2020), or even up to nearly 80% in Ofanto River, Italy and Saigon River, Vietnam (Campanale 

et al., 2020; Lahens et al., 2018). PE had less proportion in river sediments than in river waters, 

varying from 27-61% in Portugal, Germany and China (Huang et al., 2021; Lin et al., 2018; Liu 

et al., 2021; Rao et al., 2020; Rodrigues et al., 2018; Scherer et al., 2020; Wang et al., 2017). 

Moreover, high PS abundance in water was explored in some Chinese rivers such as West 

Rivers (20%), Tuojiang River (23%), Chishui River (25%) and Maozhou River (34.5%) (Huang 

et al., 2021; Li et al., 2021; Wu et al., 2020; Zhou et al., 2020). High concentration of PS was 

detected in river sediments. For example, the concentrations of PS in Elbe River, Germany and 

West River, China accounted for 18.5% and 16% of total MPs in sediments, respectively 

(Huang et al., 2021; Scherer et al., 2020). Studies revealed that PS can adsorb pollutants such 

as antibiotics (Li et al., 2018), perfluorooctanoic sulphonamide (Wang et al., 2015) and heavy 

metal (Holmes et al., 2012). The adsorption of heavy metals such as Cu, Cd, Cr, Pb, As, Zn, Ni 
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and Co on MPS has been investigated to understand potential capturing of metals, adsorption 

behaviours and mechanisms by MPs, specifically PE and PS (Dong et al., 2020; Godoy et al., 

2019; Wang et al., 2020; Zhang et al., 2020; Zong et al., 2021). These investigations indicated 

that MPs could adsorb metals, and the adsorption kinetics could be described by PFO and PSO, 

and the Langmuir and Freundlich isotherms models for adsorption equilibrium. Godoy et al. 

(2019) suggested that chemical adsorption was a main adsorption mechanism due to better 

description of experimental data by the Langmuir model than by the Freundlich model for 

several types of MPs including PE, PET, PP, PS and PVC. 

As is a ubiquitous toxic metalloid, and elevated levels of this element in the biota are 

mainly derived from natural processes and anthropogenic sources (Dousova et al., 2012; Osuna-

Martínez et al., 2021). In natural waters, As exists in many different physicochemical forms, 

but As(III) and As(V) are dominant (Xie et al., 2018b) forms in various As compounds (Dong 

et al., 2020). As concentration in natural water was high as 5000 µg/L (Tahira et al., 2019). To 

date, As has not been recognized as a single pollution in aqueous environment, but higher 

attention has been considered when it interacts with MPs. Dong et al. (2020; 2019) investigated 

the adsorption of As(III) onto different MPs and reported that higher adsorbed amount of As(III) 

onto polytetrafluoroethylene (PTFE) and polystyrene (PE) MP particles was accordance with 

larger SSA of the particles, low pH solution values, low concentration of interfering nitrate and 

phosphate ions in the solution. For instance, amount of As(III) maximum adsorption on PTFE 

decreased from 1.05 to 0.98 and then to 0.91 mg/g when the particle sizes increased from 0.1-

1 µm (PTFE 0.95 m2/g) to 1-10 µm (PTFE 0.40 m2/g) and 10-100 µm (PTFE 0.32 m2/g), 

respectively. In contrast, the maximum adsorption capacity of As(III) on PE was 1.12 mg/g for 

particle size 10-100 µm (9.8 m2/g) and decreased to 0.92 mg/g for particle size 0.1-1 µm (9.8 

m2/g) (Dong et al., 2020). Moreover, As(III) adsorption on PTFE and PS was not significant at 

pH of 3 and 4, then decreased gradually when pH was increased from 4 to 7. This process was 

explained by the change of OH- content related to pH in the solution. Low OH- content at low 
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solution pH (3-4), covering the levels of the point zero charged (PZC) of PTFE and PS, does 

not compete with arsenic anion during the adsorption process. When the solution pH exceeded 

4, these adsorbents became negatively charged and repulsed arsenate ions led to the reduction 

of As(III) adsorption. These studies also found that the presence of NO3
- and PO4

3- in the 

solution inhibited the adsorption of As(III) onto PTFE and PS, in which higher concentrations 

of these anions caused a decrease in As(III) adsorption. 

The hypothesis for the metals adsorbed onto plastic resin pellets is that cations and 

oxyanions interact with plastics’ charged regions or complexes or the hydrophobic surface 

(Holmes et al., 2012; Naqash et al., 2020). Heavy metal adsorption on MPs was highly 

influenced by the large SSA, polarity, and organic polymer composition (Ahmed et al., 2021; 

Ashton et al., 2010). DOM, SSA, porosity and morphology were other major factors affecting 

the adsorption of metals on MPs (Godoy et al., 2019). Regarding As adsorption mechanisms 

onto MP surface, Dong et al. (2020 and 2019) concluded that As(III) adsorbed on PTFE and 

PE occurred on the carboxyl group throughout hydrogen bonding of the adsorbent surface. 

Studies on the roles of environmental factors such as urban wastewater, irrigation water 

and sea water were conducted for Cd, Co, Cr, Cu, Ni, Pb and Zn metals (Godoy et al., 2019). 

Adsorption capacities of Cr onto PE by using these solutions with initial concentration of 8 

mg/L followed a decreasing order as: urban wastewater (7.90 mg/g), irrigation water (6.67 

mg/g), distilled water (3.34 mg/g) and seawater (2.56 mg/g). The results for Pb adsorption on 

PE were urban wastewater (7.63 mg/g), irrigation water (5.69 mg/g), seawater (3.28 mg/g) and 

distilled water (1.77 mg/g). The adsorption capacities of Pb on PS with the same above 

conditions were urban wastewater (7.40 mg/g), irrigation water (5.64 mg/g), seawater (3.29 

mg/g) and distilled water (2.39 mg/g). The outcomes revealed that the adsorption capacities of 

metals on MPs depended on not only the specific MP properties and types of metals, but also 

environment conditions (Li et al., 2018; Wang et al., 2020). Regarding the adsorption of As on 

MPs, so far studies are limited in using distilled water as the background matrix.  
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Therefore, this study aims to(1) explore the structure and properties of virgin bead PS and 

LDPE by Fourier transform infrared (FTIR) spectroscopy and scanning electron microscopy 

(SEM) before and after adsorption of As(III) and As(V); (2) investigate the adsorption kinetics 

and isotherms of these As species onto MPs by using distilled water and river water; and (3) 

study the adsorption mechanism of As(III) and As(V) related to MPs surface functional groups. 

 

5.2. Material and Methods 

5.2.1. Materials and analysis 

The detailed descriptions about the sample collection, sediment preparation and materials are 

described in Chapter 3.1.  

In this chapter, two types of MPs including PS and LDPE were selected to investigate the 

adsorption behaviours of inorganic As species on MPs. The previous experimental results have 

provided the details related to sorption behaviours, adsorption mechanism and the effects of 

controlling factors such as pH, initial As concentrations in solution and sediment properties on 

adsorption of As(III) and As(V) on river sediment. Currently, the adsorption behaviour of MPs 

for heavy metals receives higher attention. Thus, this chapter investigated the batch experiments 

related to adsorption of As(III) and As(V) on PS and LDPE under DI water and RW solutions. 

The PS and LDPE surface functional groups were characterized by using FTIR analysis. In 

addition, adsorption kinetics and adsorption isotherms were carried out as described in Chapter 

3 (3.2.4-3.2.5). 

 

5.2.2. Adsorption experiments 

The adsorption kinetics experiments of As(III)/As(V) adsorption onto PS and LDPE were 

performed in triplicate. The stock solution of 100 mg/L of As(III)/As(V) was diluted by DI 

water or river water (RW) to obtain the solutions of 10 As mg/L. A mixture of approximately 

2.0 g PS or LDPE and 200 mL diluted solution was placed in 500 mL beaker for 7 days and 
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mixed by a flatted shaker at 120 rpm for the first two days. During adsorption process, 3 mL 

suspension samples were taken on regular intervals (3, 6, 12, 24, 72, 120 and 168 h), filtered by 

a 0.45 μm membrane filter, and analysed for total As by ICP-MS (Agilent 7900). The adsorption 

of As(III) or As(V) was evaluated by monitoring the decrease of arsenic concentration in the 

solution.  

For the adsorption isotherm calculation, a series of As(III)/As(V) solutions with initial 

concentrations of 1.0, 2.0, 5.0 and 8.0 mg/L were prepared by diluted stock solution from 100 

mg/L by adding DI-water or RW. Approximately 2.0 g PS or LDPE mixed with 200 mL 

solution was placed in 500 mL beaker for 7 days and mixed by a flatted shaker at 120 rpm for 

the first two days. 

 

5.3. Results and discussion 

5.3.1. River water and selected MPs characterisation 

5.3.1.1. River water characteristics 

The total As content and other physicochemical characteristics of the Bargo river water were 

analysed, in comparison with results reported for Teatree Hallow in September 2021 receiving 

treated wastewater due to coal mining activities by SIMEC group in New South Wales, 

Australia (Table 5.1). The metals concentrations in Bargo River water were lower than its 

upstream, Teatree Hallow, except the Al concentration, due to the dilution and sedimentation 

or sorption processes. All water quality values in Bargo River and Teatree Hallow were below 

the standard of Australia freshwater (AWQG, 1992), except concentrations of Ba and Zn in 

Teatree Hallow. Hence, water quality in Bargo River and its tributary was slightly polluted in 

some cases. 
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Table 5.1. River water characteristics from Bargo River, NSW, Australia and its tributary. 

 
Bargo river       

(this study) 

Teatree 

Hallow 
AWQGa Unit 

Al 35.69 ± 4.95 30 100 µg/L 

As 12.93 ± 0.29 56 50 µg/L 

Ba 307.72 ± 21.66 1590 1000 µg/L 

Cr (total) 8.32 ± 0.01  10 µg/L 

Cu 2.02 ± 0.56 1 2-5 µg/L 

Fe (total) 110.77 ± 13.71  1000 µg/L 

Mn 2.93 ± 0.25  100 µg/L 

Ni 11.09 ± 0.22 30 15-150 µg/L 

Pb 17.24 ± 0  1-5 µg/L 

Zn 48.99 ± 0.53 71 5-50 µg/L 

Electrical Conductivity 473 ± 10 1930  µg/L 

Turbidity 223 ± 5    

TOC 30.20 ± 0.26   mg/L 

References This study SIMEC (2021) SIMEC (2021)  

a. Australian Water Quality Guidelines for Freshwater. 

5.3.1.2. PS and LDPE characteristics 

The FTIR of PS before and after adsorption of As(III) and As(V) is shown in Figure 5.1a to 

evaluate the changes of surface functional groups related to interactions between As species 

and PS pellets. As can be seen from IR spectra of PS (Figure 5.1a), the IR adsorption peak at 

3024 cm-1 disappeared after As(III) adsorption under DI water conditions, however, two new 

peaks of 3742 cm-1, and 3842-3858 cm-1 appeared after adsorption of both As(III) and As(V). 

The peaks of over 3000 cm-1 were attributed to O–H stretching vibrations (Dong et al., 2020). 

The IR peaks at 14423-1697 cm-1 characterised the amide C=O stretching (Dong et al., 2020; 

Rawat et al., 2021). In this functional group, the peak of 1597 cm-1 before the adsorption on PS 
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was disappeared after adsorption of As(III) under DI water condition, while it shifted to 1690 

cm-1 after adsorption of As(V) by DI water, and to 1697 cm-1 after adsorption of As(III) and 

As(V) by RW. The IR bands at 1497 cm-1 and 1443 cm-1 were stable in RW conditions, but 

shifted to 1512 cm-1 and 1450 cm-1 under ID water environment for both As(III) and As(V). 

Moreover, the IR band at 1018 cm-1 before adsorption, which slightly shifted to 1080 cm-1 after 

adsorption of As(III) under DI water, was disappeared after adsorption of As(V) under DI water, 

and divided into two peaks 1022 and 1026 cm-1 after adsorption of As(V) under RW, 

contributed to O–H bend of PS (LibreTexts, 2021). According to Dong et al. (2020), the peak 

at 748 cm-1, which shifted to 756 cm-1 after As(III) and As(V) adsorption attributed to the long 

chain CH2. Generally, two disappear peaks were involved in As(III) binding with PS pellets, 

while the new peaks indicated strong surface interaction and formation of new bonds between 

As(III) or As(V) and surface functional groups of hydroxyl and carboxyl. In contrast, no new 

peak was formed as well as no peak was also disappeared. 

 

 

Figure 5.1. FTIR spectra before and after As(III)/As(V) adsorption on PS (a) and LDPE (b). 
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The FTIR spectra results for surface functional groups of LDPE related to adsorption of 

As(III) and As(V) are shown in Figure 5.1b. According to Chen et al. (2001), the peaks of 2909 

cm-1 and 2847 cm-1 correspond strong C–H asymmetric stretching and medium strong C–H 

symmetric stretching, of which the band 2909 cm-1 slightly shifted to 2916 cm-1 after adsorption 

of As(V) in both DI water and RW, whilst the later peak was stable after adsorption regardless 

of conditions. Two new bands of 3379-3395 cm-1 and 3186-3194 cm-1 were appeared after 

As(III) and As(V) adsorption indicated there was forming new bonds between As(III) or As(V) 

and surface hydroxyl functional group. Additionally, two other new bands at 1643 cm-1 and 648 

cm-1 assigned to the amide C=O stretching and O–H bend functional groups (Dong et al., 2020; 

LibreTexts, 2021). As a result, although there were difference among the values of IR peaks of 

LDPS and PS, they shared the similar surface functional groups for interactions with As(III) 

and As(V). 

 

5.3.2. Sorption kinetics 

Figure 5.2 shows the fitting results of PFO and PSO models for As(III) and As(V) adsorption. 

The results on time dependent of As(III) and As(V) adsorption by DI water and RW on PS and 

LDPE adsorbents showed initial fast stage of adsorption up to 24h, followed by a slower stage. 

Studies by Dong et al. (2020 and 2019) pointed out that the adsorption rate of As(III) on  PTFE 

and PS slowly increased during the 120 minutes, followed by rapidly increasing up to 1440 

minutes for PTFE and 960 minutes for PS, respectively. Thus, this study did not observe the 

adsorption before the first 3h, but revealed the results for As(III) adsorption of PS at later stages. 

The rapid adsorption phase was explained the rapid invading by As(III) (Dong et al., 2020) or 

As(V) on external surface adsorption sites of these MPs, then As species entered the adsorption 

sites in the inner surface. Generally, PS has higher adsorption capacities for As(III) in both DI 

water and RW conditions (Figures 5.2a and b) and for As(V) in DI water (Figure 5.2c), 
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particularly in the slower stage for As(III) adsorption in both DI water and RW environments. 

More specific, the adsorption capacities of PS calculated from the experimental data at the 

equilibrium time in DI water were higher in RW for both As(III) and As(V) (Table 5.2), at 

93.77 and 90.36 mg/kg for As(III), and 82.67 and 78.48 mg/kg for As(V), respectively. Similar 

trend was found for adsorption of As(III) on LDPE, at 74.45 mg/kg in DI water compared to 

49.34 mg/kg in RW. However, the adsorption of As(V) on LDPE was higher in RW (93.05 

mg/kg) than in DI water (78.03 mg/kg). These opposite outcomes could be explained that 

environmental factor has a significant influence on the amount of As adsorbed on these selected 

MPs. Amount of As(III) adsorbed on PS in this study was significantly lower than those from 

the study of Dong et al. (2020), varied between 1035 and 1165 mg/kg for different sizes of PS 

particles. The correlation coefficient (R2) for adsorption of As(III) and As(V) on PS and LDPE 

were high, varying between 0.988 and 0.997 indicated that PFO exhibited well with the 

experimental data. These R2 values from the non-linear PFO model were higher than those 

calculated from the linear regression for As(III) adsorption on PS (Dong et al., 2020), 

supporting the state that the non-linear form would be better for description of kinetic 

adsorption (Rawat et al., 2021). In addition, the estimated adsorption capacities of these MP 

beads at the equilibrium from PFO model were lower than those calculated from the 

experimental data (Table 5.2). The PFO qe values (mg/kg) for As(III) were 80.42 (PS-DI), 

67.22 (LDPE-DI), 82.741 (PS-RW) and 42.703 (LDPE-RW), whilst the degrees for As(V) were 

76.23 (PS-DI), 70.53 (LDPE-DI), 70.76 (PS-RW) and 84.02 (LDPE-RW). 
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Figure 5.2. The PFO and PSO kinetic models of As(III) and As(V) adsorption. Symbols are 

experimental data, the solid and dash lines represent the non-linear fitting by PFO and PSO, 

respectively. 

 

The contents of As(III) and As(V) adsorption on PS and LDPE estimated by PSO model 

were closed to the experimental values than those from PFO (Table 5.2), which was opposite 

to the results estimated by linear regression (Dong et al., 2020). Azizian (2004) and Rawat et 

al. (2021) stated that non-linear forms of kinetic adsorption (PFO and PSO) describe better 

results than linear forms. The R2 results for As(III) ranged at 0.992 – 0.998 and 0.998 – 0.999 

for As(V), which were slightly higher than those from PFO model. As a result, PSO model was 

more accurate than PFO for describing As(III) and As(V) adsorption. Thus, our results revealed 

role of PSO model in describing physicochemical adsorption at a particular site or the whole 

adsorption process (Kumar et al., 2016; Ma et al., 2015).  

 

0 30 60 90 120 150 180

0

30

60

90

0 30 60 90 120 150 180

0

30

60

90

0 30 60 90 120 150 180

0

20

40

60

80

100

0 30 60 90 120 150 180

0

30

60

90

   As(III)-PS-DI
   As(III)-LDPE-DI
   PFO-PS
   PFO-LDPE
   PSO-PS
   PSO-LDPE

A
s

 c
o

n
c

e
n

tr
a

ti
o

n
 o

n
 M

P
s

 (
m

g
/k

g
)

a) As(III) - DI water

   As(III)-PS-RW
   As(III)-LDPE-RW
   PFO-PS
   PFO-LDPE
   PSO-PS
   PSO-LDPE

As(III) - river waterb)

   As(V)-PS-DI
   As(V)-LDPE-DI
   PFO-PS
   PFO-LDPE
   PSO-PS
   PSO-LDPE

Time (h)

c) As(V) - DI water

   As(V)-PS-RW
   As(V)-LDPE-RW
   PFO-PS
   PFO-LDPE
   PSO-PS
   PSO-LDPE

d) As(V) - river water



108 
 

Table 5.2. PFO and PSO kinetic parameters and equilibrium adsorption capacity. 

As Exp. 
conditions 

PFO  PSO qe
c 

(mg/kg) 

R2 K1 (1/h) qe
a 

(mg/kg) 
 R2 K2 

(kg/mg-h)
qe

b 
(mg/kg) 

 

As(III) PS-DId 0.989 0.0738 80.42 0.994 0.0011 88.96 93.77 

LDPE-DId 0.994 0.0261 67.22 0.996 0.0003 82.45 74.45 

PS-RWe 0.988 0.0254 82.74 0.992 0.0003 98.35 90.36 

LDPE-RWe 0.997 0.0712 42.70 0.998 0.0020 47.46 49.34 

PS (0.1-1µm) 0.908  1154 0.987  2094 1165 

PS (1-10µm) 0.602  1110 0.899  2013 1115 

PS (>10µm) 0.771  1033 0.957  2043 1035 

As(V) PS-DId 0.995 0.0623 76.23 0.998 0.0010 84.60 82.67 

LDPE-DId 0.994 0.0419 70.53 0.998 0.0006 81.78 78.03 

PS-RWe 0.997 0.0604 70.76 0.999 0.0010 79.01 78.48 

 LDPE-RWe 0.995 0.0773 84.02 0.998 0.0013 91.28 93.05 

a and b. Estimated equilibrium adsorption capacity from the PFO and PSO models; c. estimated 

equilibrium adsorption capacity from the experiments; d and e. Using DI water and river water 

for experiments; f, g and h. PS particle sizes of 0.1-1, 1-10 and greater 10 µm. 

 

5.3.3. Sorption isotherms 

The adsorption isotherms of As(III) for PS  and LDPE by using DI water and RS were modelled 

by the Langmuir and Freundlich adsorption equations (Figure 5.3), while Figure 5.4 shows the 

isotherms of As(V). It can be seen that both Langmuir and Freundlich equations fitted well to 

As(III) and As(V) adsorption isotherms and exhibited nonlinear behaviour. In addition, the 

best-fit parameter values (qm, KL, KF, n) and R2 for As(V) and As(III) at the equilibrium time 

and from the previous studies for PS are presented in Table 5.3. The marginal differences 

among the values of Reduced Chi-Sqr and R2 for both Langmuir and Freundlich models 

indicated that these models can well describe the adsorption isotherms for PS and LDPE related 
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to As(III) and As(V). Previous studies showed that Langmuir and Freundlich models were 

applied for various heavy metals and the goodness of the fitting with the dataset was not very 

different between these models (Collard et al., 2019; Dong et al., 2020; Holmes et al., 2014; 

Hosseinpour et al., 2018). 

 

 

Figure 5.3. The isotherm of As(III) adsorption on PS (a, c) and LDPE (b, d). 

 

In the Langmuir model, the maximum adsorption capacities (qm), for different conditions 

(As species, PS, LDPE, DI water and RW) were consistent to the kinetic results. For example, 
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were for PS and LDPE, respectively. Moreover, the separation factor (RL) values given in Table 

5.4 was less than 1 indicated that both PS and LDPE have high adsorption affinity for As(III) 

and As(V). The favourable sorption processes with high affinity occur when the values of RL 

range from 0 to 1 (Rawat et al., 2021). From the Freundlich isotherm parameters, the values of 

1/n less than 1 for PS and LDPE regardless of experimental conditions indicated As(III) and 

As(V) adsorption on PS and LDPE were the non-linear form (Table 5.3). Dong et al. (2020) 

explained that the interactions between adsorbate and adsorbent cause uneven distribution sites. 

In that way, the pore on the adsorbent surface is filled during the adsorption process. 

 

 

Figure 5.4. The isotherm of As(V) adsorption on PS (a, c) and LDPE (b, d). 
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and As(V) regardless of adsorbents in this study (Figures 5.3 and 5.4). The results were 

agreement with findings by Ma et al. (2015), indicating monolayer of As onto sediment, in 

which adsorption occurs at the specific localized sites, ‘that are identical and equivalent, with 

no lateral interaction and steric hindrance between the adsorbed molecules’  (López-Luna et 

al., 2019, p.13) As a result, As(III) and As(V) adsorbed on selected MPs was suggested as 

physisorption, with higher adsorption capacity of As(III) than As(V) and more As adsorbed on 

LDPE than on PS (in DI water and RW), except the adsorption of As(III) and As(V) on LDPE 

in RW. Furthermore, no significant difference in As(III) and As(V) adsorption between PS and 

LDPE was found regarding isotherm models. 
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Table 5.3. Calculated Langmuir and Freundlich equation parameters for As(III) and As(V) adsorption at the equilibrium time in this study and data from 

the previous studies. 

  As(III)    As(V)    Reference 

Langmuir qm (mg/kg) KL (L/mg) R. Chi-Sqr R2   qm (mg/kg) KL (L/mg) R. Chi-Sqr R2   

PS-DI 117.18 ± 5.67 0.441 ± 0.09 0.197 1.000  110.26 ± 9.88 0.331 ± 0.11 0.465 1.000 This study 

LDPE-DI 163.30 ± 60.27 0.085 ± 0.05 1.000 0.999  130.70 ± 23.57 0.157 ± 0.06 0.565 0.999 This study 

PS-RW 116.73 ± 4.11 0.371 ± 0.05 0.092 1.000  96.93 ± 3.14 0.467 ± 0.07 0.092 1.000 This study 

LDPE-RW 54.78 ± 3.68 0.803 ± 0.36 1.382 0.995  115.06 ± 4.20 0.455 ± 0.07 0.158 1.000 This study 

PS (0.1-1µm) 1120 0.0006  0.951      Dong et al. (2020) 

PS (1-10µm) 1047 0.0013  0.904      Dong et al. (2020) 

PS (>10µm) 920 0.0001  0.906      Dong et al. (2020) 

Freundlich KF 1/n R. Chi-Sqr R2  KF n R. Chi-Sqr R2  

PS-DI 49.83 ± 7.42 0.291 ± 0.07 0.579 1.000  36.18 ± 5.13 0.379 ± 0.07 0.556 1.000 This study 

LDPE-DI 17.48 ± 3.61 0.630 ± 0.10 0.680 0.999  23.95 ± 3.87 0.529 ± 0.08 0.443 0.999 This study 

PS-RW 42.01 ± 4.05 0.351 ± 0.05 0.227 1.000  40.85 ± 6.77 0.302 ± 0.08 0.586 0.999 This study 

LDPE-RW 33.00 ± 2.85 0.171 ± 0.04 0.938 0.997  48.98 ± 2.46 0.292 ± 0.02 0.103 1.000 This study 

PS (0.1-1µm) 0.017 0.887  0.875      Dong et al. (2020) 

PS (1-10µm) 0.017 0.903  0.901      Dong et al. (2020) 

PS (>10µm) 0.015 0.907  0.950      Dong et al. (2020) 



  

 
 

 

Table 5.4. RL factor As(III) and As(V) adsorption on MPs. 

RL factor for As(III)  RL factor for As(V) 

PS + DI LDPE + DI PS + RW LDPE + RW  PS + DI LDPE + DI PS + RW LDPE + RW

0.845 0.965 0.875 0.762  0.876 0.939 0.853 0.119 

0.716 0.928 0.795 0.625  0.778 0.885 0.728 0.067 

0.590 0.878 0.635 0.440  0.661 0.808 0.571 0.039 

0.355 0.723 0.389 0.213  0.410 0.575 0.332 0.028 

0.243 0.614 0.276 0.142  0.296 0.463 0.228 0.025 

0.201 0.555 0.230 0.116  0.245 0.409 0.190 0.023 

 

5.3.4. Sorption mechanisms 

The Langmuir and Freundlich isotherm results indicated that both chemisorption and 

physisorption were participated in the adsorption process of As(III) and As(V) on PS and 

LDPE. The binding sites on the adsorbent surface were supported by FTIR results (Figure 5.1a 

and b). It was reported that the H atoms on the carboxyl group for PS and hydroxyl group for 

PTFE have the large positive electrostatic potential, at +56.60 and +82.37 kcal/mol, 

respectively (Dong et al., 2020, 2019). The O–H bond length was shortened due to the O atom 

participated in the complexation of As(III) or As(V) during the adsorption process (Dong et 

al., 2020). This study revealed that adsorption of As metal ion is related to nitrogen and oxygen 

functional groups of material surface (Gordon et al., 2015). Based on the surface electrostatic 

potential analysis of PS and PTFE (Dong et al., 2020, 2019), the key mechanisms for As(III) 

adsorption onto PS and PTFE are electrostatic force and non-covalent interaction. Sharing the 

similar FTIR results with Dong et al. (2020) for PS adsorbed As(III), it was suggested that 

electrostatic force and non-covalent interaction are the main factors affecting adsorption 

mechanism of As(III) and As(V) on PS and LDPE. 
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5.4. Conclusions  

The adsorption of As(III) and As(V) on PS and LDPE in this chapter related to cleaned-fresh 

water (DI water) and simulated river conditions (RW) was investigated by using pre-production 

bead MPs. The adsorption rate was higher within the first 24h, followed by slow stage for all 

experimental conditions. The PSO model could provide better exhibition of kinetic adsorption 

related to higher R2 and qe values. Langmuir and Freundlich isotherm models were well fitted 

with experimental data indicating both chemisorption and physisorption were involved in the 

adsorption processes. The qm values estimated by Langmuir model of PS (117.18 mg/kg) were 

lower than LDPE (163.30 mg/kg) for As(III) in DI water, but higher than in RW (116.73 and 

54.78 mg/kg, respectively). The qm values for As(V) adsorbed on LDPE were higher than PS 

by using both DI water and river water, 130.70 and 115.06 mg/kg compared to 110.26 and 

96.93 mg/kg. The degrees of As adsorbed on PS and LDPE varied in different aqueous 

environments (DI water and RW) referred that environmental factor contributed major 

influence on the adsorption of As species on MPs, thus this factor need to be comprehensively 

investigated further. Furthermore, the interactions between As species and PS and LDPE 

mainly occur on the carboxyl and hydroxyl groups of adsorbent surface, whilst electrostatic 

force and non-covalent interaction significantly contributed to the adsorption mechanism of 

As(III) and As(V) on PS and LDPE. 
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6. CHAPTER SIX: ADSORPTION-DESORPTION OF 

ARSENIC SPECIES ON RIVER SEDIMENT AND 

MICROPLASTICS 

 

Adsorption-desorption of arsenic species on river sediment in this chapter covers the contents 

of a published review paper: Kien Thanh Nguyen, Amir Navidpour, Mohammad Boshir 

Ahmed, Amin Mojiri, Yuhan Huang, John L. Zhou (2022) Behaviour and mechanism of 

arsenite and arsenate adsorption and desorption at river sediment-water interface. Journal of 

Environmental Management. (Accepted 6 June 2022). 

 

 
 

6.1. Introduction 

Highly toxic element, As presences in the biota such as fresh water and sediments in various 

concentrations (Chen et al., 2016; Goldberg and Suarez, 2013; Osuna-Martínez et al., 2021). 

Natural processes (i.e. weathering and biological activity) and anthropogenic activities (e.g. 

mining, industrial processes and agricultural activities) have been reported as the main sources 

of As releasing into the environments (Hua, 2018; Osuna-Martínez et al., 2021; Xie et al., 

2018b). In terrestrial and aquatic environments, As predominantly occurs as As(III) and As(V), 

which have higher toxic levels than organic forms (Wang et al., 2018; Xie et al., 2018b). In 

surface waters such as river water, As pollution is considered as an environmental problem 

(Hua, 2018). Recently, Osuna-Martínez et al. (2021) reported the level of As contamination in 

river water was high as 8684 µg/L in Matehuala, Mexico. As concentrations in sediments were 

significantly higher than in water bodies, with the highest value up to 28600 mg/kg (Osuna-

Martínez et al., 2021). In Australia, high As polluted degree in Sydney harbour estuary 

sediments was 29 mg/kg (Jahan and Strezov, 2018), but this level was still lower than 
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Australian Water Quality Guidelines for Freshwater (AWQG, 1992). Sediments can observe 

significant amount of As from high As concentrations in waters under favourable hydraulic 

conditions (Chen et al., 2016; Jahan and Strezov, 2018). The sedimentary environmental 

conditions such as grain size and organic matter influenced the chemical fraction of As, its 

concentration and distribution in sediment (Wang et al., 2019), resulting in the degrees of As 

toxicity and bioavailability (Ma et al., 2015). In another way, As may return into the water 

column under the changes in physical and chemical factors or under variable hydraulic 

conditions (Jahan and Strezov, 2018; Nematollahi et al., 2021). As a result, contaminated 

sediments are a secondary As polluted source (Chen et al., 2016; Nematollahi et al., 2021). 

Thus, study the transport and fate of As in the solid and aqueous environments is necessary 

(Wang et al., 2018). 

Adsorption and desorption studies of As have been widely investigated for predicting the 

fate and behaviour of As in soils and sediments as well as the part of these components such 

as Al and Fe oxides, clay minerals, organic matter, particle size and natural fulvic acids 

(Dousova et al., 2012; Goldberg and Suarez, 2013; Li et al., 2018; Wang and Mulligan, 2006a; 

Yang et al., 2006; Zhang and Selim, 2005). Other controlling factors such as pH, competitive 

anions, cations, bacterial activity, concentrations of As in solution, reaction time and amount 

of adsorbent dosages have been reported to explore the ratio of adsorption and maximum 

adsorption capacities of soils and sediments (Huang et al., 2013; Xie et al., 2018b). Adsorption 

and release processes involved two stages including a rapid rate and then a slow rate (Huang 

et al., 2013; Xie et al., 2018b). Additionally, adsorption behaviour of As under various pH 

levels has been widely investigated. As(III) and As(V) adsorption on sediments increased with 

increase in pH degrees between 3-7 (Chen et al., 2016; Ma et al., 2015). In contrast, Yean et 

al. (2005) reported that both As(III) and As(V) totally desorbed from sorbents in alkaline 

conditions, of which increase in pH led to higher desorption rates. Studies revealed that iron 
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oxide, the presence of other cations and bacterial activity enhanced the adsorption rates of 

As(III) and As(V), while anions and organic matter caused decrease in adsorption rate (Huang 

et al., 2013; Wang and Mulligan, 2006a; Xie et al., 2018b). Regarding the desorption rate, 

Sharma and Kappler (2011) found that no clear trend was observed for the release of As (III) 

and As(V) from the humic acid-coated clay regardless of initial concentrations of As or the 

presence of phosphate and silicate. Interactions between As(III) or As(V) with clay minerals 

or iron oxides indicated that the inner-sphere complex, hydroxide corrosion of zerovalent iron, 

ternary complex formation with Ca2+ functioning (outer-sphere complex) and aggregating with 

amine groups from humic molecules involved in the sorption of As species on the clay surface 

(Sharma and Kappler, 2011; Yean et al., 2005). Additionally, As(V) adsorption on sediment is 

strongly related to smectite clays rather than high content of quartz or elite mineral (Borgnino 

et al., 2012; Goldberg and Suarez, 2013).  

MPs contamination in biota systems such as river water and sediments are a hot topic 

due to their environmental persistence and ecological effects (Shen et al., 2021). MPs have 

been detected in river water bodies in various shapes (fragments, pellets, fibers, films and foam) 

and colours (white, transparent, black, red, yellow and green). MPs have been recorded and 

classified as major groups including PE, PP, PVC, PS and PET (Andrady and Neal, 2009). MP 

abundance in river waters and sediments was reported as high as 4.7x106 particles/m3 and 

11917 particles/kg, respectively (Liu et al., 2021; Sankoda and Yamada, 2021). Another 

concern related to MPs is that they can adsorb and convey metal ions in river and marine 

systems. Al, Cr, Cu, Fe, Mn, Ti and Zn on natural-aged MPs have been reported (He et al., 

2020b; Vedolin et al., 2018; Wang et al., 2017). Moreover, studies on the kinetic and isotherm 

adsorption of As onto different types of MPs have been conducted in the laboratory (Dong et 

al., 2020, 2019). Controlling factors including pH, temperature, interfering NO3
- and PO4

3- ions 

influencing As(III) adsorption on polytetrafluoroethylene (PTFE) and PS were reported. SSA, 
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pH, NO3
- and PO4

3- showed the similar effects on adsorption of As(III) on MPs as on soils. 

Polarity, morphology and organic polymer composition also enhanced heavy metals adsorption 

on MPs (Ahmed et al., 2021; Ashton et al., 2010). The adsorption of As(III) on surface of MPs 

primarily occurs via hydrogen bond of carboxyl group, while electrostatics forces and non-

covalent are the main interactions of adsorption mechanisms (Dong et al., 2020). However, one 

question is that how As interacts with both sediments and MPs, particularly in RW. Sediment 

is a vital compartment in river systems, and works as a sink of metals, MPs and other pollutants 

(Jahan and Strezov, 2018; Nematollahi et al., 2021). This chapter, thus, aims to (1) investigate 

the adsorption and desorption behaviours of As(III) and As(V) in RS by using RW as the 

feeding solution; (2) assess the adsorption and release capacities of As(III) and As(V) in the 

mixed-environments of RS with PS or LDPE by using DI water and RW; and (3) study the 

adsorption and desorption mechanisms of As(III) and As(V) on RS, PS and LDPE via the 

analysis of surface functional groups. 

 

6.2. Methodology 

The detailed descriptions about the components and preparation of RS are in Chapter 4 (Table 

4.1). Information related to RW, PS and LDPE is described in Chapter 5.2.  

The adsorption of As(III)/As(V) was assessed by using various adsorbents including RS, RS-

PS, and RS-LDPE. The stock solution of 100 mg/L of As(III)/As(V) was diluted by DI water 

or RW to obtain the solutions of 10 As mg/L. The adsorption experiments were conducted by 

mixing 200-mL of As(III) or As(V) (0.5-10.0 mg/L) with either 2.0 g of sorbents (i.e. 2.0 g 

sediment, or 2.0 g of sediment with 2.0 g of PS, or 2.0 g of sediment with 2.0 g of LDPE). The 

adsorption and desorption experimental investigations were given in Chapter 3.  

To assess the adsorption and desorption of As(III) and As(V) onto different adsorbents, 

a series of experiments were conducted (Table 6.1). Firstly, the sorbent of RS was carried out 
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in RW solution to evaluate the adsorption and desorption behaviours. After that, the mixture 

of sediment with PS or LDPE as an adsorbent was conducted in both DI water and RW. The 

experiments using 10.0 mg/L of As(III) or As(V) and the adsorbent of sediment with PS or 

LDPE were performed in triplicate, and the averaged results were calculated (Dousova et al., 

2012). The functional groups of the sediment, PS and LDPE were detected by the FTIR 

spectrometer before and after adsorption process. The kinetic sorption, isotherm sorption and 

partition coefficient analysis are described in Chapter 3. 

 

Table 6.1. Sorption experiment conditions. 

As 

species 

Adsorbent 

type 

DI water  RW 

Kinetic Isotherm  Kinetic Isotherm 

As(III) RS      

 RS+PS      

 RS+LDPE      

As(V) RS      

 RS+PS      

 RS+LDPE      

As(III) and As(V) adsorption on RS by using DI water was conducted in Chapter 4. 

 

6.3. Results and discussion 

6.3.1. FTIR results of sediment, PS and LDPE  

Figure 6.1(a and b) illustrate the FTIR spectra results of the interactions between As(III) and 

As(V) with RS particles after adsorption and desorption using RW solution. The results showed 

no difference between As(III) and As(V) after both adsorption and desorption, indicating that 

the same functional groups of RS interacted with As species during the adsorption process. 
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Compared to the surface of RS particles before adsorption, the main functional groups involved 

in the interactions with As species were phenolic hydroxyl, carboxyl, quartz and goethite 

groups (Figure 6.1(a and b)). The similar results were found for RS particles after As(III) and 

As(V) adsorption in the mix of RS with PS or LDPE in both DI water and RW solutions (Figure 

6.1(c and d)). In the phenolic hydroxyl group, a new band of 3865 cm-1 appeared after 

adsorption. The new peak at 2307 cm-1 was attributed to C–O molecular vibrations in calcite 

(Hahn et al., 2018). In the carboxyl group, two new peaks of 1651.07 and 1705.07 cm-1 were 

assigned to amine C=O stretching (Yu et al., 2015). Moreover, the FTIR bands at 795 and 1088 

cm-1 attributed to Si–O symmetrical stretching vibrations and Si(Al)–O vibration or 

antisymmetric stretching vibrations of Si–O tetrahedron of quartz (Hahn et al., 2018), while 

the peak of 694 cm-1 was associated with Fe–O/Fe–OH vibration of the magnetite phase (Luo 

et al., 2012; Rawat et al., 2021).  
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Figure 6.1. FTIR spectra of RS for As(III) and As(V). a) As(III) adsorption/desorption – RS-

RW, b) As(V) adsorption/desorption – RS-RW, c) As(III)/As(V) adsorption – RS-PS-DI/RW, 

and d) As(III)/As(V) adsorption – RS-LDPE-DI/RW. 

 

Furthermore, Figure 6.2a shows the FTIR results of PS beads before and after As(III) 

and As(V) adsorption under DI water and RW solutions. The peaks at 748 and 2847 cm-1 

slightly shifted to 756 and 2855 cm-1 after adsorption of As(III) in both DI and RW, which 

were assigned to the presence of CH2 chain (Dong et al., 2020). Regarding As(V) species, FTIR 

peaks were changed after adsorption of As(V) in RW solution. New bands at the centre of 3742 

cm-1 was assigned to O–H functional groups, whilst the peaks of 1681-1744 cm-1, 2315 and 

2855 cm-1 were associated with C–N, C–O and O–H groups, respectively (Dong et al., 2020; 

Misra et al., 2006). Three main functional groups including C–H, C=O and O–H before and 

after As(III) and As(V) adsorption can be seen at LDPE surface (Figure 6.2b). There was a 
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slightly change at the peak of 3194 cm-1 before adsorption which shifted to 3186 cm-1 after the 

adsorption of As(III) in RW and As(V) in DI water, which was attributed to the involvement 

of C–H functional group in the binding of As species. 

Furthermore, Figure 6.3 showed lower Al contents was detected for As(V) adsorption 

on RS, indicating SEM-EDS revealed the results higher enrichment of As(V) on RS than 

As(III) (Matera et al., 2003). Another suggestion was that rich contents of Al and Si in RS 

particles resulted in overestimation of As signal after adsorption of both As(III) and As(V). In 

addition, The Figure 6.3c showed two distinctive fitted peaks at 1329 and 1327 eV 

corresponding to the As(III) and As(V), respectively, for RS particles after adsorption of 

As(III). However, Figure 6.3d showed not detective result for (As3d) (Gomes et al., 2007), 

though higher adsorption of As(V) on RS was calculated at the equilibrium time. As a result, 

the concentration of As on RS particles after adsorption of As(V) was low to detect. It is 

suggested that not all RS particles adsorbed the same amount of As. Moreover, the % atomic 

of As(V) and As(III) on RS particles after adsorption of As(III) were 0.03% and 0.04%, 

respectively, indicating some of As(III) on RS particles being oxidised to As(V). 
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Figure 6.2. FTIR spectra of PS (a) and LDPE (b) before and after As(III) and As(V) adsorption 

on RS-PS or RS-LDPE under DI and RW conditions. 

  

4000 3500 3000 2500 2000 1500 1000 500 4000 3500 3000 2500 2000 1500 1000 500

 

In
te

n
s

it
y

 (
%

)

Wavenumber (cm-1)

 PS before

In
te

n
s

it
y

 (
%

)

b)a)

C - H C = O O - H
CH2

O - H

Wavenumber (cm-1)

 

 PS-A3-DI-After Ads.

 

 PS-A3-RW-After Ads.

 

 PS-A5-DI-After Ads.

 

 

 PS-A5-RW-After Ads.

O - H C - N
C - H

C - O

 

 LDPE beforeC - H

C = O O - H

 

 LDPE-A3-DI-After Ads.

 

 LDPE-A3-RW-After Ads.

 

 LDPE-A5-DI-After Ads.

 

 

 LDPE-A5-RW-After Ads.

1.10E+04

1.12E+04

1.14E+04

1.16E+04

1.18E+04

1.20E+04

1.22E+04

1.24E+04

1316131813201322132413261328133013321334

C
o
u
n
ts

 /
 s

Binding Energy (eV)

As2p3
40 Scans,  6 m 41.8 s,  500µm,  CAE 20.0,  0.10 eV

As2p3 AAs2p3 B

8700

8800

8900

9000

9100

9200

9300

9400

9500

9600

9700

9800

1316131813201322132413261328133013321334

C
o
u
n
ts

 /
 s

Binding Energy (eV)

As2p3 (not detectable)
40 Scans,  6 m 41.8 s,  500µm,  CAE 20.0,  0.10 eV

A
s
 2

p
3

a) b) 

c) d) 



126 
 

Figure 6.3. SEM-EDS analysis of RS after adsorption of (a) As(III) and (b) As(V); and XPS 

analysis of RS after adsorption of (c) As(III) and (d) As(V) by using RW. 

 

6.3.2. Sorption kinetics  

Kinetic experimental data was simulated by PFO and PSO models to illustrate the changes in 

amounts of As(III) and As(V) in adsorbents versus time (Figures 6.3 and 6.4). The rates of 

As(III) and As(V) retention for all experiments were rapid during the first 24 h of reaction, 

followed by slow reactions, depicting the correlation between As(III) and As(V) concentrations 

in solution versus time. The concurrence of kinetic models with experimental data illustrated 

the time dependence of both As(III) and As(V) sorption. This biphasic arsenic adsorption 

behaviour was observed on sediments over different time scales from minutes (Ma et al., 2015), 

24 h (Dousova et al., 2012) to days (Xie et al., 2018b). According to Zhang and Selim (2005), 

the non-equilibrium conditions of As(V) adsorption could occur in heterogeneous soil systems. 

Without significant differences of adsorption behaviours for As(III) and As(V) in this study, 

this phenomenon may be suggested for heterogeneous sediment systems due to three 

hypotheses, namely: 1) the heterogeneity of sorption sites, 2) three-dimensional growth of a 

arsenic solid phase caused by slow precipitation at the mineral surface, and 3) slow accessible 

sites with variable degrees of affinities to As(III) or As(V) caused by slow diffusion to sites 

within the sediment matrix (Zhang and Selim, 2005).  
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Figure 6.4. PFO, PSO and Elovich kinetic models of As(III) (a) and As(V) (b) adsorption on 

RS by using RW. Symbols are experimental data. 

 

Figure 6.4 illustrates that As(V) had higher adsorption affinity than As(III) on RS under 

the RW condition. As shown in Table 6.2, the equilibrium data (qe) for As(III) on RS under 

RW condition estimated by PFO was 77.28 mg/kg, which was lower than that of experimental 

data (85.81 mg/kg) whilst the PSO predicted a higher value of 90.35 mg/kg. In contrast, both 

PFO and PSO models estimated lower qe degrees than experimental value, 82.62 and 89.78 

mg/kg compared to 94.25 mg/kg, respectively. Xie et al. (2018b) reported that the amounts of 

As(V) adsorbed on three sediments were higher than that of As(III) regardless of bacterial 

activity.  

Additionally, the results of PFO and PSO models for As(III) and As(V) adsorption on 

different adsorbents of RS-PS and RS-LDPE under DI water and RW were well fitted with 

experimental data (Figure 6.5). The kinetic parameters of the PFO and PSO models for these 

experiments are presented in Table 6.2. The PSO provided better results of qe than PFO, which 

were closer to the experimental data. The experimental qe (mg/kg) values for As(III) and As(V) 

were decreased in the order of: As(V)-RS-LDPE-RW > As(V)-RS-PS-RW > As(III)-RS-PS-DI > 

As(III)-RS-LDPE-DI > As(III)-RS-PS-RW > As(V)-RS-LDPE-DI > As(III)-RS-LDPE-RW > 
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RW, whilst the opposite trend was observed for As(V).  Finally, compared to PFO and PSO models, 

Elovich model provided the best the adsorption of both As(III) and As(V) regardless of 

experimental conditions (RS, RS-PS, RS-LDPE, DI water and RS). It was revealed that the 

chemisorption mechanism was favour for all these conditions (Alkurdi et al., 2021; Nguyen et al., 

2020). The Elovich adsorption rate () of As(V) on RS was higher than that of As(III), indicating 

higher adsorption rate at the initial phase for As(V). In contrast, the adsorption rates for first 

adsorption phase of As(III) on RS-PS and RS-LDPE were higher than As(V) in both DI water and 

RW due to higher values of  for As(III) except for adsorbent of RS-LDPE using RW.  

 

Figure 6.5. PFO, PSO and Elovich kinetic models of As(III) (a) and (c); As(V) (b) and (d) 

adsorption on RS and PS/LDPE. Symbols are experimental data; solid, dash and dash dot dot 

curves depict results of curve-fitting with the PFO, PSO and Elovich equations, respectively.  
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Table 6.2. PFO and PSO kinetic parameters, equilibrium adsorption and desorption capacities. 

As Exp. conditions PFO  PSO qe
c  

(mg/kg) 

Elovich 

 R2 K1 
(1/h) 

qe
a 

(mg/kg) 
 R2 K2  (kg/mg-

h) 
qe

b 
(mg/kg) 

R2         
(mg/kg min) 

 
(kg/mg) 

                Adsorption            

As(III) RS-RW-Ads. 0.995 0.040 77.28  0.997 0.001 90.35 85.81 0.980 10.50 0.057 
 

RS-PS-DI-Ads. 0.993 0.077 77.12 
 

0.996 0001 84.27 88.64 0.974 34.44 0.072 
 

RS-PS-RW-Ads. 0.996 0.126 76.24 
 

0.998 0.003 79.79 82.67 0.991 955.54 0.122 

 RS-LDPE-DI-Ads. 0.993 0.067 76.58  0.997  0.001 85.11 86.42 0.989 25.59 0.068 

 RS-LDPE-RW-Ads. 0.994 0.070 67.47  0.997 0.001 74.35 76.32 0.983 27.31 0.081 

As(V) RS-RW-Ads. 0.989 0.082 82.62  0.993 0.001 89.78 94.25 0.972 156.25 0.090 

 RS-PS-DI-Ads. 0.996 0.056 64.46  0.998 0.001 72.51 71.97 0.994 15.30 0.076 

 RS-PS-RW-Ads. 0.997 0.139 82.11  0.998 0.004 85.53 89.18 0.968 421.90 0.100 

 RS-LDPE-DI-Ads. 0.995 0.036 73.90  0.998 0.001 86.55 81.24 0.991 6.95 0.052 

 RS-LDPE-RW-Ads. 0.995 0.087 84.43  0.998 0.002 90.48 93.33 0.974 53.88 0.070 

 Desorption            

As(III) RS-RW-Des. 1.000 0.090 75.84  1.000 0.011 74.92 75.22    

 RS-PS-DI-Des. 1.000 0.152 80.96  1.000 0.028 80.40 80.30    

 RS-PS-RW-Des. 1.000 0.088 73.60  1.000 0.012 72.69 72.38    
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 RS-LDPE-DI-Des. 1.000 0.165 79.14  1.000 0.033 78.66 78.51    

 RS-LDPE-RW-Des. 1.000 0.150 69.29  1.000 0.003 68.78 68.64    

As(V) RS-RW-Des. 1.000 0.059 86.27  1.000 0.007 85.15 85.44    

 RS-PS-DI-Des. 1.000 0.116 65.85  1.000 0.025 65.37 65.35    

 RS-PS-RW-Des. 1.000 0.100 81.66  1.000 0.017 80.99 80.64    

 RS-LDPE-DI-Des. 1.000 0.175 74.53  1.000 0.036 74.05 73.67    

 RS-LDPE-RW-Des. 1.000 0.072 84.72  1.000 0.010 83.82 84.08    

a. estimated equilibrium adsorption capacity from the PFO model. 

  b. estimated equilibrium adsorption capacity from the PSO model. 

  c. estimated equilibrium adsorption capacity in the experiments. 



  

 
 

6.3.3. Desorption kinetics  

The desorption kinetics for As(III) and As(V) from RS under RW condition are shown in 

Figure 6.6. Both PFO and PSO models successfully described these desorption phases with 

better results for PSO. Moreover, higher qe values were estimated from PFO for As(III) (75.84 

mg/kg) and As(V) (86.27 mg/kg) in comparison to 74.92 and 85.15 mg/kg estimated from PSO, 

respectively (Table 6.2). The rate of release from RS were rapid within 24h, followed by stable 

rate during the remaining time. These results agreed with the findings by Xie et al. (2018b) that 

the desorption rate was fast during the initial 24 h, then decreased in up to 28 days. At the 

equilibrium time (7 d), 12.3% of As(III) released from RS in RW was higher than  9.3% for 

As(V). Xie et al. (2018b) reported the similar trend for all experiments regardless of bacterial 

activity. The average rates of As(V) released from three sediments with and without the 

presence of bacteria were 38.2% and 31.5%, compared to 60.3% and 53.1% for As(III), 

respectively (Xie et al., 2018b). The results indicated stronger binding between As(V) with 

sediment than As(III) in various aqueous environments.  

 

Figure 6.6. PFO and PSO kinetic models of As(III) (a) and As(V) (b) desorption from RS by 

using RW. Symbols are experimental data. 

 

The results for desorption kinetics of As(III) and As(V) from RS-PS and RS-LDPE 
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amounts of As(III) and As(V) in adsorbents versus time. The rates of desorption for these 

conditions were similar to desorption behaviour of As(III) and As(V) from the RS above and 

Xie et al. (2018b). PSO provided better qe values in comparison to experimental data, while 

PFO estimated higher qe values for all conditions (Table 6.2). The rates of As(V) released from 

RS-PS (DI: 9.2%, RW: 9.6%) and RS-LDPE (DI: 9.3%, RW: 9.9%) were lower than As(III) 

desorbing from RS-PS (DI: 9.4%, RW: 12.4%) and RS-LDPE (DI: 9.1%, RW: 10.1%) at the 

equilibrium, except the experiment of RS-LDPE in DI water. Higher release rates of both 

As(III) and As(V) from adsorbents in RW than in DI water indicated that RW enhanced the 

release of As into the water phase. In addition, these polymers has insignificant effects on the 

desorption behaviours of As(III) and As(V). 

 

Figure 6.7. PFO and PSO kinetic models of As(III) (a) and (c); As(V) (b) and (d) desorption 

on RS- PS/LDPE by using DI water and RW. Symbols are experimental data; solid and dash 

curves depict results of curve-fitting with the PFO and PSO equations, respectively. 
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6.3.4. Non-linear sorption isotherms 

Three isotherm models (Langmuir, Freundlich and Sips) exhibited the adsorption and 

desorption isotherms of As(III) and As(V) for RS in RW, as shown in Figure 6.8. The 

isotherms of As(III) and As(V) clearly exhibited non-linear forms by Langmuir and Freundlich 

models, while only As(V) adsorption was fitted with Sips model. According to Zhang and 

Selim (2005), a Freundlich parameter N value much smaller than 1 represented the adsorption 

behaviour of As was concentration-dependent. This parameter was used to measure the extent 

of the sorption site’s heterogeneity, providing different adsorption affinities on matrix surfaces 

for retention. Higher N values from the Freundlich models (0.778 and 0.678 for As(III) and 

As(V)) were found in this study  than those from Zhang and Selim (2005), varying from 0.087-

0.368 for As(V) adsorption on different soils, and 0.476-0.556 for As(III) and 0.435-0.625 for 

As(V) adsorption on lake and river sediments (Ma et al., 2015). Higher N values in this study 

indicated a low heterogeneity of sorption sites for SOM. Langmuir model reported higher 

adsorption maxima (qm) of As(III) (264.85 mg/kg) than that of As(V) (205.92 mg/kg), which 

showed the opposite result from the fore-mentioned kinetic calculations. The maximum 

adsorption capacity estimated by Sips model for As(V) adsorption (287.05 mg/kg) was 

significantly higher than two-parameter Langmuir model although the data was fitted with both 

of them. The adsorptions of As(III) and As(V) on RS-PS and PS-LDPE were well fitted with 

Langmuir and Freundlich models (Figure 6.9). The qm values for As(III) were higher than 

those for As(V), except the figures of RS-LDPE-RW, 117.33 mg/kg for As(III) compared to 

127.70 mg/kg for As(V). RL factors (Table 6.4) for adsorption phase of As(III) and As(V) on 

RS were less than 1 for all experimental conditions, which indicated that the sorption isotherms 

were favourable. Regarding the three-parameter Sips model, the adsorption of As(III) and 

As(V) on RS-LDPE-RW as well as the adsorption of As(V) on RS-PS in both DI and RW were 

claimed successfully while other scenarios were not fitted. However, the Sips qm values for 
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As(III) and As(V) adsorption were lower than those from Langmuir model, except As(V) 

adsorption on RS-LDPE-RW, which were disagreed with findings from Simsek and Beker 

(2014).  

Regarding desorption phase, Figures 6.8 c and d show that experimental data of As(III) 

and As(V) desorption on RS by using RW was fitted with the Langmuir, Freundlich and Sips 

models. The N values of 0.947 and 0.833 for As(III) and As(V) indicated favourable desorption 

from RS in RW condition (Ma et al., 2015). The desorption data was not well fitted with 

Langmuir and Freundlich models, supporting by the RL factors (Table 6.4). The RL values for 

the desorption phase were closed to 1 for both As(III) and As(V). As(III) desorbing from RS-

RW, RS-PS-RW, and As(V) releasing from RS-RW, RS-LDPE-DI and RS-LDPE-RW, 

indicated linear desorption from the surface of RS (Rawat et al., 2021) or a well-balanced 

system of solid-water interface (Dousova et al., 2012). The Sips model claimed successfully 

and was well fitted with As(III) and As(V) desorption process regardless of experimental 

conditions (Figure 6.8 c&d, Figure 6.10). The Sips qe values were significantly lower than 

those estimated by Langmuir isotherm model (Table 6.3). The maximum desorption capacity 

of As(V) on RS was higher than that of As(III), 133.39 mg/kg compared to 82.86 mg/kg. 

Similar trend was found for As(V) desorption on RS-LDPE in both DI water and RS, while the 

opposite trend can be seen for the adsorbent of RS-PS.  
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Figure 6.8. Adsorption and desorption isotherms of As(III) and As(V). a) adsorption of As(III), 

b) adsorption of As(V), c) desorption of As(III), d) desorption of As(V). Symbols are 
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experimental data, solid, dash and dash dot dot curves depict results of curve-fitting with the 

Langmuir, Freundlich and Sips equations, respectively. 

 

Figure 6.9. Adsorption isotherm of As(III) (a) and (c); As(V) (b) and (d) on RS-PS/LDPE by 

using DI water and RW solution. Symbols are experimental data, solid, dash and dash dot dot 
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curves depict results of curve-fitting with the Langmuir, Freundlich and Sips equations, 

respectively.  

 

 

Figure 6.10. Desorption isotherm of As(III) (a) and (c); As(V) (b) and (d) on RS-PS/LDPE by 

using DI water and RW solution. Symbols are experimental data, solid, dash and dash dot dot 

curves depict results of curve-fitting with the Langmuir, Freundlich and Sips equations, 

respectively. 
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Table 6.3. The Langmuir and Freundlich equation parameters for As(III) and As(V) adsorption and desorption at the equilibrium time. 

 As(III)     As(V)    

Langmuir qm (mg/kg) KL (L/mg)  R2   qm (mg/kg) KL (L/mg)  R2  

RS-RW-Ads. 264.85 ± 141.76 0.05 ± 0.04  1.000  205.92 ± 38.10 0.10 ± 0.03  1.000 

RS-PS-DI-Ads. 153.43 ± 32.84 0.15 ± 0.07  1.000  89.40 ± 4.61 0.47 ± 0.11  1.000 

RS-PS-RW-Ads. 190.28 ± 74.09 0.08 ± 0.05  0.999  139.36 ± 30.14 0.19 ± 0.10  0.999 

RS-LDPE-DI-Ads. 236.15 ± 144.38 0.06 ± 0.06  0.999  127.27 ± 22.26 0.49 ± 0.08  0.999 

RS-LDPE-RW-Ads. 117.33 ± 16.58 0.20 ± 0.07  1.000  127.70 ± 9.35 0.30 ± 0.07  1.000 

          

RS-RW-Des. 443.36 ± 511.85 1.70 ± 2.31  1.000  891.47 ± 1743.98 0.97 ± 2.07  1.000 

RS-PS-DI-Des. 181.40 ± 94.73 9.03 ± 7.98  1.000  147.65 ± 161.36 11.70 ± 22.17  1.000 

RS-PS-RW-Des. 562.09 ± 1000.09 1.22 ± 2.43  1.000  320.98 ± 587.34 3.67 ± 8.61  1.000 

RS-LDPE-DI-Des. 282.72 ± 320.70 4.05 ± 6.08  1.000  384.91 ± 219.78 2.29 ± 3.15  0.952 

RS-LDPE-RW-Des. 182.79 ± 351.35 8.21 ± 24.08  1.000  624.69 ± 835.91 0.92 ± 1.40  0.969 

Freundlich KF N (1/n)  R2  KF N (1/n)  R2 

RS-RW-Ads. 15.80 ± 3.63 0.778 ± 0.11  1.000  21.69 ± 3.01 0.678 ± 0.07  1.000 

RS-PS-DI-Ads. 26.52 ± 4.58 0.547 ± 0.08  1.000  35.89 ± 6.58 0.325 ± 0.09  0.999 

RS-PS-RW-Ads. 19.15 ± 3.47 0.647 ± 0.09  1.000  32.64 ± 6.34 0.447 ± 0.10  0.999 

RS-LDPE-DI-Ads. 17.62 ± 4.93 0.711 ± 0.14  0.999  27.24 ± 4.33 0.492 ± 0.08  1.000 
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RS-LDPE-RW-Ads. 28.09 ± 4.34 0.447 ± 0.08  1.000  39.73 ± 2.32 0.389 ± 0.03  1.000 

          

RS-RW-Des. 566.32 ± 195.63 0.947 ± 0.15  1.000  527.26 ± 185.66 0.833 ± 0.15  1.000 

RS-PS-DI-Des. 435.03 ± 246.64 0.689 ± 0.21  1.000  326.49 ± 39.91 0.597 ± 0.37  1.000 

RS-PS-RW-Des. 516.08 ± 181.50 0.929 ± 0.15  1.000  323.75 ± 186.51 0.595 ± 0.22  1.000 

RS-LDPE-DI-Des. 508.57 ± 303.34 0.792 ± 0.23  1.000  564.86 ± 219.78 0.894 ± 0.15  1.000 

RS-LDPE-RW-Des. 113.50 ± 32.28 0.209 ± 0.11  1.000  452.41 ± 122.12 0.940 ± 0.14  1.000 

Sips qms (mg/kg) Ks (L/mg) ns R2  qms (mg/kg) Ks (L/mg) ns R2 

RS-RW-Ads. 155601.08 ± 2.81 0.001 ± 0.4 0.73 ± 0.45 0.979  287.05 ± 349.03 0.074 ± 0.09 0.87 ± 0.28 0.992 

RS-PS-DI-Ads. 25935.40 ± 107 0.001 ± 0.5 0.56 ± 0.54 0.954  84.86 ± 4.17 0.35 ± 0.03 1.28 ± 0.11 0.999 

RS-PS-RW-Ads. 205472 ± 5.5*108 10-4 ± 0.30 0.56 ± 0.33 0.981  107.40 ± 38.80 0.42 ± 0.24 0.95 ± 0.44 0.973 

RS-LDPE-DI-Ads. 315964.93 ± 2*109 6*10-5 ± 0.6 0.66 ± 0.66 0.945  45924.75 ± 4*107 6*10-4 ± 0.6 0.47 ± 0.45 0.962 

RS-LDPE-RW-Ads. 104.02 ± 35.13 0.30 ± 0.15 0.94 ± 0.28 0.990  171.86 ± 104.07 0.28 ± 0.22 0.64 ± 0.22 0.989 

          

RS-RW-Des. 82.86 ± 7.24 1524 ± 2601 2.5 ± 0.5 0.996  133.39 ± 40.32 90.52 ± 155 1.79 ± 0.42 0.996 

RS-PS-DI-Des. 81.27 ± 6.32 7*105 3.26 ± 0.96 0.986  64.21 ± 4.45 1.5*1010  6.33 ± 5.92 0.971 

RS-PS-RW-Des. 274.18 ± 1113.4 2.93 ± 20.44 1.02 ± 0.76 0.970  75.70 ± 5.73 107 4.05 ± 1.61 0.974 

RS-LDPE-DI-Des. 100.03 ± 48.30 268 ± 1229 1.86 ± 1.16 0.928  130.97 ± 144.09 29.46 ± 132.4 1.39 ± 0.94 0.959 

RS-LDPE-RW-Des. 67.28 ± 6.31 1.9*1010 6.7 ± 7.76 0.962  102.66 ± 12.29 196.66 ± 244 2.19 ± 0.40 0.995 
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Table 6.4. RL factor As(III) and As(V) adsorption and desorption from RS+PS/LDPE. 

  As(III)    As(V)  

RS-RW RS-PS-

DI 

RS-PS-

RW 

RS-LDPE-

DI 

RS-LDPE-

RW 

 RS-RW RS-PS-

DI 

RS-PS-

RW 

RS-LDPE-

DI 

RS-LDPE-

RW 

Adsorption 0.979 0.941 0.971 0.974 0.924  0.957 0.834 0.934 0.932 0.916 

 0.912 0.881 0.935 0.915 0.863  0.861 0.561 0.786 0.822 0.696 

 0.801 0.602 0.735 0.729 0.535  0.704 0.328 0.553 0.542 0.443 

 0.720 0.482 0.629 0.583 0.411  0.597 0.227 0.422 0.422 0.321 

 0.670 0.424 0.575 0.532 0.356  0.538 0.187 0.369 0.365 0.272 

Desorption 0.979 0.859 0.980 0.934 0.872  0.998 0.810 0.926 0.952 0.961 

 0.963 0.806 0.964 0.920 0.817  0.996 0.786 0.889 0.926 0.935 

 0.951 0.736 0.928 0.853 0.781  0.994 0.697 0.850 0.871 0.908 

 0.904 0.617 0.887 0.805 0.706  0.991 0.570 0.780 0.835 0.876 

 0.896 0.541 0.877 0.707 0.569  0.990 0.512 0.728 0.805 0.862 



  

 
 

6.3.5. Interaction of As(III) and As(V) with adsorbents 

The FTIR results (Figure 6.1) of RS particles after As(III) and As(V) adsorption illustrated 

that several surface functional groups participated in the interactions between As(III) or As(V) 

with sediment particles. The new peaks of 1651, 1705, 2307 and 3865 cm-1 on the surface of 

sediment associated with As(III) or As(V) are related to amine C=O stretching, C–O molecular 

vibrations and phenolic hydroxyl functional groups (Hahn et al., 2018; Yu et al., 2015). 

According to Rawat et al. (2021), As(V) can assigned with organic-Si or with SiO2 in the 

presence of OM to create the As–O–Si form. In addition, the carboxyl group was involved in 

binding As(V) probably via transferring the inorganic As(V) into its organic compound (Rawat 

et al., 2021). The presence of Fe–O surface groups in As(III) and As(V) adsorption possibly 

form the immobilization As(V) of bidentate complex (-Fe)2HAsO4
2- or monodentate complex 

(-Fe)H2AsO4
- (Rawat et al., 2021; Sun et al., 2009). This process occurred via surface 

complexation or coordination (Sun et al., 2018), and transformation from As(III) to As(V) was 

finding via XPS analysis. There were no differences among functional groups of RS after 

As(III) and As(V) adsorption, suggesting that As(V) may share these sorption mechanisms to 

As(III). 

In addition, the surface functional groups of PS and LDPE also contributed to the 

interactions with As(III) and As(V) during the adsorption process. The FTIR results for PS 

after adsorption of As(V) revealed that nitrogen and oxygen functional groups of an adsorbent 

participated in the adsorption of metal ions (Darnall et al., 1986). Regarding As(III), Dong et 

al. (2020) reported that As(III) adsorbed on PS via chemisorption, in which hydrogen bonds 

were produced when trivalent arsenic interacted with carboxyl group. The FTIR results for 

LDPE pellets revealed that As(III) and As(V) adsorption occurred on the functional groups of 

-COOH and -OH (Irani et al., 2015). The previous findings indicated that electrostatic 
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attraction and chelation were the physisorption and complexation mechanisms for metal ion 

adsorption beside the ion exchange (Irani et al., 2015). 

 

6.4. Conclusions  

This chapter found that the adsorption and desorption kinetics were well displayed by the PFO, 

PSO and Elovich kinetic models when As(III) and As(V) were adsorbed on or released from 

RS, RS-PS and PS-LDPE in both DI water and RW conditions. The Elovich model provides 

the best fitting with the experimental data for the adsorption process. However, As(III) and 

As(V) adsorption processes were more favourable with non-linear Langmuir and Sips isotherm 

model than Freundlich models in this experimental condition. Higher adsorption affinity (qe) 

of As(V) than As(III) was found at the equilibrium in all conditions, while the Langmuir model 

showed lower adsorption maximum (qm) of As(V) than that of As(III). The lower qe values for 

RS-PS and RS-LDPE after adsorption of As(III) and As(V) than only RS as the adsorbent 

suggested that the presence of PS and LDPE in the solution may prevent the sorption of As(III) 

and As(V) on RS. Moreover, adsorption affinity of As(III) on RS-PS and RS-LDPE in DI water 

was higher than that in RW, while the result of As(V) was opposite, indicating that RW has 

significant roles in adsorption of As. Regarding desorption process, RW plays a positive role 

in enhancement of As(III) and As(V) release into the water phase. The Sips models estimated 

better qe results for both adsorption and desorption process, maybe it uses three parameters 

compared two parameters were used by Langmuir and Freundlich models. The surface 

complexation or coordination of As(III) or As(V) interacted with sediment surface functional 

groups was the main sorption mechanism. The SEM-EDS revealed more As(V) adsorbed on 

RS than As(III), while XPS showed the oxidation from As(III) to As(V) after adsorption. 

Moreover, the adsorption of As species on PS mainly occurred via nitrogen and oxygen 
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functional groups, while COO- and OH- functional groups contributed to the adsorption 

mechanism of As species on LDPE. 
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7. CHAPTER SEVEN: CONCLUSIONS AND FUTURE 

RESEARCH 

 

7.1. Conclusions 

This study focused on understanding the sorption behaviours and mechanisms of As(III) and 

As(V) using three types of adsorbents including RS, PS and LDPE. The batch experiments 

showed that adsorption affinities of RS, PS and LDPE for As(III) and As(V) in DI water were 

higher than those in RW. In the first stage of experiments, this study revealed that both As(III) 

and As(V) adsorption was favourable in acidic to neutral conditions and smaller sediment sizes. 

However, organic matter slightly inhibited the adsorption affinity. In acidic environment (pH 

4), qe values of As(III) and As(V) were 20.8% and 45.4% higher than alkaline environment, 

whilst qe values of As(III) and As(V) adsorbed on RS only reduced by 7.9% and 1.2% in 

comparison to adsorption on RS-NOM. Sediment fraction sizes had the largest influence on 

adsorption affinity of RS, and higher effect on the adsorption of As(III) than As(V). The 

adsorption of As(III) on the smallest fraction size (S4) was nearly double as 94.25% and 

100.79% as adsorption capacity of As(III) on RS and on the largest fraction size (S1), 

respectively. The adsorption of As(V) on S4 was 71.83% and 89.11% greater than that on RS 

and S1. However, the adsorption affinity of RS and all fraction sizes (S1, S2, S3, S4) for As(V) 

was higher than As(III). RS particles analysis indicates that higher amount of As(V) adsorbed 

on RS which reduces to As(III) form in DI water after adsorption. 

The next step of experiments focused on adsorption of As(III) and As(V) on PS and 

LDPE. LDPE had higher adsorption affinity for both As(III) and As(V) than PS, except for the 

results of As(III) adsorbed on PS and LDPE in RW. The FTIR analysis revealed the results that 

─COOH, COO- and OH- were the predominately functional groups of PS and LDPE 

participated in the interactions between As(III)/As(V) and these selected MP pellets. 
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In the final experimental target, As(III) adsorption on RS-PS at the equilibrium was 

higher than that on RS-LDPE by using either DI water or RW, whilst the opposite trend was 

seen for As(V). The highest qe values was the adsorption of As(V) on PS-LDPE-RW (93.33 

mg/kg) followed by adsorption of As(III) on RS-PS-DI (88.64 mg/kg). However, the Langmuir 

model provided various results of qm values for both RS-PS and RS-LDPE, with higher 

estimated adsorption capacities for As(III) than As(V). In contrast, Sips isotherm model was 

the best fit for both adsorption and desorption phases of As(III) and As(V) and provided more 

reasonable qe values when the regression was successful carried out. The desorption processes 

of As(III) and As(V) on DI water and RW indicated that RW enhanced the release of As(III) 

and As(V) into the aquatic system. As a result, higher amounts of As(III) and As(V) were 

desorbed from RS, RS-PS and RS-LDPE into RW than into DI water at the equilibrium. In 

addition, As(III) and As(V) desorption on the mixture of RS-PS and RS-LDPE showed that a 

higher amount of As(III) was released into the water from adsorbents than As(V), indicating 

the impact of PS or LDPE on desorption behaviour of As(III). The study on the adsorption 

mechanism of As(III) and As(V) on these adsorbents provided the information that As interacts 

RS surface via the functional groups of Fe–O/Fe–OH, Si(Al)–O, hydroxyl (O─H) and carboxyl 

(─COOH). Additionally, the oxidation from As(III) to As(V) on RS by using RW was observed 

after As(III) adsorption. 

 Overall, this study demonstrates that As(V) has higher adsorption affinity than As(III), 

resulting in stronger binding with adsorbents than As(III). This means that As(III) releases into 

water phase more efficiently. Sediment characterisations, solution pH, MPs and river water 

have effects on adsorption and desorption of As(III) and As(V) by various degrees. 

Specifically, RW is considered as a medium that partly inhibits the adsorption of As(III) but 

promotes the adsorption of As(V) on sediment-polymers, and enhances the desorption of both 
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As(III) and As(V) into water phase. The transformation between two forms of As are found 

after adsorption of As(III) and As(V) on RS depending on the conditions of feeding solution 

as DI water or RW. However, no desorption experiments for As(III) and As(V) on the selected 

MPs were conducted as well as the comprehensive understanding the mechanism and 

transformation between these As species due to lack of SEM-EDS and XPS analysis for PS 

and LDPE are the major limitations in this study. 

 

7.2. Recommendations for Further Research 

Based on the experimental, kinetic and isotherm modelling results of this research, the 

following recommendations are proposed for future study:  

 Since RW had a negative impact on As adsorption and a positive effect on As 

desorption, further research should be conducted to clarify which compounds of RW 

may lead to these results and the causes. 

 Most of the anthropogenic activities caused serious contamination in the RW and RS 

for not only inorganic As species but also other heavy metals and pollutants. Therefore, 

the sorption behaviour and mechanism of As should be carried out in the presence of 

other metals. 

 One of the important environmental factors that was not determined in this study is the 

change in hydraulic conditions of rivers. This factor changes other parameters in RW 

such as pH, temperature, concentrations of pollutants and the status of RS. Therefore, 

designing sorption experiments in continuous flows would provide results on sorption 

breakthrough behaviour and in predicting the change of As in river systems. 

 Most current studies used virgin MPs for experiments on MPs’ fate and interactions 

with other pollutants. Future studies should concentrate in using aged MPs which better 

represent the natural changes of MPs through different environmental processes. 
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 Furthermore, environmental fate model should be developed to simulate MP-As 

interactions in river systems, incorporating pollutant sources, pollutant properties, 

pollution processes, and hydrodynamics in rivers. 
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