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ABSTRACT 

In the past two decades, extremely rapid progress in the nanotechnology R&D sector has 

been met by equally rapid commercialisation of this new technology. As a consequence, 

engineered nanoparticles (ENPs) are increasingly released into the environment. For the 

purpose of soil and groundwater remediation, large amounts of nanomaterials are 

intentionally discharged to the environment. Risk assessment of these novel technologies is 

therefore required due to the uncertainties regarding their potential side effects. To support 

this, research into the environmental fate of ENPs is urgently needed but has been so far 

hindered by significant analytical challenges. Developing novel methodologies to better 

understand the ENPs behaviour in the environment is therefore crucial to assessing their 

potential risk. 

Iron nanoparticles, and more specifically nanoscale zero-valent iron (nZVI), are becoming 

increasingly popular for the treatment of contaminated soil and groundwater; however, their 

mobility and reactivity in subsurface environments are significantly affected by their 

tendency to aggregate. Assessing their stability under environmental conditions is crucial for 

determining their environmental fate. A multi-method approach (including different size-

measurement techniques and the DLVO theory) has been developed to thoroughly 

characterise the behaviour of iron oxide nanoparticles (Fe2O3NPs – used as a surrogate for 

nZVI) under environmentally relevant conditions. Although recent studies have 

demonstrated the importance of using a multi-method approach when characterising 

nanoparticles, the majority of current studies continue to use a single-method approach.  

Under some soil conditions (i.e. pH 7, 10 mM NaCl and 2 mM CaCl2) and increasing 

particle concentration, Fe2O3NPs underwent extensive aggregation to form large aggregates 

(> 1 μm). Coating the nanoparticles with dissolved organic matter (DOM) was investigated 

as an alternative “green” solution to overcoming the aggregation issue instead of using the 
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more commonly proposed polyelectrolytes. At high concentrations, DOM effectively 

covered the surface of the Fe2O3NPs, thereby conferring negative surface charge on the 

particles across a wide range of pH values. This provided electrostatic stabilisation and 

considerably reduced the particle aggregation effect. DOM-coated Fe2O3NPs also proved to 

be more stable under high ionic strength conditions. The presence of CaCl2, however, even 

at low concentrations, induced the aggregation of DOM-coated Fe2O3NPs, mainly via charge 

neutralisation and bridging. This has significant implications in regards to the reactivity and 

fate of these materials in the environment. 

Humic acid (HA) and Suwannee River natural organic matter (SRNOM) were tested and 

compared as surrogate for DOM to stabilise Fe2O3 NPs. The advantages of DOM over 

conventional organic surface modifiers are that DOM is naturally abundant in the 

environment, inexpensive, non-toxic and readily adsorbed onto the surface of metal oxide 

nanoparticles. The DOM-coated Fe2O3 NPs were characterised by developing a multi-

method approach including various analytical methods: flow field-flow fractionation 

(FlFFF), high performance size exclusion chromatography (HPSEC) and Fourier transform 

infrared spectroscopy (FTIR). The stability of the coated NPs was also evaluated by 

assessing their aggregation and disaggregation behaviour over time. 

Results showed that both HA and SRNOM were rapidly and readily adsorbed on the surface 

of Fe2O3 NPs, providing electrosteric stabilisation over a wide range of pH. HPSEC results 

showed that the higher molecular weight components of DOM were preferentially adsorbed 

onto the surface of Fe2O3. As SRNOM consists of macromolecules with a higher molecular 

weight than HA, the measured size of the SRNOM-coated Fe2O3 NPs was 30 % larger than 

the HA-coated Fe2O3 NPs. FTIR results indicated the occurrence of hydrogen bonding 

arising from electrostatic interaction between the DOM and Fe2O3 NPs. Finally, a stability 

study showed that after 14 days, small agglomerates and aggregates were formed. The HA-

coated Fe2O3 NPs formed agglomerates which were easily disaggregated using a vortex 
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mixer, with the coated NPs returning to their initial size. However, SRNOM-coated 

Fe2O3 NPs were only partially disaggregated using the same method, which indicates that 

these aggregates have a more compact structure. 

To date, research focusing on the development of novel surface modifiers to increase the 

mobility of iron-based nanoparticles has only been carried out in highly idealised systems 

which facilitated their detection and quantification. In fact, one of the main analytical 

challenges in characterising nanomaterials is related to the difficulty of quantifying 

nanomaterials once they are dispersed in complex environmental matrices. Finding new 

analytical methods to overcome this issue would significantly help in the development of 

effective remediation materials. A novel method based on radiolabelling has been therefore 

developed and enables the detection and quantification of iron-based nanoparticles in intact 

soil cores. The radioisotopes (i.e. 59Fe) were incorporated in the core of the nanoparticles 

during its synthesis. The mobility of radiolabelled nanoparticles was assessed by gamma 

counting analysis and then compared with the mobility of commercialised nanoparticles 

which was determined by common ICP-MS method. Results showed limited mobility of 

both nanomaterials with less than 1% of the injected mass eluted from the columns. The use 

of specific isotopic signature allowed determining the retention profiles of radiolabelled 

nanoparticles which was a major advantage compared to conventional ICP-MS method. 

Results indicated that the majority (i.e. 80%) of the particles were retained in the first 

centimetres of the columns suggesting that rapid aggregation of iron-based nanoparticles 

after its injection was the main explanation of its limited mobility. The method was further 

developed by coupling gamma counting and ICP-MS measurements to evaluate both the 

mobility of radiolabelled nanoparticles and its potential to co-transport contaminants in 

contaminated soils. Results showed that, although the mobility of iron-based nanoparticles 

was limited, the breakthrough of both contaminants and iron-based nanoparticles occurred 
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simultaneously suggesting that iron-based nanoparticles has the potential to co-transport 

contaminants. 

Adsorption of natural organic matter (NOM), aggregation and disaggregation have been 

identified as three of the main processes affecting the fate and behaviour of ENPs in aquatic 

environments. However, although several methods have been developed to study the 

aggregation behaviour of ENPs in natural waters, there are only a few studies focusing on 

the fate of such aggregates and their potential disaggregation behaviour. In this study, we 

developed and demonstrated a simple method, based on on-line light scattering 

measurement, for characterising the aggregation behaviour and aggregate structure of ENPs 

in different natural waters. Both the aggregate size of ENPs and their adsorption capacity for 

DOM were strongly related (R2 > 0.97, p < .05) to the combined effect of initial 

concentration of DOM and the ionic strength of the natural waters. The structure of the 

formed aggregates was strongly correlated (R2> 0.95, p < .05) to the amount of DOM 

adsorbed by the ENPs during the aggregation process. Under high ionic strength conditions, 

aggregation is mainly governed by diffusion and the aggregates formed under these 

conditions showed the lowest stability and fractal dimension, forming linear, chain-like 

aggregates. In contrast, under low ionic strength conditions, the aggregate structure was 

more compact, most likely due to strong chemical binding with DOM and bridging 

mechanisms involving divalent cations formed during reaction-limited aggregation.  

Finally, a multi-method approach combining the developed on-line light scattering method 

with off-line instruments such as field-flow fractionation techniques has been proposed to 

overcome the limitation of light scattering instruments related to the polydispersity of the 

samples. Results confirmed the benefits of using a multi-method approach. While the on-line 

light scattering method can provide information on the larger aggregates (i.e. size and 

structure), FlFFF proved to be a very accurate technique for characterising the smaller 
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particles remaining in suspension after sedimentation. When combined, these techniques can 

offer complementary data on the particle size distribution of the samples. 
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1.1 Research background 

Over the past two decades, extremely rapid progress in nanomaterial research and 

development has been met by equally rapid commercialisation of new products and 

technologies. As a result, engineered nanoparticles (ENPs) are increasingly released to the 

environment, both directly and indirectly, and this has produced a growing concern among 

the environmental science community (Ju-Nam and Lead 2008). With detrimental effects of 

nanomaterials reported for a number of environmental endpoints (Chae et al. 2009; Poynton 

et al. 2010), the need for appropriate risk assessment and policy development in this area is 

apparent. Research into the environmental fate of nanoparticles in the Australian 

environment is needed to support this (Batley et al. 2008).  

To date, risk assessment of nanomaterials has largely focused on engineered zinc oxide 

(ZnO) and silver (Ag) nanoparticles as these materials contain metals that are known to be 

toxic. However, it is likely, given their commercial uses, that only a few amounts of these 

materials will be released in the environment. On the other hand, nanomaterials are also 

being developed for the remediation of contaminated soil and groundwater and, in this case, 

it is foreseen that large amounts of these materials will be directly added to environmental 

compartments. These nanomaterials may not pose a significant risk in their initial form but 

could acquire unwanted characteristics once reacting in the environment. Furthermore, due 

to their small size, their mobility and potential to transport targeted contaminants cannot be 

neglected. This situation is not different from what has been known for naturally occurring 

nanoparticles. In this latter case, evidence is mounting that the transport of low-solubility 

contaminants is facilitated by environmental colloids or nanoparticles (de Jonge et al. 2004). 

In fact, in recent years, colloidal-facilitated transport by natural iron nanoparticles has been 

identified as the key process underlying the unexpected appearance of low-solubility 

contaminants at considerable distances from known sources (Hassellöv and von der Kammer 

2008). It is thus possible that engineered nanomaterials applied to soil and groundwater for 
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the remediation of contaminants may, as a side effect, also promote the movement and 

dispersion of these contaminants. This issue has been already recognised at European level 

(Mueller and Nowack 2009) and recent studies have demonstrated the high potential of 

ENPs to aggregate with both organic (e.g. humic acids) and inorganic (e.g. heavy metals) 

contaminants (Baalousha et al. 2008; Baalousha 2009; Plathe 2010). 

However, to understand the fate of nanoparticles and its complex interactions with the 

environment, it is necessary to be able to separate and characterise these nanoparticles and 

this is one of the key challenges that hinder risk assessment of these materials. In fact, 

although, there are numerous techniques for producing, sorting and characterising “as-

manufactured” nanoparticles in simple matrices, there is still a lack of standard measurement 

methods that can reliably characterise the nanoparticles in complex environmental samples 

and therefore new analytical methods are essential. Another pressing research needs are the 

development of methods that can differentiate between abundant, naturally occurring 

colloids, and engineered nanoparticles (von der Kammer et al. 2012). 

1.2 Engineered nanoparticles used for soil and groundwater remediation 

Historical and recent industrial and urban activities have led to the increased concentration 

of a wide range of pollutants in soils, river sediments and surface and ground waters. 

Therefore, the management of contaminated soil and groundwater is currently one of the 

major environmental issues (Cundy et al. 2008). As it is now well recognised that 

conventional methods, such as disposal to landfill, isolation or pump-and-treat, are not 

effective and sustainable in various situations, there has been a considerable increase in 

research for the development of novel in-situ remediation technologies.  

Due to their subcolloidal size, ENPs have been proved to display better catalytic, chemical, 

optical, mechanical, electronic and magnetic properties over conventional macroscale 

materials (Jortner and Rao 2002). In fact, when particle size decreases, there is an increase in 
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the proportion of atoms present at the surface of the particle which enhances its propensity to 

interact and react with other atoms, molecules and complexes to stabilise its surface charge. 

Besides, due to their very small size, nanoparticles can be integrated in aqueous suspensions 

and thus behave as colloids (Crane and Scott 2012). These distinctive properties have shown 

particular advantages for a wide range of environmental applications ranging from water and 

air purification to hazardous waste treatment and environmental remediation (Li et al. 2006). 

In the past decades, ENPs have particularly received an increase of interest for the treatment 

of contaminated soil and groundwaters. In comparison to traditional macroscale materials, 

nanomaterials possess significantly higher surface-to-volume ratio which can generate 

unexpected surface effects. Moreover, when using a smaller volume of material to produce 

the same objective, it can conceptually preserve both raw materials and energy and thus 

leads to significant cost savings (Masciangioli and Zhang 2003). In addition, by virtue to 

their size, nanomaterials can be used directly in field via injection at almost any location and 

depth in soil and groundwater systems (Crane and Scott 2012). 

Theoretically, for in situ soil and groundwaters remediation, ENPs are required to feature 

several essential properties which are: 

 High reactivity for the removal of targeted environmental contaminants; 

 High mobility in porous media (especially soil); 

 High reactive longevity after their injection; 

 Low toxicity for the surrounding environment. 

These properties are the main drivers when designing ENPs for the purpose of soil and 

groundwaters remediation. However, these nanoparticles must also be produced and 

delivered at a cost that remains sufficiently low to compete with other conventional 

technologies. So far, there are not many ENPs which gather all the above mentioned 

properties. For instance, silver nanoparticles exhibit high reactivity with aqueous 
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contaminants and also high stability as colloidal suspensions (Panacek et al. 2006). 

However, due to their high cost and their well-recognised environmental toxicity (Asharani 

et al. 2008), silver nanoparticles are not a suitable candidate for such environmental 

application.  

Due to their purportedly low cost, suitable environmental compatibility and high reactivity, 

the most widely used and studied nanoparticles for soil and groundwater remediation are 

currently nanoscale zero-valent iron (nZVI) (Wang and Zhang 1997; Elliott and Zhang 

2001; Zhang 2003; Quinn et al. 2005). Over the past few years, intensive research for the 

improvement of nZVI has been carried out and various studies have demonstrated the high 

performance of nZVI for the degradation, removal or stabilisation of a wide range of 

common environmental contaminants including chlorinated organic solvents (Elliott and 

Zhang 2001; Zhang 2003; Nutt et al. 2005), organic dyes (Liu et al. 2005), various inorganic 

compounds (Alowitz and Scherer 2002; Cao et al. 2005), including metals (Kanel et al. 

2005; Xu et al. 2005). However, there are still some issues related to this remediation 

technology; which currently limit its widespread utilisation. First, many studies have 

demonstrated the limited mobility of  nZVI in natural porous systems (e.g. soils), mainly due 

to particle aggregation; resulting in ineffective in-situ remediation (Schrick et al. 2004; 

Quinn et al. 2005; He and Zhao 2007; Saleh et al. 2008). In fact, previous studies reported 

transport distances ranging from few centimetres (Schrick et al. 2004) in lab-scale column 

experiments to just a few meters in a field-scale demonstration (Zhang and Elliott 2006). 

Besides, there are still some uncertainties regarding the risks associated with nZVI materials 

upon release to the environment; especially regarding their potential to co-transport 

contaminants (Mueller and Nowack 2009). In fact, the ability of nZVI to sorb contaminants 

upon oxidation has been already demonstrated for arsenic, chromium and other inorganic 

contaminants in soils (Schorr 2007). It is thus possible that nZVI may, as a side effect; act as 

a carrier for contaminants. 
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These different factors (e.g. tendency to aggregate and interact with the environment) mainly 

depend on the nanoparticle properties such as particle size, surface charge, bulk composition 

and surface chemistry. Furthermore, these properties change with time due to the reactive 

nature of the materials. Therefore, it is crucial to accurately characterise and understand the 

implications of these properties before deploying these materials into contaminated 

environments in order to ensure safe and efficient remediation. Although some studies have 

previously focused on the characterisation of nZVI (Li et al. 2006; Sun et al. 2006), it is 

increasingly recognised that the characterisation approaches used for ENPs are frequently 

inadequate and/or underdeveloped. Moreover, multiple and complimentary analytical 

methods are needed (von der Kammer et al. 2012) as the validity and accuracy of some 

results may be inadequate under some conditions (Baer et al. 2010). 

1.3 Objectives and scope of the research 

As discussed in the last section, there are two main issues related to the nanoremediation 

technology: (i) the aggregation of nanoparticles which limited both their mobility and 

reactivity; resulting in ineffective remediation and (ii) the uncertainties related to the 

potential of nanoparticles to transport contaminants far from the contaminated zone. To date, 

the research on the fate and behaviour of ENPs in the environment is still hindered by 

significant analytical challenges. Therefore, the main objective of this research is to develop 

novel analytical methods to better understand the behaviour of ENPs (e.g. aggregation 

behaviour and interaction with the environment) under various environmental conditions 

(e.g. groundwater and soil conditions). This will considerably help in reducing the 

uncertainties associated with risk assessment of ENPs used for environmental remediation. 

The knowledge gained from this project will support the future design of effective yet 

sustainable nanomaterials. It will also mitigate the risk that premature application of 

unsuitable nanomaterials could hinder future commercialisation of sustainable nanoproducts 

by generating negative public perceptions and undermining future innovation.  
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The proposed scope of the project can be summarised into different segments: 

 Develop novel methods to effectively characterise the aggregation behaviour of 

iron-based nanoparticles, bare and stabilised with organic coating, under relevant 

environmental conditions.  

 Develop a novel method based on radioisotope labelling to be able to differentiate 

between engineered and natural iron nanoparticles. This will enable to easily trace 

the mobility of ENPs in intact soil cores. 

 Develop a novel analytical method based on light scattering techniques (i.e. the most 

widely use and accessible techniques to characterise nanoparticles) to characterise 

the behaviour of ENPs in different natural waters. 

1.4 Structure of the study 

This thesis comprises nine chapters with the research background, objectives and scope of 

the study included in Chapter 1 (Introduction).  

Chapter 2 gathers a comprehensive literature review on the subject matter including a 

general introduction on nanoparticles and their interaction with the environment followed by 

a review on the characterisation methods for iron-based nanoparticles used for soil and 

groundwater remediation. 

Chapter 3 describes the materials and analytical methods common to all chapters while 

experimental investigation of specific studies can be found in their respective chapters. 

Chapter 4 presents a multi-method approach (i.e. combining theoretical and analytical 

methods) developed to study the aggregation behaviour of iron-based nanoparticles under 

relevant environmental conditions (i.e. soil and groundwater conditions). In fact, although 

the characterisation of ENPs can be considerably simpler than it is for natural particle 

samples, ENPs are also complex, and a multiple characterisation approach is necessary to 
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ensure the accuracy of the characterisation data. However, due to analytical challenges, the 

lack of appropriate characterisation data in environmentally realistic conditions is a major 

limitation of current research in this area. 

Chapter 5 focuses on the characterisation of iron-based nanoparticles stabilised with organic 

coating. In fact, this is currently one of the most utilised methods to reduce the aggregation 

of nanoparticles. It is therefore crucial to effectively characterise the interactions between 

the organic coating and the iron nanoparticles to be able to predict their fate and behaviour 

once applied in the environment. 

A novel method based on radioisotope labelling is investigated in Chapter 6 to assess the 

mobility of organic-coated iron-based nanoparticles in intact soil cores. This method was 

further developed and combined with elemental analysis method to investigate the potential 

of ENPs to co-transport contaminants in real contaminated soil cores. 

A novel experimental setup based on on-line light scattering analysis is described in Chapter 

7. ENPs used for environmental applications may ultimately end up in the entire aquatic 

environment. This novel setup was used to evaluate both the aggregation behaviour and 

aggregate structure of different ENPs in several natural waters. In fact, these are among the 

main factors affecting the fate and behaviour of ENPs in the aquatic environment.  

This novel on-line setup was further developed and combined with different off-line 

analytical techniques to better assess the polydispersity of the samples (Chapter 8). In fact, it 

is well demonstrated that light scattering techniques suffer from the strong particle size 

dependence of the scattering intensity which leads to Z-average or intensity values being 

biased toward larger particles/aggregates. 

Conclusions and recommendations are presented in Chapter 9. 
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2.1 Nanoparticles: General introduction and behaviour in the aquatic 

environment 

2.1.1 Definitions and classification 

Nanomaterials are usually defined as particulate matter with at least one dimension which is 

less than 100 nm; where one nanometre is equal to one-billionth of a meter (i.e. 10-9 m) 

(Dowling et al. 2004). Materials that are less than 100 nm in only one dimension comprise 

thin films and surface coatings while materials that are less than 100 nm in two dimensions 

include nanotubes, nanowires and nanorods. Finally, materials that are nanoscale in three 

dimensions are defined as nanoparticles. Since colloids are, by definition, particles in the 

range of 1 nm to 1 μm, nanoparticles can be classified as a sub-fraction of colloids as shown 

in Figure 2-1. Therefore, fundamental and theoretical knowledge derived from the colloid 

science may also be applied to nanoparticle research (Lead and Wilkinson 2006). In this 

thesis, airborne particles and particulate matter are excluded as only the aquatic (and soil) 

system is of interest. 

 

Figure 2-1: Size domains of some environmental colloids and nanoparticles [adapted from (Lead and 
Wilkinson 2006; Christian et al. 2008)]. 
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Colloids are abundant in the environment and can be from either natural origin (i.e. formed 

by processes taking place for millions of years) or from anthropogenic origin (Nowack and 

Bucheli 2007). Depending on their origin, environmental colloids can be divided into four 

groups: natural colloids which can be divided into inorganic and organic colloids, 

anthropogenic colloids and finally engineered nanoparticles (ENPs) (Christian et al. 2008). 

The distinction between anthropogenic colloids and ENPs is based on their nature as either 

unintended by-product from technological processes or resulting from target-oriented 

manufacture. More details on this categorisation can be found in Table 2-1. 

Table 2-1: Categorisation of environmental aquatic colloids. 

Environmental aquatic colloids 

Natural colloids Anthropogenic 
colloids Engineered nanoparticles 

Inorganic colloids 
- silicates (e.g. 

clays) 
- oxides/hydrox

ides 
- carbonates 
- phosphates 
- metal sulfides 

Organic colloids 
- macromolecules 

(e.g. humic and 
fulvic acids) 

- bio-colloids (e.g. 
bacteria) 

- coal/soot/black 
carbon 

- cellular debris 

- wear and 
corrosion 
products (e.g. 
from tire and 
brakes) 

- waste and 
combustion 
products (e.g. 
soot, fly ash) 

- Carbon-based 
nanoparticles (e.g. 
fullerenes and CNTs) 

- Metal nanoparticles 
(e.g. silver and gold 
nanoparticles) 

- Metal oxides 
nanoparticles (e.g. TiO2 
nanoparticles) 

ENPs can be classified into four different categories; as detailed below: 

2.1.1.1 Carbon-based nanoparticles: Fullerenes and CNTs 

Among the large family of fullerenes, the C60 molecule known as the buckminsterfullerene is 

the most widely studied (Kroto et al. 1985). Fullerenes are mainly used in combination with 

polymer, as thin films, in biological applications and in electro-optical devices (Prato 1999; 

Bosi et al. 2003). Other fullerenes such as carbon nanotubes (CNTs) have been discovered 

after C60 (Iijima 1991). There are various types of engineered CNTs including single-walled 

(SWCNTs) and multi-walled (MWCNTs). Depending on the synthesis method (e.g. arc 

evaporation, pyrolysis or laser ablation), the following purification methods and the various 

possible functionalization, a wide variety of CNTs can be engineered with different 
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properties depending on the targeting applications (Dai 2002; Niyogi et al. 2002). This will 

have important implications when investigating their environmental fate and behaviour. 

2.1.1.2 Metal nanoparticles 

Elemental metal nanoparticles such as gold and silver nanoparticles are already produced at 

industrial scale since they feature special size-related properties such as magnetic, optical 

and electronic properties (Zhou et al. 2009). Elemental silver nanoparticles are mainly used 

as bactericide in various consumer products such as textiles and disinfectant sprays 

(Morones et al. 2005) while elemental gold nanoparticles has been used for a broad range of 

applications (Brust and Kiely 2002). 

Other important metal nanoparticle is nanoscale zero-valent iron (nZVI) which has been 

widely studied for environmental nanoremediation (Zhang 2003). This remediation 

technology has been or is currently utilised in about 30 contaminated site projects around the 

world (Li et al. 2006). More detailed on nZVI and its environmental applications can be 

found in section 2.2. 

2.1.1.3 Metal oxides nanoparticles 

Metal oxides nanoparticles are among the most utilised ENPs (Aitken et al. 2006). Bulk 

materials of several metal oxides including TiO2, SiO2 and iron and aluminium oxides have 

been already manufactured for several years. It is not until recently that they have been 

produced in the nanoscale form and have been commercialised (e.g. ZnO and TiO2 NPs in 

sunscreens). TiO2 is currently the most widely used NPs finding applications in paints, 

cosmetics and as photocatalyst for water and wastewater treatment. 
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2.1.1.4 Other engineered nanomaterials 

Materials scientists investigated a broad range of other nanomaterials such as nano-sized 

zeolites (Larlus et al. 2006), clays (Yaron-Marcovich et al. 2005) and ceramics (Cain and 

Morrell 2001). Also, some non-carbon nanotubes have been developed (Pokropivny 2001), 

including silica/titania (Zhang et al. 2006). There is also an increased interest in the areas of 

information technology, medicine and molecular biology for the development of quantum 

dots which are fabricated from semiconductor materials such as CdTe, CdSe or ZnS (Gao et 

al. 2004). 

2.1.2 Nanoparticle structure 

Nanoparticle structure is quite complex but can be divided into three layers: the surface 

which can be functionalised, the shell material which can be purposely added and the core 

material (Christian et al. 2008). 

2.1.2.1 The nanoparticle surface  

The surface of a nanoparticle can be functionalised and the composition of the surface will 

be closely related to the targeted application. Since most nanoparticles lose their properties 

once they aggregate or precipitate; many researchers are focusing on finding appropriate 

surface coating which can facilitate the dispersion of nanoparticles. These surface coatings 

are usually a small molecule that will bind to the nanoparticle surface via a covalent-like 

bond and often carry a charge to provide electrostatic repulsive forces between the coated 

particles (see Figure 2-2). Silver nanoparticles are, for instance, generally stabilised with 

citrate (Henglein and Giersig 1999). The use of surfactant, such as sodium dodecylsulfate, is  

another method to stabilise nanoparticles in suspension (Qiu et al. 1999). Another type of 

surface stabiliser includes long-chain molecules with high molecular weight which can 
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provide both electrostatic and steric repulsive forces between the coated particles as depicted 

in Figure 2-2. 

 

Figure 2-2: Schematic representation of charge-stabilised nanoparticles (left) and sterically stabilised 
nanoparticles (right) 

2.1.2.2 The nanoparticle shell 

The nanoparticle shell usually represents the top layer of the nanoparticle and is often 

composed of a chemically different structure from that of the core material. One good 

example of an intentionally engineered core/shell structure is the quantum dots which 

usually have a core made of one material (e.g. cadmium selenide) and a shell of another (e.g. 

zinc sulphide) (Malik et al. 2002).  

However, the formation of core/shell structure can also occur via other processes such as the 

alteration (e.g. chemical reactions) of the core material when exposed to the environment. 

For instance, nZVI are known to rapidly oxidise in the presence of oxygen which creates 

layers of iron oxides at their surface (Sun et al. 2006).  

2.1.2.3 The nanoparticle core 

The core generally refers to the centre of the nanoparticle and it commonly designates the 

nanoparticle itself. In most cases, the nanoparticle properties of interest are mostly 

determined by the properties of the core. 
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It is important to note that for inorganic nanoparticles, the core may exist in more than one 

phase (e.g. anatase and rutile for TiO2 NPs) even if the nanoparticle has been synthesised in 

a pure single phase. It is therefore important to carefully analyse all prepared materials as it 

is very likely that the fate of nanoparticles will be dependent on the phase of the core 

(Rempel et al. 2006). 

Finally, the core may present different morphologies; although most of the nanoparticles are 

nominally isotropic (i.e. identical in all directions such as the spherical shape). The most 

common non-isotropic shape is a simple rod or wire such as the CNTs. Some other 

structures (e.g. tetrapod, dendrite, tear drop…etc.) have also been synthesised [e.g. (Manna 

et al. 2000)]. 

2.1.3 Nanoparticle intrinsic properties 

The nanoparticle intrinsic properties will be the main factors affecting their fate and 

behaviour in the environment. In the next paragraphs, we intend to give a simple description 

of some important nanoparticles properties. More detailed explanations can be found 

elsewhere (Shaw 1992). 

2.1.3.1 Nanoparticle reactivity 

Due to their small size, nanoparticles possess a very high surface to volume ratio. The 

surface to volume ratio is proportional to the inverse of the radius which indicates that the 

ratio of atoms at the surface of a particle available for reaction is also proportional to the 

inverse of the radius. In other words, the smaller the nanoparticle, the higher number of 

atoms will be present at the surface for reaction. An example given by Christian et al. (2008) 

showed that a gold nanoparticle with a 5 nm diameter will have 31% of its atoms at the 

surface whereas a 50 nm gold nanoparticle will only possess 3.4% of its atoms at the surface 

and this percentage drops to 0.2% for a 1 μm gold particle. 
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Apart from the number of atoms available for reaction, the chemistry of these sites will also 

affect the nanoparticle reactivity because of the differences from the bulk material. In fact, 

materials engineered in a nanoscale form may have a much higher catalytic activity than the 

bulk material (Yoo 1998). A good example of material which shows poor catalytic activity 

in the bulk form and excellent catalytic properties when prepared in the nanoscale form is 

gold (Sau et al. 2001). 

2.1.3.2 Nanoparticle colloidal stability 

The dispersion of nanoparticles in an aqueous solution will result in particle-particle 

collision which will likely result in their agglomeration. Single particles are often referred as 

primary particles while agglomerates referred to primary particles held together with weak 

attractive forces such as Van der Waals forces (Jiang et al. 2009).  

Particle-particle collision is controlled by three distinct processes: (i) Brownian motion, (ii) 

shear flow and (iii) differential settling related to the size, shape and density of the particles 

(Handy et al. 2008). The rate of collision will mainly depend on the particle size and 

dispersion homogeneity. In fact, monodispersions are more stable than polydispersions. 

Besides, the particle-particle collision frequency will also depend on Brownian motion 

temperature and particle concentration (Phenrat et al. 2007). 

In order to form stable dispersions, it is therefore crucial to provide a repulsive barrier 

between two approaching particles. There are two typical barriers which are based either on 

charge or steric stabilisation as shown previously in Figure 2-2. For charge stabilisation, a 

surface charge is present and associated with counter ions and some solvent molecules 

which are bound to the surface of the particle: this corresponds to the Stern layer (Stern 

1924). The charge present at the particle surface will cause repulsion of like charges 

according to Coulombs laws and therefore providing a barrier to agglomeration. For steric 

stabilisation, a long-chain molecule is attached to the particle surface. The long-chain 
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molecule will present a high affinity for the solvent and thus, the barrier to aggregation is 

caused by the interactions of the long chain molecule with itself and with the solvent. This 

will cause entropically unfavourable conditions when the particles come closer to one 

another and prevent the coated nanoparticles to agglomerate (Tiller and O'Melia 1993). 

These two barriers (i.e. charge and steric stabilisation) may behave differently depending on 

the physico-chemical properties of the solvent. For instance, an increase in the ionic strength 

of the solvent will have much more effect on the aggregation of charged-stabilised 

nanoparticles than of sterically-stabilised ones. This can be accounted by the fact that an 

increase in the ionic strength will lead to a decrease in the double layer thickness of particles 

and thus shield the charge of two approaching particles. This will reduce the effectiveness of 

the Coulomb repulsive forces and thus promote the agglomeration of nanoparticles. 

Moreover, tri- and divalent ions may also exchange with monovalent ions on the 

nanoparticle surface of charge-stabilised particles. This usually leads to rapid agglomeration 

and precipitation of nanoparticles whereas sterically-stabilised nanoparticles are much less 

affected. 

2.1.4 Behaviour of nanoparticles in the aquatic environment 

To date, only few studies have investigated the behaviour of ENPs in the aquatic 

environment, and little is known about their transport, fate, and probable concentrations in 

different environmental compartments. A recent modelling study by Keller et al. (2013) 

estimated that in 2010, 63% to 91% of the global ENP production ended up in landfills; 8% 

to 28% was released into soils; 0.4% to 7% into water bodies; and 0.1% to 1.5% into the 

atmosphere. Among the ENPs considered, titanium dioxide (TiO2) was released to the 

environment in the largest quantities, followed by iron and zinc (Keller et al. 2013).  

ENPs are increasingly release to the environment, both unintentionally and intentionally. 

Intentionally release of ENPs is mainly related to their use in soil and groundwater 
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remediation whereas unintentional release includes atmospheric emission as well as soil or 

liquid waste streams from manufacture facilities (Tungittiplakorn et al. 2004; Limbach et al. 

2008). Depending on their dispersion state, ENPs will then be transported or immobilised 

within the different environmental compartments as depicted in Figure 2-3. 

 

Figure 2-3: Schematic diagram of the possible pathways and potential interactions of ENPs in the 
environment [adapted from (Ottofuelling 2010)]. 

The fate and behaviour of ENPs will then greatly depend on their transport characteristics 

(i.e., aggregation, sedimentation or adsorption) and transformation (i.e., dissolution or 

chemical transformation) in the environment (Lowry et al. 2012). 

Agglomeration/aggregation and sedimentation are the major processes affecting the 

behaviour of ENPs in aquatic systems and results suggest they are mainly controlled by the 

combined effects of pH, ionic strength, salt composition and the presence and concentration 

of natural organic matter (NOM) (Phenrat et al. 2007; Christian et al. 2008).  

For instance, it is well demonstrated that the stability of nanoparticles is strongly affected by 

the pH in aqueous systems. Many metal oxide nanoparticles have a positive surface charge 

under acidic conditions and a negative surface charge under basic conditions (Imae et al. 
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1991; Kosmulski 2006; Baalousha et al. 2008). The point of zero charge (PZC) is defined as 

the pH when the net surface charge density is equal to zero. Around the PZC, there is no net 

positive energy barrier which promote the formation of very large aggregates since the only 

factor controlling aggregation is Brownian motion (Hu et al. 2010). Natural surface coating 

by NOM has also been shown to influence the surface charge of ENPs by neutralising the 

positive charge and thus enhancing the negative surface charge of ENPs depending of the 

nanoparticle PZC and the solution pH. Surface coating by NOM is thus likely to affect the 

stability of ENPs by either reducing their aggregation through charge and steric stabilisation 

(Tipping and Higgins 1982; Jekel 1986) or enhance their aggregation through charge 

neutralisation and bridging mechanisms with divalent cations (Buffle et al. 1998). 

Different experimental approaches have been tested to predict the behaviour of ENPs in 

aquatic systems. One approach is to consider the individual effects of different physical and 

chemical components (i.e., the effect of pH, a single electrolyte, organic matter, etc.) in 

order to identify the main factors affecting the stability of ENPs. A more realistic, yet more 

complex, approach investigates the behaviour of ENPs under environmentally-relevant 

conditions and ultimately in natural waters. Several recent studies have used these 

approaches to understand and predict the behaviour of ENPs once they enter the 

environment (Phenrat et al. 2007; Zhang et al. 2008; Baalousha 2009; Badawy et al. 2010; 

Hu et al. 2010; Keller et al. 2010; Huynh and Chen 2011; Ottofuelling et al. 2011; Baalousha 

et al. 2013; Brunelli et al. 2013; Dobias and Bernier-Latmani 2013; Romanello and de 

Cortalezzi 2013; Yang et al. 2013). Results from these studies confirmed the role of pH, 

electrolyte composition and the presence of organic matter in the aggregation or stabilization 

of ENPs. 
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2.2 Iron-based nanoparticles used for soil and groundwater remediation 

2.2.1 Introduction: From permeable reactive barriers to nanoscale particles 

The use of iron-based materials and especially zero-valent iron for soil and groundwater 

remediation has started in the early 1990s. Granular zero-valent iron particles (GZVI) have 

firstly been proposed in 1994 by Gillham and O’Hannesin and applied for environmental 

remediation. The main application for GZVI was their installation in permeable reactive 

barriers (PRBs) for the treatment of groundwater plumes. A PRB is defined as an engineered 

zone of reactive materials designed to intercept and treat contaminated groundwater. GZVI 

has been used successfully as a reactive media for the treatment of chlorinated organic 

compounds, heavy metals and radionuclide contamination (Scherer et al. 2000; Deng and Hu 

2001; Lo et al. 2007). However, GZVI applications have been limited to shallow 

groundwater plumes in unconsolidated aquifers and the use of PRBs requires intrusive 

engineering methods for installation and the need for well-constrained and discrete 

groundwater flow paths. Moreover, many authors have reported significant loss of reactivity 

and build-up of mineral precipitates within the PRBs over time (Phillips et al. 2003; Liang et 

al. 2005; Morrison et al. 2006; Henderson and Demond 2007). The introduction of nanoscale 

ZVI (nZVI) within the past 15 years has led to a wider range of applications due to easier 

deployment via direct injections, degradation of a broader range of contaminants and faster 

degradation rates (Grieger et al. 2010). Therefore, nZVI is currently the most widely studied 

nanomaterial for environmental remediation of soil and groundwater. 

2.2.2 Properties of nZVI 

2.2.2.1 The core-shell structure 

Microscopic and spectroscopic studies have revealed that nZVI possess a core-shell structure 

(Liu et al. 2005; Nurmi et al. 2005; Sun et al. 2006; Yan et al. 2010) as displayed in  
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Figure 2-4. The core consists primarily of zero-valent or metallic iron while the shell is 

largely iron oxides/hydroxides formed from the oxidation of the metallic iron. The shell of 

iron oxides may compose 40 to 86% of apparent nZVI (Phenrat et al. 2007).  

  

Figure 2-4: The core-shell model of zero-valent iron nanoparticles. 

This specific core-shell structure will have important significance for the chemical properties 

of nZVI. In fact, the nature of the oxide shell makes it more reactive than a simple passive 

oxide layer that may form on bulk iron materials (Wang et al. 2009). The composition of the 

oxide shell and the metal in nZVI is also significantly different from that of bulk ZVI. This 

makes the core-shell structure a crucial aspect to examine when investigating the reactivity 

of nZVI for environmental remediation. In fact, nZVI exhibits characteristics of both iron 

oxides and metallic iron. While the metallic iron acts as the electron source and exhibits a 

reducing character, the oxide shell will promote contaminant sorption via surface 

complexation and electrostatic interactions and at the same time, allows electron passage 

from the metallic core. 

2.2.2.2 The aqueous corrosion of zero-valent iron 

Metallic or zero-valent iron (i.e. Fe0) is well-known to be highly exposed to corrosion in 

aqueous solution. The corrosion of metallic iron occurs primarily via an electrochemical 
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process with anodic and cathodic components (Crane and Scott 2012).  The anodic reaction 

mainly includes the dissolution of Fe0 which involves the formation of soluble ionic 

products or insoluble oxide/hydroxide. This reaction is generally coupled with the reduction 

of redox species at the cathode. In natural waters, both dissolved oxygen (DO) and water 

(H2O) are the primary components responsible for the corrosion of metallic iron with the 

reaction with H2O being thermodynamically favoured: 

2Fe0
(s) + 4H+

(aq) + O2(aq) → 2Fe2+
(aq) + 2H2O(l) E0 = +1.67 V     (1)  

2Fe0
(s) + 2H2O(l) → 2Fe2+

(aq) + H2(g) + 2OH−
(aq) E0 = −0.39 V                (2)  

Ferrous iron (i.e. Fe2+) can also undergo further oxidative transformation: 

2Fe2+
(aq) + 2H+

(aq) + ½O2(aq)→ 2Fe3+
(aq) + H2O(l) E0 = +0.46 V                 (3)  

2Fe2+
(s) + 2H2O(l) → 2Fe3+

(aq) + H2(g) + 2OH−
(aq) E0 = −1.60 V                 (4) 

Li et al. (2006) performed detailed X-ray Photoelectron Spectroscopy (XPS) analysis on 

nZVI and found that ferric iron (i.e. Fe3+) may also react with OH- and H2O to yield iron 

hydroxides (i.e. Fe(OH)3) or iron oxyhydroxide (i.e. FeOOH) which are believed to be the 

main components of the oxide shell: 

Fe3+
(aq) + OH-

(aq) → Fe(OH)3        (5) 

Fe3+
(aq) + H2O(aq) → FeOOH+ 3H+

(aq)                               (6) 

Equations (1) to (4) are the typical electrochemical/corrosion reactions by which nZVI is 

oxidised when exposed to oxygen and water. These corrosion reactions can be accelerated or 

inhibited by changing the solution chemistry and/or metal composition (Zhang 2003). It is 

also clear from these equations that nZVI oxidation will produce a characteristic increase of 

solution pH as either protons are consumed or hydroxyl ions are produced. A highly 
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reducing environment is also created through the rapid consumption of oxygen and 

production of hydrogen. Zhang (2003) and Sun et al. (2006) observed a pH increase of 2-3 

units and a reduction in the oxydo-reduction potential (ORP) in the range of 500-900 mV in 

closed batch reactor experiments. This ability of nZVI to rapidly reduce groundwater redox 

potential has been proved to be not only crucial for chemically induced degradation of 

environmental contaminants but also useful for stimulating reductive biodegradation of 

chlorinated solvents (Cundy et al. 2008). 

2.2.2.3 Degradation of organic and inorganic contaminants 

Many recent studies have demonstrated that nZVI is highly effective for the removal or 

degradation of a wide range of common environmental contaminants including chlorinated 

organic solvents (Elliott and Zhang 2001; Zhang 2003; Nutt et al. 2005), organic dyes (Liu 

et al. 2005), various inorganic compounds (Alowitz and Scherer 2002; Cao et al. 2005), 

including metals (Kanel et al. 2005; Xu et al. 2005). Examples are given in Table 2-2. 
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Table 2-2: List of some of the common environmental contaminants removed by nZVI. 

  Family of contaminants Contaminants 

Organic 

Chlorinated methanes 

Carbon tetrachloride 

Chloroform 

Chloromethane 

Chlorinated benzenes 

Dichlorobenzene 

Tetrachlorobenzene 

Pentachlorobenzene 

Hexachlorobenzene 

Pesticides 
DDT 

Lindane 

Organic dyes 

Acid orange 

Acid red 

Chrysoidine 

Trihalomethanes 

Bromoform 

Dibromochloromethane 

Dichlorobromomethane 

Chlorinated ethenes 

Tetrachloroethene 

Trichloroethene 

Vinyl chloride 

Other organic 
contaminants 

PCBs 

Dioxins 

TNT 

Inorganic 

Heavy metal ions 

Mercury 

Nickel 

Silver 

Cadmium 

Inorganic anions 

Dichromate 

Arsenic 

Perchlorate 

Nitrate 

 

Because there are significant variations in contaminant chemistry, several pollutants removal 

pathways have been identified and include complexation, sorption, precipitation and surface 

mediated chemical reduction (Miehr et al. 2004). For instance, for the treatment of organic 

contaminants such as chlorinated solvents, removal usually occurred via the reductive 

degradation of the chemical implying that the contaminant is physically destroyed. For 
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inorganic pollutants, especially for the treatment of heavy metals, removal generally occurs 

via immobilisation on the surface of the oxide shell without physical degradation (Crane and 

Scott 2012). 

Li et al. (2006) demonstrated that nZVI exhibit either metal-like or ligand-like coordination 

properties depending on the solution chemistry, and especially on the solution pH. In fact, at 

low pH (i.e. below the PZC which occurs at around pH 8), iron oxides are positively charged 

and will have a tendency to attract anionic ligands such as key environmental species (e.g. 

chloride and phosphate). However, when the solution is above the PZC, the oxide surface 

becomes negatively charged and the oxide shell will likely form surface complexes with 

cations (e.g. metal ions).  

2.2.3 Synthesis of nZVI 

Nanoparticle synthesis methods are usually classified as either top-down or bottom-up 

approaches. The top-down strategy starts with large-size bulk materials (e.g. microscale or 

granular) and the production of nanoscale particles is generated by mechanical or chemical 

steps. For the bottom-up approach, nanoparticles are produced by the assemblage of atoms 

or molecules via chemical synthesis (Li et al. 2006). The synthesis methods are determining 

factors in preparing nanoparticles with different sizes and shapes. Researchers have 

developed different synthesis methods for nZVI that can be classified as either physical or 

chemical methods as shown in Table 2-3.  

Some of the most widely employed synthesis methods for application in environmental 

remediation (i.e. borohydride reduction of ferrous salts, gas-phase reduction and high-energy 

ball mining) will be developed in the next sections. 
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Table 2-3: Summary table of nZVI synthesis methods 

 Synthesis methods References 

Physical synthesis methods 

Inert gas condensation 

(Sanchez-Lopez et al. 1997; 
Nakayama et al. 1998; Choa et 
al. 1999; Nakayama et al. 2000; 

Wang et al. 2004) 

Severe plastic deformation (Valiev et al. 2000; Sus-
Ryszkowska et al. 2004) 

High-energy ball milling (Del Bianco et al. 1998; Malow 
et al. 1998) 

Ultrasound shot peening (Tao et al. 1999) 

Chemical synthesis methods 

Liquid-phase reduction or 
borohydride reduction of 

ferrous salts 

(Glavee et al. 1995; Wang and 
Zhang 1997; Choe et al. 2000; 
Elliott and Zhang 2001; Zhang 
2003; Liu et al. 2005; Nurmi et 
al. 2005; Sun et al. 2006; Celebi 

et al. 2007; Sun et al. 2007; 
Hoch et al. 2008; Scott et al. 

2010) 

Gas-phase reduction (Uegami et al. 2004; Nurmi et 
al. 2005) 

Microemulsion 
(Wiggins et al. 2000; Carpenter 
2001; Li et al. 2003; Song et al. 

2004) 
Controlled chemical co-

precipitation (Liu et al. 2004) 

Chemical vapour condensation (Choi et al. 2001) 

Pulse electrodeposition (Natter et al. 2000; Choi et al. 
2001) 

Liquid flame spray (Makela et al. 2004) 
Thermal reduction of ferrous 

iron 
(Hoch et al. 2008; 

Bystrzejewski 2011) 

Electrolysis (Chen et al. 2004; Wang et al. 
2008) 

Polyphenolic plant extract (Hoag et al. 2009) 
 

2.2.3.1 Liquid-phase reduction or borohydride reduction method 

The borohydride reduction method is currently the most widely employed synthesis method 

within academia (Wang and Zhang 1997). The basic concept of this method is to add a 

strong reductant (e.g. sodium borohydride) into a metallic ion solution (e.g. FeCl3) to reduce 

it to nanoscale metal particles (Li et al. 2006). For the production of nZVI by liquid-phase 

reduction, NaBH4 is commonly used as reductant to reduce either ferric (Fe(III)) or ferrous 

(Fe(II)) salts. This method has been used by many research groups since one of its major 



27 

 

advantages relies on its relative simplicity with the need of only two common reagents and 

no need for any specific lab equipment (Li et al. 2006).  

Typically, nZVI can be prepared by slowly adding 1:1 volume ratio of 0.25 M sodium 

borohydride into 0.045 M ferric chloride solution (FeCl3.6H2O). Ferric iron is reduced by the 

borohydride following this reaction (Wang and Zhang 1997): 

4Fe3+
(aq) + 3BH4

-
(aq) + 9H2O(aq) → 4Fe0↓ + 3H2BO3

-
(aq) + 12H+

(aq) + 6H2(aq)               (7) 

Ferrous sulfate (FeSO4.7H2O) has been also used successfully as the aqueous-phase iron 

solution (Ponder et al. 2000; Wang et al. 2006): 

Fe2+
(aq) + 2BH4

-
(aq) + 6H2O(aq) → Fe0↓ + 2B(OH)3(aq) + 7H2O(aq)                (8)  

Most of the studies using this method obtained similar results in term of particle size and 

specific surface area. The borohydride method typically produces polydispersed nZVI 

ranging over tens to hundreds of nanometres in size with specific surface area of 20-40 m2/g 

(Li et al. 2006). 

Nevertheless, although this method produces highly reactive nZVI, it also presents some 

disadvantages. First, this synthesis method is associated with important health and safety 

consideration. In fact, the synthesis needs to be conducted in a fume hood as the chemical 

reactions produce large volumes of hydrogen gas as a by-product. This drawback associated 

with the use of expensive reagents preclude its industrial application (Hoch et al. 2008). 

Moreover, nZVI produced with this method are highly polydispersed and thus highly prone 

to agglomeration as shown in Figure 2-5 (Nurmi et al. 2005; Sun et al. 2006; Scott et al. 

2010). 
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Figure 2-5: TEM images of nZVI synthesised by the borohydride reduction method [From (Sun et al. 
2006)]. 

2.2.3.2 Gas-phase reduction method 

In 2006, Toda Kogyo Ltd. developed a commercial nZVI product known as RNIP. This 

product is widely used in environmental applications and is synthesised by gas-phase 

reduction (Uegami et al. 2004). The nZVI generated by this method are produced by heat-

reducing goethite or hematite particles with hydrogen gas at very high temperature (i.e. 350-

600°C). After cooling, the iron particles are transferred into water in a gas phase which 

producing an oxidised shell on the particle surface in water. The synthesised nanoparticles 

are then dried and ready for use in diverse applications. The nZVI produced by this method 

are generally composed by a two-phase material consisting of Fe3O4 and α-Fe0 with a Fe 

content of no less than 65% by weight (Uegami et al. 2004). The particles have an average 

particle size ranging from 50 to 300 nm with a specific area of about 7.55 m2/g. 

2.2.3.3 High-energy ball milling 

In recent years, Golder Associates Inc. has become the market leader for large-scale field 

application of nZVI. They are producing large quantities of this nanomaterial using the ball 

milling method (Müeller and Nowack 2010). This method uses conventional mechanical 

attrition techniques to break macroscale Fe0 into nanoscale particles. Australia’s Advanced 
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Powder Technology Pty. Ltd. has also successfully produced and commercialised a wide 

range of nZVI powders synthesised with the ball mining method (Dallimore 1999). 

However, although being straightforward, this method is highly energy demanding and 

synthesised particles generally exhibit a very high surface energy which promotes their 

aggregation.  

2.2.4 Transport and reactivity of nZVI in environmental media 

As discussed in the previous sections, nZVI has attracted increased attention in the past 

years for the treatment of contaminated soil and groundwater as many researchers 

demonstrated its high performance for the removal of a wide range of common 

environmental pollutants. However, the major obstacles to its field-scale application remains 

its limited mobility and reactivity once applied to the environment, resulting in ineffective 

in-situ remediation (Schrick et al. 2004; Quinn et al. 2005; He and Zhao 2007; Saleh et al. 

2008). Both transport and reactivity are affected by several factors and many researchers 

have focused on finding solutions to control or reduce these factors in order to improve 

nZVI mobility and reactivity in environmental media. 

2.2.4.1 Factors affecting the mobility and reactivity of nZVI 

There is a broad consensus that the mobility and reactivity of nZVI is very limited in 

environmental media this can be explained by three basic mechanisms (Elimelech et al. 

1998; Kanel et al. 2008; Scott 2011): 

 Due to its magnetic properties (Phenrat et al. 2007), nZVI have a natural tendency to 

aggregate which generates significant losses in reactivity and decreases 

environmental mobility in porous media (e.g. soil) (Theron et al. 2008); 

 Because of the surface particles oxidation, there are formation of large corrosion 

product precipitates (including Fe(OH)2, Fe(OH)3, Fe3O4, Fe2O3, FeOOH, 
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Fe5HO8.4H2O and green rusts) which considerably limits direct Fe0-contaminant 

interactions. 

 Due to interaction with the subsurface environment (mainly via attachment to 

mineral surfaces and carbonaceous materials or microbial removal), nZVI become 

easily inert and fairly immobile. 

Aggregation is considered as the primary cause of reduced mobility and reactivity and many 

studies have demonstrated that this phenomenon depends on many factors which are mainly: 

particle size, solution pH, ionic strength, soil composition (e.g. the presence of organic 

matter) and groundwater flow velocity (Ponder et al. 2000; Zhang et al. 2002; Schrick et al. 

2004; He and Zhao 2005; Lien and Zhang 2005; Saleh et al. 2005; Sun 2006). For instance, 

groundwater usually has high ionic strength which tends to reduce the electrostatic repulsion 

among particles which then increases particle aggregation. Environmental conditions such as 

the presence of humic acids in soil or groundwater are also well known to affect the stability 

of nZVI (Saleh et al. 2008). 

The reactivity of nZVI has also been shown to be pH dependant. In fact, Giasuddin et al. 

(2007) demonstrated that the adsorption of humic acids is fairly high in the pH range 3.0-9.0 

and decreases considerably at a pH over 10.0. This is consistent with the electrostatic 

interaction mechanism since nZVI will remain attractive to negatively charged humic acids 

as long as it is positively charged. The results of Giasuddin et al. (2007) can be explained by 

the fact that nZVI are positively charged below the PZC which was shown in previous 

studies to be around pH 8.0 (Sun et al. 2006). 

Other studies focused on the influence of oxyanions and divalent cations on nZVI sorption 

capacity (Ali and Dzombak 1996; Geelhoed et al. 1998; Mylon et al. 2004; Peng et al. 2005; 

Guan et al. 2006; Giasuddin et al. 2007). For instance, Giasuddin et al. (2007) studied the 

effect of oxyanions and divalent cations on the adsorption of humic acids onto nZVI. They 
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found that the presence of highly concentrated (i.e. 10 mM) oxyanions H4SiO4, HCO3
- and 

H2PO4
2- reduces the adsorption capacity of nZVI up to 100% due to competition between 

these anions and humic acids for sorption sites. However, they also found that the presence 

of 2 mM Mg2+ and Ca2+ enhances humic acid removal from 17 mg.g-1 to 55 mg.g-1 and 76 

mg.g-1 respectively. This was explained by the compression of the diffuse double layer and 

charge neutralisation of both absorbate and adsorbent by the divalent cations (Peng et al. 

2005) because interaction between salts and organics generally generates a change in organic 

matter properties. Murphy et al. (1990) also explained that the presence of divalent cations 

promotes the formation of a complex nZVI-mineral-humic acid which significantly enhance 

the nZVI adsorption capacity. 

2.2.4.2 Methods to enhance nZVI mobility 

Many studies suggested that the key to enhance particle mobility is in modifying their 

surface properties to improve their colloidal stability (i.e. reducing particle aggregation to 

maintain discrete particles) and reduce their adherence to porous media solids (Quinn et al. 

2005; Phenrat et al. 2009; Crane and Scott 2012). This is usually done by surface coatings 

with surfactants, polymers or polyelectrolytes. These coatings help to increase the steric 

and/or electrostatic repulsion between nanoparticles to counterbalance the attractive van der 

Waals and magnetic attractive forces (He and Zhao 2007; He et al. 2007; Saleh et al. 2008; 

Cirtiu et al. 2011). Moreover, it has been demonstrated that the presence of a stabiliser 

during the synthesis of nanoparticles may facilitate its nucleation and growth (Shimmin et al. 

2004). Different surface coatings have been proposed for nZVI which includes polyacrylic 

acid (PAA) (Schrick et al. 2004; Kanel et al. 2008; Lin et al. 2010), polystyrene sulfonate 

(PSS) (Phenrat et al. 2009), carboxymethyl cellulose (CMC) (He and Zhao 2007; He et al. 

2007; Lin et al. 2010), triblock copolymers (Saleh et al. 2005), polyeletrolyte block 

polymers (Sirk et al. 2009), cellulose acetate (Wu et al. 2005), polyasparate (Phenrat et al. 
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2008; Tiraferri et al. 2008), polysorbate 20 (also known as Tween® 20) (Kanel et al. 2007), 

xanthan gum (Vecchia et al. 2009) and many others. 

Polymer coatings and surfactants 

Particle stabilisation through the use of surfactants or polymer coatings is achieved by 

controlling the surface particle charge. As mentioned before (i.e. section 2.1.2.1), the steric 

hindrances provided by these coatings counteract the electrical and dipolar attractions that 

occur naturally between particles. However, this is only achieved when a sufficient mass of 

surfactants or polymer coating material is applied to form a complete micelle around the 

nanoparticles (Crane and Scott 2012). Therefore, the use of these coatings in environmental 

remediation is unlikely to provide complete stabilization if there is insufficient surface 

coverage (Cirtiu et al. 2011). 

Polyelectrolyte coatings 

The surface coating of nZVI by high molecular weight hydrophilic polyelectrolytes may be 

considered irreversible and therefore may be a more suitable method (compared to 

surfactants) for increasing mobility of nZVI in subsurface systems (Crane and Scott 2012). 

Polyelectrolytes coatings work in the same way as surfactants to enhance colloidal stability 

(i.e. steric hindrances); however these polymers are chemically or physically grafted to the 

particle surface (Saleh et al. 2005). Other benefits of this type of coating include promotion 

of microbial activity which may improve contaminant removal in carbon limited 

environments and high resistance in a wide range of groundwater conditions for very long 

periods (up to several months) (Phenrat et al. 2009).  

The two principal studied materials are guar gum and CMC which are formed from guar 

beans and cellulose respectively. Both species are very cheap, non-toxic, naturally water-

soluble, and biodegradable and remain neutrally charged and unaffected by ionic strength or 
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pH in water across an environmentally relevant range (i.e. pH 5-9) (Tiraferri et al. 2008; He 

et al. 2010). 

Protective shells and solid supports 

The use of protective shells, firstly designed for magnetic applications, has been also used to 

improve the mobility and longevity of nZVI. The different protective shells tested so far 

include silica (Tang et al. 2006), polymers (Wilson et al. 2004) and carbon (Hoch et al. 

2008; Zhang et al. 2010), and have been observed to improve nZVI stability to a level 

comparable with polyelectrolyte coatings. The use of carbon has usually been preferred over 

other protective shells since it has higher stability in acidic or basic media and was proved 

not having toxic or injurious effects on biological systems.  

The use of solid supports has also been tested by scientists at the Helmholtz Centre for 

Environmental Research in Germany (Bleyl et al. 2012; Kopinke and Mackenzie 2012). 

They developed a method to combine nZVI with activated carbon to produce “Carbo-Iron” 

platelets with diameters varying between 50 and 200 nm. The sorbent properties of the 

activated carbon combined with the reductive capacity of the Fe0 was proved to exhibit 

hydraulic mobility comparable to surfactants and polyelectrolyte coatings whilst enhancing 

the reduction of a range of chlorinated organics (e.g. trichloroethylene (TCE)) as shown in 

Figure 2-6. 
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Figure 2-6: Picture showing the high affinity of nZVI for hydrophobic compounds (i.e. TCE) when 
combined with activated carbon (Kopinke and Mackenzie 2012). 

Increasing the particle size 

One of the main challenges with nZVI surface modification is in maintaining the reactive 

performance of the nZVI. An alternative method to enhance the particle mobility without 

affecting the surface properties is to increase the particle size. It has been demonstrated that 

particles within the size range of 0.1-2 μm (depending on the soil type) have the highest 

mobility (EPA 2005; Müeller and Nowack 2010). Moreover, by using larger particles, any 

nano eco-toxicological issues will be excluded. Finally, particles larger than 0.5 μm can be 

handled as powder which reduces material volume. 

2.2.4.3 Methods to enhance nZVI reactivity 

One of the most applied methods to increase nZVI reactivity is to alloy it with a noble metal 

(e.g. Pd, Pt, Ag, Ni, Cu, etc.). Advantages of bimetallic nZVI include cost effectiveness, 

good corrosion stability and faster contaminant degradation than uncoated nZVI (Lien and 

Zhang 1999; Kim et al. 2008). The bimetallic nZVI are simply prepared by soaking the 

freshly produced nZVI in a solution containing the noble metal salt (Li et al. 2006).  
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In the past few years, several studies of bimetallic nZVI for environmental remediation have 

been made and include mainly Fe/Pd (Grittini et al. 1995; Zhang et al. 1998; Lien and Zhang 

1999; Elliott and Zhang 2001; Lien and Zhang 2005; Lien and Zhang 2007), Fe/Ni (Zhang et 

al. 1998; Schrick et al. 2002; Tee et al. 2009; Barnes et al. 2010; Barnes et al. 2010), Fe/Pt 

(Zhang et al. 1998) and Fe/Ag (Xu and Zhang 2000). In these different combinations, Fe0 is 

considered to behave as an anode and thus undergoes oxidation to protect the noble metal. 

The chemical reduction of sorbed contaminants at the surface of the bimetallic nZVI surface 

is believed to occur through direct electron transfer with the noble metal or through reaction 

with hydrogen produced by the oxidation of the zero-valent iron (Zhang et al. 1998). 

Experiments have yielded many different results regarding bimetallic nZVI performance but 

Fe-Pd (Pd 0.1-1 wt. %) generally performed better than the other combinations (Elliott and 

Zhang 2001; Henn and Waddill 2006). 

2.3 Characterisation of iron-based nanoparticles for soil and groundwater 

remediation: A methodological review 

As discussed in the previous section, the mobility and reactivity of nZVI in subsurface 

environments are significantly affected by their tendency to aggregate. Both the mobility and 

reactivity of nZVI mainly depends on properties such as particle size, surface chemistry and 

bulk composition. In order to ensure efficient remediation, it is thus crucial to accurately 

assess and understand the implications of these properties before deploying these materials 

into contaminated environments. 

The purpose of this section is therefore to present the different analytical tools available to 

characterise the different properties of nZVI and to discuss their advantages and limitations. 

Examples of characterisation methods of commercial nZVI/ZVI will be also provided. 

Finally, the challenges of characterising nZVI in groundwater will be also discussed. 
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The following section is part of a review paper submitted by the author in Analytica Chimica 

Acta. 

2.3.1 Particle size, size distribution and aggregation state analysis 

Particle size, size distribution and aggregation state are important parameters to evaluate 

before deploying nZVI in the subsurface environment to ensure efficient site remediation. 

Many studies have demonstrated that both the reactivity and mobility of metal nanoparticles 

can be dependent on particle size (Nurmi et al. 2005; Christian et al. 2008; Hassellöv et al. 

2008). For instance, a recent study by Signorini et al. (2003) demonstrated that the 

composition of the oxide shell, which significantly impacts on nZVI reactivity (Kim et al. 

2010), is influenced by the size of the particle. Another important characteristic of nZVI 

particles that can impact on their remediation efficiency is their strong tendency to aggregate 

due to their magnetic properties and tendency to remain in the most thermodynamically 

favourable state (Saleh et al. 2005; Kanel et al. 2007). Importantly, the formation of highly 

aggregated particles will reduce the available reactive surface sites compared to dispersed 

nano-sized particles (Nurmi et al. 2005). 

Several analytical methods are available to measure the particle size, size distribution and 

aggregation state of a sample. In the case of nZVI, most published studies rely on one single 

method; primarily using transmission electron microscopy (TEM) (Nurmi et al. 2005; 

Giasuddin et al. 2007; Yan et al. 2010) or a combination of TEM with one other size-

measurement technique (He and Zhao 2007; He et al. 2007; Tiraferri et al. 2008; Lin et al. 

2010; Cirtiu et al. 2011; Hwang et al. 2011). However, many recent studies have emphasised 

the importance of using a multi-method approach when characterising nanoparticles to 

ensure the accuracy of the characterisation data (Lead and Wilkinson 2006; Domingos et al. 

2009). Analytical methods suitable for providing particle size data are presented and 

discussed below, together with some nZVI demonstration data.  
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2.3.1.1 Microscopy techniques  

Microscopy techniques provide some of the most direct methods for ENP characterisation; 

enabling the determination of fundamental parameters such as size, shape and aggregation 

state by direct visualisation.  Traditional optical microscopes do not offer adequate spatial 

resolution: they are diffraction limited (for visible light d ≈ λ/2 ≈ 250 nm), so electron 

microscopy techniques are required to examine ENPs at the single particle level. The 

acquired images can be post-processed to obtain a number-weighted size distribution of the 

ENPs that can assist in confirming the results obtained from other bulk size-measurement 

techniques (e.g. Dynamic Light Scattering - DLS, Field Flow Fractionation - FFF).  As 

microscopy methods are effectively single particle counting methods, a large number of 

particles needs to be analysed in order to acquire statistically representative results. The 

required number of particles to be analysed is dependent on the distribution and the desired 

accuracy (Jillavenkatesa et al. 2001), but is typically in the several hundreds to thousands of 

particles (Klein et al. 2011; Singh et al. 2011). This can be largely automated by the use of 

image processing programs such as ImageJ (Rasband 1997-2012).  However, some manual 

intervention is often necessitated by the limited ability of programs to recognise dimers or 

larger aggregates, even with the use of various boundary metrics (e.g. circularity). 

Furthermore, appropriate sample preparation is critical in determining accurate sizes and 

distributions from these methods.  For the characterisation of nZVI, the most commonly 

applied microscopy techniques are TEM (Nurmi et al. 2005; Giasuddin et al. 2007; Yan et 

al. 2010), scanning electron microscopy (SEM) (Shi et al. 2011; Yuvakkumar et al. 2011) 

and atomic force microscopy (AFM) (Kanel et al. 2005; Choi et al. 2007; WooáLee and 

BináKim 2011).   
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Transmission electron microscopy (TEM) 

Transmission electron microscopy is a single particle characterisation technique that uses an 

accelerated beam of electrons to illuminate thin samples (typically <100 nm). In the 

commonly applied bright-field TEM, the transmitted electrons produce a 2D projection of 

the specimen on to an imaging device such as a charge coupled device (CCD). Due to the 

short de Broglie wavelength of electrons, TEM can image particles beyond the diffraction 

limit of light microscopies and provide direct visual information about size, shape and 

aggregation state; as well as information about crystallinity and lattice spacing when using 

high resolution TEM (Cha et al. 2007; Wang et al. 2007; Wang et al. 2007). This ability to 

directly image nanoscale materials such as nZVI is a powerful advantage over other methods 

of particle characterisation such as DLS or FFF, and TEM and its variants have been widely 

used for nanoparticle characterisation (Sun et al. 2006; Wang et al. 2009; Wang et al. 2010). 

For example, while DLS can be used to derive the hydrodynamic diameter of particles, this 

technique requires an inherent assumption that the diffusing “particles” are spherical, which 

may not necessarily be the case. TEM can offer irrefutable evidence of the nZVI core shape 

and aspect ratio that can assist in the appropriate interpretation of complementary data.  It is 

also important to note that TEM measures the hard particle limits defined by the iron 

components (in the case of nZVI), rather than the hydrodynamic diameter which extends to 

include the adsorbed organic stabilisers with low TEM contrast.  On the other hand, 

inorganic surface layers can also be examined, and this may be very useful in examining 

core-shell structures of nZVI such as oxide minerals (Martin et al. 2008; Kim et al. 2010; 

Yan et al. 2010) (Figure 2-7), or palladium used for enhancing nZVI environmental stability 

or catalytic reactivity (Yan et al. 2010). 
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Figure 2-7: Bright-field TEM images of a) a single nZVI, b) an aggregate of nZVI and c) TEM image 
showing the oxide layer at the surface of an nZVI. [a) and b): Reprinted with permission from ref. (Sun et 
al. 2006) Copyright 2006 Elsevier; c): Reprinted with permission from ref. (Martin et al. 2008), Copyright 

2008 American Chemical Society] 

Other modes of TEM can be used to provide additional physicochemical information about 

the samples.  For example, dark-field imaging, which produces contrast by electron density 

differences, may reveal the individual particles within nZVI agglomerates linked by oxide 

layers (Yan et al. 2010; Yan et al. 2012), and even internal grain structures (Nurmi et al. 

2005).  X-ray energy dispersive spectroscopy (XEDS) can provide further details, such as 

semi-quantitative information about the elemental composition of a collection of nZVI 

particles, and can be used to map single particles with scanning TEM (STEM) – XEDS 

(Figure 2-8), which may be valuable in assessing the spatial distribution of bimetallic nZVI 
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dopants, or the mechanisms of reactions and effectiveness of remediation at the nanoscopic 

level (Wang et al. 2010; Yan et al. 2010; Ling and Zhang 2014).  One of the advantages of 

TEM-XEDS is that the thin specimens lead to greater spatial resolution than that achieved 

with SEM-XEDS, as the large sub-surface interaction volume can limit the SEM-XEDS 

resolution at high voltages. 

 

Figure 2-8: Top: High-angle annular dark field (HAADF) images of a) fresh ZVI nanoparticle and b) fresh 
Fe/Pd bimetallic nanoparticle; Bottom: Corresponding TEM-XEDS intensity map of a) Fe, b) O and c) Pd 

in fresh Fe/Pd bimetallic nanoparticles; d) a false colour image of the three components overlayed.  
[Reprinted with permission from ref. (Yan et al. 2010) Copyright 2010 American Chemical Society] 

Further speciation of the crystalline components can be achieved by electron diffraction. 

Techniques such as select area electron diffraction (SAED) and convergent beam electron 

diffraction (CBED) can determine the lattice parameters of nanomaterials (Martin et al. 

2008; Yan et al. 2010), even enabling speciation of nZVI at the single particle level (Wang 
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et al. 2007).  Electron energy loss spectroscopy (EELS) can also reveal the electronic 

structure, and hence identify, different iron/oxide phases at the single particle level (Liu et 

al. 2005; Wang et al. 2009), although the interpretation of spectra may require further 

expertise.   

Sample preparation is one of the challenging aspects of TEM analysis.  For the 

determination of particle size distributions using TEM, the specimen needs to be thin 

(typically < 100 nm) and should ideally consist of well separated monolayers of particles in 

a uniform focal plane.  The microscopes operate under high vacuum and the samples must 

be dried prior to analysis.  This presents a challenge due to the high reactivity of nZVI with 

oxygen under normal atmospheric conditions and the magnetic properties of nZVI also 

complicate matters.  Furthermore, slow drying processes can induce aggregation or 

agglomeration as a result of the increase in absolute particle concentrations and increased 

ionic strength.  Sample preparation techniques are thus ideally fast (e.g. flash drying) and 

should avoid contact with oxygen rich atmospheres by the use of anaerobic chambers or 

vacuum desiccators. One approach may be to immobilise nanoparticles on to carbon coated 

grids with a functionalised polymer (e.g. poly-L-lysine – see later example for SEM, Figure 

2-10e), from which excess sample can be removed prior to drying, and the immobilised 

fraction bound to the surface can be dried without the risk of inducing aggregation.  There is 

also need for caution  to minimise damage to the samples from the high energy electrons, 

which may for example, contrary to expectation, induce oxidation of the outer layers of 

nZVI (Wang et al. 2007; Latham and Williams 2008). Therefore, it is recommended that 

acquisition parameters be optimised in regions that are close to, but not directly aligned 

with, the actual regions of interest.  Finally, once prepared, samples should be stored 

appropriately in a dry, inert environment (e.g. a vacuum desiccator) and analysed within a 

short timeframe to minimise transformation artefacts (Glover et al. 2011). 
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Scanning electron microscopy (SEM) 

Scanning electron microscopy (SEM) is a technique whereby finely focused electron beams 

are raster scanned to image the surface of samples.  Rather than imaging the transmitted 

electrons as in TEM, SEM utilises electrons that are generated when the beam interacts with 

the sample surface (Figure 2-9). Thus, it is a surface sensitive imaging technique.  Three 

phenomena are routinely used in different modes of analysis: secondary electron (SE) mode, 

backscattered electron (BSE) mode, and XEDS mode (as in TEM). SE are low energy 

electrons that are generated from the material in response to the beam and the contrast is 

obtained using several different factors. For example, edges or sharp features appear brighter 

due to greater number of SE escaping from these areas and is useful for acquiring 

information regarding the surface structure. On the other hand, BSE are electrons that have 

been near-elastically scattered in the backward direction by electrons in the material and 

therefore contrast is generated by the electron density (which generally correlates with 

atomic number, Z, and the mass density) of the materials.  This is similar to dark-field 

imaging in TEM.  BSE and XEDS are thus able to offer information regarding the elemental 

composition of ENPs. 
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Figure 2-9: a) Focused electron beam interacts over volume V and depth d and generates secondary (SE) 
and backscattered (BSE) electrons, and X-rays characteristic of elements; b) greater number of SE are 

able to escape from edges and sharp features creating topographic contrast in the image; c) higher atomic 
number or density result in greater BSE providing Z contrast in the image.  Different Z also result in the 

emission of different X-ray energies. 

SEM have been used to examine the aggregation state, surface morphology (Kanel et al. 

2006; Su et al. 2011) (see also Figure 2-10), and spatial distribution of nZVI on solid 

substrates (Bezbaruah et al. 2009; Üzüm et al. 2009; Su et al. 2011; Wu et al. 2013), and, 

less frequently, for size determination.  While SEM is generally more accessible than TEM 

(i.e. more common in research laboratories), spatial resolution is poorer in SEM than in 

TEM, even for SEMs with a field-emission source (FEG-SEM). This is dependent on several 

factors such as the acceleration voltage of the beam, working distance and the atomic 

number and density of the material. While the best SEMs can achieve sub-nanometre 

resolution in SE/BSE modes and resolve sub-100 nm ENPs in X-ray imaging modes, in 

practice, accurate size determination with commonly available microscopes using SE mode 

is limited to ca. 10 nm and slightly worse for BSE mode. SEM-XEDS images have even 

higher limits for accurate sizing due to the large sub-surface interaction volume, which is 

highly dependent on the beam energy and sample density (Figure 2-11). Typically, a beam 

energy of approximately twice that of the desired X-ray emission line is used. For Fe L-edge 

emission (6.4 keV) this is 12.8 keV, and a beam of this energy at a spot size of 1 nm would 
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provide a lateral resolution of ca. 0.5 μm.  Unlike TEM, SEM cannot accurately determine 

the oxide layer thickness in nZVI, unless for example, the particles have a thick oxide layer, 

such as that more commonly found on ZVI microparticles.  In such cases, comparing the BE 

and BSE images may reveal regions of different electron density (Figure 2-10c), or XEDS 

may be acquired for qualitative element/composition identification.  

 

Figure 2-10: Examples of SEM images of a commercialised sample of ZVI at pH 2: a microparticle imaged 
in a) SE mode clearly showing the surface features, b) imaged in BSE mode showing less contrast in the 
core, c) an overlay of SE and BSE, suggestive of a lower density surface layer such as a stabiliser or an 
oxide layer; d) aggregated nZVI sample; e) nZVI particles isolated for size determination by adsorbing 

them onto a poly-L-lysine coated graphite substrate. (FEI Quanta 450 ESEM with FEG source under high 
vacuum; a) – c) HV = 20 kV, d) HV = 15 kV, e) HV = 30 kV; WD = 5-10 mm). 

 

Figure 2-11: Simulated sub-surface trajectories (that collectively map the interaction volume) of 100 
electrons from a 10 nm beam of a) 20 kV on Fe, b) 5 kV on Fe2O3, and c) 20 kV on Fe2O3 (Monte Carlo 

simulations performed using the CASINO program (Drouin et al. 2011)). 
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Sample preparation for SEM is comparatively easier than for TEM because the specimens 

do not need to be so thin.  However, as with TEM, care is still required in minimising 

exposure to air, while ensuring that the samples are dry.  Furthermore, they need to be 

electrically conductive: non-conductive samples require surface coating via sputtering or 

evaporative processes to impart surface conductivity and this may be necessary for samples 

with high organic stabiliser content.  Alternatively, environmental SEM (ESEM) provides a 

route to examine “wet” and non-conductive samples by operating the SEM in a low vacuum 

environment (ca. 1-15 Torr, cf. < 10-3 Torr in high vacuum). Coating is thus not required in 

an ESEM and reduces any changes that may be manifest through the coating, handling, 

evacuating and imaging processes. Finally, a variation in the image collection geometry of 

SEM has led to the invention of “Wet STEM”, which in essence, is an ESEM operating in 

transmission (Bogner et al. 2005). This is a method that offers significant potential as it 

minimises potential aggregation effects induced by complete drying and can be used to 

observe ENPs in the bulk of the solution, not just those sitting near the surface. 

Scanning probe microscopy (SPM) 

Scanning probe microscopy (SPM) is a technique that utilises a sharp tip (probe) to scan 

over the surface of a sample.  There are many types of SPM available including for example, 

atomic force microscopy (AFM), scanning tunnelling microscopy (STM) and scanning near-

field optical microscopy (SNOM or NSOM); however, the application of SPM to nZVI in 

the literature is limited.  In AFM, the interaction force between a sharp tip (located on the 

end of a cantilever) and the sample surface are monitored using an optical system that 

detects for example, minute deflections of the cantilever (contact mode) or changes in the 

resonant oscillation amplitudes (non-contact or tapping modes).  This provides a height 

profile of the surface and under carefully controlled conditions, topographic images of the 

nanomaterials can be obtained at atomic resolution. It is thus capable of providing 

quantitative information about the particle height (≈ size, if spherical) and morphology of 
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nZVI (Lin et al. 2008; Kiruba Daniel et al. 2012), and its aggregation state or distribution 

over a flat surface.  Unlike conventional TEM and SEM, AFM can be conducted under a 

wider range of conditions (e.g. in vacuum, liquid or moist conditions, or in other controlled 

environments), and as it does not involve the use of high energy electron beams, it could be 

advantageous in the case of nZVI characterisation with respect to minimising sample 

damage and oxidation.  For conductive samples, STM can be used to image the topography 

at atomic resolution by exploiting the tunnelling current generated between an electrically 

biased sharp tip and the sample surface. It has been applied to study the change in surface 

profiles after reaction with Cr(III) and Se(IV), where they found that roughness (protrusions) 

on the surface had smoothed out as a result of the reaction (Qiu et al. 2000).  

Other microscopy methods with potential applications 

Several novel method developments have recently occurred that have potential applications 

in nanomaterials analysis. For example, hyperspectral dark-field imaging with the aid of 

multivariate classification algorithms (Badireddy et al. 2012) had the potential to provide 

information on the  size, aggregation state, and compositional differentiation of Ag, CeO2 

and TiO2 nanoparticles when these were analysed in representative environmental media.  

This technique may offer an avenue to explore iron-based nanoparticles in environmental 

waters, although there may be difficulties arising from the presence of naturally occurring 

colloids which may also contain iron.  Furthermore, light microscopy has been 

revolutionalised in the last decade with the birth of super-resolution microscopy (SRM) that 

offers spatial resolution surpassing the classical diffraction limit. There are several examples 

of SRM such as structured illumination microscopy (SIM) (Gustafsson 2000), spatially 

modulated illumination microscopy (SMI) (Baddeley et al. 2007), and stochastic optical 

reconstruction microscopy (STORM) (Rust et al. 2006), but so far, no applications for the 

characterisation of nZVI could be found in the literature. They offer spatial resolution down 

to <100 nm but many methods (e.g. SMI and STORM) require labelling with a fluorophore.  
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SIM and near-field optical microscopy (SNOM or NSOM) are two methods that do not 

require such labels; they work by exploiting interference imagery and evanescent waves, 

respectively, and may have potential in nZVI imaging. Finally, helium ion microscopy 

(HeIM or SHOM), is also an imaging technique that is becoming accessible, where He ions 

are used as the probe instead of electrons (Ward et al. 2006). This results in improved 

surface sensitivity (reduced interaction volume), better spatial resolution (shorter de Broglie 

λ) and larger depth of field (lower beam divergence), and has been used to examine the 

surface deposition morphologies of nanocluster deposits (Kaur et al. 2012).  

2.3.1.2 Light scattering techniques 

Light scattering techniques are commonly used to determine the size and aggregation 

behaviour of nanoparticles in suspensions (Schurtenberger and Newman 1993). The light 

source can be laser light, X-rays or neutrons and the choice of the light source will depend 

on the size range and particle compositions of the sample to be analysed (Hassellöv et al. 

2008). Nowadays, dynamic light scattering (DLS) is the most commonly utilised techniques 

for sizing nanoparticles (Farré et al. 2011) as it offers several advantages, such as rapid 

analysis, simple operations and minimum perturbation of the samples (Ledin et al. 1994). 

Other commonly used light scattering techniques for the characterisation of ENPs include 

small angle X-ray scattering (SAXS) which enables the characterisation of both 

monodispersed and polydispersed samples, laser-induced breakdown detection (LIBD), 

which is able to detect trace amount of NPs in aqueous suspensions, and static light 

scattering (SLS), also called multi angle (laser) light scattering (MALS or MALLS) which 

can provide valuable information on particle shape factors when combined with DLS 

(Hassellöv et al. 2008). To date, few studies have reported the use of light scattering 

techniques to measure the size and aggregation behaviour of nZVI (He and Zhao 2007; He et 

al. 2007; Phenrat et al. 2007; Saleh et al. 2007; Tiraferri et al. 2008; Phenrat et al. 2009; 

Fatisson et al. 2010; Shih et al. 2011; Honetschlagerova et al. 2012; Kim et al. 2012; Kocur 
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et al. 2012). This is largely due to inherent analytical challenges. The detailed discussion 

about light scattering techniques below is limited to DLS, since this is the only light 

scattering technique used for characterising nZVI. 

Characterisation of nZVI using dynamic light scattering 

Table 2-4 summarises results from all of the studies which have used DLS to characterise 

nZVI and places particular focus on the reported methods of sample preparation and data 

processing. 

DLS measures the diffusion coefficient of particles by correlating the fluctuations of the 

scattered light intensity over time. These fluctuations come from the Brownian motion of the 

particles and from the fact that neighbouring particles can have constructive or destructive 

interference on the scattered light intensity in a certain direction (Phenrat et al. 2007; 

Hassellöv et al. 2008). DLS gives an intensity weighted correlation function which can be 

then converted to a Z-average (intensity weighted) diffusion coefficient. If the particles are 

spherical, the Stokes-Einstein relation can then be applied to derive the hydrodynamic 

diameter of the particles. 

The limitations of this technique mainly relate to the analysis and interpretation of the data 

obtained, especially for polydispersed samples (Filella et al. 1997). DLS is known to be very 

sensitive to larger particles and a very small number of large particles sedimenting during 

the analysis (e.g. due to aggregation processes) can induce biased results (Domingos et al. 

2009). This is mostly due to the strong particle size dependence of the scattering intensity. In 

fact, according to the Rayleigh approximation, the intensity of light scattered by a particle is 

proportional to the sixth power of its diameter. This causes large particles to scatter far more 

light than small particles (Hiemenz and Rajagopalan 1997). Therefore Z-average or intensity 

values tend to overweight the contribution of larger particles/aggregates (Domingos et al. 

2009). In addition, for multimodal size distributions, the conversion of the autocorrelation 
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function to a diffusion coefficient poses a major mathematical problem (i.e. small variations 

can give large deviations in the output). For this reason but also due to the fact that the signal 

from larger particles dominates over smaller ones, a common rule is that DLS cannot be 

applied to samples with polydispersity indices above ~1.5–1.7 (Hassellöv et al. 2008).  

Previous studies using nZVI have demonstrated that this class of nanoparticle has a great 

tendency to aggregate, especially when particles are not surface stabilised (i.e. coated). This 

often results in samples having high polydispersity with the presence of substantially large 

aggregates (Ponder et al. 2000; Schrick et al. 2004; Quinn et al. 2005; Saleh et al. 2005; He 

and Zhao 2007; Saleh et al. 2007). In order to obtain more accurate and reliable data with 

DLS, the polydispersity of the sample can be reduced by using different sample preparation 

methods and data processing. Sample preparation methods are documented in Table 1. The 

most simple and applied sample preparation method to break down nanoparticle aggregates 

(i.e. aggregates formed during storage) is sonication (Phenrat et al. 2007; Saleh et al. 2007; 

Tiraferri et al. 2008; Phenrat et al. 2009; Honetschlagerova et al. 2012; Kim et al. 2012). 

Different sonication times may be used depending on the aggregation state of the sample 

prior to measurement. Honetschlägerová et al. (Honetschlagerova et al. 2012) applied 

different sonication times and found that above 15 minutes, no further change was observed. 

Saleh et al. (Saleh et al. 2007) combined sonication with an ultrasonic probe for 30 minutes 

and rotator mixing for 72 hours and obtained fairly stable samples.  

The particle concentration of the sample is also important and this may need to be adjusted 

by dilution. In fact, for charged particles, the electrostatic forces arising between particles 

can have an effect on their diffusive behaviour and this effect is concentration dependant, 

with a maximum occurring at a point called “gel-formation” (Hassellöv et al. 2008). Phenrat 

et al. (Phenrat et al. 2007) tested different nanoparticle concentrations and found that 

aggregation rate increased with increasing particle concentration. This issue can generally be 

overcome by diluting the sample (e.g. with MQ water) but this will affect the aggregation 
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state of the sample. It is quite clear though that due to the limitations of DLS, this technique 

cannot be successfully used to assess primary particle size in commercial nZVI concentrated 

products as they are generally too concentrated. Hence, if the purpose of the analysis is to 

measure the aggregation behaviour of the sample, then it is more relevant to report the 

diffusion coefficient rather than the size, without diluting the sample.  

As aggregation of charged particles is also pH-dependant with maximum aggregation 

occurring at the point of zero charge (PZC) (i.e. around pH 8 for nZVI (Sun et al. 2006)), 

reducing or increasing the pH far away from the PZC could be one way to form stable 

dispersions. Kim et al. (Kim et al. 2012) investigated the aggregation behaviour of two 

polymer-coated nZVI materials at two different pH values (pH 6 and pH 8) and found that 

aggregation increased with decreasing pH.  

Pre-fractionation of the sample can also be used to obtain more accurate characterisation. 

Phenrat et al. (Phenrat et al. 2009) prepared three different intrinsic particle size distributions 

by sequential, gentle sedimentation. They found a bimodal size distribution for 

unfractionated samples while samples collected in the supernatant showed a monomodal size 

distribution with smaller particle size. 

Another way to reduce the polydispersity of the sample which has not yet been tested for 

nZVI is to couple DLS with a size fractionation technique such as Flow Field-Flow 

Fractionation (FlFFF). In this way, more complex characterisation of size fractions can be 

potentially achieved (Weinberg et al. 2011). More details on FlFFF and its potential for the 

characterisation of nZVI are given in a later section. To date, only one study has been 

reported on the use of this combination for the characterisation of C60 nanoparticles 

(Isaacson and Bouchard 2010). 

As discussed previously, the data derived from DLS measurements are intensity-based 

distributions or averages which tend to overweight the contribution of larger aggregates and 
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hence overestimate particle size (Domingos et al. 2009). Nowadays, mathematical 

conversion to volume or number distributions are quite often used as they can correct for 

overestimation to some extent (Hanus and Ploehn 1999). However, these conversions should 

be made only with good knowledge of the particle shapes, polydispersity and relevance of 

other key assumptions (Finsy 1994). 
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Table 2-4: Summary of the different studies that have used DLS to characterise nZVI. 

nZVI source Coating 
material(s) 

Sample 
preparation 

before 
measurement 

Concentration 
Type of 

size 
average 

Hydrodynamic diameter (nm) Observations Ref. 

NANOFER 25 
provided by 

NANOIRON Ltd. 

Tetraethyl 
orthosilicate 
(TEOS)-PVP 

Samples were 
sonicated for 

different time periods 
Not specified Not 

specified ~ 300 

No further effect of 
sonication when 

applied for more than 
15 minutes 

(Honet
schlage
rova et 

al. 
2012) 

Reactive 
nanoscale iron 
particle (RNIP) 

provided by Toda 
Kyogo 

PSS (3 
different PSS-
coated nZVI 

were 
prepared) 

Solution was pre-
fractionated and then 
diluted in DI water 
and sonicated for 3 

minutes 

5 mg/L 

Volume 
weighted 

1 45.6 (6%)/328 (94%) 
Bimodal size 

distribution was 
observed for samples 

containing larger 
aggregates. Number 

weighted data reached 
lower particle size. 

(Phenr
at et al. 
2009) 

2 25 (40%)/367 (60%) 

3 24 (100%) 

Number 
weighted 

1 26 (98%)/263 (2%) 

2 15 (100%) 

3 16 (100%) 

Bare and sodium 
polyaspartate-
coated reactive 
nanoscale iron 
particle (RNIP 
and MRNIP) 

provided by Toda 
Kyogo 

PMAA-
PMMA-PSS 

triblock 
copolymers or 

SDBS 
surfactant 

Solution was 
sonicated with 

ultrasonic probe for 
30 minutes and then 

rotated at 30 rpm 
with an end-over-end 
rotator for at least 72 

hours before 
measurements 

30 mg/L Intensity 
weighted 

Bare RNIP 146 ± 4 

Larger size than the 
average primary 

particle size 
determined from TEM 

measurements 

(Saleh 
et al. 
2007) 

MRNIP 66 ± 3 Stable 

SDBS-RNIP 36/220 

Bimodal size 
distribution was 

observed due to the 
presence of SDBS 

micelles 
Polymer-
RNIP 1 212 ± 21 Stable 

Polymer-
RNIP 2 178 ± 11 Stable 



53 

 

Bare and sodium 
polyaspartate-
coated reactive 
nanoscale iron 
particle (RNIP 
and MRNIP) 

provided by Toda 
Kyogo 

PMAA-
PMMA-PSS 

Samples were 
sonicated in a water 
bath for 5 minutes 

just prior to 
measurement 

300 mg/L in 1 
mM NaHCO3 

and 10 mM NaCl 

Intensity 
weighted 

MRNIP 1100 (pH 8)/ 2000 (pH 6) 

Aggregation increased 
with decreasing pH 

(Kim 
et al. 
2012) Polymer-

RNIP 1000 (pH 8)/ 1500 (pH 6) 

Reactive 
nanoscale iron 
particle (RNIP) 

provided by Toda 
Kyogo 

None 

Each samples were 
sonicated for 1 
minute prior to 

measurement (N.B. 
the stock solution 

was pre-settled for 5 
minutes to remove 
the largest particles 

(i.e. > 2 μm)) 

2 mg/L 

Intensity 
weighted RNIP 

125 after 10 minutes 

Aggregation rate 
increased with 

increasing particle 
concentration 

(Phenr
at et al. 
2007) 

60 mg/L 1200 after 10 minutes and reached 20-
70 μm after 30 minutes 

Bare and sodium 
polyaspartate-
coated reactive 
nanoscale iron 
particle (RNIP 
and MRNIP) 

provided by Toda 
Kyogo 

Guar gum 

Each samples were 
sonicated for 30 
minutes prior to 

measurement 

231 mg/L 

Intensity 
weighted 

MRNIP 375.4 ± 19.2 

Guar gum effectively 
reduced the 

aggregation of RNIP 

(Tirafe
rri et 
al. 

2008) 
231 mg/L RNIP 
and 0.5 g/L guar 

gum 

Guar 
gum-
RNIP 

162.8 ± 5.7 

Lab-made using 
the sodium 

borohydride 
reduction method 

None Not specified Not specified Intensity 
weighted 67 - 

(Shih 
et al. 
2011) 
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Lab-made using 
the sodium 

borohydride 
reduction method 

 

Carboxymeth
yl cellulose 
(CMC) at 
different 

CMC/Fe2+ 
molar ratio 

Measured as 
prepared 

0.1 g/L Volume 
weighted 

CMC/Fe2+: 
0.0062 > 3 μm (92.4%) 

Large aggregates 
observed as  the ratio 
CMC/Fe2+ was too 
low to stabilise the 

particles 

(He 
and 

Zhao 
2007) 

CMC/Fe2+: 
0.0124 

18.6 (81%)/ 161 (5.1%)/ 1460 
(13.9%) 

Trimodal size 
distribution 

CMC/Fe2+: 
0.0186 17.6 (89.5%) - 

CMC/Fe2+: 
0.0248 15.3 (90.3%) - 

1 g/L Volume 
weighted 

CMC/Fe2+: 
0.0025 37.2 (45%) 

CMC is more effective 
at higher iron 

concentration as 
nucleation of Fe atoms 

is accelerated at 
elevated reagent 

concentrations (i.e. 
Fe2+) 

CMC/Fe2+: 
0.0031 22.8 (84%) 

CMC/Fe2+: 
0.0050 19.6 (89.9%) 

Carboxymeth
yl cellulose 

(CMC) used a 
stabiliser to 

prepare Fe-Pd 
nanoparticles 

Measured as 
prepared 0.1 g/L Number 

weighted 

CMC-
stabilised Fe-

Pd 
nanoparticles 

17.2 ± 3.2 

Good agreement 
observed among TEM 

and DLS 
measurements 

(He et 
al. 

2007) 

Carboxymeth
yl cellulose 

(CMC) 

Samples were vortex 
mixed for 30 seconds 
prior to measurement 

150 mg/L Intensity 
weighted 

Bare nZVI ~ 400 - 
(Fatiss
on et 

al. 
2010) CMC-nZVI 135 - 

Carboxymeth
yl cellulose 

(CMC) 

Measured as 
prepared 

0.1 g/L (0.2 wt.% 
CMC) Intensity 

weighted 

0.1 g/L 61 to 123 (after 1 h) - (Kocur 
et al. 
2012) 2.5 g/L (0.8 wt.% 

CMC) 2.5 g/L 25 to 109 (after 1 h) - 
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2.3.1.3 Chromatographic and separation techniques 

Conventional chromatographic methods and separation techniques used for characterising 

nanoparticles include size-exclusion chromatography (SEC), capillary electrophoresis (CE) 

and flow field-flow fractionation (FlFFF). These methods can generally be coupled with 

different types of detection systems such as inductively coupled plasma mass spectrometry 

(ICP-MS), UV-visible spectroscopy, and light scattering techniques to further extend their 

applications. They are becoming increasingly popular for nanoparticle characterisation due 

to their wide size separation range (e.g. from 1 nm to several μm in the case of FFF), and 

relatively low sample perturbation (Stolpe et al. 2005; Helfrich et al. 2006; Yegin and 

Lamprecht 2006; Dubascoux et al. 2010). However, to date, none of these techniques have 

yet been applied to characterise nZVI, probably due to the difficulties in maintaining 

oxygen-free systems during analysis. 

Size-exclusion chromatography (SEC) 

Size-exclusion chromatography (SEC) is a chromatographic technique in which molecules 

or particles in solution are separated by their size or molecular weight. SEC resolution is 

estimated to be in the range from 20-60 nm. During SEC analysis, the sample passes through 

a column made with a porous packing material incorporating a distribution of pore sizes in 

the size range of the particles to be fractionated (Barth and Boyes 1992). The particles in the 

sample are thus separated by their ability to enter the porous structure of the packing 

material. Smaller particles enter the pores easily whereas the bigger particles will be 

excluded and eluted earlier from the column. Size-exclusion chromatography has been 

applied to studies involving a wide range of ENPs, including carbon nanotubes (Duesberg et 

al. 1998; Yang et al. 2005; Sánchez-González et al. 2012), fullerenes (Treubig Jr and Brown 

2002) and gold nanoparticles (Helfrich et al. 2006). 
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However, traditional liquid chromatography techniques like SEC suffer from stationary 

phase interactions. In fact, because of the low charge of nanoparticles compared to 

biomolecules of the same size, nonspecific affinity with the stationary phase usually results 

in strong interactions, and in some cases, irreversible binding (Liu and Wei 2004; Farré et al. 

2011). Any interaction between the NPs and the stationary phase will lead to a slower 

elution time which may bias the results. To avoid these unwanted interactions, additives can 

be added to block the active sites. Aggregation of NPs inside the column should also be 

controlled and avoided, as it will also alter the results if large aggregates block and stick in 

the pores of the packing material. The choice of a suitable mobile phase (i.e. pH, ionic 

strength, addition of surfactants) is therefore crucial as this will affect the stability of the 

NPs during analysis. In the case of nZVI, oxidation within the column also has to be 

prevented as this may alter the stationary phase.  

Capillary electrophoresis (CE) 

Capillary electrophoresis is a separation method that allows fractionation of particles in a 

sample based on their size to charge ratio in the interior of a small capillary filled with an 

electrolyte (Pyell 2010). Particle separation will be dependent on the differential migration 

of charged particles in an applied electric field. Generally, capillary electrophoresis has 

better separation efficiency than SEC but only allows a very small volume of sample to be 

analysed (i.e. 10 nl) (Liu and Wei 2004). Capillary electrophoresis has been successfully 

applied to different ENPs, including gold nanoparticles (Hwang et al. 2003; Liu and Wei 

2004), silver  nanoparticles (Liu et al. 2005) and CdSe quantum dots (Carrillo-Carrión et al. 

2011). The addition of anionic surfactants such as sodium dodecyl sulphate (SDS) to the 

running electrolytes can help prevent NP aggregation and thus enhance the separation of 

NPs by CE. Liu and Wei (Liu and Wei 2004) also demonstrated that at sufficient 

concentration (i.e. when the whole surface area of the NPs is coated with surfactant), there is 
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a linear relationship between the electrophoretic mobility/zeta potential and nanoparticle 

size. 

Flow field-flow fractionation (FFFF) 

Flow field-flow fractionation is a chromatography-like separation technique based on 

laminar flow in a very thin (i.e. ~250 μm) channel, with a cross flow applied perpendicular 

to the channel flow. The channel flow has a parabolic velocity profile (i.e. the maximum 

velocity is at the centre of the channel). The cross flow forces the particles to move toward a 

membrane at the channel wall, from where they can move back into the channel as a result 

of diffusion forces in the normal elution mode (i.e. for particles smaller than 1 μm). The 

smallest particles, having the highest diffusion coefficient, will migrate farther into the 

channel at higher flow rates and will thus elute first. Flow field-flow fractionation can be 

used for the separation and characterisation of a wide range of components ranging from 

macromolecules up to 50 μm in diameter to colloids and nanoparticulates down to 0.001 μm 

in diameter (Beckett and Hart 1993). Moreover, it provides great flexibility with respect to 

sample types, carrier liquids (also known as the mobile phase), pH and ionic strength (Li et 

al. 1997). It also offers high speed measurement and selectivity, simple on-line hyphenation 

to a wide range of detectors and ready collection of sample fractions for further off-line 

analysis (Giddings 1993; Baalousha et al. 2011). In the past few years, FlFFF has been 

applied to a variety of ENPs, including TiO2 NPs (Contado and Pagnoni 2008), carbon 

nanotubes (Chun et al. 2008), SiO2 NPs (Zattoni et al. 2009), Ag NPs (Poda et al. 2011), 

ZnO NPs (Gimbert et al. 2007) and a variety of iron oxides (Baalousha et al. 2008; Chekli et 

al. 2013). However, one of the main limitations of FlFFF is related to material losses during 

analysis. These generally occur via particle-membrane interaction and adsorption and may 

represent up to 50% of the injected mass (Hassellöv and Kaegi 2009). The particle-

membrane interaction is mainly due to attractive forces (e.g. Van der Waals), hydrophobic 

and charge interactions which are all dependent on the mobile phase characteristics. As for 
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SEC, on-channel oxidation of nZVI should be avoided; otherwise it could damage the 

membrane. This could be achieved by putting the FlFFF system in an anaerobic chamber, or 

a cheaper alternative could be to thoroughly purge the mobile phase with N2. 

2.3.2 Bulk composition and surface chemistry analysis 

Bulk composition and surface chemistry are also important characteristics that need to be 

rigorously determined in any nZVI materials during experimentation and before they are 

deployed into the environment. In fact, the metallic iron content as well as the composition 

of the oxide shell at the time of delivery will have a substantial impact on the nZVI 

performance (O’Carroll et al. 2012).  

Among different analytical techniques which have been applied to determine these 

properties, X-ray diffraction (XRD) (Ponder et al. 2001; Sun et al. 2006; Lin et al. 2008; 

Zheng et al. 2008; Li et al. 2009; Wang et al. 2009; Baer et al. 2010; Dickinson and Scott 

2010; Kim et al. 2010; Xi et al. 2010; Shi et al. 2011), X-ray adsorption spectroscopy (XAS) 

(Ponder et al. 2001; Sun et al. 2006; Lin et al. 2008; Kim et al. 2010; Reinsch et al. 2010; 

Leveneur et al. 2011; Yan et al. 2012) and X-ray photoelectron spectroscopy (XPS) (Ponder 

et al. 2001; Li et al. 2006; Sun et al. 2006; Sun et al. 2007; Li et al. 2009; Üzüm et al. 2009; 

Baer et al. 2010; Dickinson and Scott 2010; Kim et al. 2010; Xi et al. 2010; Yan et al. 2010; 

Leveneur et al. 2011; Liu and Yan 2011) are the most common X-ray techniques used to 

characterise nZVI.  

2.3.2.1 X-ray diffraction (XRD) 

X-ray diffraction (XRD) is a simple, versatile, non-destructive and comparatively 

inexpensive technique for identifying the phases of crystalline materials. Broad applications 

include assessment of percentage crystallinity; identification of fine-grained minerals such 

as nanoparticles, nano-clays and mixed layer clays that are difficult to distinguish optically; 
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determination of unit cell dimensions; and evaluation of sample purity. If the sample is 

finely ground and homogenised; the bulk compositional chemistry of the material can be 

obtained through XRD (Lin et al. 2008; Wang et al. 2009; Wang et al. 2009; Kim et al. 

2010; Wang and Hong 2011).  

For determining the crystal structure and quantifying the different phases, additional 

advanced numerical technique such as Rietveld refinement is often required. This method 

can also be applied to indirectly analyse the composition of major elements (constituting the 

crystalline phases); however, the sensitivity is much lower than with other elemental 

analytical techniques such as inductively coupled plasma mass spectrometry (ICP-MS). The 

detection limit of an individual phase present in a mixed material is about 2 – 3 % and this 

quantification is limited to well crystalline phases. In most previous studies where XRD was 

used as an nZVI characterisation tool, the researchers were confined only to identification of 

iron phases and evaluation of crystallinity (Table 2-5). Iron phases in nZVI samples 

identified by XRD patterns include Fe0, ferrihydrite, magnetite (Fe3O4)/maghemite (ɤ-

Fe3O4), lepidocrocite (ɤ-FeOOH) and wuestite (FeO) (Table 2-5). The presence of Fe0 and 

oxides and/or hydroxides of iron support the core-shell structure model of nZVI (Yan et al. 

2012). The extent of oxides/hydroxides present in an nZVI sample depend on its synthesis 

and storing conditions, duration of ageing, presence of other chemical elements/compounds, 

etc. (Table 2-5).  

The principle of XRD is based on Bragg's Law (nλ = 2d Sin θ; where λ is the wavelength of 

the X-rays, n is the order of diffraction, d is the spacing between consecutive parallel planes 

of a crystal and θ is the complement of the angle of X-ray incidence) in which 

monochromatic X-rays constructively interfere with a crystalline sample and produce 

diffracted X-rays. Scanning the sample within a range of 2θ angles, a random orientation of 

the powdered sample allows diffraction from all possible directions of the lattice. After the 

diffracted X-rays are detected and processed a diffraction pattern is obtained. The position of 
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peaks in the diffraction pattern (2θ angles) gives the d-spacings (or lattice spacings) which is 

the signature for a particular crystal phase. The phase is then identified by comparing the d-

spacings with standard reference patterns. Often nZVI samples may provide very broad 

XRD peaks due to the short range order structure (i.e. amorphous nature) of the iron nano-

phases, including the Fe0 phase (Wang et al. 2009; Fang et al. 2011). Peak broadening can 

also occur due to surfactant artefacts in surfactant stabilised nZVI samples (Kanel et al. 

2007). Some polymer (e.g., polyacrylic acid, polyvinylpyrrolidone) stabilised nZVI samples 

may show no XRD peak of iron phases due to this combination of amorphous and non-

crystalline nature and surfactant artefacts (Esfahani et al. 2013). 

Valuable information about the particle size of a material might be derived from XRD 

patterns of crystallites less than about 100 nm in size. These nano crystallites provide 

appreciable broadening (FWHM – Full Width at Half Maxima) of the XRD peaks. By 

entering a corrected peak broadening value (corrected for instrumental contribution and 

crystal strain; β) in Scherrer’s equation (D = 0.9 λ/β Cos θ) the average particle size can be 

estimated. The size can be estimated from a single diffraction peak if particle stress is 

absent, but several diffraction peaks should be involved if stress is present. However, most 

published studies using XRD for nZVI characterisation have not used this method for nZVI 

particle size determination (Table 2-5), probably because of the ambiguity in the reasons for 

peak broadening. Rather TEM, SEM or DLS is more commonly used for this purpose. 

The main limitation of the XRD technique resides in the fact that it only detects crystalline 

phases and is characterised by detection limits of ~ 2 – 3 % for mixed materials (Üzüm et al. 

2008). That is why most previous studies did not report the quantification of iron phases 

present in nZVI samples (Table 2-5). Furthermore, while identification of a homogeneous 

and single phase material by XRD is simple, resolving the mineralogical composition of a 

heterogeneous unknown sample is difficult. The technique requires access to standard 

reference spectra of inorganic compounds (d-spacings) for identification of unknown phases. 
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The unit cell determinations and indexing of patterns for non-isometric crystal systems is 

also highly complicated. The required sample volume for conventional XRD analysis is 

large (tenths of a gram) and it must be ground into a fine powder for analysis. Modern high 

end instruments can deal with smaller sample volumes, but selection of a representation 

sample is also a challenge. In addition, peak overlay in the pattern of a multi-phase sample 

(which worsens for high angle reflections) can create difficulties in identification and 

quantification. In these cases, the XRD analysis needs to be supported by additional 

analytical techniques such as elemental analysis by ICS-MS, AES or EDAX. 

As ZVI nanoparticles are reactive, there is also the possibility of sample oxidation during the 

XRD run time, because a good quality pattern takes about 40 minutes to obtain when 

scanning in the range 10o to 90o 2θ with a step size of 0.013o and around 100 sec per step. 

Even short exposures to air of one minute or less can significantly affect the speciation of 

nZVI (Baer et al. 2008), therefore an appropriate covering technique should be employed 

during sample preparation in order to prevent the oxidation of nZVI during the test period. 

Also, samples need to be prepared and stored under anaerobic conditions or an inert 

atmosphere prior to XRD analysis.  
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Table 2-5: Summary of different studies which used XRD for nZVI characterisation. 

nZVI source 

Experimental 

conditions/sample 

preparation 

Fe-phases identified and 

quantification 
Other observation Ref. 

Lab made nZVI from FeCl3 

through borohydride reduction 

nZVI particles (2 -5 g/L) reacted 

with an aqueous As(III) solution 

(1.33 mM) for 24 h; powder 

diffraction in ambient air 

Fe0 and ferrihydrite; not 

quantified 

No significant change in core–shell 

configuration due to reaction with As 

(III);  surface of nZVI particles was 

decorated with loose debris of 

ferrihydrite; grain size of Fe0 core 1 nm 

(Yan et al. 2012) 

nZVI (RNIP-10DS) purchased 

from Toda Kogyo Corp., Japan 

Pristine nZVI particles reacted 

with air under controlled exposure 

(4 to 50 mL/min for 24 h) or rapid 

atmosphere exposure for 5 min; 

powder diffraction in ambient air 

Fe0, magnetite (Fe3O4) and 

maghemite (ɤ-Fe3O4); not 

quantified 

Intensities of the Fe0 peaks for the 

modified particles were weaker than those 

for pristine nZVI particles due to 

transformation of Fe0 to magnetite and 

maghemite 

(Kim et al. 2010) 

Lab made nZVI from FeCl3 

through borohydride reduction 

nZVI particles synthesised under 

aqueous ethanol conditions (0, 30, 

70, 90, and 100% by volume); 

powder diffraction in ambient air 

Fe0, iron oxides (magnetite and 

maghemite) and iron 

hydroxides (lepidocrocite, 

bernalite, akaganéite, and 

goethite); not quantified 

Increasing ethanol concentrations 

provided gradually decreasing particle 

sizes (20 – 50 nm in no ethanol, 10 – 30 

nm in 30% ethanol, 10 – 20 nm in 70% 

ethanol, 5 – 20 nm in 90% ethanol and 2 – 

5 nm in 100% ethanol) and irregular 

amorphous structure 

(Wang et al. 2009) 

nZVI purchased from 

Nanostructured and Amorphous 

Materials, Inc. (Houston, TX) 

nZVI reacted with dithionite (0.2, 

0.9, 1.8 and 3.7 g dithionite/g of 

nZVI); powder diffraction in 

ambient air 

Fe0, lepidocrocite and 

magnetite; not quantified 

High dithionite concentration caused 

green rust formation 

(Xie and Cwiertny 

2010) 
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Lab made nZVI from FeCl3 

through borohydride reduction 

nZVI synthesised in aqueous 

ethanol solutions (70 or 90% 

ethanol by volume); powder 

diffraction in ambient air 

Fe0 and iron oxides; not 

quantified 

Appearance of broad α-Fe0 peak due to 

short range order structure (amorphous) 
(Wang et al. 2009) 

Lab made nZVI from FeCl3 

through borohydride reduction 

Surfactant (Tween®80) modified 

nZVI (2 mg) reacted with 

trichloroethylene (TCE) (20 mL of 

29 mg/L); powder diffraction in 

ambient air 

Fe0 and γ-Fe2O3; not quantified 

Reaction with TCE caused disappearance 

of Fe0 peak and prominence of γ-Fe2O3 

peak 

(Lee et al. 2009) 

Lab made nZVI from FeCl2 

through borohydride reduction 

nZVI particles sprinkled on to 

adhesive carbon tapes supported on 

metallic disks 

Fe0, Fe3O4 and γ-Fe2O3; not 

quantified 

Fresh nZVI provided prominent Fe0 peak, 

oxide peaks dominated with ageing of the 

sample 

(Karabelli et al. 2008) 

Lab made nZVI from FeCl3 

through borohydride reduction 

and commercial nZVI product 

from Kanto Chemical Co., Inc., 

Japan 

nZVI (50 g/L) reacted with As (III) 

(100 mg/L) in 0.01 M NaCl for 1 – 

60 days; powder diffraction in 

ambient air 

Fe0, magnetite/maghemite 

(Fe3O4/ɤ-Fe2O3), lepidocrocite 

(ɤ-FeOOH); not quantified 

Reactions provided a mixture of 

amorphous Fe-oxide/hydroxide (Fe (II) 

and Fe (III)) as the corrosion products of 

nZVI; crystalline magnetite and 

lepidocrocite replaced amorphous phases 

over 2 months period 

(Kanel et al. 2005) 

Lab made nZVI from FeSO4 

through borohydride reduction 

facilitated by dispersant 

polyvinylpyrrolidone 

Powder diffraction in ambient air Fe0 

Only evidence of Fe0 formation shown; 

broad Fe0 peak appeared due to 

amorphous structure 

(Fang et al. 2011) 

Lab made nZVI from FeSO4 

through borohydride reduction 

nZVI (20 g/L) reacted with 

trinitrotoluene (TNT) (around 3 

g/L) for 1 h; powder diffraction in 

ambient air 

Fe0 and magnetite/maghemite 

(Fe3O4/ɤ-Fe2O3); not quantified 

nZVI corrosion products consisted a 

mixture of Fe3O4 and ɤ-Fe2O3 
(Zhu et al. 2012) 
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nZVI purchased from Tianjin 

Kermel Chemical Co., Ltd., China 

nZVI (3 g/L) reacted with acid 

orange II (100 mg/L) at pH 3.0, 7.0 

and 11.0; powder diffraction in 

ambient air 

Fe0 and lepidocrocite; not 

quantified 

Ferric hydroxides (lepidocrocite – 

FeOOH) formed on the surface of the 

reacted nZVI powder 

(He et al. 2013) 

Lab made nZVI from FeSO4 

through borohydride reduction 

nZVI stabilised with polyacrylic 

acid and polyvinylpyrrolidone; 

powder diffraction in ambient air 

Fe0, FeOOH and FeO; not 

quantified 

Polymer stabilised nZVI showed no iron 

peak due to amorphous and non-

crystalline nature 

(Esfahani et al. 2013) 

nZVI (Nanofer 25 and Nanofer 

25S) purchased from 

NANOIRON® Company, Czech 

Republic, EU 

Nanofer 25 (150 mg/L) reacted 

with As (V) (5 mg/L) at pH 5 and 

9 for 90 min and aged for 30 and 

60 days; powder diffraction in 

ambient air after freeze drying 

Fe0, magnetite/maghemite, 

lepidocrocite, hematite in 

Nanofer 25; not quantified; no 

obvious peak for iron oxide 

appeared in the XRD profile of 

Nanofer 25S 

Hematite formed at pH 5, but not at pH 9; 

lepidocrocite and magnetite/maghemite 

were the main corrosion products after 30 

days, whereas lepidocrocite predominated 

after 60 days 

(Dong et al. 2012) 

Lab made nZVI from FeCl3 

through borohydride reduction 

nZVI (50 g/L in 0.01 M NaCl at 

pH 7) reacted As (V) (100 mg/L) 

for 7, 30, 60 and 90 days; powder 

diffraction in ambient air 

Fe0, magnetite/maghemite, 

lepidocrocite; not quantified 

Appearance of magnetite/maghemite and 

lepidocrocite and appearance of 

amorphous region in the expense of Fe0 

peak after 7 days of ageing; sharp 

crystalline peaks of lepidocrocite and 

magnetite/ 

maghemite appeared after 30 days; 

lepidocrocite disappeared after 60 days 

onwards 

(Kanel et al. 2006) 
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Lab made nZVI from FeCl3 

through borohydride reduction 

Surfactant (Tween 20) stabilised 

nZVI; powder diffraction in 

ambient air 

Fe0; no other peak identified 
Surfactant stabilised nZVI showed peak 

broadening due to surfactant artefact 
(Kanel et al. 2007) 

Lab made nZVI by evaporation of 

Fe in tungsten (W) boat at 1773o K 

under He environment (133 Pa) 

nZVI treated under different 

residual vacuum pressures 

and temperatures; powder 

diffraction in ambient air 

Fe0, γ-Fe2O3 and/or 

Fe3O4; not quantified 

Presence of oxide species at the surface of 

the passivated nanocrystalline powders 
(Rojas et al. 2004) 

Lab made nZVI from FeCl3 

through borohydride reduction 

Powder diffraction of ethanol 

stored sample in ambient air 
Fe0 and FeO; not quantified 

Broad peak due to amorphous Fe0 and 

sharp peak due to crystalline FeO 

observed 

(Sun et al. 2006) 

Lab made nZVI from FeCl3 

through borohydride reduction 
Powder diffraction in ambient air 

Fe0, hematite and magnetite; not 

quantified 

Freshly prepared sample showed only Fe0 

peak; oxides peak appear after 2 months 

of ageing; oxides could not be quantified 

due to limitation of detection limit 

(Üzüm et al. 2008) 

Lab made nZVI from FeSO4 

through borohydride reduction 

with ultrasound assistance 

Powder diffraction in ambient air Fe0 and FeO; not quantified 
Ultrasound assisted synthesis provided 

more crystallinity to Fe0 
(Jamei et al. 2014) 

Lab made nZVI from FeCl3 

through borohydride reduction 
Powder diffraction in ambient air Fe0 

Fresh nZVI with high reductive and 

adsorptive activity has low crystallinity of 

the metal phase and highly disordered 

iron oxides 

(Zhang et al. 2013) 
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2.3.2.2 X-ray photoelectron spectroscopy (XPS) 

X-ray photoelectron spectroscopy (XPS) is an ultra-high vacuum, surface sensitive 

technique in which a sample is irradiated with X-rays of known energy and the kinetic 

energies of emitted photoelectrons and Auger electrons are measured. Elements present are 

identified by the characteristic binding energies, of their atomic orbitals, and determined 

from Equation 1: 

h  = BE + KE +                       (1) 

where hυ is the incident X-ray energy, BE is the photoelectron binding energy, KE the 

measured kinetic energy of the emitted photoelectron and ϕ is an instrumental work function 

(energy loss). 

Typical X-ray source energies are <2000 eV (Kα line), with the commonest anodes being 

Mg (1253.6 eV) and Al (1486.6 eV), with monochromatic Al Kα sources fitted to high 

(spectral) resolution instruments.  

Useful for a wide range of materials and sample types (Baer and Engelhard 2010; Baer et al. 

2010), XPS provides elemental concentration and, for many elements, chemical environment 

and/or oxidation state information in the top-most few nanometres of surfaces, whether 

organic (Kempson et al. 2003) or mineral with inorganic (Grano et al. 1997) or organic 

adsorbates (Grano et al. 1997). Surface concentrations of elements, relative to the bulk 

concentrations, can give valuable indicators of specific absorption of solution-borne species, 

while oxidation state may suggest potential impacts of redox changes, re-mobilisation and 

bioavailability.  In the context of fine particles, the last is extremely important when 

examining toxicity (e.g. (Karakoti et al. 2006)). For particles such as ZVI, XPS can monitor 

surface composition and chemistry as a function of time and environmental exposure 

(Turner et al. 1984; Baer and Engelhard 2010; Baer et al. 2010). Through the use of ion 
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etching of surfaces and/or examination of photoelectron escape depths, information about 

the thickness of particle coatings, contamination  or reaction layers may be gleaned (Venezia 

2003; Baer et al. 2008; Baer and Engelhard 2010; Baer et al. 2010; Baer et al. 2012). 

2.3.2.3 X-ray adsorption spectroscopy (XAS) 

X-ray adsorption spectroscopy (XAS) uses synchrotron radiation to obtain information about 

the oxidation state, identity of nearest neighbours, bond length, coordination number and 

electronic configuration of an element of interest in virtually any sample (see (Grafe et al. 

2014) for review). Using this technique the valence and chemical state of Fe on both the 

particle surface and in the bulk volume can be determined (Sun et al. 2006; Kim et al. 2010; 

Leveneur et al. 2011).  

In an XAS experiment, the energy of the incident X-ray beam is progressively increased 

across the relevant range for the element of interest and the fluorescence signal is collected 

incrementally. This obviously requires a tunable energy source, hence the necessity of 

performing XAS investigations at synchrotrons. As the energy approaches the binding 

energy of the core electrons of the element of interest, the absorption of the incident beam 

progressively increases and so does the emitted fluorescence. XAS spectra are therefore 

generated by detecting and recording the absorption or fluorescence at each energy point. 

XAS spectra are typically divided into two parts: the X-ray adsorption near-edge structure 

(XANES) region extends from approximately -50 to +200 eV from the absorption edge and 

the X-ray adsorption fine structure (EXAFS) region extends to about 800-1000 eV above the 

absorption edge. XANES is particularly sensitive to the oxidation state of the element of 

interest and the electronegativity of the ligand(s) while the EXAFS portion of a spectrum 

contains information regarding the coordination chemistry of an element (e.g. identity and 

coordination number of surrounding atoms and inter-atomic distances).  
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One of the most important advantages of this technique is the possibility of speciation 

analysis in any sample under almost any environmental condition (without the need of 

separating the element of interest through an extraction procedure) (Prietzel et al. 2007; 

Feldmann et al. 2009). This is a particular advantage in the case of nZVI as samples can be 

analysed as slurries (or frozen) or as dry powders as long as they are mounted in a way that 

prevents their contact with oxygen. This is easily achievable by sandwiching the sample 

between two layers of a material such as polyimide, which is virtually transparent to the X-

rays of interest. 

On the other hand, the interpretation of XANES/EXAFS spectra can be very intricate and 

time-consuming in samples with complex mixture of chemical species, because the spectra 

obtained represent the weighted sum of all the species in the analysed volume (Lombi and 

Susini 2009). Consequently, the quantification of a very thin layer of oxidised Fe on the 

surface of nZVI particles, which is easily detected by XPS, would be difficult to quantify by 

XAS unless it represented at least a few percentage of the total Fe. 

2.3.3 Characterisation of commercial products 

To demonstrate some of the advantages and limitations of the major techniques described 

above we used them to characterise a number of commercial ZVI/nZVI products. Five 

different commercial products with different physicochemical properties, including three 

powders and two slurries, were examined. Major physical and chemical properties of the 

materials reported according to the manufacturers’ specifications are shown in Table 2-6. 
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Table 2-6: Physical and chemical properties of commercial nanoparticles as reported by the 
manufacturers. 

N# Form Colour Fe content (%) Density 
(gr/cm3) 

Particle Size 
(μm) 

Sold as 
nZVI 

P1 Powder Black 98 7.87 0.1-0.25 Yes 
P2 Powder Dark grey 95.5 7.8 70-80 No 
P3 Powder Dark grey 99 7.87 5-50 No 
S1 Slurry Black 20 1.15-1.25 <0.1 Yes 
S2 Slurry Black 20 1.15-1.25 <0.1 Yes 
 

All sample preparation steps for the following analyses were conducted under anaerobic 

conditions, and anaerobic conditions were also maintained during analysis as detailed below. 

DLS analysis was attempted using a Nicomp 280 instrument. In order to improve the 

dispersion of the particles the samples were diluted up to 100 times in degassed milli-Q 

water and sonicated for 10-75 minutes. The samples were transferred under anaerobic 

conditions to cuvettes that were subsequently sealed to prevent oxidation during analysis. 

Despite the dilution and sonication steps, sedimentation of particles was visible in all 

samples during the analysis period. As DLS measurements are based on the Brownian 

motion of the particles, evidence of sedimentation indicated that this technique would not 

produce reliable or reproducible results for these materials (results not shown). In order to 

further investigate the true particle size the samples were then examined by SEM. Figure 

2-12 shows SEM images of 2 commercialised ZVI products (i.e. one powder and one 

slurry). It is clear from these images that both products were dominated by micron scale 

aggregates rather than well dispersed primary particles.       
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Figure 2-12: Examples of SEM images of commercialised ZVI samples at pH 2. 

XRD analysis was conducted in order to assess the relative proportion of ZVI in the 

materials and the identity of any other major Fe species or Fe corrosion products. The XRD 

patterns were obtained by capping the samples (prepared under anaerobic conditions) with 

polyimide film in order to prevent oxidation during the analysis (Figure 2-13). The thickness 

of the polyimide film used was 8 μm, (note that thicker, 1 mm, polyimide film obscured the 

diffraction region of the sample at 2θ values 10 – 30o). 

 

Figure 2-13: XRD patterns of commercial ZVI/nZVI particles. Numbers indicate peaks respective to iron 
phases; 1 – ZVI (Fe), 2 – magnetite (Fe3O4) and/or maghemite (ɤ-Fe2O3), 3 – lepidocrocite (ɤ-FeOOH), 4 – 

wuestite (FeO). 
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The XRD quantification results indicated a significant disparity in the contents of ZVI and 

iron oxide-hydroxide in the measured samples as compared to the values reported in the 

manufacturers’ specifications (Table 2-7). The oxide and hydroxide phases of iron in the 

samples included magnetite (Fe3O4) and/or maghemite (ɤ-Fe2O3), lepidocrocite (ɤ-FeOOH) 

and wüstite (FeO) (Figure 2-13) (Kanel et al. 2005; Greenlee et al. 2012). Zero-valent iron is 

characterised by peaks appearing at 2θ values of 44-45°; 65-66° and 82-85° (Liu et al. 2005; 

Nurmi et al. 2005; Sun et al. 2006; Giasuddin et al. 2007; Lin et al. 2008; Wang et al. 2009; 

Wang et al. 2009; Xi et al. 2010). We note that the ZVI contents in some samples (P2 & P3) 

were remarkably less than that specified in the manufacturers’ reports. This may be partly 

due to oxidation of ZVI particles occurring during storage and transportation.  

Table 2-7: Iron content of the 5 commercial nZVI/ZVI products: Comparison between the manufacturers’ 
data and XRD analysis. 

Commercial 
nZVI Form Fe(0) as per 

manufacturer 

Iron content analysed using XRD 

Zero-valent Iron 
Iron 

oxides/hydroxides  
(Fe(II), Fe (III)) 

P1 Powder 98 92 8 

P2 Powder 95.5 47 53 

P3 Powder 99 34 66 

S1 Slurry 100 98 2 

S2 Slurry 100 91 9 
 

Figure 2-14 shows the Fe 2p photoelectron emission spectra of the five commercially-

available ZVI particles obtained for this study. Once again, we note that these materials were 

prepared in an anaerobic chamber and an anaerobic transfer chamber was used to transfer the 

materials into the XPS instrument, thus preventing oxidation of the products prior to 

measurement. As can be seen, metallic Fe, Fe(0), was only present in the surface layers of 

samples S1 and S2. No Fe(0) was evident on the surfaces of the other three products. The 

majority of intensity contributions, however, derive from Fe(II) and Fe(III) associated with 

oxygen on all sample surfaces (Allen et al. 1974; Fiedor et al. 1998; Sun et al. 2006; Wang 



72 

 

et al. 2009; Baer et al. 2010; Leveneur et al. 2011), with P1, P2 & P3 all apparently identical 

in Fe oxidation product exposure. 

 

Figure 2-14: Fe 2p XPS analysis of commercialised ZVI particles. 

XAS studies were conducted in quick-scan transmission mode at the Materials Research 

Collaborative Access Team (MRCAT) beamline 10-ID, Sector 10, at the Advanced Photon 

Source of the Argonne National Laboratory, U.S.A. The storage ring operated at 7 GeV in 

top-up mode. Calibration was performed by assigning the first derivative inflection point of 

the absorption K-edge of Fe metal (7112 eV), and each sample scan was collected 

simultaneously with an Fe metal foil. The collected spectra were analysed using the Athena 

software program in the computer package IFEFFIT (Ravel and Newville 2005) for data 

reduction and WinXAS 3.0 (Ressler 1998) for data fitting. The data were converted from 

energy to photoelectron momentum (k-space) and weighted by k3 using WinXAS. Linear 

combination fitting (LCF) was performed on the data using a dataset of reference spectra 

including metallic Fe as well as a number of iron oxy/hydroxides minerals. Furthermore, 

extended X-ray absorption fine structure spectra were calculated over a typical k-space range 

S2

S1

P3

P2
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with a Bessel window. Fourier transforms were performed to obtain the radial distribution 

function in R-space. Plotted R-space (Å) data are not phase shift corrected. The results of the 

LCF procedure (Table 2-8, Figure 2-15) indicated that most of the Fe was present in metallic 

form in samples P1, S1 and S2; with the remaining Fe in these samples present as magnetite 

and maghemite. In samples P2 and P3 most of the Fe was oxidised, with maghemite, 

magnetite and wuestite dominating the Fe speciation. 

Table 2-8: Linear combination fitting of the XAS data for the 5 commercial nZVI/ZVI products tested. 
Species proportions are presented as percentages. Goodness of fit is indicated by the χ2 value. 

Commercial 
nZVI Fe(0) Magnetite Maghemite Lepidocrocite Wuestite χ2 

P1 79 12  9  0.0001 
P2 49 15 36   0.0005 
P3 24 28 8  40 0.0040 
S1 85 15    0.0001 
S2 76 8 8 8  0.0001 

 

Figure 2-15: Normalised Fe K-edge k3-weighted EXAFS of the 5 commercial nZVI/ZVI products tested. 
Dotted lines show the best 4-component linear combination fit of reference spectra as documented in Table 

2-6. 

Figure 2-16 shows the Fourier transformed radial distribution functions (RDFs) of the five 

samples and an iron metal foil. The fit data (Table 2-9) shows the coordination parameters of 

Fe in the samples. Metallic Fe is present in each sample and results of the Fe metal foil show 
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the basic parameters expected for Fe(0) with paths of Fe-Fe1 (CN: 8, R: 2.49Å), Fe-Fe2 

(CN: 6, R: 2.87Å), Fe-Fe3 (CN: 12, R: 4.06Å), and Fe-Fe4 (CN: 24, R: 4.76Å), along with 

multi-scattering paths to accurately fit the spectrum. The fitting of the Fe metal foil involved 

fixing the CN of each path determined by ab initio calculations by FEFF8 and allowing 

atomic distance to float, resulting in R values close to theoretical calculations (Fe-Fe1 – 

2.4855 Å; Fe-Fe2 – 2.8700 Å; Fe-Fe3 – 4.0588 Å; and Fe-Fe4 – 4.7594 Å).  Despite LCF 

results indicating minor portions of Fe-III (oxy)hydroxides in samples P1, S1, and S2, the 

EXAFS fitting was unable to accurately fit components for Fe-III (oxy)hydroxides.  The 

transformed RDFs represent the average of all signals in a given sample, which may inhibit 

identification of some low quantity phases.  The results for samples P1, S1, and S2 indicate 

the presence of Fe(0) as the primary phase with CN and R values representative of the Fe 

metal foil and ab initio data noted above.  Samples P2 and P3 added complexity to the fitting 

process with the presence of oxidized iron minerals. The LCF results of P2 indicate the 

presence of Fe(III) oxide minerals and Fe(0).  The components of Fe(0) metal in P2 (Fe-Fe1; 

Fe-Fe2; Fe-Fe3; and Fe-Fe4) align well with parameters of the iron metal foil results.  The 

Fe(III) mineral components of P2 yield an Fe-III-O path with CN of 6 at 1.94 Å and an Fe-

Fe2 Oxide path with CN of 6 at 2.94 Å (Table 2-9).  These fit parameters for the Fe(III) 

mineral components in P2 align well with ab initio calculation for LCF determined minerals 

of magnetite (FeIII-O – CN: 6, R: 2.00 Å; Fe-Fe2 Oxide – CN: 6, R: 2.89 Å), maghemite 

(Fe-III-O – CN: 6, R: 2.08 Å; Fe-Fe2 Oxide – CN: 6, R: 2.94 Å), and lepidocrocite (Fe-III-O 

– CN: 6, R: 1.99 Å; Fe-Fe2 Oxide – CN: 6, R: 3.04 Å).  The LCF results for P3 indicate the 

presence of wuestite (Fe-II-O) in addition to Fe(III) oxide minerals and Fe(0).  EXAFS 

fitting results (Table 2-9) for P3 demonstrate an additional path of Fe-II-O with a CN of 6 at 

2.19 Å relative to P2, which supports the presence of wuestite (Fe-II-O – CN: 6, R: 2.15 Å).  

However, the Fe-Fe2 Oxide R value is larger than the 3.24 Å Fe-Fe bond distance in 

wuestite and larger than the average second shell Fe-Fe distance of the oxidize Fe minerals 

determined by LCF for P3 (magnetite, maghemite, and wuestite). Overall, the EXAFS fitting 
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results (Table 2-8) support the LCF information (Table 2-7) as well as visual evidence in 

Figure 2-16 where P1, S1, and S2 possess similar RDFs to the Fe metal foil. The Fe metal 

foil peaks are observable in P2 in addition to peaks associated with Fe-III (oxy)hydroxides.  

For P3, the Fe metal foil peaks are less obvious and the presence of wuestite yields an RDF 

that is different than that of the other four samples. 

 

Figure 2-16: Fourier transformed radial distribution functions (RDFs) of the five samples and an iron 
metal foil. The black lines represent the sample data and the red dot curve represents the non-linear fitting 

results of the EXAFS data. 
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Table 2-9: Coordination parameters of Fe in the samples. 

Sample Energy shift Shell 
Coordination 

Number 
Interatomic bond 

distance 
Debye-Waller 

factor Error 

DE (eV) CN R (Å) s2 R2 
P1 2.87 Fe-Fe1 8 2.49 0.007 4.26 

Fe-Fe2 6 2.84 0.012 
Fe-Fe3 12 4.10 0.011 
Fe-Fe4 24 4.79 0.007 

P2 1.19 FeIII-O1 6 1.94 0.013 4.75 
Fe-Fe1 8 2.55 0.015 

Fe-Fe2 Metal 6 2.79 0.002 
Fe-Fe2 Oxide 6 2.94 0.003 

Fe-Fe3 12 4.04 0.013 
Fe-Fe4 24 4.73 0.017 

P3 1.44 FeIII-O1 6 1.97 0.018 5.76 
FeII-O1 6 2.19 0.002 
Fe-Fe1 8 2.51 0.015 

Fe-Fe2 Metal 6 2.72 0.016 
Fe-Fe2 Oxide 6 3.32 0.021 

Fe-Fe3 12 3.99 0.020 
Fe-Fe4 24 4.83 0.030 

S1 1.91 Fe-Fe1 8 2.49 0.006 5.47 
Fe-Fe2 6 2.83 0.010 
Fe-Fe3 12 4.10 0.010 
Fe-Fe4 24 4.77 0.007 

S2 2.02 Fe-Fe1 8 2.49 0.006 4.16 
Fe-Fe2 6 2.84 0.012 
Fe-Fe3 12 4.10 0.011 
Fe-Fe4 24 4.78 0.007 

Fe Metal 1.02 Fe-Fe1 8 2.49 0.003 2.37 
Fe-Fe2 6 2.87 0.004 
Fe-Fe3 12 4.06 0.005 
Fe-Fe4 24 4.76 0.005 

 

These results indicate that in all cases the content of Fe(0) present in the materials was less 

than that reported by the manufacturers. However, in three cases (P1, S1 and S2) both XRD 

and XAS analysis showed that metallic Fe comprised the large majority of the materials with 

the rest composed of magnetite, maghemite and lepidocrocite. In the case of the S1 and S2 

materials, XPS analysis showed that Fe(0) was present on the surface of the particles, while 

in the case of P1 the lack of a peak indicative of Fe(0) indicates that a continuous shell of 

oxidised Fe was present. In the case of P2 and P3, all techniques showed that oxidised forms 

of Fe were dominant both on the surface and in the core of the particles. This 

characterisation study clearly demonstrates the complementarity of the techniques 

employed, and shows the importance of a thorough characterisation not only for laboratory 
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experiments but also in the context of understanding the performance and characteristics of 

commercial materials proposed for use in field applications. 

2.3.4 Analytical challenges for characterizing nZVI in real groundwater samples 

To date, most nZVI studies have focused on the characterisation of freshly synthesised 

nanomaterials in simple matrices. However, the high reactivity of nZVI particles makes 

them highly dynamic in complex environmental systems such as groundwater (Lowry et al. 

2012). Understanding their behaviour under environmental conditions is crucial for 

determining their long-term environmental fate and performance once they are injected into 

contaminated groundwaters. Furthermore, because of the large quantity of nZVI required for 

injection in remediation applications, risk assessment of these materials needs to be 

conducted, and this requires the measurement of nZVI in groundwaters.  

At present, the direct measurement of engineered nanoparticles in the environment is still 

limited by significant analytical challenges (Gottschalk et al. 2010). In fact, the different 

characterisation methods described in this review can provide accurate information for “as-

manufactured” nanoparticles in simple matrices but they all present significant limitations 

when it comes to the detection and quantification of ENPs in more complex samples (von 

der Kammer et al. 2012). 

Various analytical techniques and experimental methods have been tested to predict the 

behaviour (i.e. aggregation/sedimentation/deposition, mobility and reactivity) of nZVI in 

groundwater. Some examples are given in Table 2-10. One simple approach consists of 

studying the individual or combined effects of different physical and chemical groundwater 

components (e.g. effect of a single electrolyte, pH, organic matter concentration etc.) in 

order to understand how these different factors can affect the mobility and reactivity of nZVI 

(e.g. (Tiraferri et al. 2008; Johnson et al. 2009; Raychoudhury et al. 2012; Xie and Cwiertny 

2012; Yin et al. 2012; Adeleye et al. 2013; Dong and Lo 2013)). Results from these studies 
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are generally easily reproducible and can help in gaining quantitative data but they are only 

valid for the limited conditions examined in the experiments and cannot necessarily be 

extrapolated to predict behaviour in natural systems.  A more realistic approach would be to 

investigate the behaviour of nZVI directly in natural groundwater samples. However, further 

research in this area is required, partly because this type of investigation faces significant 

analytical challenges.   

Various field-scale studies of nZVI injection have been reported in the literature (Elliott and 

Zhang 2001; Quinn et al. 2005; Bennett et al. 2010; He et al. 2010; Wei et al. 2010; Johnson 

et al. 2013; Kocur et al. 2014) but due to a lack of appropriate analytical methods that can 

directly measure and detect nZVI on site, most field studies have relied on indirect methods 

to quantify nZVI transport and reactivity. For instance, both a decrease in ORP and a change 

in solution pH are widely reported upon nZVI injection, and this is seen as evidence of the 

presence of nZVI and its mobility. However, a recent study (Shi et al. 2011) showed that the 

interpretation from ORP measurements is quite complex as the response of ORP electrodes 

to nZVI suspensions is not linearly correlated to nZVI concentration.  For instance, at low 

nZVI concentration (< 50 mg/L), the measured ORP likely represents a mixed potential 

including the contributions from nZVI, dissolved Fe2+ and H2. ORP changes have also been 

reported as an indicator of nZVI reactivity. Elliot and Zhang (2001) reported a good 

correlation between TCE degradation and ORP reduction at the closest monitoring well from 

the injection point. However, this correlation was less obvious at monitoring wells located 

further away from the injection point, where a lag period of one to several days was 

observed between the ORP reduction and TCE decline. To circumvent the limitations of 

individual methods, Johnson et al. (2013) utilised a number of complimentary techniques to 

ensure that nZVI transport and reactivity were adequately characterised. They developed a 

spectrophotometric method combining visual inspection (i.e. change in colour), UV-vis 

absorbance measurements and the use of a tracer to directly quantify the transport of nZVI 
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as well as to detect any flow changes during the injection. They concluded that the use of 

indirect indicators such as ORP, DO or pH is only relevant when they are used to 

supplement direct characterisation methods. 
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Table 2-10: Examples of characterisation studies investigating the behaviour of nZVI in different aqueous media. 

nZVI source 
nZVI 

concentratio
n 

Environmental media Analytical methods Observation(s) Ref. 

One lab-made nZVI  using 
the sodium borohydride 
reduction method and 2 

commercial nZVI provided 
by NANOIRON Ltd. 

(NANOFER 25 and 25S) 

150 mg/L 

pH 8.5, 1-50 mgNaCl/L 
for aggregation study; 

Synthetic groundwater 
with different 

concentration of humic 
acid for As/Cr desorption 

study 

Laser Light Scattering 
(LLS) for aggregation 

study; Atomic 
Absorption 

Spectroscopy (AAS) for 
desorption study 

Slight variations in particle size with increased ionic 
strength. Authors explained that the size measured by 
LLS is the size of the particles remaining in suspension 
(i.e. first measurement was only taken after 30 minutes) 
(rest of the particles sedimented in the cuvette). No 
information on the sedimented particles were provided 
(e.g. mass fraction). 

(Yin et al. 
2012) 

Bare and guar gum-coated 
reactive nanoscale iron 
particle (RNIP) (Bare 

RNIP were provided by 
Toda Kyogo) 

154 mg/L for 
aggregation 

study and 385 
mg/L for 

sedimentation 
study 

pH 7.0, 10 mM NaCl, 0.5 
M NaCl and 3 mM CaCl2 
for aggregation study; pH 
7.0, 100 mM NaCl and 3 

mM CaCl2 for 
sedimentation study 

Dynamic light scattering 
(DLS) for aggregation 

study; UV-vis 
spectrophotometer for 

sedimentation study 

During aggregation study, sedimentation of the larger 
aggregates (sedimentation rate of 0.27 mm/min 
calculated by the authors) likely affected the DLS 
measurement. Results from DLS and UV-vis 
measurements are not comparable since different 
concentrations were used. The electrolyte concentrations 
tested in this study were much higher than the ones found 
in groundwater. 

(Tiraferri 
et al. 2008) 

NANOFER 25S (PAA-
coated nZVI) from 

NANOIRON Ltd. and 
Starch and Tween 20 

coated nZVIs prepared in 
lab from commercial nZVI 

NANOFER 25 
(NANOIRON Ltd) 

100 mg/L 

0-20 mgHA/L for 
aggregation study; 0-10 

mgHA/L for 
sedimentation study 

DLS for aggregation 
study; UV-vis 

spectrophotometer for 
sedimentation study 

Both aggregation and sedimentation studies showed 
enhanced stability of nZVI at higher HA concentration. 
A two-phase aggregation/sedimentation regime was 
observed with rapid sedimentation of large aggregates in 
the first few minutes followed by slow 
aggregation/sedimentation with time of the remaining 
particles in suspension. 

(Dong and 
Lo 2013) 
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NANOFER STAR, 
NANOFER 25S and 

NANOFER 25SS provided 
by NANOIRON Ltd. 

3 g/L 

The three commercial 
products were aged for 28 
days in NanoPure water, 
10 mM CaCl2, 100 mM 

CaCl2 and one 
groundwater sample 

under both anaerobic and 
aerobic conditions for each 

media 

Inductively coupled 
plasma atomic emission 
spectroscopy (ICP-AES) 

for total iron 
concentration; DLS for 

particle size; Colorimeter 
to determine the ferrous 

ion concentration; 
Oxidation-Reduction 

potential (ORP) 
measured with a portable 

meter 

A decrease in particles/aggregates size was observed in 
the supernatant over time. DLS only measured the 
smaller particles remaining in suspension while the 
larger aggregates quickly sedimented in the measurement 
cell. Reduction in particle size was also explained by the 
rapid oxidation of nZVI particles. Particles/Aggregates 
size as large as 7 μm was reported in this study which is 
far beyond the limit of detection of DLS (i.e. 5 μm). 

(Adeleye et 
al. 2013) 

Commercial nZVI powder 
provided by 

Nanostructured and 
Amorphous Materials, Inc. 

2 g/L 

nZVI suspensions were 
aged for 1 month in 5, 25 
and 100 mN Cl-, SO4

2- 
and ClO4

- and in 5 and 25 
mN HCO3

- and NO3
- 

X-ray diffraction (XRD) 
and Transmission 

electron microscopy 
(TEM) for mineralogy 

study 

Both XRD and TEM results confirmed the development 
of corrosion products in aged samples with the formation 
of magnetite, carbonate green rust and iron carbonate 
hydroxide which resulted in decreasing the reactivity of 
nZVI toward different contaminants. 

(Xie and 
Cwiertny 

2012) 

Lab-made CMC-nZVI  
using the sodium 

borohydride reduction 
method 

200 mg/L 
0.1 mM and 10 mM 

NaHCO3 for transport and 
deposition study 

AAS for Fe concentration 
in the effluent samples 

Increased ionic strength enhanced particle deposition of 
CMC-nZVI. 

(Raychoud
hury et al. 

2012) 

Lab-made PVP and PAA 
stabilised nZVI  using the 

sodium borohydride 
reduction method 

200 mg/L pH 7.5; 1, 10 and 100 
mM NaCl 

Scanning Electron 
Microscope (SEM) and 
Energy Dispersive X-

Ray Spectrometer (EDS) 
to determine the 

deposition mechanism of 
nZVI and AAS for Fe 
concentration in the 

effluent samples 

Increased ionic strength enhanced aggregation and 
particle deposition of both polymer stabilised nZVI. 
SEM-EDS results confirmed the attachment of nZVI 
aggregates onto the sand grains. 

(Esfahani 
et al. 2013) 

Lab-made Pd/nZVI  using 
the sodium borohydride 

reduction method 

1.7 kg injected 
over a 2-day 

period 

Real field scale study in a 
TCE-contaminated site 
(Trenton, New Jersey) 

ORP and pH measured 
on site with a portable 

meter; Certified 
analytical laboratory 

using US EPA standard 
protocols for total and 

dissolved iron, TCE and 
its daughter compounds 

concentration 

The TCE reduction observed on site correlated well with 
the change in ORP at the monitoring location close to the 
injection well. The correlation was less obvious for the 
monitoring points located further where a lag period of 
one to several days was observed between the ORP and 
TCE decline. 

(Elliott and 
Zhang 
2001) 
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Lab-made CMC-nZVI  
using the sodium 

borohydride reduction 
method 

900 mgFe/L  Field-scale study in a 
model aquifer 

Multi-method approach to 
monitor the total and 

dissolved iron, dissolved 
oxygen (DO), specific 

conductance, pH, ORP 

Total unoxidized nZVI was only transported in the first 
meter and less than 2% of the total injected nZVI reached 
this distance. Conventional indicators used in field scale 
studies such as DO, ORP and pH may not necessarily 
measure the presence of nZVI. 

(Johnson et 
al. 2013) 

On-site synthesis of CMC-
nZVI using the sodium 
borohydride reduction 

method  

1 g/L Real field-scale study 
(Sarnia, Ontario) 

Inductively coupled 
plasma-optical emission 
spectroscopy (ICP-OES) 

for total iron 
concentration; TEM and 
EDS to characterise the 
change in nZVI before 

and after injection 

After 10 days, only 1% of the total injected nZVI was 
detected from the monitoring well (1 m from injection 
well) which most likely indicated the deposition of 
particles on the subsurface porous medium. 
Measurements of total iron concentration after 48h is 
believed to be related to dissolved iron in low 
concentration rather than mobile iron nanoparticles. 
TEM-EDS measurements showed no morphological 
changes between the injected particles and the ones 
recovered from the monitoring well. 

(Kocur et 
al. 2014) 
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2.4 Conclusions 

A thorough understanding of nanoparticle fate and behaviour in the environment can only be 

achieved by ensuring that experimental results are always reported in conjunction with 

appropriate and detailed characterisation data. This requirement is not limited to 

experimental and laboratory work but extends to pilot and field scale remediation efforts. A 

large number of analytical techniques can be employed to determine the physico-chemical 

characteristics of these materials. While these techniques, especially when used in 

combination, can provide a thorough characterisation of nanomaterials, their detection, 

quantification and characterisation in the environment continue to pose considerable 

challenges that should be the focus of future research efforts. 
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CHAPTER 3  

MATERIALS AND METHODOLOGIES 
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3.1 Introduction 

This chapter aims to describe the general experimental procedures carried out within the 

scope of this study, including materials and analytical methods used to characterise 

nanoparticles. Some experimental procedures and particular materials and analytical and 

theoretical methods which are only specific to some chapters are described in their 

respective chapters and not included in the present chapter. 

3.2 Materials 

3.2.1 Commercialised engineered nanoparticles 

3.2.1.1 Iron oxide nanoparticles as a surrogate for nZVI 

Commercially available α-Fe2O3NPs (20 wt. % dispersed in water at pH 4) were obtained 

from Sigma Aldrich Australia. The average particles size is about 30 nm (based on TEM 

measurements) and the specific surface area ranges from 50 to 245 m2/g (as provided by the 

manufacturer). Their surface charge is positive at pH 4 and shifts to negative at pH above 

7.5 (Figure 3-1). This nanoparticle was used as a surrogate for nZVI in Chapters 4, 5, 7 and 

8. In fact, nZVI particles have been shown to have substantial shells of iron oxide (Phenrat 

et al. 2007). Therefore, Fe2O3NPs demonstrate various similar properties to nZVI when they 

are used to treat contaminated soil and groundwater and can thus be used as a model system 

for understanding behaviour in the environment (He et al. 2008). 
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Figure 3-1: Zeta potential profile of Fe2O3 NPs dispersion (10 mg/L) as a function of pH. 

3.2.1.2 Titanium dioxide nanoparticles 

Commercial Aeroxide P25 TiO2 NPs were obtained from the Evonik Degussa Corporation 

(Parsippany, NJ, USA). The mean particles size is around 30 nm and the specific surface 

area ranges from 47 to 52 m2/g (as provided by the manufacturer). The surface charge of P25 

is positive at pH values below 5.8 and negative at higher pH as shown in Figure 3-2. TiO2 

NPs were used in Chapters 7 and 8 in which a novel method was developed and optimised to 

characterise the aggregation behaviour and aggregate structure of ENPs in various natural 

waters. TiO2 NPs were chosen among various ENPs as a recent study by Keller et al. (2013) 

showed that this nanoparticle was released to the environment in the largest quantities, 

followed by iron. 
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Figure 3-2: Zeta potential profile of TiO2 NPs dispersion (12.5 mg/L) as a function of pH. 

3.2.2 Chemicals 

The list of chemicals used in this study for the preparation of solutions and reagents are 

gathered in Table 3-1. 

Table 3-1: List of chemical used in this study. 

Generic name Purity (%) Supplier Main purpose 

Calcium Chloride (CaCl2) 99.9 Sigma Aldrich Effect of divalent cation (i.e. Ca2+) 

FL70 - Fisher Scientific 
FFF mobile phase to reduce interaction 

between FFF membrane and 
nanoparticles 

Humic acid (HA) - Sigma Aldrich Surrogate for natural organic matter 
(NOM) 

Hydrochloric acid (HCl) 37 ANALAR, VWR pH adjustment 
Sodium azide (NaN3) 99 Sigma Aldrich Bactericide for FFF membrane 
Sodium chloride (NaCl) 99.9 Sigma Aldrich Effect of monovalent cation (i.e. Na+) 
Sodium hydroxide 
(NaOH) 97 Chem Supply pH adjustment 

Suwannee River Natural 
Organic Matter 
(SRNOM) 

- IHSS Surrogate for natural organic matter 
(NOM) 

 



88 

 

3.3 Analytical methods for the characterisation of nanoparticles 

3.3.1 Flow Field-Flow Fractionation 

FlFFF is a chromatography-like separation technique based on laminar flow (so-called 

channel flow) in a very thin (i.e. ~250 μm) channel with a cross flow applied perpendicular 

to the channel flow. The channel flow has a parabolic velocity profile (i.e. the maximum 

velocity is at the centre of the channel). The cross flow forces the particles to move toward a 

membrane at the channel wall, from where they can move back into the channel as a result 

of diffusion forces in the normal elution mode (i.e. for particles smaller than 1 μm). The 

smallest particles, having the highest diffusion coefficient, will migrate farther into the 

channel at higher flow rates and will thus elute first. The theory and principles of FlFFF can 

be found elsewhere (Giddings 2000; Phuntsho et al. 2011). 

There are two major FlFFF techniques: Symmetrical FlFFF (sFlFFF) and Asymmetrical 

FlFFF (AsFlFFF) which can be differentiated by the way that the perpendicular crossflow is 

produced (Kammer et al. 2011). In this study, we used two different AsFlFFF systems. 

In the AsFlFFF setup (Figure 3-3), the top wall of the channel is impermeable and generally 

made of a transparent glass plate and the crossflow is generated by an excess flow rate at the 

channel inlet. The shape of the AsFlFFF channel is trapezoidal, in contrast to the ribbon-like 

shape of the sFlFFF channel, in order to avoid constant loss of axial flow occurring with the 

transport of carrier liquid along the channel (Litzen and Wahlund 1991). The sample 

injection is followed by a focusing step where a well-balanced opposing flow is generated 

from the inlet and outlet of the channel.  
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Figure 3-3: Schematic representation of AsFlFFF flow schemes: injection, focusing and relaxation steps 
(top), elution step (middle) and trapezoidal shape channel geometry (bottom). 

AsFlFFF is one of the preferred systems today (Kowalkowski et al. 2006). In fact, this 

technique provides several advantages over sFlFFF. First the transparent top-wall allows 

checking the channel contents and the flow streams, especially when using coloured 

polymers. Secondly, the channel handling and membrane replacement are simpler. Then, 

thanks to the focusing step, sample volume does not have any effects on the fractionation 

and the fractionation resolution is better. Finally, this technique provides better detection 

limits due to less sample dilution and there are lower risks of contamination from the bottom 

frit when it is coupled to other detectors (Baalousha et al. 2011). However, there are still 

some drawbacks, including irregular separation behaviour started with particles having 
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diameters above 500 nm, more complex fractionation theory and potential contamination 

from previous runs during the focusing step especially when using old membrane. 

In this study, two different FlFFF systems were used. FlFFFa was an asymmetrical AF2000 

Focus (Postnova Analytics, Germany) with channel length of 29.8 cm (tip to tip), channel 

width of 2 cm and channel thickness of 0.025 cm as shown in Figure 3-4. The detection 

system comprised a UV/Vis detector operating at a 254 nm wavelength (SPD 20A from 

Shimadzu, Japan). The software AF2000 Control, version 1.1.0.23 (Postnova Analytics) was 

used to control the FlFFF system. A regenerated cellulose membrane (Z-AF4-MEM-612-

10KD, Postnova Analytics, Germany) with a molecular weight cut-off of 10 kDa was used 

as a channel wall. Sodium azide (0.1 mM) was used as bactericide in the mobile phase for all 

experiments. The sample volumes were all 20.8 μL and were injected using 50 μL sample 

loop (Rheodyne Corporation, CA, USA). 

 

Figure 3-4: Schematic picture of one of the FlFFF systems used in this study. 
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The second FlFFF system, FlFFFb, consisted of an Eclipse 3+ system (Wyatt Technology, 

Dernbach, Germany) with channel length of 26.55 cm (tip to tip) and channel thickness of 

0.035 cm, equipped with an Agilent 1200 HPLC system (Agilent technologies, Santa Clara, 

CA, USA). The Agilent 1200 HPLC system comprised an in-line degasser and an 

autosampler for the delivery of the carrier liquid and the injection of samples. A regenerated 

cellulose membrane (Millipore PLGC, 10KD, Wyatt Technology, Dernbach, Germany) with 

a molecular weight cut-off of 10 kDa was used as a channel wall. The on-line detection 

system for eluted particles consisted of a UV/Vis absorbance diode array detector 

(DAD1200, Agilent Technologies) with a spectral range from 190 nm to 950 nm and a 

quasi-elastic light scattering detector (QELS, Dawn HELEOS II, Wyatt Technology 

Corporation, Santa Barbara, CA) operating at a wavelength of 658 nm. The software 

ChemStation, version B.04.02 SP1 (Agilent Technology) was used to control the delivery 

flow of the FlFFF system. Data acquisition and data processing were done using Astra, 

version 6.0.2 software (Wyatt Technology).  

Latex beads of 22 nm, 58 nm and 100 nm (Postnova Analytics, Germany) were used to 

create calibration curves from which hydrodynamic diameters of the particles were 

determined. These curves correlated the retention time to particle size. Calibration curves 

were regularly (i.e. once a week) re-drawn to check the accuracy of data. An example of 

calibration curve can be found in Figure 3-5. 
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Figure 3-5: Example of FFF calibration curve using latex beads of 22, 58 and 100 nm as standard 
materials. 

3.3.2 Dynamic light scattering 

Dynamic light scattering technique measures the diffusion coefficient of particles by 

correlating the fluctuations of the scattered light intensity over time as shown in Figure 3-6. 

These fluctuations come from the Brownian motion of the particles and from the fact that 

neighbouring particles can have constructive or destructive interference of the scattered light 

intensity in a certain direction (Hassellöv et al. 2008). The Z-average hydrodynamic 

diameter can then be calculated by applying the Stokes-Einstein equation. Detailed 

information on this method, including physical principles, mathematical models, and 

limitations can be found elsewhere (Filella et al. 1997).  
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Figure 3-6: Principles of dynamic light scattering for the determination of particles hydrodynamic 
diameter. 

A Zetasizer (model ZEN3600; Malvern Instruments, Worcestershire, UK) operating with a 

He-Ne laser at a wavelength of 633 nm was used in this study to determine both the zeta 

potential and hydrodynamic diameter of the different samples.  

The measurement of zeta potential is achieved by a combination of laser Doppler 

velocimetry and phase analysis light scattering (PALS) in Malvern’s patented M3-PALS 

technique. The instrument is a combination of an optical measurement unit and a computer 

that controls the measurement and allows data analysis and presentation. A blank consisted 

of ultrapure water (MilliQ, Millipore, USA) was run systematically before the samples to 

calibrate the instrument. Zeta potential was measured within the range of -50 mV to +50 

mV. 

3.3.3 Static light scattering 

A static light scattering (SLS) instrument (Malvern Mastersizer 2000, Malvern Instruments, 

Worcestershire, UK) was employed in Chapters 7 and 8 to investigate the aggregate size and 

aggregate structure of different ENPs in natural waters. 
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The principle of Mastersizer 2000 is based on the laser diffraction technique to measure the 

size of particles in suspension. Laser diffraction measures the particle size distributions of a 

sample by measuring the angular variation in intensity of light scattered as a laser beam 

passes through a sample containing particles in suspension. Large particles will theoretically 

scatter light at small angles relative to the laser beam whereas small particles will scatter 

light at larger angles. The angular scattering intensity data is then analysed to calculate the 

size of the particles using the Mie theory (Mie 1976). The particle size is then reported as a 

volume equivalent sphere diameter. 

The Malvern Mastersizer has also an array of photosensitive detectors positioned at different 

angles between 0.01° and 40.6° which detect the light scattered by the sample and enable the 

determination of the aggregate fractal dimension (FD). Previous studies have reported the 

determination of aggregate FD using a Mastersizer 2000 (Rieker et al. 2000; Jarvis et al. 

2005; Zhao et al. 2012). The method is based on the fact that the total scattered light 

intensity I is related to the scattering vector Q and the FD (Gregory and Duan 2001): 

          (1) 

The scattering vector Q is the difference between the incident and scattered wave vectors of 

the radiation beam in the medium (Rieker et al. 2000): 

         (2) 

where, n, λ and θ are the refractive index of the medium, the laser light wavelength in 

vacuum, and the scattering angle, respectively. 

The floc structural information are obtained from the Mastersizer in the form of raw output 

data which are then converted to provide the angle of each detector and the intensity of light 

at each detector by use of a spreadsheet provided by Malvern Instruments (Malvern, UK). 
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The FD value equates to the slope of a linear regression line fitting a plot of I against Q 

values (on a log-log scale) measured at different angles as shown in Figure 3-7. 

 

Figure 3-7: Relationship between the scattered light intensity (I) and the scattering vector (Q) on a log-log 
scale for the determination of the fractal dimension of ENPs aggregates.  

Densely-packed aggregates will display a higher FD value, while lower FD values indicate 

linear and loosely bound aggregates.  

3.3.4 Scanning electron microscope 

Nanoparticle size distribution and shape were also obtained by performing Scanning 

Electron Microscopy (SEM) analysis. Images were obtained from a Zeiss Supra 55VP SEM 

operating at 15-20 kV (Carl Zeiss AG, Germany). Silicon wafers attached on carbon stubs 

were used for measurements. 

Prior to imaging, about 10 μL of sample were deposited on a silicon wafer and left to dry 

completely. The samples were then placed in the vacuum chamber of the SEM and images 
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were recorded using SmartSEM® software. The mean equivalent circular diameters were 

determined from these images from the analysis of at least 200 nanoparticles. 

3.4 Other analytical methods 

3.4.1 Total organic carbon analyser 

A total organic carbon (TOC) analyser (Multi N/C 3100, Analytic Jena AG, Germany) was 

used to determine the total carbon content of the samples. Prior to measurements, all 

samples were filtered through 0.45 μm syringe filters. Therefore, the obtained values 

represent the dissolved organic carbon (DOC) only. This instrument uses thermocatalytic 

decomposition in the presence of a specific catalyst, with synthetic air used as a carrier gas. 

Data were recorded and processed on a computer via the Multiwin software package 

provided by the manufacturer. Standard DOC solutions were used to draw calibration curves 

prior to measurement. An example of such calibration curve is given in Figure 3-8. 

 

Figure 3-8: Example of calibration curve for TOC instrument. 
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For measurement, at least 10 mL of samples were placed in 30 mL vial in the auto-sampler 

(APG-64). Injection volume was set to 500 μL using a pre-selected TOC measurement 

method. The sample is pumped to the combustion tube, pyrolysed and oxidised within the 

carrier gas flow, which also acts as an oxidising agent, with the aid of the catalyst. The gas 

which is then formed (i.e. CO2) is directed to the Non-Dispersive Infra-Red (NDIR) detector 

where a signal sequence is generated and used to obtain a time integral. This integral is 

proportional to the concentration of carbon in the sample. A previously determined 

calibration function (from the manufacturer manual) is then used to calculate the carbon 

content of the sample. 

3.4.2 Ion chromatography 

The concentration of the bromide tracer used in Chapter 6 as well as the ionic composition 

of the natural waters used in Chapters 7 and 8 was determined by the Metrohm ion 

chromatograph (790 IC) equipped with a Metrosep A Supp 5-150 (150 x 4.0 mm, 5 μm) 

column. The mobile phase consisted of 1 mM of sodium hydrogen carbonate and 3.2 mM of 

sodium carbonate, dissolved in Milli Q water. The injection volume was 5 mL and running 

time was 22 min per sample. The concentration of bromide and other major ions (e.g. Ca2+, 

Mg2+, Na+, NO3
-, SO4

2-) was determined from a calibration curve that enables to convert the 

peak area (μS/cm.sec) to ion concentration (mg/L). An example of such calibration curve is 

given in Figure 3-9. 
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Figure 3-9: Example of IC calibration curve for SO4
2- anion. 

3.5 Auxiliary laboratory instruments 

The separation of the nanoparticles from the unadsorbed organic matter (i.e. HA or SRNOM 

– Chapters 5, 7 and 8) was achieved by centrifugation (Model 2040, Centurion Scientific 

Ltd, UK). The samples were placed in 50 mL conical centrifuge tubes (Axygen, SCT-50ML-

R-S) and the centrifugation was carried out for 10 minutes at 3500 rpm. 

The concentration of TiO2 NPs in synthetic and natural water samples (Chapters 7 and 8) 

was determined by measuring the nephelometric turbidity (NTU) (2100P turbidimeter, 

Hanna, HI93414) as described by Battin et al. (Battin et al. 2009). The correlation between 

NTU and TiO2 concentration is shown in Figure 3-10. 
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Figure 3-10: Correlation between turbidity (NTU) and TiO2 concentration. 

The pH of the solutions was monitored using a TPS 90FL pH meter (TPS Pty Ltd, 

Australia). The instrument was calibrated regularly using two buffer solutions: pH 6.88 (TPS 

121380) and pH 4 (TPS 121382). 
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CHAPTER 4  

ASSESSING THE AGGREGATION 

BEHAVIOUR OF IRON OXIDE 

NANOPARTICLES UNDER RELEVANT 

ENVIRONMENTAL CONDITIONS USING A 

MULTI-METHOD APPROACH 
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4.1 Introduction 

Due to their low cost, highly reactive surface sites and high in-situ reactivity, the most 

widely studied engineered nanoparticles (ENPs) for soil and groundwater remediation are 

nanoscale zero-valent iron (nZVI) (Wang and Zhang 1997; Elliott and Zhang 2001; Zhang 

2003). Numerous studies have shown that nZVI are highly effective for the 

removal/degradation or stabilisation of a wide range of common environmental 

contaminants including chlorinated organic solvents (Elliott and Zhang 2001; Zhang 2003), 

organic dyes (Liu et al. 2005), various inorganic compounds (Alowitz and Scherer 2002), 

and even some metals(Kanel et al. 2005). In the past few years, a variety of iron oxide 

nanoparticles have also been investigated for environmental remediation purposes. Despite 

the potential efficacy of these materials, many laboratory and pilot-scale field studies have 

demonstrated that the mobility and reactivity of iron-based nanoparticles are substantially 

limited in natural porous systems (e.g. soils and groundwater aquifers) (Schrick et al. 2004; 

Quinn et al. 2005; He and Zhao 2007; Saleh et al. 2007). Aggregation is considered to be the 

primary cause of reduced mobility and reactivity, and this phenomenon is the result of many 

factors including solution pH, ionic strength and the presence of organic matter (Ponder et 

al. 2000; Saleh et al. 2005). In the case of iron-based nanoparticles, previous studies have 

demonstrated that these nanoparticles have pH-dependant surface charges and that extensive 

aggregation due to charge neutralisation occurs near the point of zero charge (PZC) (Sun et 

al. 2006; Baalousha et al. 2008; Baalousha 2009; Hu et al. 2010). Furthermore, soil and 

groundwater conditions are often characterised by high ionic strength and high 

concentrations of monovalent (e.g., Na+, K+) and divalent (e.g., Ca2+, Mg2+) cations in the 

mM range; factors that are known to reduce electrostatic repulsion between particles and 

thereby enhance aggregation (Saleh et al. 2008). 

To optimise the use of ENPs for environmental remediation it is necessary to understand the 

factors that cause aggregation under environmentally relevant conditions with the aim of 
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enhancing their mobility while still maintaining good reactivity (Saleh et al. 2007). Surface 

modifications using charged polymers, polyelectrolytes or surfactants are now widely used 

to disperse nanoparticles in environmental matrices such as soil and water (Zhang et al. 

1998; Schrick et al. 2004; Saleh et al. 2005; He et al. 2007; Saleh et al. 2007; Hajdú et al. 

2009; Phenrat et al. 2009; Sirk et al. 2009; Cirtiu et al. 2011). These modifications can 

theoretically provide both electrostatic and steric (so-called electrosteric) stabilisation to 

prevent particles from aggregating and can also reduce the propensity for surface attachment 

(Saleh et al. 2005; Saleh et al. 2008). Unfortunately, although these different surface 

coatings can enhance nanoparticle stability, they can also be expensive, have toxic effects on 

the environment, and alter the interaction of ENPs with contaminants (Tiraferri et al. 2008). 

Natural surface coating by the adsorption of dissolved organic matter (DOM) such as humic 

and fulvic acids on the surface of nanoparticles has also been studied as an alternative 

“green” surface coating, and has been demonstrated to enhance nanoparticle stability 

through electrosteric stabilisation (Mylon et al. 2004; Illes and Tombácz 2006; Hu et al. 

2010). The advantage of DOM over conventional surface modifiers is that DOM is 

ubiquitous in the environment, cheap, non-toxic, and not only has the ability to adsorb onto 

metal oxide nanoparticles but is also able to complex with heavy metals (Liu et al. 2008; 

Dickson et al. 2012). A recent study by Chen et al. (Chen et al. 2011) demonstrated that 

DOM–coated nZVI may significantly mitigate bacterial toxicity due to the electrosteric 

hindrance preventing direct contact. 

In this chapter, characterisation of bare Fe2O3NPs and the aggregation behaviour of these 

nanoparticles under relevant environmental conditions (i.e. pH, particle concentration and 

ionic strength) were performed using flow field-flow fractionation (FlFFF), dynamic light 

scattering (DLS) and scanning electron microscopy (SEM). Although the characterisation of 

ENPs can be considerably simpler than it is for natural particle samples, ENPs are also 

complex, and a multiple characterisation approach is necessary to ensure the accuracy of the 
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characterisation data (Lead and Wilkinson 2006; Domingos et al. 2009). In fact, due to 

analytical challenges, the lack of appropriate characterisation data in environmentally 

realistic conditions is a major limitation of current research in this area. As such, there is 

clearly a need for useful characterisation tools that can assist in assessing ENP behaviour 

under relevant environmental conditions. Flow field-flow fractionation (FlFFF) is well 

suited to measuring ENP behaviour under relevant conditions simply by modifying the 

mobile phase used during characterisation. However, one of the main limitations of FlFFF is 

related to material losses during analysis. These generally occur via particle-membrane 

interaction and adsorption and may represent up to 50% of the injected mass (Hassellöv and 

Kaegi 2009). The particle-membrane interaction is mainly due to attractive forces (e.g. Van 

der Waals), hydrophobic and charge interactions which are all dependent on the mobile 

phase characteristics.  

This is the first time that FlFFF has been applied to study the aggregation behaviour of 

Fe2O3NPs under relevant environmental conditions. The results have been compared with 

those from other size-measurement techniques and theoretical models to provide increased 

confidence in the outcomes. The stability of the DOM-coated Fe2O3NPs was also assessed 

under relevant conditions using FlFFF and DLS. Although many studies have demonstrated 

that DOM-coated Fe2O3NPs can be stable under a wide range of pH and NaCl 

concentrations, there is a lack of data in regard to the effect of divalent cations, especially 

Ca2+, which is known to complex easily with organic matter (Hong and Elimelech 1997).  

This chapter is an extension of the research article published by the author in Water 

Research (Chekli et al. 2013). 

4.2 Theoretical method: The DLVO theory 

The Derjaguin–Landau–Verwey–Overbeek (DLVO) theory (Derjaguin and Landau 1941; 

Verwey 1947; Verwey and Overbeek 1948) was employed in this study to model the 
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interactions between Fe2O3NPs at different particle concentrations, pH and ionic strength. 

This theory provides the classical explanation for the stability of colloids in suspension. It 

states that the stability of nanoparticles can be explained by the sum (i.e. total interaction 

energy) of the van der Waals attractive forces (Vvdw) and the electrostatic repulsive forces 

(Vel). The total interaction energy (VT) is experienced by a nanoparticle when approaches 

another particle, and determines whether the net interaction between the particles is 

repulsive or attractive (Zhang et al. 2008; Dickson et al. 2012). 

DLVO calculations were performed according to the following equations (Elimelech et al. 

1998): 

      (1) 

        (2) 

          (3) 

where A (J) is the Hamaker constant (1.10-9 J for iron nanoparticles (Phenrat et al. 2009)); R 

(m) is the radius of particles; h (m) is the distance between the surfaces of two interacting 

particles; ε=εrε0 is the dielectric constant where εr (78.54 for water at 25°C) is the relative 

dielectric constant of the medium and ε0 (8.85.10−12 C2/J.m) is the permittivity in vacuum; δ, 

the zeta potential of the charged particles; k (1/m) is the reciprocal of the thickness of the 

double layer with k=2.32×109 (ΣCiZi
2)1/2 where Ci is the concentration of ion, i, and Zi is its 

valency value. 

The following assumptions/measurements are used in this study:  

(1) Particle diameter is 30 nm (average size of the primary particles provided by Sigma 

Aldrich).  
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(2) When not specified, ionic strength is assumed to be 1 mM NaCl. In fact, when no 

electrolytes are used (i.e. when using ultrapure water), equation 2 is reduced to zero and 

calculations cannot be performed.  

(3) Zeta potentials are experimentally determined. 

4.3 Experimental 

4.3.1 Chemicals and reagents 

Commercially available Fe2O3NPs (α-Fe2O3, average particle size 30 nm, BET 50-245 m2/g, 

20 wt. % dispersed in water at pH 4), humic acid (HA) (technical grade), NaCl and CaCl2 

(99.99% purity) were all supplied by Sigma-Aldrich Australia. HA was employed as a 

surrogate DOM since HA and more generally humic substances represent an important 

fraction of DOM in soils, surface and groundwater  (Aiken et al. 1985) and have been 

demonstrated to play a key role in water quality for various pollutants such as trace metals 

and some organic compounds (Murphy et al. 1990; Maurice and Namjesnik-Dejanovic 

1999). 

4.3.2 Sample preparation 

Fe2O3NPs were suspended in ultrapure water to obtain a set of solutions in the range 10-200 

mg/L at pH 4 ± 0.1. Solution pH was adjusted using 0.1 M HCl and 0.1 M NaOH solutions 

and left for 24 hours to equilibrate, after which the pH was re-measured and adjusted if 

necessary for all experiments. No buffers were used in this study because they usually have 

a high ionic strength and thus may alter the surface chemistry of the Fe2O3NPs and enhance 

their aggregation (Baalousha 2009). 

HA was dissolved in ultrapure water with a resistivity of 18 MΩ/cm (MilliQ, Millipore, 

USA) to obtain a stock solution with a concentration of 500 mg/L. This was then filtered 
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through a 0.45 μm filter using vacuum suction to retain only the ‘dissolved’ organic matter, 

and stored at 4°C prior to experimental use. The total organic content (TOC) of the stock 

solution (dilution 1:10) was measured as 19.1 mgC/L using a TOC analyser (Multi N/C 

3100, Analytic Jena AG, Germany).  

HA-coated Fe2O3NPs were prepared by mixing 10 mL of concentrated Fe2O3NPs (i.e. 2 g/L) 

with either 1, 2, 4, 10 or 20 mL of HA (initial concentration of the stock solution: 500 mg/L) 

for one hour before diluting in ultrapure water to obtain five solutions with Fe2O3NP 

concentration of 200 mg/L and HA concentration of 5, 10, 20, 50 and 100 mg/L. All 

solutions were then brought to pH 4 ± 0.1 using either 0.1 M HCl or 0.1 M NaOH and stored 

at 4°C for 24 hours before measurements were taken. 

NaCl and CaCl2 were also dissolved in ultrapure water to obtain stock solutions with a 

concentration of 500 mM. The stock solutions were filtered through a 0.45 μm filter using 

vacuum suction to avoid dust contamination before being used as the mobile phase in FlFFF 

experiments or to prepare samples for FlFFF and DLS measurements. 

4.3.3 FlFFF analysis 

Particle size analysis using FlFFF was carried out by following the methods described in 

Chapter 3. FlFFFa (Postnova Analytics, Germany) was used in this particular study. The 

final solution concentration of Fe2O3NPs for all FlFFF experiments was 50 mg/L for the 

aggregation study and 200 mg/L for the DOM coating stability study to give satisfactory 

separation and detection. These concentrations are necessary to ensure suitable detection by 

UV detectors because the sample becomes considerably diluted in the FlFFF channel during 

the elution stage. 
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4.3.3.1 FlFFF calibration curves 

Latex beads of 22 nm, 58 nm, 100 nm and 410 nm (Postnova Analytics, Germany) were 

used to create calibration curves from which hydrodynamic diameters of Fe2O3NPs were 

determined. These curves correlate the retention time to particle size. Calibration curves 

were established for all mobile phases and conditions (change in cross flow or channel flow) 

used in this study and regularly (i.e. once a week) re-drawn to check the accuracy of sizing. 

An example of the calibration curves used for the pH effect study can be found in Figure 

4-1. 

 

Figure 4-1: Calibration curves at different pH obtained with latex beads standards. Channel flow: 1 
mL/min; Cross flow: 0.15 mL/min (pH 5 and pH 10), 0.30 mL/min (pH 4) and 0.50 mL/min (pH 3). 
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4.3.3.2 pH effect 

To investigate the effect of pH on the aggregation of Fe2O3NPs, samples of 50 mg/L of NPs 

were pH-adjusted and equilibrated for 24 hours prior to analysis. The mobile phase consisted 

of ultrapure water prepared at different pH values ranging from pH 3 to pH 10. This is the 

range of pH tolerance for the FFF membrane; outside this range the membrane may be 

altered. For pH 2, 11 and 12, only DLS measurements were performed. The FlFFF 

measurement conditions are summarised in Table 4-1. 

Table 4-1: Summary of the different FFF operating conditions used in this study. 

Study Channel Flow 
(mL/min) 

Cross Flow 
(mL/min) Mobile phase 

Effect of pH 

pH 3 

1 

0.5 Ultrapure water at pH 3 
pH 4 0.3 Ultrapure water at pH 4 
pH 5 0.15 Ultrapure water at pH 5 

pH 10 Ultrapure water at pH 10 

Effect of Ionic 
Strength 

Ultrapure water 

1 0.3 

Ultrapure water at pH 4 
1 mM NaCl 1 mM NaCl at pH 4 
5 mM NaCl 5 mM NaCl at pH 4 

10 mM NaCl 10 mM NaCl at pH 4 
0.5 mM CaCl2 0.5 mM CaCl2 at pH 4 
2 mM CaCl2 2 mM CaCl2 at pH 4 

Effect of HA 
concentration 

HA alone (100 mg/L) 

1 
0.5 

Ultrapure water at pH 4 

Fe2O3NPs alone (200 
mg/L) 

HA/Fe2O3NPs  5 
mgHA/L 

HA/Fe2O3NPs 50 
mgHA/L 

HA/Fe2O3NPs 100 
mgHA/L 0.15 

Stability of HA-
coated Fe2O3NPs 

pH 4 

1 0.5 

Ultrapure water at pH 4 
pH 7 Ultrapure water at pH 7 

pH 7/10 mM NaCl 10 mM NaCl at pH 7 
pH 7/0.5 mM CaCl2 0.5 mM CaCl2 at pH 7 

 

4.3.3.3 Ionic strength effect 

The effect of Na+ and Ca2+ on Fe2O3NPs aggregation was investigated as follows. NaCl and 

CaCl2 solutions were prepared at 1mM, 5mM and 10 mM, and 0.5 mM and 2 mM, 

respectively, by diluting the 500 mM stock solutions using ultrapure water and adjusting to 

pH 4 before being used as the mobile phase. Fe2O3NPs samples of 50 mg/L were suspended 
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in solutions having the same ionic strength as the different mobile phase solutions (i.e. 1 

mM, 5 mM and 10 mM NaCl and 0.5 mM and 2 mM CaCl2) and equilibrated for 24 hours 

before measurements. These ions were chosen because they are abundantly present in soil 

and in groundwater aquifers in this typical concentration range (Saleh et al. 2008). The 

operating conditions are presented in Table 4-1. 

4.3.3.4 Stability of DOM-coated Fe2O3 NPs 

HA-coated Fe2O3NPs at five different HA concentrations were analysed by FlFFF for size 

determination using ultrapure water at pH 4 as the mobile phase. The operating conditions 

are displayed in Table 4-1. 

The most stable DOM-coated Fe2O3NPs (i.e. mixture of 50 mg/L HA and 200 mg/L 

Fe2O3NPs) were then tested under environmentally relevant conditions by modifying the 

mobile phase and the solution where the particles were suspended (i.e. pH 7, 10 mM NaCl 

and 0.5 mM CaCl2). The operating conditions are summarised in Table 4-1. 

A solution of 100 mg/L of HA was also analysed by FlFFF for molecular weight 

determination using sodium salt of Polystyrene sulfonates-PSS (Polysciences, Inc., PA, 

USA) of four different molecular weights (4600, 8000, 18000 and 35000 Da, as provided by 

the manufacturer,  with a polydispersity of 1.1) to create a calibration curve (Figure 4-2). 

The operating conditions were 0.5 mL/min for the channel flow and 3 mL/min for the cross 

flow. 
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Figure 4-2: Calibration curve obtained with sodium salt of polystyrene sulfonates (PSS). 

4.3.4 DLS analysis 

The DLS instrument (i.e. model ZEN3600; Malvern Instruments, Worcestershire, UK) used 

in this study has been already described in Chapter 3. Samples used in DLS experiments 

were the same as for FlFFF experiments to ensure data comparability except for the study of 

concentration effect.  

4.3.4.1 Concentration effect 

Five solutions of Fe2O3NPs were prepared at pH 3 with concentrations of 10, 20, 50, 100 

and 200 mg/L. The pH was raised slowly from pH 3 to 5 by adding drops of 0.1 M NaOH, 

and the Z-average hydrodynamic diameter was measured without further modifications. The 

pH was then brought directly to pH 10 to overcome the aggregation occurring around the 

PZC, before being raised slowly to pH 12. Finally, solutions were brought from pH 9 to 6 by 

adding drops of 0.1 M HCl. 
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4.3.5 SEM analysis for the effect of pH 

Silicon wafers attached on carbon stubs were used for SEM measurements. About 10 μL of 

sample was deposited on a silicon wafer and left to dry completely. Images were obtained 

from a Zeiss Supra 55VP variable pressure SEM (Carl Zeiss AG, Germany) and recorded 

using SmartSEM® software. The mean equivalent circular diameter was determined from 

these images. Samples used for SEM measurements were the same as those analysed in the 

FlFFF and DLS experiments for the study of pH effect. 

4.4 Results and discussion 

4.4.1 Characterisation of Fe2O3 NPs 

SEM was used to identify the general characteristics of the Fe2O3NPs. At pH 3, the 

Fe2O3NPs were spherical and present as single independent particles, as illustrated in Figure 

4-3a. Analysis of 212 particles by SEM yielded a mean equivalent circular diameter of 25 

nm with a very low polydispersity (i.e. standard deviation: ± 3.5 nm, Figure 4-3b). 
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a) 

 
b) 

Figure 4-3: (a) SEM image of Fe2O3NPs (50 mg/L; pH 3) and (b) particle size distribution of the same 
sample determined from SEM images. 

Zeta potential measurements carried out at different particle concentrations (Figure 4-4) 

suggested that Fe2O3NPs are highly positively charged at low pH values (i.e. pH 2-5). The 

zeta potential decreased as pH increased from 5 to 9 and became highly negative from pH 10 
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with a PZC at around pH 7 for all particle concentrations. This value is within the range of 

PZC values (i.e. pH 6.8 to 8.1) found in the literature for iron oxide nanoparticles (Tombácz 

et al. 2004; Illes and Tombácz 2006; Baalousha et al. 2008; Baalousha 2009; Hu et al. 2010). 

 

Figure 4-4: Zeta potential of Fe2O3NPs (10-200 mg/L) as a function of pH. 

4.4.1.1 Effect of particle concentration on the aggregation behaviour of Fe2O3 NPs 

Size measurements by DLS were performed at different particle concentrations ranging from 

10 to 200 mg/L, and different pH values from pH 2 to 12 (all data are presented in Table 

4-2). It should be noted that samples with particles having Z-average hydrodynamic 

diameter > 1,000 nm were settling during the analysis; however, DLS can only be used when 

particles are strictly subjected to Brownian motion. Thus, these data are only indicative of 

the agglomeration trend and cannot be used as accurate or absolute measurements. 

At all particle concentrations, maximum aggregation was reached at the PZC where the net 

particle surface charge was reduced to zero, as shown in Figure 4-5. Far from this point, 
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particle aggregate sizes decrease because particles are stabilised by electrostatic repulsion 

forces.  

Table 4-2: Summary of Z-average hydrodynamic diameter of Fe2O3NPs at variable pH and particle 
concentration, as determined by DLS. 

 10 mg/L 20 mg/L 50 mg/L 100 mg/L 200 mg/L 

pH Z- average 
diameter (nm) 

Z- average 
diameter (nm) 

Z- average 
diameter (nm) 

Z- average 
diameter (nm) 

Z- average 
diameter (nm) 

2 51.8 ± 0.6 54.6 ± 1.5 53.2 ± 4.1 55.2 ± 1.2 63.0 ± 0.3 

3 52.9 ± 1.2 55.1 ± 2.3 55.3 ± 2.4 59.2 ± 1.3 64.8 ± 0.9 

4 55.6 ± 4.2 56.9 ± 4.0 63.0 ± 3.9 64.9 ± 1.5 65.9 ± 0.3 

5 102.8 ± 1.7 103.9 ± 1.4 106.1 ± 3.6 112.9 ± 3.1 131.0 ± 1.3 

6 1102.7 ± 4.2* 1107.7 ± 5.5* 1157.7 ± 12.5* 1161.0 ± 2.6* 5209.3 ± 609.0* 

7 1582.7 ± 100.3* 1862.0 ± 37.0* 2186.0 ± 240.0* 2681.7 ± 587.4* 4746.0 ± 845.9* 

8 1360.3 ± 111.2* 1674.0 ± 65.1* 1948.0 ± 146.7* 2607.3 ± 578.5* 4644.7 ± 698.6* 

9 1046.2 ± 60.9* 1312.3 ± 66.5* 1357.3 ± 155.0* 3004.7 ± 418.9* 4000.3 ± 263.8* 

10 357.3 ± 3.6 360.0 ± 4.7 377.5 ± 3.6 2635.3 ± 319.6* 3531.3 ± 400.1* 

11 108.6 ± 3.8 116.7 ± 7.3 173.6 ± 19.5 2584.0 ± 213.9* 3279.3 ± 130.0* 

12 66.8 ± 6.6 72.8 ± 22.1 109.6 ± 14.7 2105.7 ± 185.8* 2735.3 ± 477.0* 

* When a value is displayed in italics, it means that the result is not meaningful as sample was sedimenting during analysis. 

These values are only indicative of the agglomeration trend. 

The results also show a particle size/concentration dependence at nanoparticle 

concentrations above 50 mg/L, especially at pH > 5. This is presumably due to the fact that 

when particle concentration increases, the distance between the particles in the sample is 

reduced, which increases the chance of collision between particles and hence, their 

aggregation. Previous studies (Baalousha 2009; Dickson et al. 2012) indicated similar 

findings for this concentration range. It should be noted here that injected concentrations of 

Fe2O3NPs on contaminated sites are generally between 1 to 10 g/L (Saleh et al. 2008), and 

aggregation phenomena are expected to be even more exacerbated in this high concentration 

range. 
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Figure 4-5: Influence of particle concentration on the Z-average hydrodynamic diameter of Fe2O3NPs at 
different pH, as measured by DLS. 

These results can also be explained by the DLVO theory. Figure 4-6 shows the interaction 

forces that arise between two nanoparticles at concentrations of 10 and 200 mg/L, 

respectively. At 10 mg/L and high pH values (i.e. pH 10, 11 and 12), a net positive energy 

barrier prevents particles from aggregating. Because this barrier decreases from pH 12 to pH 

10, we observe an increase in particle aggregate sizes. However, at 200 mg/L and pH 10, the 

net energy between particles is attractive which induces the aggregation of particles. At pH 

11 and pH 12, the net positive barrier, although existing, is too low to prevent the particles 

from aggregation. 
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a) 

 
b) 

Figure 4-6: Interaction forces between two spherical Fe2O3NPs (30 nm diameter) as a function of pH at (a) 
10 mg/L and (b) 200 mg/L concentration according to the DLVO theory. 
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4.4.1.2 Effect of pH 

The effect of pH on the aggregate size of Fe2O3NPs at a concentration of 50 mg/L is shown 

in Table 4-3 for FlFFF, DLS and SEM measurements. The size analysis showed a good 

agreement among the three measurement techniques. In general, the sizes measured by SEM 

were comparable to FlFFF sizes, while the sizes measured by DLS were generally larger 

than FlFFF. DLS is known to be very sensitive to larger particles and a very small number of 

large particles (e.g. formed during the aggregation process) can induce a substantial shift 

toward larger sizes (Domingos et al. 2009). Moreover, it has also been demonstrated that the 

diffusion coefficient, from which the Z-average hydrodynamic diameter is determined, may 

show angular dependence and that lower angles yielded more precise values than those 

obtained at one angle only, which is the case with DLS (Takahashi et al. 2008).  

At pH 10, a significant difference in size was observed using the SEM, FlFFF and DLS 

techniques; the FlFFF results in particular, were much lower than those from other 

techniques showing the limitation of this technique. This could be explained by the fact that, 

at this pH, both the FFF membrane and Fe2O3NPs are negatively charged. Thus, in addition 

to the concentration gradient effect that drives the diffusion of particles back into the 

channel, electrostatic repulsive forces also arise between particles and the membrane, 

causing lower retention times than expected and translating into an underestimation of 

particle size. 

Another limitation of the FlFFF techniques simulating environmental conditions is related to 

the recovery of the injected sample. FlFFF fractograms show that the majority of the 

samples are eluted in the void region (except at pH 3) and only a small fraction of the 

injected sample (i.e. < 5%) is detected during the elution time. This can probably be 

explained by the fact that when pH increases, some large aggregates may be formed (> 1 

μm). These aggregates (even though not representative of the whole sample) are much larger 
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than the rest of the sample and are eluted in the void peak in steric elution mode. To reduce 

the intensity of the void peak signal, pre-fractionation of the sample could be used to 

increase the sample concentration and recovery during the elution. 

Despite differing in absolute values, size measurements by FlFFF and DLS did show similar 

trends. Both the hydrodynamic diameter (from FlFFF) and Z-average hydrodynamic 

diameter (from DLS) increased slightly from pH 3 to 5 with the formation of doublets, 

triplets or larger aggregates (as illustrated by the SEM images) and then increased 

significantly at higher pH values, up to a maximum at pH 7 (i.e. at the PZC) with the 

formation of very large aggregates (cf. SEM image). Around the PZC, aggregation was so 

extensive that the samples could not be measured by FlFFF and DLS. At pH values above 

the PZC, aggregate sizes started to decrease but not at the same rate. As discussed 

previously, at high particle concentration (i.e. 200 mg/L), the chance of collision is 

enhanced, as is the potential for aggregation due to lower interparticle repulsive forces 

according to the DLVO theory. However, below 50 mg/L, far from the PZC (i.e. pH 10 to 

12), Fe2O3NPs remained stable and the average particle size became closer to the original 

size (i.e. as measured at pH 3). 
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Table 4-3: Summary of the hydrodynamic diameter of Fe2O3NPs at variable pH as determined from 
FlFFF/UV, DLS and SEM at 50 mg/L. 

pH FlFFF/UV fractograms  
and hydrodynamic diameter (nm) 

Hydrodynamic 
diameter as 

determined by 
DLS (nm) 

Corresponding SEM images (50 mg/L)  

3 

 
 
 

27.05 ± 0.16 

 
55.3 ± 2.4 

 
Approximated size: 25 nm 

4 

 

 
 

41.42 ± 0.04 

63.0 ± 3.9 

 
Approximated size: 35 nm 

5 

 

 
 

80.33 ± 0.74 

 
106.1 ± 3.6 

 
Approximated size: 80 nm 
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7 
Samples settled down rapidly to the bottom of the vial 

and could not be analysed by FlFFF and DLS. 
 

 
Approximated size: 1500 nm 

10 

 
132.03 ± 5.85 

377.5 ± 3.6 

 
Approximated size: 250 nm 

 

Figure 4-7 shows the DLVO energy profiles for particle-particle interactions as a function of 

pH at 50 mg/L. From pH 2 to 7, there is a significant decrease in the repulsive forces 

between particles due to the decrease in particle surface charge to zero at the PZC (Figure 

4-4). Around the PZC there is no net positive energy barrier promoting the formation of very 

large aggregates (i.e. up to several micrometres) since the only factor controlling aggregation 

is Brownian motion (Hu et al. 2010). At higher pH, starting at pH 10, the particles become 

highly negatively charged; giving rise to repulsive forces, and a net positive energy barrier 

once again prevents particles from aggregating. 
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Figure 4-7: Interaction forces between two spherical iron oxide nanoparticles (30 nm diameter, 50 mg/L) 
as a function of pH according to the DLVO theory. 

4.4.1.3 Effect of ionic strength 

Figure 4-8 shows the FlFFF/UV fractograms of Fe2O3NPs as a function of ionic strength, 

and Table 4-4 gives the corresponding hydrodynamic diameters obtained from the FFF 

fractograms as well as the Z-average hydrodynamic diameters obtained by DLS 

measurements.  

The DLS results show an increase in particle aggregate sizes with increasing ionic strength. 

At low ionic strength (1 mM-5 mM NaCl and 0.5 mM CaCl2), the Z-average hydrodynamic 

diameter varies slightly from 63.19 to 64.92 nm. This is not significantly different from the 

size of nanoparticles measured in ultrapure water. This indicates that at low ionic strength, 

electrostatic repulsive forces are dominant over the attractive forces, preventing particles 

from aggregation. However, the use of 10 mM NaCl or 2 mM CaCl2 resulted in particle 
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aggregation, probably due to the reduction in repulsive forces between particles as shown in 

Figure 4-9. 

The FlFFF fractograms (Figure 4-8) show no change in the retention times with increased 

ionic strength but a significant decrease in the UV signal intensity is observed. The constant 

elution time is expected as it has been demonstrated in previous studies that ionic strength 

has no effect on retention time of particles of the same size (Dubascoux et al. 2008; Shon et 

al. 2009). 

 

Figure 4-8: FlFFF fractograms of Fe2O3NPs (50 mg/L; pH 4) at variable ionic strength. 
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Table 4-4: Hydrodynamic diameter (FFF) and Z-average hydrodynamic diameter (DLS) of Fe2O3NPs as a 
function of ionic strength. 

Ionic strength 
Particle size (nm) 

FlFFF/UV DLS 

Ultrapure water 41.4 ± 0.1 61.4 ± 1.4 
1 mM NaCl 42.3 ± 0.1 63.2 ± 3.6 
5 mM NaCl 42.8 ± 1.7 64.4 ± 5.2 

10 mM NaCl 44.7 ± 2.5 312.4 ± 10.7 

0.5 mM CaCl2 44.4 ± 0.6 64.9 ± 4.9 

2 mM CaCl2 44.8 ± 2.7 438.7 ± 18.1 

 

However, the decrease in UV signal points to a lower recovery at higher ionic strength, 

which could be explained by the DLVO theory and DLS results. Figure 4-9 shows that 

increasing ionic strength leads to a significant decrease in the repulsive forces between 

particles, which could lead to the formation of larger particle aggregates. Dubascoux et al. 

(2008) explained that an increase in ionic strength leads to a decrease in the double layer 

thickness of particles, which promotes the formation of larger aggregates. These larger 

clusters of particles will be located closer to the FFF membrane which will increase the 

interactions between the membrane and these larger aggregates. Thus, they could be 

irreversibly adsorbed onto the membrane explaining the observed decrease in the UV signal. 
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Figure 4-9: Interaction forces between two spherical Fe2O3NPs (30 nm diameter; 50 mg/L; pH 4) at 
variable ionic strength according to the DLVO theory. 

4.4.2 Stability of DOM-coated Fe2O3 NPs under environmentally relevant 

conditions 

4.4.2.1 Effect of DOM on particle surface charge 

Figure 4-10 shows the zeta potential profiles of Fe2O3NPs alone (200 mg/L), HA-coated 

Fe2O3NPs at variable HA concentration and HA alone (50 mg/L) plotted as a function of pH, 

ranging from 3 to 10.  

At low HA concentrations (i.e. from 5 to 20 mg/L), the zeta potential of Fe2O3NPs 

decreases, resulting in the PZC occurring at lower pH values (i.e. from pH 7 for 0 mg/L HA 

to pH 4 for 20 mg/L HA). This shift in the pH of the PZC is probably due to the adsorption 

of HA on the surface of Fe2O3NPs causing a change in their surface charge. The zeta 

potential of HA indicates that it is negatively charged over the whole pH range. This is due 

to the fact that HA macromolecules carry many functional groups, including carboxylic and 
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phenolic groups (Hajdú et al. 2009; Hu et al. 2010; Dickson et al. 2012). At concentrations 

above 20 mg/L, the zeta potential of HA-coated Fe2O3NPs remained negative across the 

whole pH range tested. At pH values greater than the PZC of the uncoated Fe2O3NPs, both 

Fe2O3NPs and HA are negatively charged and adsorption of HA is not expected to occur. 

Thus, the decrease in zeta potential values is probably due to the increased HA concentration 

which brings more negative charges into solution and shifts the zeta potential downwards. 

 

Figure 4-10: Effect of HA concentration on the zeta potential profile of Fe2O3NPs as a function of pH. 

4.4.2.2 Effect of DOM concentration on particle aggregation 

The effect of HA concentration on the aggregation of HA-coated Fe2O3NPs was investigated 

by FlFFF and DLS (Figure 4-11) at pH 4. At this pH, Fe2O3NPs are strongly positively 

charged (i.e. zeta potential of +38.5 mV, Figure 4-10) and HA is still strongly negatively 

charged (i.e. zeta potential of -38.8 mV, Figure 4-10). As the adsorption of DOM on the 

surface of Fe2O3NPs is mainly governed by Coulombic interactions via ligand-exchange 
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reactions, this provides the most favourable conditions for sorption (Filius et al. 2000; 

Chorover and Amistadi 2001; Illés and Tombácz 2004). 

 

Figure 4-11: (a) FlFFF fractograms and (b) DLS results of HA-coated Fe2O3NPs at variable DOM 
concentrations (5-100 mg/L). 

At low concentration (i.e. < 20 mgHA/L), HA partially neutralises the positive charges on 

Fe2O3NPs as shown in the zeta potential profile in Figure 4-10. Thus, aggregation takes 

place and extends with increasing HA concentration to reach a peak at 20 mgHA/L at which 

point the zeta potential is reduced to almost zero. At HA concentrations of 10 and 20 mg/L, 

very large aggregates were formed (see Figure 4-11b) and due to their rapid sedimentation 

on the bottom of the vial, FlFFF analysis could not be performed. From the FlFFF 

fractogram of the mixture of Fe2O3NPs with 5 mg/L of HA, the following observations can 

be made. Compared to the fractogram of Fe2O3NPs alone, there is a slight increase in the 

void peak UV signal which is probably due to the loss of sample during the injection and 
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focusing step and because HA is better adsorbed by UV as shown on the fractogram of HA 

alone. The second observation is that no apparent shift toward larger retention times is 

observed because the difference in size obtained from both fractograms is very low. This can 

be explained by the fact that at 5 mgHA/L, there is a very low amount of HA in the solution; 

thus, the number of coated nanoparticles is very low and they were not detected during the 

FFF analysis. 

At higher HA concentrations (i.e. ≥ 50 mg/L), the surface of the Fe2O3NPs becomes 

negatively charged (i.e. -27.1 mV at 50 mgHA/L, Figure 4-10) providing electrostatic 

stabilisation of the particles and reducing their aggregation (i.e. from almost 1700 nm at 20 

mgHA/L to 85.2 nm at 50 mgHA/L as measured by DLS as shown in Figure 4-11b). A 

significant increase in the void peak UV signal can be observed on the FFF fractograms of 

50 mgHA/L and 100 mgHA/L (Figure 4-11a). This can be caused by the unadsorbed HA 

macromolecules. In fact, HA has a molecular weight of 38.7 kDa (as measured by FlFFF – 

see Figure 4-12) which corresponds to approximately 1.7 nm (conversion based on (Shon et 

al. 2006)) and is considerably smaller than the Fe2O3NPs. Therefore, the applied cross flow 

was too low to retain the unadsorbed HA molecules, and the elution of unretained HA is 

indicated by the larger void peak. FFF results also showed a shift toward higher retention 

times (compared to the FIFFF fractogram of bare Fe2O3NPs), indicating the formation of 

small aggregates of coated-particles. The broadening of the peak is probably caused by 

aggregates having different size and conformation. At a HA concentration of 100 mg/L, both 

DLS and FFF measurements indicate an increase in the particle size, which is probably due 

to the formation of larger aggregates. This consideration is supported by the fact that a small 

fraction of the sample settled on the bottom of the vial.  

Finally, by comparing DLS and FFF results, it is clear that FFF, as a fractionation method, 

can provide not only the hydrodynamic diameter of the coated particles but also valuable 

information on the coating itself. For instance, the FFF results may be used to assess the 



128 

 

amount of HA coated onto the nanoparticles by comparing the intensity of the void peak on 

the fractograms of HA alone and HA-coated Fe2O3NPs. This demonstrates the versatility of 

FFF over conventional size-measurement techniques.  

 

Figure 4-12: FlFFF-UV fractograms of HA (100 mg/L) for molecular weight determination. 

4.4.2.3 Stability under realistic conditions of pH and ionic strength 

The stability of HA-coated Fe2O3NPs was tested under realistic environmental conditions 

(i.e. pH 7, 10 mM NaCl and 0.5 mM CaCl2) to verify whether or not this coating could be 

used effectively in the field. Figure 4-13 shows the FFF and DLS results for the stability 

study of a mixture of Fe2O3NPs (200 mg/L) coated by HA (50 mg/L). 

Compared to bare Fe2O3NPs, HA-coated Fe2O3NPs were less affected by an increase in pH 

and were much more stable under neutral pH conditions. In fact, for the bare nanoparticles, 

an increase in pH to pH 7 (i.e. the PZC) resulted in extensive aggregation with the formation 

of large aggregates that were thirty-five times larger than at pH 4 (Figure 4-13b). However, 

when the nanoparticles were coated with HA, the same increase in pH resulted in a size 
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increase of less than 15%. This is most likely due to the negatively charged HA layer on the 

Fe2O3NPs surface which prevents particles from aggregating through electrostatic repulsion. 

Moreover, the macromolecular layer can also provide steric stabilisation by causing 

entropically unfavourable conditions when the particles come closer to one another (Tiller 

and O'Melia 1993; Illés and Tombácz 2004).  

 

Figure 4-13: (a) FlFFF fractograms and (b) DLS results of HA-coated Fe2O3NPs (50 mg/L HA and 200 
mg/L Fe2O3 NPs) at environmentally relevant conditions. 

Regarding the effect of NaCl on the stability of HA-coated Fe2O3NPs, FFF and DLS results 

(cf. Figure 4-13) showed that increasing the NaCl concentration to 10 mM does not result in 

aggregation or sedimentation of the sample in comparison to bare Fe2O3NPs. In fact, it has 

been demonstrated in previous studies (Illés and Tombácz 2004; Hajdú et al. 2009) that HA-

coated Fe2O3NPs are more stable under high NaCl concentration due to the electrosteric 

stabilisation providing by HA coating. 

In the presence of CaCl2 at 0.5 mM, HA-coated Fe2O3NPs became unstable and formed 

large aggregates (greater than 500 nm when measured by DLS). The effect of increasing the 

CaCl2 concentration on FFF results is that no peaks were observed, which is most likely to 

be the results of aggregation and consequently much longer retention times. This 

aggregation behaviour could be attributed to the formation of complexes between Ca2+ and 
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HA, which neutralises the negative charge imparted by the HA coating on the Fe2O3NPs and 

thus, reduces the electrostatic stabilisation which previously arose between the coated 

nanoparticles. In addition, the presence of Ca2+ cations may promote the formation of 

complexes Fe2O3NPs-HA-Ca2+-HA- Fe2O3NPs  (Chen et al. 2006). It has also been reported 

that other alkaline earth metal divalent cations such Ba2+ and Sr2+ could accelerate hematite 

aggregate growth at very low concentrations, whereas Mg2+ showed no effect on aggregation 

even at high concentrations (Chen et al. 2007). 

4.5 Conclusions 

The stability of both coated and uncoated Fe2O3NPs has been investigated under different 

environmental conditions by using several analytical techniques and a theoretical method. 

The need for a multi-method approach has been clearly demonstrated by highlighting the 

limitations of each method.  

The pH and ionic strength are important environmental conditions that need to be carefully 

considered before releasing nanoparticles into the environment. In the case of Fe2O3NPs, 

commonly encountered soil and groundwater conditions (i.e. pH 6-8 and high ionic strength) 

can induce extensive aggregation and can thus considerably reduce their mobility and 

reactivity once injected into subsurface environments. Finding solutions to reduce or 

suppress particle aggregation is therefore crucial in optimising remediation strategies using 

these materials. Surface coating is one of the preferred methods used to enhance the stability 

of the Fe2O3NPs. The choice of surface modifier is important and this will depend on the soil 

conditions and the target contaminants. This study has demonstrated the performance of 

DOM as a surface coating under conditions similar to the natural soil environment. DOM-

coated nanoparticles were observed to show higher stability than bared Fe2O3NPs under 

most studied conditions.  
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CHAPTER 5  

MULTI METHOD APPROACH TO ASSESS 

THE BEHAVIOUR OF IRON OXIDE 

NANOPARTICLES STABILISED WITH 

ORGANIC COATING 
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5.1 Introduction 

nZVI is currently the most widely studied ENPs for soil and groundwater remediation as 

many studies have demonstrated that these nanoparticles exhibit high reactivity in 

remediating aquifers contaminated by non-aqueous phase liquids, hazardous element ions, 

and many other hazardous compounds (Elliott and Zhang 2001; Cundy et al. 2008; Geng et 

al. 2009). Delivering the nZVI to the contaminant source zone is essential for the success of 

in-situ remediation. However, many laboratory and pilot-scale field studies have 

demonstrated that the mobility and reactivity of iron-based nanoparticles are substantially 

limited in natural porous systems such as soils and groundwater aquifers (Schrick et al. 

2004; Quinn et al. 2005; He and Zhao 2007; Saleh et al. 2007).  

Aggregation is considered to be the primary cause of this reduced mobility and reactivity, 

and is the result of many factors including solution pH, ionic strength, and the presence of 

organic matter as demonstrated in the previous chapter. To overcome this limitation, surface 

modification using charged polymers, polyelectrolytes or surfactants is now widely used to 

disperse nanoparticles in environmental matrices of soil and water (Zhang et al. 1998; 

Schrick et al. 2004; Saleh et al. 2005; He et al. 2007; Saleh et al. 2007; Hajdú et al. 2009; 

Phenrat et al. 2009; Sirk et al. 2009; Cirtiu et al. 2011). These modifications can 

theoretically provide both electrostatic and steric (so-called electrosteric) stabilisation to 

prevent particles from aggregating and can also reduce the propensity for surface attachment 

(Saleh et al. 2008). Although these different surface coatings can enhance nanoparticle 

stability, unfortunately, they can also be expensive, have toxic effects on the environment, 

and alter the interaction of ENPs with contaminants (Tiraferri et al. 2008).  

Natural surface coating by the adsorption of dissolved organic matter (DOM), such as humic 

and fulvic acids, on the surface of nanoparticles has also been studied as an alternative 

“green” surface coating, and has been demonstrated to enhance nanoparticle stability 
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through electrosteric stabilisation (Mylon et al. 2004; Illes and Tombácz 2006; Hu et al. 

2010). The advantage of DOM over conventional surface modifiers is that DOM is naturally 

abundant in the environment, inexpensive, non-toxic, and has the ability to both adsorb onto 

metal oxide nanoparticles and complex with heavy metals (Liu et al. 2008; Dickson et al. 

2012). A recent study by Zhang et al. (2013) has also demonstrated the capacity of humic 

acid (HA) coated iron oxide nanoparticles to remove organic dyes from wastewater. Finally, 

a study by Chen et al. (2011) demonstrated that DOM - coated nZVI may significantly 

mitigate bacterial toxicity due to the electrosteric hindrance preventing direct contact. 

In this chapter, Fe2O3 NPs coated with DOM were characterised using modern analytical 

methods: flow field-flow fractionation (FlFFF), high performance size exclusion 

chromatography (HPSEC) and Fourier transform infrared spectroscopy (FTIR), in order to 

understand with greater confidence the interaction between DOM and Fe2O3 NPs. The use of 

a multi-method approach for the characterisation of ENPs has been demonstrated in the 

previous chapter and by other researchers (Domingos et al. 2009; Cerqueira et al. 2011; 

Cerqueira et al. 2012). Several characteristics were investigated in terms of surface charge, 

size, adsorption capacity and chemical bonds. The aggregation and disaggregation behaviour 

of the coated NPs was also investigated with FlFFF to assess their stability over time. 

Disaggregation is another important factor for predicting the fate and behaviour of NPs once 

released into the environment (Christian et al. 2008), however, there are only few studies 

available on the disaggregation of NPs (Baalousha 2009) and this is mainly due to analytical 

challenges. The use of FlFFF to study the aggregation and disaggregation behaviour of 

nanoparticles presents several advantages over conventional size-measurement techniques. 

In particular, compared to dynamic light scattering which only measures an average particle 

size, FlFFF is a fractionation method and separation of the sample allows accurate 

determination of the particle size distribution which is very useful for 

aggregation/disaggregation studies. 
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This chapter is an extension of the research article published by the author in Science of the 

Total Environment (Chekli et al. 2013). 

5.2 Experimental 

5.2.1 Chemicals and reagents 

Commercially available Fe2O3 NPs (α-Fe2O3, average particle size 30 nm, BET 50-245 m2/g, 

20 wt. % dispersed in water at pH 4) and humic acid (HA) (technical grade) were supplied 

by Sigma-Aldrich Australia. SRNOM was obtained from the International Humic 

Substances Society (IHSS, St. Paul, USA). HA and SRNOM were employed as the DOM 

sources. 

5.2.2 Sample preparation 

Fe2O3 NPs were suspended in ultrapure water with a resistivity of 18 MΩ cm (MilliQ, 

Millipore, USA) to obtain a final concentration of 2 g/L at pH 4 ± 0.1. Solution pH was 

adjusted using 0.1 M HCl and 0.1 M NaOH solutions and left for 24 hours to equilibrate, 

after which the pH was re-measured and adjusted if necessary for all experiments. No 

buffers were used in this study, as their ionic strength may alter the surface chemistry of the 

Fe2O3 NPs, enhancing their aggregation (Baalousha 2009). 

HA and SRNOM were dissolved in ultrapure water to obtain solutions with a concentration 

of 500 mg/L. These were then filtered through a 0.45 μm filter using vacuum suction. The 

filtrate was retained as the stock solution, and stored at 4°C prior to experimental use. The 

total organic content (TOC) of the DOM solutions (dilution 1:10 of the stock solutions) was 

measured as 19.1 mgC/L and 18.9 mgC/L, for HA and SRNOM respectively, using a TOC 

analyser (Multi N/C 3100, Analytic Jena AG, Germany).  
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DOM-coated Fe2O3 NPs were prepared by mixing (i.e. using a magnetic stirrer) 10 mL of 

concentrated Fe2O3 NPs (i.e. 2 g/L) with 10 mL of DOM stock solution and diluted with 

ultrapure water to obtain solutions with Fe2O3 NP concentrations of 200 mg/L and DOM 

concentration of 50 mg/L. While stirring, the solutions were constantly kept at pH 4, as a 

previous study demonstrated that this is a favourable pH for DOM adsorption (Illés and 

Tombácz 2004). Solutions were stirred for 24 h, and samples were taken at different time 

intervals and measured by the different analytical methods. The final solutions were then 

stored for 14 days at ambient temperature for the stability study. 

5.2.3 Characterisation of DOM-coated Fe2O3 NPs 

5.2.3.1 Adsorption experiments 

The Fe2O3 NPs (200 mg/L) were equilibrated with HA and SRNOM solutions (50 mg/L) for 

24 h at ambient temperature as described in the previous section. Samples were taken at 

different time intervals (i.e. 1 min, 2 min, 5 min, 10 min, 20 min, 30 min, 1 h, 2h, 5 h, 10 h 

and 24 h) and then centrifuged for 10 min at 3500 rpm (Model 2040, Centurion Scientific 

Ltd, UK) to separate the solution from the solid particles. The total organic carbon (TOC) 

content of the supernatant was then measured via a TOC analyser (Multi N/C 3100, Analytic 

Jena AG, Germany). The amount of DOM adsorbed on the surface of Fe2O3 NPs was 

calculated from the following equation: 

                                                       (1) 

Where, C0 and Ct (mg/L) are the initial and concentration at time t of DOM in solution, V 

(L) is the solution volume and m (g) is the mass of the Fe2O3 NPs. 

Adsorption data were fitted to the pseudo first and pseudo second-order kinetic models using 

linearized parameter estimations. The pseudo-second order kinetic model showed good 
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correlations while the pseudo first-order model showed significantly low fit (R2 < 0.5). 

Therefore, in this study, the pseudo second-order kinetic model was employed for data 

analysis. The linear form of this model can be described as (Febrianto et al. 2009): 

                                                      (2) 

Where, k (g/(mg.min)) is the rate of the pseudo second-order and qe (mg/g) is the amount of 

DOM adsorbed on the surface of Fe2O3 NPs at equilibrium. The k and qe values were 

calculated from the slope and intercept of the y-axis obtained after plotting t/q(t) against t 

respectively. 

5.2.3.2 Surface charge, average hydrodynamic diameter and particle size distribution 

A Zetasizer (ZEN3600; λ = 633 nm; Malvern Instruments, UK) was used to determine zeta 

potential and Z-average hydrodynamic diameter of the samples, as described in Chapter 3. 

Zeta potential as a function of pH was measured in the range pH 3-10 for the Fe2O3 NPs (200 

mg/L), HA (50 mg/L) and SRNOM (50 mg/L). At the end of the adsorption experiment (i.e. 

after 24h stirring), solutions of DOM-coated Fe2O3 NPs were pH adjusted (i.e. from pH 3 to 

pH 10) and zeta potential measurements were carried out at different pH. 

The average hydrodynamic diameter of the DOM-coated Fe2O3 NPs was measured at 1 h, 

2 h, 5 h and 10 h time intervals. Three aliquots were measured per sample, to obtain the 

reported values and associated standard deviations. 

FlFFFa (Postnova analytics, Germany) was used to assess the distribution of hydrodynamic 

diameters in the samples. FlFFF principles and methods are described in Chapter 3. At least 

three independent replicates were run per sample and the data were averaged. In general, 

good agreement among the replicates was observed (i.e. peak heights differing by less than 
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5 % and peak maxima differing by less than 2 %). The FlFFF operating conditions are 

summarised in Table 5-1.  

Measurements were conducted after 1h, 2h, 5h and 10h of stirring time using ultrapure water 

at pH 7 for the mobile phase for all samples except the bare Fe2O3 NPs which were run in 

ultrapure water at pH 4 due to their instability at pH 7. This pH (i.e. pH 7) was chosen for 

the DOM-coated Fe2O3 NPs as it falls within the range of groundwater pH (i.e. about 5.5 to 

8.5) (Chi and Amy 2004) and this coated nanoparticles are likely to be used for the purpose 

of soil and groundwater remediation. FlFFF measurements were made on the same samples 

at the same time points as for DLS experiments to ensure data comparability. 

Table 5-1: Summary of the different FlFFF operating conditions used for particle size determination. 

Sample Channel flow 
(mL/min) 

Cross flow 
(mL/min) Mobile phase 

Fe2O3NPs – 200 mg/L 

1 0.5 

Ultrapure water at pH 4 
HA and SRNOM – 50 

mg/L Ultrapure water at pH 7 

HA-coated Fe2O3NPs Ultrapure water at pH 7 
SRNOM-coated Fe2O3NPs 0.15 Ultrapure water at pH 7 

Latex beads of 22 nm, 58 nm and 100 nm (Postnova Analytics, Germany) were used to 

create calibration curves from which hydrodynamic diameters of the particles were 

determined. These curves correlated the retention time to particle size. Calibration curves 

were established for all mobile phases and conditions (change in cross flow or channel flow) 

used in this study and regularly (i.e. once a week) re-drawn to check the accuracy of data. 

5.2.3.3 Extended stability of DOM-coated Fe2O3 NPs and disaggregation study 

The stability of DOM-coated Fe2O3 NPs was assessed by measuring their size distribution by 

FlFFFb (Wyatt Technology, Dernbach, Germany) after 14 days, without any perturbation, 

following first measurements.  

After measuring the size of the aggregates formed during this 14-day period, a vortex mixer 

(VELP Scientifica, 1 min, 3000 rpm) was used to induce disaggregation to assess the 
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stability of the formed aggregates and agglomerates. The mobile phase used for the 

disaggregation study was ultrapure water at pH 7. Operating conditions were channel flow 

of 1 mL/min and crossflow of 0.5 mL/min. 

5.2.3.4 Characterisation of binding properties between Fe2O3 NPs and DOM 

HPSEC analysis 

The size distributions of DOM solutions before and after adsorption on Fe2O3NPs were 

determined by HPSEC. HPSEC is a low resolution chromatography technique which 

separates particles on the basis of molecular hydrodynamic size. In an HPSEC column, the 

smaller molecules are trapped in the pores of the gel. The larger molecules simply pass by 

the pores as they are too large to enter it. Therefore, the larger molecules will elute quicker 

than smaller ones (Mori and Barth 1999). HPSEC used in this study (Shimadzu, Japan) 

consisted of a glycol-functionalised silica gel column (Protein-Pak 125, Waters, USA) with 

fluorescence detector (RF-10A, Shimadzu, Japan). Standard polystyrene sulfonates (PSS: 

210, 1800, 4600, 8000, and 18000 Da, Polymer Standards Service, Germany) were used to 

calibrate the equipment. Details of the measurement methodology are given elsewhere (Shon 

et al. 2004). A flow rate of 0.7 mL/min was used. All injection volumes of the samples were 

100 μL. Samples used in HPSEC experiments were the same as for DLS and FlFFF 

experiments to ensure data comparability. 

FTIR analysis 

Chemical bonding information on metal-oxygen, hydroxyl, and other functional groups was 

obtained with FTIR spectroscopy using the IRAffinity-1 (FTIR-8400S, Shimadzu, Japan). 

Infrared spectra were recorded on ZnSe through plate (PIKE technologies, USA). Each 

spectrum is the sum of 25 scans at a resolution of 2 cm-1. Samples of bare and coated 

Fe2O3 NPs (after 24 h stirring) were completely dried before performing measurements. For 
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the coated NPs, samples were first centrifuged and the supernatant discarded to remove the 

excess of DOM. 

5.3 Results and discussion 

5.3.1 Surface charge of DOM-coated Fe2O3 NPs 

Figure 5-1 shows the zeta potential profiles of Fe2O3 NPs alone (200 mg/L), DOM-coated 

Fe2O3 NPs and DOM alone (50 mg/L), as a function of pH, ranging from 3 to 10. The zeta 

potential profile of Fe2O3 NPs showed that the nanoparticles were highly positively charged 

at low pH values (i.e. pH 3-5). The zeta potential decreased as pH increased from 5 to 9 and 

became highly negative above pH 10 with a point of zero charge (PZC) at around pH 7. This 

value is within the range of PZC values found in the literature for Fe2O3 NPs (Tombácz et al. 

2004; Illes and Tombácz 2006; Baalousha et al. 2008; Baalousha 2009; Hu et al. 2010). 

The zeta potential profiles of HA and SRNOM indicate that they are negatively charged over 

the whole pH range. This is due to the fact that DOM macromolecules carry several 

negatively charged functional groups, including carboxylic and phenolic groups (Hajdú et al. 

2009; Hu et al. 2010; Dickson et al. 2012). The zeta potential profiles of DOM-coated 

Fe2O3 NPs also remain negative across the whole pH range tested and are quite similar to the 

zeta potential profiles of the DOM. This indicates that both HA and SRNOM cover the 

surface of the bare Fe2O3NPs, providing electrostatic stabilisation over a wide range of pH. 
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Figure 5-1: Zeta potential profiles of Fe2O3NPs, DOM-coated Fe2O3NPs, HA and SRNOM. 

5.3.2 Particle size and size distribution analysis by FlFFF and DLS 

The hydrodynamic sizes of the bare and DOM-coated nanoparticles were firstly determined 

by FlFFF (Figure 5-2). Measurements were made at pH 7 for the DOM-coated Fe2O3 NPs to 

assess their stability under groundwater conditions (i.e. groundwater pH are usually within 

the range 5.5-8.5 (Chi and Amy 2004)). Moreover, at this pH, the DOM-coated Fe2O3 NPs 

are highly negatively charged (as displayed in Figure 1) which should theoretically enhance 

electrostatic stabilisation compared to pH 4.  

The FlFFF data allow a direct comparison between the bare and coated particles. By 

comparing the fractograms of the bare and coated Fe2O3 NPs (Figure 5-2), two key 

observations can be identified. Firstly, there was a significant increase in the void peak UV 

signal (i.e. from 0.06 a.u. for the bare nanoparticles to about 0.35 a.u. and 0.75 a.u. for all 

HA-coated and SRNOM-coated nanoparticles respectively). This may be caused by 



141 

 

unadsorbed DOM macromolecules which are considerably smaller than the Fe2O3 NPs. The 

applied cross flow was too low to retain the unadsorbed DOM, and so the elution of 

unretained DOM was indicated by the larger void peak. When the stirring time increased 

from 1 h to 10 h (i.e. labelled (c) to (f) on Figure 5-2), a decrease in the void peak signal was 

observed on the fractograms of both DOM-coated Fe2O3 NPs. This decrease in the void peak 

signal can be explained by the increasing adsorption of DOM onto the surface of the 

Fe2O3 NPs resulting in decreasingly fewer free DOM species in the solution and therefore 

less eluted DOM in the void peak.  

 

Figure 5-2: FlFFF fractograms of HA-coated and SRNOM-coated Fe2O3NPs after different mixing time at 
pH 4. 
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The second observation identified in the FIFFF data is a small shift toward smaller sizes of 

the peak maxima (by comparing fractograms (c) with fractograms (d) to (f) for both coated 

nanoparticles), probably indicating the formation of more stable coated particles. The shift is 

more important for the HA-coated Fe2O3 NPs (i.e. peak maxima decreasing by 11.1 % 

against 4.8 % for the SRNOM-coated Fe2O3 NPs), which may indicate that the SRNOM-

coated Fe2O3 NPs reach equilibrium more rapidly (which was confirmed by the adsorption 

experiments displayed on Figure 3a and 3b). The broadening of the peak by comparing the 

fractograms of the bare (i.e. fractograms (a)) and coated Fe2O3 NPs (i.e. fractograms (c) to 

(f)) may be caused by the coated particles having different size and conformation. It should 

also be noted that the peaks in the fractograms of HA-coated Fe2O3 NPs are broader than 

those of SRNOM-coated Fe2O3 NPs. This may indicate that SRNOM-coated Fe2O3 NPs are 

more stable since the size distribution of the coated particles is narrower, indicating less 

aggregation. On the fractograms of both coated Fe2O3 NPs, a second peak was observed 

between the void peak and the elution peak. This can be attributed to the formation of small 

aggregates of DOM macromolecules. In fact, the coated-particles were prepared at pH 4 and 

at this pH, both HA and SRNOM are less negatively charged than at higher pH (as displayed 

in Figure 5-1) which could promote their aggregation. 

These FlFFF results were compared with those from DLS.  In general, the sizes measured by 

DLS (Table 5-2) were larger than FlFFF, which is in accordance with the results obtained in 

Chapter 4. DLS is known to be extremely sensitive to larger particles and a very small 

number of large particles (e.g. due to the formation of aggregates), can induce a substantial 

shift toward larger sizes (Domingos et al. 2009). Moreover, DLS measurements were made 

at pH 4, pH at which the coated nanoparticles are less negatively charged which might 

promote the formation of some aggregates. 
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Table 5-2: Z-average hydrodynamic diameter of bare Fe2O3NPs, HA-coated Fe2O3NPs and SRNOM-
coated Fe2O3NPs as determined by DLS (at pH 4 for bare Fe2O3NPs and at pH 7 for DOM-coated 

Fe2O3NPs). 

 Z-average hydrodynamic diameter (nm) 

Bare Fe2O3NPs 63 ± 4 

Mixing time HA-coated Fe2O3NPs SRNOM-coated Fe2O3NPs 

1h 95 ± 4 127 ± 5 

2h 91 ± 3 124 ± 4 

5h 90 ± 3 124 ± 3 
10h 89 ± 2 122 ± 3 

 

Despite differing in absolute values, size measurements by FlFFF and DLS show similar 

trends. Both the hydrodynamic diameter (from FlFFF) and z-average hydrodynamic 

diameter (from DLS) of the coated particles slightly decreased with increasing stirring time. 

Also, both FlFFF and DLS results indicate that the size of the SRNOM-coated NPs is larger 

than those of HA-coated NPs. This is consistent with SRNOM having a larger molecular 

weight than HA (as shown on the HPSEC chromatograms in Figure 5-4). 

5.3.3 DOM adsorption to Fe2O3 NPs 

The adsorption kinetics of both HA and SRNOM to Fe2O3 NPs (Figure 5-3a) show a steep 

initial slope before reaching a plateau at equilibrium, implying a high affinity of binding 

sites for both HA and SRNOM at pH 4 (Kang and Xing 2008). Illés and Tombácz (2004) 

demonstrated that the adsorption of DOM is favourable under acidic conditions where 

negatively charged functional groups of DOM are attracted by the positively charged 

Fe2O3 NPs. 

The adsorption data were then fitted with the pseudo second-order kinetic model as shown in 

Figure 5-3b. The results indicated that the correlation coefficient (i.e. R2) for both DOM was 

higher than 0.999 and the calculated equilibrium adsorption capacity (i.e. qe) was consistent 

with the experimental results for both HA and SRNOM. This suggested that kinetic data are 
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well described with pseudo second-order kinetic model, indicating that the rate-limiting step 

may be chemical sorption (Wu et al. 2001). 

Finally, the adsorption of SRNOM onto Fe2O3 NPs was faster than the adsorption of HA 

(Figure 5-3), as equilibrium was reached after only 60 minutes compared with 120 minutes 

for HA and as indicated by the higher value of the constant k related to the adsorption rate 

which is consistent with the FlFFF data.  

 

Figure 5-3: Adsorption kinetics of HA and SRNOM on Fe2O3NPs at pH 4 (a) experimental results and (b) 
pseudo second-order kinetic model. 

5.3.4 Characterisation of Fe2O3 NPs-bound DOM 

DOM is a mixture of heterogeneous components having different molecular weight and 

chemical composition. The polydispersity of DOM is supposed to be responsible for the 

adsorption of a preferential size fraction of DOM (Gu et al. 1995). It is thus interesting to 

investigate which fraction of DOM is preferentially adsorbed onto the Fe2O3 NPs surface. A 

possible approach is to compare the size distribution of the original DOM with the DOM-

coated particles using HPSEC. 

Figure 5-4 displays the HPSEC chromatograms of HA, SRNOM, and both HA-coated and 

SRNOM-coated Fe2O3NPs. The chromatograms of both HA and SRNOM have multiple 

peaks, indicating the polydispersity of the DOM. The molecular weights of SRNOM range 
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from 250 Da (organic acids) to 20,000 Da (high molecular weight compounds (HMW), such 

as colloids) against 250 Da to 1,000 Da for HA, with the highest fraction at 850-1,000 Da 

(humic substances) for both. This is in accordance with the general feature of DOM (Shon et 

al. 2005). The peak at a retention time of 10 minutes, which only appeared in the SRNOM 

chromatograms, suggests that SRNOM does possess higher molecular weight than HA. The 

peak at 250 Da, present in both chromatograms, has a higher intensity for HA indicating that 

HA has a greater amount of low-molecular weight components. The peak at 36,000 Da 

appearing only on the HPSEC chromatograms of the DOM-coated NPs can be attributed to 

the coated Fe2O3 NPs. Finally, the peak at 250,000 Da is probably related to the formation of 

small aggregates of coated particles and has higher intensity in the HA chromatograms. This 

can be related to the broader peaks in the FlFFF fractograms (Figure 5-2). 

By comparing the chromatograms between DOM and DOM-coated nanoparticles, the 

intensity of the peaks ranging from 850 Da to 20,000 Da  (i.e. humic substances and HMW 

molecules) decreased significantly, while the peak at 250 Da (i.e. organic acids) remained 

relatively high. As the measured fluorescence response is proportional to the DOM 

concentration, the concentrations of both HMW compounds and humic substances showed a 

significant decrease during adsorption. This demonstrated the preferential adsorption of both 

high molecular weight DOM and low molecular weight humic substances on the metal oxide 

surface. However, the smallest molecular weight compounds in the range of 250 Da were 

not adsorbed onto Fe2O3 NPs. Previous studies also indicated the preferential adsorption of 

high molecular weight DOM onto metal oxide surfaces (McKnight et al. 1992; Vermeer and 

Koopal 1998; Zhou et al. 2000). 
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Figure 5-4: HPSEC chromatograms of HA-coated Fe2O3NPs and SRNOM-coated Fe2O3NPs after different 
mixing time at pH 4. 

To further investigate the interactions between DOM and Fe2O3 NPs, FTIR spectra of bare 

and coated Fe2O3NPs were used to identify the physico-chemical binding mechanisms 

(Figure 5-5). 

No apparent peaks can be assigned in the bare Fe2O3 NP spectra. The O-H stretch observed 

at about 3400 cm-1 may be due to the presence of small amount of water in the sample 

during analysis. The spectra of both DOM-coated Fe2O3 NPs show a C=O stretch at 

apprroximatley 1600 cm-1 which may indicate the carboxylate anion interacting with the iron 

oxide surface, since the C=O stretches in free carboxylic acid would be above 1700 cm-1 

(Yantasee et al. 2007). As the peak of the C=O stretches in the SRNOM-coated Fe2O3 NPs 

spectrum have higher intensity (i.e. compared to the spectrum of HA-coated Fe2O3 NPs), it 

may be concluded that this type of bond is more pronounced between SRNOM and 
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Fe2O3 NPs than between HA and Fe2O3 NPs. The broad O-H stretch peak present in both 

DOM-coated Fe2O3 NPs spectra could indicate the occurrence of hydrogen bonding resulting 

from the interaction between the positively charged Fe-OH+ and the negatively charged 

DOM in acidic conditions (Lin et al. 2010). In fact, many studies have demonstrated that the 

adsorption of DOM on the surface of Fe2O3 NPs is mainly governed by Coulombic 

interactions via ligand-exchange reactions below the pH of PZC (Filius et al. 2000; Illés and 

Tombácz 2004). 

 

Figure 5-5: FTIR spectra of bare Fe2O3NPs, HA-coated Fe2O3NPs and SRNOM-coated Fe2O3NPs. 

5.3.5 Stability of DOM-coated Fe2O3 NPs 

The stability of the coated particles was assessed by measuring their size 14 days after the 

preparation of the “fresh coated nanoparticles” (i.e. 14 days after the 24 hours mixing time) 

without any modifications. Figure 5-6 shows the FlFFF fractograms of both DOM-coated 

Fe2O3 NPs. The size of the HA-coated Fe2O3 NPs was approximately 200 nm for all the 

samples, while SRNOM-coated Fe2O3 NPs were larger at 250 nm for all samples. These 
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values are greater than the size obtained with “fresh samples” (i.e. around 60-70 nm for HA-

coated Fe2O3 NPs and around 100-105 nm for SRNOM-coated Fe2O3 NPs), indicating the 

formation of some aggregates with time. This also suggests that the stirring time has no 

influence on the stability of the coated nanoparticles. Increasing the stirring time after one 

hour did not improve the stability of the coating by providing increased steric stability, 

which would have caused entropically unfavourable conditions and prevented the coated 

nanoparticles from aggregation (Tiller and O'Melia 1993; Illés and Tombácz 2004; Silva et 

al. 2012; Silva et al. 2012; Silva et al. 2012).  

 

Figure 5-6: FlFFF fractograms of (a) HA-coated Fe2O3NPs and (b) SRNOM-coated Fe2O3NPs after 2 
weeks.  

(N.B.: 1 h, 2 h, 5 h and 10 h denote the mixing time originally used to prepare the different samples) 

The stability of the formed aggregates was then assessed by studying the effect of vortex 

mixing on the disaggregation of the coated nanoparticles aggregates. Studying the stability 

of the formed aggregates is crucial for application in soil and groundwater remediation. In 

fact, for this application, nanoparticles are usually applied directly on-site via injection 

(Cundy et al. 2008). We demonstrated that after a short period of time (i.e. few days), the 

coated-particles aggregated slightly which could decrease their mobility once injected in the 

subsurface. Therefore, finding simple and rapid methods to disaggregate and stabilise the 

prepared coated-particles prior to their injection on-site is essential. 
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For HA-coated NPs (Figure 5-7a), the effect of vortex mixing was that the size of the 

aggregated samples decreased from 200 nm to 70 nm i.e. back to the initial size of the HA-

coated sample, after 1 min of vortex mixing. This indicates that the HA-coated Fe2O3 NPs 

were agglomerated rather than aggregated and they were only held by weak van der Waals 

forces (Jiang et al. 2009). The results also suggests that the bonding of HA-Fe2O3 NPs is 

strong, otherwise vortex mixing the sample would have also broken the bonds between HA 

and the surface of Fe2O3 NPs. 

For SRNOM-coated Fe2O3 NPs (Figure 5-7b), the same conditions were used and the results 

showed the presence of 2 peaks in the fractogram of the coated nanoparticles after vortex 

mixing. This indicates that only a fraction (about 50 %) of the sample was disaggregated 

(i.e. same size as the original samples) but the rest remained unchanged. This could be 

explained by the structure of the aggregates which may have a substantial influence on the 

disaggregation of nanoparticles (Christian et al. 2008). In fact, the aggregate structure (i.e. 

the conformation and porosity) can vary significantly with the concentration and type of 

DOM. A recent study by Baalousha et al. (2008) demonstrated that, in the absence of HA, 

Fe2O3 NPs formed open and porous aggregates, whereas in the presence of HA, they formed 

compact aggregates which were difficult to disaggregate without applying any exterior 

mechanical forces. SRNOM has a more complex structure than HA, with more HMW 

molecules; therefore the structure of the formed aggregates may be even more complex, 

making the disaggregation process more difficult. 
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Figure 5-7: Effect of vortex on the disaggregation of (a) HA-coated Fe2O3NPs and (b) SRNOM-coated 
Fe2O3NPs. 

5.4 Conclusions 

Understand the interactions between DOM and Fe2O3 NPs is essential to be able to predict 

their fate and behaviour once applied in the environment. In this study, DOM-coated 
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Fe2O3 NPs were characterised with a range of techniques. Fe2O3 NPs proved to be a 

particularly good adsorbent for both HA and SRNOM under acidic conditions. The main 

interaction arises from a ligand exchange reaction between oppositely charged particles; 

however, carboxylate anions interacting with the iron oxide surface was also important 

between SRNOM and Fe2O3 NPs. Preferential adsorption for higher molecular sized 

components was observed which could potentially lead not only to electrostatic stabilisation 

but also to steric stabilisation by causing entropically unfavourable conditions when the 

coated particles come closer to one another.  

Finally, an aggregation and disaggregation study revealed that after 14 days, small 

aggregates were formed but they remained in the nanosize range. HA-coated Fe2O3NPs 

formed agglomerates which were easily disaggregated using a vortex mixer and returned to 

their initial state. The SRNOM-coated Fe2O3 NPs formed more stable aggregates, where only 

a fraction of the coated nanoparticles were recovered.   
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CHAPTER 6  

RADIOISOTOPE LABELLING COMBINED 

WITH ELEMENTAL ANALYSIS TO 

INVESTIGATE THE MOBILITY OF IRON-

BASED NANOPARTICLES AND ITS 

POTENTIAL TO CO-TRANSPORT 

CONTAMINANTS 
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6.1 Introduction 

One of the obstacles impeding more widespread utilisation of nZVI for in situ remediation is 

its limited mobility in natural porous systems such as soils, regolith, and aquifers. This is 

mainly due to particle aggregation and sedimentation, and related problems such as pore 

blocking and deposition of nZVI onto the granular porous matrices. Together, these 

processes can limit the effectiveness of in situ remediation (Schrick et al. 2004; Quinn et al. 

2005; He and Zhao 2007; Saleh et al. 2008), making nZVI mobility and transport a topic of 

current research interest. Although increasing the mobility of nZVI may be desirable in 

order to maximise the zone of remediation influence, it also raises the possibility for 

undesirable side-effects; in particular, the potential for nZVI to adsorb and transport 

contaminants away from the primary zone of contamination (Mueller and Nowack 2009). In 

fact, while the efficiency of a remediation treatment requires sufficient mobility of 

substantial nZVI, the enhanced transport of contaminant off site, even in small quantities, is 

of concern. Previous research has demonstrated enhanced transport of low-solubility 

contaminants by naturally occurring nanoparticles (i.e. colloids) (de Jonge et al. 2004) and 

the ability of nZVI to sorb soil contaminants has already been reported for As, Cr and other 

inorganic contaminants (Schorr 2007). Together, these findings suggest that nZVI could, in 

some cases, promote the subsurface movement and dispersion of contaminants; a possibility 

that requires further assessment.  

Many studies have focused on the use of surface modifiers such as polymers, 

polyelectrolytes or surfactants to decrease the aggregation and deposition of nZVI and 

enhance particle mobility (De Gennes 1987). Surface modification provides electrostatic 

and/or steric forces that counter the strong inter-particle magnetic attractive forces and 

thereby increase colloidal stabilisation (Wiesner and Bottero 2007). Various surface 

modifiers have been proposed to improve nZVI stability, including carboxymethyl cellulose 

(CMC) (e.g. (Kocur et al. 2012; Raychoudhury et al. 2012; Basnet et al. 2013; Jung et al. 
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2014; Raychoudhury et al. 2014)), poly(acrylic acid) (PAA) (e.g. (Jiemvarangkul et al. 2011; 

Laumann et al. 2013; Laumann et al. 2014)), poly(styrenesulfonate) (PSS) (Phenrat et al. 

2008; Cirtiu et al. 2011), surfactant sodium dodecylbenzenesulfonate (SDBS) (Saleh et al. 

2007; Saleh et al. 2008) and triblock copolymer (Saleh et al. 2007; Saleh et al. 2008; Kim et 

al. 2012). Many studies have already demonstrated reduced aggregation and/or improved 

transport in saturated porous media when polymers, polyelectrolytes or surfactants are used 

to stabilise nZVI suspension (e.g. (He et al. 2007; Saleh et al. 2007; Phenrat et al. 2008; 

Saleh et al. 2008; Tiraferri et al. 2008; Tiraferri and Sethi 2009; Cirtiu et al. 2011; Basnet et 

al. 2013; Laumann et al. 2014; Raychoudhury et al. 2014)).  

Most studies have investigated nZVI transport in highly idealised systems consisting of 

repacked, homogeneous, coarse texture porous media (e.g. (Kocur et al. 2012; 

Raychoudhury et al. 2012; Basnet et al. 2013; Raychoudhury et al. 2014)) or even glass 

beads (e.g. (Kanel et al. 2007; Lin et al. 2010)). Furthermore, cleaning and drying 

procedures are often used to remove both metallic and organic impurities (e.g. 

(Raychoudhury et al. 2012; Basnet et al. 2013)). These “ideal” conditions, although not 

representative of real natural conditions, facilitate the detection and quantification of nZVI 

mobility. Only a few studies have considered the heterogeneity of natural porous media and 

focused on the individual or combined effects of different physical and chemical 

components (i.e., the effect of pH, natural organic matter (NOM), clay content, etc.) in order 

to understand factors affecting the mobility of nZVI. These studies showed that the presence 

of NOM can enhance the mobility of polymer-stabilised nZVI due to repulsive electrosteric 

forces between the NOM macromolecules and the negatively-charged surface coating 

(Johnson et al. 2009; Jung et al. 2014). Kim et al. (2012) demonstrated that in the pH range 

6-8, there was greater deposition of CMC-nZVI onto clay minerals due to the charge 

heterogeneity on clay mineral surfaces. Finally, Laumann et al. (2013) studied the effect of 
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carbonate minerals, which often predominate in aquifers, and found reduced mobility of 

PAA-nZVI in the presence of carbonate minerals.  

A more realistic, yet more complex, approach would be to assess the mobility of polymer-

stabilised nZVI in real intact soil cores. This would help significantly in the development of 

effective remediation materials as well as in risk assessment. However, this task remains 

extremely challenging due to the high background of natural iron colloids present in soils 

and other environmental systems. This impasse can be overcome however by labelling the 

ENPs in order to differentiate them from the natural colloids. This approach can make the 

ENP of interest easily detectable even in complex matrices containing relevant 

concentrations of environmental nanoparticles (Zänker and Schierz 2012). Possible labelling 

methods for ENP tracking include fluorescence labelling where a dye is attached to the 

surface of the ENPs (Kirchner et al. 2005), radiolabeling with γ or β emitters (Ferguson et al. 

2008; Oughton et al. 2008; Petersen et al. 2008; Abbas et al. 2010; Gibson et al. 2011; 

Hildebrand and Franke 2012), and isotope labelling with stable isotopes (Gulson and Wong 

2006; Croteau et al. 2011; Dybowska et al. 2011). The labelling process can be performed 

directly during the nanoparticle synthesis by using a labelled precursor or via post-synthesis 

manipulation (Zänker and Schierz 2012), however labelling during synthesis is preferable. 

The overall objectives of this study were: 

 To synthesise radiolabelled 59Fe-CMC-nZVI and compare its mobility with 

commercially available PAA-nZVI in intact soil cores. The mobility of the 

commercial nZVI was investigated using an ICP-MS method while 59Fe-CMC-nZVI 

mobility was assessed by gamma counting; allowing the evaluation and comparison 

of both methods.  

 To determine the retention profiles of radiolabelled nZVI in the soil columns after 

the mobility experiments. 
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 To assess the potential of nZVI to co-transport contaminants in Chromated-Copper-

Arsenate (CCA)-contaminated soil by coupling gamma counting and ICP-MS 

measurements. 

This chapter is an extension of a research article submitted by the author in Environmental 

Pollution. 

6.2 Experimental 

6.2.1 Commercial N25S and 59Fe-CMC-nZVI synthesis 

Commercial NANOFER 25S (N25S) was supplied by NANOIRON, s.r.o. (Czech Republic) 

in the form of a slurry with a mean primary particle diameter below 50 nm and a total iron 

concentration of 20 %  (w/w) (as provided by the manufacturer). These iron particles are 

modified by an inorganic iron oxide layer and an organic PAA coating as described by 

Kadar et al. (2011). Prior to the experiments, a freshly received stock solution was prepared 

under anoxic atmosphere with a final concentration of 50 g/L and sealed in a glass bottle. 

CMC-nZVI was synthesised according to the methods described by Cirtiu et al. (2011). The 

isotopic labelling was done during the first stage of the synthesis by spiking 160 μL (i.e. 260 

MBq) of 59FeCl3 solution (Perkin Elmer, radionuclide purity of 99%, specific activity: 

1623.88 MBq/mL) into 800 mL of 0.125 M FeSO4.7H2O (Sigma Aldrich, Australia) 

solution. The resulting specific activity of the labelled nZVI was 61.5 Bq/mg. This solution 

was then mixed for 5 minutes before adding 800 mL of a 1.75% (w/v) Na-CMC (90 K, 

Sigma Aldrich, Australia) solution which was mixed thoroughly for 30 minutes. NaBH4 

(Sigma Aldrich, Australia) solution was then added drop wise at a rate of 5 mL/min under 

anoxic atmosphere. The ratio of [Fe2+]/[ ] was set at 1:2. The mixture was stirred for an 

additional 30 minutes. The final nZVI solution was sealed in a bottle under anoxic 

conditions and mixed at 135 rpm on a shaker overnight.  
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In order to remove the excess chemicals from the synthesis, the final nZVI solution was 

placed on a magnet for 5 hours to settle and the supernatant was discarded to obtain a 

concentrated “purified” stock solution. The recovery rate was determined by analysing both 

the supernatant and the stock solution with a gamma radiation counter (2480 Wizard2-3, 

Perkin Elmer). The recovery was 81% and the final stock solution concentration was 

adjusted to 50 g/L. 

59Fe-CMC-nZVI stock solution was characterised in terms of particle size, morphology and 

specific activity as described below.  

Particle size distribution of the freshly prepared and purified CMC-nZVI was determined 

using dynamic light scattering (380ZLS, Nicomp, USA). Results are gathered in Table 6-1. 

Measurements were also repeated after 3 days and did not show significant differences, with 

the dominant pick (99% - number-weighted) ranging from 40 to 87 nm. 

The morphology of the particles was also examined using scanning electron microscopy 

(Quanta 450, FEI, USA) with FEG source under high vacuum (operating conditions: HV = 

10 kV; WD = 5-15 mm). The SEM images showed that the CMC-nZVI were spherical and 

present as aggregates ranging in size from nanoscale to microscale (Table 6-1). The presence 

of large aggregates is most likely due to the sample preparation (i.e. drying the aqueous 

suspension on the grid) and therefore SEM images are only used to provide information 

about the morphology of the primary particles and aggregates. 

Finally, the specific activity of the stock solution was determined with a gamma radiation 

counter (2480 Wizard2-3, Perkin Elmer) and ICP-MS (Agilent 8800 Triple Quadrupole, 

Agilent Technologies, CA, USA). The stock solution was first acidified with HCl (99% 

purity) and then diluted (1:4) with MQ water before being analysed by both instruments.  
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Table 6-1: Characteristics of the lab-synthesised 59Fe-CMC-nZVI (SEM image, Z-average hydrodynamic 
diameter and specific activity) 

 
 

 
 

Z-average hydrodynamic diameter (number-weighted): 72.1 ± 7.8 nm 
 

 
Specific activity of the stock solution as measured by gamma counter analysis: 61.5 Bq/mg 
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6.2.2 Column transport experiments 

6.2.2.1 Soil type and experimental design 

Two South Australian topsoils were collected for this study; an uncontaminated sand-loamy 

soil from Mount Compass (7 intact soil cores were extracted onsite) and a CCA-

contaminated sand-loamy soil collected from a timber storage area in the Barossa Valley (3 

intact soil cores were extracted onsite). CCA has been widely employed worldwide as a 

wood preservative to expand the lifespan of treated wooden structures exposed to weather 

(Hingston et al. 2001). Various studies have, however, demonstrated that the CCA 

metals/metalloids may leach when the treated wood is exposed to environmental conditions. 

This ultimately results in elevated concentration of chromium, copper and arsenic in the 

surrounding environment of the CCA-treated wooden structure (Hopp et al. 2008). 

The detailed characteristics of these two soils can be found in Table 6-2. From this point 

forward, the two topsoils will be designated as MC and CCA soils. 

Soil cores were 15 cm long with an inner diameter of 10 cm. A nylon mesh (200 μm opening 

size) was secured over the bottom of the column to hold the soil in place. The soil columns 

were first saturated from below for 24 hours using artificial soil pore water (Glæsner et al. 

2012) and then drained and equilibrated overnight to ensure similar initial conditions for all 

columns. The soil cores were then connected to an irrigation system in which peristaltic 

pumps (Masterflex L/S, Cole Palmer, Australia) were used to ensure a constant flow rate of 

1 mm/hr throughout the experiments. This low rate is common for extended rainfall events 

in South Australia (Glæsner et al. 2012). Artificial rainwater (Oorts et al. 2007) was used for 

leaching in this study. Baseline experiments (i.e. prior to injecting nZVI) were conducted for 

three days, after which the irrigation was stopped for 2 hours before applying the nZVI. 

Leachates from the baseline study were collected regularly and stored in the dark at 4°C 

until analysed. The nZVI suspensions (i.e. 50 g/L stock solution) were spiked uniformly on 
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top of the column (i.e. in the first 2 cm which represents about 200 g of soil considering a 

soil density of 1.3 g/cm3) at the beginning of each experiment at an application rate of 1% 

(w/w) (i.e. approximately 2 g of nZVI injected). The irrigation system was started 

immediately after the injection of nZVI and leaching experiments were conducted for a 

further three days. Leachates were collected every three hours the first day and then twice a 

day for the rest of the experiment. A tracer test using potassium bromide (KBr) was 

conducted simultaneously as KBr (40 mg/L) was added to the artificial rainwater at the 

beginning of the experiment when nZVI was spiked; leachates were filtered through 0.2 μm 

filter (Regenerated cellulose, Thermofisher) and effluent bromide concentrations were 

analysed by ion chromatography (Dionex ICS 2000, Thermo Scientific, CA, USA). 

Table 6-2: Physicochemical characteristics of the soil materials used for column experiments. 

Soil MC CCA 
Sand (%) 68.5 ± 0.7 70 ± 0.1 
Silt (%) 13.8 ± 1.1 21.3 ± 0.4 

Clay (%) 17.8 ± 0.4 8.8 ± 0.4 
Texture Sandy loam Sandy loam 

pH in water 5.68 ± 0.06 6.49 ± 0.04 
pH in CaCl2 5.04 ± 0.03 5.89 ± 0.08 

Eh (mV) 213 ± 10 167 ± 3 
EC (μS/cm) 51.9  ± 1.5 148.8  ± 0.5 

Water holding capacity (%) 38.9 ± 2.2 47.5  ± 2.2 

Porosity (%) 32 ± 2.8 39 ± 1.4 

Permeability coefficient (K) 
in saturated condition 

(cm/s) 
0.019 ± 0.003 0.003 ± 0.002 

Moisture content (%) 2.7 4.5 
Nitrogen (%) 0.17 ± 0.01 0.34 ± 0.04 
Carbon (%) 2.10 ± 0.04 4.84 ± 0.62 
Sulphur (%) 0.95 ± 0.04 0.93 ± 0.60 
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6.2.2.2 Mobility of commercialised N25S – ICP-MS method 

As described above, 2 g of N25S were injected on the top of the MC soil columns before 

starting the irrigation system. Four soil columns were used for this experiment; three 

replicate columns to which nZVI was added and one control column to determine the 

background iron (Fe) concentration in the MC soil (in addition to the baseline study which 

also determined this). The collected effluent samples were acid digested and Fe 

concentration was determined using inductively coupled plasma mass spectrometry (ICP-

MS) (Agilent 8800 Triple Quadrupole, Agilent Technologies, CA, USA). The data presented 

are the average of replicate experiments (n = 3). 

6.2.2.3 Mobility of 59Fe-CMC-nZVI – Gamma counting method 

The mobility of radiolabelled nZVI was assessed in both MC and CCA soils. Three replicate 

columns of each soil were used for the transport study and data presented are the average of 

replicate measurements (n = 3). 59Fe-CMC-nZVI (i.e. 2 g nZVI containing 0.123 MBq or 

2,072K counts per minutes (CPM)) was added on top of each column and 2 ml aliquots of 

the collected effluent samples were analysed directly using a gamma radiation counter (2480 

Wizard2-3, Perkin Elmer) without any further sample preparation. Blank solutions (i.e. MQ 

water) were used to determine the average background radiation in each rack; which was 

then subtracted from the results obtained with the effluent samples. For this study, no control 

columns were needed as the gamma counter only detects the gamma emission from the 

radiolabelled 59Fe-nZVI. This is one of the main advantages of this method as the 

background of naturally occurring Fe colloids present in the columns do not interfere with 

the results. The mass of eluted nZVI was then calculated by measuring the activity in 

solution (adjusted to time 0 – taking into consideration the radionuclide decay) and using the 

specific activity of the nZVI (i.e. at time 0). 
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To investigate the effect of wetting and drying on the mobility of nZVI, the irrigation system 

was stopped for one month after the first set of experiments and then started again for three 

consecutive days. Effluent samples were collected at the same frequency as for the first set 

of experiments and analysed directly with the gamma radiation counter. 

Following the completion of the experiments, each column was dissected into different 

layers to determine the spatial distribution profile of retained nZVI. This gave a total of 10 

soil layer samples, with 1 cm section for the top layer, 1.5 cm section for the following layer 

and 2.5 cm sections in the lower layers. Preliminary experiments were first conducted to 

assess the activity attenuation of each tested soil compared to water and results (Figure 6-1) 

showed that for the highest concentrations tested, the attenuation was less than 10 %. 

Therefore, three replicates of soil samples (i.e. 32 grams) were extracted from each layer and 

analysed directly with the gamma radiation counter (i.e. without any sample preparation). 

This is another advantage of this method over conventional elemental composition analysis 

(e.g. ICP-MS), with which, it would not have been possible to differentiate between the 

injected nZVI and the natural Fe present in the soil columns.  

 

Figure 6-1: Comparison of gamma counts in soil and water solutions spiked with 59Fe. 
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6.2.2.4 Co-transport of contaminants in CCA-contaminated soil 

Eluted samples from the CCA soil columns were also acid digested and elemental 

concentrations of Fe, chromium (Cr), copper (Cu) and arsenic (As) were determined by ICP-

MS. For this experiment, the initial leaching period (i.e. baseline study prior to adding nZVI) 

was used as control data for each column due to the heterogeneity in contaminant 

concentration between the different replicate columns. Leachates from the baseline study 

were acid digested and analysed with ICP-MS to determine the background concentration of 

Fe, Cr, Cu and As prior to the injection of nZVI. The data presented are the average of 

replicate measurements (n = 3). 

6.3 Results and discussion 

6.3.1 Evaluating the mobility of commercialised N25S based on ICP-MS analysis 

The mobility of N25S was assessed in MC soil columns for 72 hours after injection of the 

nanomaterial and the results are presented in Figure 6-2 and Table 6-3.  

The conservative tracer (i.e. KBr) breakthrough curve, shown in Figure 6-2a, indicated 

steady state effluent concentration by the end of the experiments suggesting that non-

equilibrium processes, such as rate-limited mass transfer into regions of immobile water or 

preferential flow paths, were not significant during the transport of nZVI in the soil columns. 

Figure 6-2b shows that the mass of Fe eluted from the control column (i.e. no N25S) was 

fairly steady (i.e. 0.42 mg ± 0.06 mg) while the mass of iron eluted from the spiked columns 

increased slowly, up to a maximum around 25 hours, and then slowly decreased until the end 

of the experiments. It is worth noting that the mass of Fe leached from the control column 

was quite low and steady throughout the experiment. This enabled us to assume that the 

enhanced Fe elution in the N25S treated column is due to nZVI, even though this cannot be 

unequivocally proved by simply analysing the eluate with ICP-MS. However, in the case of 



164 

 

a soil with higher and/or unevenly distributed Fe elution, ICP-MS would not have been 

sensitive enough to detect the spiked engineered nanomaterials. 

The experimental breakthrough curve for N25S, shown in Figure 6-2c, indicates that only a 

small fraction of the initial injected mass was eluted from the MC soil columns (i.e. m/m0 

was less than 0.0004 at 25 hours); suggesting that most of the nZVI particles were retained 

in the column. Mass balance calculations, presented in Table 6-3, confirmed that less than 20 

mg of N25S were eluted after 72 hours which represents less than 1% of the injected mass (2 

g).  

 

Figure 6-2: Summary results of N25S mobility in MC soil columns; (a) Experimental breakthrough curve 
of KBr; (b) Eluted mass of Fe from control (no nZVI) and spiked columns; (c) Experimental breakthrough 

curve of N25S. The error bars represent the standard deviation from three replicate columns. 

There are several effects which can explain the limited transport behaviour of N25S: the 

ripening effect when the system is dominated by colloid-colloid attraction forces and 

attached particles can act as additional collectors for attachment by forming multilayer films 
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(Rajagopalan and Chu 1982; Ryde et al. 1991; Liu et al. 1995), the straining effect when the 

particles are trapped in down-gradient pore throats that are too small to allow particle 

passage (McDowell Boyer et al. 1986) and deposition of the charged nanoparticles onto soil 

grains with opposite charge (Phenrat et al. 2010). Straining would cause the deposition of 

particles to decrease gradually since the smaller pores contributing to straining would fill up 

with time and restrict the other particles to larger pore networks; leading to an increase in 

effluent concentration. In this study, the eluted mass of Fe was not increasing with time 

(Figure 6-2b). However, straining cannot be excluded as it may be possible that, by the end 

of the experiments, all the smaller pores did not reach saturation. Ripening effect due to the 

aggregation of nanoparticles is likely to have caused the limited mobility of N25S. In fact, 

although surface modifiers were employed to reduce the aggregation of nZVI, there is still 

some residual aggregation (Phenrat et al. 2008; Fatisson et al. 2010; Raychoudhury et al. 

2012). Furthermore, the high particle concentration (i.e. 50 g/L) used in this study may also 

promote the aggregation of nZVI (Phenrat et al. 2009). Finally, the sorption of polymer-

coated nZVI onto soil grains through electrostatic attraction forces has been shown to 

significantly decrease its mobility (Liu et al. 1995; Fatisson et al. 2010; Kim et al. 2012; 

Raychoudhury et al. 2012; Laumann et al. 2013; Jung et al. 2014). It is therefore very 

probable that all three processes (i.e. straining, aggregation and sorption) contributed 

together to the limited mobility of nZVI. 

Table 6-3: Mass of N25S eluted through 15-cm MC soil columns. The initial injected mass of N25S was 2 g, 
leaching period was 72 hours and flow rate was 1 mm/hr. 

 Mass eluted (mg) % eluted % retained 
Replicate 1 14.24 0.71 99.29 
Replicate 2 26.72 1.33 98.66 
Replicate 3 18.34 0.92 99.08 
Average 19.77 0.99 99.01 
SD 6.36 0.32 0.32 
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6.3.2 Evaluating the mobility of radiolabelled CMC-nZVI based on gamma 

counting analysis 

6.3.2.1 Transport of 59Fe-CMC-nZVI in MC soil columns 

The mobility of radiolabelled CMC-nZVI was first assessed in MC soil columns. After an 

initial leaching period of 72 hours (similar to the N25S mobility study), the columns were 

left to dry for one month. The irrigation system was then started again for 72 hours to assess 

the effect of drying/wetting cycle on the mobility of nZVI. Results are presented in Figure 

6-3 and Table 6-5. 

The KBr tracer breakthrough (Figure 6-3a) was slightly delayed in comparison to the KBr 

breakthrough obtained in Figure 1a but, by the end of the 3 days the eluent concentrations 

approached C0.  

Similarly to the behaviour of N25S, experimental breakthrough of CMC-nZVI (Figure 6-3b-

d) indicated limited mobility of the nanomaterials in the MC soil columns (i.e. m/m0 was 

less than 0.0004 throughout the experiment). In replicate columns 2 and 3, however, some of 

the nanomaterials eluted very quickly, within a few minutes after the injection (i.e. m/m0 > 

0.001 - Figure 6-3 c and 6-3d), which is most likely related to preferential flow down the 

edges of the columns. Results from the mass balance calculation in Table 6-5 confirmed that 

most of the particles (i.e. more than 98.9% of the total injected mass) were retained in the 

columns. Results in Table 6-5 also show the higher eluted mass in both columns 2 and 3 (i.e. 

about 3 mg eluted from column 1 compared to 20.99 mg and 14.81 mg from columns 2 and 

3 respectively). Without considering the effect of preferential flows (i.e. excluding results 

from replicate columns 2 and 3), the mass of nZVI eluted from the MC soil columns was 

higher for N25S (i.e. about 20 mg compared to 5 mg for CMC-nZVI - Table 6-5). This is in 
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accordance with a previous study by Lin et al. (2010) where they found that the mobility of 

PAA-nZVI was superior to CMC-nZVI.  

 

Figure 6-3: Summary results of 59Fe-CMC-nZVI mobility in MC soil columns; (a) Experimental 
breakthrough curve of KBr; (b-d) Experimental breakthrough curve of 59Fe-CMC-nZVI in replicate 

columns. 

It has been demonstrated in previous studies that hydrodynamic perturbation such as rapid 

infiltration, episodic wetting and drying cycles or large increases in shear stress can cause 

the detachment of colloidal particles from the solid minerals (Saiers and Lenhart 2003; 

Zhuang et al. 2007). In the present study, Figure 6-3b-d show that wetting and drying events 

did not have any effect on the mobility of nZVI as the mass eluted during the second 

leaching period remained significantly low (i.e. less than 1 mg). This could be due to the fact 

that aggregates of nZVI had become trapped in down-gradient pore throats which restricted 

their subsequent mobility and/or degradation of the coating agents and oxidation of the nZVI 

core which would have promoted particles retention. 
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After completion of the mobility study, all three columns were dissected into 10 layers to 

determine the distribution of retained nZVI in the columns. The retention profiles of 59Fe-

CMC-nZVI in MC soil columns can be found in Figure 6-4. More detailed information, such 

as the mass of nZVI recovered from the dissected columns, can be found in Table 6-4. 

Results indicate that about 40 to 65% of the retained particles remained in the first few 

centimetres; which is most probably related to the rapid aggregation of the nZVI after their 

injection. The retention profiles of 59Fe-CMC-nZVI in all three columns exhibit a 

hyperexponential shape with higher retention in the layers next to the column inlet and 

rapidly decreasing retention with depth. Hyperexponential retention profiles have also been 

observed in previous studies investigating the transport of nanoparticles in porous media 

(Wang et al. 2011; Liang et al. 2013). Some studies have suggested that hyperexponential 

retention profiles can be due to straining (Li et al. 2004), particle aggregation (Bradford et 

al. 2006), system hydrodynamics (Bradford et al. 2011; Liang et al. 2013) or surface charge 

heterogeneity on the porous media grains (Tufenkji and Elimelech 2005). It is likely that all 

these processes have contributed to some extent toward this result.  

In both columns 2 and 3, some particles (i.e. about 5% of the total mass recovered) were 

found in the deepest layers; which is most likely associated with the early elution of particles 

in these two columns due to preferential flows. 
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Figure 6-4: Retention profiles of 59Fe-CMC-nZVI in MC soil columns. The relative mass of Fe is the mass 
of Fe per layer divided by the sum of the mass in each layer. 
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Table 6-4: Summary table of the dissection experiments for MC soil. 

Columns Depth 
(cm) 

Mass of 
extracted 
soil per 

layer - dry 
(g) 

Total mass 
of soil per 
layer - dry 

(g) 

Fraction of 
the layer 
measured 

(%) 

Total mass of 
59Fe-CMC-
nZVI per 

measured soil 
layer (mg) 

Estimated mass 
of 59Fe-CMC-
nZVI per soil 

layer (mg) 

1 

0.0 -1.0 34.4 60.5 56.9 493.7 ± 27.4 868.4 ± 48.2 

1.0-2.5 52.0 159.8 32.6 96.4 ± 26.4 296.3 ± 81.1 

2.5 -5.0 64.5 163.5 39.5 39.8 ± 1.2 100.9 ± 3.0 

5.0 - 7.5 65.0 208.5 31.2 56.1 ± 1.1 180.0 ± 3.5 

7.5 - 10.0 68.7 269.7 25.5 23.6 ± 1.8 92.8 ± 7.1 

10.0 -12.5 63.6 205.3 31.0 18.6 ± 3.4 60.1 ± 11.0 

12.5 -15.0 77.4 277.7 27.9 9.0 ± 4.3 32.4 ± 15.4 

15.0 - 17.5 71.6 280.8 25.5 1.4 ± 0.1 5.6 ± 0.4 

17.5 -20.0 70.3 274.8 25.6 0.6 ± 0.2 2.4 ± 0.8 

TOTAL 567.5 1900.5 29.9 739.4 ± 66.0 1638.9 ± 170.5 

2 

0.0 -1.0 32.0 49.9 64.2 217.4 ± 24.0 338.9 ± 37.4 

1.0-2.5 44.5 113.3 39.3 162.2 ± 38.4 412.8 ± 97.7 

2.5 -5.0 52.4 210.6 24.9 35.0 ± 0.4 140.8 ± 1.6 

5.0 - 7.5 57.7 234.3 24.6 32.9 ± 1.6 133.4 ± 6.5 

7.5 - 10.0 58.8 175.8 33.5 17.9 ± 4.2 53.4 ± 12.6 

10.0 -12.5 67.5 246.0 27.4 27.1 ± 19.7 98.7 ± 71.8 

12.5 -15.0 57.0 285.4 20.0 7.4 ± 1.7 37.2 ± 8.5 

15.0 - 17.5 69.9 285.5 24.5 9.4 ± 1.8 38.5 ± 7.4 

17.5 -20.0 54.9 201.3 27.3 25.7 ± 6.8 94.2 ± 24.9 

>20 61.4 64.3 95.5 37.4 ± 5.4 39.2 ± 5.7 

TOTAL 556.3 1866.5 29.8 572.5 ± 103.9 1387.0 ± 274.0 

3 

0.0 -1.0 35.8 88.2 40.6 330.8 ± 181.0 814.7 ± 445.8 

1.0-2.5 51.1 111.8 45.7 68.8 ± 15.4 150.5 ± 33.7 

2.5 -5.0 60.3 254.4 23.7 16.5 ± 1.7 69.8 ± 7.2 

5.0 - 7.5 67.7 174.8 38.7 37.3 ± 17.3 96.4 ± 44.7 

7.5 - 10.0 58.8 233.4 25.2 27.1 ± 7.8 107.5 ± 31.0 

10.0 -12.5 69.8 244.6 28.5 14.4 ± 7.9 50.6 ± 27.7 

12.5 -15.0 66.0 262.3 25.2 15.1 ± 2.5 59.8 ± 9.9 

15.0 - 17.5 62.8 231.9 27.1 20.9 ± 2.1 77.3 ± 7.8 

17.5 -20.0 65.3 306.9 21.3 9.8 ± 5.1 46.1 ± 24.0 

>20 61.0 144.8 42.1 9.4 ± 8.8 22.3 ± 20.9 

TOTAL 598.6 2053.2 29.2 550.2 ± 249.8 1495.0 ± 652.5 

 



171 

 

6.3.2.2 Transport behaviour of 59Fe-CMC-nZVI in CCA-contaminated soil columns 

The transport of radiolabelled CMC-nZVI in the CCA soil columns was also assessed and 

the results are presented in Figure 6-5 and Table 6-5. Similar to the behaviour in MC soil 

columns, 59Fe-CMC-nZVI showed very poor mobility in CCA soil columns (i.e. m/m0 < 

0.00015-0.0004 - Figure 6-5b-d) with less than 0.5% (i.e. 10 mg) of the mass injected eluted 

from the columns (Table 6-5). The breakthrough curves of 59Fe-CMC-nZVI were almost 

identical in both soils with increasing mass eluted, up to a peak occurring at about 18 hours, 

and then slowly decreasing to the end of the first leaching period. In columns 1 and 3 

(Figure 6-5b and 6-5d), however, the eluted mass of nanoparticles increased after 55 hours 

and 20 hours respectively; which may suggest that straining occurred in these columns. The 

second leaching period (i.e. after the columns were left to dry for one month) showed no 

improvement in particle mobility; which is similar to the trend observed in the MC soil 

columns.  
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Figure 6-5: Summary results of 59Fe-CMC-nZVI mobility in CCA soil columns; (a) Experimental 
breakthrough curve of KBr; (b-d) Experimental breakthrough curve of 59Fe-CMC-nZVI in replicate 

columns.  
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Table 6-5: Mass of 59Fe-CMC-nZVI eluted through 15-cm MC and CCA soil columns after one drying/wetting cycle (i.e. two 72-hours leaching periods separated by one 
month drying period). The initial injected mass of 59Fe-CMC-nZVI was 2 g and flow rate was 1 mm/hr. 

Column 1 Column 2 Column 3 

Mass eluted (mg) % eluted % retained Mass eluted (mg) % eluted % retained Mass eluted (mg) % eluted % retained 

MC soil 

Replicate 1 3.29 0.16 99.84 19.82 0.99 99.01 13.45 0.67 99.33 
Replicate 2 3.12 0.16 99.84 22.26 1.11 98.89 15.36 0.77 99.23 
Replicate 3 2.83 0.14 99.86 20.89 1.04 98.96 15.64 0.78 99.22 
Average 3.08 0.15 99.85 20.99 (8.21)* 1.05 98.95 14.81 (6.78)* 0.74 99.26 

SD 0.23 0.01 0.01 1.22 0.06 0.06 1.19 0.06 0.06 

CCA soil 

Replicate 1 2.80 0.14 99.86 6.61 0.33 99.67 4.02 0.20 99.80 
Replicate 2 3.97 0.20 99.80 6.91 0.35 99.65 7.63 0.38 99.62 
Replicate 3 3.06 0.15 99.85 6.94 0.35 99.65 4.41 0.22 99.78 
Average 3.28 0.16 99.84 6.82 0.34 99.66 5.35 0.27 99.73 

SD 0.62 0.03 0.03 0.18 0.01 0.01 1.98 0.10 0.10 

* The values given in brackets are the mass of eluted iron without considering the effect of preferential flows (i.e. by removing the first two values)  
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The retention profiles of 59Fe-CMC-nZVI in the CCA soil columns were similar to those 

observed in the MC soil columns; exhibiting a hyperexponential shape. Figure 6-6 shows 

that more than 90% of the particles were retained in the top centimetre of the columns; 

confirming the low mobility of the particles. This value rapidly decreased to 5-10% in the 

following layers (i.e. up to 5 cm deep) and less than 0.5% in the deepest layers. 

 

Figure 6-6: Retention profile of 59Fe-CMC-nZVI in CCA soil columns. The relative mass of Fe is the mass 
of Fe per layer divided by the sum of the mass in each layer. 
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Table 6-6: Summary table of the dissection experiments for CCA soil. 

Columns Depth 
(cm) 

Mass of 
extracted 
soil per 
layer (g) 

Total 
mass of 
soil per 
layer (g) 

Fraction of 
the layer 
measured 

(%) 

Total mass of 
59Fe-CMC-
nZVI per 

measured soil 
layer (mg) 

Estimated mass 
of 59Fe-CMC-
nZVI per soil 

layer (mg) 

1 

0.0 -1.0 26.2 26.2 100.0 1282.9 ± 82.4 1282.9 ± 82.4 
1.0-2.5 39.8 152.6 26.1 30.7 ± 4.9 117.6 ± 18.9 
2.5 -5.0 53.6 225.0 23.8 7.8 ± 1.9 32.8 ± 8.1 
5.0 - 7.5 46.5 157.7 29.5 2.2 ± 0.4 7.43 ± 1.2 

7.5 - 10.0 53.0 249.4 21.2 2.9 ± 0.4 13.8 ± 1.8 
10.0 -12.5 57.8 286.4 20.2 1.0 ± 0.2 4.9 ± 1.1 
12.5 -15.0 62.5 195.7 31.9 0.9 ± 0.1 2.8 ± 0.4 
15.0 - 17.5 66.2 377.9 17.5 0.4 ± 0.1 2.1 ± 0.9 
17.5 -20.0 67.7 229.6 29.5 0.7 ± 0.3 2.3 ± 0.9 

>20 57.1 78.6 72.6 1.5 ± 0.8 2 ± 1.2 

TOTAL 530.2 1979.3 26.8 1130.9 ± 91.6 1468.6 ± 116.9 

2 

0.0 -1.0 41.0 60.8 67.3 887.0 ± 86.3 1317.3 ± 128.3 
1.0-2.5 37.8 67.8 55.7 81.1 ± 35.5 145.6 ± 63.8 
2.5 -5.0 54.8 195.5 28.0 17.5 ± 3.1 62.4 ± 10.9 
5.0 - 7.5 51.4 219.9 23.4 2.5 ± 0.4 10.6 ± 1.8 

7.5 - 10.0 59.7 192.7 31.0 1.9 ± 0.5 6 ± 1.7 
10.0 -12.5 64.4 236.8 27.2 1.5 ± 0.2 5.4 ± 0.9 
12.5 -15.0 61.8 350.8 17.6 1.2 ± 0.1 6.6 ± 0.8 
15.0 - 17.5 58.4 58.4 100.0 1.4 ± 0.7 1.4 ± 0.7 
TOTAL 429.1 1382.7 31.0 994.0 ± 126.9 1555.3 ± 208.9 

3 

0.0 -1.0 29.0 69.1 42.0 634.4 ± 165.1 1512.1 ± 393.3 

1.0-2.5 46.0 179.0 25.7 28.0 ± 13.2 108.9 ± 51.6 
2.5 -5.0 49.9 187.9 26.5 27.3 ± 7.7 102.8 ± 28.8 
5.0 - 7.5 46.7 175.9 26.6 2.6 ± 1.1 9.9 ± 4 

7.5 - 10.0 57.8 232.6 24.8 1.8 ± 0.1 7.3 ± 0.4 
10.0 -12.5 64.1 271.8 23.6 1.6 ± 0.6 6.6 ± 2.7 
12.5 -15.0 64.2 284.8 22.5 1.1 ± 0.01 4.9 ± 0.1 
15.0 - 17.5 71.2 314.1 22.7 1.2 ± 0.5 5.4 ± 2.4 
17.5 -20.0 48.0 88.1 54.5 0.7 ± 0.1 1.3 ± 0.2 

TOTAL 476.9 1803.4 26.4 698.7 ± 188.5 1759.2 ± 483.5 
 

6.3.3 Co-transport of contaminants in CCA-contaminated soil 

The potential for nZVI to co-transport inorganic contaminants (i.e. Cr, Cu and As) was 

assessed using the CCA soil columns and the results are presented in Figure 6-7. For this 
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experiment, the baseline data from the initial leaching period (i.e. prior to adding nZVI) was 

used as control data for each column. This was preferable to using separate control columns 

for comparison as it helps circumvent confounding effects caused by heterogeneity in 

contaminant concentrations within and between the different replicate columns (i.e. Column 

1 released the highest concentration of all three contaminants - Figure 6-7). Results show 

that the eluted mass of all three contaminants was increasing with time during the baseline 

establishment period, suggesting that some of the contaminants were present in the mobile 

aqueous phase, either in dissolved form or bound to natural colloids. In fact, many previous 

studies focusing on contaminant transport in porous media demonstrated that contaminants 

are partitioned between an immobile solid phase (i.e. bound to immobile matrix), a mobile 

aqueous phase and a mobile colloidal phase (Massoudieh and Ginn 2010). The eluted mass 

of Fe during the baseline study was quite stable and homogeneous between the three 

replicate columns. After the injection of nZVI, the eluted mass of all three contaminants 

continued to increase for a short period of time and then gradually decreased. This may 

indicate that contaminants were effectively adsorbed on the surface of nZVI which reduced 

their mobility. In fact, many studies have already demonstrated that nZVI may be effective 

for the treatment of both chromium and arsenic (Dries et al. 2005; Kanel et al. 2005; Kanel 

et al. 2007; Schorr 2007; Ramos et al. 2009). In these studies, it was reported that nZVI can 

reduce both the mobility and toxicity of inorganic contaminants following surface-

adsorption and/or a change in speciation induced by redox reactions. However, this implies 

that the contaminants remain in the environment but are changed to a less mobile and/or less 

toxic form.  

After decreasing, the eluted mass of all three contaminants began to increase again, up to a 

peak at about 18 hours which corresponds to the peak observed for Fe in both Figure 6-7 

(i.e. ICP-MS results) and Figure 6-5 (i.e. Gamma counter results). This may indicate the 

effective transport of contaminants following their adsorption on the surface of nZVI. Ryan 



177 

 

and Elimelech (1996) suggested that the following three criteria should be present to expect 

the effect of colloid-facilitated contaminant transport to be important: (i) colloids should be 

present in large enough concentration, (ii) the contaminant should be adsorbed to the 

colloids and (iii) the colloids should be mobile in the porous medium. As the eluted mass of 

all three contaminants was much lower (i.e. in the μg range - Figure 6-7) than the injected 

mass of nZVI (i.e. 2 g), and previous studies have already demonstrated that nZVI can 

effectively adsorbed heavy metals, both criteria (i) and (ii) for colloid-facilitated transport 

are met. However, we have demonstrated that the mobility of 59Fe-CMC-nZVI in the CCA 

soil columns was very limited and that most of the retained particles were present in the top 

first centimetres of the columns. Nonetheless, the mass of eluted particles (i.e. about 3-7 mg) 

remained higher than the eluted mass of contaminants (i.e. less than 100 μg) which may 

indicate the effective transport of all three contaminants by the eluted nZVI.  

Finally, as it was discussed in the previous section, the wetting/drying cycle did not have any 

effect on the mobility of both nZVI and all three contaminants. Figure 6-7 shows that the 

eluted mass of Cr, Cu, As and Fe was fairly steady and quite low during the second leaching 

period. 
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Figure 6-7: Effluent mass of inorganic contaminants (Cr, Cu and As) and Fe from CCA-soil columns. 
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6.4 Conclusions 

The results obtained in this study have several implications. First, compared to previous 

research carried out in idealised systems, the results of the present study showed very little 

translocation of polymer-coated nZVI in intact soil cores. The retention profiles of retained 

particles showed that most of the particles remained in the first top layers demonstrating the 

limited volume that can be treated with this technology. Finally, if the nanoparticles are 

present in large enough concentration (i.e. much higher than the concentration of targeted 

contaminants), this will potentially promote the movement and dispersion of contaminants 

through colloidal-facilitated transport at least in the short term. However, considering that 

the concentrations in the eluent after nZVI application where similar to those obtained in the 

pre-treatment phase, the potential for contaminant mobilisation appears, at least in the soil 

investigated to be low. 
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CHAPTER 7  

DEVELOPMENT OF A NOVEL METHOD TO 

CHARACTERISE AGGREGATE STRUCTURE 

OF ENGINEERED NANOPARTICLES IN 

NATURAL WATERS USING ON-LINE LASER 

LIGHT SCATTERING 
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7.1 Introduction 

Engineered nanoparticles (ENPs) used for environmental applications (e.g. soil and 

groundwater remediation) may ultimately end up in the entire aquatic environment. Besides, 

the rapid progress in nanomaterial research and development has led to industrial scale 

production and extensive commercialisation of nanoproducts. As a result, ENPs are 

increasingly released into the environment (Ju-Nam and Lead 2008). With several recent 

studies reporting potentially negative effects of ENPs (Handy et al. 2008; Chae et al. 2009; 

Gao et al. 2009; Poynton et al. 2010; Scown et al. 2010; Peralta-Videa et al. 2011), research 

into their environmental fate and behaviour is urgently needed to underpin risk assessment 

and policy development. However, until recently, few studies have investigated the 

behaviour of ENPs in real environmental samples, and little is known about their transport, 

fate, and probable concentrations in different environmental compartments. A recent 

modelling study by Keller et al. (Keller et al. 2013) estimated that in 2010, 63% to 91% of 

the global ENP production ended up in landfills; 8% to 28% was released into soils; 0.4% to 

7% into water bodies; and 0.1% to 1.5% into the atmosphere. Among the ENPs considered, 

titanium dioxide (TiO2) was released to the environment in the largest quantities, followed 

by iron and zinc (Keller et al. 2013). Gottschalk et al. developed a probabilistic material 

flow analysis model to predict the environmental concentrations of ENPs and found that 

silver NPs (Ag NPs) present in sewage treatment effluents and surface waters, and TiO2 NPs 

and zinc oxide NPs (ZnO NPs) in sewage treatment effluents, may pose a risk to aquatic 

organisms (Gottschalk et al. 2009). 

After entering the environment, the fate of ENPs greatly depends on their transport 

characteristics (i.e., aggregation, sedimentation or adsorption) and transformation (i.e., 

dissolution or chemical transformation) (Lowry et al. 2012). Agglomeration/aggregation and 

sedimentation are major processes affecting the behaviour of ENPs in aquatic systems and 

results suggest they are mainly controlled by the combined effects of pH, ionic strength, salt 
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composition and the presence and concentration of organic matter (Phenrat et al. 2007; 

Christian et al. 2008). Different experimental approaches have been tested to predict the 

behaviour of ENPs in aquatic systems. One approach is to consider the individual effects of 

different physical and chemical components (i.e., the effect of pH, a single electrolyte, 

organic matter, etc.) in order to identify the main factors affecting the stability of ENPs. A 

more realistic, yet more complex, approach investigates the behaviour of ENPs under 

environmentally-relevant conditions and ultimately in natural waters. Several recent studies 

have used these approaches to understand and predict the behaviour of ENPs once they enter 

the environment (Phenrat et al. 2007; Zhang et al. 2008; Baalousha 2009; Badawy et al. 

2010; Hu et al. 2010; Keller et al. 2010; Huynh and Chen 2011; Ottofuelling et al. 2011; 

Baalousha et al. 2013; Brunelli et al. 2013; Dobias and Bernier-Latmani 2013; Romanello 

and de Cortalezzi 2013; Yang et al. 2013). Results from these studies confirmed the role of 

pH, electrolyte composition and the presence of organic matter in the aggregation or 

stabilization of ENPs. However, very few studies (e.g. (Baalousha et al. 2008; Baalousha 

2009)) have focused on the structure and stability of the resulting aggregates and their 

potential for disaggregation. Aggregate structure (i.e. whether they are densely packed or 

loosely bound) is an important criteria to evaluate as it is likely to significantly influence 

aggregate behaviour and fate (Christian et al. 2008). Nevertheless, knowledge in this area is 

still lacking, partly because this type of investigation provides a significant analytical 

challenge.  

Light scattering detectors are simple, robust and accurate tools that can be used to measure 

particle size, aggregation behaviour and aggregate structure. They are currently among the 

most widely used techniques worldwide for aggregation studies. Dynamic light scattering 

(DLS), in particular, has been applied in most nanoparticle aggregation studies in both 

synthetic and natural aquatic media (Phenrat et al. 2007; Zhang et al. 2008; Baalousha 2009; 

Ottofuelling et al. 2011; Baalousha et al. 2013; Chekli et al. 2013; Chowdhury et al. 2013). 
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In this study, we proposed an alternative way to characterise the aggregation behaviour and 

aggregate structure of various ENPs in complex environmental samples by performing 

continuous on-line light scattering analysis (i.e. combining both dynamic and static light 

scattering techniques) by using a pump to recirculate the sample inside the sample cell as 

shown in Figure 7-1. This simple set-up presents several advantages over conventional light 

scattering measurements. For instance, by recirculating the sample inside the measurement 

cell, it is possible to change the chemical or physical conditions of the sample and to directly 

observe and measure the effects of such changes on aggregate size. In addition, the fractal 

dimension (FD) of the aggregates can be studied using a static light scattering (SLS) 

instrument equipped with a series of photosensitive detectors positioned at different angles. 

Therefore, the method developed in this study can be useful to other researchers, working on 

fate of nanomaterials in the environment, to rapidly characterise the aggregation behaviour 

and aggregate structure of engineered nanoparticles (ENPs) formed in complex 

environmental system. 

The overall objective of this chapter is to assess and compare the aggregation behaviour and 

aggregate structure of different ENPs in a range of natural water sources using on-line laser 

light scattering detectors. Aggregates will be characterised in terms of size, surface charge, 

DOM and Ca2+ adsorption capacity, fractal dimension, disaggregation and regrowth 

potential.  
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Figure 7-1: Experimental set-up used in this study. 

This chapter is an extension of the research article published by the author in Journal of 

Hazardous Materials (Chekli et al. 2014). 

7.2 Experimental 

7.2.1 Chemicals and reagents 

Commercially available Fe2O3 NPs and citrate coated-Ag NPs were supplied by Sigma-

Aldrich, Australia. The Aeroxide P25 TiO2 nanoparticles were provided by Evonik Degussa 

Corporation (Parsippany, NJ, USA). Further details are available in Table 7-1. Suwannee 

River natural organic matter (SRNOM), used as a model NOM, was obtained from the 

International Humic Substances Society (IHSS, St. Paul, USA).  
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7.2.2 Sample preparation 

The methodology for the preparation of SRNOM-coated Fe2O3 NPs has been described in 

Chapter 5. SRNOM-coated Fe2O3 NPs were used in this study to mimic situations where 

ENPs are already coated with NOM before entering an aquatic system (e.g., pre-coated with 

DOM prior to subsurface injection for groundwater remediation). 

A TiO2 stock solution was prepared by mixing TiO2 particles (10 g/L) with DI water for 1 

hour, followed by 30 minutes of bath sonication (Model 800HD, Soniclean, Australia). 

Before each experiment, 200 mL of the stock solution was centrifuged for 10 min at 3500 

rpm (Model 2040, Centurion Scientific Ltd, UK) and supernatant (100 mL) collected for the 

experiments. The final concentration of TiO2 in the supernatant varied from 1.5 to 2.1 g/L. 

This concentration was determined by measuring the nephelometric turbidity as described in 

Chapter 3. 
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Table 7-1: Characteristics of the tested nanoparticles. 

 
Fe2O3 NPs Citrate coated-Ag NPs TiO2 NPs SRNOM-coated Fe2O3 

NPs Source 

Average primary particle size 
(TEM) < 30 nm 40 nm ± 4 nm 21 nm - Manufacturer 

Density 1.17 g/mL ± 0.1 
at 25°C 

0.990 g/mL 
at 25°C 

3.8 g/mL 
at 25°C - Manufacturer 

pH 3.7 ± 0.3 7.1 ± 0.1 3.5-4.5 (40 g/L) - Manufacturer 
Initial zeta potential (mV) +35.4 ± 2.2 (pH 4) -35.7 ± 2.4 (pH 4) +20.7 ± 1.5 (pH 4) -30.1 ± 1.8 (as prepared) This study – Figure 7-2 
Point of zero charge (PZC) 7.0 (200 mg/L) < 2.0 (1 mg/L) 6.0 (25 mg/L) < 2.0 (as prepared) This study – Figure 7-2 

 

 
Figure 7-2: Zeta potential of Fe2O3NPs (200 mg/L), TiO2 NPs (25 mg/L), Citrate Ag NPs (1 mg/L) and SRNOM-Fe2O3 NPs (as prepared) as a function of pH. 
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7.2.3 Natural waters 

Five natural water samples were collected from a variety of sources across New South 

Wales, Australia: Sewage effluent (SewEff) from Sydney Olympic Park treatment plant, 

seawater (SeaW) from Chowder Bay (Sydney Harbour), lake water (LW) from Penrith, river 

water (RW) from Parramatta and groundwater (GW) from Williamstown. All water samples 

were filtered through a 0.2 μm polyethersulfone (PES) vacuum filtration unit (Vivascience 

AG, Germany), and stored at 4°C in the dark prior to use. Previous studies (Hyung et al. 

2007; Quik et al. 2012) showed that this filtration method reduces the concentration of 

natural colloids to negligible levels. This procedure was further validated by checking the 

presence of natural colloids or large agglomerates of organic molecules in the filtered 

samples by use of the on-line DLS set-up. Particles were not detected by DLS in any of the 

natural waters meaning that either all the natural colloids/large agglomerates of organic 

molecules were effectively removed by the filtration method or the concentration and/or size 

of the remaining particles were below the detection limit of the instrument.  

Dissolved organic carbon (DOC) was measured using a TOC analyser (Multi N/C 3100, 

Analytic Jena AG, Germany). The pH and electrical conductivity (EC) were measured 

using a portable pH/conductivity meter (Model WP-80, TPS Pty Ltd, Australia). Ion 

chromatography (IC) (850 Professional IC, Metrohm, Australia) was used to analyse major 

anions and cations. Ionic strength of the water samples was calculated using the following 

formula: 

IS = 1
2

CiZi
2          (1) 

where IS is the ionic strength of the solution (mole/L), Ci is the concentration of the ith 

species (mole/L) and Zi is the valence number of the ith species. 

The detailed characteristics of the natural waters are gathered in Table 7-2. 
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Table 7-2: Water chemistry of the tested natural waters. 
  Lake water 

(LW) 

Sewage 
effluent 
(SewEff) 

Seawater 
(SeaW) 

Groundwater 
(GW) 

River water 
(RW) 

EC (μS/cm) 574 1126 49800 842 513 
pH  7.09 7.80 7.86 6.53 6.89 
DOC (mgC/L) 14.66 5.81 2.65 5.12 15.76 
Ionic strength (mmol/L) 3.46 11.7 735 14.90 1.96 
Ionic composition           
Cl- (mg/L) 34.55 237.22 21442 267.40 17.23 

NO3
- (mg/L) 15.46 9.37 0.06 35.14 15.64 

SO4
2- (mg/L) 12.97 53.04 3055 39.31 6.67 

PO4
3- (mg/L) 0.39 3.73 0.02 1.43 n.d. 

Na+ (mg/L) 41.01 163.31 10756 122.02 40.62 

K+ (mg/L) 5.89 12.19 358 7.06 1.42 

Ca2+ (mg/L) 16.51 28.89 415 59.23 2.40 

Mg2+ (mg/L) 9.60 25.00 1338 52.11 5.22 

        n.d.: not detectable; all waters filtered through 0.2 μm vacuum filter 

7.2.4 Aggregation study in natural waters 

ENPs were introduced into each individual natural water samples in a variable-speed jar 

tester (ZR4-2, Zhongrun Water Industry Technology Development Co., Ltd., China) with a 

37 mm x 23 mm flat paddle impeller in a 250 mL cylindrical jar. The final volume of sample 

in the jar tester was 150 mL. A slow mixing speed of 40 rpm (i.e. 25 g) was used throughout 

the aggregation study. This slow mixing speed was applied to prevent the aggregates from 

sedimenting in the jar tester in order to allow them to flow through the measurement cell and 

be analysed. Several mixing speeds were tested during preliminary experiments and 40 rpm 

was found to be the optimum mixing speed, not so fast as to break the aggregates and not so 

slow that the aggregates settled in the jar. This jar was connected to a peristaltic pump 

(Model 77521-47, Masterflex, Cole Palmer, Australia) which drew the sample directly to the 

light scattering instruments: a DLS system for measuring particle sizes in the 10 nm to 6 μm 

range (model ZEN3600; Malvern Instruments, Worcestershire, UK) and a static light 

scattering (SLS) instrument (Malvern Mastersizer 2000, Malvern Instruments, 
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Worcestershire, UK), with an array of photosensitive detectors, positioned at different angles 

between 0.01° and 40.6°, for the larger aggregates. After passing through the instruments, 

the samples were pumped back into the jar. Samples were pumped through the systems at a 

flow rate of 0.5 mL/min for the DLS instrument and 1.0 mL/min for the SLS instrument.  

Preliminary tests using latex beads of 58 nm, 100 nm, 410 nm, 990 nm, 4900 nm and 8700 

nm (Postnova Analytics, Germany) were carried out to determine the best flow rate for 

accurate detection of ENPs with the two different light scattering detectors (i.e. DLS and 

SLS). Figure 7-3 shows the results at a flow rate of 0.5 mL/min for DLS and 1.0 mL/min for 

SLS which were found to be the appropriate flow rates for ENPs detection. Tests with latex 

beads were run regularly (i.e. once a week) to check the accuracy of both instruments. 

a) 

    b) 

Figure 7-3: Hydrodynamic diameter of standard latex beads (10 mg/L) in DI water as measured by (a) 
DLS (flow rate: 0.5 mL/min) and (b) SLS (flow rate: 1mL/min) in continuous mode. 



190 

 

Final concentrations of ENPs in the natural waters were 200 mg/L, 25 mg/L and 1 mg/L for 

Fe2O3 NPs, TiO2 NPs and citrate-Ag NPs, respectively. These concentrations were chosen as 

they are similar to those used in other studies involving the same ENPs (Baalousha 2009; 

Ottofuelling et al. 2011; Baalousha et al. 2013). Besides, these differences also relate to the 

expected relative concentrations of the different ENPs in the environment (e.g. Fe-based 

NPs used for remediation will be much more concentrated in the area surrounding the 

application zone than Ag NPs and TiO2 NPs will be in the environment, as the release of 

both Ag NPs and TiO2 NPs is more commonly due to unintentional release and hence 

subject to lower local release rates). 

In addition to particle/aggregate size analysis, the zeta potential and surface-adsorbed DOM 

and Ca2+ were also measured at the end of the 60 minute aggregation experiments while the 

slow mixing speed of 40 rpm was maintained to avoid aggregates from settling at the bottom 

of the jar. Many recent studies have demonstrated the significant impact of DOM and 

divalent cations on both the aggregation behaviour and aggregate structure of ENPs (Hyung 

et al. 2007; Baalousha et al. 2008; Zhang et al. 2009; Hu et al. 2010; Thio et al. 2011; Li and 

Chen 2012; Baalousha et al. 2013; Chekli et al. 2013; Chowdhury et al. 2013; Liu et al. 

2013; Romanello and de Cortalezzi 2013; Erhayem and Sohn 2014; Majedi et al. 2014). In 

these studies, the effect of DOM has been found to be concentration-dependent as, at 

sufficient concentration, DOM can effectively stabilise ENPs through electrosteric 

stabilisation. The presence of divalent cations, and especially Ca2+, has been found to 

enhance the aggregation of ENPs through charge neutralisation by compressing the electrical 

double layer. In the presence of DOM, Ca2+ can further exacerbate the aggregation 

phenomena via the formation of calcium complexation with NOM. 

Zeta potential was determined by DLS using 5 ml sample aliquots and a Zetasizer 

instrument (model ZEN3600; Malvern Instruments, Worcestershire, UK). Measurements 



191 

 

were performed in triplicate and the presented results are mean values and standard 

deviations. 

For surface-adsorbed DOM analysis, 50 mL samples were centrifuged for 10 min at 2500 g 

(Model 2040, Centurion Scientific Ltd, UK) to separate the solution phase from the solid 

particles. The amount of DOM in the supernatant was measured using a TOC analyser 

(Multi N/C 3100, Analytic Jena AG, Germany). The amount of DOM adsorbed on the 

surface of the ENPs was then determined by calculating the difference between the initial 

and final DOM concentrations in solution.  

The same protocol was followed to determine the amount of Ca2+ in the supernatant after 

sedimentation of the formed aggregates. The concentration of Ca2+ was measured by ion 

chromatography (IC) (850 Professional IC, Metrohm, Australia).  

7.2.5 Aggregation kinetics 

For colloidal systems where aggregation is governed by the DLVO theory (Derjaguin and 

Landau 1941; Verwey and Overbeek 1948), plots of the attachment efficiency against 

electrolyte concentration at a given experimental conditions can be used to characterize the 

aggregation kinetics: 

                      (2) 

Where α is the attachment efficiency, W is the stability ratio, kslow and kfast represent the 

aggregation rate constant under reaction-limited aggregation (RLA) and diffusion-limited 

aggregation (DLA) regimes. The aggregation rate constant k is proportional to the rate of 

change in the Z-average hydrodynamic diameter over time which corresponds to the slope of 

the hydrodynamic diameter growth, equation 2), and was determined by fitting a linear 
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correlation function to the experimental data during the early stage aggregation (Baalousha 

et al. 2013): 

          (3) 

Where N is the initial particle concentration, d0 is the initial particle diameter and o is the 

optical factor. 

The RLA regime occurs at counter ion concentrations below the critical coagulation 

concentration (CCC), whereas the DLA occurs at counter ion concentrations above the CCC. 

The CCC is frequently used to measure the stability of NP suspensions since it quantifies the 

minimum concentration of the counter ions that is required to completely destabilize the NP 

suspension (Elimelech and O'Melia 1990). The attachment efficiencies under RLA and DLA 

regimes were fitted by linear functions and their intersections yield the respective CCC. 

In the present study, the attachment efficiencies of all ENPs were determined as a function 

of both NaCl and CaCl2 concentration. 

7.2.6 Disaggregation studies in natural waters 

Disaggregation studies were conducted with the SLS detector (Malvern Mastersizer 2000, 

Malvern Instruments, Worcestershire, UK) with the same experimental set-up used for the 

aggregation study. Preliminary studies showed that this instrument does not give repeatable 

results for small aggregates (i.e., below 500 nm) and very low concentrated solutions (below 

5 mg/L). Therefore, after an initial screening, TiO2 NPs and Fe2O3 NPs were chosen for the 

disaggregation study in lake water, sewage effluent, groundwater and seawater as the 

concentration of citrate-Ag NPs and SRNOM-coated Fe2O3 NPs were below the detection 

limit of the instrument. 



193 

 

Upon the formation of stable aggregates (i.e. where the size of the aggregates was found to 

remain constant for more than 60 minutes) under conditions of slow mixing at 40 rpm (i.e. 

25 g), the aggregates were then subjected to a high mixing speed of 200 rpm (i.e. 315 g) for 

5 minutes to induce their disaggregation. After this breakage period, slow mixing (i.e. 40 

rpm) was reintroduced for a further 30 minutes to allow regrowth of the aggregates. The size 

of the aggregates was measured by drawing the sample through the optical unit of the SLS 

detector and back into the jar using the peristaltic pump. Size measurements were taken 

every 30 seconds for the duration of the experiment and recorded on a computer. Samples 

were pumped through the system at a flow rate of 1 mL/min. 

Aggregate strength factors (SF) and recovery factors (RF), which are used to evaluate the 

stability and propensity for formation of the aggregates were determined as follows 

(Yukselen and Gregory 2002; Jarvis et al. 2005; Zhao et al. 2012): 

         (4) 

                    (5) 

where d1 is the average aggregate size of the plateau before applying the shear force, d2 is 

the average aggregate size after aggregate breakage, and d3 is the average aggregate size 

after regrowth to a new plateau.  

7.2.7 Aggregate structural analysis 

The highly disordered structure of colloidal aggregates can be characterised by its scaling 

behaviour, and is defined as the mass fractal dimension (FD) (Weitz et al. 1985; Rice and 

Lin 1993). The FD represents the actual space occupied by the system and defines the 

degree of “openness” of the colloidal aggregate structure. 
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Previous studies have reported the determination of aggregate FD using a Mastersizer 2000 

as described in Chapter 3. Densely-packed aggregates will display a higher FD value, while 

lower FD values indicate linear and loosely bound aggregates.  

7.2.8 Data analysis 

Single and multiple linear regression analysis were performed to investigate the independent 

and combined effect of different variables (e.g., ionic strength, initial TOC concentration) on 

the aggregate size, surface-adsorbed DOM, strength factor and fractal dimension of the 

formed aggregates. 

Preliminary screening showed that ionic strength, initial TOC and Ca2+ concentration of the 

natural waters tested were the three main variables controlling the aggregate size and 

surface-adsorbed DOM while ionic strength, surface-adsorbed DOM and Ca2+ were found to 

be the main variables affecting both the strength factor and fractal dimension of the formed 

aggregates. 

The statistical significance of the effect of each variables (independently and combined) on 

each property tested was assessed by analysis of variance (one-way ANOVA, p < .05). 
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7.3 Results and discussion 

7.3.1 Nanoparticles analysis in DI water prior to the aggregation study 

Hydrodynamic diameters of the different ENPs were assessed in DI water by Dynamic Light 

Scattering (DLS) using a Zetasizer (model ZEN3600; Malvern Instruments, Worcestershire, 

UK) to ensure their stability prior to the aggregation study. Hydrodynamic diameters were 

recorded every 3 seconds for 30 minutes for all ENPs as shown in Figure 7-4. 

 

Figure 7-4: Hydrodynamic diameter of the different ENPs in DI water prior to the aggregation study 
measured by DLS in continuous mode.  

SEM measurements were also carried out and images are gathered in Table 7-3. The mean 

equivalent circular diameter was determined from these images from the analysis of at least 

200 nanoparticles. SRNOM-Fe2O3 NPs were not measured by SEM since samples likely to 

outgas at low pressures such as organic materials are unsuitable for examination in 

conventional SEM. 

The results, presented in Figure 7-4 and Table 7-3 showed a good agreement among the 

different measurement techniques (i.e. on-line DLS and SEM). In general, the size measured 

by the on-line DLS setup was larger than the one determined from the SEM images. 

However, despite differing in absolute values, size measurements did show similar trends. 

All  ENPs used in this experiment were stable (i.e., <5% variation in size over a 30-minute 
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period) and, with the exception of the TiO2 NPs, size measurements were in agreement with 

the data reported by the manufacturers. TiO2 NPs formed primary aggregates of around 200 

nm in diameter (Table 7-3), rather than remaining as 21-nm particles indicated by the 

manufacturers. Attempts to break down the aggregates by various methods in order to obtain 

the primary particles were unsuccessful. These observations are consistent with previous 

studies suggesting that TiO2 nanoparticles form strongly bound aggregates in aqueous 

solutions (Jiang et al. 2009; von der Kammer et al. 2010; Romanello and de Cortalezzi 

2013). Hence, in this experiment, in the case of TiO2, aggregation (or agglomeration) will 

occur between these aggregates, rather than between the primary particles. 
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Table 7-3: SEM images of the different ENPs in DI water (Magnification: x200K) and equivalent mean 
circular diameter (determined from the analysis of at least 200 nanoparticles). 

SEM images Mean circular diameter 
(nm) 

 

29.7 ± 3.2 

 

204.1 ± 5.6 

 

47.0 ± 4.8 

Fe2O3 NPs 

TiO2 NPs 

Citrate-Ag NPs 
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7.3.2 Aggregation behaviour of engineered nanoparticles in natural waters 

Table 7-4 shows the results of the aggregation studies in the different natural waters while 

Table 7-5 gathers the results of the linear regression analysis and one-way ANOVA test. 

Results from Table 7-5 show that more than 85% of the aggregate size variability is 

explained by the initial TOC concentration of the natural waters. The relation became 

stronger (i.e. R2 > 0.99, p < .05) when combining the effect of both ionic strength (IS) and 

initial TOC concentration. These multiple regression analysis show that the aggregate size of 

all ENPs were positively related to the increase in IS and negatively related to the increase in 

TOC concentration (i.e. slope values in Table 3). Interestingly, when only considering the 

initial concentration of Ca2+ rather than the IS, the results of the multiple linear regression 

analysis (Table 7-5) are still statistically significant (i.e. p < .005) and the correlation 

between the aggregate size and the combined effect of initial TOC and Ca2+ concentration is 

even stronger (i.e. R2 > 0.995) suggesting that the concentration of Ca2+ might dominate the 

behaviour of ENPs in most natural waters (von der Kammer et al. 2010). 

Similarly, the amount of DOM adsorbed on the surface of ENPs was found to be strongly 

correlated (i.e. R2 > 0.97, p < .05) to the combined effect of both IS and initial TOC 

concentration and initial Ca2+ and TOC concentration.  According to the DLVO theory 

(Derjaguin and Landau 1941), an increase in ionic strength will lead to a significant decrease 

in the repulsive forces between particles, hence leading to the formation of larger particle 

aggregates. On the contrary, many studies (Mylon et al. 2004; Illes and Tombácz 2006; 

Baalousha 2009) have demonstrated that the presence of sufficiently high concentrations of 

DOM can stabilise the nanoparticles in solution and thus prevent them from aggregation. 
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Table 7-4a: Aggregation state of ENPs in natural waters (particle size, zeta potential and amount of DOM adsorbed onto the surface of ENPs). 

Parameters DI River water Lake water Sewage effluent Groundwater Seawater 

Characteristics 

pH - 6.89 7.09 7.8 6.53 7.86 

TOC (mgC/L) - 15.76 14.66 5.81 5.12 2.65 

Ionic strength (mM) - 1.96 3.46 11.7 14.9 735 

Ca 2+ (mM) - 0.06 0.41 0.72 1.48 10.3 

Particle/aggregate 
size (nm) 

Fe2O3 NPs 40.5 ± 0.3 225 ± 1.5 850 ± 10.7 2368 ± 34.4 2901 ± 12.5 4245 ± 47.9 

TiO2 NPs 216.0 ± 3.0 819 ± 5.7 1416 ± 17.4 17049 ± 368b 19891 ± 714b 24136 ± 256b 

Citrate-Ag NPs 60.5 ± 0.3 61 ± 0.4 97 ± 1.6 1722 ± 4.5 2110 ± 17.2 4095 ± 43.1 

SRNOM-Fe2O3 NPs 202.6 ± 1.0 211 ± 3.0 538 ± 3.9 1642 ± 5.9 1826 ± 20.7 3140 ± 39.7 

Zeta potential value 
(mV) 

Fe2O3 NPs 35.4 ± 2.2 23.2 ± 0.9 18.4 ± 1.3 10.6 ± 1.5 8.3 ± 1.9 0.8 ± 1.1 

TiO2 NPs 20.7 ± 1.5 15.4 ± 0.7 12.3 ± 1.1 2.7 ± 0.9 1.8 ± 1.2 -0.4 ± 1.3 

Citrate-Ag NPs - 35.7 ± 2.4 -33.5 ± 1.6 -22.6 ± 1.3 -13.4 ± 1.1 -12.5 ± 1.0 -1.6 ± 1.7 

SRNOM-Fe2O3 NPs -30.1 ± 1.8 -29.4 ± 0.6 -20.8 ± 1.1 -11.7 ± 1.3 -7.6 ± 1.4 -4.6 ± 1.7 

Amount of DOM 
adsorbed on the 
surface of ENPs (%) 

Fe2O3 NPs - 22.8 ± 1.1 21.5 ± 0.9 15.2 ± 0.6 11.5 ± 0.7 4.9 ± 1.77 

TiO2 NPs - 14.22 ± 1.2 13.9 ± 0.7 9.9 ± 0.6 7.6 ± 1.1 2.3 ± 0.9 

Citrate-Ag NPs - 20.9 ± 1.0 19.9 ± 0.4 13.6 ± 0.6 10.0 ± 0.7 4.2 ± 0.8 

SRNOM-Fe2O3 NPs - n.d. n.d. n.d. n.d. n.d. 

a The particle/aggregate size and amount of DOM adsorbed on the surface of ENPs are average of three replicates (n = 3) and ± 1SD b Size measured by SLS; n.d.: not detectable 
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Table 7-5a: Summary of regression statistics analysis and one-way ANOVA test (95% confidence level) showing the independent and combined effect of IS (X1), initial 
TOC concentration (X2) and initial Ca2+ concentration (X3) on both the aggregate size (Y1) and amount of DOM adsorbed by the ENPs (Y2). 

Y1 = Aggregate size (nm) 
Fe2O3 NPs TiO2 NPs 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y1 = 1479.6 + 3.8X1, 0.551 3.68, n.s. Y1 = 9568.2 + 20.2X1, 0.366 1.73, n.s. 

X2 Y1 = 4456.1 - 271.8X2, 0.95 56.70, *** Y1 = 28567.3 - 1807.4X2, 0.995 568.21, *** 

X3 Y1 = 1264.7 + 308.1X3, 0.642 5.38, n.s. Y1 = 8298.5 + 1682.2X3, 0.454 2.49, n.s. 

X1, X2 Y1= 3879.9 + 1.3X1 - 229.5X2, 0.993 149.46, ** Y1 = 28159.7 + 0.9X1 - 1777.4X2, 0.995 210.19, *** 

X1, X3 Y1 = 257.4 - 25.3X1 + 2189.9X3, 0.911 10.27, n.s. Y1 = 558.3 - 194.1X1 + 16142.6X3, 0.83 4.89, n.s. 

X2, X3 Y1 = 3714.9 - 219.8X2 + 109.3X3, 0.996 233.31, *** Y1 = 27999.7 - 1767.6X2 + 83.7X3, 0.995 215.77, *** 

X1, X2, X3 Y1 = 3133.7 - 5.4X1 - 186.9X2 + 538.9X3, 0.999 6687.24, ** Y1 = 26134.4 - 17.2X1 - 1661.8X2 + 1462.8X3, 0.996 92.68, n.s. 
Citrate-Ag NPs SRNOM-Fe2O3 NPs 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y1 = 956.3 + 4.3X1, 0.705 7.17, n.s. Y1 = 1025.9 + 2.9X1, 0.66 5.83, n.s. 

X2 Y1 = 3899.0 - 259.3X2, 0.865 19.19, * Y1 = 3090.0 - 183.9X2, 0.897 26.03, * 

X3 Y1 = 735.0 + 340.0X3, 0.783 10.81, * Y1 = 873.0 + 230.7X3, 0.742 8.65, n.s. 

X1, X2 Y1 = 2900.8 + 2.3X1 -185.9X2, 0.996 237.60, *** Y1 = 2482.8 + 1.39X1 - 139.3X2, 0.996 292.77, *** 

X1, X3 Y1 = -2.2 - 18.5X1 + 1717.4X3, 0.927 12.70, n.s. Y1 = 306.5 - 14.2 X1 + 1289.1X3, 0.918 11.20, n.s. 

X2, X3 Y1 = 2642.2 -171.1X2 + 185.3X3, 0.997 346.83, *** Y1 = 2323.7 - 130.2X2 + 112.9X3, 0.998 513.43, *** 

X1, X2, X3 Y1 = 2556.0 - 0.8X1 - 166.2X2 + 249.0X3, 0.997 119.48, n.s. Y1 = 2213.2 - 1.0X1 - 123.9X2 + 194.7X3, 0.998 204.23, n.s. 

a * : p < .05, ** : p < .01, *** : p < .005, ns: non-significant. 
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Y2 = Amount of DOM adsorbed on the surface of ENPs (%) 

Fe2O3 NPs TiO2 NPs 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y2 = 17.9 - 0.02X1, 0.623 4.96, n.s. Y2 = 11.5 -0.01X1, 0.705 7.15, n.s. 

X2 Y2 = 4.9 + 1.2X2, 0.897 26.07, * Y2 = 2.9 + 0.7X2, 0.842 15.98, * 

X3 Y2 = 18.9 - 1.4X3, 0.715 7.53, n.s. Y2 = 12.2 - 1.0X3, 0.789 11.19, * 

X1, X2 Y2 = 8.4 - 0.008X1 + 0.9X2, 0.979 47.29, * Y2 = 5.95 - 0.007X1 + 0.5X2, 0.979 47.17, * 

X1, X3 Y2 = 23.1 + 0.1X1 - 9.3X3, 0.954 20.84, * Y2 = 14.6 + 0.06X1 - 5.4X3, 0.961 24.36, * 

X2, X3 Y2 = 9.4 + 0.8X2 - 0.7X3, 0.985 65.97, * Y2 = 6.8 + 0.48X2 - 0.6X3, 0.986 68.22, * 

X1, X2, X3 Y2 = 14.1 + 0.04X1 + 0.6X2 -4.1X3, 0.999 286.62, * Y2 = 9.3 + 0.02X1 + 0.3X2 - 2.4X3, 0.995 61.49, n.s. 

Citrate-Ag NPs 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p)   

X1 Y2 = 16.3 - 0.02X1, 0.6 4.49, n.s.   
X2 Y2 = 3.9 + 1.1X2, 0.907 29.33, *   
X3 Y2 = 17.2 -1.3X3, 0.693 6.77, n.s.   

X1, X2 Y2 = 7.0 - 0.007X1 + 0.9X2, 0.977 43.03, *   
X1, X3 Y2 = 21.3 + 0.1X1 - 9.0X3, 0.949 18.71, n.s.   
X2, X3 Y2 = 7.9 + 0.8X2 - 0.6X3, 0.983 56.93, *   

X1, X2, X3 Y2 = 12.4 + 0.04X1 + 0.6X2 - 3.9X3, 0.997 126.69, n.s.   

a * : p < .05, ** : p < .01, *** : p < .005, ns: non-significant. 
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Despite differing in absolute values, both particle/aggregate size and DOM adsorption 

followed similar trends for all ENPs, although TiO2 NPs appeared to be relatively more 

strongly affected by the IS and initial concentration of TOC and Ca2+. This difference 

between TiO2 NPs and the rest of the ENPs is revealed by comparison of the slope values in 

Table 3. This difference may be due to TiO2 NPs occurring as small aggregates rather than 

single particles and exhibiting an initial lower zeta potential value (Table 7-1). Besides, 

Table 7-4, which reports the zeta potential values of the different ENPs in the natural waters, 

shows that the zeta potentials of TiO2 aggregates are the smallest in magnitude indicating 

smaller repulsive forces between particles promoting their aggregation.  The very distinct 

behaviour of TiO2 NPs compared to the other ENPs becomes significant in the higher IS 

samples (i.e. sewage effluent, groundwater and seawater) and may indicate that the energy of 

interaction has been eliminated (i.e. there is no more repulsive forces between particles) and 

thus diffusion limited regime has been achieved for TiO2 NPs.  

Unexpectedly, citrate-Ag NPs effectively adsorbed DOM on their surfaces (Table 7-4) 

despite being negatively charged at the beginning of the aggregation experiments (Table 

7-1). A recent study (Liu et al. 2013) indicated that negatively charged functional groups on 

NOM such as R-COO− and R-S− groups may facilitate NOM adsorption on gold NP surfaces 

by displacing weakly adsorbed citrate from the surface. This may also be the case for Ag-

NPs in the present study. In fact, a recent study (Gondikas et al. 2012) showed that cysteine 

was adsorbed to citrate-Ag NP surfaces through the formation of Ag(+I)-sulfhydryl bonds. 

In the case of SRNOM- Fe2O3 NPs, neither adsorption nor desorption of DOM were 

observed in the different natural waters as the initial and final measured TOC were similar 

(Table 7-4). However, these results could not indicate if there was an exchange between the 

SRNOM adsorbed on the surface of Fe2O3 NPs and the DOM present in the natural waters. 
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The citrate-Ag NPs and the SRNOM-Fe2O3 NPs were most stable (i.e. did not aggregate) in 

the low IS river water and their size remained quite similar to those obtained in DI water (i.e. 

increase in size of less than 5%) (Table 7-4); which is possibly due to their higher critical 

coagulation concentration (CCC) (Figure 7-5and Figure 7-6). In the relatively low IS lake 

water, however, both citrate-Ag NPs and SRNOM-Fe2O3 NPs aggregated. This is probably 

due to the presence of divalent ions (i.e., Ca2+, 16.51 mg/L; Mg2+, 9.60 mg/L; and SO4
2-, 

12.97 mg/L). These are known to promote ENP aggregation, even in the presence of NOM 

(Ottofuelling et al. 2011), due to bridging effects and/or charge neutralization (Chen et al. 

2006). In seawater, because of the high ionic strength conditions, and especially the high 

concentration of divalent cations, the aggregates formation was mainly governed by 

diffusion (diffusion-limited aggregation mode) as the surface charge of the ENPs is partially 

or totally screened (i.e. Zeta potential values close to 0 in Table 7-4) through the 

compression of the electric double layer (Yan et al. 2000), giving a rise to weak physical 

particle-particle bonds such as van der Waals forces. Similar results were obtained in other 

recent studies (Keller et al. 2010; Ottofuelling et al. 2011) where electrophoretic mobility 

values were found to be close to zero in seawater samples. 
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a) 

 
b) 

 
c) d) 

Figure 7-5: Attachment efficiencies of (a) Fe2O3NPs (200 mg/L), (b) TiO2 NPs (25 mg/L), (c) Citrate Ag 
NPs (1 mg/L) and (d) SRNOM-Fe2O3 NPs (as prepared) as a function of NaCl concentration. The dashed 

line provides a visual guide to distinguish the two aggregation regime. 
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a) 

 
b) 

c) d) 

Figure 7-6: Attachment efficiencies of (a) Fe2O3NPs (200 mg/L), (b) TiO2 NPs (25 mg/L), (c) Citrate Ag 
NPs (1 mg/L) and (d) SRNOM-Fe2O3 NPs (as prepared) as a function of CaCl2 concentration. The dashed 

line provides a visual guide to distinguish the two aggregation regime. 

7.3.3 Characterisation of aggregate structure: Comparison between Fe2O3 NPs and 

TiO2 NPs 

7.3.3.1 Aggregate strength and recoverability 

In order to investigate aggregate structure, the aggregate strength and recoverability were 

evaluated using a high mechanical shear force to induce breakage of the aggregates, 

followed by a slow stirring to allow aggregate regrowth. The SF and RF of the aggregates 
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were then calculated using equations 4 and 5. These results are presented in Table 7-6, Table 

7-7, Table 7-8 and Figure 7-7. 

 
a)  

b) 

 
c)   

d) 

Figure 7-7: Breakage and regrowth profile of Fe2O3 NPs (200 mg/L) and TiO2 NPs (25 mg/L) aggregates 
formed in (a) seawater, (b) groundwater, (c) sewage effluent and (d) lake water. Shear force applied: 200 

rpm for 5 minutes. SF: Strength Factor; RF: Recovery Factor.  

When the shear force was introduced, both Fe2O3 and TiO2 NPs aggregates immediately 

decreased in size in all water samples (Figure 7-7). After slow stirring was reintroduced the 

aggregates began to grow again. Results for both Fe2O3 and TiO2 NPs indicated the 

following order for SF: Lake water> Sewage effluent> Groundwater> Seawater, and the 

reverse order for RF (Table 7-6). In all waters, only partial aggregate recoverability was 

observed (i.e., RF < 100 %). Aggregate recoverability provides information about the 

internal bonding structure of the aggregates. In previous studies focusing on floc structure, 
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irreversible breakage of flocs was seen as evidence that floc formation was not caused by 

pure charge neutralisation mechanisms but was also associated with chemical bonds such as 

hydrogen bindings (Jarvis et al. 2005; Zhao et al. 2012). In the present study, chemical 

bonds could well arise from surface adsorption of DOM on ENPs as well as through 

intermolecular bridging via calcium complexation. In fact, Table 7-7 shows the amount of 

Ca2+ adsorbed within the formed aggregates in the different water samples which may 

suggest that calcium, together with NOM, plays a role in ENP aggregation. This statement is 

confirmed by the results obtained in Table 7-5 which shows that the aggregation of ENPs is 

strongly related to the combined effect of NOM and Ca2+ present in the natural waters (i.e. 

R2 > 0.99, p < .005).  Enhanced aggregation of ENPs due to a bridging mechanism by NOM 

was also observed in previous studies (Tipping and Ohnstad 1984; Chen et al. 2006; Chen et 

al. 2007; Baalousha et al. 2008). 

Table 7-6: Summary of strength factor (SF), recovery factor (RF), fractal dimension (FD) of the formed 
aggregates. 

Sample SF (%) RF (%) 
FD 

Before breakage After regrowth 
  

Fe2O3 NPs TiO2 NPs Fe2O3 NPs TiO2 NPs Fe2O3 NPs TiO2 NPs Fe2O3 NPs TiO2 NPs 

LW 84.2 ± 0.9 50.2 ± 1.5 38.4 ± 0.9 64.9 ± 2.3 1.94 ± 0.02 1.75 ± 0.02 1.95 ± 0.02 1.77 ± 0.02 

SewEff 79.9 ± 1.6 41.0 ± 1.9 53.6 ± 1.2 70.1 ± 2.0 1.86 ± 0.01 1.67 ± 0.02 1.87 ± 0.02 1.73 ± 0.01 

GW 74.7 ± 1.3 39.3 ± 2.4 54.5 ± 1.5 73.8 ± 2.6 1.82 ± 0.01 1.65 ± 0.04 1.84 ± 0.01 1.72 ± 0.03 

SeaW 63.8 ± 2.2 32.8 ± 3.1 58.5 ± 1.3 78.9 ± 2.9 1.69 ± 0.03 1.59 ± 0.02 1.75 ± 0.02 1.69 ± 0.03 

 

In seawater, the aggregates were formed under high ionic strength conditions; much higher 

than the CCC of both Fe2O3 and TiO2 NPs. This indicates that the ENPs aggregated in a 

diffusion limited aggregation mode or fast aggregation regime where aggregation is mainly 

governed by diffusion as the zeta potential values of the ENPs are close to 0 (Table 7-4) due 

the compression of the electric double layer (Yan et al. 2000). Therefore, it may be expected 

that these aggregates have low SF and proportionally high RF. In lake water, however, 
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aggregates of both ENPs had higher SF and lower RF. This can partly be explained by low 

IS water promoting reaction limited aggregation or a slow aggregation regime, giving rise to 

more compact aggregates. Furthermore, this could also be the result of DOM (present in 

higher concentrations in lake water) helping to bind the particles together through chemical 

bonds (Jarvis et al. 2005; Chowdhury et al. 2013). In fact, adsorption of DOM on the surface 

of both ENPs is more important in lake water where the recovery factor has the lowest value, 

suggesting that DOM plays a role in the aggregate recoverability. In fact, Table 7-8 shows a 

fairly strong correlation (i.e., R2 > 0.95, p < .05 for both Fe2O3 NPs and TiO2 NPs) between 

SF and the amount of DOM adsorbed by the NPs.. Furthermore, Table 7-4 shows that Fe2O3 

NPs have a greater adsorption capacity for DOM than TiO2 NPs. This can be explained by 

their higher initial zeta potential (+35.4 mV for Fe2O3 NPs vs. +20.7 mV for TiO2 NPs) and 

higher surface area (because Fe2O3 NPs are initially present as primary, well-dispersed 

particles rather than small aggregates). Finally, the presence of calcium cations in lake water 

can also influence the strength and recoverability of the formed aggregates. In fact, Table 7-

7 shows the amount of Ca2+ adsorbed within the formed aggregates. This amount was found 

to be more important in the waters with lower IS (i.e. river and lake waters) which can be 

seen as evidence of calcium complexation with DOM within the aggregates formed in these 

waters leading to more compact aggregates. Besides, Table 7-8 shows that there is a strong 

correlation (i.e. R2 > 0.99, p < .05) between the SF and the combined effect of surface-

adsorbed DOM and Ca2+ for Fe2O3 NPs only; which may explained the stronger SF values 

obtained for this ENP compared to TiO2 NPs. In fact, as discussed earlier, strong chemical 

bindings can arise from the intermolecular bridging via calcium complexation with DOM 

leading to more compact aggregates.  
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Table 7-7: Amount of Ca2+ adsorbed within the ENPs aggregates in the different natural waters. 

Sample Amount of adsorbed Ca2+ (%) 

  Fe2O3 NPs TiO2 NPs 

Lake water 27.2 ± 0.9 17.4  ± 1.0 

Sewage 
effluent 12.1 ±  1.1 3.1  ± 1.3 

Groundwater 7.6 ±  1.1 2.1  ± 1.0 

Seawater 0.3 ±  0.1 0.2  ± 0.1 
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Table 7-8: Summary of regression statistics analysis and one-way ANOVA test (95% confidence level) showing the independent and combined effect of IS (X1), amount of 
DOM (X2)  and Ca2+ adsorbed by the ENPs (X3) on both the strength factor (SF, Y3) and fractal dimension (FD, Y4) of the formed aggregates. 

Y3 = Strength Factor (%) 
Fe2O3 NPs TiO2 NPs 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y3 = 79.8 - 0.02X1, 0.815 8.83, n.s. Y3 = 43.7 - 0.01X1, 0.568 2.63, n.s. 
X2 Y3 = 59.2 + 1.2X2, 0.957 44.18, * Y3 = 28.7 + 1.4X2, 0.953 40.49, * 
X3 Y3 = 67.3 + 0.7X3, 0.829 9.72, n.s. Y3 = 35.9 + 0.8X3, 0.873 13.79, n.s. 

X1, X2 Y3 = 65.0 - 0.008X1 + 0.9X2, 0.991 57.93, n.s. Y3 = 24.5 + 0.006X1 + 1.8X2, 0.976 20.05, n.s. 
X1, X3 Y3 = 73.1 - 0.01X1 + 0.4X3, 0.976 20.60, n.s. Y3 = 38.5 - 0.008X1 + 0.7X3, 0.997 154.40, n.s. 

X2, X3 Y3 = 52.1 + 2.4X2 - 0.7X3, 0.999 2451.55, * Y3 = 30.7 + 0.9X2 + 0.3X3, 0.997 167.08, n.s. 

Y4 = Fractal Dimension 

Fe2O3 NPs TiO2 NPs 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y4 = 1.9 - 0.0003X1, 0.783 7.20, n.s. Y4 = 1.7 - 0.0001X1, 0.585 2.83, n.s. 
X2 Y4 = 1.6 + 0.01X2, 0.981 101.39, ** Y4 = 1.6 + 0.01X2, 0.965 55.40, * 
X3 Y4 = 1.7 + 0.009X3, 0.89 16.15, n.s. Y4 = 1.6 + 0.008X3, 0.857 11.94, n.s. 

X1, X2 Y4 = 1.7 - 0.00007X1 + 0.01X2, 0.999 1909.99, * Y4 = 1.5 + 0.00005X1 + 0.02X2, 0.985 31.82, n.s. 
X1, X3 Y4 = 1.8 - 0.0001X1 + 0.006X3, 0.997 175.13, n.s. Y4 = 1.6 - 0.00008X1 + 0.006X3, 0.993 69.28, n.s. 
X2, X3 Y4 = 1.6 + 0.02X2 - 0.005X3, 0.993 70.85, n.s. Y4 = 1.6 + 0.009X2 + 0.003X3, 0.999 440.84, * 

a * : p < .05, ** : p < .01, *** : p < .005, ns: non-significant. 
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7.3.3.2 Aggregate structural analysis 

The structure of the aggregates was also described by calculating their fractal dimension 

(FD) before breakage and after regrowth (Table 7-6). Fractal dimension can provide useful 

information about the morphology (i.e., porosity and compactness) of the aggregates 

(Christian et al. 2008). For both ENPs, the FD values remained fairly unchanged after 

regrowth, except in the samples with high IS (i.e. seawater).  As discussed in the previous 

section, in seawater, the aggregates were formed under high ionic strength conditions and 

thus aggregation is mainly governed by diffusion giving rise to weak physical particle-

particle bonds such as van der Waals forces. When the high shear force is applied, the 

aggregates will preferentially break at these weak points. When the slow mixing speed is 

then reintroduced, the aggregates will start to reform slowly and new bonds will be created 

at more favourable points (i.e. where the attractive forces will be greater or the repulsive 

forces lower) resulting in the formation of more compact aggregates with higher FD. 

(Yukselen and Gregory 2002). By comparing the FD of both ENPs in the different water 

samples (Table 7-6), it can be seen that the FD values followed the same trend as the SF 

values: increasing together with increasing quantities of DOM adsorbed on the ENPs (i.e., 

R2 > 0.96, p < .05) (Table 7-8). Baalousha et al. (Baalousha et al. 2008) obtained similar 

findings, with the addition of humic acid (HA) molecules inducing a change in aggregate 

structure. In the absence of HA, the nanoparticles formed open porous aggregates with a low 

FD, whereas in the presence of HA, compact aggregates with higher FD were formed. The 

difference observed here between Fe2O3 and TiO2 NPs may also be explained by the fact that 

Fe2O3 NPs adsorbed DOM more efficiently and therefore formed more compact aggregates. 

Furthermore, it can also be explained by the way ENP aggregates interact with DOM. 

Christian et al. (Christian et al. 2008) explained that HA (and therefore DOM) adsorption on 

NP aggregate surfaces could occur in two steps. Initially, DOM may cover the surfaces of 

NP aggregates in a fast adsorption step. This could be followed by slow diffusion of DOM 
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within the aggregate pores, leading to the formation of more compact aggregates. Finally, 

the difference in aggregate structure could also arise from the difference in initial particle 

surface area. A recent study (Chowdhury et al. 2013) showed that there is a linear 

relationship between NP surface area and fractal dimension, which suggests that smaller 

particles can form more compact aggregates. 

SEM images of both ENPs in seawater (Figure 7-8) and in lake water (Figure 7-9) confirmed 

the difference in structure between the two extreme water samples (i.e., high IS and low 

TOC seawater versus low IS and high TOC lake water). Despite the difference in size, both 

Fe2O3 and TiO2 NPs formed linear, chain-like aggregates in seawater, whereas in lake water, 

aggregates of both ENPs were more compact. In a recent study (Romanello and de 

Cortalezzi 2013) investigating the aggregation behaviour of TiO2 NPs under relevant 

environmental conditions, similar findings were reached regarding the structure of the 

formed aggregates. In their study, Romanello et al. (2013) found that TiO2 aggregates 

formed under favourable conditions (i.e. high IS) exhibited an open, porous morphology 

(based on SEM images analysis). Authors explained that under these unstable conditions, the 

total interaction energy between particles is positive which resulted in high attachment 

efficiency (Elimelech et al. 1995). 
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a) 

b) 

Figure 7-8: Representative SEM images of (a) TiO2 and (b) Fe2O3 aggregates in seawater. 
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a) 

b) 

Figure 7-9: Representative SEM images of (a) TiO2 and (b) Fe2O3 aggregates in lake water. 
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7.3.3.3 Correlation between SF and FD 

Figure 7-10 shows that there is also a strong correlation (i.e., R2 > 0.98) between aggregate 

FD and SF. This can be explained by the strong relationship between the aggregate structure 

and breakup mechanism. In fact, Jarvis et al. (Jarvis et al. 2005) explained that there are two 

mechanisms of aggregate breakup: surface erosion (slow) and large-scale fragmentation 

(fast). Highly-branched aggregates with low FD (e.g., in seawater) will breakup via a 

fragmentation mechanism, whereby aggregates split into pieces of comparable size, leading 

to a low SF. This suggests that these small aggregates were agglomerated rather than 

aggregated as they were only held by weak van der Waals forces (Jiang et al. 2009). 

However, compact aggregates with higher FD (e.g., in lake water) will preferentially 

breakup via a surface erosion mechanism, whereby small particles are separated from the 

surface of the aggregates, leading to higher SF. The high degree of compactness of these 

aggregates (i.e. high FD value) makes the disaggregation process more difficult (resulting in 

higher SF value) and this is mainly due to the presence of DOM within the aggregates 

(Baalousha et al. 2008). This finding is also supported by Wang et al. (Wang et al. 2009) 

who found a close relationship between floc structure (i.e., FD) and floc SF. 
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Figure 7-10: Correlations between the 1the strength factor SF and the fractal dimension FD of the formed 
aggregates. The error bars represent the standard deviation from triplicate measurements. 

7.4 Conclusions 

In this chapter, it was showed that aggregation behaviour and aggregate structure of ENPs 

are both strongly dependent on the physico-chemical characteristics of the environmental 

medium (i.e., ionic strength, ionic composition and presence and concentration of NOM). 

Aggregate structure of ENPs, in particular, is an important factor controlling their fate and 

behaviour in the aquatic environment. Results from this study also revealed a strong 

correlation between FD and SF.  Compact aggregates (i.e. having high FD and SF) will more 

likely disaggregate via surface erosion which will likely lead to the formation of smaller 

aggregates that can potentially be resuspended in the water column where they can adsorb 

and transport pollutants, nutrients and/or natural colloids.  
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The method proposed and demonstrated in this chapter provides a simple and convenient 

way to characterise the aggregation behaviour and aggregate structure of ENPs in a range of 

different water types. With a rapidly multiplying suite of ENPs now identified as potential 

environmental contaminants, screening methods such as this are clearly required.  
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CHAPTER 8  

COUPLING LASER LIGHT SCATTERING WITH 

FIELD FLOW FRACTIONATION TO ASSESS 

THE AGGREGATION BEHAVIOUR AND 

AGGREGATE STRUCTURE OF ENGINEERED 

NANOPARTICLES IN NATURAL WATERS 
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8.1 Introduction 

In the previous chapter (i.e. Chapter 7), we developed a novel set-up combining both 

dynamic and static laser light scattering techniques to study the aggregation behaviour and 

aggregate structure of ENPs in various natural water samples. Light scattering techniques are 

widely available but suffer from the strong particle size dependence of the scattering 

intensity (Hiemenz and Rajagopalan 1997). This leads to Z-average or intensity values being 

skewed toward larger particles/aggregates (Domingos et al. 2009). To circumvent this 

limitation, this on-line light scattering method was further developed by combining it with 

different off-line analytical techniques to better assess the polydispersity of the sample. The 

larger aggregates formed under a fast-aggregation regime were characterised in terms of size 

and structure by use of the on-line light scattering set-up. After sedimentation, the smaller 

particles/aggregates were collected and characterised by both dynamic light scattering (DLS) 

and flow field-flow fractionation (FlFFF). 

Titanium dioxide (TiO2) NPs were chosen for this study as they are among the most heavily 

commercialised ENPs, finding applications in paints, cosmetics, catalysts and food colorants 

(Joo et al. 2009; Robichaud et al. 2009). The principal pathway for TiO2 NPs into the 

environment is through wastewater treatment plants (WWTPs) (Gottschalk et al. 2009; Kiser 

et al. 2009; Gottschalk et al. 2010; Kunhikrishnan et al. 2014). In some studies (Gottschalk 

et al. 2009; Kiser et al. 2009), it has been demonstrated that TiO2 NPs are only partly 

removed in WWTPs and thus a large quantity can enter the natural water system. TiO2 NPs 

have also been detected in freshwater in concentrations in the range of a few μg/L following 

runoff from painted-house facades (Kaegi et al. 2008). The release of TiO2 NPs into the 

environment raises concerns about contamination, both by the nanoparticles themselves and 

by their potential to co-transport sorbed contaminants into surface and groundwaters. As 

river waters are an important source of drinking water and a major component of surface 
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waters, understanding the fate and behaviour of TiO2 NPs in these natural systems is 

necessary to underpin robust risk assessment of these emerging contaminants. 

The overall objectives of this study were therefore: 

 To investigate the agglomeration behaviour of TiO2 NPs in different river water 

samples using various analytical techniques. The benefit of using a multi-method 

approach to characterise ENPs in complex environmental samples has already been 

demonstrated (Domingos et al. 2009; Chekli et al. 2013) but has not been 

systematically applied in aggregation studies using natural waters; 

 To assess the strength and recovery factors and the structure of the aggregates 

formed in the river waters.  

This chapter is an extension of a research article published by the author in Journal of 

Environmental Management (Chekli et al. 2015). 

8.2 Experimental 

8.2.1 TiO2 NPs 

Commercial Aeroxide P25 TiO2 NPs (average primary particle size reported by the 

manufacturer 21 nm) were purchased from the Evonik Degussa Corporation (Parsippany, 

NJ, USA). The detailed characteristics of this material can be found in Table 8-1. The zeta 

potential measurements and determination of CCC for both NaCl and CaCl2 are described in 

Chapter 7. 
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Table 8-1: Characteristics of the tested TiO2 NPs. 

 
TiO2 NPs Source 

CAS-Nr 13463-67-7 Manufacturer 

Powder content > 99.5% TiO2 Manufacturer 

Average primary particle size (TEM) 21 nm Manufacturer 
Density 3.8 g/mL at 25°C Manufacturer 
pH 3.5-4.5 (40 g/L) Manufacturer 
Point of zero charge pH 5.8 This study – Figure 8-1 
CCC (mM NaCl)  18 This study – Figure 8-2 
CCC (mM CaCl2) 0.73 This study – Figure 8-2 

 

 

Figure 8-1: Zeta potential profile of TiO2 NPs (12.5 mg/L) as a function of pH.  
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a) b) 

Figure 8-2: Attachment efficiencies of TiO2 NPs (12.5 mg/L) as a function of (a) NaCl concentration and 
(b) CaCl2 concentration. The dashed line provides a visual guide to distinguish the two aggregation 

regimes. 

8.2.2 Sample preparation 

TiO2 stock solution was prepared by mixing TiO2 particles (10 g/L) with DI water for 1 hour, 

followed by 30 minutes of bath sonication (Model 800HD, Soniclean, Australia). Before 

each experiment, 200 mL of the stock solution was centrifuged for 10 min at 3000 rpm 

(Model 2040, Centurion Scientific Ltd, UK) and supernatant (100 mL) collected for the 

experiments. The final concentration of TiO2 in the supernatant varied from 1.5 to 2.1 g/L. 

This concentration was determined by measuring the nephelometric turbidity (NTU) as 

explained in Chapter 3. 

8.2.3 Natural river water samples 

Four river water samples were collected along the Parramatta River (NSW, Australia) at 

different distances from the sea to obtain a gradient in both DOM concentrations and 

solution IS. Physical and chemical characteristics of the water samples are given in Table 

8-2. All water samples were filtered through a 0.2 μm membrane filter and stored at 4°C in 

the dark prior measurements as described in Chapter 7. Characterisation of the natural 
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waters (i.e. DOC, pH, EC and concentrations of the major anions and cations) is detailed in 

Chapter 7. 

Table 8-2: Physico-chemical characteristics of the tested river waters. 

  
  R2.8 R6.7 R18.7 R342 

EC (μS/cm) 313 653 1850 26900 
pH  7.36 7.64 8.04 7.96 
DOC (mgC/L) 10.01 5.33 3.98 3.21 
Ionic strength (mmol/L) 2.8 6.7 18.7 342.0 
Ionic composition (mM) 
Cl- 1.21 5.15 14.8 278.9 

NO3
- 0.01 0.05 0.07 2.16 

SO4
2- 0.24 0.27 0.82 14.7 

PO4
3- 0.07 n.d. 0.08 n.d. 

Na+ 2.10 5.17 15.1 495.9 

K+ 0.11 0.12 0.41 1.59 

Ca2+ n.d. 0.16 0.36 4.02 

Mg2+ 0.30 0.30 0.56 8.61 
*Ri: River sample with a ionic strength equal to i. n.d.: not detectable. 

8.2.4 Aggregation study in river waters 

The work of Phenrat et al. (2007) formed the basis for the study of the  

aggregation/sedimentation process. According to their study, there is a critical size (dc) 

above which aggregates will sediment rapidly while aggregates having lower sizes (d < dc) 

will remain suspended. Aggregation of the residual smaller aggregates will then occur 

slowly with time followed by sedimentation when their size reaches dc. In this study, we 

firstly characterised the large aggregates (d > dc) formed under a fast-aggregation regime or 

reaction-limited aggregation (RLA) (Weitz et al. 1985; Klein and Meakin 1989) using an on-

line light scattering method. After this initial fast sedimentation process, the smaller 

aggregates remaining in suspension were collected and analysed by both DLS and FlFFF. 
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8.2.4.1 On-line light scattering measurements 

TiO2 NPs were added to the different river water samples (final concentration in river waters 

of 12.5 mg/L) using a variable-speed jar tester (ZR4-2, Zhongrun Water Industry 

Technology Development Co., Ltd., China) which was connected to a peristaltic pump 

(Model 77521-47, Masterflex, Cole Palmer, Australia) as shown in Figure 7-1 (Chapter 7). 

Details on the experimental protocol of the on-line light scattering set-up can be found in 

Chapter 7. The water samples were pumped directly to the light scattering instrument for 

continuous particle/aggregate size analysis: a dynamic light scattering (DLS) instrument 

(model ZEN3600; Malvern Instruments, Worcestershire, UK) was used for particle size 

ranging from 10 nm to 6 μm and a static light scattering (SLS) system (Malvern Mastersizer 

2000, Malvern Instruments, Worcestershire, UK) was utilised for measuring the larger 

particles. 

In addition to particle size analysis, the amount of DOM adsorbed during the aggregation 

process was also measured at the end of the aggregation experiments. Surface-adsorbed 

DOM was measured by a TOC analyser (Multi N/C 3100, Analytic Jena AG, Germany) 

using 50 mL samples which were first centrifuged for 10 min at 2500 g (Model 2040, 

Centurion Scientific Ltd, UK) to separate the solution phase from the solid particles. The 

amount of DOM adsorbed on the surface of TiO2 NPs during the aggregation process was 

calculated using the following equation: 

         (1) 

where q (mg/g) is the amount of DOM (mg) adsorbed per mass (g) of TiO2 NPs, C0 and Cf 

(mg/L) are the initial and final concentration of DOM in solution, V (L) is the solution 

volume and m (g) is the mass of the TiO2 NPs injected into the river water samples. 
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Measurements were performed in triplicate and the results presented are average values with 

standard deviations. 

After the aggregation experiments, the larger aggregates were allowed to settle before the 

supernatant was collected following the protocol described in v.d. Kammer et al. (2010) (i.e. 

the supernatant should be collected after the fast aggregation reaction and before the most 

stable dispersion starts to settle). Concentration of the stable fraction of TiO2 in the 

supernatant was determined by measuring the nephelometric turbidity as described earlier. 

8.2.4.2 Dynamic light scattering – batch mode 

After sedimentation of the larger aggregates, the supernatant (5 mL) was collected and 

analysed with a Zetasizer (model ZEN3600; Malvern Instruments, Worcestershire, UK) to 

determine both the zeta potential and hydrodynamic diameter of the different samples. 

Physical principles, mathematical treatment, and limitations of the DLS data can be found in 

Chapter 3. 

8.2.4.3 Flow field-Flow Fractionation 

The FlFFF system used in this study has been described in Chapter 3 (i.e. FlFFFb - Wyatt 

Technology, Dernbach, Germany) as well as the theory and principles of this instrument. 

The operating conditions are summarised in Table 8-3. At least three independent replicates 

were run per sample and the data were averaged. In general, good agreement was observed 

between replicates (i.e. peak heights differed by less than 5 %). Samples used in FlFFF 

experiments were the same as for DLS experiments to ensure data comparability.  
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Table 8-3: Summary of the FFF operating conditions used in this study. 

Sample Channel flow (mL/min) Cross Flow (mL/min) Carrier liquid composition 
R2.8 

0.5 

1.5 

MilliQ water + 0.01% FL70* R6.7 
0.3 R18.7 

R342 

*Fl-70 (SF105-1, Fisher Scientific, Fair Lawn, NJ) is an anionic surfactant composed with oleic acid, sodium 
carbonate, tergitol, tetrasodium EDTA, poly(ethylene glycol), and triethanolamine. 

Polystyrene nanospheres with standard sizes of 100 nm, 300 nm and 400 nm (Thermo 

Scientific, Fremont, CA, USA) were used to create calibration curves from which 

hydrodynamic diameters of TiO2 NPs were determined. An example of one such calibration 

curve is given in Figure 8-3. 

 

Figure 8-3: FFF calibration curve using polystyrene standard nanoparticles of 100 nm, 300 nm and 400 
nm. 

8.2.4.4 Data analysis 

In order to assess the independent and combined effect of both the ionic strength and initial 

TOC concentration of the natural waters on the aggregate size and surface-adsorbed DOM; 
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single and multiple linear regression analysis were carried out. In fact, preliminary screening 

showed that both the ionic strength and initial TOC concentration of the natural waters 

tested were the two main variables controlling the aggregate size and surface-adsorbed 

DOM. 

The statistical significance of the effect of each variables (independently and combined) on 

each property tested was assessed by analysis of variance (one-way ANOVA, p < .05). 

8.2.5 Aggregate structure 

8.2.5.1 Strength and recovery factors 

The aggregates formed under the fast-aggregation regime were subjected to a high mixing 

speed of 200 rpm (i.e. 315 g) for 5 minutes to induce their disaggregation. After breakage, 

slow mixing (i.e. 40 rpm; 25 g) was reintroduced for 15 minutes to allow the aggregates to 

regrow. The size of the aggregates was measured by drawing the sample through the optical 

unit of the SLS detector and back into the jar using the peristaltic pump. Size measurements 

were taken every 30 seconds for the duration of the experiment and recorded on a computer. 

To evaluate both the strength and recoverability of the formed aggregates, the strength factor 

(SF) and recovery factor (RF), were calculated as described in Chapter 7 (Yukselen and 

Gregory 2002; Jarvis et al. 2005; Zhao et al. 2012). 

8.2.5.2 Aggregate structural analysis 

There are two distinct regimes of irreversible colloid aggregation: reaction-limited 

aggregation (RLA) and diffusion-limited aggregation (DLA). The DLA regime will occur 

when there are no or negligible repulsive forces between particles, and aggregation is mainly 

controlled by diffusion (Klein and Meakin 1989), whereas the RLA regime will occur when 
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there are significant but not insurmountable repulsive forces between particles (Weitz et al. 

1985; Klein and Meakin 1989; Lin et al. 1990). 

The highly disordered structure of colloidal aggregates can be characterised by its scaling 

behaviour, defined as the mass fractal dimension (FD) (Weitz et al. 1985; Rice and Lin 

1993). Typical FD values are FD ~ 1.8 for DLA, and FD ~ 2.1 for RLA, indicating a more 

compact structure for aggregates formed under the RLA regime (Klein and Meakin 1989). 

The use of Mastersizer 2000 for the determination of FD has been previously reported 

(Rieker et al. 2000; Jarvis et al. 2005b) and detailed in Chapter 3.  

8.3 Results and discussion 

8.3.1 Characteristics of the river waters and stability of TiO2 NPs in DI water 

The characteristics of the tested river waters are presented in Table 1. The pH of the 

different river samples was restricted to a narrow range (i.e. 7.36 – 8.04). However, as 

expected, a gradient in both the DOC concentration (3.21 – 10.01 mgC/L) and solution IS 

(2.8 – 342.0 mmol/L) was obtained. The ionic composition and more specifically the ratio 

between mono- and divalent cations also varied significantly between the tested samples 

with monovalent cations (especially Na+) becoming dominant in the highest IS river sample 

due to the vicinity of the ocean. This will have an important impact on the aggregation 

behaviour as the critical coagulation concentration (CCC) of mono- and divalent cations is 

approximately 1:0.033 (molar ratio) (Elimelech et al. 1998; Stumm and Morgan 2012). This 

suggests that, if only considering electrostatic interactions and neglecting the effects of 

specific adsorption (e.g. with NOM), the concentration of divalent cations should dominate 

the behaviour of ENPs in most surface waters (von der Kammer et al. 2010). 
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The hydrodynamic diameter of the TiO2 NPs in DI water (pH 4) was measured to ensure 

their stability before being subjected to the natural river waters. The results are presented in 

Figure 8-4 and Table 8-4 and showed a small variation in size (< 5%) over the 30-minute 

test period. Size measurements by both on-line DLS and scanning electron microscope 

(SEM) were not in agreement with the data reported by the manufacturers. TiO2 NPs were 

present in small aggregates of around 250 nm in diameter rather than well-dispersed as 21-

nm primary particles. This is consistent with previous studies which found that TiO2 NPs 

form strongly bound aggregates when dispersed in aqueous solutions (Jiang et al. 2009; von 

der Kammer et al. 2010; Romanello and de Cortalezzi 2013). 

 

Figure 8-4: Hydrodynamic diameter of TiO2 NPs in DI water (pH 4) prior to the aggregation study 
measured by DLS in continuous mode. 
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Table 8-4: SEM images of the TiO2 NPs in DI water (Magnification: 200 000 ×). 

  

 
  

8.3.2 Characterisation of aggregate size and DOM adsorption capacity 

Table 8-5 and Table 8-6 gather the results of the aggregation experiments. In all tested 

samples, TiO2 NPs formed larger aggregates in river water than in DI water with aggregate 

sizes ranging from submicron (i.e. 987 nm ± 8 nm in R2.8) to tens of micrometers in the 

higher IS river samples. These results are in agreement with previous studies by French et al. 

(2009) and Ridley et al. (2006) who measured TiO2 NPs aggregate size through optical 

images and laser diffraction analyses respectively, and found aggregate sizes up to 30 μm in 

aqueous media at different IS and ionic composition. 

Results from Table 8-5 also show that the aggregation of TiO2 NPs and more specifically the 

aggregate size varied positively with the increase in IS and negatively with the amount of 
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DOM present in the natural waters. This is in accordance with the classical DLVO theory 

(Derjaguin and Landau 1941) which demonstrates that an increase in the IS will lead to a 

decrease in the repulsive forces between particles and thus enhance aggregation. Similarly, 

the amount of DOM adsorbed on the surface of TiO2 aggregates (Table 8-5) decreased with 

increasing IS and increased with increasing amount of DOM present in the natural waters. 

Other recent studies reported the strong influence of both IS and DOM on the stability of 

TiO2 NPs (French et al. 2009; Ottofuelling et al. 2011; Brunelli et al. 2013; Romanello and 

de Cortalezzi 2013; Erhayem and Sohn 2014). 

Single and multiple linear regression analyses combined with one-way ANOVA tests were 

then performed to investigate the independent and combined effect of IS and initial TOC 

concentration on both the aggregate size and surface-adsorbed DOM in order to determine 

which variables influence the most on these 2 parameters. The results are gathered in Table 

8-6.  

These analyses show that 91% of the aggregate size variability was explained by the initial 

TOC concentration whereas the IS of the natural waters did not significantly affect the 

aggregate size (i.e. R2 = 0.58, p > .05). This is in accordance with the results from Chapter 7 

where it was found that 85% of the ENPs aggregate size variability was related to the initial 

TOC concentration of the natural waters. The multiple regression analysis (i.e. combining 

the effect of both IS and initial TOC concentration), even though not statistically significant 

(i.e. p > .05), confirmed that the aggregate size was positively related to the IS of the 

solution and negatively related to the initial TOC concentration (i.e. slope values on Table 

8-6).  

The amount of DOM adsorbed on the surface of TiO2 NPs was also found to be strongly 

dependent (i.e. R2 > 0.99, p < .005) to the initial TOC concentration of the river waters. The 

combined effect of IS and initial TOC concentration was also found to significantly affect 
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the surface-adsorbed DOM (i.e. R2 > 0.99, p < .05) although the initial TOC concentration 

had much more influence than the IS of the solution (Table 8-6, slope values: 0.01 against 

21.8 for IS and initial TOC concentration respectively). 
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Table 8-5*: Aggregation state (Particle size, DOM adsorption capacity, Strength and Recovery factors and Fractal dimension) of TiO2 NPs in the different river waters. 

DI R2.8 R6.7 R18.7 R342 

Ionic strength of the sample (mM) - 2.8 6.7 18.7 342 

Initial TOC concentration (mg/L) - 10.01 5.33 3.98 3.21 

Particle/Aggregate size (nm) 248 ± 5 987 ± 8 10256 ± 247** 16532 ± 429** 23291 ± 454** 

Amount of DOM adsorbed on the surface (mg/g) - 157.9 ± 7.7 51.7 ± 3.2 28.5 ± 2.8 13.1 ± 4.4 

Strength Factor (%) - 64.2 ± 1.2 45.9 ± 2.1 39.7 ± 2.3 34.0 ± 2.9 

Recovery Factor (%) - 56.7 ± 1.6 69.7 ± 1.9 73.8 ± 2.4 79.0 ± 3.2 

Fractal Dimension - 1.84 ± 0.02 1.69 ± 0.02 1.66 ± 0.01 1.59 ± 0.02 

*The particle/aggregate size, amount of DOM adsorbed on the surface of TiO2 NPs, SF, RF and FD values are average of three replicates (n = 3) and ± SD **Size measured by SLS
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Table 8-6a: Summary of linear regression analyses and one-way ANOVA test (95% confidence level) 
showing the independent and combined effect of IS (X1) and initial TOC concentration (X2) on both the 

aggregate size (Y1) and amount of DOM adsorbed by TiO2 NPs (Y2). 

 Y1 = Aggregate size (nm) 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y1 = 8735 + 43.6X1, 0.58 2.81, n.s. 

X2 Y1 = 29454 - 2963X2, 0.91 19.17, * 

X1, X2 Y1 = 24355 + 19.3X1 - 2375X2, 0.98 31.6, n.s. 

Y2 = Amount of DOM adsorbed on the surface of TiO2 NPs (mg/g) 

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) 

X1 Y2 = 82.2 - 0.2X1, 0.29 0.8, n.s. 

X2 Y2 = -57.9 + 21.4X2, 0.998 877.9, *** 

X1, X2 Y2 = -61.3 + 0.01X1 + 21.8X2, 0.998 329.7, * 
a * : p < .05, ** : p < .01, *** : p < .005, ns: non-significant. 

8.3.3 Characterisation of aggregate structure 

8.3.3.1 Aggregate strength and recoverability 

The strength and recoverability of the formed aggregates were firstly assessed by using a 

high mechanical shear force to induce their breakage followed by a 15-minute period of 

slow stirring to let the aggregates grow again. Results are presented in Figure 8-5 and Table 

8-5. 

Figure 8-5 shows that, when the aggregates were subjected to the high shear force, their size 

immediately decreased in all river waters. Following the breakage period, a slow stirring was 

reintroduced and aggregates started to regrow in all samples. The SF values were negatively 

correlated to the ionic strength of the samples whereas a positive correlation was observed 

between RF and IS. The recoverability of the aggregates in all river waters was only partial 

(i.e. RF < 100%). RF values generally provide information about the internal bonding 

structure. In previous studies focusing on the coagulation/flocculation process (Jarvis et al. 

2005; Zhao et al. 2012), the irreversible breakage of the flocs was explained by their 
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formation mechanisms which were due not only to pure charge neutralisation (i.e. which 

would have caused complete recoverability) but also to the formation of internal chemical 

bonds such as hydrogen bonding. In the present study, internal chemical bonds could 

originate from the interaction between the negatively charged carboxylic groups of DOM 

(i.e. R-COO-) and the positively charged surface of TiO2 NPs (i.e. + 28.5 mV at the 

beginning of the experiments). Table 8-5 shows the amount of DOM adsorbed during the 

aggregation process and it can be seen that this amount proportionally decreased with 

increasing IS. Simultaneously, the increase in RF correlates well with the increase in IS and 

thus with the decreasing amount of DOM adsorbed by the NPs during the aggregation 

process. These results suggest that DOM may play an important role in the aggregate 

recoverability.  

 

Figure 8-5: Breakage and regrowth profile of TiO2 aggregates (12.5 mg/L) formed in the different river 
water samples. Shear force applied: 200 rpm for 5 minutes. Measurements were performed in triplicate 

and results show average size and standard deviation. 
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The SF values were also strongly correlated (linear relationship, R2 = 0.9809) with the 

surface-adsorbed DOM as seen in Figure 8-6a; suggesting the formation of more compact 

aggregates when increasing quantities of DOM are adsorbed during the aggregation process. 

Similar findings were observed in a previous study (Baalousha et al. 2008) where it was 

found that the addition of humic acid (HA) induced a change in aggregate structure. 

 

Figure 8-6: Correlations between (a) the amount of DOM adsorbed during the aggregation process and 
both the strength factor SF and fractal dimension FD of the formed aggregates and (b) the SF and FD. The 

error bars represent the standard deviation from triplicate measurements. 
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8.3.3.2 Aggregate structural analysis 

The structure of nanoparticle aggregates can also be described by their mass FD (Weitz et al. 

1985; Rice and Lin 1993) which can provide valuable information about the morphology of 

the aggregates (Christian et al. 2008). Table 8-5 shows the FD values obtained in the 

different river waters before the shear force was applied. These values decreased with 

increasing IS suggesting that aggregates formed under low IS conditions will have a more 

compact structure than the ones formed under higher IS. In fact, in R342, aggregates were 

formed under high IS conditions, much higher than the CCC of TiO2 for Ca2+ which resulted 

in fast aggregation or diffusion limited aggregation (DLA) under which linear and loosely 

bound aggregates are generally formed (Klein and Meakin 1989). However, in R2.8, the low 

IS condition promoted reaction-limited aggregation (RLA) or slow aggregation giving rise to 

more compact aggregates. 

The difference in aggregate compactness observed in the different river waters can also be 

explained by the amount of DOM adsorbed during the aggregation process. In fact, 

Baalousha et al. (2008) demonstrated that in the presence of HA, compact aggregates with 

high FD were formed, whereas in the absence of HA, the nanoparticles formed open porous 

aggregates with a lower FD. In another study, Christian et al. (2008) explained that the 

adsorption of HA on ENP surfaces may occur in two steps. First, HA will cover the ENPs 

surface in a fast adsorption step. This can be then followed by slow diffusion of HA 

molecules within the formed aggregates leading to a more compact structure. Results from 

this study confirmed the role of DOM adsorption in aggregate compactness as the highest 

FD values were observed in the samples where DOM adsorption was the highest.  

Finally, Figure 8-6b also shows that there is a strong correlation (linear relationship, R2 = 

0.9882) between FD and SF values. This was already demonstrated in a previous study by 

Wang et al. (2009) where they observed a good relationship between floc SF and floc 
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structure. This is also in accordance with the results obtained in Chapter 7 where it was also 

found that the aggregate SF was strongly related to the aggregate FD. This correlation can be 

explained by the disaggregation kinetic which was found to be largely dominated by the 

compactness of the aggregates related to their FD (Jarvis et al. 2005; Christian et al. 2008; 

Chowdhury et al. 2013). Two disaggregation mechanisms were identified by Jarvis et al. 

(2005) and found to be dependent on the aggregates FD: low FD aggregates will breakup via 

fragmentation by splitting into smaller aggregates of comparable size leading to low SF 

value whereas high FD and thus more compact aggregates will preferentially disaggregate 

via surface erosion leading to higher SF values. 

8.3.4 Characterisation of the stable fraction remaining after sedimentation: Particle 

concentration, size distribution and surface charge. 

Following sedimentation of the larger aggregates, the supernatant (5 mL) in each river water 

sample was collected and analysed for particle concentration, size distribution and surface 

charge. The results are presented in Table 8-7 and Figure 8-7. 

The size analysis showed significant differences among the measurement techniques, except 

for the lowest IS river samples (i.e. R2.8). In fact, the PDI of this sample was quite low 

(Table 8-7); suggesting a relatively narrow monomodal particle size distribution (Basnet et 

al. 2013). The sizes reported by both DLS (Table 8-7) and FlFFF (Figure 8-7) were in close 

agreement to the size measured in DI water (i.e. 248 nm), indicating that most of the 

particles (i.e. 90.4 %) in this sample (i.e. R2.8) did not undergo aggregation. 
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Table 8-7: Aggregation state of the stable fraction of TiO2 NPs remaining after sedimentation of the larger 
aggregates (particle size and zeta potential were measured by DLS in batch mode). 

 R2.8 R6.7 R18.7 R342 

Colloidal stable fraction (mg/L) 11.3 (90.4%) 1.4 (11.2%) 1.2 (9.6%) 0.6 (4.8%) 

Particle diameter (nm) 264 ± 14 1114 ± 23 1286 ± 36 1782 ± 62 

Polydispersity Index (PDI) 0.125 ± 0.012 0.450 ± 0.018 0.624 ± 0.031 0.650 ± 0.042 

Zeta potential (mV) -23.8 ± 0.8 -10.5 ± 0.7 -7.3 ± 1.1 + 3.7 ± 1.5 

 

In the higher IS samples, the hydrodynamic diameters measured by DLS were larger than 

the particle size measured by FlFFF and varied from about 1100 nm to 1800 nm which is in 

accordance with previous studies reporting TiO2 aggregates of similar size (measured by 

DLS) formed in both synthetic and natural waters (Zhang et al. 2009; Ottofuelling et al. 

2011; Brunelli et al. 2013; Romanello and de Cortalezzi 2013). The high PDI of these 

samples may indicate some degree of polydispersity and because DLS is known to be very 

sensitive to larger particles, the size reported may be more representative of the large 

particles formed during the aggregation process (Domingos et al. 2009) whereas the size 

measured by FlFFF may be representative of the smaller particles/aggregates. These results 

clearly demonstrated the importance of using a multi-method approach when characterising 

ENPs in complex environmental samples. 

In both samples R6.7 and R18.7, FlFFF results (Figure 8-7) showed that some of the particles 

did not aggregate as the measured size is close to the size measured in DI water (first peak in 

the fractogram). In sample R6.7, the FlFFF fractogram showed that this fraction is higher than 

in R18.7 while another peak (with smaller intensity) showed some particles at around 440 nm. 

In the fractogram of R18.7, this trend is reversed as the second peak (i.e. representative of 
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particle size around 440 nm) was of higher intensity. In the highest IS samples (i.e. R342), 

only the second peak was present in the fractogram suggesting that the physico-chemical 

conditions of this sample promoted the aggregation of all the particles. The zeta potential 

value measured in this sample (i.e. + 3.7 mV) may suggest that the high IS of this sample 

destabilised the nanoparticles through charge neutralisation. 

The concentration of TiO2 NPs remaining in the supernatant varied widely among the 

samples (i.e. from 11.3 mg/L to 0.6 mg/L) and decreased proportionally with both increasing 

IS and decreasing DOM concentration as previously observed in a recent study on TiO2 

stability in natural waters (Ottofuelling et al. 2011). This indicates that more aggregates were 

formed in the fast-aggregation regime under the highest IS conditions and their sizes were 

higher than the critical size dc resulting in their sedimentation. In fact, in R342, the combined 

effect of high IS and low DOM content promoted fast aggregation resulting in 95% 

aggregation and sedimentation (Table 8-7). Moreover the low FD observed in this sample 

(Table 8-7), resulting in the formation of more porous aggregates, will ultimately lead to 

faster sedimentation in comparison to higher fractal aggregates or impermeable spheres 

(Johnson et al. 1996; Li and Logan 2001). Finally, the presence of divalent cations and 

especially Ca2+ in this sample may further destabilise the nanoparticles via a bridging effect 

(Chen et al. 2006; Chowdhury et al. 2013). The high PDI observed in R342 (Table 8-7) can 

also be seen as evidence of the low stability of TiO2 NPs in this high IS sample, even after 

sedimentation. 
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Figure 8-7: FlFFF fractograms of TiO2 NPs (12.5 mg/L) stable fraction (i.e. remaining in the supernatant 
after sedimentation of the larger aggregates) in the different river water samples. Measurements were 

performed in replicate and results show average size and standard deviation. Operating conditions: 
Channel flow: 0.5 mL/min; Cross flow: 1.5 mL/min for R2.8 and 0.3 mL/min for R6.7-342. 

8.4 Conclusions 

In this chapter, we have demonstrated that the use of a multi-method approach is crucial to 

circumvent the limitations of each individual technique. While light scattering techniques 

can provide information on the larger aggregates (i.e. size and structure), FlFFF proved to be 

a very accurate technique for characterising the smaller particles remaining in suspension 
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after sedimentation. When combined, these techniques can offer complementary data on the 

particle size distribution of the samples. 

The presented experimental method can, in principle, also be applied to other ENPs. 

However, the turbidity analysis would no longer be sufficiently specific and would need to 

be replaced, for instance, by elemental analysis (e.g. ICP-MS) or by radiolabelling as 

demonstrated in Chapter 6. 
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CHAPTER 9 CONCLUSIONS AND 

RECOMMENDATIONS 
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9.1 Conclusions 

This research project aimed to reduce the uncertainties regarding the potential side effects of 

engineered nanomaterials designed for application in environmental remediation. This was 

achieved by developing novel methodologies to assess the behaviour (i.e. aggregation, 

mobility, potential to co-transport contaminants) of the nanomaterials upon their release to 

the environment. 

9.1.1 Multi-method approach to characterise the behaviour of engineered 

nanoparticles in complex environmental samples 

To date, one of the main challenges in the risk assessment of nanomaterials remains the 

difficulty of characterising the behaviour of ENPs once they are dispersed in complex 

environmental matrices. Besides, ENPs are also complex, and a multiple characterisation 

approach is therefore necessary to ensure the accuracy of the characterisation data. Although 

the benefit of using a multi-method approach to characterise ENPs in complex 

environmental samples has already been demonstrated (Domingos et al. 2009), it has not yet 

been systematically applied in aggregation studies. 

The multi-method approach developed in this study (Chapter 4) combined several theoretical 

and analytical methods to investigate the stability of both bare and coated iron oxide ENPs 

under different environmental conditions. The need for such approach was demonstrated by 

highlighting the limitations of each method. For instance, one of the limitations of DLS was 

the polydispersity of the sample which leads to an over-estimation of the average particle 

size. With FlFFF, limitations arose from the interaction between the membrane and the 

particles; furthermore the pH dependent changes in the surface charge of the NPs, which 

controls the interaction with membrane, may limit the suitability of latex beads as references 

for particle size. Therefore, the use of FlFFF with mobile phases mimicking environmentally 
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relevant conditions may not provide definitive answers in terms of particle size as in this 

case most measurements will not be made using an optimised mode of operation. However, 

the versatility of FlFFF was demonstrated for the characterisation of HA-coated Fe2O3NPs 

by providing valuable information on the adsorption of HA onto Fe2O3NPs. Finally, the 

DLVO modelling approach is useful for the interpretation of the experimental results, but 

cannot predict the size of the aggregates. The presence of large aggregates (i.e. above 1 μm) 

and sedimentation of these aggregates during the analysis were also a significant limitation 

to the collection of accurate and reliable data. Therefore, this study shows that it is essential 

to deploy a number of analytical and theoretical techniques to investigate the behaviour of 

ENPs. Other analytical methods that can measure the size of aggregates in this size range 

with greater accuracy (e.g. low-angle laser light scattering (LALLS) techniques) should also 

be considered. 

9.1.2 Application of the multi-method approach to characterise the stability of iron 

oxide ENPs coated with organic stabilisers 

Organic coatings are now widely used as surface modifiers to reduce the aggregation of 

ENPs once applied to the environment and thereby increase their mobility. It is thus 

important to fully understand the interactions between the ENPs and the organic coating to 

be able to predict their fate and behaviour in the environment. To achieve that, a multi-

method approach using a wide range of analytical techniques is crucial. 

In this study (Chapter 5), DOM-coated iron oxide ENPs were characterised by various 

analytical methods including: flow field-flow fractionation, high performance size exclusion 

chromatography and Fourier transform infrared spectroscopy. The stability of the coated 

ENPs was also evaluated by assessing their aggregation and disaggregation behaviour over 

time. The advantage of combining several analytical methods is to understand with greater 

confidence the interaction between the ENPs and the organic surface modifier. For instance, 
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HPSEC allowed identifying which fraction(s) of the organic matter (i.e. high or low 

molecular weight components) is preferentially adsorbed onto the surface of the ENPs. FTIR 

results helped to investigate the type of chemical bonding arising from the interactions 

between ENPs and the organic coating. Finally, the use of FlFFF to study the long-term 

stability (i.e. aggregation/disaggregation) of the coated nanoparticles presented several 

advantages over conventional size-measurement techniques. In particular, compared to DLS 

which only measures an average particle size, FlFFF is a fractionation method and 

separation of the sample allows accurate determination of the particle size distribution which 

proved to be very useful for aggregation/disaggregation studies. 

9.1.3 Radioisotope labelling combined with elemental analysis as a novel method 

to trace the mobility of iron-based ENPs in soil and their potential to co-

transport contaminants 

The two main obstacles limiting the widespread use of iron-based nanomaterials for 

environmental remediation are their limited mobility in porous systems and the uncertainties 

related to their potential to co-transport of contaminants. Developing novel methods to 

assess the behaviour of iron-based ENPs in intact soil cores would be crucial for the 

development of effective remediation materials. However, this task remains significantly 

challenging due to the high background of natural iron colloids present in soil.   

In this study (Chapter 6), we developed a novel method based on radiolabelling to be able to 

differentiate the ENPs from the natural colloids. The radiolabelling process was performed 

during the nanoparticle synthesis by using a labelled precursor (i.e. 59FeCl3). The mobility of 

radiolabelled nanoparticles and their potential to co-transport contaminants were 

successfully characterised in intact soil cores.  
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One of the main advantages of this method, compared to conventional ICP-MS 

measurements, is that the background of natural iron colloids do not interfere with the results 

as the gamma counter only detects the gamma radiation emitted from the radiolabelled 

nanoparticles. This method also permits to easily determine the spatial distribution profile of 

retained nanoparticles after completion of the mobility experiments. This is another benefit 

of this method over conventional elemental composition analysis, with which, it would not 

have been possible to differentiate between the injected nanomaterials and the natural iron 

colloids present in the soil columns. Finally, coupling this method with ICP-MS allows to 

successfully investigate the potential of iron-based nanomaterials to co-transport 

contaminants in CCA-contaminated soil columns. 

9.1.4 Characterising aggregate structure using on-line laser light scattering  

After entering the environment (e.g. through injection for environmental remediation), the 

fate of ENPs will depend on their mobility and transformation. Adsorption of NOM, 

aggregation/disaggregation have been identified as the main processes affecting the fate and 

behaviour of ENPs in aquatic environments. However, although several methods have been 

developed to study the aggregation behaviour of ENPs in natural waters, there are only a few 

studies focusing on the fate of such aggregates and their potential disaggregation behaviour. 

In this study (Chapter 7), we proposed and demonstrated a simple method, based on on-line 

light scattering analysis, for characterising the aggregation behaviour and aggregate structure 

of ENPs in different natural waters. The main advantages of this method over conventional 

light scattering measurements is the possibility to change the chemical or physical 

conditions of the sample or to apply external forces to induce nanoparticle disaggregation 

and to directly observe and measure the effects of such changes on aggregate size. In 

addition, the fractal dimension of the aggregates can be determined using a static light 

scattering instrument.   
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Results showed that, under high ionic strength conditions, aggregation is mainly governed 

by diffusion and the aggregates formed under these conditions showed the lowest stability 

and fractal dimension, forming linear, chain-like aggregates. In contrast, under low ionic 

strength conditions, the aggregate structure was more compact, most likely due to strong 

chemical binding with DOM and bridging mechanisms involving divalent cations formed 

during reaction-limited aggregation.  

However, the method presented in this study only considers homo-aggregation. Hetero-

aggregation process will more likely occur in real situations where the presence and 

concentration of natural nanoparticles and/or large agglomerates of organic molecules is 

much larger than the ENPs intentionally or unintentionally released into the environment. 

The characterisation of aggregation behaviour and aggregate structure in such complex and 

heterogeneous systems will then be more challenging and therefore the development of new 

analytical methods is still needed. 

9.1.5 Multi method approach combining on-line light scattering measurement with 

FlFFF and DLS 

On-line light scattering method developed in Chapter 7 was coupled with off-line analytical 

techniques (i.e. FlFFF ad DLS) to better assess the polydispersity of the sample. The larger 

aggregates formed under a fast-aggregation regime were characterised in terms of size and 

structure by use of the on-line light scattering set-up. After sedimentation, the smaller 

particles/aggregates were collected and characterised by both DLS and FlFFF. 

In this study (Chapter 8), we have again demonstrated that the use of a multi-method 

approach is crucial to circumvent the limitations of each individual technique. While light 

scattering techniques can provide information on the larger aggregates (i.e. size and 

structure), FlFFF proved to be a very accurate technique for characterising the smaller 
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particles remaining in suspension after sedimentation. When combined, these techniques can 

offer complementary data on the particle size distribution of the samples. 

9.2 Recommendations 

Risk assessment of ENPs in the environment is urgently needed to support policy 

development and safe design of nanomaterials. In recent years, a large amount of 

information has been gathered regarding the behaviour of ENPs in the environment; which 

will help in the development of risk assessment for these materials. However, there are still 

some analytical challenges that need to be overcome in order to accurately assess the 

potential risks of ENPs: 

 The behaviour of ENPs (e.g. transport, aggregation) is known to be concentration-

dependent, and the predicted environmental concentrations for the incidental release 

of ENPs into the environment are currently estimated to be in the nanogram- to 

microgram- per litre range which is quite low compared to the current 

concentrations used in most studies including the present one. However, due to 

analytical challenges, very few instruments are capable of detecting, characterising 

and quantifying ENPs in complex environmental media at environmentally relevant 

concentrations. Therefore, there is a crucial need to develop standard analytical 

methods to detect, monitor, and quantify the nanomaterials in environmental media 

at relevant environmental concentration. 

 As most of the existing analytical techniques are only adapted to the characterisation 

of pristine or “as-manufactured” nanoparticles, there is a need to develop standard 

methods for characterisation of ENPs in different environmental media with detailed 

procedure on sample preparation, instrumentation, key measurement parameters as 

well as data analysis. These methods will need to be validated through 

interlaboratory comparisons and then adopted by the nanoscience community. This 
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will be considerably helpful for data comparison between different laboratories and 

research centres. 
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