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ABSTRACT 

 

Rapid urbanization and associated ever-increasing motor-traffic density have led to escalating 

amounts of pollution along road-ways in the form of aerosols and road-deposited sediments 

(RDS) in many parts of the world. RDS contain many pollutants such as heavy metals, 

metalloids and polycyclic aromatic hydrocarbons (PAHs) which are derived from vehicle 

exhaust emissions, vehicle tyres, brakes, body frames, asphalt road surfaces, deicing salt, 

paint markers, and pesticides and herbicides added to the pavement. During heavy rain, these 

pollutants are washed into stormwater and transported into natural water bodies and this can 

cause potentially toxicity to aquatic organisms.  

 

Road-deposited sediments (RDS), water baseline sediments (WBS) and baseline soil (BLS) 

samples from major urban roads in Kogarah Bay area, Sydney, were analyzed for several 

heavy metals/metalloids and polycyclic aromatic hydrocarbons (PAHs). RDS had elevated 

concentrations of Pb, Cd, Cu, Cr, Ni, Zn, Fe and PAHs. Both correlation and principal 

component analysis showed that Zn, Cu, Cr, and Sb in RDS probably originated from vehicle 

brakes and tyre wear while V originated mainly from road asphalt surface. The heavy metal 

concentrations were similar in WBS and BLS. Heavy metal fractionation data showed that 

potential mobility, an indication of their transportation by stormwater, decreased in the order 

Fe > Mn, Zn > Cu, Pb > Cr, Ni, V, Cd, Sb. Ecological risk as assessed by ISQG (Interim 

Sediment Quality Guidelines) and the method developed by Hakanson (1980) was low to 

medium in RDS and low in BLS and WBS. Of the heavy metals in RDS, Cu had the highest 

potential risk, whereas Zn had the lowest.  

 

The concentrations of sixteen polycyclic aromatic hydrocarbons (PAH mg/kg) in the RDS, 

WBS and BLS ranged from 0.40 to 7.49 (mean 2.80), 1.65 to 4.00 (mean 2.91), and 0.46 to 

1.41 (mean 0.84), respectively. PAH compounds had higher concentrations of high molecular 

weight compounds with three or more fused benzene rings indicating that high temperature 

combustion processes were their predominant sources. The proportions of high molecular 

weight PAHs were higher in BLS than in RDS, whereas the low molecular weight PAHs 

were higher in RDS. All PAH compounds were observed to be the lowest in WBS. All PAHs 

(except naphthalene) were significantly correlated in BLS suggesting a common PAH source. 

The ratios of individual diagnostic PAHs showed that the primary source of PAHs in WBS 

and BLS was pyrogenic (combustion of petroleum (vehicle exhaust), grass, and wood) and in 
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RDS was petrogenic (unburned or leaked fuel and oil, road asphalt) as well as pyrogenic. The 

potential toxicities of PAHs calculated using toxicity equivalent quotients were all low but 

higher for BLS than for WBS and RDS. 

 

This study also investigated the toxic effects of RDS and BLS in a range of bioassays, using 

water elutriates of sediments from different sites to simulate contaminated receiving waters, 

and solvent extracts to represent the total contaminant levels. Chemical analyses showed that 

the total concentrations of metals and PAHs in the RDS were above sediment quality 

guidelines, and were higher in the finer size fractions. Metal and PAH levels in the BLS were 

well below guideline levels. To establish baseline toxicity data, acute Artemia nauplii tests 

were carried out with putatively identified compounds (heavy metals and PAHs identified 

from chemical analyses of similar sediments in Sydney), spiked into aqueous solutions and 

elutriates. In these tests, low molecular weight PAHs showed greater toxicity than high 

molecular weight PAHs. For both metals and PAHs, the toxicity was significantly higher 

when they were tested in clean water than in elutriates. However, neither RDS nor BLS 

elutriates caused any toxicity in a 24-hour acute test with Artemia nauplii. In the Microtox® 

assay, both RDS and BLS elutriates showed some toxicity; RDS samples were more toxic 

than the BLS, but there was no significant difference between size fractions. The response 

patterns in the Microtox® assays suggested effects from both heavy metals and organic 

compounds. The AhR CAFLUX bioassay, which is sensitive to dioxin-like compounds 

including PAHs, showed relatively lower activity in solvent extracts of RDS, with slightly 

higher activity in the finer fractions of the sediment. There was no detectable AhR CAFLUX 

activity in BLS. The p53 GeneBLAzer® assay, a measure of genotoxicity, showed no effect 

from any elutriates or solvent extracts of RDS or BLS. The results indicate that the RDS 

presents a greater hazard than the BLS, particularly in the finer size fractions. Accumulation 

of RDS in estuarine sediment may pose a risk to benthic organisms, especially those that feed 

on and in the sediments.  

 

Iron coated zeolite (ICZ) was synthesized by adding natural zeolite in an iron nitrate solution 

under strongly basic conditions. ICZ was found to adsorb significantly larger amounts of 

heavy metals than zeolite, because of thespecific adsorption of metals by the iron on the 

zeolite surface. The batch adsorption was satisfactorily explained using the Langmuir 

isotherm while the column adsorption data fitted reasonably well to the empirical Thomas 

model. Desorption of metals previously adsorbed on zeolite and ICZ columns by elution with 
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0.1 M HCl removed 62–90% and 58–85% of adsorbed metals in the first and second cycles 

of adsorption/desorption, respectively. Although the regeneration of ICZ reduced the 

adsorption capacity, partly because of the iron coatings being dissolved, the adsorption 

capacity of the regenerated ICZ was still higher than that of the original zeolite. In summary, 

the batch and fixed-column experimental results showed that ICZ is a potential adsorbent for 

removing heavy metals from aqueous solutions. 

 

Industrial low-cost by-products such as blast furnace slag and fly ash were used to remove 

five heavy metals from water in batch and fixed bed column experiments. Increase of pH 

increased adsorption of all metals. Equilibrium adsorption of all metals was successfully 

modeled using Langmuir, Freundlich and Dubinin-Radushkevich models, with Freundlich 

model fitting the data the best. Langmuir adsorption maximum at pH 6.5 for fly ash ranged 

3.4 - 5.1 mg/g with the adsorption capacity for the metals in the order, Pb > Cu > Cd, Zn, Cr. 

The corresponding values for furnace slag were 4.3 - 5.2 mg/g, and the order of adsorption 

capacities, Pb, Cu, Cd > Cr > Zn. The kinetics of adsorption fitted well to both the pseudo-

first order and pseudo-second order models, but the fit was slightly better for the pseudo-

second order model. The column experiments of furnace slags indicated that column process 

can be used for treating of waters containing a single heavy metal as well as for removal of 

mixtures of heavy metals. The effectiveness of the fixed bed columns with respect to heavy 

metal ions agreed well with the batch experiment. The mechanism of heavy metal removal 

may include ion exchange/adsorption and surface precipitation on the adsorbent.  
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CHAPTER 1 

 

 

INTRODUCTION 
 

 

Particles from vehicle emissions are not the only traffic-related factor that causes 

deterioration of air quality in cities. Road-deposited sediment (RDS) contain many types of 

inorganic and organic pollutants such as heavy metals, metalloids and polycyclic aromatic 

hydrocarbons (PAH). These pollutants originate from vehicle exhaust emissions, vehicle 

tyres, brakes and body frames, asphalt road surfaces, road fences, de-icing salt, paint markers, 

and pesticides and herbicides that end up on the pavement (Loganathan et al., 2013). During  

rain, storms, and other street-washing events, the RDS, associated heavy metals, and organic 

compounds are transported off-site in stormwater and can potentially end up in surface and 

sub-surface waters and become toxic to aquatic organisms Therefore stormwater needs to be 

treated so that these pollutants can be removed before they enter  water bodies and affect the 

organisms living in them. 

 

1.1. Pollutant enrichment 

 

The degree of enriched pollutants close to roads has been shown to be very high because of 

the contribution from road-related activitescontribution. It can be assessed by comparing the 

pollutants’ concentrations in RDS with those in nearby baseline soils (BLS) away from the 

roads with minimum contamination using different types of indices (pollutant indices, 

enrichment factors). Degree of enrichment has also been assessed by comparing the 

pollutants’ concentrations in RDS with those in the Earth’s crust (geo-accumulation index). 

The degree of pollutant enrichment in RDS decreases exponentially when one moves further 

away from the roads (Loganathan et al., 2013). 

 

1.2. Pollutant sources 

 

Source identification of the RDS pollutants is important so that correct measures to prevent 

pollution can be implemented. Pollutant sources are generally identified and apportioned 
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using multivariate statistical techniques such as correlation, cluster and principal component 

analyses (Mohammed et al., 2012; Yongming et al., 2006). If pollutants are highly correlated 

with each other or fall into the same group in principal component and cluster analyses, they 

are considered to have been derived from the same source. In the case of PAHs, the ratio of 

certain diagnostic individual PAHs can provide information on the PAH sources. Ratios 

between individual PAHs as well as between specific PAH isomers have been employed to 

identify the sources of PAHs (Yunker et al., 2002). In most cases, PAHs sources are 

identified as either petrogenic (unburned or leaked fuel and oil, road asphalt, and tyre 

particles) or pyrogenic (combustion of petroleum (vehicle exhaust), grass, and wood). 

Sources of heavy metals in RDS can be classified into geogenic (natural) and anthropogenic 

origin. Geogenic metals are derived from the parent materials of soils while anthropogenic 

sources are vehicles, roads, industry, buildings, and other activities in the vicinity of roads.  

 

1.3. Pollutant mobility 

 

During storm events, pollutants in RDS are transported to aquatic and terrestrial 

environments. The mobile fraction of the pollutants in RDS is transported by stormwater 

whereas the  sediment-bound fraction, which is stored in the sediments may or may not move 

with the stormwater depending on the particle size of the sediments. The finer size particles 

tend to be transported by the stormwater and therefore carry the immobile fraction of the 

pollutants associated with them. Most of the coarser particles settle in drainage channels, 

canals, and gully pots. The proportions of the mobile and immobile fractions of pollutants 

alter during their transport as a result of changes in the biogeochemistry of sediments and 

water. The mobility and transport of the metals and metalloids and their bioavailability in the 

environment are functions of the chemical form of the metals and metalloids, which is 

governed by the physico-chemical and biological characteristics of the environmental system. 

However, most studies evaluating the adverse effects of RDS pollutants on the environment 

measure only the total pollutant concentration. To provide a more accurate measurement of 

the potential mobility and bioavailability of the metals and metalloids, some researchers have 

used sequential chemical extraction methods to measure the different chemical forms of the 

metals and metalloids. They have grouped them into fractions of different degrees of mobility 

and immobility (Mohammed et al., 2012; Rauret et al., 1999; Tessier et al., 1979). 
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1.4. Pollutant bioavailability and toxicity 

 

Pollutants that are very mobile are also considered to have a high degree of bioavailability. 

Many heavy metals and metalloids and organic pollutants at high concentrations are acutely 

and chronically toxic and known to have adverse effects on humans and aquatic ecosystems. 

Many methods exist for assessing the bioavailability and toxicity of RDS pollutants. 

Sequential extraction chemical methods discussed in the preceding section are one means by 

which the degree of bioavailability of metals and metalloids can be indirectly determined. 

PAH toxicity evaluation has been conducted using relative toxicity values of individual PAH 

compounds as proposed by Nisbet and LaGoy (1992), and heavy metals bioavailability can 

be assessed by a similar method (Hakanson, 1980). Most toxicity assessments of RDS have 

been conducted using the dissolved form of pollutants leached from RDS using a multitude of 

species because this form of pollutants is the most easily available to the range of species 

(Khanal et al., 2014; Tang et al., 2013). These methods include exposing the different aquatic 

organisms to the urban stormwater; or tyre and road wear leachate using algae, daphnids or 

fish. A better method of assessing toxicity is to use the pollutants present in solution phase 

and the fraction that is eluted into the dissolved phase in toxicity assessments. 

 

The majority of the above methods have the drawback that toxicity indices were obtained 

from experiments done on terrestrial animals such as mice (Nisbet and Lagoy 1992). To 

better assess stormwater pollutants’ effects on natural water bodies, the toxicity effects on 

real aquatic organisms have to be determined. The toxic potential of RDS elutriate has been 

examined by some researchers using acute tests with Vibrio fischeri (Microtox®) and the 

brine shrimp Artemia salina as test models (Nguyen et al., 2009; Nunes et al., 2006). These 

includes urban runoff using sea urchin  and water flea (Bay et al., 2003; Maltby et al., 1995), 

tire and road wear leachate using algae, daphnid, fish (Irealand et al., 1996; Wik et al., 2009), 

parking lot simulated runoff using sea urchin (Greenstein et al., 2004) and road runoff 

residues using using green algae (Pseudokirchneriella subcapitata) and daphnids (Daphnia 

magna) (Clement et al., 2010).  
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1.5. Stormwater pollutants remediation 

 

Remediation measures used to reduce the pollutant load in RDS (street sweeping, water 

flushing, use of chemical suppressants, vegetation strips, filtration systems such as permeable 

pavements, buffer strips and grass swales, retention ponds or soil infiltration) have not been 

very successful in reducing these pollutants’ concentrations in the stormwater, partly because 

dissolved pollutants can still move with the stormwater and by-pass these treatments 

(Loganathan et al., 2013). Adsorbents can be used to remove pollutants in stormwater, 

however, only a few studies have reported the removal of heavy metals and organic 

pollutants using low-cost adsorbents. Natural zeolite is one such adsorbent used for the 

removal of heavy metals. Though zeolite is locally Australian available and relatively cheap, 

the adsorption capacity is too low to effectively remove heavy metals. Therefore, some 

chemical modification of the adsorptive surfaces needs to be done in order to increase their 

adsorption capacity.  

 

Adsorptive removal of heavy metals and PAHs from water has been previously studied using 

several adsorbents such as granular activated carbon (GAC), industrial by-products, and other 

mineral compounds in batch-type studies. A few studies using fixed-bed columns, which are 

more relevant to real operating systems on natural waters than batch studies, have been 

published (Han et al., 2009; Jeon et al., 2012; Nur et al., 2014). Results of batch adsorption 

studies which are conducted in static scenarios may sometimes be different from those 

conducted in dynamic column adsorption systems. Also, most studies have not 

comprehensively investigated the adsorption mechanisms and effects of solution factors such 

as pH of the water, and co-ions existing in water which may compete with the pollutants for 

adsorption. Neither have they investigated the level of competition among these heavy metals 

and PAH compounds that may influence the adsorption processes.  
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1.6. Necessity for the research  

 

Numerous studies have been conducted on heavy metals, metalloids and PAH accumulation 

in RDS (Aryal et al., 2011; Li et al., 2010; Saeedi et al., 2012; Sojinu et al., 2010; Viñas et 

al., 2010) in many countries but few have been done on these pollutants in water sediments 

(Birch, 2011). No study appears to have compared heavy metal and PAH profiles in RDS, 

water baseline sediment (WBS) and BLS for any single catchment area. Yet this information 

is important for assessing the contributions of these pollutants carried by RDS and natural 

soils into local water bodies, so that control measures can be implemented to reduce pollution 

in these water bodies. The presence of chemical pollutants in RDS and the road runoff can 

cause adverse effects on aquatic organisms and also may pose a long-term chronic health risk 

to humans and other organisms using these waters. Information on the responses of aquatic 

organisms like fish abundance and community structure to toxic exposure is still insufficient. 

Consequently, it is necessary to evaluate the responses of these organisms to heavy metals 

and PAHs in urban runoff as well as in the sediment elutriates, in order to understand the 

hazardous impacts of these toxic compounds on aquatic ecosystems. 

 

Sydney, the capital of New South Wales, is the political, cultural and commercial hub of 

Australia. The population of Sydney exceeded 5 million in 2012 and most of its people reside 

and work in the sprawling suburbs that surround the city centre. Heavy traffic in the city 

along the busy and congested roads causes continuous deposition of road sediments which 

may move to the water bodies causing damage to the aquatic environment. Kogarah Bay is an 

important semi-industrialised and urbanised area with several roads that experience heavy 

traffic. This is expected to create heavy metal and PAH pollution for Kogarah Bay. Detailed 

study of these pollutants’ concentrations in RDS, WBS and BLS and their mobility and 

potential aquatic toxicity in this area is necessary. The natural set-up of roads, water 

channels, and bay within this bay catchment provides an ideal site for a study on investigating 

the effect of RDS pollutants on water bodies. 

 

Removing the pollutants from stormwater by adsorption using filters containing low-cost 

adsorbents with high adsorption capacity for the pollutants is an attractive method. However, 

not enough information is currently available on specific adsorbents for removing heavy 

metals and PAHs under practical conditions such as adsorption in the presence of co-ions in 

column-based continuous dynamic adsorption system. Research on these aspects is necessary. 
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Low-cost adsorbents are economically attractive but they may not have a high adsorption 

capacity. Therefore research on increasing the adsorption capacity by chemical modification 

of the adsorbents is necessary. Regeneration of the adsorbents for reuse can also cut down the 

cost of operation. Research on this aspect is also necessary. 

 

 

1.7. Objectives of the research 

 

The objectives of this study are as follows. It will determine: (i) the distribution of nine heavy 

metals (Fe, Mn, Zn, Cu, Pb, Cd, Cr, Ni, V) and a metalloid (Sb) in RDS, WBS and BLS in a 

single catchment around Kogarah Bay in Sydney; (ii) heavy metals and metalloid 

enrichments in RDS and WBS by comparing their concentrations in RDS and WBS with 

those in the BLS reference; (iii) the potential mobility and bioavailability of these elements 

using a sequential chemical extraction method; (iv) the possible sources using statistical 

methods; (v) compare the concentration distribution, composition, possible sources and 

potential toxicity of PAHs found in RDS, WBS and BLS in the area of Kogarah Bay, Sydney; 

and (vi) the efficiency of adsorption technology in removing heavy metals and PAHs from 

synthetic solutions simulating RDS runoffs using batch and fixed-bed column experiments. 

Different adsorbents ranging from mineral to industrial by-products such as, GAC, zeolite, 

furnace slag and fly ash, will be assessed. This study will also determine the mechanism of 

adsorption and the most suitable mathematical models that can satisfactorily explain the 

adsorption data. A major aspect of this thesis is to investigate the best methods of 

regeneration of used adsorbents by completely desorbing the adsorbed pollutants so that the 

adsorbents can be used repeatedly in removing the pollutants. Furthermore it will determine 

the biotoxicity of the RDS elutriates and different reference compounds (5 heavy metals and 

5 PAH compounds) using two toxicity tests (Artemia salina and the Microtox® test with 

Vibrio fischeri). Finally, this study aims to develop a modification of the method of alkaline 

unwinding assay so that the effect of heavy metals and PAHs on DNA damage in brine 

shrimp (Artemia salina) tissue under laboratory conditions can be assessed. This method will 

be used to evaluate the biotoxicity of RDS and BLS. 
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1.8. Outline of this thesis 

 

A brief description of the contents of each chapter is presented below.  
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CHAPTER 2 

 

LITERATURE REVIEW 

 

 

2.1. Road-deposited sediments (RDS) 

 

RDS and the associated organic and inorganic pollutants such as heavy metals, metalloids 

and polycyclic aromatic hydrocarbons (PAH) and their effects on the environment have been 

investigated over the last few decades in many countries (Aryal et al., 2010; Loganathan et 

al., 2013; Murakami et al., 2008; Taylor and Owens, 2009). These pollutants are derived from 

vehicle exhaust emissions, vehicle tyres, brakes, body frames, asphalt road surfaces, road 

railings/fences, de-icing salt, paint markers, and pesticides and herbicides added to the 

pavement (Figure 2.1, Table 2.1). Many heavy metals, metalloids, and PAHs are acutely and 

chronically toxic and carcinogenic and known to have adverse effects on humans and 

terrestrial and aquatic ecosystems (Aryal et al., 2010; Kadıoğlu et al., 2010; Loganathan et 

al., 2013; Mohammed et al., 2012). Therefore, their concentrations in RDS and the road-

runoff waters should be minimised. 
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Table 2. 1. Possible sources of pollutants in RDS (adapted from Aryal et al. (2010)) 

 

Pollutants Brakes Tyres 
Frame and 

body 

Fuel and 

oil 
Pavement 

De-icing 

salt 
Litter 

Cadmium        

Chromium        

Copper        

Iron        

Lead        

Nickel        

Zinc        

Organic solids        

Inorganic solids        

PAHs        
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Figure 2. 1. Schematic illustration of the sources of road-deposited sediments 

(not to scale) (adapted from Loganathan et al. (2013) and Taylor (2007)) 
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2.2. Pollutants in RDS 

 

2.2.1. Heavy metals 

 

During the last decade, several studies have reported that the levels of many heavy metals and 

metalloids (Cu, Mn, Zn, Cd, Pb, As, Cr, Fe, Hg, Ni, Pd, Pt, Rh, Sb, V) (Faiz et al., 2009; 

Joshi et al., 2009; Kuo et al., 2009; Lu et al., 2009; Wei et al., 2010; Wei and Yang, 2010; 

Zereini et al., 2007) and organic pollutants (PAH, nitro-PAH, phthalate esters) (Aatmeeyata 

and Sharma, 2010; Aryal et al., 2011; Dong and Lee, 2009; Wang et al., 2011; Zakaria et al., 

2002; Zeng et al., 2009), many of which are considered to be biotoxic, existed in much higher 

concentrations in RDS and roadside soils compared to native soils away from the roads. 

Unlike in many earlier studies where only pollutant concentrations in RDS were reported 

(Gromaire-Mertz et al., 1999; Stone and Marsalek, 1996), in recent studies the pollutant 

concentrations in neighbouring uncontaminated soils were also reported and this enabled a 

comparison to made of the two concentrations. Also the pollutant enrichment factors could be 

determined (Chang et al., 2009; Duong and Lee, 2011; Faiz et al., 2009; Joshi et al., 2009; 

Kuo et al., 2009; Lu et al., 2009; Sutherland and Tolosa, 2000; Wei et al., 2010; Yang et al., 

2010). The distribution patterns of heavy metals were related to level and type of traffic and 

its densities (Duong and Lee, 2011; Faiz et al., 2009; Saeedi et al., 2012). The reason for the 

higher concentration of heavy metals in RDS compared to native soils is that the vehicle 

parts, exhaust and asphalt surface of roads have high concentrations of heavy metals which 

are constantly released over a long period to the RDS (Table 2.2). 
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Table 2.2. Sources of heavy metals and metalloids, and their concentrations/or emission 
rates (adapted from Loganathan et al. (2013)) 

Heavy 
metals/me
talloids 

Source Pollutant concentration/ 
emission rate 

Reference 

Cd Brake lining/dust 
 
Tyre tread 

8-12 μg/g 
<0.1 41 μg/g 
<0.05 2.6 μg/g 

Westerlund (2001) 
Thorpe and Harrison (2008) 
Thorpe and Harrison (2008) 

Cr Brake disc pad/dust 
Brake lining/dust 
 
 
Tyre tread 
Unleaded gasoline exhaust 
Diesel exhaust 

0.69 2.6% 
73 151 μg/g 
<10 1320 μg/g 
1.5% (mean) 
<1 30 μg/g 
165 μg/g (mean) 
70 μg/g (mean) 

von Uexküll et al. (2005) 
Westerlund (2001) 
Thorpe and Harrison (2008) 
Kadioğlu et al. (2010) 
Thorpe and Harrison (2008) 
Kadioğlu et al. (2010) 
Kadıoğlu et al. (2010) 

Cu Brake disc pad/dust 
Brake lining/dust 
 
 
Tyre tread 
Unleaded gasoline exhaust 
Diesel exhaust 

1.4 6.7% 
5.1 11.8% 
11 μg/g 39% 
6.6% (mean) 
<1-490 μg/g 
212 μg/g (mean) 
47 μg/g (mean) 

von Uexküll et al. (2005) 
Westerlund (2001) 
Thorpe and Harrison (2008) 
Kadioğlu et al. (2010) 
Thorpe and Harrison (2008) 
Kadioğlu et al. (2010) 
Kadioğlu et al. (2010) 

Ni Brake lining/dust 
 
Tyre tread 
Asphalt bitumen 

70 182 μg/g 
4 730 μg/g 
<1 50 μg/g 
15 100 μg/g 

Westerlund (2001) 
Thorpe and Harrison (2008) 
Thorpe and Harrison (2008) 
Lindgren (1996) 

Pb Gasoline 
 
Brake lining/dust 
 
Tyre tread 
LPG exhaust 

1.2 g/L in 1970s, 
≤ 0.15 g/L in 1980/1990s  
0.9 1.9% 
1 μg/g 11.9% 
1 160 μg/g 
3096 μg/g (mean) 

Lovei (1998) 
 
Westerlund (2001) 
Thorpe and Harrison (2008) 
Thorpe and Harrison (2008) 
Kadioğlu et al. (2010) 

Pd* Vehicle exhaust  264 ng/km emission rate Palacios et al. (2000) 
Pt* Vehicle exhaust  101 ng/km emission rate Palacios et al. (2000) 
Rh* Vehicle exhaust  66 ng/km emission rate Palacios et al. (2000) 
Sb Brake disc pad/dust 

Brake lining/dust 
Tyre tread 

1.7  4.6% 
0.07 1.7% 
<0.2 0.9 μg/g 

von Uexküll et al. (2005) 
Thorpe and Harrison (2008) 
Thorpe and Harrison (2008) 
Thorpe and Harrison (2008) 
Thorpe and Harrison (2008) 

Zn Tyre tread 
Brake lining/dust 
 
 
Unleaded gasoline exhaust 
LPG exhaust 
Diesel exhaust 

430 9640 μg/g 
25 μg/g 18.8% 
0.7 2.4% 
7.9% (mean) 
3225 μg/g (mean) 
1074 μg/g (mean) 
466 μg/g (mean) 

Westerlund (2001) 
Kadioğlu et al. (2010) 
Kadioğlu et al. (2010) 
Kadioğlu et al. (2010) 
Kadioğlu et al. (2010) 

(*) Platinum group metals used as catalytic convertor in vehicles 
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2.2.2. PAHs 

 

Polycyclic aromatic hydrocarbons (PAHs) are chemical compounds that consist of fused 

aromatic rings (benzene rings which share one or more sides) and do not contain a 

heteroatom or carry substituents (Dong and Lee, 2009) (Table 2.3, Figure 2.2). The number 

of rings ranges from 2 to 6. PAHs with few rings have low molecular weight, are highly 

volatile and soluble in water (Table 2.3). They are highly persistent, toxic, and widespread 

environmental pollutants and are of major concern regarding the damage they can do (Wang 

et al., 2009a). Many PAHs are considered to be mutagenic or carcinogenic and are believed 

to cause health problems, such as cataracts, kidney and liver damage, and jaundice (Dong and 

Lee, 2009; Su et al., 1998; Zhao et al., 2014). Due to their potential toxicity, and widespread 

distribution in the environment, such as air, water, soils, and sediments, some PAHs are listed 

as priority monitoring pollutants by the United States Environmental Protection Agency 

(EPA Test Method, 1982; (Li et al., 2010; Long, 2006) (Figure 2.2). Generally, the high 

molecular weight PAHs consisting of more than three aromatic rings are more toxic than low 

molecular weight PAHs containing two or three aromatic rings (Nisbet and LaGoy, 1992). As 

with heavy metals, PAHs are also emitted from diverse sources. Likewise major sources emit 

many types of PAHs. The sources of PAHs and their emission rate to the environment are 

listed in Table 2.4.  

 

Aryal et al. (2011) reported that the total and individual PAHs contents were highest in the 

finest size fraction (< 75 μm) and in the winter season compared to the other seasons when 

analysing 18 RDS samples for 16 PAHs from Sydney, Australia. Longer the dry weather 

period the higher the total PAHs content. They also found that the concentrations of high 

molecular weight PAHs (4 and 5 rings) were much higher than the concentrations of low 

molecular weight PAHs (2 and 3 rings). 
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Table 2.3. Physical and chemical characteristics of PAHs 

 

PAH Cycles Vaporisation Solubility 
TEF values 

(*) 

Napthalene 2 very high 0.001 

Acenapthylene 2 very high 0.001 

Acenapthene 3 very medium 0.001 

Fluorene 3 very medium 0.001 

Phenanthrene 3 very medium 0.001 

Anthracene 4 insignificant low 0.01 

Fluoranthene 4 same low 0.001 

Pyrene 4 same low 0.01 

Benzo(a)anthracene 4 same low 1 

Chrysene 5 same low 0.01 

Benzo(b+k)flouranthrene 5 same low 0.1 

Benzo(a)pyrene 5 same low 1 

Indeno(1,2,3-cd)pyrene 5 same low 0.1 

Dibenzo(a,h)anthracene 6 same low 5 

Benzo(g,h,i)perylene 6 same low 0.01 

(*) Toxicity equivalency factor (TEF) values proposed by Nisbet and LaGoy (1992) 
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Figure 2.2. US. EPA 16 priority PAH compounds (US EPA, 1992) 

 

Table 2. 4. Sources of PAHs and PAHs concentration or emission rate 

(adapted from Loganathan et al., 2013) 

 

Pollutant Source Pollutant 
concentration/emission 

rate 

Reference 

PAHs Vehicle exhaust 1476 ng/g Mostafa et al. (2009) 
 Fresh lubricating oil 2926 ng/g 

 
Used lubricating oil 1428 ng/g 

 
Tyre particles 364 ng/g 

 
Asphalt 1596 ng/g 

 
Diesel vehicle exhaust 415–8868 μg/g Takada et al. (1990) 

Asphalt 4–9 μg/g  
Tyre 378 ng/tyre/km Aatmeeyata and Sharma 

(2010) 
Vehicle exhaust, oil 

combustion 
NR Dong and Lee (2009) 

 
Vehicle exhaust, tyre NR Pengchai et al. (2005) 

Nitro-PAH Diesel exhaust particles 2.0–4.1 μg/g Murakami et al. (2008) 
NR = not reported 
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2.3. Pollutant source identification 

 

In order to formulate adequate measures to reduce environmental risk caused by heavy metals 

and PAHs, it is necessary to determine quantitatively the contributions of the various sources 

of these pollutants. The methods used in identifying the sources of heavy metals and PAHs 

are discussed in this section. 

 

2.3.1. Heavy metals  

 

It is not easy to identify the major sources of some heavy metals because a heavy metal can 

originate from multiple sources. The origins of a heavy metal may differ depending on the 

road surfaces (asphalt versus concrete) and vehicle type (heavy duty trucks using diesel 

versus passenger vehicles using petrol). Sources of heavy metals are generally identified by 

using statistical techniques such as principle component analysis (PCA), cluster analysis 

(CA), correlation coefficient analysis (CCA) and depending on types of vehicle, and road 

surface in the area (Table 2.5). 

 

When comparing the heavy metals in RDS from a concrete highway with those from asphalt 

highway under a similar vehicle density, Duong and Lee (2011) found that Cd, Ni and Pb 

concentrations in RDS were higher along the concrete highway RDS. They explained these 

results as due to higher tyre abrasion that occurs in concrete highway. The minerals make-up 

of different rock materials varies in the metal contents. Therefore the concentration of the 

metals released to the RDS varies widely (Lindgren, 1996). Duong and Lee (2011) also found 

that heavy metals concentrations in RDS at rotary areas of the highway were higher than 

those in other areas. They stated that the high concentrations of heavy metals in RDS in 

rotary areas may be due to the substantial increase in traffic volume and stopping and idling 

while waiting at traffic lights. Heavy metal concentrations in RDS can be variable (Table 

2.5), however, it is clearly shown that urban metal loadings often exceed those found in 

industrial zones, highway areas. Consequently, there is the possibility of heavy metal loading 

from sources other than vehicles (Mohammed et al., 2012).    
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Study area RDS sampling/ analysis and 

method used for source 

identification 

Source identified/apportionment Reference 

Ankara, 

Turkey 

9 RDS samples: brake pads, 

exhaust dust of vehicles 

Cr, Mn, Cu, Zn, and Sn from brake 

pads; As and Pb from exhaust dust 

Kadıoğlu et al. 

(2010) 

California, 

USA 

56 tyre and 53 brake samples; 28 

element samples analysed. 

Grouped by PCA 

Zn, Pb, Cu from tyres; Cu, Mn, and 

Cd (Cd-plated brake rotor) from 

brakes 

McKenzie et al. 

(2009) 

Maryland, 

USA 

Pb, Cu, Cd and Zn analysis of 

building siding and roofs; brakes; 

tyres; oil leakage; atmospheric 

deposition 

Building siding, all 4 metals; 

brake, Cu; tyre, Zn; atmosphere, 

Cd, Cu, Pb 

Davis et al. 

(2001) 

Sweden 

Asphalt bitumen and 

stone materials analysed for 8 

elements 

Stone material major source; 

bitumen minor source; caused by 

studded tyre use in winter 

Lindgren 

(1996) 

Taiwan 

RDS from steel plant, 

coal-fired power 

plant, industrial park 

and main roads; 

grouped by PCA 

Fe, Zn, and Pb steel plant; Cu, Cr 

and Ni road intersection; Zn and Ni 

industrial park 
Chang et al. 

(2009) 

Urumqi, 

China 

169 samples from 

different roads. 

Geostatistic/Kriging 

interpolation method 

of data analysis/mapping 

Cu, Pb, Cr, Zn traffic related; Ni, 

Mn industrial activity; Cd 

commercial, industry, phosphate 

fertilizer 

Wei et al. 

(2009) 

Republic of 

Korea 

12 RDS samples from 

different industrial 

complex (IC) areas 

Cd, Cu, Pb mainly in non-ferrous 

metal IC, followed by 

petrochemical IC, Ni, Zn 

petrochemical IC 

Dong and Lee 

(2009 

Germany 

54 RDS samples (2004) analysed 

for Pt group metals and compared 

with 1994 values 

Pt, Rh, 2 and 1.6 times higher but 

Pd 15 times higher. Metals use in 

1993 or earlier as catalytic 

convertors in vehicles 

Zereini et al. 

(2007) 

Table 2. 5. Studies on pollutants source identification and apportionment and methods used 

(adapted from Loganathan et al., 2013) 
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Urumqi, 

China 

169 RDS samples; 10 

elements analysed; 

statistics: CCA, PCA, 

CA 

U, Mn, Co natural soils; Cu, Pb, 

Zn, Cr mainly traffic and partly 

industry; Ni, Be mainly industry 

Wei et al. 

(2010) 

Istanbul,Tur

key 

41 RDS analysed for 3 elements; 

heavy traffic and industrial areas; 

CCA 

Pb, Zn, Cu strong correlation, 

common  source, Vehicle traffic 

main source 

Guney et al. 

(2010) 

Islamabad, 

Pakistan 

13 RDS samples 

analysed for Cd, Cu, 

Ni, Pb, Zn: CCA 

Cu, Pb high correlation, similar 

anthropogenic source (vehicle) 
Faiz et al. 

(2009) 

China 

23 RDS, 17 elements; 

Shanghai(commercial, 

industry(I)), Beijing 

(I), Hong Kong 

(traffic, metropolis) 

Finger printing metals in 

RDS; Cr, Cu, Ce, Zn higher in 

Hong Kong RDS due to higher 

traffic 

Tanner et al. 

(2008) 

Xi’an,  

 

China 

65 urban dust samples; 6 metals  

 

analysed; CCA, PCA, CA 

Cr, Cu, Pb, Sb, Zn mainly industry,  

 

Pb, Zn also traffic; Ag, Hg 

commercial, domestic; As, Mn 

mainly soil 

Yongming 

 

et al. (2006) 

Wuhan, 

China 

97 RDS samples;10 

elements, magnetic 

properties 

Cu, Fe, Ni mainly traffic 

related 
Yang et al. 

(2010) 

Manchester, 

England 

Electron microscope/ 

microporobe/ 

Raman spectroscopy 

on RDS grains 

4 types of grains (Si, Alumino-

Silicate, Fe oxides, Fe-rich glass, 

Accessory grains) Elements 

distributed to them 

Taylor and 

Robertson 

(2009) 

Manchester, 

England 

9 inner city and 10 outer 

city RDS samples; 

chemical and 

mineralogical analysis 

Fe, Zn, Pb, Cu, Mn magnetic 

component of RDS; vehicular 

source  

Robertson et al. 

(2003) 

CA- Cluster analysis; PCA- Principle component analysis; CCA: Correlated coefficient analysis 
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The main source of Pb in RDS decades ago was leaded gasoline but with the 

reduction/removal of Pb additives in gasoline, more recently the source of Pb has changed to 

tyres (McKenzie et al., 2009), brakes (Davis et al., 2001), fuel tanks, spark plugs and piston 

coatings (Maher et al., 2008). However, elevated concentrations of Pb continue to be 

observed in soils close to roads and this was considered to be not only to the new sources of 

Pb but also to Pb from gasoline added to soils in the past. It has been strongly adsorbed to the 

soils and persists for a long time (Guney et al., 2010; Hjortenkrans et al., 2006). Recently, 

Mohammed et al. (2012) found that RDS in highways in and around Sydney, Australia were 

significantly enriched with Cu and Zn. This was explained as due to a contribution from 

vehicle components such as brake linings and tyre wear, respectively, which contain high 

concentration of these metals. They also reported that correlation and cluster analyses 

suggested that Fe, Mn, Cr and Ni in RDS had primarily a lithogenic origin.  

 

Yongming et al. (2006) studied the possible sources of heavy metals in RDS in central China. 

Using PCA and CA, they found that, Ag and Hg had commercial and domestic sources; Cu, 

Sb, Pb, Zn and Cr were mainly from industrial sources, combined with traffic sources; Mn 

and As were from soil sources. The metal groupings identified using cluster analysis of the 

metal concentrations are shown in Figure 2.3. Another investigation in a regional city of 

Urumqi, China by Wei et al. (2010) found that the sources of Cu, Pb, Cr and Zn were mainly 

roads with heavy traffic. Ni, Mn and Cd were mainly from the industries; Co and U were 

from the soil material, and Be was from railway activity. 

 

 
 

Figure 2.3. Cluster analysis of heavy metals in RDS in central China  
(re-drawn from Yongming et al., 2006) 
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2.3.2 PAHs in RDS 

 

Sources of PAHs are commonly categorised into pyrogenic and petrogenic groups (Lee, 

2010; Wang et al., 2009; Yunker et al., 2002). Pyrogenic sources are those where PAHs are 

generated by high temperature combustion of fossil fuel (coal and petroleum) such as vehicle 

exhaust particles and biomass (burning of grass, and wood, bush fires) (Saeedi et al., 2012b; 

Wang et al., 2009; Yunker et al., 2002), whereas petrogenic sources are derived from crude 

oil and its refined products (oil, petrol, and diesel leaks, tyre particles, deteriorating asphalt or 

asphalt sealant) (Lorenzi et al., 2011; Sojinu et al., 2010; Wang et al., 2009). Asphalt contains 

approximately 95% mineral aggregates and the majority of the remaining 5% is bituminous 

binder which is the main source of PAH in asphalt (Thorpe and Harrison, 2008).  

 

2.3.2.1 PAHs source identification using ratios of individual PAHs 
 

Ratios between low and high molecular weight PAHs as well as between specific PAH 

isomers have been used to identify the sources of PAHs (Saeedi et al., 2012; Viñas et al., 

2010; Wang et al., 2011; Wang et al., 2009; Yunker et al., 2002). For example, Lorenzi et al. 

(2011) used the ratios of anthracene / (anthracene+phenanthrene); fluoranthene / 

(fluoranthene+pyrene); benzo(a)anthracene / (benzo(a)anthracene + chrysene); and, 

indeno(1,2,3-cd)pyrene / (indeno (1,2,3-cd) pyrene + benzo (g,h,i) perylene) to determine 

whether the sources of PAHs were petrogenic or pyrogenic in RDS from Newcastle-upon-

Tyne, England (Figure 2.4). The classification of these sources according to the PAHs ratio 

was developed by Yunker et al. (2002) (see Table 2.6). 
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Figure 2.4. Use of ratios of different PAHs compounds for source identification. 

Horizontal lines demarcate petrogenic from pyrogenic sources according to the 

classification of Table 2.6 (re-drawn from Lorenzi et al. (2011)) 
Ant-Anthracene, Phe- Phenanthrene, Fl- Fluoranthrene, Pyr-Pyrene, BaA- Benzo(a)anthracene, Chry- 

Chrysene, IND- Indeno(1,2,3) c,d pyrene, BghiP- Benzo(g,h,i)Perylene 
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Table 2. 6. Indicative ratios to distinguish petrogenic and pyrogenic sources of PAHs in 

RDS (adapted from Lozenzi et al., 2011; Yunker et al., 2002) 

Ratio Petrogenic 

source 

Petroleum or 

combustion source 

Pyrogenic 

source 

Anthracene/(Anthracene + Phenanthrene) < 0.1  > 0.1 

Fluoranthrene/ (Fluoranthrene + Pyrene) < 0.5  > 0.5 

Benzo(a)anthracene/Benzo(a)anthracene 

+ Chrysene) 

< 0.2 0.2 – 0.35 > 0.35 

Ideno(1,2,3) c,d pyrene/( Ideno(1,2,3) c,d 

pyrene + Benzo(g,h,i)perylene 

< 0.2 0.2 – 0.5  

(liquid fossil fuel 

combustion) 

> 0.5 

 

Yunker et al. (2002) also reported that Fluoranthrene/(Fluoranthrene + Pyrene) and 

Ideno(1,2,3) c,d pyrene /(Ideno(1,2,3) c,d pyrene + Benzo(g,h,i)perylene) ratios can be used 

as indicators to discriminate fossil fuel from other biomass combustions. Low ratios of these 

PAHs (<0.40 and <0.20) signifies petroleum sources; intermediate ratios (0.40–0.50 and 

0.20–0.50) indicates liquid fossil fuel (vehicle and crude oil) combustion whereas ratios 

higher than 0.50 are considered as signals of wood or coal combustion. Other ratios such as 

Anthracene/(Phenanthrene+Anthracene), Fluoranthrene /(Pyrene+ Fluoranthrene), and 

Ideno(1,2,3) c,d pyrene /(Ideno(1,2,3) c,d pyrene + Benzo(g,h,i)perylene) have also been 

used to distinguish PAH pollution originating from petroleum products, petroleum 

combustion and biomass or coal burning (Tobiszewski and Namieśnik, 2012; Zhang et al., 

2015).  

 

2.3.2.2. PAH source identification using principle component analysis (PC 
 

As in the case of heavy metals, both PCA and multivariate linear regression analysis have 

been employed to identify the primary sources of PAHs and for estimating their contributions 

to RDS. Peng et al. (2011) studied the possible sources of 16 PAHs compounds found in 

RDS in central China and through PCA, separated them into distinct groups based on factor 

loadings (Figure 2.5).  In this separation of PAHs, phenanthrene, anthracene, fluoranthene, 

pyrene, benzo(a)anthracene, and chrysene occurred in one PC group (70.7%) with high 

loadings, and they were considered to have originated from coal combustion. The other group 
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(20.7%) which contained napthalene and acenapthene was considered to have derived from 

long-range atmospheric migration. 

 
Figure 2.5. Principal component (PC) analyses loadings plot for 16 individual PAHs (re-

drawn from Peng et al., 2011) 

 

 

2.4 Pollutant enrichment factors 

 

The degree of pollutants contamination in RDS arising from roads and vehicles has been 

generally assessed by comparing the pollutant concentrations in RDS with nearby natural 

soils with minimum contamination. Pollution index (PI), enrichment factor (EF) and 

geoaccumulation index (Igeo) are three indices that have been popularly used for this purpose 

(Faiz et al., 2009; Lu et al., 2009; Mohammed et al., 2012).  

 

2.4.1 Heavy metals 

 

2.4.1.1. Pollution index (PI) 
 

The PI is defined as the ratio of heavy metal concentration in RDS to the corresponding 

heavy metal background concentration in the nearby soils. The pollution index PI is defined 

as follows: 
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where Cn and Bn are the concentrations of element n in RDS and uncontaminated soil away 

from the roads, respectively. PI is classified as follows: PI ≤ 1: low level of pollution; 

1 < PI ≤ 3: middle level of pollution; PI > 3: high level of pollution (Faiz et al., 2009; Lu et 

al., 2009). 

 

Mohammed et al. (2012) reported that heavy metal pollution in RDS in Sydney, Australia, 

had mean (± standard errors) PI values for Cu, Zn, Cr, Cd, Pb, Fe, Mn, and Ni of 8.1 ± 1.6; 

7.3 ± 1.2, 3.4 ± 0.8, 3.1 ± 0.5, 2.3 ± 0.5, 2.0 ± 0.6, 1.7 ± 0.4, and 0.7 ± 0.2, respectively. 

Corresponding median PI values were 7.4, 6.9, 3.5, 3.0, 2.0, 1.9, 2.0, and 0.4. The PI values 

indicate that Cu and Zn had moderate to high enrichment in the RDS compared with other 

metals which had lower values. In Baoji, China, Lu et al. (2009) also reported that PI index in 

RDS was high for Zn and Cu. Faiz et al. (2009) studied the PI values in RDS in Pakistan and 

documented the order of the values was Cu > Pb > Cd ~ Zn > Ni.  

 

 

2.4.1.2. Enrichment factor (EF) 

 

The EF is determined by a similar method to that used for the PI, with the exception that the 

measured metal concentrations in RDS and background soils are normalised against a 

reference metal. The EF is calculated using the following equation:  

 

EF = [Cx/Cref]sample/[Cx/Cref]background 

 

where Cx is the concentration of the examined heavy metal in the sample and the background 

soil, and Cref is the concentration of the reference element in the sample and the background 

soil. Five enrichment categories are recognised on the basis of the EF: < 2 denotes deficiency 

to minimal enrichment; 2–5: moderate enrichment; 5-20: significant enrichment; 20-40: very 

high enrichment; > 40: extremely high enrichment (Lu et al., 2009; Yongming et al., 2006).  
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In the calculation of EF, a reference metal is used to normalise the metal enrichment because 

the composition of soils is inherently variable. The reference metal used is often characterised 

by low occurrence variability and of natural origin. Common metals used as reference include 

Al, Fe, Mn, Si, and Ti (Joshi et al., 2009; Lu et al., 2009; Yongming et al., 2006). In a study 

in China, using Mn as reference metal, Ag, Hg, Pb and Zn in RDS were found to have mean 

EFs higher than 5, which means significant contamination; while Cr, Cu and Sb, with their 

mean EFs between 2 and 5, were classified as moderately contaminated (Yongming et al., 

2006). Mohammed et al. (2013) reported that RDS samples from Sydney, Australia had both 

PI and EF highest for Cu and Zn with EF value for Cu: 6.1±1.5 (mean 5.2) and Zn: 3.8±0.8 

(mean 3.4). They also reported that inputs of Cu and Zn to RDS were likely to be mainly the 

result of brake and tyre wear, respectively. In Tehran, Iran, Saaedi et al. (2012) discovered 

that - using Mn as the reference metal - the EF values in RDS samples were in the order Cd > 

Pb > Zn > Cu.   

 

2.4.1.3. Geo-accumulation Index (Igeo) 
 

The geo-accumulation index was originally used with bottom sediments. It is computed by 

the following equation (Faiz et al., 2009; Lu et al., 2009; Wei et al., 2010): 

 

 

 

where Cn represents the measured concentration of the element n and Bn is the geochemical 

background value of the element n in fossil argillaceous sediment or in soil. The geo-

accumulation index is classified as follows: 

Igeo ≤ 0 unpolluted  

0< Igeo ≤1 unpolluted to moderately polluted 

1< Igeo ≤2 moderately polluted 

2< Igeo ≤3 moderately to strongly polluted 

3< Igeo ≤4 strongly polluted 

4< Igeo ≤5 strongly to extremely polluted, and Igeo > 5 extremely polluted. 
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Wei et al. (2010) examined the enrichment of heavy metals in RDS from different locations 

in China using Igeo as a measure of the enrichment. They found that the average Igeo of metals 

ranged from 0.18 to 2.64 with the highest value for Cd and lowest value for Cr (Table 2.7). 

Among the cities studied, Guangzhou and Hongkong generally had the highest Igeo values for 

most of the heavy metals and this was explained as due to higher population density and more 

vehicles on the road in these two cities. Jiang et al. (2009) stated that average Igeo values for 

heavy metals in RDS from Beijing urban areas were 0.24 for Cr, 0.75 for Ni, 1.01 for Cu, 

0.61 for Zn, 3.17 for Cd and 1.50 for Pb. They found that the RDS in different areas had 

different Igeo values. On this basis, Cd was considered to be “heavily contaminated”, 

indicating that the RDS were obviously polluted by Cd. The average Igeo for Zn was 0-1, 

which was ranked as an “uncontaminated to moderately contaminated” level.  

 

The values obtained for the three indices used to determine enrichment of heavy metals in 

RDS in various countries were presented by Loganathan et al. (2013). They are summarized 

in Table 2.8. 
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Table 2.7. Geo-accumulation index of heavy metals in urban RDS in different cities of 

China (adapted from Wei et al., 2010) 

 

City Cr Cu Pb Zn Ni Cd 

Xi’an 0.60 1.03 1.78 1.33 - - 

Hangzhou -0.78 1.18 1.68 1.05 -0.61 2.18 

Shanghai 0.35 1.52 2.04 1.77 0.59 1.84 

Shanghai1 - 1.45 1.93 1.68 0.61 - 

Shanghai2 0.25 1.49 1.97 1.73 0.61 - 

Guangzhou 0.04 1.93 1.49 2.11 -0.56 3.77 

Baoji - 1.29 2.35 1.86 0.19 - 

Urumqi -0.31 0.86 0.61 1.05 0.08 1.87 

Hongkong - 1.63 1.53 2.57 - 3.25 

Mean 0.18 1.48 1.81 1.48 0.34 2.64 

 

Table 2.8. The ranges of EF, PI and Igeo values of some heavy metals reported in 

literature from several countries (data from Loganathan et al., 2013) 
 

Metals Enrichment Factor Pollution Index Geoaccumulation index 

Cu 3-90 5-10 < 1 

Pb 2-20 5-15 1-3 

Cd 2-9 2-9 1 

Zn 2-90 6-30 2-3 

Cr 0-9 2-12 < 0 

Ni 2-90 3-10 < 0 

Mn 0-11 - 0 

 

 

2.4.2. PAHs 

 

Only a few attempts have been made to quantify the enrichment of PAHs in RDS (Brown and 

Peake, 2006; Maltby et al., 1995; Zechmeister et al., 2006). Fang et al. (2004) in their 

analysis of PAHs species distribution in RDS in central Taiwan, showed that Phenanthrene, 
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Fluoranthrene, Pyrene, and Benzo (g,h,i) Pyrene were the most abundant PAHs in the 

roadside RDS samples. In a study in Kuala Lumpur, Malaysia, Omar et al. (2002) reported 

that lower molecular weight PAHs, Phenanthrene, Fluoranthrene and Pyrene, were the 

predominant PAHs in RDS samples. Venkataraman and Friedlander (1994) reported that 

vehicular emissions are a source contributing to particulate PAH concentrations throughout 

the Los Angeles air basin. Lower molecular weight PAHs were more enriched in RDS 

particles, whereas high molecular weight PAHs were more abundant in atmospheric particles. 

They explained this as being due to lower molecular weight PAHs predominating in larger 

particles, which deposit more quickly whereas high molecular weight ones predominate in 

the smaller particles that deposit more slowly from the atmosphere.  

 

 

2.5. Pollutant concentration distribution 

 

Pollutant concentration distribution in RDS and the neighbouring soils varies with the 

distance from the roads, traffic density and speed, temporal changes, heterogeneity of the 

roads, and RDS particle size.  

 

2.5.1. Distance from road 

 

Studies have shown that there is a significant decrease in pollutant concentrations of RDS 

with increasing distance from the road (Davis et al., 2001; Snowdon and Birch, 2004; Zereini 

et al., 2007). For example, Birch and Scollen (2003) studied the RDS in Sydney and found 

that the concentration of Cr, Cu, Ni, Pb, and Zn was shown to decline with distance from 30 

to 150 m from the roads. Higher concentrations of pollutants near the roads were explained as 

due to the constant high velocity wind generated by vehicles on roads and flushing from 

pavement runoff into the adjacent soils. A similar trend has also been found for PAHs 

concentrations which decreased exponentially with distance from roads in Brisbane, 

Queensland (Pathirana et al., 1994). In this study the concentrations of total PAHs as well as 

individual PAHs decreased exponentially with distance from roads up to 30 m.  

 

2.5.2. Traffic density/speed and road surface 

 

Increase of traffic density and speed increases RDS pollutant concentration mainly because of 
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the high exhaust emissions from increased engine emissions and road abrasion by high speed 

vehicles (Duong and Lee, 2011). In Sydney, Davis and Birch (2011) detected a good 

relationship between average daily deposition fluxes of Cu, Pb, and Zn and traffic density. 

Similarly, Tanner et al. (2008) reported that the higher traffic density in Hong Kong 

compared to Shanghai and Beijing caused extraordinarily higher concentrations of Cr, Cu, Pb 

and Zn in RDS in Hong Kong than in the other two cities. The speed of vehicles also plays an 

important role in controlling the pollutant concentrations in RDS.  

 

2.5.3. Road site locations 

 

Many studies have shown that in road environment where there is frequent vehicle braking 

and sudden deceleration/acceleration activity, RDS metal concentrations can be higher than at 

other locations along the road. For example, Hjortenkrans et al. (2006) reported that in 

decelerating environments such as roads with traffic lights, roundabouts and intersections in 

Sweden the RDS concentrations of Cu and Sb, the major input from brake linings, were more 

than eight-fold compared to background levels. Similarly, Awato et al. (2009) studying the 

variability of the RDS chemistry in different urban environments in Spain, reported that Cu, 

Sb, Zn and Mo were sharply concentrated at locations with braking activities. This revealed a 

strong relationship with the wear of brake pads and tyres. 

 

2.5.4. RDS particle size 

 

Pollutant concentration and total amount in different particle size fractions of RDS are 

important parameters for assessing the transport of sediment-bound pollutants (Stone and 

Marsalek, 1996). The finer fraction of RDS is easily transported in runoff but the coarser 

particles are more effectively controlled. The largest sized fraction that mostly stays on the 

road surface is removed by street cleaning or is retained in the sediment storage areas (sewer 

inlets and gully pots) and not transported through the entire drainage system. 

 

Many studies have shown that concentrations of heavy metals (Cu, Fe, Cd, Mn, Ni, Pb, Zn) 

decrease when particle size increases with the highest concentrations found in the finest 

fraction <63–75 μm (Birch and Scollen, 2003; Ewen et al., 2009; Singh, 2011; Stone and 

Marsalek, 1996). As observed for the heavy metals, the concentrations of PAHs in RDS were 

also higher in the finer sized fraction (Dong and Lee, 2009; Murakami et al., 2005). Dong and 
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Lee (2009) reported that the PAHs concentration in the smaller sized particles (<75 μm and 

75 180 μm) were much higher than those in the larger sized particles (180 850 μm and 

850 2000 μm).  

 

2.6. Pollutant mobility 

 

2.6.1. Pollutants movement to water bodies via stormwater 

 

Pollutants in RDS are transported to aquatic and terrestrial environments during storm events. 

The mobile fraction of the pollutants in RDS is transported by stormwater whereas the 

immobile fraction, which is stored in the sediments, may or may not move with the 

stormwater depending on the particle size of the sediments. The finer size particles tend to be 

transported by the stormwater and therefore carry the immobile fraction of the pollutants 

associated with them.  

 

Birch and Scollen (2003) studied the distribution of heavy metals in RDS, gully pits and 

parkland soils in a highly urbanised sub-catchment of Port Jackson, New South Wales. They 

found that a large proportion of heavy metals was associated with the mobile fine fraction (< 

62.5 μm). The heavy metals concentrations in solid and aqueous phases in stormwater runoff 

vary widely depending on various factors such as location, seasons, temperature and pH. In 

Sweden, both Westerlund et al. (2003) and Hallberg et al. (2007) found that dissolved 

fractions of Al, Cd, Co, Cr, Mn and Ni were significantly higher in winter compared to 

summer. 

 

 

2.6.2. Sequential extraction of metals from RDS 

 

Several studies have been conducted to assess the mobile and immobile fractions of heavy 

metal in RDS. The methods used in these studies can be classified into two main groups. In 

one group, single extractions such as 0.5 M HCl and 2 M HNO3 were used to dissolve metals 

and the amounts dissolved are considered to be the mobile fraction (Joshi et al., 2009; Kartal 

et al., 2006; Stone and Marsalek, 1996). In the other group, reagents are used in a sequential 

order to extract different chemical forms of the metals. Each step in the sequential extraction 
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is more destructive than the previous step and hence the metal fractions extracted are in 

decreasing order of mobility. Two sequential extraction methods have generally been utilised. 

The method devised by Tessier et al. (1979) is a five-step sequential extraction method which 

uses reagents to extract the following fractions in decreasing order of mobility: exchangeable, 

carbonate-bound, Fe/Mn oxide-bound, organic-bound, and residual (Table 2.9). 

 

Table 2.9. Five-step sequential extraction scheme for fractionation of metals 

(Tessier 1979) 

 

Step Phase Extractant 

1 Exchangeable metals 1 M MgCl2 

2 Metals bound to carbonates 1 M NaOAc + Acetic acid 

3 Metals bound to Fe-Mn 

oxides 

0.3 M Na2S2O4 + 0.175 M Na-

citrate + 0.025 M H-citrate 

4 Metals bound to organic 

matter 

0.02 M HNO3 + 30% H2O2 + 3.2 

M NH4OAc 

5 Residual HF-HClO4 

 

 

The other sequential extraction method is a three-step procedure developed by the Standards, 

Measurements, and Testing program of the European Union (Rauret et al., 1999; Sahuquillo 

et al., 1999; Kartal et al., 2006). This method extracts exchangeable, reducible (Fe/Mn oxide-

bound) and oxidisable (organic- and sulfide-bound) fractions. The residual fraction is 

determined by subtracting the sum of these three fractions from the total metal concentration 

measured independently. In both these methods, exchangeable fraction is considered to be 

mobile and the residual fraction is the least mobile fraction. The modified sequential 

extraction method is presented in Table 2.10. 

 

Residual fraction originates mainly from natural geological materials whereas the other 

fractions originate mainly from anthropogenic sources such as industry, vehicles and road 

surfaces. The single and sequential extractions of RDS generally showed Cd or Zn to be the 

most mobile metal and Fe, Mn, Ni, and Pb to be the most immobile metals (Kumar et al., 

2010; Robertson et al., 2003; Tokalio˘glu et al., 2003).  
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Mohammed et al. (2012) analysed 9 RDS samples collected from major motorways in 

Sydney, Australia and found that the mean metals concentration decreased in the order: Fe > 

Mn > Zn > Cu > Cr > Pb > Ni > Cd. Sequential extraction of metals showed 50-95 % of Cr 

and Fe to be present in the residual fraction, whereas 15-65 % Zn was contained in the 

exchangeable fraction. 

 

Table 2.10. The modified BCR sequential extraction method used for the fractionation 

of metals (Kartal et al., 2006) 

Step Fraction Extractant 

1 Water and acid soluble and 

exchangeable 

0.11 M CH3COOH 

2 Reducible 0.5 M HONH2·HCl (pH 2) 

3 Oxidisable 8.8 M H2O2 (pH 2)  

1 M NH4OAc (pH 2) 

4 Residual Aqua regia 

 

 

2.7. Toxicity assessment 

 

US EPA (1992) defined ecological risk assessment as being “evaluation of the likelihood that 

adverse ecological effects may occur or are occurring as a result of exposure to one or more 

stressors”*. This assessment process combines the information from toxicity tests (ecological 

effects), the exposure information, assumptions, and uncertainties in a way that helps the risk 

assessor understand the relationships between the ecological effects and the stressors (heavy 

metals and PAHs) and helps support decision-making. Common methods used to assess 

toxicity of heavy metals and PAHs are discussed in this section. 

 

 

 

2.7.1. Ecological risk assessment 

 

2.7.1.1. Heavy metals 
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The method of determining ecological risks of heavy metals originally introduced by 

Hakanson (1980) has recently been used in many studies on RDS. The ecological risk of 

heavy metals contaminated sites is mainly based on the concentration and toxic potential of 

the metal (Qiu et al., 2010; Sun et al., 2010; Saeedi et al., 2012). This method was adopted to 

assess the ecological risks (RI – risk index) of heavy metal pollution in RDS as follows: 

 

 

Er =Tr × Cf and Cf = Cr / Cb 

 

where Cr is heavy metal concentration in RDS and Cb is heavy metal concentration in 

uncontaminated soils. Er is the ecological risk of each metal. Tr is defined as a “toxic-

response factor” for a given heavy metal. Hakanson (1980) reported the values for this factor 

for Cd, Cu, Pb, Cr and Zn to be 30, 5, 5, 2 and 1, respectively. These values are related to the 

degree of toxicity per unit concentration of the heavy metal. On this basis, Cd is the most 

toxic and Zn is the least toxic. Tr values obtained from experiments on mice and rats are 

normally used. Therefore, while this may not be directly applicable to determine toxicity 

assessment on aquatic organisms, it can indicate to some extent the degree of toxicity. The 

risk classification of Er and RI values is presented in Table 2.11. 

 

Table 2.11. Indices and grades of potential ecological risk assessment 

Er value 

Grades of potential 

ecological risk of 

single heavy metal 

RI value 

Grades of potential 

ecological risk of the 

environment 

Er < 40 Low risk RI < 150 Low risk 

40 < Er < 80 Moderate risk 150< RI < 300 Moderate risk 

80 < Er < 160 Considerable risk 300 <RI < 650 Considerable risk 

160 < Er < 320 High risk RI > 600 Very high risk 

Er > 320 Very high risk   

 

In Tehran, Iran, Saaedi et al. (2012) found very high ecological risk in RDS from industrial 

areas (highest for Cd, Er 1596.2-1647.0). Similarly, most RDS samples from Urumqi, China 

were reported to have high potential ecological risk with mean RI of 430.5 (43.0 – 3734.7) 
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(Wei et al. 2010). In another study in Shanghai, China, it was reported that the urban RDS 

had higher values of Er and RI for all metals and total environment than in suburban RDS 

(Shi et al., 2010). 

 

  



CHAPTER 2. LITERATURE REVIEW 

 36

2.7.1.2. PAHs 

 

PAH toxicity evaluation is generally conducted using relative toxicity values of individual 

PAHs proposed by Nisbet and LaGoy (1992). They assigned toxicity equivalent factors 

(TEF) to the various PAHs by assuming a relative value of 1 for Benzo(a)pyrene which is 

considered to be one of the most potent carcinogens in the PAH group. The values for the 

other PAHs were derived by reviewing published literature on their doses related toxicities 

found mainly on rats and mice. The toxicity equivalent quotient (TEQ) of contaminated site 

is then calculated by summing the products of each individual PAH concentration (Ci) and 

it’s TEF value, as follows: 

 

n

i
ii TEFCTEQ

1

)(  

 

Duong and Lee (2009) calculated TEQ of RDS in different sites of Ulsan, South Korea and 

found that the range of TEQ values of PAHs in RDS from industrial areas and urban areas 

were 0.93-16.74 μg/g and 4.37- 68.84 μg/g, respectively. Wang et al. (2011) reported high 

TEQ values (0.84-12.3 μg/g) in the bustling commercial streets of Guangzhou, China where 

the high concentrations of PAHs may have resulted from the accumulation of PAHs from the 

emissions of slow moving vehicles and the limited dispersion of pollutants. Recently, Wang 

et al. (2015) reported that the TEF concentrations of ∑16 PAHs of RDS in suburban areas of 

Nanjing, China ranged from 2.34 to 1430 ng/g, with a mean value of 215 ng/g which were 

much lower than in rural areas. TEF concentration of ∑16PAHs ranged from 2.65 to 465 

ng/g, with a mean value of 130 ng/g in rural areas. 

 

2.7.2. Biological methods 

 

The toxic potential of various stormwater runoff has been examined by conducting tests of 

acute lethality or immobilisation using classical bio-indicators such as Vibrio fischeri, 

Daphnia magna, Artemia salina and Medaka fish (Oryzias latipes) (Beasley and Kneale, 

2002; Nguyen et al., 2009; Svensson et al., 2005) (Table 2.12). Vibrio fischeri (Microtox®) 

has been widely used to estimate acute toxicity and several commercial test kits are 

commercially available (Parvez et al., 2006). Artemia salina (Artemia) has been used as test 
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organism for assessing acute and chronic toxicity of different kinds of contaminated water 

(Svensson et al., 2005). Artemia is widely used in toxicity studies and a large database is 

available on the toxicity of different contaminants on Artemia, which is applicable for a range 

of environments. Regulatory authorities have favoured the use of biological indicators rather 

than chemical methods for assessing the potential toxicity of environmental pollutants (Nunes 

et al., 2006). Table 2.12 presents LC50 and EC50 values for toxicity risk assessment of 

different pollutants on aquatic organisms.  
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Table 2.12. LC50 and EC50 values for toxicity risk assessment of pollutants 

 

Pollutant name Animal/ 
Organism Plant 

Concentrations of 
LC50/EC50(μg/L) Reference 

Cu 
(Copper sulfate) 

Artemia salina  LC50= 4450  
 

Gaete et al. (1996) 

 Lemna 
minor 

LOEC=12  Olette et al. (2008) 

Pb 
(Lead nitrate)  
 

Artemia salina  LC50= 1700  Gajbhiye and Hirota (1990) 
 Lemna 

minor 
EC50= 3000  Borek et al. (1998) 

Cd 
(Cadmium nitrate) 
 

Artemia 
franciscana 

 EC50= 112440 Blust et al. (1995) 

 Lemna 
minor 

BCF(1500)= 1000  Hutchinson (1975) 

Zn 
(Zinc sulfate) 

Artemia salina  LC50= 50500 Crisinei et al. (1994) 
 Lemna 

minor 
LC50= 67700  Brown and Rattigan (1979) 

Cr 
(Sodium dichromate) 
 

Ceriodaphnia 
reticulata 

 LC50= 195  Elnabarawy et al. (1986) 

 Lemna 
minor 

EC50= 195  Taraldsen and Norberg King 
(1990) 

BaP 
(Benzo[a]pyrene) 

Daphnia 
magna 

 LC50= 250  Atienza et al. (2006) 

 Lemna 
gibba 

EC50= 560  Huang et al. (1995) 

BbF 
(Benzo[b]fluoranthene) 

Daphnia 
magna 

 EC50= 1024  Wernersson and Dave (1997) 

 Plant NA  
BkF 
(Benzo[k]fluoranthene) 

Daphnia 
magna 

 BCF= 14  Newsted and Giesy (1987) 

 Lemna 
minor 

NA  

DBA 
(Dibenz[a,h]anthracene) 

Daphina 
magna 

 EC50= 496  Wernersson and Dave (1997) 

 Lemna 
gibba 

EC50= 2000  Krylov et al. (1997) 

Fl 
(Fluoranthene) 

Artemia salina 
 

 EC50= 39.6  Diamond et al. (2000) 

 Lemna 
minor 

EC50= 166  Spehar et al. (1999) 

Pyr 
(Pyrene) 

Artemia salina  LC50= 99.10  Abernethy and Mackay (1987) 
 Lemna 

gibba 
LC50=166  Huang et al. (1995) 

 

 
Another method used to assess the toxicity of pollutants on organisms is the alkaline 

unwinding of DNA technique which is based on the time-dependent partial unwinding of 

DNA when the organism is exposed to pollutants. It makes it possible to determine the ratio 

of conversion of double-stranded DNA (dsDNA) to single-stranded DNA (ssDNA) (Dixon 
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and Wilson, 2000). The alkaline unwinding assay has proved to be a rapid and sensitive 

method of assessing DNA strand breakage in the cells of marine invertebrate caused by 

pollutants, under both laboratory and field conditions (Dixon and Wilson, 2000). Nacci and 

Nelson (1992) used this assay to detect DNA damage in the gill tissues of M. edulis and 

Crassostrea virginica that had been transplanted into an urban estuary setting contaminated 

with polychlorinated biphenols, PAH and heavy metals. This study showed that increased 

DNA strand breaks resulted from acute exposures to sublethal concentrations of the 

genotoxic agent N-methyl-N'-nitro-N-nitrosoguanidine. Other studies on the alkaline 

unwinding assay include investigations on M. galloprovincialis (Viarengo et al., 1991) and 

starfish Asterias rubens (Everaarts, 1995). Everaarts (1995) showed that the low integrity of 

DNA indicated the extent of damage occuring due to interaction of various pollutants with 

DNA from the seastars. Such a low integrity of DNA could be due to enhanced concentration 

of PAHs, PCBs, and metals like Cd, Pb, Cu in the bulk sediments. Goumenou et al. (2004) 

reported a modified DNA alkaline elution procedure with the optimised fluorometric 

determination of ssDNA and applied this technique to liver tissue from both untreated and 

treated Wistar rats. This method proved to be an accurate and reliable approach for 

determining in vivo induced ssDNA strand breaks. 

 

2.8. Permissible limits for heavy metals and PAHs in water 

 

There are several guidelines for restricting heavy metals and PAHs compounds in water and 

sediments in many countries worldwide. Because recycled water provides a viable 

opportunity to supplement water supplies, alleviate environmental loads as well as the 

sources (Chen et al., 2013). These guidelines are used as a general tool for assessing water 

quality and are the key to determining water quality objectives that protect and support the 

designated environmental values of water resources. In 1980, for example, US EPA 

developed ambient water quality criteria to protect people’s health from the carcinogenic 

effects of PAH exposure. EPA sets a maximum contaminant level (MCL) for benzo(a)pyrene, 

the most carcinogenic PAH, at 0.2 μg/L. Different organisations/agencies have recommended 

a permissible limit on the concentrations of heavy metals and PAHs in water, above which 

toxicity to aquatic organisms is likely. The limits proposed for heavy metals are presented in 

Table 2.13.   
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Table 2. 13. Permissible limits and health effects of some heavy metals in potable water (adapted from Ahmaruzzaman. 2011) 

 
 

Metals 
Permissible limits for potable water (mg/L) 

Health hazards 
Australian standard 

(ADWG, 2011)a WHOb US.EPAc EU standardd 

Ni 0.02 0.02 0.1 0.02 Causes chronic bronchitis, reduced lung 
function, cancer of lungs. 

Zn 5.0 3.0 5.0 - Causes short-term illness called “metal 
fume fever” and restlessness 

Cu 2.0 2.0 1.3 2.0 Long term exposure causes stomach 
ache, irritation of nose, 

Cd 0.005 0.003 0.005 0.005 Carcinogenic, cause lung fibrosis, 
dyspnoea 

Pb 0.01 0.01 0.015 0.01 
Suspected carcinogen, anaemia, muscle 
and joint pains, kidney problem and high 
blood pressure 

Cr 0.05 0.05 0.1 0.05 Suspected human carcinogen, producing 
lung tumours 

a. ADWG 2011 Australian Drinking Water Guidelines (2011) 
b. http://www.gemswater.org. 
c. http://www.lenntech.com 
d. General standards for discharge of environment pollutants: effluent. Gazette notification of MoEF (Organization, 2015) 

 



CHAPTER 2. LITERATURE REVIEW 

 
 

41

Sediments are important, both as a source and sink of dissolved contaminants. As well as 

influencing surface water quality, sediments represent a source of bioavailable contaminants 

to benthic biota and hence potentially to the aquatic food chain. It is therefore desirable to 

define situations in which contaminants associated with sediments represent a likely threat to 

ecosystem health. Sediment quality guidelines are being actively considered by regulatory 

agencies worldwide.  

 

The World Health Organization has established a very strict legislation for PAH compounds 

(WHO, 2011). The permissible limit in this legislation for Benzo (a) Pyrene (BaP) was 0.7 x 

10-3 mg/L. An Australian and New Zealand guideline (ANZECC, 2000) recommended the 

trigger values of Napthalene for freshwater as 2.5 μg/L and for marine water as 50 μg/L 

(99% level of protection). According to the US EPA (1992), maximum concentration level of 

BaP should not exceed 200 ng/L. In addition to BaP, the European Union in Directive 

98/83/EC has regulated benzo[b]fluoranthene (BbF), benzo(k)fluoranthene (BkF), 

benzo(g,h,i)perylene (B(g,h,i)P) and indeno(1,2,3-c,d)pyrene (IND). Maximum contaminant 

level values were set at 10 ng/L for the highly toxic BaP and 100 ng/L for the sum of the 

remaining PAH. Limits for naphthalene (1200 ng/L), fluoranthene (100 ng/L) and anthracene 

(100 ng/L) were also included in this directive. The summary of sediment quality guidelines 

with toxicity threshold metals concentrations for aquatic organisms is presented in Table 2.14 

and for PAHs in Table 2.15.  
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Table 2. 14. Sediment quality guidelines - toxicity threshold metals concentrations for 
aquatic organisms (mg/kg) (adapted from Burton (2002)) 

 
SQG  As Cd Cr Cu Pb Hg Ni Zn Reference 
TEL1  5.9 0.6 37.3 35.7 35 0.17 18 123 a 
ERL  33 5 80 70 35 0.15 30 120 a 
LEL2  6 0.6 26 16 31 0.2 16 120 a 
MET3  7 0.9 55 28 42 0.2 35 150 a 
CB TEC 9.79 0.99 43.4 31.6 35.8 0.18 22.7 121 a 
EC-TEL4 7.24 0.68 52.3 18.7 30.2 0.13 15.9 124 b 
NOAA ERL5 8.2 1.2 81 34 46.7 0.15 20.9 150 c 
ANZECC 
ERL5  

20 1.2 81 34 47 0.15 21 200 d 

ANZECC 
ISQG-low5 

20 1.5 81 65 50 0.15 21 200 d 

SQAV TEL-
HA286 

11 0.58 36 28 37 - 20 98 e 

SQO 
Netherlands 
Target 

2.9 0.8 - 36 85 0.3 - 140 d 

Hong Kong 
ISQG-low7 

8.2 1.5 80 65 75 0.15 40 200 d 

Hong Kong 
ISQV-low7 

8.2 1.5 80 65 75 0.28 40 200 f 

Flanders RV X8 28 1 43 20 0.1 35 28 168 g 
EQS Human 
Health Items  

0.01 0.01 0.05 - 0.01 0.0005 - - h 

Slightly Elevated 
StreamSediments9 

8 0.5 16 38 28 0.07 - 80 i 

 
SQG, Sediment quality guideline; TEL, threshold effect level; ERL, effects range low; LEL, lowest effect level; MET, minimal effect 
threshold; 
CB, Consensus Based; TEC, threshold effect concentration; EC, Environment Canada; NOAA, National Oceanic and Atmospheric 
Administration; 
ANZECC, Australian and New Zealand Environment and Conservation Council; ISQG, Interim Sediment Quality Guidelines; SQAV, 
Sediment Quality Advisory Value; SQO, Sediment Quality Objective; ISQV, Interim Sediment Quality Value; RV, Reference Value; EQS, 
Environmental Quality Standard; MEL, Median Effect Level; FEDP, Florida Department of Environmental Protection 
1 Same as Canadian Freshwater Sediment Guidelinesd 
2 Same as Ontario Ministry of Environment Screening Level Guidelinesd 
3 Same as MEL in SQAVse 
4 Same for FDEP Guidelinesd and Canadian Marine Sediment Quality Guidelinesd 
5 Some values in NOAA and ANZECC are the same 
6 All other SQAVs are the same as SQGsa 
7 ISQG and ISQV are the same for all metals except Hg 
8 Reference values and class limits for rivers in Flanders; _X class 1, _Y class 2, _Z class 4, _Z class 5 
9 Classification of Illinois Stream Sediments 
a MacDonald et al. (2000)  
b Smith et al. (1996)  
c NOAA (1999)  
d ANZECC (1997) 
e Swartz (1999) 
f Chapman et al. (1987) 
g De Cooman et al. (1999) 
h Design Prefecture (2001) 
i Classification of Illinois Stream Sediments  
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Table 2. 15. Sediment quality guidelines - toxicity threshold PAHs concentrations for 
aquatic organisms (μg/kg) (adapted from Burton (2002)) 

 
Substance SLC TEL1 ERL LEL MET CB 

TEC 
95% 
CI 

Ontario 
Minimum 

Environmental 
Screening 
Level-low 

NOAA 
freshwater 

TEL3 

NOAA 
TEL 

marine2 
 

NOAA 
ERL1 

Acenaphthene 60 10 20      6.71 16 
Acenaphthylene 50 10 40      5.87 44 
Anthracene 160 50 90      46.85 85.3 
Fluorene 100 20 20      21.17 19 
Napthalene 410 30 160     41.9 34.57 160 
Phenanthrene 270 90 240      86.68 240 
LMW PAHs        31.7 311.7 552 
B(a)anthracene 260 70 260      74.83 261 
Benzo(b) fluoranthrene 320 70 320        
Benzo(k) fluoranthrene 280 60 280        
Benzo(a)pyrene 400 90 430     31.9 88.81 430 
Dibenzo(a,h)anthracene         6.22 63.4 
Chrysene 380 110 380     57.1 107.77 384 
Fluoranthene 640 110 600     111 112.82 600 
Pyrene 660 150 660     53 152.66 665 
HMW PAHs         655.34 1700 
Total PAHs 4090 870 3500   1190-

4610 
2000  1684.06 4022 

Reference a a a a a a b c c b,c 
 
SLC, screening level contamination; TEL, threshold effect level; ERL, effects range low; LEL, lowest effect level; MET, 
minimal effect threshold; 
CB, Consensus Based; TEC, threshold effect concentration; CI, confidence interval; NOAA, National Oceanic and 
Atmospheric Administration; 
LMW, low-molecular-weight; PAHs, polycyclic aromatic hydrocarbons; HMW, high-molecular-weight; DDD, 
dichlorodiphenyldichloroethane; 
DDE, dichlorodiphenyldichloroethylene; DDT, dichlorodiphenyltrichloroethane; PCBs, polychlorinated biphenyls; ISQG, 
Interim Sediment 
Quality Guidelines; ISQV, Interim Sediment Quality Value; ANZECC, Australian and New Zealand Environment and 
Conservation Council; 
FDEP, Florida Department of Environmental Protection 
1 Same as Hong Kong ISQG-lowb, does not include DDT, DDE, DDT, chlordane, dieldrin, endrin, heptachlor epoxide, and 
lindane 
Same as Hong Kong ISQV-lowd, does not include DDT, DDE, DDT, chlordane, dieldrin, endrin, heptachlor epoxide, and 
lindane 
Same as ANZECC ISQG-lowb, does not include heptachlor epoxide 
Same as ANZECC guidelines for sediments sea disposalb, screening level effects range low, except Chlordane and Dieldrin 
2 Same as Canadian sediment quality criteriae 
Same as FDEP Guidelinesb 
Same as Canadian Marine Sediment Quality Guidelinesb 
3 Same as Canadian Freshwater Sediment Quality Guidelinesb 
a Swartz (1999) 
b ANZECC (1997)  
c NOAA Administration) (1999) 
d Smith et al. (1996) 
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2.9. Technologies for reducing concentrations of heavy metals and PAHs in 

stormwater 

 

2.9.1. Management of RDS  

 

One method of reducing the concentration of heavy metals and PAHs in stormwater is to 

reduce the amount of RDS. This can be done by adopting preventive treatment or mitigating 

strategies. Preventive measures are improvement of roads (resurfacing, paving the access to 

unpaved lots), and road traffic restrictions (Kadıoğlu et al., 2010). Mitigating measures are 

used to remove or bind RDS already present by sweeping, water flushing and applying 

chemical suppressants. Use of dust suppressants such as salts, polymers, resins, and bitumen 

have been tried, mainly for unpaved roads but this is not a widely used method. Furthermore, 

some of these suppressants can pose environmental hazards and their application may be 

costly (Amato et al., 2010). 

 

2.9.2. Stormwater treatment 

 

Stormwater best management practices (BMPs) are widely used for reducing the adverse 

effects of stormwater (Braune and Wood, 1999). Although most BMPs are developed to 

control the water flow in order to alleviate peak flows and avoid flooding, more attention has 

recently focused on developing BMPs that also remove pollutants. The most common BMPs 

are the use of ponds, basins, wetlands and swales. Of these, some are built to infiltrate 

stormwater, whereby pollutants are either accumulated in the soil or transported to the 

groundwater. Others are built as active scavengers for pollutants associated with particles. 

The primary inadequacy of such systems is that the colloidal and truly dissolved fractions 

cannot be removed via settling; hence, there is a need for secondary treatment of stormwater, 

after passing through a pond, basin or wetland.  Filtration of the stormwater, where both 

colloidal and truly dissolved heavy metal fractions are primarily removed via adsorption, is 

preferred over the other methods because of the advantages of having a small space usage in 

filtration. Furthermore, a very high filtration rate can be used in filtration through adsorbents 

packed in filter-beds (Tsihrintzis and Hamid, 1997). Without appropriate stormwater 

treatment devices, the resulting impacts of these pollutants on receiving waters can be 

devastating, not only for aquatic ecosystems but also to community values such as aesthetics, 

recreation, economics and health of receiving water bodies. 
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Various chemical and physical treatment methods have been developed for removing heavy 

metals from wastewater which can be applied to stormwater treatment (Table 2.16). There are 

four classes of chemical separation technologies: chemical precipitation, electrolytic 

recovery, adsorption/ion exchange and membrane filtration. These major classes involve 

various specific methods that include chemical treatment, caustic oxidation and reduction, 

ion-exchange, adsorption, reverse osmosis, solvent extraction, membrane filtration and 

electrochemical treatment. The advantages and disadvantages of these methods are presented 

in Table 16. Of these methods, adsorption/ion exchange is one of the most promising 

technologies in the wastewater treatment process because it is efficient, cost effective and a 

reliable treatment process (Bhatnagar and Sillanpää, 2011; Loganathan et al., 2014). 

Furthermore, it produces a minimum amount of waste unlike other processes.  

 

Table 2. 16. Treatment technologies for heavy metals removal from 

wastewater/stormwater involving physical or chemical processes (adapted from 

Ahmaruzzaman (2011)) 

 

Methods Advantages Disadvantages 

Oxidation 
Rapid process for toxic pollutants 

removal 

High energy costs and formation of 

by-products 

Ion-exchange 
Wide range of heavy metals can 

be removed 

Adsorbent requires regeneration or 

disposal 

Membrane filtration 

technologies 

High efficiency of removing the 

heavy metals 

Concentrated sludge production, 

expensive 

Adsorption 

Flexibility and simplicity of 

design, ease of operation and 

intensitivity to toxic pollutants 

Adsorbents requires regeneration 

Coagulation/flocculation Economically feasible 
High sludge production and 

formation of large particles 

Electrochemical treatment 
Rapid process and effective for 

certain metal ions 

High energy costs and formation of 

by-products 

Ozonation 
Applied in gaseous state: 

alteration of volume 

Short half life 

 

Photochemical No sludge production Formation of by-products 
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Irradiation Effective at lab scale Required a lot of dissolved O2 

Electrokinetic coagulation Economically feasible High sludge production 

Fenton’s reagents 

Effective and capable of treating 

variety of wastes and no energy 

input necessary to activate 

hydrogen peroxide 

Sludge generation 

 

Biological treatment Feasible in removing some metals 
Technology yet to be established and 

commercialised 

 

Although applications of adsorbents for treating heavy metals have been extensively 

investigated (Bhattacharya et al., 2006; Kragović et al., 2012), studies on removing PAHs 

compounds and other organic pollutants have emerged only in recent years (Kong et al., 

2012; Valderrama et al., 2008; Yakout and Daifullah, 2013).  Figure 2.6 illustrates various 

kinds of adsorbents used for removing pollutants such as heavy metals and PAHs from 

stormwater. Some of these adsorbents are waste materials and therefore they are of low cost. 

However, their adsorption capacities are poor and therefore they may not remove much of the 

pollutants from highly contaminated water. On the other hand, some adsorbents have very 

high adsorption capacities and can effectively remove pollutants in highly contaminated 

water. However, these adsorbents are often very expensive but nonetheless the cost of 

adsorbents can be overcome if they are regenerated many times without compromising their 

adsorption capacities.  

 

Most studies on removal of pollutants using adsorbents have been conducted on static batch 

mode of adsorption in closed system and relatively few on fixed-bed column mode of 

adsorption, which is dynamic and more practical and commonly used in waste water 

treatment plants. However, the batch method is simple and information can be obtained 

quickly on the effects of many solution variables on adsorption by conducting a number of 

batch adsorption experiments simultaneously (Loganathan et al., 2014). Many studies on 

adsorption investigated the effects of physical and chemical factors influencing adsorption. 

Some of these factors are pH, concentrations of co-ions, and temperature (Ahmaruzzaman, 

2011; Babel and Kurniawan, 2003; Gupta and Ali, 2012).  

 

In equilibrium adsorption studies, the heavy metals adsorption in batch studies have been 

fitted to models such as Langmuir isotherm, Freundlich isotherm, and Dubinin–Radushkevich 
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isotherm (Dimirkou and Doula, 2008; Doula, 2009; Mishra and Patel, 2009; Sounthararajah 

et al., 2015). Batch kinetic data for the adsorption of heavy metals have been fitted to pseudo-

first order, pseudo-second order and diffusion models (Kocaoba et al., 2007; Taparcevska et 

al., 2010; Wang et al., 2008). Kinetics of PAHs adsorption have also been described by 

pseudo-first order and pseudo-second order in some studies (Cabal et al., 2009; Xi and Chen, 

2014) and equilibrium adsorption using the Langmuir and Freundlich isotherms (Crisafully et 

al., 2008; Yakout et al., 2013). Column adsorption data of heavy metals have been modelled 

using the Thomas model (Han et al., 2009; Sounthararajah et al., 2015), Bohart-Adam model 

(Jusoh et al., 2007), and Yoon-Nelsoon model (Baral et al., 2009; Tabakci and Yilmaz, 

2008). In adsorption studies generally the mechanisms of adsorption are investigated using 

zeta potential (Abdel Salam et al., 2011; Sounthararajah et al., 2015) and spectroscopic 

(FTIR, EDX) (Doula, 2009; Han et al., 2009; Mozgawa, 2000; Vidal et al., 2011) 

measurements. 

 

Most previous studies on heavy metal adsorption considered a single metal at a time. 

However, very often, ions of more than one metal are present in stormwater. Therefore, it is 

important to understand the behaviour of this mixture of ions in the solution and to explore 

the effect of the concentration of one metal ion on the adsorption of other metal ions. This 

can be achieved by investigating equilibrium isotherms of multicomponent systems (Bayat, 

2002; Doula, 2009; Minceva et al., 2007). Such competitive adsorption of heavy metals has 

been analysed for some adsorbents (Bayat, 2002; Doula, 2009; Jeon et al., 2012; Minceva et 

al., 2007; Sounthararajah et al., 2015). 

  

With reference to PAH compounds, adsorption of individual PAHs has been studied by many 

researchers (Cabal et al., 2009; Crisafully et al., 2008; Gong et al., 2007) but not as a mixture 

of PAHs. As in the case of heavy metals, adsorption of mixture of PAHs is important because 

in stormwaters, many PAHs occur simultaneously and therefore there can be competition for 

adsorption among them. 
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Adsorbents used to remove heavy metals and PAHs 

Carbon-
based 

adsorbents 

Minerals Agricultural 
by-products 

Industrial 
by-products 

Nano 
materials 

Ion-
exchange 

resins 

Activated 
carbon 

Carbon cloth 

Carbon 
nanotubes 

Bentonite 

Zeolite 

Sepiolite 

Sugarcane 
bagasse 

Rice husk 

Coconut 
shells 

Leaf 

Sugar beet 
pulp 

Fly ash 

Red mud 

Furnace slag 

Titanium 
oxides 

Alumina 

Dowex 

Amperlite 

Purolite 

Chitosan 

Palm shell 

Silica 

Iron oxides 

Figure 2.  .6  Different adsorbents used in removing pollutants from stormwater 
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2.10. Conclusions 

 

RDS and the associated organic and inorganic pollutants such as heavy metals, metalloids 

and polycyclic aromatic hydrocarbons (PAH) and their effects on the environment have been 

investigated over the last few decades in many countries (Aryal et al., 2010; Loganathan et 

al., 2013; Murakami et al., 2008; Taylor and Owens, 2009). The degree of enrichment of 

heavy metals and PAHs in RDS that were derived from roads and vehicles has been 

calculated by comparing their concentrations in RDS and natural soils using enrichment 

factors such as pollution index, geological indices. Many heavy metals, metalloids, and PAHs 

are acutely and chronically toxic and carcinogenic and known to have adverse effects on 

humans and terrestrial and aquatic ecosystems. RDS constitute a potentially significant 

source of pollution to surface water, marine sediments, and consequently the food chain 

because pollutants are often transported in stormwaters to water bodies. However, the health 

risk and toxicity effects of heavy metals and PAHs in RDS are still not well understood.   

 

Statistical methods such as principal component analysis, cluster analysis and Pearson 

correlation analysis have been successfully used to identify the heavy metals and PAHs 

sources (road asphalt surface, brakes, tires, vehicle exhaust, local industry, bush fires, etc.) so 

that adequate measures can be taken to reduce the environmental risk posed by these 

pollutants. In the case of PAHs, diagnostic ratios of specific PAH species have also been 

used. Numerous studies have been conducted on PAH and heavy metals accumulation in 

RDS in many countries. However, no study appears to have compared the heavy metals and 

PAHs profiles in RDS, water sediments, and natural soils for any single catchment area. Yet 

this type is important in assessing the pollutants contribution of RDS and natural soils to local 

water bodies, so that control measures can be implemented to reduce pollution of water 

bodies. 

 

The finest size fraction of RDS has been shown to contain the highest concentration of 

pollutants. The mobile fraction of the pollutants is transported in dissolved form by 

stormwater whereas the immobile fraction is largely stored in the sediments. However, the 

finest size particles tend to be transported by the stormwater and therefore carry the immobile 

fraction of the pollutants associated with them. Sequential extraction techniques have been 

used to assess the mobile fraction of heavy metals in RDS. No study appears to have been 
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conducted on relating the different fractions of metals to the metals concentrations in water 

sediments. 

 

At elevated concentrations of heavy metals and PAHs, RDS can cause toxicity to aquatic 

organisms.  Ecological risks have been evaluated using risk indices derived from experiments 

on rats and mice. These indices may not be directly applicable to risk on aquatic organisms. 

Some studies used classical bio-indicators such as Vibrio fischeri, Daphnia magna, Artemia 

salina and medaka fish (Oryzias latipes). Only a few studies have investigated the DNA 

damage which can serve to detect the molecular toxic effects of heavy metals and PAHs in 

the stormwater runoff.  This test needs further development as it is more relevant to assessing 

toxicity to aquatic organisms. 

 

Pollutants that enter the water bodies through stormwater runoff need to be removed to 

protect the aquatic environment of the receiving water. Several adsorbents have been used to 

remove these pollutants. The use of low-cost adsorbents is preferred to costly ones. 

Adsorptive removal of metals and PAHs is influenced by pH, concentrations of co-ions, and 

temperature. The majority of previous studies on heavy metal and PAHs adsorption 

considered one metal or one PAH at a time. However, very often, more than one metal or one 

PAH are present in stormwater. Subsequently, it is important to understand the behaviour of 

these mixed pollutants and how one pollutant influences the adsorption of another. Most 

studies on the removal of pollutants using adsorbents have been conducted using static batch 

mode of adsorption in a closed system, while relatively few have been done on fixed-bed 

column mode of adsorption. The latter is dynamic and more practical and commonly used in 

waste water treatment plants. More studies are required using fixed or fluidised bed column 

mode of adsorption. 
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HEAVY METALS IN ROAD-DEPOSITED SEDIMENTS AND WATER BED 

SEDIMENTS IN KOGARAH BAY OF SYDNEY, AUSTRALIA: ENRICHMENT, 

SOURCES AND FRACTIONATION 

 

3.1 Introduction 

 

The escalating rate of vehicle usage as a result of the urban population’s rapid growth is 

causing increasing amounts of RDS in many parts of the world. RDS contain high 

concentrations of inorganic and organic pollutants, and of these, heavy metals constitute a 

major component (Loganathan et al. 2013). Many of the heavy metals at elevated 

concentrations have harmful effects on humans and aquatic environments (Hakanson 1980; 

Lynam and Pfeifer 1991; Scanlon 1991). The sources of the heavy metals in RDS are vehicle 

parts and exhaust emissions, road surfaces, and lithology of the area (Taylor and Owens 

2009; Loganathan et al. 2013). The mobile fraction of heavy metals in RDS can easily be 

dissolved in stormwater and can potentially be transported into adjacent water bodies. Other 

fractions can also be transported along with suspended solids in the water. Trace elements 

stored in water baseline sediments (WBS) are released slowly over time and become 

bioavailable to aquatic organismms. 

 

The degree of heavy metals enrichment in RDS depends on the relative contribution of the 

various sources of heavy metals such as BLS, vehicle activities and abrasion of road surfaces. 

The contribution of vehicle activities and roads can be assessed by comparing the heavy 

metals concentrations in RDS with those in nearby BLS away from the roads with minimum 

contamination using different types of indices, for example: a geo-accumulation index (Igeo) 

(Faiz et al. 2009; Lu et al. 2009), an enrichment factor (EF) (Lu et al. 2009), and a pollution 

index (PI) (Faiz et al. 2009; Lu et al. 2009).  

 

Source identification of heavy metals is important so that the correct measures to prevent 

pollution are implemented. Multivariate statistical approaches such as correlation coefficient, 
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cluster and principal component analyses have been employed for source identification 

(Yongming et al. 2006; Mohammed et al. 2012). In these analyses, heavy metals which are 

inter-correlated to form principal components are considered to have originated from 

common sources. 

 

The mobility and bioavailability of heavy metals in RDS, WBS, and BLS depends mostly on 

the chemical forms in which the metals exist, rather than on the total concentration. 

Sequential extraction methods are one method by which the operationally defined readily 

mobile, less mobile and immobile fractions can be determined. Two general sequential 

extraction procedures have been used previously. The methods commonly used to determine 

these fractions were described in Chapter 2. 

 

Numerous studies have been conducted on heavy metals accumulation in RDS (Taylor and 

Owens 2009; Loganathan et al. 2013). However, very few studies have been reported on 

comparing metal concentrations between RDS, WBS, and BLS within a single catchment 

area (Birch 2011). Such a study is important in assessing the RDS and BLS contribution of 

heavy metals load contributions to local water bodies, so that control measures can be 

adopted, if necessary, to reduce RDS polluting the water bodies. The aims of the study were 

to determine heavy metals: (1) distributions in RDS, WBS, and BLS; (2) enrichments in RDS 

and WBS by comparing concentrations in RDS and WBS with those in BLS reference; (3) 

potential mobility and bioavailability using a sequential chemical extraction method; and (4) 

possible sources using statistical methods. 

 

3.2 Materials and methods 

 

3.2.1. Sediments and soils sampling 

 

Samples used in this study were samples of those collected for another study conducted to 

determine the polycyclic aromatic hydrocarbons distribution in the same area (Nguyen et al. 

2014). Eleven samples each of RDS and WBS, and 7 samples of BLS were collected in and 

around Kogarah Bay, Sydney, the largest and most populated city in Australia. The sites 

where the samples were collected are shown in Figure 3.1. No major industries were 

presented close to the catchment. RDS were collected during summer months on asphalted 

pavement within the shoulder of the roads excluding the gutters within an area of 
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approximately 2 m2. Two to three weeks of dry weather were allowed for sufficient RDS to 

accumulate at each site before samples were collected. The areas were carefully brushed 

using a clean plastic dustpan and then transferred into self-sealing polyethylene bags for 

transport to the laboratory for analysis.  

 

Most parts of the catchment area had roads and buildings, leaving only very small areas under 

bushland which had minimum effect from the above sources with no visible signs of 

contamination. These sites were 200 to 2000 m away from the various RDS sampling sites. 

Due to the limited land area available under bushland a smaller number of BLS samples were 

collected. Before collection of BLS samples, the vegetation on the land was removed and 

approximately 1 kg soil collected to a depth of 0.1 m depth from each of three areas 10 m 

apart using a stainless steel spade. The samples were mixed thoroughly and subsamples of 1 

kg soil were transported to the laboratory for analysis. 

 

A total of 11 WBS samples were collected. Six samples were collected (top 0.1 m depth) 

during summer season using a stainless steel grab sampler in canals that carry stormwaters 

from the roads (Figure 3.1). Each sample was a composite of 3-5 samples collected at 1 m 

apart. Similarly, five WBS samples were collected (top 0.1 m depth) within the bay at 

distances of 10 to 100 m from the places where the canals drains to the bay. The depth of 

water at the sampling sites was 0.2-0.5 m in the canals and 1-2 m in the bay. The bay is > 7 

km from the coastline of the Pacific Ocean.  
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Figure 3.1. Map of sampling sites 
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3.2.2. Chemical analysis  

 

The soil and sediment samples were dried at 40oC inside an oven. The dried samples were 

ground to pass through a 2 mm stainless steel sieve and samples of approximately 50 g each 

were ground using a stainless steel electric grinder before the heavy metals analysis. Pseudo-

total concentrations of Cd, Cr, Cu, Fe, Mn, Ni, Pb, Sb, V, and Zn were determined by 

digestion of 0.5-1.0 g soil or sediment sample using 3 mL 70% HNO3 and 3 mL 32% HCl for 

2 h at 100oC. Of these heavy metals, Sb is a metalloid, V is a light metal, and the rest are te. 

The digestion was followed by analysis of the diluted digests using ICP-OES and ICP-MS at 

the National Measurement Institute, Sydney, Australia. The instruments used were Varian 

730-ES ICP-OES and Perkin Elmer DRC 2 ICP-MS. An Australian ‘national certified 

reference standard’ (river sediment sample AGAL-10) analysed in parallel with the unknown 

samples indicated 92-108% recovery of heavy metals (Table 3.1). The near-100% recovery 

suggests that the extraction method and chemical analysis used in the study are suitably 

accurate.  

 

Asphalt samples were collected from three roads in the study area to determine the 

concentration of V. In each road, approximately 100 g composite samples from five points at 

distances of 1-5 m apart were collected. The samples were processed, acid digested, and 

analysed as described for soil and sediments. 

 

Fractionation of the heavy metals was conducted according to the Standards, Measurements 

and Testing Program of the European Union (Rauret et al. 1999; Kartal et al. 2006). In this 

procedure, exchangeable and water and weak-acid soluble heavy metals were extracted first 

by acetic acid (0.1 M, pH 2.85), followed by extraction of the reducible heavy metals fraction 

by hydroxylamine hydrochloride (0.5 M, pH 2), and finally extraction of the oxidisable heavy 

metals fraction by hydrogen peroxide (8.8 M)/ammonium acetate (1 M, pH 2). The 

concentration of heavy metals in the residual fraction was determined by subtracting the sum 

of the above three fractions’ concentrations from the pseudo-total heavy metals 

concentration. Heavy metals concentrations in the fractions were measured using ICP-OES 

and ICP-MS. 
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Table 3. 1 Comparison of measured heavy metals concentrations (mg/kg) obtained 

using HNO3/HCl digestion and certified values on the Australian reference standard 

 

  

Recovery = (measured value/certified value) x 100 

 

  

Certified material reference (AGAL-10) 

Heavy 

metals 

Measured values 

(mg/kg) 

Certified values 

(mg/kg) 

Recovery 

(%) 

Mean S.D Mean S.D  

Cd 10.1 1.0 9.33 0.64 108 

Cr 87.0 5.0 82.0 11 106 

Cu 23.6 2.0 23.2 1.9 102 

Fe 18880 1160 19950 1170 95 

Mn 230 20 241 11 96 

Ni 18.3 2.0 17.8 2.7 103 

Pb 41.4 3.0 40.4 2.7 102 

Sb 5.90 3.0 6.40 3.2 92 

V 25.1 5.0 25.3 4.0 99 

Zn 61.0 5.0 57.0 4.2 107 
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3.2.3. Pollution index and ecological risk 

 

The Pollution Index (PI) (Faiz et al. 2009; Lu et al. 2009) and ecological risk using Hakanson 

method (Hakanson (1980)) as described in Chapter 2 were determined. These methods were 

adopted to assess the PI values and ecological risk of heavy metal pollution in RDS and 

WBS. 

 

3.2.4. Statistical analysis 

 

Correlation analysis was conducted between heavy metals separately for RDS, WBS and 

BLS to determine their inter-element relationships (Chang et al. 2009). Pearson correlation 

coefficients were employed to examine the degree of significance of the above relationships. 

A significant and positive correlation between heavy metals often indicates that they are 

derived from the same sources (Yongming et al. 2006; Chang et al. 2009; Faiz et al. 2009).  

 

Principal component analysis (PCA) is a multivariate statistical tool employed to reduce a set 

of original variables to extract a small number of latent factors called principal components 

for analysing relationships among the observed variables. Variables with similar 

characteristics are grouped into factors and factors with eigenvalues greater than one are 

selected as the principal components. The analysis provides information on the percentage of 

variance explained by each factor and the factor loadings for each variable. The results of 

PCA reveal the primary portion of the data variance through these factors; consequently, the 

heavy metals representative of each factor can be selected as source tracer. Factors having 

high loading values (high variance percentage of variance) represent the possible heavy 

metals sources.   

 

The correlation and PCA were done using Predictive Analysis Software (PASW) Statistics 

version 20, previously called SPSS Statistics. 
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3.3. Results and discussion 

 

3.3.1. Heavy metals concentrations and enrichments 

 

Concentrations of heavy metals in RDS, WBS and BLS in this study were generally in the 

lower half of the concentration ranges reported in other countries (Table 3.2). 

 

The concentrations of most of the heavy metals in BLS did not vary much as evidenced by 

the low standard errors of means of concentrations (Cd 0.2 ± 0.03, Sb 0.7 ± 0.09, V 8.4 ± 1.8, 

Cr 4.4 ± 0.9, Cu 19.2 ± 3.9) which indicates that the mineral composition among the different 

sampling points in BLS was similar. Mean concentrations of all heavy metals were generally 

higher in RDS than in BLS (Figure 3.2), indicating that vehicle activity and road surface 

abrasion have contributed to the accumulation of heavy metals in RDS. The pollution index 

(PI), the ratio of heavy metals concentration in RDS to that in BLS, was more than 3 for Zn, 

Cu, V, Cr, and Sb in all samples (Figure 3.3 and Figure 3.4).  

 

Furthermore the medians of the values were more than 5 indicating that these heavy metals 

were highly enriched in RDS according to the classification of Faiz et al. (2009) and Lu et al. 

(2009). Vehicle brakes and tyre wear might have been the possible predominant sources for 

Zn, Cu, Cr, and Sb in RDS and mainly road surface for V (Ozaki et al. 2004; McKenzie et al. 

2009; Loganathan et al. 2013). Vanadium can also be contributed by brake linings (Figi et al. 

2010) and tyres (Ozaki et al. 2004). Many others also reported enrichment of Zn, Cu, and Sb 

in RDS (Sweden, Cu, Zn, and Sb, Hjortenkrans et al. 2006; NW China, Cu and Zn, Lu et al. 

2009; Pakistan, Cu and Zn, Faiz et al. 2009; Australia, Cu and Zn, Mohammed et al. 2012). 

The heavy metals concentrations in WBS were the same or marginally higher than in BLS for 

all heavy metals except Pb (median PI lower than ≤ 2 for all heavy metals, except for Pb it 

was 5), probably because WBS originated from both RDS and BLS with the latter being the 

larger contributors. 
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Sample City Cd Cr Cu Ni Pb Mn Fe Zn Sb V Reference 
RDS Sydney, Australia 0.2 42 263 14 165 567 19645 544 6.5 65 This study 

Sydney, Australia 0.2-1.7 49-486 314-
730 

20-
208 

36-
379 

489-
3966 

22036-
103000 557-2117 - - Mohammed et al. (2012) 

Sydney, Australia - 34 160 27 880 - - 850 - - Birch and Scollen (2003) 
Tokyo, Japan 0.5 0.3 30 53 11 - - 1450 1.1 35 Ozaki et al. (2004) 

Birmingham, UK 1.6 - 467 41 48 - - 534 - - Charlesworth et al. (2003) 
Coventry, UK 0.9 - 226 130 47 - - 680 - - Charlesworth et al. (2003) 
London, UK 3.5 - 155 - 1030 - 26000 653 - - Schwar et al. (1988) 

Manchester, UK - - 113 - 265 - 8767 653 - - Robertson et al. (2003)
Oslo, Norway 1.4 - 123 41 180 833 - 412 - - De Miguel et al. (1997) 
Madrid, Spain - 61 188 44 1927 362 - 476 - 17 De Miguel et al. (1997) 
Aviles, Spain 22.3 42 183 28 514 1661 42200 4892 - 28.1 Ordonez et al. (2003) 

Lulea, Sweden 0.1 13 24 8 34 - - 60 - - Karlsson and Viklander 
(2008) 

Amman, Jordan 1.7 - 177 88 236 - 7132 358 - - Jiries (2003)
Istanbul, Turkey 1.9 - 208 32 212 398 - 521 - - Sezgin et al. (2003) 
Tokat, Turkey 5.4 41 38 128 266 415 - 98 - - Tuzen (2003) 

Kayseri, Turkey 10.1 - 67 57 165.5 274 - - - - Al-Khashman (2007)
Bahrain 72 144 - - 697 - - 152 - - Akhter and Madany (1993) 

Dhaka, Bangdalesh - 136 104 35 53 - - 169 - - Ahmed et al. (2007) 
Tehran, Iran 10.7 33 225 35 257 1215 47935 873 - - Saaedi et al. (2012) 

Luanda, Angola 1.1 26 42 10 351 258 - 317 - 20 Baptista and De Miguel 
(2005) 

Ottawa, Canada 0.4 43 66 15 39 431 - 113 - 34 Ramussen et al. (2001)
Hawaii, USA - 273 167 177 106 - - 434 - - Sutherland et al. (2000) 

Urumqui, China 1.2 54 95 43 54 926.6 - 294 - - Wei et al. (2010) 
Xian, China - 167 95 - 231 687 - 421 - - Han et al. (2006) 
Baoji, China - 126 123 49 433 804 - 715 89 - Lu et al. (2009)

ENRICHMENT, SOURCES AND FRACTIONATION

le City Cd Cr Cu Ni Pb Mn Fe Zn Sb V Reference
Table 3.2. Mean or range of concentration of heavy metals (mg/kg) in road deposited sediments in Sydney area and other cities in the world 
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Beijing, China 0.6 69 72 26 202 - - 219 - - Du et al. (2013) 
Hangzhou, China 3.6 60 212 28 194 - - 709 - - Zhang and Wang (2009) 

HongKong 3.8 - 173 - 181 - - 1450 - - Li et al. (2001) 
Taiwan - - 51 17 102 338 25467 227 - - Kuo et al. (2009) 

Singapore 2.4 1245 9069 186 338 - - 1696 - - Joshi et al. (2009) 
WBS Sydney, Australia 0.2 13 48 7 45 72 11329 117 0.2 23 This study 

Sydney, Australia - 20 110 20 200 - - 260 - - Birch and Scollen (2003) 
Sydney, Australia - 59 180 15 310 - - 640 - - Birch and Mc Cready 

(2009) 
Alberoni, Italia 0.4 82 31 26 60 360 20 - - - Sfriso et al. (1995) 
Venice, Italia 2.5 82 57 31 60 430 22 480 - - Sfriso et al. (1995) 

Manzala, Egypt 85 - 315 - 135 420 2430 22 - - Saeed and Shaker (2008)
Tamar, UK 1.0 47 330 44 235 59 35124 452 - - Bryan and Langston 

(1992) 
BLS Sydney, Australia 4.4 0.2 19 3 59 108 5972 74 0.7 8 This study 

Sydney, Australia - 16 51 15 330 - - 330 - - Birch and Scollen (2003) 
Sydney, Australia - 20 62 12 410 - - 340 - - Snowdon and Birch (2004) 

Sydney, Australia 0.0-0.5 10-79 6-225 27-
242 

24-
198 

16-
2460 6175-47210 71-238 - - Mohammed et al. (2012) 

Brisbane, Australia 0.1 0.0 8 0.0 272 1 61 353 - - Gunawardana et al. (2012) 
Earth’s crust 0.2 100 50 80 14 950 41000 75 - - Karbassi et al. (2005) 

Beijing, China 0.2 76 28 - 18 - - - - - Liu et al. (2005) 
Chengdu, China 0.4 60 43 - 77 - - - - - Liu et al. (2006) 
Hainan, China 0.3 23 30 16 48 - - 52 - - Zhao et al. (2007) 

Kunshan, China 0.2 88 34 31 30 - - 105 - - Chen and Pu (2007)
Taiwan - - 12 132 20 298 27110 68 - - Kuo et al. (2009) 

Beijing, C
Table 3.2 (cont.) 
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Figure 3.2. Mean heavy metals concentrations in RDS, WBS and BLS samples.  
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Figure 3.3. Box-plot of pollution indices for RDS samples. The line separating the dark 

and light shaded area inside the box represents the median; the boxes mark the 25th and 

75th percentiles; the horizontal line outside the box, the whisker, denotes the maximum 

and minimum values 
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Figure 3.4. Box-plot of pollution indices for WBS samples. The line separating the dark 

and light shaded area inside the box represents the median; the boxes mark the 25th and 

75th percentiles; the horizontal line outside the box, the whisker, denotes the maximum 

and minimum values  
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3.3.2. Metal sources 

 

Pearson’s correlation coefficient analysis showed that in BLS, the metals Sb and Cd had no 

significant correlation with any of the metals (Table 3.3). In RDS, however, Sb was 

significantly correlated to Pb, Cu, Zn, Cd, and Cd to Sb, Pb, and Zn. This suggests that Sb, 

Pb, Cu, Zn, and Cd in RDS might have derived from vehicle activities. These metals are 

components of tyre treads/or brake linings (Loganathan et al. 2013). Therefore these vehicle 

components would have contributed to these heavy metals in RDS. However, of these heavy 

metals, only Cu, Zn, and Sb were enriched in RDS when their concentrations were compared 

to BLS producing high PI values (Figure 3.3 and Figure 3.4).   

 

Vanadium was significantly correlated with Pb, Cu, Zn, Fe, Cr, and Ni in BLS but only with 

Mn in RDS (Table 3.3). Therefore, V in RDS would have originated from a source other than 

BLS, possibly from the erosion of asphalt road surface which contains V (Lindgren 1996; 

Ozaki et al. 2004; Béze et al. 2012) by abrasion during vehicle transport. The mean V 

concentration of the asphalt samples from three roads in the study area was 121 ± 11 mg/kg. 

This value is nearly double the value of the V concentration in RDS (65 ± 5 mg/kg) and much 

higher than the value of 8 ± 2 mg/kg for BLS. 

 

The correlation data for WBS is more similar to BLS than RDS. For example, Sb had no 

significant positive correlation to any other metal in both WBS and BLS, but was 

significantly correlated to Pb, Cu, Zn, Cd, and Fe in RDS. These results show that BLS 

would have contributed to the heavy metals load in WBS more than RDS did. 
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Table 3.3. Inter-element correlation in RDS, WBS and BLS samples at Kogarah, Sydney 

(values represent correlation coefficient) 

 

Heavy metal Sb Cr Ni V Pb Cu Mn Zn Cd Fe 

Sb 1.00          

Cr 0.24 1.00         

Ni 0.19 0.62(*) 1.00        

V 0.20 0.67(*) 0.34 1.00       

Pb 0.71(*) 0.01 0.22 0.18 1.00      

Cu 0.72(*) 0.68(*) 0.73(*) 0.38 0.57 1.00     

Mn -0.12 0.54 0.05 0.77(*) 0.02 0.13 1.00    

Zn 0.81(**) -0.01 -0.06 0.34 0.72(*) 0.42 0.14 1.00   

Cd 0.67(*) 0.02 0.10 0.23 0.79(*) 0.48 -0.09 0.70(*) 1.00  

Fe 0.65(*) 0.72(*) 0.58 0.48 0.41 0.87(**) 0.22 0.42 0.37 1.00 
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 (*) correlation is significant at the 0.05 level (2 tailed) 
 (**) correlation is significant at the 0.01 level (2 tailed) 
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Heavy metal Sb 

1.00 

Cr Ni V Pb Cu Mn Zn Cd Fe 

Cr -0.75(*) 1.00         

Ni -0.30 0.74(*) 1.00        

V -0.82(**) 0.94(**) 0.59 1.00       

Pb -0.54 0.67(*) 0.57 0.67(*) 1.00      

Cu -0.09 0.36 0.09 0.76(**) -0.14 1.00     

Mn -0.18 0.39 0.04 0.32 -0.19 0.86(**) 1.00    

Zn -0.56 0.82(**) 0.87(**) 0.44 0.86(**) -0.10 -0.08 1.00   

Cd 0.02 0.27 0.33 0.19 0.72(*) -0.09 -0.16 0.49 1.00  

Fe -0.82(**) 0.94(**) 0.69(*) 0.97(**) 0.75(*) 0.14 0.22 0.87(**) 0.21 1.00 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

 

 

 

 

 

     

WBS 

Heavy metal S
Table 3.3. (Continued) 

 (*) correlation is significant at the 0.05 level (2 tailed) 
 (**) correlation is significant at the 0.01 level (2 tailed) 
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Sb 

 

1.00          

Cr -0.27 1.00         

Ni -0.21 0.87(**) 1.00        

V -0.15 0.90(**) 0.72(*) 1.00       

Pb -0.09 0.85(**) 0.65 0.99(**) 1.00      

Cu -0.15 0.77(*) 0.63 0.95(**) 0.96(***) 1.00     

Mn 0.33 0.50 0.35 0.60 0.63 0.45 1.00    

Zn -0.12 0.94(**) 0.95(***) 0.80(**) 0.74(*) 0.66 0.59 1.00   

Cd 0.35 0.11 0.50 0.05 0.02 0.13 0.16 0.36 1.00  

Fe 0.10 0.57 0.43 0.86(**) 0.90(**) 0.89(**) 0.67 0.51 0.02 1.00 

 

BLS 

,
Table 3.3. (Continued) 

1 00

Sb         Cr     Ni            V       Pb   Cu     Mn    Zn       Cd        Fe 

 (*) correlation is significant at the 0.05 level (2 tailed) 
 (**) correlation is significant at the 0.01 level (2 tailed) 

SbSbHeavy metals 
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The principal component analysis of RDS, WBS, and BLS data grouped the metals into two 

statistically significant components that together explained 72.5%, 79.6%, and 79.8% of the 

total variance of metal concentrations in RDS, BLS, and WBS, respectively (Table 3.4, Table 

3.5, and Table 3.6). In BLS, the metals, Sb and Cd had high factor loadings in component 2, 

whereas the other metals had high loadings in component 1 (Table 3.4 and Table 3.5, Figure 

3.6, Figure 3.7, and Figure 3.8). This is in agreement with the correlation data where these 

two metals had no significant correlation with the rest whereas the other metals were related 

to each other. These results suggest that there are two sources for the metals in BLS. Sb and 

Cd may have mostly originated from one source whereas the other metals form another 

sources. The sources could be different parent rocks from which the soils were formed. In 

RDS the heavy metals, Sb, Pb, Cu, Zn, Cd, and Fe which were significantly correlated in the 

correlation analysis fitted into one component with high factor loadings in PCA (Table 3.4, 

Figure 3.6). These metals formed components of 1 and 2 of BLS and therefore originated 

from the BLS. In addition, since they are constituents of the vehicles (Table 2.2), they may 

have also originated from vehicles. However, the analysis is not able to distinguish the origin 

of the metals from these two sources. 

 

Similarly, V which was significantly correlated with many metals in BLS, formed a common 

component with these metals in PCA but separated from them in RDS into another 

component. Therefore PCA, as concluded in the correlation analysis, suggests that of the five 

heavy metals enriched in RDS, Zn, Cu, Cr, and Sb originated from one source and V from 

another. Though V in RDS could have been derived - like Zn, Cu, Cr, and Sb from brake 

linings and tyres - because it is separated into a different component from the latter four 

elements, the dominant source of V is considered to be asphalt road surface which contains 

significant amounts of this element.  
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Table 3.4. Principal component analysis for trace element concentrations of the road-

deposited sediment (RDS) 

 

  Element RDS 
PC1 PC2 Comm. 

Sb 0.81 -0.45 0.85 

V 0.60 0.51 0.62 

Cr 0.62 0.73 0.91 

Cu 0.91 0.12 0.84 

Ni 0.68 -0.52 0.50 

Mn 0.28 0.61 0.45 

Pb 0.72 -0.53 0.79 

Fe 0.86 0.22 0.80 

Cd 0.67 -0.56 0.76 

Zn 0.56 0.44 0.74 

Initial Eigen values 4.78 2.47 4.78 

Variance (%) 47.8 24.7 47.8 

Cumulative variance 
(%) 

47.8 72.5 47.8 

Comm : Communalities; Bold numbers indicate statistical significance at P < 0.05 
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Table 3.5. Principal component analysis for trace element concentrations of the road-

deposited sediment (WBS) 

 

 

 

  

Element WBS 
PC1 PC2 Comm. 

Sb -0.76 -0.15 0.59 

V 0.94 0.25 0.95 

Cr 0.96 0.22 0.97 

Cu 0.19 0.86 0.77 

Ni 0.77 -0.15 0.61  

Mn 0.22 0.91 0.88 

Pb 0.83 -0.45 0.88 

Fe 0.97 0.59 0.94 

Cd 0.41 -0.50 0.41 

Zn 0.92 -0.32 0.95 

Initial Eigen values 5.68 2.28  

Variance (%) 56.84 22.75  

Cumulative variance 
(%) 

56.84 79.60  

Comm : Communalities; Bold numbers indicate statistical significance at P < 0.05 
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Table 3.6. Principal component analysis for trace element concentrations of the road-

deposited sediment (BLS) 

 

 

 

 

 

 

 

 

 

  

Element BLS 
PC1 PC2 Comm. 

Sb -0.10 0.83 0.73 

V 0.98 -0.12 0.70 

Cr 0.92 -0.12 0.98 

Cu 0.91 -0.19 0.87 

Ni 0.81 -0.01 0.87 

Mn 0.67 0.55 0.66 

Pb 0.96 -0.09 0.75 

Fe 0.83 0.02 0.94 

Cd 0.12 0.85 0.69 

Zn 0.89 0.11 0.80 

Initial Eigen values 6.18 1.80  

Variance (%) 61.77 17.98  

Cumulative variance 
(%) 

61.77 79.75  

Comm : Communalities; Bold numbers indicate statistical significance at P < 0.05 
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Figure 3.5. Principal component analysis of trace element concentrations in RDS 
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Figure 3.6. Principal component analysis of trace element concentrations in WBS 
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Figure 3.7. Principal component analysis of trace element concentrations in BLS 
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3.3.3. Metal fractionation 

 

Fractionation data for RDS showed that the concentration of the most mobile of the four 

fractions, the exchangeable heavy metals fraction (Fraction 1), decreased in the order Fe > 

Mn, Zn > Cu, Pb > Cr, Ni, V, Cd, Sb (Figure 3.5). The mobile fraction as a percentage of 

total concentration was, however, lowest for Fe and highest for Cd, because of the high total 

concentration of Fe and low total concentration of Cd. Zinc was found to be the second 

largest percentage of mobile fraction. Other studies also reported Cd or Zn to be the most 

mobile heavy metals (Charlesworth et al. 2003; Mohammed et al. 2012). Considering the 

total concentration of mobile fraction, Fe, Mn, Zn, Cu, and Pb from RDS were expected to 

have been transported more than the other heavy metals to the neighbouring water bodies by 

stormwaters. Transportation of other fractions may have also occurred through the movement 

of suspended particles in stormwater.  However, no major difference in total concentration 

between WBS and BLS was noticed for these or other heavy metals probably due to: firstly, 

the low amounts of heavy metals transported from RDS compared to the amounts already 

present in WBS; and secondly, the wider distribution of transported heavy metals between the 

sediments and large volume of water in the bay (Figure 3.9). 

 

3.3.4. Ecological risk 
 

The Australian and New Zealand Interim Sediment Quality Guidelines (ISQG) 

concentrations for heavy metals reported to be at low risk based on a battery of biological 

toxicity tests were 1.5, 2.0, 21, 50, 65, 80, and 200 mg/kg for Cd, Sb, Ni, Pb, Cu, Cr, and Zn, 

respectively (McCready et al. 2006). The corresponding concentrations for high risk were 10, 

25, 52, 220, 270, 370, and 410 mg/kg. Based on these guidelines, all WBS and BLS sites 

were at low risk for all heavy metals. In RDS sites, however, Sb, Pb, Cu, and Zn 

concentrations were between the low and high risk values. It is interesting to note that of 

these four heavy metals, Zn, Sb, and Cu were enriched in RDS as shown by the PI index 

(Figure 3.3 and Figure 3.4). 
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Figure 3.8. Concentrations of heavy metals fractions in RDS  

(F1, exchangeable + water and acid soluble; F2, reducible; F3, oxidisable; F4, residual) 
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Table 3.7. The potential ecological risk indices (RI)* for RDS from different sampling 

sites in Kogarah, Sydney 

 

* Calculation of RI is described in Section 2.7.1.1., page 34 of the thesis  

 Sampling 

site 

Mean value of Er 
RI 

Ecological risk 

Cr Pb Cu Cd Zn  

RDS 1 

2 

3 

4 

5 

6 

7 

8 

9 

10 

11 

12.8 5.0 28.6 15.7 3.8 65.8 Low 

18.7 5.3 33.8 28.2 2.8 88.8 Low 

22.3 12.0 96.3 17.2 5.7 153.5 Moderate 

20.5 8.5 19.0 15.7 4.7 68.4 Low 

16.4 6.3 24.7 26.6 6.7 80.8 Low 

26.0 24.9 140.5 36.0 6.3 233.8 Moderate 

17.3 16.6 65.1 29.8 10.1 138.8 Low 

16.4 34.1 75.5 40.7 12.0 178.7 Moderate 

15.0 29.5 85.9 36.0 9.7 176.1 Moderate 

29.2 12.0 119.7 28.2 9.4 198.5 Moderate 

16.0 12.9 65.1 31.3 9.3 134.5 Low 

Ave.      138.0 Low-moderate risk 
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Table 3.8. The potential ecological risk indices (RI) for WBS from different sampling 
sites in Kogarah, Sydney 

 

 

 

 

 

 

 

 

 

 

 

 

 

 Sampling 

site 

Mean value of Er 
RI 

Ecological risk 

Cr Pb Cu Cd Zn  

WBS 1 

2 

3 

4 

5 

6 

7 

8 

9 

10 

11 

1.9 1.8 2.9 15.7 0.7 22.9 Low 

3.6 3.3 6.2 15.7 1.2 30.0 Low 

4.2 1.9 41.6 15.7 0.7 64.2 Low 

2.2 2.3 5.7 15.7 1.5 27.4 Low 

5.9 4.0 7.5 36.0 1.6 55.1 Low 

12.8 5.2 28.6 31.3 2.3 80.2 Low 

4.4 4.1 6.8 18.8 1.3 35.4 Low 

8.2 5.3 9.1 23.5 2.0 48.1 Low 

9.1 5.5 12.2 18.8 2.2 47.8 Low 

6.4 5.3 7.5 29.8 1.8 50.8 Low 

5.9 7.1 8.6 72.1 2.0 95.7 Low 

Ave.      46.6 Low risk 
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Ecological risk assessments of heavy metals determined using Hakanson’s (1980) method 

showed that the RDS sampling sites had low to moderate risk (Table 3.7 and Table 3.8). The 

range of risk index (RI) values for RDS (65-234) are similar to those (46-353) reported for 

different functional areas in seven districts of Shenyang in China (Sun et al. 2010). The RI 

values for RDS are, however, much lower than the values reported for RDS in Tehran, Iran 

(Saeedi et al. 2012). This is probably due to the smaller concentrations of the heavy metals in 

this study compared to the study in Iran. The much lower risks in WBS sites are due to the 

smaller concentrations of Cr, Pb, Cu, and Zn at these sites than at RDS sites (Figure 3.2). Of 

the heavy metals in RDS, Cu had the highest potential ecological risk (Er value) and Zn the 

least.   

 

3.4. Conclusions 

 

Road-deposited sediments contained elevated concentrations of heavy metals. The ratio of 

heavy metals concentration in RDS to that in BLS was more than 5 for Zn, Cu, V, Cr, and Sb.  

Both the correlation and principal component analyses showed that Zn, Cu, Cr and Sb in 

RDS originated mainly from one source, probably vehicle brakes and tyre wear and V mainly 

from another source, likely to be road asphalt surface abrasion. The heavy metals 

concentrations were similar in WBS and BLS. Heavy metals fractionation data showed that 

heavy metals’ potential mobility, an indication of their transportation by stormwater, 

decreased in the order Fe > Mn, Zn > Cu, Pb > Cr, Ni, V, Cd, Sb. However, the mobile 

fraction as a percentage of total heavy metals concentration was highest for Cd and Zn, and 

lowest for Fe, Cr, Ni and V. Ecological risk as assessed by ISQG and the method developed 

by Hakanson (1980) was low to medium in RDS but low in BLS and WBS. Of the heavy 

metals in RDS, Cu had the highest potential ecological risk while Zn had the lowest.  
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POLYCYCLIC AROMATIC HYDROCARBONS

 

Much of this chapter was published in Nguyen, T. C., P. Loganathan, T. V. Nguyen, S. Vigneswaran, J. 

Kandasamy, D. Slee, G. Stevenson, R. Naidu (2014). Polycyclic aromatic hydrocarbons in road-deposited 

sediments, water sediments, and soils in Sydney, Australia: Comparisons of concentration distribution, 

sources and potential toxicity. Ecotoxicology and Environmental Safety 104:339-348. 
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CHAPTER 4 

 

POLYCYCLIC AROMATIC HYDROCARBONS IN ROAD-DEPOSITED 

SEDIMENTS, WATER SEDIMENTS, AND BASELINE SOILS IN 

SYDNEY, AUSTRALIA 

 

 

4.1  Introduction 

 

RDS is an important sink for PAHs originating from vehicle transport activity and road 

surface abrasion (Aryal et al., 2010; Loganathan et al., 2013; Mostafa et al., 2009; Murakami 

et al., 2005). This makes RDS a significant source of PAHs entering neighbouring water 

bodies as a result of stormwater runoffs and wind dispersion. At elevated concentrations the 

PAHs in water can be toxic to aquatic organisms and humans (Loganathan et al., 2013). 

Generally, the high molecular weight PAHs consisting of more than three aromatic rings are 

more carcinogenic than low molecular weight PAHs containing two or three aromatic rings 

(Nisbet and Lagoy, 1992). However, in aquatic environment the low molecular weight PAHs 

are more toxic because of their higher solubility in water. 

 

Numerous studies have been conducted on PAH accumulation in RDS (Loganathan et al., 

2013; Saeedi et al., 2012) but few have been done on PAHs pollution of water sediments 

(Aryal et al., 2011; Li et al., 2010; Sojinu et al., 2010; Viñas et al., 2010). However, no study 

appears to have compared PAHs profiles in RDS, water bed-sediments (WBS), and baseline 

soils (BLS) for any single catchment area. Yet this type is important in assessing the PAHs 

contribution of RDS and BLS to local water bodies, so that control measures can be 

implemented to reduce pollution of water bodies. 

 

In order to formulate adequate measures to reduce environmental risk caused by PAHs, it is 

necessary to determine quantitatively the contributions that various sources of PAHs make. 

Sources of PAHs are commonly catergorised into pyrogenic and petrogenic groups (Wang et 

al., 2009; Yunker and Macdonald, 2003). Pyrogenic sources are those where PAHs are 

generated by high temperature combustion of fossil fuel (coal and petroleum) such as vehicle 

exhaust particles and biomass (burning of grass, and wood, bush fires) (Lorenzi et al., 2011; 
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Wang et al., 2009; Yunker et al., 2002), whereas petrogenic sources are derived from crude 

oil and its refined products (oil, petrol, and diesel leaks, tyre particles, deteriorating asphalt or 

ashphalt sealant) (Lorenzi et al., 2011; Sojinu et al., 2010; Wang et al., 2009). Ratios between 

low and high molecular weight PAHs as well as between specific PAH isomers have been 

used to identify the sources of PAHs (Saeedi et al., 2012; Viñas et al., 2010; Wang et al., 

2009; Wang et al., 2011; Yunker et al., 2002). Statistical procedures including principal 

component analysis, cluster analysis, and multiple linear regression analysis have been 

employed to quantify the source contribution of PAHs (Dong and Lee, 2009; Long et al., 

2013; Wang et al., 2009). 

 

The aim of this study is to compare the concentration distribution, composition, possible 

sources and potential toxicity of PAHs found in RDS, WBS and BLS in the catchment area of 

Kogarah Bay, Sydney. The study not only expands on our limited knowledge in Australia of 

PAHs concentrations in RDS and water sediments (Aryal et al., 2011; McCready et al., 2000; 

Pathirana et al., 1994), more importantly, for the first time it compares PAHs profiles, likely 

sources, and potential toxicities in RDS, WBS, and BLS, within a catchment. The study 

compliments that of heavy metals distribution in the same study area described in Chapter 3. 

 

4.2 Materials and methods 

 

4.2.1. RDS, WBS, and BLS sampling 

 

Eleven samples of RDS, 7 samples of BLS (0-10 cm depth), and 11 samples of WBS (0-10 

cm depth) were collected in and around Kogarah Bay, Sydney, from July 2012 to January 

2013 (as shown in the map in Chapter 3). Description of the site, samples collection and 

sample preparation procedures were described in Chapter 3.  

 

4.2.2. Chemical analysis 

 

Sixteen PAHs compounds (Nap: Napthalene; AcPy: Acenapthylene; Ace: Acenapthene; Fl: 

Fluorene; Phe: Phenanthrene; Ant: Anthracene; Flu: Fluoranthene; Pyr: Pyrene; BaA: 

Benz(a)anthracene; Chr: Chrysene; B(b)F: Benzo(b)fluoranthrene; B(k)F: 

Benzo(k)fluoranthrene; BaP: Benzo(a)pyrene; IND: Indeno(1,2,3-cd)pyrene; DBA: 

Dibenzo(a,h)anthracene; BghiP: Benzo(g,h,i)perylene) were analysed in all samples at the 
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National Institute of Measurement laboratory, Sydney. B(b)F and B(k)F co-eluted and 

therefore were quantified together as was done by Wang et al. (2011). The National Institute 

of Measurement Laboratory had ISO 17025 : 2005 accredited for these analyses and 

participates in international inter-laboratory studies to benchmark performance. 

 

A sample of approximately 10 grams was extracted using a solvent mix of dichloromethane 

and acetone (1:1 by volume, pesticide grade, Merck). The samples were subjected to end-

over-end tumbling (30 min, approximately 1 cycle per second) followed by soaking 

overnight.  The extract was filtered through sodium sulphate followed by a concentration 

using Turbovap (Caliper Life Sciences) at 40°C.  The extracts were spiked with the 

USEPA8270 internal standard mix (Supelco, Sigma Aldrich, USA) and analysed by gas 

chromatography mass spectrometry (Agilent 5975, USA) with capillary column DB5ms (30 

m x 0.25 μm X 0.25 micron film, J&W, USA).  The GC/MS was operated in Selected Ion 

Mode with helium as the carrier gas (1 mL/min, BOC gases).  The oven temperature was kept 

constant at 40°C for 1 min, increased to 310°C at 18°C per min and then maintained for 7 

min at this temperature  Laboratory procedural blanks were analysed with each batch of 

samples, and analytes were not reported in samples unless greater than three times larger than  

the blank levels. Duplicate samples, laboratory control samples (LCS) and matrix spikes were 

analysed with each batch, with all analytes within ±20% RPD for duplicates (at the 10 x LOR 

level), and recoveries of 95-117% for LCS.  

 

Organic carbon in sediments can strongly influence the accumulation of PAHs in soils and 

sediments through its adsorptive properties. Viñas et al. (2010) reported a significant positive 

relationship between PAHs concentration and total organic carbon content in sediments. 

Total organic carbon (TOC) was determined at National Institute of Measurement in Sydney 

using Elementar Vario Max C Elemental Analyser. 

 

4.2.3. Potential toxicity evaluation 

 

PAH toxicity evaluation was conducted using relative toxicity values of individual PAHs 

proposed by Nisbet and LaGoy (1992). Nisbet and LaGoy (1992) assigned toxicity equivalent 

factors (TEF) to the various PAHs by assuming a relative value of 1 for B(a)P which is 

considered to be one of the most potent carcinogens in the PAH group. The values for the 

other PAHs were derived by reviewing published literature on their doses related toxicities 
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found mainly on rats and mice. The value for Nap, AcPy, Ace, Fl, Phe, Flu and Pyr is 0.001. 

That for Ant, Chr, BghiP is 0.01. That for BaA, B(b+k)F and IND is 0.1. That for BaA, B(b + 

k)F and IND is 0.1. That for DBA is 1.0.  

 

The toxicity equivalent quotient (TEQ) of contaminated site is then calculated by summing 

the products of each individual PAH concentration (Ci) and it’s TEF value, as follows: 

 

 

 

4.2.4. Statistical analysis 

 

Correlation analysis was conducted between each of the PAHs separately for RDS, BLS, and 

WBS to determine inter-relationships between PAHs. Pearson correlation coefficients were 

used to examine the degree of significance of the above relationships. A significant and 

positive correlation between PAHs often indicates that the PAHs are derived from the same 

sources (Saeedi et al., 2012; Wang et al., 2011). 

 

Cluster analysis and principal component analysis (PCA) were done to complement 

correlation analyses and further classify PAHs according to their sources of origin. Cluster 

analysis is a multivariate analysis, also known as data segmentation, which groups PAHs into 

subsets (called clusters) so that PAHs in the same cluster (subsets) are more closely related in 

terms of their concentration patterns to one another than PAHs assigned to different clusters. 

The analysis is based on Ward’s method of hierarchical algorithm using the square Euclidean 

distance as a similarity measure to establish clusters (Poulton, 1989). The similarity of PAH 

concentration patterns in a cluster is considered to have been caused by the PAHs originating 

from common sources, viz. soils or traffic activity (Golobočanin et al., 2004).  

 

PCA is a multivariate statistical tool used to reduce a set of original variables to extract a 

small number of latent factors called principal components for analysing relationships among 

the observed variables (Golobočanin et al., 2004). The principles and applications of this 

method were described in Chapter 3. The results of PCA show the primary portion of the data 

variance through these factors; consequently, the PAHs representative of each factor can be 

n

i
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selected as source tracers. Factors having high loading values (high variance percentage of 

variance) represent the possible PAH sources (Fang et al., 2004; Khalili et al., 1995; Wan et 

al., 2006).   

 

The correlation, cluster analyses and PCA were performed using Predictive Analysis 

Software (PASW) statistics version 18, previously called SPSS statistics. 

 

 

4.3. Results and discussion 

 

4.3.1. PAH composition and concentrations 

 

The composition and concentrations of PAHs in RDS, WBS and BLS in Kogarah Bay 

catchment are shown in Figure 4.1. The total PAHs concentrations (mg/kg) in BLS, RDS, and 

WBS ranged from 0.40 to 7.49 (mean 2.80), 1.65 to 4.00 (mean 2.91), and 0.49 to 5.19 (mean 

1.76), respectively. These concentrations are lower than the Australian/New Zealand 

threshold concentration of 40 mg/kg above which adverse biological effects are expected to 

occur more frequently (Simpson et al., 2005) but generally similar to those reported in other 

countries with the exceptions that higher concentrations were reported for: NS in Hong Kong 

and India (Agra); RDS in Ghana (Kumasi), Hong Kong, and South Korea (Daejeon); and 

WBS in Germany (Mosel River) and The North West USA (Table 4.1). The slightly lower 

total PAHs concentration in WBS compared to RDS and NS is probably due to the PAHs in 

RDS and BLS particles being removed by the stormwater before the particles were deposited 

in the bay. The very large volume of water in the bay may have also caused part of the PAHs 

in WBS to be desorbed into the water. 

 

The PAHs were dominated by high molecular weight compounds (4-6 rings) with 

fluoranthene and pyrene being the most abundant ones, which is similar to the findings in 

RDS and BLS of Dalian, China (Wang et al., 2009). The high abundance of the high 

molecular weight PAHs is explained by the general predominance of high temperature 

combustion processes as the primary sources (pyrogenic sources) of PAHs (McCready et al., 

2000). The low molecular weight PAHs which are mainly derived from oil and fuel leaks and 

road asphalt abrasion and tyre deterioration may have become volatilised and degraded. 
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Therefore they do not persist for a long period of time in soils and sediments. Compared to 

RDS, BLS had higher concentrations of high molecular weight PAHs. This is probably due to 

the presence of a higher proportion of PAHs derived from pyrogenic sources (wood and grass 

burnings) in BLS.  
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Figure 4.1. Concentrations of PAHs in RDS, WBS and BLS at Kogarah, Sydney  

(the number of fused benzene rings in the PAHs is shown by horizontal arrow) 
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Country Region Source types 
BLS RDS WBS 

Reference No of 
PAHs Mean Range No of 

PAHs Mean Range No of 
PAHs Mean Range 

China Beijing Urban Soil  1.64 0.46-5.47       Li et al. (2006) 
Urban soil  3.92 0.22-27.83       Tang et al. (2006) 
Street dust    16 0.9     Wang et al. (2009) 
Street dust    16 1.2 0.1-13.1    Peng et al. (2011)
Sub-urban soil  1.31        Ma et al. (2005) 
Rural  0.46        

East of China River soil  0.40 0.01-3.88       Ping et al. (2007) 
Guangzhou    0.42-11.2       Chen et al. (2005) 

    16 1.8 0.7-15.4    Wang et al. (2011) 
Guanting 
Reservoir 

Rural  0.39 0.06-4.11       Jiao et al. (2009) 

Huanan Street dust    16 8.8     Long et al. (2013) 
Huizhou     16 0.3     Ma et al. (2011) 
Lanzhou Yellow River       13  0.01-0.13 Li et al. (2006) 

Yellow River       16  0.46-2.62 Xu et al. (2007) 
Nanjing Agriculture  0.18 0.02-0.53       Yin et al. (2008) 
Shanghai Urban  3.29 0.35-17.9       Jiang et al. (2009) 

Street dust    16 8.4     Doong and Lin. 
(2004) 

Surface soil 18 1.7        Liu et al. (2010)
Park soils    22 2.5 1.2-4.9    Ma et al. (2011) 
Road side    22 7.1 0.7-19.7    Jiang et al. (2009) 
Commercial 
district 

   22 2.4 0.6-6.3    

Residential 
district 

   22 1.5 0.5-4.61    

Green belts    22 3.0 0.44-
10.9 

   

Shantou Agriculture  0.32 0.02-1.25       Hao et al. (2007) 
Wenzhou Sediment       15 0.79  Li et al. (2010) 

Soils 15 1.18        
Zhanjiang     16 0.6     Li et al. (2006) 

France Biscay Bay 
Coastal area 

      15  0.02-5.16 Tronczynsky et al. 
(2004) 

Gironde Esturary       17  0.02-4.89 Budzinski et al. (1997 
 

BLS RDS WBS
Table 4.1. PAHs concentrations in soils, RDS and WBS in different regions of the world (mg/kg) 
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Aquitaine       14  0.0-0.84 Soclo et al. (2000) 
Arcachon Bay       16  0.03-4.12 Baumard et al. (1998) 

Germany Mosel river Depth (0-20cm)       45 33.9 18.3-43.3 Pies et al. (2008) 
Depth (20-40cm)       45 44.3 17.9-85.7 
Depth (40-60cm)       45 65.7 21.9-87.0 
Depth (60-80cm)       45 83.9 52.8-115.1 

Berlin Street dust       16 0.8  Agarwal et al. (2009) 

Ghana Kumasi Road dust    16 478.6     Essumang et al. 
(2006) 

HongKong  Grassland           
Zhang et al. (2006) Farmland 14 31.30        

          
          
Wetland 14 33.60        
Urban area    14 169.0     

India Agra Urban  12.14 3.1-28.5       Masih and Taneja 
(2006) 

Iran Tehran Road dust    16 0.3     Saadie et al. (2012) 
Jordan Amman Road dust    14 20.1     A. Jiries et al. (2003) 
Japan Tokyo     15 9.55 0.5-

292.4    Zakaria et al. (2002) 

 Paddy soils  0.50 0.05-2.18       Honda et al. (2007) 
Tokushima Soils 13  0.61       Yang et al. (2002)

Macao  Street dust    16 10.6     Soclo et al. (2000) 

Malaysia Coastal area 

Pnai river 15 0.08        Zakaria et al. (2002) 
Pinang esturary 15 0.92        
Port Klang 15 0.39        
Klang esturary 15 0.23 0.02-0.43       
Klang Coast  15 0.02 0.0-0.04       
Malacca       15 0.02 0.0-0.1 

Nepal Kathmandu Urban  1.56 0.18-10.3       Aichner et al. (2007) 
Nigeria Niger Delta Oil installation 28  0.02-0.12    28  0.06-0.33 Sojinu et al. (2010) 
Norway Bergen Urban 16 1.60        Haugland et al. (2008) 

  Soils  0.15 0.01-1.05       Nam et al. (2008) 
Serbia and 

Montenegro 
Novi Sad Soils 16 47.9        Skrbic et al. (2002) 

South Korea Seoul 
Road dust 

   16 0.03     
Lee et al. (2011) 
 
 

SYDNEY, AUSTRAL
Table 4.1. (Continued) 
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Daejon 

Industrial 
complex    16 88.4     Duong et al. (2011) 

Petrochemical 
complex    16 55.3     

Mechanical area    16 112.1     
Heavy traffic area    16 91.9     
Downtown    16 148.8     
Residential area    16 45.8     

 Agriculture 16 0.24 0.02-2.83       Nam et al. (2003) 

Spain

Northern of 
Spain 

Coastal area       13  0.02-67.14 Vinas et al. (2010) 

Asturias       13  0.05-47.53 
Cantabria       13  0.02-1.34 
Basque country       13  0.08-67.14 
Guipuzcoan coast       26  0.43-1.45 Grimaldi et al. (1992) 
Bilbao estuary         1.49-47.48 Prieto et al. (2008) 
Urdaibai Estuary       16  0.0-0.14 Cortazar et al. (2008) 
Santander Bay       16  0.02-344.6 Viguiri et al. (2002) 
Tarragona Urban 16 1.00        Nadal et al. (2004) 

Switzeland  Soils   0.01-0.6       Bucheli et al. (2004) 
Thailand  Sediment    14  0.01-

8.40 
   Ruchaya et al. (2006) 

UK  Soils  0.64 0.04-11.20       Nam et al. (2008) 
USA New Orleans Urban 16  0.91-7.29       Mielke et al. (2004) 

Wiscosin Street dust    16 4.5     Su et al. (1998) 
The North West Urban lake       40 2590  Kim et al. (2008) 

Harbor       40 47.7  
Shipping 
waterway 

      40 25.6  

Remote lake       40 6.54  
Australia Sydney Traffic sites    16  8.7-

105.4 
   Aryal et al. (2011) 

Sydney Harbor Urban area       16  0.1-380.0 McCready et al. 
(2000) 

Sydney Urban area 15 2.80 0.4-7.49 15 2.91 1.7-4.0 15 1.76 0.49-5.19 This study 

Table 4.1. (Continued) 
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4.3.2. PAHs sources 

 

4.3.2.1. Correlation coefficient analysis 

 

In RDS and WBS, the concentrations of most of the high molecular weight PAHs (4 – 6 

rings) were significantly correlated to each other (RDS, correlation coefficient r = 0.06 to 

0.98; WBS, r = 0.93 to 0.99), unlike the low molecular weight PAHs (2 – 3 rings) (RDS, R2 

for Nap, AcPy, Ace against all PAHs = -0.18 to 0.79; WBS, R2 for Nap, AcPy against all 

PAHs = -0.31 to 0.01). Wang et al. (2011) found the same correlation pattern in RDS samples 

from Guangzhou, China. They suggested that the reason for the difference in the correlations 

obtained for low and high molecular weight PAHs was due to these two groups of PAHs 

having different origins. In contrast to RDS and WBS, all PAHs in BLS, besides Nap, did 

significantly correlate (R2 = 0.81 to 0.99, p < 0.05-0.01, Nap R2 = 0.30 to 0.65) to each other, 

which suggests a common PAH source. Because Nap has the smallest number of benzene 

rings, lowest molecular weight, and highest vapour pressure, it might have been easily 

volatised/or degraded by the microorganisms from the soils and sediments. This process 

would have prevented it from maintaining the relationships it may have had in the original 

source. 

 

4.3.2.2. PAHs diagnostic ratio analysis 

 

To determine the likely sources of PAHs in soils and sediments, the ratios of low to high 

molecular weight PAHs (Ant/(Ant + Phe), Flu/(Flu + Pyr), BaA/(BaA + Chr), and IND/(IND 

+ BghiP)) are generally used as tools to discriminate between the petroleum (petrogenic 

source, unburned and leaked oil and fuel, asphalt) and combustion (pyrogenic, fuel and oil 

combustion and grass and wood combustion, bush fire) sources (Yunker et al., 2002; Ma and 

Zhou, 2011; Lorenzi et al., 2011). 

 

Considering the ratio Ant/(Ant + Phe), all samples of BLS, WBS, and RDS fall into the 

pyrogenic source category with the ratios for BLS and WBS in the range 0.12-0.50, while 

those for RDS are in the range 0.15-0.22 (Figure 4.2 A). The ratio Flu/(Flu + Pyr), however, 

distinguished the sources of RDS from those of WBS and BLS. The RDS samples had the 

ratio in the petrogenic region (0.40-0.50), whereas those of WBS in both pyrogenic and 

petrogenic regions (0.45-0.52) and BLS only were in the pyrogenic region (0.50-0.53). These 
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results suggest that the source of RDS is mainly petrogenic, probably unburned leaked fuel 

and oil, road asphalt, and tyre particles, whereas that of BLS is mainly pyrogenic, probably a 

combustion of grass and wood, and bush fires. The source of WBS seems to be both 

petrogenic and pyrogenic with the latter serving as the predominant contributor. This is 

because WBS was derived from both BLS and RDS transported by stormwater, thus 

reflecting the combined sources of BLS and RDS.  

 

The BaA/(BaA + Chr) and IND/(IND + BghiP) ratios fall into an intermediate region in 

between petrogenic and pyrogenic sources, representing mixed sources (Yunker et al., 2002; 

Lorenzi et al., 2011) (Figure 4.2 B). All WBS and BLS samples had BaA/(BaA + Chr) 

greater than 0.35, indicating the predominant PAH sources of these samples were pyrogenic. 

The ratio for most of the RDS samples was also greater than 0.35, but some samples were on 

the borderline between mixed and pyrogenic sources. The IND/(IND + BghiP) ratios for all 

samples fitted in the mixed source category (0.20-0.50) with the RDS close to the petrogenic 

source region and BLS and WBS close to the pyrogenic region. 

 

Considering all four diagnostic ratios, it appears that the PAHs in RDS were derived from 

both petrogenic and pyrogenic sources, whereas the PAH in BLS and WBS were derived 

predominantly from pyrogenic sources.  
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Figure 4.2. Diagnostic PAHs ratios in RDS, WBS and BLS  
(petro - petrogenic sources, pyro -pyrogenic sources, mixed – mixed sources) 
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4.3.2.3. Principal component analysis 

 

The concentrations of PAHs in soils and sediments not only depend on the amount of PAHs 

derived from various sources such as vehicle activity, road surface, and combustion processes 

that occurred in the natural soils. They also rely on the adsorption of PAHs on soils and 

sediments. Organic matter is considered to be the major component of soils and sediments 

which adsorb PAHs (Viñas et al., 2010; Wang et al., 2009). The TOC content (%) ranges in 

RDS, WBS, and BLS were 0.8 – 6.8, 0.3–3.0, and 1.8–3.8, respectively. The ranges of 

coefficient of determinations (R2) between individual PAHs and TOC for RDS, WBS, and 

BLS were 0.41–0.81 (except Nap, AcPy, Ace, R2 < 0.20), 0.44–0.82 (except Nap, AcPy, R2 < 

0.06), and 0.45–0.85 (except Nap, R2 = 0.35), respectively. The low degree of correlation 

between PAH concentration and TOC for Nap, AcPy and Ace is probably due to the high 

solubility and high volatility (Table 2.3) of these low molecular weight PAHs which reduce 

their adsorption to organic matter in the sediments. However, the coefficient of determination 

between total PAH and TOC for RDS, WBS and BLS were higher (RDS: 0.808; BWS: 

0.807; BLS: 0.742) (Figure 4.3, Figure 4.4 and Figure 4.5). Before identifying the PAH 

sources using PCA and cluster analysis, the TOC effect on PAH concentration has to be 

reduced. This is done by normalising the PAH data which necessitates dividing the PAH 

concentration at each site by the TOC concentration where ever the R2 value for PAH vs TOC 

was high (R2 > 0.45). 

 

Figure 4.3. TOC versus Total PAHs concentration in RDS 
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Figure 4.4. TOC versus Total PAHs concentration in WBS 

 

 

Figure 4.5.TOC versus Total PAHs concentration in BLS 
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The PCA-based factor loading for each PAH resulted in two distinct PCs for BLS, RDS, and 

WBS describing 94%, 80%, and 75% of the total variance of the data, respectively (Figure 

4.6, Figure 4.7 and Figure 4.8). The PC1 is dominated by high molecular weight PAHs (4-6 

rings), whereas the PC2 is generally dominated by low molecular weight PAHs (2-3 rings). 

The PC1 and PC2 of BLS explained 85% and 9% of the variance, respectively. Ace is the 

dominant of the two PAHs in PC2, which is highly volatile and petrogenic in origin and may 

have originated from vehicle activity on the neighbouring roads and easily transported 

through the atmosphere and deposited in the soils. The components of PC1 consist of PAHs 

from pyrogenic sources (high molecular weight PAHs). Their origin is mainly biomass 

combustion such as grass, wood burning and bush fires. 

 

The cumulative variances in RDS are slightly different from those of BLS, cumulative 

variance for RDS was smaller percentage (70%) than that for BLS (85%). Cumulative 

variances has less loadings of high molecular weight PAHs (pyrogenic) in RDS compared to 

BLS, which has been reported by Wang et al. (2009). The sources of these high molecular 

weight PAHs are combustion of fuel and exhaust emissions. Four PAHs were grouped into 

PC2 of RDS compared to one in NS. They consist of two 2-3 ring Nap and Ace, and two 5 

rings B(b-k)F and BaP. The 2-3 rings probably derived from oil and fuel spills and low 

temperature or incomplete combustion (Dong and Lee, 2009; Wang et al., 2009). Table 4.2, 

Table 4.3 and Table 4.4 show a summary of the two factors of the RDS, WBS and BLS, i.e. 

the loadings of the three matrices: RDS samples (Table 4.2), BWS samples (Table 4.3) and 

BLS samples (Table 4.4). The variance explained by the dominant principal component 

(PC1) (63%) in WBS is less than that in RDS (70%) and BLS (85%). The PAHs of low 

molecular weight had high PC1 loadings in RDS (Table 4.2), whereas the PAHs of high 

molecular weights had high PC1 loadings in BLS. This is because PAHs of petrogenic origin 

(vehicle activities and asphalt road) predominated in RDS. In contrast PAHs of pyrogenic 

origin (biomass combustion (grass and wood burning and bush fire)) predominated in BLS. 

The WBS had PAHs of high molecular weights having high loadings in PC1, similar to BLS 

indicating that the PAHs sources in WBS are similar to those of BLS. 
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Figure 4.6. PCA analysis results of RDS 

 

 

Figure 4.7. PCA analysis results of WBS 
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Figure 4.8. PCA analysis results of BLS 
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Table 4.2. Principal component analysis for PAHs concentrations of the RDS 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

Element RDS 
PC1 PC2 Comm. 

Pyr 0.996 0.043 0.75 

Flu 0.993 0.054 0.56 

BaA 0.970 0.206 0.84 

Chr 0.953 0.203 0.97 

Phe 0.947 0.237 0.31 

IND 0.931 0.138 0.78 

Ant 0.926 0.041 0.68 

DBA 0.922 0.033 0.64 

BghiP 0.913 0.240 0.51 

BaP -0.760 0.469 0.35 

BbkF -0.738 0.571 0.86 

Fl 0.724 0.189 0.52 

Nap -0.522 0.464 0.52 

AcPy -0.468 -0.133 0.43 

Ace -0.475 0.653 0.85 

Initial Eigen values 1.43 3.75  

Variance (%) 1.465 9.765  

Cumulative variance 
(%) 

10.496 69.975  

Comm : Communalities 
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Table 4.3. Principal component analysis for PAHs concentrations of the WBS 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

Element WBS 
PC1 PC2 Comm. 

Pyr -0.710 0.379 0.46 

Flu 0.414 -0.005 0.87 

BaA -0.409 0.831 0.77 

Chr -0.509 0.816 0.47 

Phe 0.957 0.076 0.68 

IND 0.009 0.068 0.71 

Ant 0.963 0.096 0.75 

DBA 0.944 0.068 0.84 

BghiP 0.974 0.137 0.45 

BaP 0.928 0.086 0.89 

BbkF 0.936 0.176 0.36 

Fl 0.903 0.083 0.44 

Nap 0.945 0.092 0.75 

AcPy 0.590 0.427 0.15 

Ace 0.935 0.007 0.67 

Initial Eigen values 3.53 2.15  

Variance (%) 1.779 11.857  

Cumulative variance 
(%) 

9.453 63.021  

Comm : Communalities 
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Table 4.4. Principal component analysis for PAHs concentrations of the BLS 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

Element BLS 
PC1 PC2 Comm. 

Pyr 0.621 -0.461 0.53 

Flu 0.994 0.085 0.91 

BaA -0.303 0.926 0.92 

Chr 0.881 0.429 0.46 

Phe 0.984 -0.026 0.63 

IND 0.877 0.059 0.82 

Ant 0.979 -0.057 0.44 

DBA 0.975 -0.089 0.92 

BghiP 0.998 0.010 0.48 

BaP 0.996 -0.040 0.67 

BbkF 0.978 -0.146 0.57 

Fl 0.996 -0.011 0.59 

Nap 0.984 0.108 0.20 

AcPy 0.979 0.166 0.39 

Ace 0.974 0.138 0.56 

Initial Eigen values 2.01 4.12  

Variance (%) 1.358 9.053  

Cumulative variance 
(%) 

12.701 84.672  

Comm : Communalities 



CHAPTER 4. POLYCYCLIC AROMATIC HYDROCARBONS IN ROAD-DEPOSITED SEDIMENTS, 
WATER SEDIMENTS, AND BASELINE SOILS IN SYDNEY, AUSTRALIA 

  
 

101 

4.3.2.4. Cluster analysis  

 

The cluster analysis, like the PCA, grouped the PAHs into two major classes in NS, RDS and 

WBS (Figure 4.9, Figure 4.10 and Figure 4.11). The linkage distance between these two 

clusters is high implying there is a significant difference between them. The PAHs in the two 

clusters are mostly the same as in the two PCAs. Therefore the interpretations proposed for 

the possible sources of PAHs in PCA also apply to the cluster analysis results. 

 

 

 
 

Figure 4.9. Cluster analysis results of RDS 
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Figure 4.10. Cluster analysis results of WBS 

 

 
Figure 4.11. Cluster analysis results of BLS 

  



CHAPTER 4. POLYCYCLIC AROMATIC HYDROCARBONS IN ROAD-DEPOSITED SEDIMENTS, 
WATER SEDIMENTS, AND BASELINE SOILS IN SYDNEY, AUSTRALIA 

  
 

103 

4.4. Potential PAH toxicity 

 

Potential toxicity of PAHs depends on the natural toxicity rating of the PAH and its 

concentration (Equation 1). Table 4.5 shows that the total TEQs of all PAHs in RDS, WBS 

and BLS were respectively, 0.29, 0.28, and 0.44 mg/kg. These values are much lower than 

the values reported in Sydney (1.6-25.3 mg/kg, Aryal et al., 2011) and in Ulsan, South Korea 

(2-70 mg/kg, Dong and Lee, 2009). The low potential toxicity of PAHs in the RDS, WBS and 

BLS at Kogarah is due to the very low PAHs concentrations at these sites. Higher TEQ 

values obtained for BLS compared to those for RDS and WBS are due to the presence of 

greater concentrations of high molecular weight PAHs in BLS which are more toxic (higher 

TEF, Table 4.5) than the low molecular weight PAHs. 
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Table 4.5. Toxic equivalent quotients (TEQ) of RDS, WBS and BLS 

 

Compound TEF TEQ (mg/kg) 

  RDS WBS BLS 

Nap 

AcPy 

Ace 

Fl 

Phe 

Ant 

Flu 

Pyr 

BaA 

Chr 

B(b+k)F 

BaP 

IND 

DBA 

BghiP 

0.001 0.00005 0.00002 0.00002 

0.001 0.00004 0.00002 0.00004 

0.001 0.00001 0.00001 0.00001 

0.001 0.00003 0.00001 0.00002 

0.001 0.00028 0.00011 0.00019 

0.01 0.0006 0.00035 0.0005 

0.001 0.00048 0.00025 0.00039 

0.001 0.00056 0.00025 0.00036 

0.1 0.02 0.01260 0.02 

0.01 0.003 0.00133 0.0018 

0.1 0.034 0.02780 0.036 

1 0.19 0.17600 0.24 

0.1 0.011 0.01400 0.029 

1 0.03 0.04100 0.11 

0.01 0.0024 0.00166 0.0034 

Total TEQ  0.29 0.28 0.44 
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4.5. Conclusions 

 

This study showed that in a catchment area consisting of roads, natural soils, and a  bay the 

total concentration of 16 PAHs did not differ much between RDS, WBS, and BLS. However, 

the PAH composition and source from where they originated differed between these three 

sites. The total concentrations were similar to those in 70 world wide sites but smaller than 

those in 6 sites. PAHs in RDS, WBS, and BLS were dominated by relatively high molecular 

weight compounds with more than three fused benzene rings, indicating that high 

temperature combustion processes were their predominant sources. The proportion of high 

molecular weight PAHs with 5 or 6 rings were higher in BLS than in RDS, whereas the low 

molecular weight PAHs proportions were higher in RDS. 

 

Principal component and cluster analyses showed that the PAHs can be divided into two 

groups which together can explain 94%, 80%, and 75% of the total variance of the data in 

BLS, RDS, and WBS, respectively. The sources for one group are predominantly pyrogenic 

(vehicle exhaust and combustion of grass and wood and bush fires) while those for the other 

group are petrogenic (unburned or leaked fuel and oil, road asphalt, and tyre particles). 

Diagnostic PAHs ratios investigations revealed that the predominant sources of BLS and 

WBS were pyrogenic and those of RDS were a mixture of pyrogenic and petrogenic.  

 

Finally, the potential toxicities of PAHs calculated using toxicity equivalent quotient (sum of 

the products of each PAH concentration and natural toxicity rating of the PAH) were all low. 

This is probably due to the low concentrations of the highly toxic high molecular weight 

PAHs. 
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CHAPTER 5 
 

BIOAVAILABILITY AND TOXICITY OF POLLUTANTS IN EXTRACTS 

FROM ROAD DEPOSITED SEDIMENTS 

 

5.1. Introduction 

 

Road-deposited sediments (RDS) are known to contain several inorganic and organic 

pollutants such as heavy metals, metalloids and polycyclic aromatic hydrocarbons (PAH), 

herbicides, nutrients and polychlorinated biphenyl (PCBs) (Cheung et al., 1997; Loganathan 

et al., 2013; Taylor, 2007). Heavy metals and polycyclic aromatic hydrocarbon compounds 

(PAHs) are known to be toxic to animals and humans and have potential for carcinogenic, 

mutagenic or allergenic effects (Adams and Rowland, 2003; Eriksson et al., 2007; Marsalek 

et al., 1999). Urban stormwater runoff has been considered a major source of water pollution 

by many authors (Beasley and Kneale, 2002; Boyd et al., 2004; Kayhanian et al., 2008). 

Stormwater quality data has been collected across the world, and worldwide data sets have 

been analysed for trends in traditional pollutants such as suspended solids, nutrients, heavy 

metals and organic compounds (Aryal et al., 2010). Discharges of urban runoff to aquatic 

environments have been documented to show that it causes accumulation of heavy metals and 

different organic chemicals in the water phase (Beasley and Kneale, 2002; Lau et al., 2009; 

Mahler et al., 2014; Pengchai et al., 2004). The chemical composition of road runoff can vary 

enormously between sites (composition, speciation, etc), making it difficult to assess its toxic 

potential and treatment (Aryal and Lee, 2009). Regulatory authorities have favoured the use 

of biological indicators as an essential means of assessing potential toxicity of environmental 

pollutants (Nunes et al., 2006).  

 

High levels of heavy metals such as Cu, Pb and Zn in urban street dusts have been reported in 

many countries (Burton et al., 2000; Stone and Marsalek, 1996). Heavy metals such as Cu, 

Zn, Fe and Mn are normal constituents of marine and estuarine environments and are 

essential elements for organisms. However, when high concentrations of heavy metals enter 

receiving water, they become potentially toxic and may interfere with the ecology of a 

particular environment (Bryan and Langston, 1992). The mobility and transport of heavy 

metals and their bioavailability in the environment is a function of the chemical form of the 

metals. However, many studies evaluating the adverse effects of metals on the environment 
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measure only the total metal concentrations (Wei and Yang, 2010). The exposure of aquatic 

organisms to toxic levels of metal pollutants can cause damage to tissue, inability to 

regenerate damaged tissue, growth inhibition, damage to DNA (Everaarts, 1995; Neumann 

and Galvez, 2002). Metal ions can penetrate inside the cell, interrupting cellular metabolism 

and in some cases can enter the nucleus. Metals cations can bind to DNA and cause DNA 

damage. Metal carcinogenicity is proved to be mediated by the generation of reactive free 

radicals (especially hydroxyl radicals and reactive oxygen species) (Valavanidis and 

Vlachogianni, 2010). 

 

PAHs (polycyclic aromatic hydrocarbons) arise mainly from the incomplete combustion of 

fossil fuels, organic materials, and wood and are also found in petroleum (Loganathan et al., 

2013). They have been shown to cause carcinogenic and mutagenic effects and are potent 

immune-suppressants (Bihari et al., 2006). For instance, the resistance of PAH compounds to 

oxidation, reduction, and vaporisation increases with increasing molecular weight, whereas 

the aqueous solubility of these compounds decreases. PAHs can be divided into two groups 

based on their physical, chemical, and biological characteristics. The lower molecular weight 

(LMW) PAHs (e.g., 2 to 3 ring group of PAHs such as naphthalenes, fluorenes, 

phenanthrenes, and anthracenes) have significant acute toxicity to aquatic organisms, whereas 

the high molecular weight (HMW) PAHs, 4 to 7 rings (from chrysenes to coronenes) do not. 

However, several HMW PAHs are known to be carcinogenic. Effects of PAHs have been 

documented on immune system development, immunity and on host resistance (Miller and 

Ramos, 2001; White, 2002). PAHs may be considered complete carcinogens in the sense that 

a role in both initiation (DNA damage fixed as a mutation) and promotion of carcinogenesis 

(increased cell growth and proliferation) is possible for these compounds (Boström et al., 

2002). In particular, benzo[a]pyrene (BaP) can be converted to its metabolite benzo[a]pyrene-

diolepoxide through a series of biotransformations (pathways of BaP detoxification or 

activation). This metabolite is highly carcinogenic (Pastorelli et al., 1998). Many PAH 

compounds induce cytochrome P4501A1 (CYP1A1) by binding to the AhR (aryl 

hydrocarbon receptor) in the cytosol. It is generally reported that LMW PAHs (e.g. 

naphthalenes, fluorene) are more toxic than HMW compounds, partly because the lower 

molecular weight compounds are more water soluble and are more bioavailable than the 

HMW PAH compounds (Roberts et al., 1989). A range of studies have demonstrated 

relationships between PAH exposures and effects on different types of organisms in road 

runoff and sediment extracted elutriate (Bihari et al., 2006; Li et al., 2013; Tang et al., 2013).  
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Toxicity tests give more information than just chemical analysis, are more realistic and can 

take into account the interactions and effects of the natural environment. They also can 

measure the toxicity of unmeasured components in the sediments. The toxic potential of 

various stormwater runoffs has been examined previously, usually using a battery of toxicity 

tests to assess different aspects such as acute lethality, sub-lethality or immobilisation using 

classical bio-indicators such as Vibrio fischeri, Daphnia magna, Artemia salina and medaka 

fish (Oryzias latipes). This study aims to assess the toxicity of sediments by measuring acute 

toxicity to Artemia salina, and sublethal toxicity to Microtox®, AhR CAFLUX and p53 

GeneBLAzer®. Because the receiving waters at some of the study sites in this thesis were 

estuarine, two assays that were applicable to saline conditions (Artemia and Microtox) were 

included. A summary of the characteristics of these assays is presented in Table 5.1. 

 

Table 5.1. Summary of test assays used in this study 

 

Assay Organism Mode of action Target chemical Measured end point 
Reference 

compound 

Brine 

shrimp 

acute 

toxicity 

test 

Artemia 

salina 

Acute toxicity test 

(24 h) 

Heavy metals 

PAHs 

Lethality Cd,  

Benzo[a] 

pyrene 

Microtox® Vibrio 

fischeri 

Sub-lethal toxicity 

test for 5, 15 and 

30 mins 

Heavy metals 

PAHs 

Decrease in light 

emission 

Phenol, 

ZnCl2 

AhR 

CAFLUX* 

Hepa1c1

7 

hepatoma 

cell 

AhR activation 

indicative of 

xenobiotic 

metabolism 

Dioxin-like 

chemicals 

including PAHs 

AhR dependent green 

fluorescent protein 

expression, 

fluorescence 

TCDD 

p53 Gene-

BLAzer®** 

p53RE-

bla HCT-

116 

Agonists/ 

antagonists of the 

p53 signaling 

pathway 

DNA damage/ 

genotoxic agents 

p53 dependent β-

lactamase expression, 

cleaving the 

fluorescent substrate 

and changing the 

wavelength of light 

emission 

Mitomycin 

* Jin et al. (2015); Tang et al. (2014, **Escher et al. (2013) 
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Artemia salina has been widely used as a test organism for assessment of saline environments 

because it is tolerant to high concentrations of chloride ions (Svensson et al., 2005). The 

Artemia nauplii acute toxicity test is expected to be sensitive to heavy metals and PAHs, and 

requires small volumes of test sample, whereas other tests such as amphipod or sea urchin 

tests require much larger volumes (Nunes et al., 2006). Vibrio fischeri (Microtox®) is a 

suitable tool for detection of non-specific toxicity, has been widely used for acute toxicity 

estimation and several commercial test kits are available (Parvez et al., 2006). In addition to 

the low cost and simplicity of the assay, its application for various water types is well 

established in the literature, providing a large volume of comparative information (Phyu et 

al., 2005). For detection of toxicity in sediment organic extracts, the Microtox bioassay was 

performed by other authors (Bihari et al., 2006; Wells et al., 1997). The EC50 value (the 

concentration that causes a 50% reduction in light emission from the bacteria) of copper to V. 

fischeri after a 30 min exposure ranged between 0.5 and 2.0 mg/L (Choi and Meier, 2001; 

Vasseur et al., 1984) and that for zinc was 0.7 mg/L (Miller et al., 1985). The EC50 value for 

hexavalent chromium after a 30 min exposure of V. fischeri was between 16 to 58 mg/L 

(Vasseur et al., 1984). These values give a measure of the likely sensitivity of the assay. 

 

AhR CAFLUX (AhR chemically activated fluorescence expression) and GeneBLAzer® are 

two cell-based methods which measure the response of cultured cell lines to pollutants in 

water samples or sediment extracts, and allow high-throughput screening of samples. Cell-

based assays generally require smaller volumes than whole-organism tests, may have high 

sensitivity, and are time- and cost-effective for a range of environmental applications. AhR 

CAFLUX is a method for measuring compounds that interact with the AhR. The binding of 

compounds to the AhR is followed by transportation of the PAH-AhR complex into the 

nucleus of the cell and subsequent binding to specific sequences (dioxin responsive elements, 

DREs) in the DNA. Binding of the chemical-receptor complex to the RE triggers the 

expression of DRE-associated genes. The structure of the AhR pathway is presented in Figure 

5.1. The AhR CAFLUX cells contain a DRE linked to an enhanced green fluorescent protein 

(EGFP) reporter gene; a positive response is measured by the amount of fluorescence emitted 

(Escher and Leusch, 2012; Nagy et al., 2002; Zhao et al., 2010). The detailed methodology 

was described in Jin et al. (2015). 
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Figure 5. 1. The AhR signaling pathway 
Key components and events in AhR signaling pathway activation. AIP: Aryl hydrocarbon receptor interacting protein; 

hsp90: heat-shock protein 90; Arnt: aryl hydrocarbon receptor nuclear translocator; DRE: dioxin-responsive element 

(Bhattacharya et al., 2012) 

 

The p53 GeneBLAzer® detects agonists and antagonists of the p53 signalling pathway 

(Invitrogen, 2010). The p53 protein is induced in cells in response to a range of stimuli 

including DNA damage; the p53 binds to DNA and acts as a protective mechanism and 

tumour suppressor (Harris and Levine, 2005). Induction of p53 is used as an indicator of 

genotoxicity, i.e. that DNA damage may occur due to toxic compounds in a sample 

(Molendijk, 2013). Alternative options for genotoxicity testing include the comet assay, 

alkaline unwinding assay and Ames test (Escher and Leusch, 2012). The p53 GeneBLAzer® 

assay was carried out according to the p53 CellSensor® p53RE-bla HCT-116 cell-based 

protocol from Invitrogen Corporation (Invitrogen, 2010). CellSensor® p53RE-bla HCT-116 

cell line (epithelial cell) can be used to detect agonists and antagonists of the p53 signaling 

pathway. p53RE-bla HCT-116 cell line has been shown to respond to Mitomycin and can be 

used to probe p53 signaling, which is involved in DNA repair, cell cycle arrest, and in some 

cases, apoptosis (Poulsen et al., 2011). The mechanism and toxic action of Gene BLAzer® 

assay are shown in Figure 5.2.  
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Figure 5.2. Schematic illustration of GeneBLAzer® assay (Invitrogen, 2010) 

 

Each physicochemical and biological test requires a specific amount of sediment for chemical 

analyses, depending on the detection limits attainable and extraction efficiency by the 

procedure, and for biological testing, depending on the test organisms and test method (EPA, 

2001). Under certain programs, some analytical procedures and toxicity test protocols 

necessitate specific manipulations (e.g., seawater or solvent extractions for effluent toxicity 

test). Bioassay test conditions use a combination of whole sediment extraction, solvent 

extraction and passive chemical spiking toxicity testing to identify the causes of sediment 

toxicity (Cheung et al., 1997; Hurst et al., 2004; Khanal et al., 2014). Whole sediment is 

sediment plus associated pore water which have had minimal manipulation while spiked 

sediment is a sediment to which a material has been added for experimental purposes (EPA, 

1996). Previous studies comparing different bioassays showed toxicity values obtained with 

organic solvent extracts correlated better with the concentrations of sediment pollutants than 

the values obtained with water extracts (Guzzella, 1998; Persoone and Janssen, 1993), but 

solvent extracts are likely to overestimate the concentrations of pollutants partitioning into 

the water phase in the environment, where they are available to cause toxicity to organisms.  
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There have been several studies which included toxicity bioassays for the monitoring of 

heavy metals and PAHs compounds in runoff water or sediment in and around Sydney 

(Rawson, 2008; Tang et al., 2012) but the number of studies is very limited. The overall 

objectives of this study were (i) to compare the potential toxicity of RDS and BLS to aquatic 

organisms if the sediments are washed into waterways, and (ii) to examine whether the 

toxicity could be explained by the measured pollutants, or whether there are other factors 

influencing the results (unmeasured toxicants, interactions with other factors). This study 

assessed four toxicity endpoints, and used aqueous extractions that reflected environmental 

exposures, rather than solvent extractions which would give much higher concentrations than 

organisms would be exposed to naturally through water solubility. Sea water elutriates were 

used to reflect the conditions in estuarine receiving waters. The effects of particle size of the 

sediments were examined because much research showed there were significant differences 

among samples with fine and coarser sediments. The profiles of the heavy metals and PAHs 

in RDS and BLS are believed to differ among fractions of different particle sizes (Khanal et 

al., 2014) so the study determined the difference among size fractions of RDS and BLS. In 

addition, in some bioassays, solvent extracts of sediments were also tested to give a measure 

of the “worst case scenario” if the entire organic pollutant load was extracted into the 

exposure solutions. The toxicity values of the sediments were compared with the chemistry 

results, and the toxicities of spiked reference compounds in test water and in elutriates, to 

assess the likely causes of toxicity, and whether there were factors in the elutriates that 

influenced the toxicity.   

 

5.2. Materials and methods 

 

The study examined chemical concentrations and biological toxicity of RDS from The 

Comenarra Parkway, a busy urban road in Sydney, Australia, and BLS samples from nearby 

bushland. Heavy metal and PAH analyses were carried out on sea water elutriates, and 

solvent and acid extracts of whole and fractionated sediments. Artemia toxicity tests and 

Microtox® tests were carried out with sea water elutriates of the sediments. The cell-line 

bioassays for quantification of CYP1A1 activity (AhR CAFLUX), and genotoxicity (p53 

GeneBLAzer®) were carried out on diluted mineral water elutriates, and solvent extracts of 

sediments. For the Artemia and cell line tests, spiked reference compounds were also 

analysed for comparison with the sediment results. 
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5.2.1. Sediment and soil sampling 

 

RDS and BLS samples were collected from The Comenarra Parkway, Turramurra, Sydney 

New South Wales, Australia (GPS: 33°43'52.7"S and 151°05'60.0"E) (Figure 5.3). Sampling 

sites had been selected and moved from Kogarah to Comenarra Parkway, because logistical 

problems at the Kogarah sampling site meant that we could not collect enough samples. 

Sediment samples were collected on five occasions (from September, 2013 to June, 2014). 

RDS samples were collected from the asphalted road surface (excluding the gutters). On each 

sampling occasion, two to three weeks of dry weather were allowed for sufficient RDS to 

accumulate before samples were collected. The RDS were carefully brushed into a clean 

plastic dustpan and then transferred into self-sealing polyethylene bags for transport to the 

laboratory for analysis. BLS samples (top 0.1 m depth) were collected in nearby bushland 

with no visible signs of contamination, approximately 50 - 100 m away from the RDS 

sampling site, using a stainless steel spade, and bagged and transported as above. Samples 

were pooled to make composite samples from all collection times and then air-dried at room 

temperature and passed through a 2 mm stainless steel sieve. A portion was reserved as a 

whole RDS and BLS sample, and the remainder was fractionated by passing through sieves 

of different pore sizes to give fractions designated as follows: “< 75” = ≤ 75 μm, “< 150” = 

76 – 150 μm, “< 300” = 151 – 300 μm, “< 425” = 301 – 425 μm, “< 600” = 426 – 600 μm. 

All samples were stored at 4°C until analysis.  
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Figure 5.3. Sampling site at Comenarra Parkway, Turramurra, Sydney 

 

5.2.2. Chemical analysis 

 

Analytical characterisation was conducted for total sediments and fractionated sediments of 

the RDS and BLS samples. They were analysed for heavy metals (Cd, Cr, Cu, Fe, Mn, Ni, 

Pb, antimony (Sb), V, and Zn) and 16 priority compounds of PAHs (Nap: Naphthalene; 

AcPy: Acenaphthylene; Ace: Acenaphthene; Fl: Fluorene; Phe: Phenanthrene; Ant: 

Anthracene; Flu: Fluoranthene; Pyr: Pyrene; BaA: Benz[a]anthracene; Chr: Chrysene; 

B[b&k]F: Benzo[b+k]fluoranthrene; BaP: Benzo[a]pyrene; IND: Indeno[1,2,3-cd]pyrene; 

DBA: Dibenzo[a,h]anthracene; BghiP: Benzo[g,h,i]perylene) selected according to criteria 

given in Yan et al. (2004). Pseudo-total concentrations of these heavy metals were 

determined by digestion of 0.5 - 1.0 g soil or sediment sample using 3 mL 70% HNO3 and 3 

mL 32% HCl for 2 h at 100°C. The digestion was followed by analysis of the diluted digests 

using ICP-OES and ICP-MS at the National Measurement Institute, Sydney, Australia. The 

instruments used were Varian 730-ES ICP-OES and Perkin Elmer DRC 2 ICP-MS. For PAH 

analysis, a sample of approximately 10 g was extracted using 100 mL of a solvent mix of 

dichloromethane (DCM) and acetone (1:1 by volume, pesticide grade, Merck). The samples 

were subjected to end-over-end tumbling (30 min, approximately 1 cycle/s) followed by 

soaking overnight. The extract was filtered through sodium sulfate followed by concentration 
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using a Turbovap (Caliper Life Sciences) at 4°C. The extracts were spiked with the US EPA 

8270 internal standard mix (Supelco, Sigma Aldrich, USA, Product No 861238) and analysed 

by gas chromatography mass spectrometry (Agilent 5975, USA) with capillary column DB-

5ms (30m, 0.25 mm ID, 0.25 μm film, J&W, USA). The recoveries of all compounds were 

between 75-110 %. 

 

Elutriate extracts were prepared according to the US EPA protocol (EPA, 2001). 10 g 

sediment (whole and fractionated as described in section 5.2.1) was added to the artificial sea 

water (Ocean Nature, Aquasonic) with concentration 30 ‰. The solutions were analysed for 

their heavy metal (Cd, Cu, Pb, V, Mn, Fe, Cr, Zn and V) content by inductively coupled 

plasma-atomic emission spectroscopy (ICP-AES), and PAH content (Nap; AcPy; Ace; Fl; 

Phe; Ant; Flu; Pyr; BaA; Chr; B[b&k]F; BaP; IND; DBA; BghiP) by Gas chromatography 

mass spectroscopy (GC-MS), respectively. 

 

5.2.3. Toxicity tests 

 

5.2.3.1. Acute toxicity test on brine shrimp nauplii (Artemia salina) 

 

Elutriates were prepared with artificial sea water according to the method described in section 

5.2.2 from dried RDS and BLS (whole sediment and 5 size fractions, see section 5.2.2) 

according to the US EPA protocol (EPA, 2001). RDS and BLS samples were mixed with 

artificial seawater 30‰ (Ocean Nature® Aquasonic sea salt) in the ratio 1:4 (weight:volume), 

and shaken at 120 RPM for 1 h, then centrifuged at 10 000 g. Elutriates were filtered with 

Whatman nylon syringe filters, pore size 0.45 μm, before use for toxicity testing. The pH of 

the extracts was measured using a pH meter (Hanna Instruments). 

 

Reference compounds for both metals (Cu, Cd, Zn, Pb and Cr) and PAHs (Chr, Fl, BkF, Pyr, 

BaP) were spiked into sea water and the elutriate at concentrations approximately 0.2x, 1x 

and 10x the 24-h LC50 for Artemia as determined from literature values (see LC50 values in 

Chapter 2, Table 2.5). Artemia nauplii were prepared by hatching Artemia eggs in 30 g/L 

artificial sea salts (Ocean Nature). Eggs (10 g) were placed in a plastic bottle with rapid 

aeration at 25°C with illumination. After 24 h, the nauplii were collected for use. 

 



CHAPTER 5. BIOAVAILABILITY AND TOXICITY OF POLLUTANTS IN EXTRACTS FROM ROAD 
DEPOSITED SEDIMENTS 

   
 

116 

Experimental exposures were carried out in 4-mL glass vials containing 2 mL test solution. 

The test was conducted under laboratory lighting at room temperature (23°C). Elutriates were 

tested at 100%, 50% and 25% dilutions with artificial sea water and artificial sea water 

controls, three replicates of each treatment. Artificial sea water (30 g/L) and whole sediment 

elutriate (100%) were spiked with metals and PAHs in the concentration ranges shown in 

Table 5.2. 

 

Table 5. 2. Spiked concentrations of heavy metals and PAHs into the sea water 

elutriates for determination of LC50s in the Artemia test 
 

Metal 
μg/L in sediment 

elutriate (100%)  

μg/L in 

artificial 

sea water 

PAH 
μg/L in sediment 

elutriate (100%) 

μg/L in 

artificial sea 

water 

Cu 0 - 10000 0 - 8000 BaP 0 - 2000 0 - 500 

Zn 0 - 15000 0 - 8000 BkF 0 - 4000 0 - 2000 

Pb 0 – 8000 0 - 8000 Chr 0 – 1000 0 - 1000 

Cd 0 - 4000 0 - 4000 Pyr 0 - 1000 0 - 1000 

Cr 0 - 3000 0 - 1000 Fl 0 - 1000 0 - 1 000 

 

 

 

Five 24-h-old brine shrimp (Artemia salina) nauplii were added to each container and 

incubated for 24 h. Physico-chemical parameters (temperature, pH, conductivity and DO) 

were measured in all treatment solutions at the beginning of the test. These measurements 

were carried out in a separate container to avoid damage to the nauplii by the sensor probe. 

The nauplii were unfed for the duration of the test; at that development stage they live off the 

nutrients in the yolk sac and do not feed. Mortality (failure of the organism to move upon 

gentle stimulation) was measured as a final endpoint. Mortality was assessed as the failure of 

the organism to exhibit any form of movement (under 40x microscope) within a 24 h 

observation period. If the control mortality did not exceed 10% in the nauplii tests, they were 

considered valid. 
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5.2.3.2. Sub-lethal toxicity on Microtox (Vibrio fischeri)  

 

The extracted sediment sea water elutriates prepared for the Artemia tests were also used for 

the Microtox® tests. The test was performed at Environmental Forensics – Ecotoxicology 

Team, Office of Environment & Heritage, Lidcombe, NSW, using a Microtox® toxicity 

analyser (M500, Azur Environmental, Carlsbad, USA) following the standard operating 

procedure for the basic or 100% test, as supplied by the company. The Microtox toxicity test 

system exposes luminescent bacteria (Vibrio fischeri) to increasingly concentrated solutions 

of test sample. The bacterial luminescence, the endpoint of this assay, was measured for all 

samples after 5, 15, and 30 mins of exposure at 15°C. The reduction in the light output of the 

luminescent bacteria reflecting the toxicity of the sample is monitored in a temperature-

controlled photometer. Phenol was used for the organic reference compound, and ZnCl2 was 

used as the heavy metal reference compound. The Microtox® toxicity tests were carried out 

on elutriates of 5 size fractions of RDS and BLS and the whole sediment. Each test consisted 

of treatments with five nominal dilutions (80%, 40%, 20%, 10% and 5% of original elutriate), 

a Microtox diluent water control and an artificial sea water control.  

 

5.2.3.3. Cell based assays: AhR CAFLUX and p53 GeneBLAzer® 

 

a. Preparation of the sediment elutriates  

 

Sediment elutriates for these assays were prepared using diluted mineral water (DMW; 

Reverse osmosis water containing 20% Perrier® mineral water) prepared according to EPA 

(2002). Four litres of Perrier® water was added to 16 litres of Milli-Q® deionised water. The 

mixture was then aerated vigorously for 24 h to stabilise the medium. It was not possible to 

use sea water elutriates for the cell-based assays because the high salinity would be toxic to 

the cells.  

 

Forty mL of diluted mineral water was added to 10 g of sediment in 250-mL flasks and 

shaken for 1 h, then centrifuged at 1500 g for 15 mins and the supernatant was collected for 

use in tests. The supernatant was filtered through a 0.45 μm nylon syringe filter (Whatman® 

GD/X), the first 5-10 mL were discarded and the remaining filtrate was collected for use. A 

diluted mineral water blank without sediment was used in these tests as the control. 
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b. Preparation of solvent extracts of sediments 

 

Solvent extracts of the sediments were prepared according to the method given in Hurst et al. 

(2004). Ten grams of sediment sample were extracted with 10 mL dichloromethane (DCM) 

in 50-mL beakers covered by a watch glass to reduce evaporation, and shaken in a Heidolph 

Unimax 1010 shaker for 30 mins, then sonicated in a ultrasonic cleaner bath sonicator (PCI 

Analytics Ltd) for 10 mins. The slurry was then transferred to 50-mL capped glass centrifuge 

tubes and centrifuged in a UNICO 24 place Rotor centrifuge at 4000 g for 10 mins. The DCM 

supernatant was then transferred to a 50-mL beaker. This process was then repeated twice 

more (total 3 times). The supernatants were combined and were then concentrated to dryness 

using an N2 evaporator (MX C8624 (CM24)).  The residue was dissolved in 100 μL dimethyl 

sulfoxide (DMSO) and stored at 4°C for the bioassay. A solvent blank control (without 

sediment) was also prepared by the same procedure. 

 

c. Extract spiking 

 

Diluted mineral water elutriates of total RDS and total BLS were spiked with PAHs and 

metals at environmental concentrations as measured in solvent or acid extracts of the RDS 

and BLS sediments. The concentrations are listed in Table 5.3. These samples were intended 

to replicate the “worst case scenario” if all the pollutant was extracted into the water elutriate.   
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Table 5.3. Spiking concentrations of heavy metals and PAHs into the RDS and BLS 

elutriate for cytotoxicity assays 

 

Metal 
mg/L in 100% 

RDS elutriate  

mg/L in 

100% BLS 

elutriate  

PAH 

mg/L in 100% 

RDS sediment 

elutriate  

mg/L in 100% 

BLS sediment 

elutriate  

Cu 32 1.2 BaP 0.44 0.01 

Zn 39 3 BkF 0.28 0.02 

Pb 27 8.7 Chr 0.14 0.02 

Cd 11 3.9 Pyr 0.27 0.02 

Cr 1 0.5 Fl 0.52 0.01 

 

 

5.2.3.4. AhR CAFLUX (AhR Chemically Activated Fluorescent Expression) 

 

The AhR CAFLUX assay was performed according to the protocol used in the Smart Water 

Research Centre at Griffith University, Gold Coast, Qld. Hepa1c1c7 mouse hepatoma cells 

were cultured in DMEM (Dulbecco’s modified Eagle’s medium) with GlutaMAX 

(supplemented with 10% dialysed FBS, HEPES and NEAA). The cells were washed twice in 

PBS, trypsinised, resuspended and diluted in DMEM and transferred to 96 well clear bottom 

black microplates to give a final concentration in the wells of 3.0 x 105 cells/mL (3.0 × 104 

cells/well). 

 

2,3,7,8 TCDD standards at concentrations from 10-13 M to 10-8 M were used as the reference 

standard. Samples were diluted and 100 μL of each diluted sample, DMSO blank or TCDD 

standard was added to the relevant wells of the microplate. Each sample was run in triplicate, 

and a standard curve and a range of controls was run on each microplate. The plate was read 

at the start (T = 0), then incubated for 48 h at 37°C. After 24 h and 48 h the plate was read 

again for comparison with the background fluorescence measurement at T = 0. The 

fluorescence in each well of the plate was measured in a microplate fluorometer (Fluostar 

Galaxy, BMG Labtechnologies, Offenburg, Germany) with an excitation wavelength of 485 

nm and an emission wavelength of 520 nm. The relative fluorescence units (RFU) values in 

AhR CAFLUX was determined by subtracting fluorescence measured at T=0 h from 

fluorescence at T = 24 h and T = 48 h. The ΔRFU was plotted against log TCDD 
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concentration to determine the EC50 value, and the ∆RFU TCDD top and bottom values 

were used to express the sample data as % induction relative to TCDD using the follow 

equation:  

 

 

 

 

5.2.3.5. p53 GeneBLAzer® 

 

The p53 GeneBLAzer® assay was carried out according to the Invitrogen protocol 

(Invitrogen, 2010), modified to suit 384-well microplates. CellSensor™ p53RE-bla HCT-116 

cells (containing a beta-lactamase reporter gene under control of the p53 response elements 

stably integrated into HCT-116 cells) were cultured in culture medium with Blastocidin. The 

cells were harvested and resuspended in assay medium according to the protocol, and used to 

seed the wells of a 384-well black-wall, clear-bottom microplate (except for cell-free wells 

which received assay medium only). The plate was incubated at 37°C/5% CO2 for 6 h. 

Samples were then added to sample wells, Mitomycin was used as a positive control, and 

blanks included blank water and solvent extracts, DMSO controls and cell-free wells. The 

plate was incubated for 40 h. This was longer than the standard protocol (16 h), to try to 

increase sensitivity. Substrate (LiveBLAzer™ -FRET B/G Substrate (CCF4-AM) made up 

according to the protocol) was then added to all wells and the plate was incubated for a 

further 2.5 h at room temperature in the dark.  

 

The fluorescence was measured in the blue channel with excitation wavelength 409 nm/20 

nm bandpass width and emission wavelength 460 nm/40 nm and fluorescence in the green 

channel was measured at excitation wavelength 409 nm/20 nm and emission wavelength 530 

nm/30 nm. Each water sample, reference chemical, cell-free media, DMSO control, and 

DMSO-free control was assayed in triplicate on each plate. The AhR CAFLUX and 

GeneBLAzer® experiments were carried out with all equipment and instruction at Smart 

Water Research Centre of Griffith University, Gold Coast, Australia. 
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5.2.4. Statistical analysis 

 

Dose-response curves were generated from the acute mortality/toxicity data, and analysed 

using various regression equations. The LC50 values for the Artemia tests were calculated by 

the Trimmed Spearman-Karber Method (EPA, 1993). For the Microtox assay, the EC50s 

were calculated using the software provided with the instrument, except in some samples 

where outliers caused problems; these values were calculated with RegTox (Vindimian, 

2012) with outliers removed. For AhR CAFLUX, all experimental data were evaluated with 

concentration−response regressions (sigmoidal with defined maximum (100%) and minimum 

response (0%)). Dose response curves were fitted using the sigmoidal dose-response model 

from GraphPad Prism 6.0 (GraphPad, San Diego, CA, USA), and the EC50 and EC20 values 

(the effect concentrations inducing 50% and 20% of the maximum effect respectively) were 

calculated. For the p53 GeneBLAzer® test, the ECIR1.5 (effect concentration causing an 

induction ratio IR of 1.5) was used for comparison of samples. The ECIR1.5 is appropriate 

for all reporter gene assays where no maximum response can be obtained.   

 

5.3. Results and discussion 
 

When assessing the toxicity of a sediment and attempting to identify chemicals causing 

sediment toxicity, it is important to consider the bioavailability of pollutants. Although a 

chemical may be found in high concentrations in a sediment, it may not be responsible for the 

observed sediment toxicity because some mechanisms, such as adsorption and absorption, 

can effectively reduce the freely dissolved concentrations of toxic chemicals in sediment 

interstitial waters and the ability of these chemicals to cause toxicity (Perron et al., 2010). 

Therefore this study determined the sources, distribution and toxicity of poly aromatic 

hydrocarbons (PAHs) in elutriates or solvent extracts in the RDS and BLS samples.  
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5.3.1. Pollutant contamination 
 

5.3.1.1. Total heavy metals contamination in the RDS and BLS 

 

The concentrations of six heavy metals (Cr, Cu. Pb, Ni. V and Zn) in RDS and BLS, as well 

as the sediment quality ISQG guidelines (McCready et al., 2006) are presented in Figure 5.4 

and Figure 5.5 respectively. Interim sediment quality guidelines (ISQGs) for heavy metals for 

threshold and probable effects levels were compared with the chemistry results for RDS and 

BLS. The detailed data of the heavy metal concentrations can be found in the Appendix 1. A 

comparison of the heavy metal concentration in RDS revealed that Pb > V > Zn > Cr. The Cd 

concentration was lower than the detection limit (0.1 mg/kg). The finest fraction (< 75 μM) 

had higher concentrations than other coarser fractions. Cu and Pb in RDS fractions were 

higher than ISQG limit.  

 

The concentrations of all metals in the BLS were lower than in the RDS (Figure 5.5).. A 

negligible amount of Ni and Cu was present in the BLS samples. Similarly, Cr and Cu 

content in soils were low (10 times) and were about < 8 mg/kg and 0.5 mg/kg respectively 

These observations confirm that Zn, Cu, Ni, Cr would have originated from traffic related 

activities in RDS. Mean concentrations of all heavy metals were generally higher in RDS 

than in BLS, indicating that vehicle activity and road surface abrasion have contributed to the 

accumulation of heavy metals in RDS. Metal concentrations increased markedly in the finer 

material in RDS and BLS samples from sampling sites with high concentrations in finer 

fractions (Figure 5.4 and 5.5). 
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Figure 5.4. Heavy metal concentrations in RDS for different sediment size fractions and 
composite sample (total) compared with Interim sediment quality guidelines (ISQG) 
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Figure 5. 5. Heavy metal concentrations in BLS for different sediment size fractions and 
composite sample (total) compared with Interim sediment quality guidelines (ISQG) 

  

ISQG Pb = 
50 mg/kg 



CHAPTER 5. BIOAVAILABILITY AND TOXICITY OF POLLUTANTS IN EXTRACTS FROM ROAD 
DEPOSITED SEDIMENTS 

   
 

125 

5.3.1.2. Total PAH contamination in the RDS and BLS 

 

Figure 5.6 shows the total, HMW and LMW PAHs plotted for each particle-size fraction and 

weighted average for the total samples of sediments. The total concentrations of PAHs in the 

fractionated and total RDS and BLS samples are shown in Figure 5.6A. The detailed results 

of the PAH concentrations for each compound are presented in Appendix 2. The total PAH 

concentration (mg/kg) in the RDS was highest in the finest fraction (<75 μm, 2.37 mg/kg); 

concentrations decreased in the coarser fractions. The calculated weighted mean 

concentration (total) in RDS was 1.25 mg/kg. Concentrations in the BLS fractions ranged 

from 0.2 mg/kg in the finest fraction to 0.16 mg/kg in the 600 μm fraction. These 

concentrations were all lower than sediment quality guideline (ISQG, total PAH = 2.26 

mg/kg, LMW = 1.21 mg/kg and HMW = 1.05 mg/kg). The measured concentrations of total 

PAHs, HMW and LMW of total fraction were higher than the calculated weighted 

concentrations, probably because the extraction method could not extract well for the fine 

particle fractions, in which much of the sediment was floating during the extraction 

procedure. In the total fraction, the presence of the larger particles seemed to grind up the 

finer particles and improve the extraction, thus giving a higher extraction efficiency.  

 

Figure 5.6 B and C shows the differences between the HMW and LMW PAHs in the RDS 

and BLS and fractions. The overall concentrations of PAH were much lower in the BLS than 

in RDS. All HMW in RDS samples had higher concentrations than LMW and the trend was 

similar in BLS samples.   

 

HMW PAHs are more stable (Amodu et al., 2013) and less volatile than the LMW PAHs, and 

therefore are more likely to accumulate on road surfaces and in the sediments. As discussed 

in Chapter 4 of this thesis, the LMW PAHs, which are mainly derived from oil and fuel leaks 

and road asphalt abrasion and tyre deterioration, are likely to have been volatilised and 

degraded. To determine the likely sources of PAHs in RDS and BLS, the ratios of low to high 

molecular weight PAHs Flu/(Flu+Pyr), BaA/(BaA+Chr), and IND/(IND+BghiP)) are 

generally used as tools to discriminate between the petroleum and pyrogenic sources (Yunker 

et al., 2002). When the ratio of Ant/(Ant+Phe) was calculated from the data in Appendix 5, 

all samples of RDS and BLS fell into the pyrogenic source category with the ratios for RDS 

in the range 0.13–0.18, while those for BLS were in the range 0.27–0.57. The 

BaA/(BaA+Chr) and IND/(IND+BghiP) ratios of both RDS and BLS fell into an intermediate 
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region in between petrogenic and pyrogenic sources, representing mixed sources. This is 

probably due to the presence of higher proportion of PAHs derived from pyrogenic sources 

(wood and grass burnings) in BLS. This suggests that the sources of PAHs in RDS mainly 

came from tyres, road pavement, asphalt, and diesel exhaust particles. 

 

As with the total PAH concentrations, the HMW and LMW PAHs were higher in the finer 

fractions than in the coarser fractions. The research literature reports the relationship of PAH 

concentrations with specific size ranges of particulates. Evans et al. (1990) reported that 

PAHs were associated with organic matter. In the size fractions for the RDS and BLS, the 

fine fractions were higher in organic content (see appendix 6), which parallels the PAH 

distribution in both sediments. The PAH result of this study result also agreed well with Allen 

et al. (1996) which reported a PAH maximum in the fine size followed by the middle and 

coarse silt fractions.  
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Figure 5.6.  Total PAH concentrations (A), HMW (B) and LMW (C) in RDS and BLS 

for different sediment size fractions and composite sample (total)
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5.3.1.3. Heavy metal contamination in the RDS elutriates in comparison with BLS elutriates 

 

Table 5.4 lists the measured metal concentrations of the sediment elutriates. In general, all the 

elutriates contained rather low levels of heavy metals and Cd and Ni in the BLS elutriates 

were below detection limits (< 0.01 mg/L). Cu, Cd, Cr and Zn were generally higher in RDS 

than in BLS, however Pb was similar in both. The concentrations of heavy metals in 

elutriates were much lower when compared with the total original heavy metals in sediment 

because of low solubility in the water (metal partition coefficients (log Kd) in sediment/water 

with low total metal concentrations). 

 

5.3.1.4. PAH concentrations in the RDS and BLS elutriates 

 

Table 5.4 presents the PAHs concentrations in artificial sea water elutriates from RDS and 

BLS. The PAHs in the RDS seawater elutriates were dominated by the presence of HMW 

compounds with fluoranthene and pyrene as the most abundant ones, similar to the findings 

in RDS and BLS of road dust in China (Wang et al., 2009). The procedure to prepare the 

elutriate extracted very little of the PAHs, because PAH compounds hardly dissolved in the 

salty water. The PAH concentrations in BLS elutriates were lower than RDS. In Chapter 4 of 

this thesis, the results also revealed the great difference between PAH concentrations in RDS 

and BLS.  
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Compound Molecular 
weight 

Measured 
concentration in 

RDS elutriate 
(mg/L) 

Measured 
concentration in 

BLS elutriate 
(mg/L) 

Artemia LC50  
(mg/L, nominal) for 

compounds spiked in 
sea water 

Artemia LC50  
(mg/L, nominal) for 
compounds spiked 
in RDS elutriate 

Artemia LC50  
(mg/L, nominal) for 
compounds spiked 

in BLS elutriate 
Cd 112 0.0113 - 1.00 3.50 4.20 

Cu 64 0.0422 0.0148 1.20 4.20 5.70 

Pb 211 0.0134 0.0104 0.89 3.70 3.98 

Zn 65 0.0658 0.0234 5.50 11.00 12.65 

Cr 52 0.0134 - 0.79 2.40 2.25 

Fl 166 0.00012 0.0005 0.20 0.40 0.48 

Pyr 202 0.0009 0.0001 0.23 0.33 0.52 

Chr 228 0.0005 0.0001 0.19 0.37 0.42 

BbF 252 0.0002 0.0001 1.40 1.70 1.80 

BaP 252 0.00010 0.00003 0.34 0.65 0.75 

 (-): not detected. Detection limit for PAHs: 10-4 mg/L and for heavy metal: 10-2 mg/L) 

Table 5.4. Summary of elutriate concentrations and toxicity data for Artemia acute tests 
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5.3.2. Artemia salina nauplii acute toxicity assay 
 

The Artemia nauplii tests were carried out on elutriates of the RDS and BLS total and 

fractionated sediments. To determine the possible effects of detected compounds, and to 

investigate the effects of the elutriate on toxicity, heavy metals and PAHs were also spiked 

into artificial sea water and whole sediment elutriates, at concentrations bracketing LC50 

values identified from the literature (From Chapter 2, Literature Reviews).  

 

None of the RDS nor the BLS elutriates (fractionated or whole sediments) showed any 

lethality to Artemia nauplii because of much lower concentrations of metals and PAHs in the 

elutriates than the LC50 values. The results of the assays of spiked metals and PAHs are 

shown in Table 5.4. Note that the lower the EC50 or LC50, the higher the toxicity. The order 

of toxicity of compounds spiked into sea water was as follows: for metals, Cr6-> Pb2+ > Cd2+ 

> Cu2+ > Zn2+ and for PAHs, Chrysene ~ Fluoranthene > Pyrene > Benzo[a]pyrene > 

Benzo[b]fluoranthene. LMW PAHs showed greater toxicity than HMW PAHs, this result 

agreed with some previous research (Blust et al., 1995; Hadjispyrou et al., 2001; Nunes et al., 

2006). When spiked into the elutriates, the toxicity was considerably lower than for spiked 

compounds in sea water (Figure 5.7 and Table 5.4). It is likely that the toxicity was reduced 

by binding of the toxicants to colloid materials and organic compounds (such as humic acid) 

in the elutriates. The pH was a little higher in the elutriates and that could contribute to 

reducing the solubility, particularly for the heavy metals (pH of sea water was 8.0±0.3, but 

the average pH of the elutriates was 8.5±0.2). The toxicity of heavy metals depends mostly 

on a free ion (Nguyen et al., 2009) i.e. on a soluble metal compound concentration rather than 

on the total metal concentration. The insoluble, colloid-bound, and complexed metal 

compounds are less bioavailable and less toxic. 
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Figure 5. 7. Artemia salina acute 24-h toxicity test with heavy metals (A) and PAHs (B) 
spiked into the BLS and RDS elutriates and artificial sea water. LC50 values were 

calculated by the Spearman-Karber method. 

  

0

2000

4000

6000

8000

10000

12000

14000

Cr Pb Cu Cd Zn

L
C

50
 (μ

g/
L

) 

HM compounds 

BLS spiking
RDS spiking
Water spiking

0

200

400

600

800

1000

1200

1400

1600

1800

2000

Pyr Fl Chr BaP BbF

L
C

50
 (μ

g/
L

) 

PAH compounds 

BLS spiking
RDS spiking
Water spiking

A 

B 



CHAPTER 5. BIOAVAILABILITY AND TOXICITY OF POLLUTANTS IN EXTRACTS FROM ROAD 
DEPOSITED SEDIMENTS 

   
 

132 

5.3.3. Microtox® (Vibrio fischeri) sub-lethal toxicity assay 
 

The Microtox® assay with V. fischeri was performed on RDS and BLS sediment elutriates of 

5 size fractions and total sediments to get the EC50 concentrations after 5 minutes, 15 

minutes and 30 minutes exposure in order to observe the toxicity of the extracts towards the 

bacteria. The results are reported in Figure 5.8 in the form of toxic units (TUs), calculated 

from the EC50 of the samples. For the Microtox® test, one toxic unit is the concentration that 

will reduce the light output of Vibrio fischeri by 50%; a solution containing two TUs will 

have the same effect when diluted by 1/2. 

 

For all samples in the Microtox® test, almost all samples showed toxicity, and the toxicity of 

RDS was significantly higher than BLS samples (paired t-test, 17 df, t Critical two-tail = 

2.11, p = 0.00003). The Microtox® results for 30 min gave TU values between 1.1-3.5 for 

RDS samples and 0.0-1.8 for BLS. The BLS elutriate of the whole fraction showed a slight 

response, but not enough to be measurable. In most of the samples, the toxicity increased 

with time of exposure in the Microtox® (TU values at 5<15<30 mins). This increase of 

toxicity with time is characteristic of metal toxicity (Ruiz et al. (1997); Utgikar et al. (2004), 

suggesting that metals contributed to the measured toxicity.  

 

There was a slight tendency for greater toxicity in the finer fractions, but this was not 

significantly different in either RDS or BLS (ANOVA, p >0.05).   
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Figure 5.8. Microtox® toxicity test on RDS and BLS 
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5.3.4. AhR CAFLUX (Chemically Activated Fluorescent Expression) bioassay 
 

For measuring the AhR signaling with specific receptor-mediated activity, the EC50s and 

EC20s that cause 50% or 20% respectively of the maximum induction for TCDD for AhR 

were derived. The EC50 and EC20 values obtained for TCDD in the AhR CAFLUX were 

within acceptable limits (TCDD 24 h EC50 = 11.7 pM ± 3.0 and 48 h EC50 = 11.09 pM ± 

0.4). The standard curve for TCDD is shown in Figure 5.9. The toxic effect for the TCDD 

standard was greater after 48 h than at 24 h. This result was similar to previous research (Jin 

et al., 2015; Nagy et al., 2002; Tang et al., 2014), and was within the laboratory QA 

requirements. The toxicities of the sample extracts were all below the EC50 values, so the 

results are reported as the EC20 values, and the TCDD equivalents were calculated. 
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Figure 5.9. TCDD concentration-response curves at 24 and 48 h in the AhR CAFLUX 
assay (based on 4 test bioassays) 
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The response curves in the AhR CAFLUX for the solvent extracts of RDS and BLS are 

shown in Figure 5.10. All fractions of RDS gave measurable responses in the assay, and 

induced AhR CAFLUX fluorescence activity in cells to the same maximal activity as that of 

TCDD. BLS samples were all below detection limits. The response at 48 h was markedly 

lower than at 24 h, suggesting that the cells were possibly detoxifying the compounds.   

 

The EC20s and calculated TCDD equivalents of the AhR CAFLUX assays on solvent 

extracts of whole and fractionated sediments, and unspiked water extract of total RDS, and 

spiked water-extract of whole sediments, are presented in Table 5.5. The TCDD equivalent 

concentrations of the RDS solvent-extracted samples ranged up to 3.79 × 10-14 moles 

TCDD/g sediment. These levels are consistent with though lower than other previous 

estimates of aryl hydrocarbon receptor activity in natural samples, such as 0.3× 10-9 moles 

TCDD in urban stormwater (Kennedy et al., 2010; Tang et al., 2013). As seen in Figure 5.10, 

the BLS samples were too low for quantification. In the RDS samples, the <75 μm and the 

<150 μm fractions showed higher TCDD equivalents than the coarser size fractions. As with 

the chemistry results (see Figure 5.6 above), the measured TCDD equivalents in the total 

fraction gave higher values in the AhR CAFLUX than the value calculated from the weighted 

average of the size fractions. This suggests that the extraction efficiency for the fractionated 

samples was less than in the total fractions, possibly because the large particles in the total 

fraction assisted in grinding up the fine particles and releasing more of the pollutant 

compounds.  
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Figure 5.10. AhR CAFLUX of solvent-extracted samples after 24 h (A)  and 48 h (B) 
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Diluted mineral water elutriates of both RDS and BLS showed negligible induction of AhR 

receptor activity in the AhR CAFLUX assay; the result of the whole RDS water elutriate is 

shown in Table 5.5, (other results not shown). To estimate the maximum effects that might be 

produced by the total measured concentrations of PAHs and metals in the sediments, water 

elutriates were spiked with these concentrations, alone, and in a mixture of total PAHs and 

total metals. The results (Table 5.5) show that the results were not consistent, probably 

because the quantity of aqueous samples that could be added to the assay mixture was very 

low (2 μL of sample into 100 μL well volume), so the errors in the assay were very high.  
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 Fraction  BLS  EC20 
(g sediment/mL) 

BLS TCDD 
equivalents (moles 
TCDD/g sediment) 

 RDS EC20 (g 
sediment/mL) 

RDS  
TCDD equivalents (moles 

TCDD/g sediment) 
 
 

Solvent 
extract 

 
 

< 75  > 16.89 < 1.83E-16  0.11360 2.72E-14 
< 150  > 5.36 < 5.77E-16  0.10820 2.86E-14 
< 300  > 1.19 < 2.59E-15  0.12810 2.41E-14 
< 425  > 5.02 < 6.16E-16  0.13340 2.32E-14 
< 600  > 4.45 < 6.94E-16  0.17390 1.78E-14 
total  Sample lost Sample lost  0.08161 3.79E-14 

 Compound Spiked conc. into 
BLS water 

elutriate (mole/g 
sediment) 

BLS EC20 
(g sediment/mL) 

BLS TCDD 
equivalents (moles 
TCDD/g sediment) 

Spiked conc. into 
RDS water 

elutriate (mole/g 
sediment) 

RDS EC20 (g 
sediment/mL ) 

RDS  
TCDD equivalents (moles 

TCDD/g sediment) 

Water 
extract only 

 0.00 - - 0.00 > 0.00666 < 4.64E-13 

 
 

PAH 
spiking 

 
 

Fl 4.95E-05 > 0.01004 < 3.08E-13 2.57E-03 > 0.00313 < 9.87E-13 
BkF 7.94E-05 0.00266 1.16E-12 1.11E-03 > 0.00554 < 5.58E-13 
BaP 3.97E-05 0.00033 9.46E-12 1.75E-03 > 0.00166 < 1.87E-12 
Chr 8.77E-05 > 0.00103 < 3.00E-12 6.14E-04 0.00120 2.58E-12 
Pyr 9.90E-05 > 0.02929 < 1.05E-13 1.34E-03 > 0.00222 < 1.39E-12 

Mixture of all 
compounds 

3.55E-04 - - 7.38E-03 0.00005 < 5.62E-11 

        
Metal 

spiking 
 
 

Cd 6.27E-01 > 0.00251 < 1.23E-12 7.65E-02 > 0.00125 < 2.47E-02 
Cu 4.22E-01 0.00208 1.48E-12 1.88E-02 > 0.00274 < 1.13E-12 
Pb 5.31E-02 > 0.00581 < 5.32E-13 4.20E-02 0.00150 2.07E-12 
Zn 8.93E-03 > 0.00827 < 3.74E-13 4.46E-03 > 0.01053 < 2.93E-13 
Cr 6.00E-01 > 0.00418 < 7.40E-13 4.62E-02 > 0.03103 < 9.96E-14 

Mixture of all 
compounds 

6.09E-01 > 0.01401 < 1.23E-12 5.06E-02 - - 

(-): sample lost. Values in bold are within the quantifiable range. Values are given as > or < are estimated by extrapolation 

F ti BLS EC20 BLS TCDD RDS EC20 ( RDS

Table 5.5. Results of EC20 and TCDD equivalent of AhR CAFLUX on solvent extracts of sediments and fractions, and spiked 
and unspiked water elutriates after 24 h 



CHAPTER 5. BIOAVAILABILITY AND TOXICITY OF POLLUTANTS IN EXTRACTS FROM ROAD 
DEPOSITED SEDIMENTS 

   
 

140 

5.3.5. p53 GeneBLAzer®  

 

The p53 GeneBLAzer® assay was carried out on the same samples as the AhR CAFLUX. 

For this assay, the response can be induced without apparent limit until the compounds 

become cytotoxic. Without a defined maximum response, the ECIR1.5 that causes 1.5-fold 

induction relative to control signals was derived for these assays. The general toxicity 

endpoints measured included cell viability and genotoxic potency. Mitomycin was used as 

the reference compound. The p53 cell line showed a dose response to mitomycin with 

appropriate ECIR1.5 values. (0.74 × 10-4 mg/mL), which was acceptable within the 

laboratory QA requirements (Figure 5.11). 

 

 
There was no evidence of cytotoxicity in the GeneBLAzer® assay, and the induction did not 

exceed the 10% effect threshold in any sample, indicating that both RDS and BLS were 

nontoxic to the cells and caused no genotoxicity. This is not surprising because Escher et al 

(2013) have found that this assay was not as responsive as some other assays (e.g. AhR-

CAFLUX, umuC). This bioassay is relatively new, and requires further validation work to 

improve the detection limit (Escher et al., 2013). 

 

 

Figure 5.11. Dose response (relative to solvent control) of GeneBlazer® for mitomycin 
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5.3.6. General discussion 

 

The overall results indicated that the contamination in the RDS was higher than in the BLS, 

and the observed toxicity was also higher in RDS than in BLS. Chemical analyses indicated 

that concentrations of metals and PAHs were higher in the RDS than in BLS, and finer 

fractions had higher concentrations than coarser fractions. There was no acute toxicity to 

Artemia in either RDS or BLS seawater elutriates. Water elutriates of RDS showed higher 

toxicity in the Microtox® assay than BLS elutriates. Solvent extracts of RDS showed 

measurable induction in AhR CAFLUX,, but there was no measureable response from 

solvent extracts of BLS.  There was no cytoxicity or genotoxicity in any extracts of RDS or 

BLS in the p53 GeneBLAzer. Attempts to simulate a “worst case scenario” with samples 

spiked with heavy metals and PAHs at concentrations equal to the total measured 

concentrations in the sediments showed very little effect in the AhR CAFLUX or 

GeneBLAzer, probably because the volume that could be tested was very small. 

 

Comparison with the Guidelines (ISQG (McCready et al., 2006)) indicated that the RDS 

sediment concentrations were all above levels of concern for both metals and PAHs. This was 

not reflected in any acute toxicity to Artemia, but Artemia has often been reported to be 

relatively insensitive (Dvorak et al., 2012). However, toxicity was detected in Microtox®, as 

expected because of the chemistry results. Microtox did not detect significant differences 

among the size fractions of RDS or BLS, although it is possible that there is a slight trend in 

Figure 5.8. Repetition of the experiment with more replicates might detect this trend. In AhR 

CAFLUX, however,  there was a trend for stronger effects in the finer fractions, which would 

be explained by the chemistry PAH trend in the fractions. 

 

The bioavailability of organic contaminants in sediment to benthic animals is influenced by 

physical and chemical properties of the compounds in sediment, particularly its organic 

matter content, composition and grain size distribution (Bott and Standley, 2000). The fine 

fractions move differently in runoff. Coarse fractions drop out early, and fine, more heavily 

contaminated fractions can be carried a long way, so pollutants may be concentrated in fine 

muddy sediments. Fine fractions may be eaten by sediment-feeding organisms, allowing 

uptake of toxicants via the gut pathway, as well as by water contact, increasing the potential 

bioavailability. It was, however, observed that the toxicity of spiked compounds to Artemia 
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was less in the elutriates compared with the toxicity in artificial sea water (Figure 5.7). In the 

environment, the toxicity of pollutants may be ameliorated by the presence of the sediments.  

 

Effects of light on the cytotoxicity and genotoxicity of Benzo[a]pyrene have been described 

in many studies (Botta et al., 2009; Fernandez and I'Haridon, 1994; Jiang et al., 2007). Light-

irradiated PAHs are excited to upper energy states at the origin of electron or energy transfer 

to oxygen and biological molecules and produce reactive species which may induce DNA 

damage by several mechanisms. In the environment, exposure to light would therefore 

increase the toxicity of PAH-containing sediments..  

 

5.4 Conclusions and future study 

 

The toxic effects of RDS and BLS were studied in a range of bioassays, using water elutriates 

of sediments to simulate polluted receiving waters, and solvent extracts to represent the total 

contaminant levels. Chemical analyses showed that the total concentrations of metals and 

PAHs in the RDS were above the interim sediment quality guidelines, and were higher in the 

finer size fractions. Metal and PAH levels in the BLS were well below ISQG. To establish 

baseline toxicity data, acute Artemia nauplii tests were carried out with putatively identified 

compounds (heavy metals and PAHs identified from chemical analyses of similar sediments 

in Sydney), spiked into aqueous solutions and elutriates. The toxicity order of spiked RDS 

elutriates to Artemia salina was as follows: Cr6->Pb2+>Cd2+>Cu2+>Zn2+ and 

Fl>Pyr>Chr>BaP>BbF. LMW PAHs showed greater toxicity than HMW PAHs. For spiked 

metals and PAHs, the toxicity to Artemia was significantly higher when they were tested in 

clean water than in elutriates. However, neither RDS nor BLS elutriates caused any toxicity 

in a 24-hour acute test with Artemia nauplii. In the Microtox® assay, both RDS and BLS 

elutriates showed some toxicity with TU values between 1.1-3.5 for RDS samples and 0.0-1.8 

for BLS. RDS samples were more toxic than the BLS, but there was no significant difference 

between size fractions. The response patterns in the Microtox® assays suggested effects from 

both heavy metals and organic compounds. The AhR CAFLUX bioassay, which is sensitive 

to dioxin-like compounds including PAHs, showed relatively low activity in solvent extracts 

of RDS, with slightly higher activity in the finer fractions of the sediment. In all samples of 

BLS, no detectable AhR CAFLUX activity was observed. The p53 GeneBLAzer® assay 

showed no cytotoxic or genotoxic effects from any elutriates or solvent extracts of RDS or 

BLS. 
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The results indicate that the RDS presents a greater hazard than the BLS, particularly in the 

finer size fractions. The sediments are unlikely to be acutely toxic to aquatic organisms, but 

there was some non-specific sublethal toxicity and induction of the AhR response. The AhR 

activity is indicative of dioxin-like toxicity, which can result in effects such as teratogenesis, 

immunosuppression and tumour promotion, as well as endocrine disruption (Mimura et al 

2003)(Mimura and Fujii-Kuriyama, 2003). Accumulation of RDS in estuarine sediment may 

pose a risk to benthic organisms, especially those that feed on and in the sediments. 

 

Some of the assays used in this study proved to show little sensitivity to the elutriates of the 

RDS and BLS. This suggests low toxicity, but it would be advisable to extend the study with 

more sensitive assays. In spite of its frequent use in toxicological testing, earlier studies refer 

to Artemia as a less sensitive species for ecotoxicity testing (Dvorak et al., 2012; Sorgeloos et 

al., 2001). Other tests species such as sea urchin, copepods, amphipods, may be more 

sensitive. The GeneBLAzer assay also showed no effects in this study. DNA damage and 

genotoxicity can also be measured by the umuC test (Kennedy et al., 2010), the alkaline 

unwinding assay (Georgiou et al., 2009) and the comet assay (Slameňová et al., 1999). The 

umuC test can also be used to measure the genotoxicity after metabolic activation of different 

PAH compound (such as Benzo[a] pyrene) (Macova et al., 2011). These assays can be 

valuable tools in assessing general toxicity endpoints including cell viability and genotoxicity 

as well as specific endpoints including adaptive stress response activation and can replace the 

GeneBLAzer® in future studies. 

 

A major factor that was beyond the scope of this study, was the marked increase in toxicity of 

PAHs caused by the effects of light (Arfsten et al., 1996). It would be highly recommended 

that the effects of light on the toxicity of the sediments should be tested in future work. This 

was not possible with the Microtox, AhR CAFLUX or p53 GeneBLAzer, but it would be 

possible to adapt the protocols for the Artemia, sea urchin, copepod, or amphipods tests, to 

include exposing the organisms to sunlight or controlled levels of UV radiation.  

 

 



 

 

 

CHAPTER 6 

ZEOLITE AND IRON-COATED 
ZEOLITE ADSORBENTS FOR 

REMOVING HEAVY METALS FROM 
RUNOFF WATER 

 

Much of this chapter was published in Nguyen, T.C., P. Loganathan, T. V Nguyen, S. 
Vigneswaran, J. Kandasamy, R. Naidu. (2015). Simultaneous adsorption of Cd, Cr, Cu, Pb, 
and Zn by an iron-coated Australian zeolite in batch and fixed-bed column studies. 
Chemical Engineering Journal  270: 393-404. 



CHAPTER 6. ZEOLITE AND IRON-COATED ZEOLITE ADSORBENTS FOR REMOVING HEAVY 
METALS FROM WATER 

  
 

144 

CHAPTER 6 

 

 

ZEOLITE AND IRON-COATED ZEOLITE ADSORBENTS FOR REMOVING 

HEAVY METALS FROM WATER 

 

6.1. Introduction 

 

The study reported in Chapter 3 shown that some heavy metals (Cu, Zn and Pb) accumulated 

in the RDS in Sydney and these heavy metals can be transported to nearby water bodies by 

stormwater. Therefore, these heavy metals need to be removed from the stormwater. There 

are many chemical and physical processes to remove heavy metals from water. Of these, 

adsorption is one of the promising technologies due to its high removal efficiency, and 

simplicity, provided easy availability of low-cost adsorbent can be found locally. Locally 

available zeolites have been utilized as low-cost adsorbents for the removal of heavy metals 

in many countries (Baker et al., 2009; Hamidpour et al., 2010; Wang and Peng, 2010). Wang 

and Peng (2010) presented the adsorption capacities of natural zeolites from several countries 

reported in literature for Cd, Cr, Cu, Co, Mn, Ni, Pb, and Zn. They stated that these 

information were obtained from adsorption in solutions containing only one metal which may 

not be directly applicable to real wastewater system where there are several metal ions co-

exist and they may compete with each other for adsorption. The difference in adsorption 

capacities between metals are commonly explained using hydration energy, hydrolysis 

constant, electro-negativity, and hydroxide solubility product of the metals (Minceva et al., 

2007).  
 

Some studies have shown that modification of zeolite surface by coating with iron (ICZ) can 

enhance the adsorption capacity of the zeolite for heavy metals (Dimirkou and Doula, 2008; 

Doula, 2009; Han et al., 2009; Jeon et al., 2012; Kragović et al., 2012). In batch experiments, 

Han et al. (2009) found that an iron oxide coated zeolite had greater adsorption capacity than 

zeolite for Cu. They reported that of the three models used, Thomas model described the 

adsorption of Cu on the iron oxide coated zeolite in fixe-bed column the best at all flow rates, 

initial Cu concentrations, and bed depths. Similarly, Kragović et al. (2012) showed that an 

iron oxide coated zeolite had higher adsorption capacity than zeolite for Pb. In contrast to the 
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above single-metal adsorption studies, Doula (2009) reported that an iron modified zeolite 

had higher adsorption capacities than unmodified zeolite for Cu, Zn, and Mn from a solution 

containing all these metals in batch studies. At high metals concentrations, Mn adsorption by 

both modified and unmodified zeolite decreased due to competition from Zn and Cu. They 

also found that Zn adsorption marginally decreased and Cu adsorption was similar to the 

adsorption pattern of Cu-only solution. The affinity of the metals for both modified and 

unmodified zeolite followed the order, Cu > Zn > Mn.  

 

 Most of the studies using zeolite or ICZ were conducted only in static batch experiment or 

on individual metals. Studies using fixed-bed column which are more relevant to real 

operating systems on natural waters are necessary. Results of batch adsorption studies which 

are conducted under static condition may sometimes be different from those conducted in 

dynamic column adsorption system (Loganathan et al., 2014). For example, Baker et al. 

(2009) reported that the metal adsorption capacity for a Jordanian zeolite followed the order 

Pb > Cd > Cu > Zn but the order in column adsorption system was Cd > Zn > > Pb > Cu. As 

many metals co-exist in water they can compete with each other for adsorption and therefore 

it is important to consider the simultaneous removal of co-existing metals. Therefore, the aim 

of this research was to determine the adsorption behaviour of Cd, Cu, Cr, Pb, and Zn 

individually and simultaneously on an Australian natural zeolite with and without iron-

coating, after their thorough characterisation, in batch and column experiments and determine 

the mechanisms of adsorption. Desorption of the adsorbed metals and stability of the iron-

coatings were also determined. Simultaneous adsorption of several heavy metals in fixed-bed 

columns and their modelling, and an investigation of the iron-coatings’ stability in zeolite 

during desorption of metals are novel features of this study. 

 

6.2. Materials and Methods 

 

6.2.1. Preparation of iron-coated zeolite (ICZ) 

 

The zeolite used in this study was obtained from an Australian natural deposit at Werris 

Creek, New South Wales and supplied by Zeolite Australia Pty Ltd., Australia, locally 

available low cost material. The ICZ was prepared by a method similar to that of Doula’s 

method (Doula, 2009) by mixing 20.0 g of zeolite, 100 mL of freshly prepared 1 M Fe(NO3)3, 

and 180 mL of 5 M KOH in a 2 L glass flask. KOH solution was added rapidly to Fe(NO3)3 
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with continued stirring. The suspension was diluted to 2 L with deionized water and was held 

for 60 hours in the closed polyethylene flask at 70oC. At the end of this period the reaction 

vessel was removed from the oven, and the precipitate was centrifuged, washed with distilled 

water (until free of NO3
- ions) and then dried. During the 60 h period the suspension was 

observed to be converted from a red brown colour to a compact red-brown precipitate. This 

change was explained by Doula (Doula, 2009) to be a conversion of ferrihydrite to geothite. 

 

6.2.2. Characteristic of the materials 

 

The mineralogy of the zeolite was determined using a XRD Shimadzu S6000 (Japan) 

diffractometer on powder samples of the zeolite and ICZ. The X-ray diffractometer was 

equipped with a Cu target operated at 40 kV and 30 mA with a setting of 5–45o (2θ), step 

time 2o/min. Scanning electron microscopy (SEM), Fourier transform infrared (FTIR) 

spectroscopy, surface area, and porosity measurements were also conducted on zeolite and 

ICZ. For the SEM analysis, the samples were imaged, uncoated, in a Zeiss Evo LS15 SEM 

using its variable pressure mode and an accelerating voltage of 15 kV. FTIR pattern was 

recorded using a Nicolet 6700 FT-IR Spectrometer equipped with a room temperature 

DLaTGS detector and a Nicolet FT-IR Smart System with Smart Accessories using a 

diamond crystal HATR.  

 

Surface area and porosity were determined by nitrogen-sorption measurements carried out at 

77 K with a Micromeritics 3 Flex surface characterization analyser. The BET method was 

used to calculate the specific surface area. The pore size distribution was derived from the 

adsorption branch of the isotherm by using the Barrett–Joyner–Halenda (BJH) method. 

 

Samples of zeolite and ICZ were analysed by Energy-dispersive X-ray spectroscopy (EDS). 

An EDS system called JED-2300/2300F Analysis Station was used to determine the chemical 

elemental composition. 

 

Zeta potentials were measured on the suspensions of zeolite and ICZ in deionised water at an 

ionic strength of 10-3 M NaNO3 and initial pH ranging from 3.0 to 9.0. The pH adjustment 

was made utilising 0.1 M NaOH or 0.1 M HNO3 solutions and the pH was measured using a 

portable pH meter. The suspensions were agitated in a flat shaker at a shaking speed of 120 

rpm at room temperature (25 ± 2oC) for 8 h. At the end of the period, the pH (equilibrium 
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pH) and zeta potential were determined. Zeta potential was measured using a zeta sizer nano 

instrument (Nano ZS Zen3600, Malvern, UK). 

 

6.2.3. Chemical analysis 

 

All chemicals used were of analytical reagent grade. Heavy metal nitrates, NaOH, and HNO3 

were supplied by Sigma-Aldrich, Australia (reagent grade) and they were used as received. 

Stock solutions of Pb, Zn, Cu, Cd and Cr were prepared using Pb(NO3)2, Zn(NO3)2 6H2O, 

Cu(NO3)2 5H2O, Cd(NO3)2 4H2O, and Cr(NO3)3 9H2O, respectively. The initial pH of the test 

solutions was adjusted to the desired value by using dilute solutions of 0.1 M NaOH and 0.1 

M HNO3. Heavy metal analyses were made using a Microwave Plasma-Atomic Emission 

Spectrometer (MP-AES- 4100 Agilent). 

 

6.2.4. Batch adsorption experiment 

 

6.2.4.1. Equilibrium experiments 

 

Batch mode experiments on adsorption of heavy metals on zeolite and ICZ from solutions 

containing single and mixed metals at an initial concentration of 50 mg/L and ionic strength 

of 10-3 NaNO3 was conducted at a temperature of 25 ± 2oC. Zeolite or ICZ were added to 100 

mL metal solutions contained in glass bottles to provide adsorbent loading rates of 1.0 to 25.0 

g/L. The bottles were sealed and agitated at 120 RPM for 24 hours in an orbital shaker. The 

pH of the suspension was maintained at 6.5 ± 0.2. The suspensions were filtered through a 

0.45 μm nylon syringe filter (Cole-Parmer) and heavy metals concentrations were measured 

using a Microwave Plasma-Atomic Emission Spectrometer (MP-AES- 4100 Agilent). The 

amount of heavy metal adsorption at equilibrium, qe (mg/g), was calculated using equation 

(1), 

                                        
 

 

where, Co = initial concentration of heavy metal (mg/L); Ce = equilibrium concentration of 

the heavy metal (mg/L); V = volume of the solution (L) and M = mass of adsorbent (g). The 

adsorption data were fitted to the Langmuir, Freundlich and Dubinin–Radushkevick 

adsorption isotherm which are described in Table 6.1. 

(1) 



CHAPTER 6. ZEOLITE AND IRON-COATED ZEOLITE ADSORBENTS FOR REMOVING HEAVY 
METALS FROM WATER 

  
 

148 

Table 6. 1. The models and equations used for the description of batch and column 

adsorption of heavy metals (HM) by zeolite and ICZ 

 

Method Model Equation Graphical method used to 

calculate model constant 

Batch Langmuir 

  
 = equilibrium concentration of HM (mg/L),  = 

amount of HM,   = equilibrium concentration of 

HM (mg/L),  = amount of HM adsorbed (mg/g), 

 = maximum amount of HM adsorbed (mg/g); 

KL = Langmuir constant related to the energy of 

adsorption (L/mg) 

Freundlich   

 Ce  = the equilibrium concentration of the adsorbate 

(mg/L);   qe  = the amount of adsorbate adsorbed per 

unit mass of adsorbent (mg/g); and  KF, n = 

Freundlich constants. 

Dubinin–

Radushkevick 

isotherm 

  

 qe = the amount of heavy metal adsorbed per unit 

dosage of the adsorbent (mg/g); qm= the monolayer 

capacity, and β is the activity coefficient related to 

mean sorption energy and ɛ is the Palanyi potential 

described as:  

Pseudo-first order 

kinetic  
 

 = amount of HM adsorbed at equilibrium (mg/g); 

 = amount of HM adsorbed at time, t (min) (mg/g) 

and  = equilibrium rate constant of pseudo-first 

order sorption (1/min) 
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Pseudo-second 

order kinetic   
 = amount of HM adsorbed at equilibrium (mg/g); 

 = amount of HM adsorbed at time, t (min) (mg/g) 

and   = equilibrium rate constant of pseudo-second 

order (1/min) 

 Weber and Morris  
 = amount of HMs adsorbed at time t (min) 

(mg/g); 

 = intra-particle diffusion rate constant; C = a 

constant 

Column Thomas  
= Thomas rate constant (mL/min mg), = 

equilibrium HM uptake per g of zeolite (mg/g), = 

inlet HM concentration (mg/L), = outlet HM 

concentration at time t (mg/L), M = mass of zeolite 

(g),                  

Q = filtration velocity (mL/min) and t = filtration 

time (min) 
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6.2.4.2. Kinetic experiments  

 

Batch adsorption kinetic experiments were conducted on single and mixed metals solutions at 

a heavy metal concentration of 5 mg/L each in a set of glass flasks containing 100 mL of 

heavy metal solution and adsorbent dosage of 2.0 g/L at an ionic strength of 10-3 M NaNO3 

and pH 6.5. The suspensions were agitated in a flat shaker at 120 RPM for 72 hours at room 

temperature (25 ± 2oC). Aqueous samples were taken at different time intervals and the 

concentrations of heavy metals were measured. The amounts of heavy metals adsorption at 

time t, qt (mg/g), were calculated using equation (2):  

 

    (2) 

 

where  = the initial concentration of heavy metals (mg/L);  = the concentration of heavy 

metals at time t (mg/L); V = the volume of the solution (L) and M = the mass of dry 

adsorbent (g).  

 

The adsorption data were analysed using pseudo-first and pseudo-second order kinetic 

models and the intra-particle diffusion model of Weber and Morris (Weber and Morris, 

1963). The equations for these models and the methods of calculating the model parameters 

are presented in Table 6.1. 

 

6.2.5. Column experiments 

 

Fixed-bed columns used in this study were made up of 2.5 cm inner diameter Pyrex glass 

tube with a stainless steel sieve attached to the bottom of the column, followed by a layer of 

glass beads in order to provide a uniform flow of the solution through the column. A known 

quantity (40 g) of the zeolite or ICZ was packed in the column to yield a bed height of 10 cm. 

Heavy metals solutions containing individual or mixed metals at concentrations of 5 mg/L, 

each were pumped downward through the column at a filtration velocity of 0.52 m/h (8 

mL/min) to yield a bed volume of 0.038 L and an empty bed contact time of 11.5 min, 

controlled by a peristaltic pump (Figure 6.1). The effluents at the outlet of the column were 
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collected at regular time intervals and the heavy metals concentrations were measured using a 

Microwave Plasma-Atomic Emission Spectrometer (MP-AES- 4100 Agilent).  

 

 

 

 

 

 

 

  

--------------- --------------- --------------- --------------- --------------- --------------- 

Influent inlet 

Pump 
Valve 

Therapeutic 
water with HMs 

Valve 

Pump 
Effluent outlet 

Column (Zeolite or ICZ) 

Figure 6.1. Column experimental set-up 
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6.3. Results and discussion 

 

6.3.1. Characteristics of materials 

 

The XRD and FTIR patterns of ICZ were similar to those of zeolite and therefore only 

patterns of zeolite are presented (Figure 6.2 and 6.3). The XRD spectra of zeolite showed that 

the zeolite comprised primarily of heulandite (2θ: 10.0o, 19.0o, 22.7o, 30.0o) (Deshpande and 

Bhoskar, 2012; Treacy and Higgins, 2007) and small amount of quartz (2θ: 21.0o, 27.0o, 

36.5o) (Figure 6.2) (Jamil et al., 2010; Mozgawa, 2000). X-ray diffractograms of ICZ 

revealed no notable change in the basic zeolite diffraction peaks, indicating no detectable 

damage to the zeolite framework, or the presence of additional Fe oxidic or oxo-hydroxidic 

crystalline phases resulting from the iron oxide coating of the zeolite. However, XRD cannot 

detect any amorphous Fe species that may have formed on the zeolite surface. Therefore the 

Fe coatings might have present as amorphous Fe oxides. 
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Figure 6.2. XRD patterns of zeolite 
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Figure 6.3. FTIR spectra of zeolite 

 

Figure 6.3 shows the FTIR spectra for zeolite. The peak at 1048 cm-1 is attributed to 

asymmetric O–T–O stretching vibration (vO-T-O) where T represent Si or Al (Doula et al., 

2002). The peak at 462 cm-1 is probably from the bending of the bonds inside TO4 (Doula, 

2007). The peaks at 3447 cm-1 and 1638 cm-1 can be assigned to the stretching vibration 

mode of lattice water and hydroxyl groups and OH bending vibration mode of adsorbed water 

molecules (Nur et al., 2014). 

 

The surface area (BET) of zeolite and ICZ were 15.4 g/m2 and 7.51 g/m2, respectively. The 

lower surface area of ICZ compared to zeolite is probably due to the blockage of the pores in 

zeolite by the iron oxide coatings. EDS data showed that the Fe content of ICZ was 8.46% 

while that of zeolite was only 1.03 % (Figure 6.4). 
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Figure 6. 4 (A). EDS results of Zeolite 
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Figure 6.4 (B). EDS results of ICZ 
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A distinct difference in the surface morphology of zeolite and ICZ can be observed in the 

SEM photographs (Figure 6.5). The coated zeolite surfaces were apparently occupied by 

clusters of newborn iron oxides, which were formed during the iron oxide coating process.  

 

The negative zeta potentials of zeolite at all pHs (pH 3.0 to 9.0) were higher than those of 

ICZ (Figure 6.6). The zero point of charge (pH at which the net surface charge on the particle 

is zero) of zeolite was approximately pH 2.2 whereas that of ICZ was nearly pH 5.6. This 

shows that more negative charges were available in zeolite than in ICZ. Therefore, zeolite is 

expected to adsorb more heavy metals cations than ICZ if the adsorption is due to 

electrostatic attraction (coulombic forces). However, ICZ may adsorb more heavy metals 

than zeolite if the adsorption is dominated by specific adsorption (chemical adsorption) on 

the iron oxides at the zeolite surface.  
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Figure 6.5. SEM images of zeolite (up) and ICZ (down) at 40.000 X magnification 
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Figure 6.6.  Zeta potential of zeolite and ICZ suspensions at an  

ionic strength 10-3M NaNO3 
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6.3.2. Batch experiment 

 

6.3.2.1. Batch equilibrium adsorption modelling           

 

The adsorption isotherms for individual and mixed metals showed that the adsorption 

capacity decreased in the following order: Pb > Cu > Cd > Zn, Cr (Figure 6.7 and Figure 6.8) 

and the adsorption of the metals capacities on ICZ was higher than those on zeolite. The data 

for the adsorption of all metals from single metal solution as well as from the mixed metals 

solution satisfactorily fitted to the Langmuir adsorption models. However, the fits were better 

for single metal solutions than for mixed metal solution probably because of competition for 

adsorption between metals in the mixed metals solution (Table 6.2). Competition for 

adsorption of metals is reflected in the lower Langmuir adsorption capacity for each metal in 

mixed metals system than in single metal system. The data fits to two other adsorption 

models, i.e. Freundlich (single metal solution, R2 = 0.905-0.985; mixed metals solution, R2 = 

0.450-0.876) and Dubinin-Radushkevich models (Karthikeyan et al., 2009) (single metal 

solution, R2 = 0.526-0.870; mixed metals solution, R2 = 0.682-0.971) were less satisfactory 

than the Langmuir model fits (Table 6.3 and Table 6.4). 
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 Figure 6.7. Batch adsorption isotherms for individual metals on zeolite and ICZ at ionic 
strength 10-3 M NaNO3 and pH 6.5 
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Zeolite 

ICZ 

 
Figure 6.8. Batch adsorption isotherms for metals mixture on zeolite and ICZ at ionic 

strength 10-3 M NaNO3 and pH 6.5 
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Table 6.2. Langmuir adsorption isotherm parameters for heavy metals (HM) 

adsorption on zeolite and ICZ at pH 6.5 and ionic strength 10-3 M NaNO3  

 

 HM 

Individual metal 

(Ce = 0 – 50 mg/L) 

Metals mixture 

(Ce = 0 – 30 mg/L) 

Qmax 

(mg/g) 

KL 

(L/mg) 
R2

 
 Qmax 

(mg/g) 

KL 

(L/mg) 
R2

 

Zeolite Pb 9.97 0.083 0.985  6.54 0.139 0.922 

Cu 8.53 0.200 0.937  4.34 0.417 0.743 

Cd 6.72 0.840 0.992  4.20 0.810 0.897 

Zn 5.83 0.095 0.985  3.72 0.163 0.847 

Cr 5.03 0.103 0.990  4.01 1.001 0.821 

ICZ Pb 11.16 0.157 0.982  7.63 0.059 0.938 

Cu 9.33 0.095 0.946  6.11 0.099 0.780 

Cd 7.24 0.110 0.976  4.42 0.442 0.951 

Zn 6.22 0.095 0.985  4.61 0.105 0.859 

Cr 5.47 0.092 0.983  3.89 0.594 0.932 
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Table 6.3. Freundlich isotherm model parameters for the adsorption of heavy metals on 

zeolite and iron coated zeolite (ICZ) from solutions containing individual and mixed 

metals at an ionic strength of 10-3 M NaNO3 and pH 6.0 and coefficients of 

determination for the Freundlich isotherm fit to data (R2) 

 

Metals 

Individual metal Metal mixture 

KF 

(mg/g)(L/mg)1/n 
n R2

  
KF 

(mg/g)(L/mg)1/n 
n R2

 

Zeolite Pb 1.01 1.81 0.972  1.18 2.21 0.738 

Cu 1.61 2.37 0.905  1.09 2.42 0.612 

Cd 1.04 2.24 0.982  1.51 3.28 0.450 

Zn 1.00 2.36 0.958  1.21 2.56 0.546 

Cr 1.05 2.68 0.966  0.80 2.38 0.508 

ICZ Pb 2.29 2.21 0.985  1.28 2.21 0.876 

Cu 1.85 1.09 0.964  0.81 1.93 0.722 

Cd 2.17 1.17 0.924  1.60 3.45 0.595 

Zn 1.06 2.33 0.961  1.31 2.23 0.678 

Cr 2.52 1.01 0.974  1.40 3.40 0.512 
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Table 6.4. The Dubinin–Radushkevick isotherm model parameters for the adsorption of 

individual and mixed heavy metals (5 mg/L) on zeolite and iron coated zeolite (ICZ) 

from solutions containing mixed metals at an ionic strength of 10-3 M NaNO3 and pH 6.0 

and coefficients of determination for the Langmuir isotherm fit to data (R2) 

 

Metals 

Individual metal Metal mixture 

qm  

(mg/g) 

β  

(mol2/kJ2) 
R2

 
qm  

(mg/g) 

β  

(mol2/kJ2) 
R2

 

Zeolite Pb 6.04 2 x 10-6  0.831 5.77 6 x 10-6 0.971 

Cu 4.71 4 x 10-7 0.870 4.39 5 x 10-6 0.682 

Cd 5.46 5 x 10-7 0.526 4.62 5 x 10-6 0.772 

Zn 4.27 4 x 10-6 0.793 3.62 1 x 10-5 0.815 

Cr 3.74 3 x 10-6 0.745 3.93 2 x 10-5 0.805 

ICZ Pb 7.40 5 x 10-7 0.862 5.74 3 x 10-6 0.930 

Cu 5.22 3 x 10-6 0.828 4.97 8 x 10-6 0.783 

Cd 6.06 3 x 10-6 0.789 4.29 2 x 10-6 0.746 

Zn 4.40 3 x 10-6 0.740 4.02 1 x 10-5 0.865 

Cr 3.92 3 x 10-6 0.733 4.10 5 x 10-6 0.823 
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The adsorption capacities of zeolite (Table 6.2) are comparable to those reported for zeolites 

from other countries. For example, a zeolite from Greece had Langmuir adsorption capacities 

(mg/g) of 3.5, 4.1, 4.6, and 5.9 for Zn, Cr, Cd, and Cu, respectively (Alvarez-Ayuso et al., 

2003). Another study done in South Korea revealed that a zeolite had Langmuir adsorption 

capacities (mg/g) of 6.5, 7.1, and 8.9 for Cu, Cd, and Pb, respectively (Jeon et al., 2012). The 

adsorption capacities of ICZ (Table 6.2) are higher than those of zeolites and many other low-

cost adsorbents. For example, Mishra and Patel (Mishra and Patel, 2009) reported Langmuir 

adsorption capacity values (mg/g) of 4.5, 5.0, 5.5, and 7.6 for Pb adsorption at pH 6.0 on 

kaolin, fly ash, blast furnace slag, and bentonite, respectively. The corresponding values for 

Zn were 3.1, 5.8, 3.3, and 9.1, respectively. The values reported for Cr and Pb adsorption on 

fly ash in another study at pH 5 and 6 were 4.4 and 2.5 mg/g, respectively (Gupta et al., 

2003). However, the adsorption capacities of ICZ are lower than those of nano-sized metal 

oxides, carbon nanotubes and commercial ion exchangers (Hua et al., 2012; Rao et al., 2007; 

Sounthararajah et al., 2015). Nevertheless, the advantages of zeolite and ICZ over the other 

adsorbents are their low cost and their ability to be conveniently used directly in fixed-bed 

columns, because they have larger particles and better physical stability. The adsorption 

capacities of ICZ were not very much higher than zeolite probably because the loading of fe 

onto the zeolite was not high. Higher Fe loadings may increase the adsorption capacities 

further. Future studies need to test this suggestion. 

 

The Langmuir maximum adsorption capacity order for the metals in the single metal and 

mixed metals systems was Pb > Cu > Cd > Zn, Cr. The adsorption capacities for all metals 

except for Cr were higher for ICZ than for zeolite on both single metal and mixed metals 

system. Doula et al  (2009) also reported that the adsorption of Cu was higher than Zn on a 

zeolite and a Fe-modified zeolite in single and mixed metals systems. For both metals the 

adsorption of Fe-modified zeolite was higher than that of zeolite. The adsorption capacities of 

ICZ were not very much higher than zeolite probably because the loading of Fe onto the 

zeolite was not high. Higher Fe loadings may increase the adsorption capacities. Future 

studies need to test this. 

 

The reason for ICZ having higher adsorption capacities than zeolite, despite the higher ZPC 

of the former, is that ICZ has iron oxide which specifically adsorbs heavy metals 

(Loganathan et al., 2012). The mechanism of adsorbing heavy metals on zeolite is 

predominantly outer-sphere complexation (non-specific adsorption) via the ion exchange 
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process where the counter balanced alkali and alkalai earth metal ions, Ca2+, Mg2+, Na+, and 

K+ in the exchangeable sites on zeolite are replaced by heavy metal ions (Dimirkou and 

Doula, 2008). Some heavy metal ions can also adsorb onto the terminal Al-OH and Si-OH 

surface sites by inner-sphere complexation (specific adsorption) by releasing protons (H+) 

(Dimirkou and Doula, 2008; Qiu and Zheng, 2009). In the case of ICZ the presence of iron 

oxides on the zeolite surface would have further increased the adsorption of heavy metals by 

inner-sphere complexation due to abundant Fe-OH sites in the iron oxides. Strong affinity of 

iron oxides to heavy metals has been documented in many studies (McBride, 1989). At high 

pH (pH 6-7), depending on the metal) the removal of large amounts of heavy metals is due to 

adsorption of metal hydroxide (MOH+, where M represents metal) species from solution and 

surface precipitation of metal hydroxide (Loganathan et al., 2012). Metal hydroxide species 

have higher affinity than divalent metal ions for adsorption on aluminosilicate and metal 

oxide surfaces. 

 

The order of the adsorption capacities of the metals (Pb > Cu > Cd > Zn and Cr) can be 

explained by the first hydrolysis constant of the metals (MOH+ formation) and solubility 

product of the metal hydroxides. The lower the first hydrolysis constant, the greater the 

proportion of MOH+ which has stronger adsorption than M2+ among the various metal species 

in solution. High solubility product favours precipitation of metals, especially on the surface 

of adsorbents which can occur at a pH lower than the pH of precipitation in solutions 

(Loganathan et al., 2012). Lead hydroxide has the highest solubility product and lowest first 

hydrolysis constant; consequently it had the highest adsorption capacity (Sounthararajah et 

al., 2015). The second metal which had the highest adsorption capacity was Cu. The reason 

for this is that it has the second highest solubility product and second lowest hydrolysis 

constant. 

 

6.3.2.2. Batch adsorption kinetics modelling 

 

Adsorption of all metals from single metal and mixed metals solutions on both zeolite and 

ICZ increased with time and reached equilibrium only at approximately 20 h. The kinetic 

adsorption data fitted satisfactorily to both pseudo-first and pseudo-second order models for 

both single and mixed metals system (Table 6.5 and Table 6.6). The models predicted 

equilibrium adsorption capacities were approximately equal to the corresponding 



CHAPTER 6. ZEOLITE AND IRON-COATED ZEOLITE ADSORBENTS FOR REMOVING HEAVY 
METALS FROM WATER 

  
 

168 

experimental values for both models. When the R2 values were considered, however, the 

pseudo-second order model appeared to fit the data better than the pseudo-first order model. 

The better fit of the pseudo-second order model suggests that chemical process may be the 

rate-limiting step in the adsorption (Nur et al., 2014). 

 

The intra-particle diffusion model plot of the data is shown in Figure 6.9. According to  

Weber and Morris (1963), if intra-particle diffusion occurs the plot would be linear and if the 

plot passes through the origin then the rate limiting process is only the intra-particle 

diffusion. The data, however, exhibited two or more linear portions (Figure 6.9). The first 

linear portion up to 4 hours was a fast step which can be attributed to heavy metal transport 

by  film diffusion and adsorption on the external surfaces. This is followed by a slow step 

where intra-particle diffusion of heavy metal through the pores and channels of the adsorbent 

occurs which is represented by the second straight line. As the entire plot was not linear and 

did not pass through the origin, both film diffusion and intra-particle diffusion appeared to 

have occurred simultaneously during the adsorption process. The third step which occurred 

beyond 16 hours was the equilibrium stage where the adsorption sites were saturated and the 

intra-particle diffusion process was nearly completed. 
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Table 6.5. Pseudo-first order and pseudo-second order kinetics models parameters for 

the adsorption of heavy metals (HM) onto zeolite and ICZ from single metal solutions at 

pH 6.5 and ionic strength 10-3 M NaNO3 

 

Zeolite 

HM 

Initial 

conc. 

(mg/L) 

qe 

exp. 

Pseudo-first order Pseudo-second order 

qe 

(mg/g) 

K1x10-2 

(min-1) 
R2 

qe 

(mg/g) 

K2x10-2 

(min-1) 
R2 

Pb 5.04 4.6 5.39 0.27 0.893 6.17 0.19 0.998 

Cu 5.23 4.0 2.90 0.15 0.924 4.61 0.27 0.997 

Cd 5.12 4.6 4.57 0.24 0.962 5.32 0.39 0.999 

Zn 5.10 4.0 3.25 0.25 0.953 4.54 0.46 0.999 

Cr 4.87 2.5 3.15 0.20 0.992 4.04 0.42 1.000 

 

 

ICZ 

HM 

Initial 

conc. 

(mg/L) 

qe 

exp. 

Pseudo-first order Pseudo-second order 

qe 

(mg/g) 

K1x10-2 

(min-1) 
R2 

qe 

(mg/g) 

K2x10-2 

(min-1) 
R2 

Pb 4.89 5.1 4.08 0.16 0.984 5.29 0.21 1.000 

Cu 5.23 4.9 3.05 0.21 0.983 4.92 0.35 0.992 

Cd 5.10 4.6 3.79 0.23 0.951 4.13 0.67 0.991 

Zn 5.09 4.0 3.22 0.24 0.954 3.96 0.81 0.943 

Cr 5.11 3.6 2.01 0.21 0.783 2.56 0.99 0.984 
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Table 6.6. Pseudo-first order and pseudo-second order kinetics models parameters for 

the adsorption of heavy metals (HM) onto zeolite and ICZ from mixed metal solutions 

at pH 6.5 and ionic strength 10-3M NaNO3 

 

Zeolite 

HM 

Initial 

conc. 

(mg/L) 

qe 

exp. 

Pseudo-first order Pseudo-second order 

qe 

(mg/g) 

K1x10-2 

(min-1) 
R2 

qe 

(mg/g) 

K2x10-2 

(min-1) 
R2 

Pb 4.86 4.7 4.32 0.20 0.922 5.57 0.067 0.994 

Cu 4.89 3.5 3.14 0.20 0.882 3.61 0.094 0.983 

Cd 4.85 3.7 3.45 0.23 0.983 4.30 0.067 0.981 

Zn 4.78 3.2 2.88 0.19 0.961 3.96 0.20 0.941 

Cr 5.01 2.5 1.51 0.17 0.964 2.42 0.067 1.000 

 

 

ICZ 

HM 

Initial 

conc. 

(mg/L) 

qe 

exp. 

Pseudo-first order Pseudo-second order 

qe 

 (mg/g) 

K1x10-2 

(min-1) 
R2 

qe 

(mg/g) 

K2x10-2 

(min-1) 
R2 

Pb 5.12 5.0 4.65 0.18 0.972 6.03 0.06 0.994 

Cu 5.23 3.7 2.93 0.19 0913 4.18 0.05 0.982 

Cd 5.10 4.0 4.38 0.19 0.932 4.81 0.08 0.991 

Zn 4.89 4.0 5.41 0.24 0.731 5.36 0.16 0.981 

Cr 5.07 3.01 2.84 0.17 0.972 3.55 0.13 0.993 
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Figure 6.9. Intra-particle diffusion model 

  

Zeolite 

ICZ 
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6.3.3. Fixed-bed column experiments 

 

6.3.3.1 Breakthrough curves and modelling  

 

Adsorption of single and mixed heavy metals by zeolite and ICZ is presented in the form of 

breakthrough curves (Figures 6.10 and Figure 6.11). The heavy metals breakthrough 

generally occurred faster and the breakthrough curve was steeper for Cr and Zn than the other 

metals. The time to reach the plateau of Ct/Co was significantly higher for Pb than Cd, Cu, Zn 

and Cr. The breakthrough was slowest and the breakthrough curve was least steep for Pb. 

Jeon et al. (Jeon et al., 2012) reported similar results for a zeolite and an iron-coated zeolite 

removing Cd, Cu, and Pb in column experiments where the breakthrough was not very 

different between Cu and Cd. However, there was no breakthrough for Pb when up to 800 

bed volumes were tested. It is hypothesised that Pb was removed in greater quantities, 

compared to other metals, because of its solution chemistry which was discussed under batch 

adsorption results. The order of column adsorption capacities calculated from the 

breakthrough curves (Pb > Cd, Cu > Zn > Cr) agreed fairly well with that obtained from the 

batch adsorption experiments (Table 6.7). Furthermore, the metals removal efficiencies were 

higher for ICZ (1.17-2.28 mg/g for the single metal system and 0.76-1.03 mg/g for the mixed 

metals system) than for zeolite (0.81-1.67 mg/g for the single metal system and 0.35-0.63 

mg/g for the mixed metals system) as observed in the batch adsorption study. ICZ had higher 

removal efficiencies because of the presence of iron oxides.  

 

The Thomas model satisfactorily described the breakthrough behaviour of the different heavy 

metals in both zeolite and ICZ (R2 = 0.876-0.959) (Table 6.7). The model predicted 

adsorption capacities (qo) were approximately the same as the corresponding adsorption 

capacities calculated from the breakthrough curves. For all metals, the qo values were higher 

for single than mixed metals system reflecting the competition for adsorption between metals 

in the later system.  

 

Although the column adsorption capacities calculated from the breakthrough curves and 

Thomas model predicted adsorption capacities (Table 6.7) followed the same order as the 

batch Langmuir adsorption capacities (Table 6.2) for the different metals, the former were 

much lower than the latter. This is probably due to two reasons. Firstly, the metals flowing 

through the columns have not reached equilibrium unlike in the batch equilibrium 
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experiment. Secondly, the column adsorption was determined at a lower influent solution 

metals concentration than the metals concentrations at which Langmuir adsorption maxima 

were determined. 
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Figure 6. 10. Breakthrough curves of column experiments for individual metals at pH 6.5 
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Figure 6.11. Breakthrough curves of column experiments for metals mixture at pH 5.0 
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Table 6.7. Breakthrough adsorption capacities and Thomas model parameters for 

column adsorption of heavy metals (HM) from single (pH 6.0) and mixed metals 

solution (pH 5.0) 

 

 

HM 

Individual metal Metals mixture 

Breakthrough 

adsorption 

capacity  

qe
*
 (mg/g) 

qo
** 

(mg/g) 

kTh
** 

(mL/min.mg) 
R2** 

Breakthrough 

adsorption 

capacity  

qe
*
 (mg/g) 

qo
**  

(mg/g) 

kTh
** 

(mL/min.mg) 
R2** 

Zeolite Pb 1.67 1.61 0.62 0.924 0.63 0.61 1.16 0.899 

Cd 1.32 1.29 0.66 0.894 0.52 0.52 1.06 0.876 

Cu 1.15 1.14 0.88 0.949 0.48 0.49 1.20 0.879 

Zn 1.19 1.10 0.70 0.959 0.45 0.41 1.28 0.917 

Cr 0.81 0.74 1.12 0.945 0.35 0.32 1.72 0.924 

ICZ Pb 2.28 2.03 0.54 0.959 1.03 0.95 1.04 0.954 

Cd 1.89 1.82 0.58 0.933 0.93 0.86 1.08 0.940 

Cu 1.70 1.70 0.66 0.948 0.89 0.83 1.04 0.946 

Zn 1.66 1.61 0.50 0.919 0.83 0.75 1.06 0.933 

Cr 1.17 1.08 0.92 0.949 0.76 0.67 1.14 0.957 

qe: breakthrough adsorption capacity (mg/g), qo: maximum adsorption capacity (mg/g) 
*: Thomas model parameters 
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6.3.3.2. Desorption of metals and regeneration of zeolite and ICZ 

 

Desorption of metals previously adsorbed on zeolite and ICZ columns by elution with 0.1 M 

HCl removed 62-90% and 58-85% of adsorbed metals on zeolite in the first and second 

cycles of adsorption/desorption, respectively (Table 6.8). The corresponding values for ICZ 

were 64-93% and 49-85%, respectively. Desorption peaked at around 10-15 bed volumes 

(40-60 min) and was completed in less than 40 bed volumes (Figure 6.12, Table 6.8). Despite 

a large percentage of adsorbed metals being desorbed, the adsorption capacities declined in 

the second cycle, particurlarly for ICZ. Han et al. (Han et al., 2009) reported that the 

adsorption capacity of an iron oxide-coated zeolite for Cu decreased in the second cycle after 

desorption of Cu by 1 M HCl. The reason for the higher reduction in adsorption capacities of 

ICZ compared to zeolite is probably because some iron oxide coatings in ICZ dissolved in the 

acidic condition of 0.1 M HCl. The Fe concentration in the leachate from the ICZ column 

was about 80 times higher compared to that in zeolite (Table 6.8). Fe dissolved from the iron 

coatings in the first cycle was 10% of Fe originally present in ICZ (Fe content in ICZ = 8%, 

total Fe in desorbed solution = 0.081 mg/g). In comparison, Fe dissolved in the second cycle 

was much lower (0.75%). Although the regeneration of ICZ reduced the adsorption capacity, 

partly because of the iron coatings being dissolved, the adsorption capacity of the regenerated 

ICZ was still higher than that of the original zeolite (Figure 6.13). 
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Table 6. 8. Heavy metals adsorption and their desorption by 0.1 M HCl in zeolite and 

ICZ fixed-bed columns and leaching of Fe during desorption (column height 12 cm, 

adsorption and desorption flow velocity 1.0 m/h, adsorption after 300 bed volumes, 

desorption after 40 bed volumes) 

* % desorption = Amount desorbed/Amount adsorbed × 100 

Zeolite (Z) 

HM 

1st cycle 2nd cycle 

Adsorptio

n (mg/g) 

Desorptio

n (mg/g) 

Desorpt

ion (%) 

* 

Fe in 

leachate 

(mg/g Z) 

Adsorption 

(mg/g) 

Desorption 

(mg/g) 

Desorpt

ion (%) 

* 

Fe in 

leachate 

(mg/g Z) 

Pb 0.63 0.57 90 0.001 0.52 0.44 85 0.001 

Cu 0.48 0.31 65 0.001 0.34 0.21 62 0.001 

Cd 0.52 0.37 71 0.001 0.37 0.23 62 0.001 

Zn 0.45 0.28 62 0.001 0.34 0.21 62 0.001 

Cr 0.35 0.23 66 0.001 0.26 0.15 58 0.001 

  

  

ICZ 

H

M 

1st cycle 2nd cycle 

Adsorption 

(mg/g) 

Desorption 

(mg/g) 

Desorption 

(%) * 

Fe in 

leachate 

(mg/g ICZ) 

Adsorption 

(mg/g) 

Desorption 

(mg/g) 

Desorpti

on (%) * 

Fe in 

leachate 

(mg/g ICZ) 

Pb 1.03 0.96 93 0.081 0.61 0.52 85 0.006 

Cu 0.89 0.69 78 0.081 0.53 0.33 62 0.006 

Cd 0.93 0.65 70 0.081 0.54 0.35 65 0.006 

Zn 0.83 0.62 75 0.081 0.48 0.33 69 0.006 

Cr 0.76 0.49 64 0.081 0.47 0.23 49 0.006 
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Figure 6.12. Heavy metals concentrations in desorbed solutions from zeolite and ICZ 

columns and Fe concentration in desorbed solutions of ICZ column for 2 adsorption 

and desorption cycles (open symbols- cycle 1; closed symbols- cycle 2) 
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Figure 6.13. Heavy metals concentrations in desorbed solutions from zeolite and ICZ 

columns and Fe concentration in desorbed solutions of ICZ column for 2 adsorption 

and desorption cycles (open symbols- cycle 1; closed symbols- cycle 2) 

 

 

6.4. Conclusions  

 

Iron oxide coating of an Australian zeolite (ICZ) increased the heavy metal adsorption 

capacity compared to natural zeolite in both batch and column adsorption capacity 

experiments whether adsorption was from individual or mixed metals solution. The 

adsorption reaction can be satisfactorily described by both the pseudo-first-order and the 

pseudo-second-order kinetic models with the data fit slightly better for the latter model, 

suggesting a chemical adsorption. Data fit to a diffusion model suggested that adsorption was 

also governed by intra-particle diffusion. The Langmuir adsorption capacity of the metals for 

both ICZ and Z at pH 6.5 was Pb > Cu > Cd > Cr, Zn. The column adsorption capacity 

followed the order of Pb > Cd > Cu > Zn > Cr as calculated from the breakthrough curves as 

well as using Thomas model. In the mixed metals adsorption the adsorption capacity 

decreased at high concentrations of metals probably due to competition between metals for 

adsorption. Overall, both zeolite and ICZ displayed a high affinity for Pb, Cd and Cu, but 
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were less effective at removing Zn and Cr. Leaching of used ICZ and zeolite columns with 

0.1 M HCl, desorbed a large percentage of the adsorbed metals and dissolved 10% Fe from 

the ICZ. However, the adsorption capacities got reduced in the second adsorption/desorption 

cycle, more so for ICZ, probably due to dissolution of some iron coatings in the acidic 

conditions of HCl. Despite this, the adsorption capacity of the regenerated ICZ was still 

higher than that of the original zeolite. 
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CHAPTER 7 

 

INDUSTRIAL BY-PRODUCT ADSORBENTS FOR REMOVING 

HEAVY METALS FROM WATER 

 
7.1. Introduction 

 

The Asian Pacific region is subject to rapid changes and economic growth. One of the 

consequences is rapid industrialisation and urbanisation of the population. This puts 

high pressure on waters by increasing use and pollution. One of the economic means of 

removing heavy metals from water is the use of low-cost adsorbents. Several review 

papers have summarized the adsorption capacities of heavy metals on low-cost 

adsorbents (Ahmaruzzaman, 2008; Ahmaruzzaman, 2011; Babel and Kurniawan, 2003; 

Bailey et al., 1999; Gupta and Ali, 2012; Kurniawan et al., 2006; Wang et al., 2003). 

Among the low-cost adsorbents, industrial by-products played a very important role in 

the metal removal process not only because of their low cost but also of their disposal 

problem causing environmental pollution which is partly solved by using this process. 

 

Fly ash is a by-product of coal industry and has been widely used as a low-cost 

adsorbent for the removal of heavy metals. The use of fly ash for removal of heavy 

metals from industrial wastewaters was reported many decades ago (Gangoli et al., 

1975; Grover and Narayanaswamy, 1982). Removal of Cr ions, including Cr6+ and Cr3+ 

using fly ash has been investigated by several researchers and the effects of initial 

concentrations, fly ash dosage, contact time, and pH on the removal of Cr were reported 

(Bhattacharya et al., 2006; Kelleher et al., 2002; Panday et al., 1985; Rao et al., 2002). 

Bhattacharya et al. (2006, 2008) studied the removal of Cr6+ and Zn2+ from aqueous 

solutions using fly ash (Bhattacharya et al., 2008) and found that fly ash had a higher 

adsorption capacity for Zn2+, as compared to Cr6+. It was observed that the percentage 

removal of Cr6+ by fly ash is affected by its concentration in aqueous solution, 

temperature, particle size, and pH. 
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According to Bayat (2002), the higher the Ca content in the fly ash the higher  the 

adsorption capacity of heavy metals (Zn2+, Cu2+, Cd2+, Pb2+, Ni2+, Cr3+, and Cr6+). This 

researcher demonstrated that the adsorption capacity of Turkish fly ashes for 6 heavy 

metals were in the order: Zn2+ > Cu2+ > Ni2+ and Pb2+ > Cd2+ > Cr2+. The high Pb2+ 

removal observed in the experiments was attributed to precipitation, with a moderate 

contribution from physical adsorption and/or other mechanisms. Adsorption of heavy 

metals on fly ash was best described by the Langmuir model (Banerjee et al., 2003; 

Bayat, 2002; Bhattacharya et al., 2008; Hui et al., 2005).  Bhattacharya et al. (2008) 

compared the adsorption capacity of fly ash with that of 6 other adsorbents and found 

that its adsorption capacity was (23.9 mg/g) nearly the same as adsorption capacities of 

other adsorbents (19.6 – 26.3 mg/g). The adsorption of Cr3+ on fly ash was endothermic 

and kinetic studies suggested that the overall rate of adsorption was explained by 

pseudo-second order model (Bhattacharya et al., 2008b; Kelleher et al., 2002; Wu et al., 

2008). Apak et al. (1998) compared the adsorption capacity of fly ash and red mud and 

showed that fly ash had lower adsorption capacity than red mud for the removal of Cu, 

Pb and Cd. They also studied the single metal and mixed metals (competitive 

adsorption) adsorption of Pb2+, Cu2+ and Cd2+ by fly ash and showed that the adsorption 

affinity of the metals in both the single and mixed metals systems followed the order 

Cu2+ > Pb2+ > Cd2+. They explained this as due to energetic reasons in which hydroxo-

metal complexes and hydroxides formed at a pH just below the precipitation limit in 

solution tend to adsorb on hydrous oxide-type sorbents with higher affinity. The degree 

of the insolubility of the metal hydroxides (expressed as the pKso of the corresponding 

metal hydroxide) approximately followed the same order of adsorption of the metals. 

 

Panday et al. (1985) reported that coal fly ash from thermal power plant had high 

adsorption capacity for Cu2+ and could be used as a low-cost adsorbent for the removal 

of Cu from water. The presence of organic pollutants such as humic acid significantly 

affected the heavy metals removal capacity of fly ash. In the presence of humic acid, 

complexation of humic with heavy metal decreased the adsorption capacity of the latter 

(Wang et al., 2008). 

 

Steel plant produces large volumes of blast furnace slag as a by-product, causing a 

serious disposal problem. Blast furnace slag has high adsorption capacity for heavy 
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metals because of the presence of Al and Fe oxides in them (Dimitrova and 

Mehandgiev, 1998; Gupta, 1998). Dimitrova (1996) studied the adsorption of Cu2+, Ni2+ 

and Zn2+ ions from simulated wastewater using blast-furnace slag and found that the 

Freundlich adsorption constant related to the adsorption capacities for Cu2+, Ni2+ and 

Zn2+ were 8.2 × 10-3, 4.2 × 10-3, and 5.2 × 10-3 (mg/g)(L/mg)1/n, respectively. They 

explained that these high adsorption capacities as due to metals adsorbing as hydroxide 

complexes and the formation of insoluble compounds on the internal surface of 

adsorbent. Feng et al. (2004) investigated Cu2+ and Pb2+ removal from simulated 

wastewater using iron slag and/or steel slag and found that the adsorption of both metals 

on the two slags satisfactorily followed the Langmuir isotherm. The maximum 

adsorption capacity (88 mg/g for Cu2+ and 95 mg/g for Pb2+) was obtained at pH 5.5 

(for Cu2+) and 6.0 (for Pb2+) on iron slag. For steel slag, the corresponding values for 

Cu2+ and Pb2+ were 16 and 32 mg/g, respectively. Another study by Mishra and Tiwari  

(2009) showed that sodium hydroxide treated fly ash and furnace slag had high 

adsorption capacities for Pb2+ and Zn2+. Base treatment can dissolve the minerals in 

carbon and thus increase the pore volume and surface area of fly ash sample, leading to 

an increase in adsorption. Langmuir adsorption capacities for Pb2+ and Zn2+ in single 

metal system for fly ash were 4.98 and 5.82 mg/g, respectively and furnace slag were 

5.52 and 3.25 mg/g, respectively. The metals removal observed in these experiments 

was attributed to precipitation, with a moderate contribution from physical adsorption or 

other mechanisms.  

 

Table 7.1 presents adsorption capacities of heavy metals on fly ash and furnace slag 

reported in literature. The literature shows that in most cases, the equilibrium adsorption 

of heavy metals on fly ash and furnace slag generally followed the Langmuir adsorption 

isotherm and kinetics data followed the pseudo-second order model.  

 

Most studies on heavy metals removal by fly ash and furnace slag have been performed 

in batch experiments and only a few have been reported in fixed bed column systems 

which are more relevant to real operating treatment systems in natural waters 

(Bhattacharya et al., 2008; Mishra and Patel, 2009). Moreover, simultaneous removal of 

several heavy metals from their mixtures in both batch and column adsorption 

conditions is rare. The simultaneous removal of several heavy metals is important as 
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most wastewaters contain more than one heavy metal and there can be competition for 

adsorption between metals. So, this study aimed to determine the adsorptive removal 

efficiencies in single and mixed metals systems in twater using column adsorption 

conditions. 

 

This study was undertaken to investigate the adsorption of five heavy metals (Cu, Cd, 

Pb, Zn and Cr) using fly ash and furnace slag in single and mixed metals solutions. The 

specific aims of this study were to (i) study the feasibility of using fly ash and furnace 

slag as adsorbents for the removal of the five different heavy metal ions from aqueous 

solutions in single and mixed metals systems, (ii) study the effect of initial pH on the 

adsorption process, (iii) model the equilibrium and kinetic batch adsorption data, and 

(iv) investigate the breakthrough curves obtained in the column adsorption study and 

describe the data using Thomas model.  
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Adsorbent Adsorbate Adsorption 
method pH, temp. 

Langmuir 
adsorption 

capacity (mg/g) 
Best kinetic model Best equilibrium 

model References 

Fly ash 
impregnated Fe Zn2+ Batch 6.5, 30–

60oC 6.5–13.3 Intraparticle 
diffusion Langmuir isotherm Banerjee et al. (2003)

Fly ash 
impregnate Al Zn2+ Batch 6.5, 30–

60oC 7.5-15.5 Intraparticle 
diffusion Langmuir isotherm Banerjee et al. (2003)

Fly ash Zn2+ Batch 6.5, 30–
60oC 7.0–15.4 Intraparticle 

diffusion Langmuir isotherm Banerjee et al. (2003)

Fly ash  Zn2+ Batch 2.0-8.0; 10-
30oC 0.25 – 2.8 Intraparticle 

diffusion Langmuir isotherm Bayat (2002) 

Fly ash  Cd2+ Batch 2.0-8.0; 10-
30oC 0.25 – 2.8 Intraparticle 

diffusion Langmuir isotherm Bayat (2002) 

Bagasse fly ash Cd2+ Batch 6.0; 30oC 1.24-2.00  Langmuir isotherm Gupta et al. (2003) 

Fly ash Zn2+ Batch 6.0-7.5; 
25oC 0.068 – 0.75 Pseudo-2nd-order Langmuir isotherm Weng and Huang (2004) 

Fly ash Zn2+ Batch - 14.30 Pseudo-2nd-order Langmuir isotherm Bhattacharya et al. (2006) 
Fly ash Zn2+ Batch 30 - 50oC 1.24 – 2.00 Pseudo-2nd-order Langmuir isotherm Gupta et al. (2003) 

Coal fly ash Zn2+ Batch - 4.64 Pseudo-2nd-order Langmuir isotherm Weng and Huang (2004) 
Fly ash Pb2+ Batch 25oC 47.3  Langmuir isotherm Wang et al. (2009) 

Fly ash washed Pb2+ Batch 25oC 483.4 Pseudo-2nd-order  Ricou et al. (1998) 
Fly ash acid Pb2+ Batch 25oC 437.0 Pseudo-2nd-order  Ricou et al. (1998) 

Fly ash Cu2+ Batch 20oC 0.34-1.35 Pseudo-2nd-order  Bayat (2002) 
Fly ash Cu2+ Batch 20 oC 0.09-1.25 Pseudo-2nd-order  Bayat (2002) 

Bagasse fly ash Cu2+ Batch 30÷50oC 2.26-2.36 Pseudo-2nd-order  Gupta and Ali (2000) 
Fly ash Cu2+ Batch 5.0; 25oC 2.2-2.8 Pseudo-2nd-order Langmuir isotherm Lin and Chang (2001) 
Fly ash Cu2+ Batch 25oC 82.7  Langmuir isotherm Wang et al. (2009) 
Fly ash Cr3+ Batch 20÷40oC 53.6-102.4  Langmuir isotherm Cetin and Pehlivan (2007) 

Bagasse fly ash Cr3+ Batch - 4.25   Gupta et al. (2001) 
Fly ash Cr6+ Batch 2.0; 30oC 1.4   Banerjee et al. (2003)

Fly ash 
impregnated Al Cr6+ Batch 2.0; 30oC 1.8  

 
Banerjee et al. (2003)

Fly ash 
impregnate Fe Cr6+ Batch 2.0; 30 oC 1.7   Banerjee et al. (2003)

 

Fly ash Cr6+ Batch 2.0÷3.0; 30 

oC 23.86 Pseudo-2nd-order  

Bhattacharya et al. (2008) 
 
 
 

Table 7. 1. Literature on comparison of heavy metals removal efficiencies of fly ash and furnace slag adsorbents 
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Furnace slag Zn2+ Batch 4.2; 25 oC 103.33   
Dimitrova (1996) Furnace slag Cu2+ Batch 4.2; 25 oC 133.35   

Furnace slag Ni2+ Batch 4.2; 25 oC 55.76   

Furnace slag Pb2+ Batch 4.2; 25 oC 133.35   Dimitrova and Mehandgiev 
(1998) 

Clarified slag Zn2+ Batch 25 oC 1..53  Langmuir isotherm Bhattacharya et al. (2006) 
Steel slag Cu2+ Batch 30 oC 11.23 Pseudo-2nd-order  Gupta (1998) 

Blast furnace slag Cu2+ Batch 30 oC 10.57 Pseudo-2nd-order Langmuir isotherm Ortiz et al. (2001) 
Steel slag Pb2+ Batch 30 oC 40 Pseudo-2nd-order Langmuir isotherm Srivastava et al. (1997)

Iron slag Cu2+ Batch 3.5÷8.5; 30 

oC 88.50 Pseudo-2nd-order Langmuir isotherm Feng et al. (2004) 

Activated slag Cu2+ Batch 3.5÷8.5; 30 

oC 88.50 Pseudo-2nd-order Langmuir isotherm Feng et al. (2004) 

Furnace slag Cr6+ Batch 1.0; 30 oC 1.45 Pseudo-2nd-order Langmuir isotherm Srivastava et al. (1997)
Furnace slag Cr6+ Batch 1.0; 40 oC 1.76 Pseudo-2nd-order Langmuir isotherm Srivastava et al. (1997)

Activated slag Ni2+ Batch 30 oC 112.2 Pseudo-2nd-order Langmuir isotherm Erdem et al. (2004) 

Furnace slag Zn2+
Table 7.1  (Cont.) 
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7.2. Materials and methods 

 

7.2.1. Adsorbents 

 

Fly ash and furnace slag (Figure 7.1) were obtained from Coal Ash Development Association 

of Australia Inc and Australasian (iron and steel) Slag Association (ASA), respectively. 

Furnace slag used in this study was produced from BlueScope Steel in Port Kemble, NSW, 

Australia, which is an abundant by-product in steel-making process. The chemical 

compositions of these materials are presented in Table 7.2. Fly ash had higher SiO2 and Al2O3 

contents than furnace slag but the latter had higher CaO and Fe2O3 contents. 

 

Zeta potentials of the adsorbents were measured in 10 mL suspensions containing 1.0 g 

adsorbent at different pHs after shaking the suspensions for 8 hours. Zeta potential was 

measured using a Zetasizer nano instrument (Nano ZS Zen3600, Malvern, UK) after 

measuring the final pH. Surface area and porosity were determined by nitrogen-sorption 

measurements carried out at 77 K with a Micromeritics 3 Flex surface characterisation 

analyser. The BET method was used to calculate the specific surface area of the adsorbents. 

The pore size distribution was derived from the adsorption branch of the isotherm by using 

the Barrett–Joyner–Halenda (BJH) method. 

 

The furnace slag was treated with hydrogen peroxide at 60°C for 24 h to oxidize the adhering 

organic matter. It was then washed with de-ionized water, dried at 100°C, powdered, and 

sieved to produce desired particle sizes (100–150, 150–300 and 300–450 μm) and then 150- 

300 μm size of furnace slag was chosen for the study. The fly ash obtained from Coal Ash 

Development Association of Australia Inc had a particle size of 10-20 μm and this adsorbent 

was used in this study. 
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Figure 7. 1. Fly ash and furnace slag used in the study 

 

 

Table 7. 2. The chemical composition (%) of fly ash and furnace slag 

 

 

 MnO Fe2O3 Al2O3 SiO2 CaO MgO Cr2O7 Other 

Fly ash - 1.26 25.90 56.04 2.20 0.94 - 13.66 

Furnace 

slag 
3.29 28.83 0.18 22.33 32.73 10.00 0.20 2.44 

 

 

7.2.2. Batch experiments 

 

7.2.2.1. Equilibrium adsorption 

 

Adsorption of heavy metals onto the adsorbents was studied in batch experiments by shaking 

0.01 to 2.0 g of adsorbents with metals, each at an initial concentration of 5 mg/L, in 100 mL 

solutions at a pH of 6.5 and ionic strength of 10-3 M NaNO3 at 25 ± 2oC for 24 h and filtering 

the suspensions. The filtrates were analysed for heavy metals concentrations using a 

Microwave Plasma-Atomic Emission Spectrometer (MP-AES- 4100 Agilent) and amounts of 

metals adsorbed were determined as described in Chapter 6. Similar experiments were 

conducted at the pH range of 2.0 – 9.0 to determine the effect of pH on adsorption. The 

Fly ash                   Furnace slag 
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adsorption data were fitted to the Langmuir, Freundlich and Dubinin–Radushkevick 

adsorption isotherms which were described in Chapter 6. 

 

7.2.2.2. Kinetic of adsorption 

 

Kinetics of adsorption were studied by shaking 100 mL nitrate solution of each metal at a 

concentration of 5 mg/L and 0.5 g/L adsorbent dose for different times (10 min to 14 h) at an 

ionic strength of 10-3 M NaNO3 and pH 6.5 at 25 ± 2oC. Amounts of metals adsorbed were 

determined as in 7.2.2.1. 

 

7.2.2.3. Effect of pH on adsorption 

 

In order to investigate the effects of pH on metal ion adsorption, the pH of the metal ion 

solution (5 mg/L in 100 mL) was adjusted to different values (2, 3, 4, 5, 6, 7, 8 and 9) by 

adding required amounts of dilute NaOH or HCl solution. pH was measured using a HQ40d 

portable pH meter. 0.5 g of adsorbent was added to the pH adjusted solution and the 

suspensions were agitated in a flat shaker at a shaking speed of 120 rpm for 12 h at room 

temperature (25 ± 2oC ) and the amounts of metals adsorbed were determined as described in 

7.2.2.1. 

 

7.2.3. Column experimental set-up 

 

The fixed-bed column used for the experiments consisted of 2.0 cm inner diameter Pyrex 

glass tubes. Column adsorption experiments were conducted by passing solutions of Zn, Cu, 

Cd, and Pb at concentrations of 5 mg/L each metal through the column containing 80 g of 

furnace slag and 80 g of sand mixed together and packed to a height of 12 cm. Column 

experiment was not conducted on fly ash because it was not possible to pack fly ash in the 

column and maintain a constant flow of solution through the column. The fly ash formed a 

cake and blocked the water flow.  

 

Tap water was spiked with heavy metals, one metal at a time, at a concentration of 5 mg/L 

each, at pH 5.0. Tap water (ionic strength of 95.1 mg/L) was utilised instead of distilled water 

at the ionic strength of 10−3 M NaNO3 as in the batch study because large volumes of distilled 

water that were required for the long-term column study were not available. Experiments 
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were conducted by filtering metals-spiked tap water at a velocity of 20 mL/min (1.0 m/h) in 

the gravity flow mode with two peristaltic pumps; one before the water enters the column and 

the other when the water leaves the column as described in Chapter 6. The empty bed contact 

time (EBCT) at this filtration velocity was 15.7 min. Samples were collected at 1 h and 

thereafter every 2 h and analysed for pH and heavy metals concentrations. The experiments 

were repeated with a mixture of heavy metals with each metal at a concentration of 5 mg/L. 

The maximum column adsorption capacity, qtotal (mg) for a given feed concentration is equal 

to the area under the plot of the adsorbed metal concentration, Cad (Cad = Co − C) (mg/L) 

versus time (t, min) (Co is inlet heavy metal concentration, C is outlet heavy metal 

concentration) and was calculated manually from the breakthrough curves using Microsoft 

Excel spread sheet according to Equation (1) where Q is the flow rate of the solution (L/min): 

 

                      (1) 

 

The effluents were collected periodically for 60 h and analysed for heavy metals using MP-

AES.  
 

 

7.3. Results and discussions  

 

7.3.1. Characterization of furnace slag and fly ash  

 

Fly ash is a heterogeneous material consisting largely of small spheres, formed by the 

condensation of aluminous and siliceous glass droplets in the air. BET surface area of fly ash 

was 2.82 m2/g while that of furnace slag was 1.06 m2/g.  

 

 



CHAPTER 7. INDUSTRIAL BY-PRODUCT ADSORBENTS FOR REMOVING HEAVY METALS 
FROM WATER 
 

  
 

192 

 
 

Figure 7. 2. Zeta potential of fly ash and furnace 

 

 

Zeta potential values showed that the fly ash and furnace slag particles were positively 

charged at low pH's and negatively charged at high pH's (Figure 7.2). The point of zero 

charge (PZC) of fly ash was at a pH of 3.0 and that of furnace slag was at a pH of 6.0. 

Therefore, it can be expected that positively charged metal ions are likely to adsorb by 

Coulombic forces (outer-sphere complexation) onto the negatively charged fly ash particles 

at pH above 3.0 and above pH 6.0 in furnace slag. However, adsorption by other forces 

(inner-sphere complexation) can occur at all pHs independent of the PZC. The high content 

of SiO2 in fly ash (Table 7.2) might have resulted in the low PZC of fly ash. In comparison to 

fly ash, the furnace slag had a higher PZC, probably due to the high contents of Fe and Ca 

oxides. SiO2 is known to have PZC of 3.6 (Hommer 2009), Fe2O3 of pH 7.9 (Nagata et al. 

2009) and CaO 10.5 (Azgomi. 2014). 
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7.3.2. Effect of pH on adsorption 

 

Increase of pH increased metals adsorption. For fly ash, abrupt increase in adsorption of all 

metals occurred at pH 5.5-7.0, whereas for furnace slag, this occurred at pH 4.0-6.0 (Figures 

7.3 and 7.4). The lower pH range where abrupt increase in adsorption occurs for furnace stag 

cannot be due to increase in negative surface charges on the adsorbent because the pH at 

which negative charges start to increase was higher for furnace slag compared to fly ash 

(Figure 7.2). There is practically no removal of metals at pH lower than 3.0 which may be 

due to the presence of high concentration of H+ at low pH that compete with the metals and 

lower number of negative surface charge on the adsorbents. The abruption increase in 

adsorption at pH 4.0-7.0 is due to the formation of metal hydroxide precipitation on the 

surface of the adsorbents and adsorption of metal hydroxide complex (MOH+) whose 

concentration increase at pH 5.0-7.0 depending on the metal (Sounthararajah et al. 2015).  

 

The pH of precipitation is governed by the solubility product of the metal hydroxide (pKso) 

and pH of metal hydroxide complex formation which is determined by the first hydrolysis 

constant (pK1) (Table 7.3). The higher the pKso value, the lower is the pH of metal hydroxide 

precipitation. Chromium hydroxide having the lowest pKso value  (Table 7.3) precipitates at 

higher pH and therefore the abrupt increase in adsorption occurs at a higher pH than other 

metals. The trend is opposite of Pb which has the highest pKso value. Similarly, the lower the 

pK1 value, the lower is the pH at which metal hydroxide complex starts to form. 
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Figure 7. 3. Effect of pH on the adsorption of heavy metals by fly ash (FA)  

and furnace slag (FS)  
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Table 7.3. Some characteristics of heavy metal ions 

 

Metal 
Solubility products of metal 

hydroxides (pKso) 

First hydrolysis 

constants (pK1) 
References 

Zn2+ 16.5 8.96 Walker et al. (2012) 

Cu2+ 19.3 7.96 Rao (2011) 

Cd2+ 14.4 10.08 Barnum (1983) 

Pb2+ 19.9 7.71 Baes (1976) 

Cr2+ 9.6* 8.30** *Rao et al. (1998) 
**Orlov et al. (2013) 

 

 

7.3.3 Equilibrium adsorption batch study 

 

The adsorption experiments for different doses of adsorbents were carried out at the 

concentration of 5 mg/L for all metals at pH 6.5. The plots of amount adsorbed vs 

equilibrium metal concentration are shown in Figure 7.4. As the concentration of heavy 

metals increased, the amount adsorbed on furnace slag and fly ash increased to reach a 

maximum of 3.3-3.8 and 3.0-3.5 mg/g, respectively. Equilibrium adsorption of all metals at 

pH 6.5 was successfully described using Langmuir, and Freundlich models and poorly by 

Dubinin-Radushkevich model. Freundlich model fitted the data slightly better than the 

Langmuir model (Table 7.4). The Langmuir maximum adsorption capacities for the metals 

followed the order, Pb > Cu > Cd, Zn and Cr. Despite furnace slag having a higher PZC than 

fly ash the adsorption capacities for the metals were generally higher for furnace slag (4.3 – 

5.2 mg/g) than for fly ash (3.4 – 5.1 mg/g). This shows that electrostatic adsorption was not 

the main mechanism of adsorption. Also, despite the surface area of fly ash was higher than 

that of furnace slag, the adsorption capacities were lower for fly ash. Therefore, rather than 

total surface available for adsorption, the number of active sites available for adsorption is 

important. The reason for furnace slag to have higher adsorption capacities is that furnace 

slag has higher content of iron oxide which specifically adsorbs heavy metals. The Langmuir 

adsorption capacities of both fly ash and furnace slag are lower than those of zeolite and ICZ 

reported in Chapter 6 (Table 6.3). 

 



CHAPTER 7. INDUSTRIAL BY-PRODUCT ADSORBENTS FOR REMOVING HEAVY METALS 
FROM WATER 
 

  
 

196 

 

 
Figure 7.4. Batch adsorption isotherms for metals on fly ash (FA) and furrnace slag 

(FS) at ionic strength 10-3 M NaNO3 and pH 6.5 
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Table 7.4.  Adsorption isotherm parameters for heavy metals adsorption  

on fly ash (FA) and furnace slag (FS)  

 

 Metals 

Langmuir Freundlich Dubinin–Radushkevick 

qmax 

(mg/g) 

KL 

(L/mg) 
R2

 n 
KF(mg/g) 

L/mg)1/n 
R2

 
qm 

(mg/g) 

β 

(mol2/kJ2) 
R2

 

FA Cd 3.78 0.86 0.8906 1.86 1.44 0.9670 2.03 4 x 10-8 0.8069 

Cr 3.53 0.73 0.9172 1.90 1.26 0.9754 1.63 3 x 10-8 0.6871 

Cu 4.49 0.44 0.8843 1.60 1.19 0.9916 1.94 6 x 10-8 0.7721 

Pb 5.11 0.42 0.9091 1.46 1.33 0.9804 2.32 7 x 10-8 0.8349 

Zn 3.40 0.62 0.8714 1.67 1.13 0.9435 2.86 6 x 10-8 0.5761 

FS Cd 5.05 0.44 0.7939 1.58 1.37 0.9549 1.92 4 x 10-8 0.6766 

Cr 4.83 0.47 0.9023 1.51 1.33 0.9075 2.06 5 x 10-8 0.7647 

Cu 5.22 0.68 0.9773 1.62 1.77 0.9890 2.62 5 x 10-8 0.8670 

Pb 4.93 0.86 0.8999 1.80 1.83 0.9925 2.54 3 x 10-8 0.8527 

Zn 4.26 0.78 0.8960 1.99 1.53 0.9806 1.92 2 x 10-8 0.6922 

 

qmax:maximum amount of the adsorbate per unit weight of the adsorbent (mg/g); KL: 

Langmuir constants; KF and n: Freundlich constants; qm: the monolayer capacity; β: activity 

coefficient; R2: coefficient of determination 
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7.3.4. Kinetic adsorption batch study 

 

In adsorption kinetics, the adsorption capacity increased with increasing reaction time until it 

reached equilibrium (Figure 7.5). For both adsorbents, rapid removal of all heavy metals 

occurred in the first 2 hours, and then it slowed down and reached equilibrium at 

approximately 8 hours. This may be due to the fact that initially all adsorbent sites were 

vacant and the heavy metals concentration gradient was high. Later, the metal uptake rate by 

adsorbent decreased significantly, due to the decrease in number of adsorption sites as well as 

heavy metals concentration. The adsorption data for all metals on fly ash showed that for both 

adsorbents, the pseudo-second order kinetic model generally described the experimental data 

better than the pseudo-first order model (R2 = 0.98 - 0.99 for pseudo-second order model 

compared to R2 = 0.82 – 0.94 for pseudo-first order model) (Table 7.5). For the furnace slag, 

also the data fit was better for pseudo-second order model (R2=0.93-0.98) than pseudo-first 

order (R2 = 0.87 - 0.94) for Cd, Cu, Cr and Zn. For Pb, the R2 value of the pseudo-second 

order model fit was 0.73 compared to pseudo-first order model fit value of 0.94. However, 

the values of qe calculated from both the models were different from the experimental values 

of qe. The better fit of data to pseudo-second order model suggests that chemisorption process 

could be the rate-limiting step in the adsorption process (Nur et al., 2014). Heavy metal 

adsorption on many other adsorbents has also been reported in literature to fit better to this 

model than pseudo-first order model (Dimitrova and Mehandgiev, 1998; Mishra and Patel, 

2009). However, the large differences in the experimental and model values for qe indicate 

that this model may not be accurate in describing the kinetic data. Other models need to be 

tested to find a more accurate model fit to the data. 
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Figure 7.5. Kinetics of heavy metal adsorption on fly ash (FA) and furnace slag (FS) 
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Table 7.5. Pseudo-first order and pseudo-second order kinetic models parameters for 

the adsorption of heavy metals on fly ash (FA) and furnace slag (FS) 

 

 

Metals 
qe exp 

(mg/g) 

Pseudo-first-order Pseudo-second-order 

qe 

(mg/g) 

K1 x 10-2 

(min-1) 
R2 qe 

(mg/g) 

K2 x 10-2 

(g /mg. 

min) 

R2 

FA Cd 4.10 2.90 0.34 0.8419 1.76 - 0.9851 

Cr 2.25 1.43 0.14 0.8241 1.06 - 0.9803 

Cu 3.71 3.86 0.31 0.8914 2.07 1.07 0.9844 

Pb 4.30 4.81 0.28 0.9443 2.34 0.31 0.9828 

Zn 3.62 3.02 0.24 0.9138 1.79 1.53 0.9760 

FS Cd 4.55 7.12 0.52 0.9226 5.96 0.05 0.9795 

Cr 3.10 4.79 0.44 0.9091 4.92 0.08 0.9288 

Cu 4.28 5.66 0.46 0.9008 5.18 0.08 0.9918 

Pb 4.81 11.14 0.58 0.9379 9.72 0.01 0.7315 

Zn 3.89 3.41 0.35 0.8672 5.28 0.06 0.9549 

 
qe: amount of heavy metals adsorbed at equilibrium (mg/g); K1: equilibrium rate constant of pseudo-

first-order sorption (min-1); K2: equilibrium rate constant of pseudo-second-order sorption (g/mg. 

min); R2: coefficient of determination  

 

 

7.3.5. Column experiment on furnace slag  

 

In order to investigate the adsorptive removal capacities of furnace slag column, heavy metals 

solutions with 5 mg/L initial concentration were treated in column containing furnace slag 

mixed with clean sand. The results showed that furnace slag appeared  better in removing 

Pb2+ and Cd2+ than other metals. The breakthrough curves of metals are closer to each other 

in single metals system than in mixed metals system (Figure 7.6 and 7.7). 

 

Thomas model satisfactorily described the breakthrough curves obtained for single as well as 

mixed metals systems (R2 = 0.86-1.00) (Table 7.6). The values obtained for adsorption 
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capacities (qo) from the models are approximately equal to those calculated from the 

breakthrough curves. Both the model and breakthrough values were higher for each metal in 

the single metal system than in the mixed metals system. This is due to the competition for 

adsorption between metals in mixed metals system. Lower adsorption capacities for metals in 

mixed metals system than in single metals system were also reported for heavy metals 

adsorption on other adsorbents (Sounthrarajah et al. 2015). The column adsorption capacities 

are slightly lower than the respective the Langmuir  adsorption capacities obtained from the 

batch study for furnace slag (Table 7.4). Sounthrarajah et al. (2015) also reported lower 

column values than batch values for heavy metals adsorption on granular activated carbon 

and explained this as due to equilibrium for adsorption not attaining in column study unlike 

in batch study (Sounthrarajah et al. 2015). 
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Figure 7. 6. Breakthrough curves of heavy metals in furnace slag + sand column  in 

single metal system at pH 6.0  

 
Figure 7. 7. Breakthrough curves of heavy metals in furnace slag + sand 

column in mixed metals system at pH 5.0 
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Table 7. 6. Breakthrough adsorption capacities and Thomas model parameters for 

furnace slag column adsorption of heavy metals (HM) from single (pH 6.0) and mixed 

metals solution (pH 5.0) 

HM 

Individual metal Metals mixture 

Breakthrough 

adsorption 

capacity  

qe
1

 (mg/g) 

qo 

(mg/g) 

kTh 

(mL/min.mg) 
R2 

Breakthrough 

adsorption 

capacity  

qe (mg/g) 

qo  

(mg/g) 

kTh
 

(mL/min.mg) 
R2 

Pb 4.05 3.52 1.54 0.9761 2.31 2.12 0.62 0.9587 

Cd 3.68 3.47 1.56 0.9508 2.16 1.94 0.76 0.8613 

Cu 4.11 3.47 1.54 0.9063 1.67 1.17 0.94 0.9118 

Zn 3.73 3.46 1.60 0.9058 1.86 1.07 1.08 0.9955 

Cr 3.55 3.43 2.08 0.9413 1.62 1.39 0.82 0.9572 

 

qe: breakthrough adsorption capacity (mg/g),  

qo: Thomas adsorption capacity (mg/g) KTh: Thomas rate constant (mL/min.mg) 

 

 

7.4. Conclusions 

 

Heavy metals can be serious pollutants of natural water bodies causing health risks to humans 

and aquatic organisms. A study was conducted to remove five heavy metals from water by 

adsorption onto an iron blast furnace slag and a fly ash in batch and column experiments. In 

batch experiment increase of pH increased adsorption of all metals with abrupt increase 

adsorption occurred in the pH range 4.0-6.0. Equilibrium adsorption of all metals at pH 6.5 

was successfully modelled using Langmuir, Freundlich and Dubinin-Radushkevich models, 

with Freundlich model fitting the data the best. Langmuir adsorption maximum for fly ash 

ranged 3.4 - 5.1 mg/g with the adsorption capacity for the metals in the order: Pb > Cu > Cd, 

Zn, Cr. The corresponding values for furnace slag were 4.3 - 5.2 mg/g, and the order of 

adsorption capacities, Pb, Cu, Cd > Cr > Zn. The kinetics of adsorption fitted well to both the 

pseudo-first order and pseudo-second order models, but the fit was slightly better for the 

pseudo-second order model. 
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Column study showed that the adsorption capacities of metals were generally less in mixed 

metals system than in single metals system, probably due to metals competition for 

adsorption. The column adsorption data for both the single metal system and mixed metal 

system fitted reasonably well to Thomas model. The adsorption capacity predicted by the 

Thomas model in single metal system was also highest (4.1 mg/g) for Cu2+ and lowest for 

Zn2+ (3.6 mg/g). Overall the study showed that the industrial by-products, fly ash and blast 

furnace slag are effective low-cost adsorbents for the removal of Pb, Cu, Cd, Cr, and Zn from 

water.  Further studies on these adsorbents are recommended in pilot plant scale experiments. 

Column experiments were conducted only on furnace slag. It was not possible to conduct 

column study on fly ash because of problems of caking of this material in columns during 

water flow. A suitable material is required to mix it with fly ash and use in columns to avoid 

the caking problem. 
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CHAPTER 8 

 

 

CONCLUSIONS AND RECOMMENDATIONS 

 

 

8.1. General summary 

 

The main objective of the research was to (i) compare the concentration distribution, 

composition, possible sources and potential toxicity of heavy metals and PAHs found in 

Road-deposited sediments (RDS), water baseline sediments (WBS) and baseline soils (BLS) 

around Kogarah Bay in Sydney, (ii) determine potential mobility and bioavailability of heavy 

metals using a sequential chemical extraction method, (iii) determine possible sources of 

heavy metals and PAHs using statistical methods, (iv) determine the toxicity of the RDS and 

BLS elutriates using Artemia salina, Microtox® and different bioassays, and (v) test various 

low-cost adsorbents including industrial by-products for the removal of heavy metals. 

 

8.2. Heavy metal concentrations, distributions, and sources in RDS  

 

Contaminants from vehicles and activities associated with road and highway construction and 

maintenance are washed from roads and roadsides when it rains or snow melts. A large 

amount of this runoff pollutants are carried directly to natural water bodies. RDS are known 

to contain several inorganic and organic pollutants such as heavy metals and metalloids and 

polycyclic aromatic hydrocarbons (PAH). These pollutants are derived from vehicle exhaust 

emission, vehicle tyres, brakes and body frames, asphalt road surface, road fences, etc. Many 

of the heavy metals, metalloids and PAHs are acutely and chronically toxic and carcinogenic 

and known to have adverse effects on humans and aquatic ecosystems. Samples of RDS, 

WBS and BLS collected from Kogarah area Showed that Zn, Cu, V, Cr, and Sb 

concentrations were found to be the highest in RDS compared to those in BLS. The heavy 

metal concentrations were similar in WBS and BLS. Pollution Index (PI), a measure of metal 

enrichment was high (> 5) for Zn, Cu, V, Cr, and Sb in RDS. The possible sources of Zn, Cu, 

Cr and Sb were suggested to be vehicle brakes and tyre wear and the source of V was asphalt 

road surface. Metals concentrations in the mobile fraction (exchangeable) of RDS were: Fe > 

Mn, Zn > Cu, Pb > Cr, Ni, V, Cd, Sb. However, themobile fraction concentration as a % of 

total, was highest for Cd and lowest for Fe.  Ecological risk as assessed byAustralia and New 
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Zealand Interim Sediment Quality criteria and the method developed by Hakanson (1980) 

was low to medium in RDS and low in BLS and WBS. Of the TEs in RDS, Cu had the 

highest potential ecological risk whereas Zn had the lowest. 

 

8.3. PAHs concentrations, distribution, and sources in RDS 

 

RDS is an important sink for PAHs originating from vehicle transport activity and road 

surface abrasion. This makes RDS a significant source of PAHs entering neighbouring water 

bodies as a result of stormwater runoffs and wind dispersion. The samples used for heavy 

metals study were also used for the PAH study to determine the concentration, distribution, 

sources and potential toxicity of PAHs compounds in RDS. The total concentration of 16 

PAHs did not differ much between RDS, WBS, and BLS (RDS: 1.65 to 4.00 mg/kg; WBS: 

0.49-5.19 mg/kg; NS: 0.40 to 7.49 mg/kg). However, the PAH composition and source from 

where they originated differed between these three sites. PAHs in RDS, WBS, and BLS were 

dominated by relatively high molecular weight compounds with more than three fused 

benzene rings, indicating that high temperature combustion processes were their predominant 

sources. The proportion of high molecular weight PAHs with 5 or 6 rings were higher in BLS 

than in RDS, whereas the low molecular weight PAHs proportions were higher in RDS. 

PAHs in RDS were derived both from petrogenic and pyrogenic sources while in BLS they 

were mainly from pyrogenic sources. The health risk of PAH exposure is very important to 

understand especially urban surface dust in urbanized densely populated areas. However, the 

potential toxicities of PAHs calculated using toxicity equivalent quotient calculated based on 

the relative toxicity values of individual PAHs proposed by Nisbet and LaGoy (1992) were 

all low.  

 

8.4. RDS bioavailability and toxicity 

 

Bioavailability and toxicity of pollutants in extracts from RDS and BLS was performed with 

an objective of characterizing toxicity of size-fractions by Artemia salina nauplii, Microtox® 

and cell culturing bioassay to measure the metabolic effects of the cells. Solvent and sea 

water elutriates of RDS and BLS were tested for the toxicity. Total PAH concentrations 

ranged from 0.16-0.20 mg/kg (BLS) to 1.25-2.37 mg/kg dry weight (RDS) and showed much 

higher in RDS than in BLS. Fine particle fraction had higher concentrations of PAH and 

heavy metal than coarser fractions. Median effect concentration (EC50) of RDS elutriate 

samples in Microtox® was significantly higher than BLS samples and increase of toxicity 
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with time suggests that the toxicity comes probably from metals. For spiked metals and 

PAHs, the toxicity to Artemia was significantly higher when they were tested in clean water 

than in elutriates. Mortality of Artemia salina nauplii varied with the type of heavy metal and 

PAH species. Low molecular weight PAH compounds showed higher toxicity for Artemia 

than high molecular weight PAH compounds. AhR CAFLUX toxicity bioassay suggests the 

similar trend of toxicity for the different particle sizes but it was significantly different 

between RDS and BLS samples. The p53 GeneBLAzer® assay showed no cytotoxic or 

genotoxic effects from any elutriates or solvent extracts of RDS or BLS. 

 

8.5. Remediation of heavy metals in RDS stormwater runoff 

 

An Australian zeolite with (Iron coated zeolite, ICZ) and without iron-coating, was used to 

remove five heavy metals from aqueous solutions using adsorption in batch and column 

experiments. The batch study showed that the Langmuir adsorption capacities of heavy 

metals on zeolite and ICZ at pH 6.5 and ionic strength 10-3 M NaNO3 were in the order Pb > 

Cu > Cd > Cr, Zn for single metal (5.0–11.2 mg/g) and for mixed metals solution (3.7–7.6 

mg/g). Langmuir adsorption capacity of ICZ was higher than zeolite for both single and 

mixed metals. The kinetic adsorption data fitted reasonably well to the pseudo-second order 

model for both zeolite and ICZ. Breakthrough adsorption capacity for single and mixed heavy 

metals in zeolite and ICZ column order was Pb > Cd > Cu > Zn > Cr. 0.1 M HCl 

satisfactorily desorbed the metals from zeolite and ICZ. The column adsorption data were 

fairly well described by Thomas model, with the order of Thomas adsorption capacity 

following a similar trend as in the batch study. Leaching of used ICZ and zeolite columns 

with 0.1 M HCl, desorbed a large percentage of the adsorbed metals and dissolved 10% Fe 

from the ICZ. However, the adsorption capacities got reduced in the second 

adsorption/desorption cycle, more so for ICZ, probably due to dissolution of some iron 

coatings in the acidic conditions of HCl. The study concluded that ICZ is a potential 

adsorbent for removing heavy metals from water. 

 

Industrial by-products are low-cost materials for use as adsorbents to remove pollutants. Blast 

furnace slag (steels industry by-product) and fly ash (coal industry by-product) were used as 

adsorbents to remove heavy metals from water in both batch and column experiments. 

Increase of pH increased adsorption of all metals. Equilibrium adsorption of all metals was 

successfully modelled using Langmuir, Freundlich and Dubinin-Radushkevich models, with 

Freundlich model fitting the data the best. Langmuir adsorption maximum at pH 6.5 for fly 
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ash ranged 3.4 - 5.1 mg/g with the adsorption capacity for the metals in the order, Pb > Cu > 

Cd, Zn, Cr. The corresponding values for furnace slag were 4.3 - 5.2 mg/g, and the order of 

adsorption capacities was Pb, Cu, Cd > Cr > Zn. The kinetics of adsorption fitted well to both 

the pseudo-first order and pseudo-second order models, but the fit was slightly better for the 

pseudo-second order model. The column experiment with furnace slag indicated that column 

process can be used for treating polluted waters containing mixture of heavy metals.  

 

8.6. Recommendations for future studies  

 

The following recommendations are made for any future study on this important topic: 

 

a. More studies are required to compare the metals and PAHs concentrations between RDS, 

WBS, and BLS within a single catchment area and determine the contribution of RDS on the 

metals and PAHs accumulation in the neighbouring water sediments. 

 

b. Health risk assessment of RDS and BLS should be determined using different biological 

methods. 

 

c. DNA damage experiments can be conducted to investigate the potential toxicity of RDS 

elutriates to aquatic organisms. More toxicity studies also need to be done for heavy metals 

and PAH compounds to determine the effect of light to exposed organisms especially in field 

scale condition. 

 

d. Future research needs to explore highly efficient, low cost adsorbents such as industrial 

and agricultural wastes for the removal of heavy metals and PAHs compounds. Fly ash from 

coal industry and furnace slag from steel industry were studied in this thesis. Other common 

low cost adsorbents such as agricultural waste, red mud from Al industry can be studied. 

 

e. Surface modifications of the adsorbents can be explored to increase the capacity, 

selectivity and strength of adsorption without significantly increasing the cost of such 

modification.  

 

f. Investigate the effects of different factors such as pH, temperature, co-ions on adsorption 

and derived thermo dynamic parameters for adsorption. Use of continuous membrane 
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filtration adsorption hybrid system to remove heavy metals and PAHs compounds need to be 

explored. 
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Appendix 1.  

Table 1. Concentrations of heavy metals in RDS and BLS (solid phase) 
 

RDS (mg/kg) 

mg/kg < 75 < 150 < 300 < 425 < 600 total 

Cr 39 30 11 9.6 35 30 

Cu 270 47 25 31 38 210 

Cd 15 14 12 13 12 13 

Pb 150 210 200 18 32 48 

Ni 12 8.5 5.4 5.2 16 10 

Zn 320 170 170 79 110 270 

BLS (mg/kg) 

mg/kg < 75 < 150 < 300 < 425 < 600 total 

Cr 2.3 0.55 0.42 0.44 0.3 0.5 

Cu 1.2 0.84 0.75 0.57 0.6 0.63 

Cd 1.7 1.1 1.5 1.2 0.8 1.2 

Pb 8.7 8.2 6.7 5.5 6.8 6.6 

Ni 0.6 0.5 0.5 0.5 0.5 0.5 

Zn 3.9 3.4 2.8 2.3 2.5 2.6 
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Appendic 2. 

Table 2. Concentrations of PAHs in RDS and BLS (solid phase) 

RDS 

μg/kg < 75 < 150 < 300 < 425 < 600 Total 

Nap 0.030 0.054 0.041 0.034 0.030 0.047 

Ace 0.015 0.019 0.019 0.010 0.010 0.015 

Acenap 0.010 0.010 0.010 0.010 0.010 0.010 

F 0.029 0.026 0.024 0.023 0.023 0.027 

Phe 0.220 0.210 0.180 0.110 0.150 0.240 

Ant 0.047 0.034 0.035 0.019 0.022 0.048 

Fl 0.440 0.350 0.310 0.180 0.210 0.460 

Pyr 0.430 0.400 0.340 0.200 0.220 0.520 

BaA 0.160 0.120 0.120 0.077 0.073 0.180 

Chr 0.210 0.190 0.170 0.110 0.100 0.270 

BkF 0.280 0.180 0.180 0.120 0.120 0.210 

BaP 0.140 0.082 0.085 0.055 0.059 0.100 

IND 0.088 0.052 0.059 0.034 0.037 0.082 

DBA 0.041 0.019 0.025 0.014 0.021 0.031 

BghiP 0.110 0.100 0.089 0.047 0.048 0.130 

BLS 

μg/kg < 75 < 150 < 300 < 425 < 600 Total 

Nap 0.010 0.010 0.010 0.010 0.021 0.010 

Ace 0.010 0.010 0.010 0.010 0.010 0.010 

Acenap 0.010 0.010 0.010 0.010 0.010 0.010 

F 0.010 0.011 0.013 0.012 0.014 0.011 

Phe 0.013 0.015 0.018 0.016 0.027 0.015 

Ant 0.010 0.010 0.010 0.010 0.010 0.010 

Fl 0.010 0.010 0.010 0.010 0.010 0.010 

Pyr 0.010 0.010 0.010 0.010 0.010 0.010 

BaA 0.011 0.013 0.016 0.013 0.016 0.013 

Chr 0.022 0.015 0.010 0.010 0.011 0.010 

BkF 0.020 0.020 0.020 0.020 0.020 0.020 

BaP 0.010 0.013 0.015 0.012 0.014 0.011 



APPENDIX 
 

 Page 3 
 

 

* Fl: Fluoranthrene; Phe: Phenanthrene; Pyr: Pyrene; Chr: Chrysene; B(b&k)F: Benzo(b-k)fluoranthrene;  

** Detection limit for MP-AES (Agilent 4100): < 0.001 mg/L for all metals; *** GC-MS recovery was 86 - 100 

% for PAHs compounds 

  

IND 0.010 0.010 0.010 0.010 0.010 0.010 

DBA 0.010 0.010 0.012 0.010 0.011 0.010 

BghiP 0.010 0.010 0.010 0.010 0.010 0.010 
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Appendix 3. 

Table 3. Summary of heavy metals concentration in the urban runoff 

 

HMs 

concentration 

(μg/L) 

Gromaire-

Mertz et al. 

(1999) 

Shinya 

et al. 

(2000) 

Drapper 

et al. 

(2000) 

Beasley 

and Kneale 

(2002) 

Westerlund 

et al. 

(2003) 

Bäckström 

et al. (2003) 

Lau et al. 

(2009) 

Aryal 

and Lee 

(2009) 

Country France Japan Australia UK Sweden Sweden USA Japan 

Cadmium 0.6 - - 0.7-220 0.0 0.05 1.3 4-5 

Chromium - 73 - 3.3-30 - - 2.8 - 

Copper 61 620 0.03-0.34 15-1250 2.7 13.3 66.0 7-27 

Lead 133 567 0.08-0.62 30-150 0.1 7.5 4.9 5-23 

Nickel - 56 - 3-70 0.5 - 15.7 1-7 

Zinc 550 - 0.15-1.85 58-130 13.9 89.3 415 - 

(-): not detected



APPENDIX 
 

 Page 5 
 

Appendix 4. 

Table 4. Summary of PAHs concentration in the urban runoff 

 

PAHs concentration 

(μg/L) 

Van Metre and 

Mahler (2003) 

Hwang and Foster 

(2006) 

Zhang et 

al. (2008) 

Lau et al. 

(2009) 

Meland et 

al. (2010) 

García-

Flores et al. 

(2013) 

Mahler et 

al. (2014) 

Country USA USA China USA Norway Mexico USA 

Napthalene 0.013-0.018 17.7-59.0 38.5 < 0.001 0.013 186.8 221.2 

Acenapthylene - 2.09-25.2 10.2 < 0.001 0.015 26.9 576.8 

Acenapthene - 3.68-28.8 4.5 < 0.001 0.18 52.9 1357.8 

Fluorene 0.014-0.029 8.79-152 25.8 < 0.001 0.13 93.5 8345.8 

Phenanthrene 0.38-0.96 26.1-338 112.7 0.015 0.034 342.5 9522.0 

Anthracene 0.04-0.10 5.43-119 24.3 0.001 - 129.3 8932.0 

Fluoranthene 1.2-2.4 86.5-1380 136.9 0.028 - 180.5 12160.0 

Pyrene 0.9-1.8 65.6-774 86.2 0.068 0.225 361.9 7157.0 

Benz[a]anthracene 0.24-0.62 22.2-337 12.5 0.016 - 79.1 4116.0 

Chrysene 0.7-1.6 48.6-519 29.6 0.047 - 278.5 3795.0 

Benzo(b)fluoranthene - 57.7-733 15.1 0.016 0.043 138.1 3563.0 

Benzo(k)fluoranthene - 32.4-404 10.0 0.007 - 74.0 2708.0 

Benzo(a)pyrene 0.43-0.98 27.8-446 4.5 0.015 - 161.6 1715.0 

Indeno(1,2,3 cd)pyrene - 37.1-505 2.0 < 0.001 - 113.9 1740.0 
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Dibenzo(a,h)anthracene 0.086-0.19 6.94-134 ND < 0.001 - 55.1 1210.0 

Benzo(ghi)perylene - 15.0-548 1.7 0.038 0.083 169.5 682.5 

Total PAHs 9.8-1.9 1510-12.500 548.2 0.281 67802 2444.0 0.561 

(-): not detected  
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Figure 1. Diagnostic PAHs ratios in RDS and BLS (petrogenic sources, pyrogenic 

sources). 
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Figure 2. Diagnostic PAHs ratios in RDS and BLS (petrogenic sources, pyrogenic 

sources). 
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Appendix 5. 

Table 5. Diagnostic PAHs ratios in RDS and NS (petro - petrogenic sources, pyro 

-pyrogenic sources, mixed – mixed sources) 
 

  

Flu/Flu+Pyr Ant/Ant+Phe BaA/BaA+Chr IND/IND+BghiP 

RDS1 0.51 0.18 0.43 0.44 

RDS2 0.47 0.14 0.39 0.34 

RDS3 0.48 0.16 0.41 0.40 

RDS4 0.47 0.15 0.41 0.42 

RDS5 0.49 0.13 0.42 0.44 

RDS5 0.47 0.18 0.40 0.39 

NS1 0.50 0.57 0.43 0.50 

NS2 0.50 0.40 0.57 0.50 

NS3 0.50 0.36 0.62 0.50 

NS4 0.50 0.38 0.57 0.50 

NS5 0.50 0.27 0.59 0.50 

NS5 0.50 0.40 0.57 0.50 
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Appendix 6. TOC correlation with total PAHs in RDS of Commenarra Parkway 
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Figure 3. TOC relationship with fine particles and PAHs concentrations in RDS 
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Appendix 7. Characteristic of furnace slag and fly ash 

 

 
 

 

Figure 4. SEM images of furnace slag (A) and saturated slag (B) 
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Figure 5. SEM images of fly ash (A) and saturated fly ash (B) 
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Slag 1

74-1226 (C) - Lime - CaO - Y: 66.67 % - d x by: 1. - WL: 1.5406 - Cubic - a 4.77800 - b 4.77800 - c 4.77800 - alpha 90.000 - beta 90.000 - gamma 90.000 - Face-centred - F23 (196) - 4 - 109.078 - I/Ic PDF 4.5 - S-Q 6.6 % 
65-0523 (C) - Zinc Oxide - ZnO - Y: 72.94 % - d x by: 1. - WL: 1.5406 - Cubic - a 4.27000 - b 4.27000 - c 4.27000 - alpha 90.000 - beta 90.000 - gamma 90.000 - Face-centred - Fm-3m (225) - 4 - 77.8545 - I/Ic PDF 5.8 - S
83-1494 (C) - Calcium Phosphate Silicate - Ca5(PO4)2(SiO4)6 - Y: 77.89 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 9.40000 - b 21.71000 - c 6.83000 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pnm21 
83-0003 (C) - Barium Copper Phosphide - Ba8Cu16P30 - Y: 98.47 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 14.11700 - b 10.09300 - c 28.02200 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pbcn (60) - 
80-1193 (C) - Potassium Germanium Zinc Oxide - K2GeZnO4 - Y: 79.75 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 11.07690 - b 5.52160 - c 15.84650 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pca21 (
Operations: Smooth 0.150 | Smooth 0.150 | Import
File: Trung BK mau slag 1.raw - Type: 2Th/Th locked - Start: 10.000 ° - End: 70.000 ° - Step: 0.030 ° - Step time: 0.8 s - Temp.: 25 °C (Room) - Time Started: 13 s - 2-Theta: 10.000 ° - Theta: 5.000 ° - Chi: 0.00 ° - Phi: 0.00
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Slag 4

65-0523 (C) - Zinc Oxide - ZnO - Y: 89.33 % - d x by: 1. - WL: 1.5406 - Cubic - a 4.27000 - b 4.27000 - c 4.27000 - alpha 90.000 - beta 90.000 - gamma 90.000 - Face-centred - Fm-3m (225) - 4 - 77.8545 - I/Ic PDF 5.8 - S
83-1494 (C) - Calcium Phosphate Silicate - Ca5(PO4)2(SiO4)6 - Y: 76.45 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 9.40000 - b 21.71000 - c 6.83000 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pnm21 
83-0003 (C) - Barium Copper Phosphide - Ba8Cu16P30 - Y: 77.44 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 14.11700 - b 10.09300 - c 28.02200 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pbcn (60) - 
80-1193 (C) - Potassium Germanium Zinc Oxide - K2GeZnO4 - Y: 94.09 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 11.07690 - b 5.52160 - c 15.84650 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pca21 (
Operations: Smooth 0.150 | Smooth 0.150 | Import
File: Trung BK mau slag 4.raw - Type: 2Th/Th locked - Start: 10.000 ° - End: 70.000 ° - Step: 0.030 ° - Step time: 0.8 s - Temp.: 25 °C (Room) - Time Started: 13 s - 2-Theta: 10.000 ° - Theta: 5.000 ° - Chi: 0.00 ° - Phi: 0.00
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Flyash original

89-2814 (C) - Mullite - synthetic - Al(Al.83Si1.08O4.85) - Y: 50.00 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 7.58400 - b 7.69300 - c 2.89000 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pbam (55) - 2 - 1
83-2187 (D) - Quartz - SiO2 - Y: 91.67 % - d x by: 1. - WL: 1.5406 - Hexagonal - a 4.96500 - b 4.96500 - c 5.42400 - alpha 90.000 - beta 90.000 - gamma 120.000 - Primitive - P3121 (152) - 3 - 115.795 - I/Ic PDF 3.1 - S-Q
Operations: Smooth 0.150 | Smooth 0.150 | Import
File: Trung BK mau flyash original.raw - Type: 2Th/Th locked - Start: 10.000 ° - End: 70.000 ° - Step: 0.030 ° - Step time: 0.8 s - Temp.: 25 °C (Room) - Time Started: 14 s - 2-Theta: 10.000 ° - Theta: 5.000 ° - Chi: 0.00 ° - 
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Flyash saturated

89-2814 (C) - Mullite - synthetic - Al(Al.83Si1.08O4.85) - Y: 62.39 % - d x by: 1. - WL: 1.5406 - Orthorhombic - a 7.58400 - b 7.69300 - c 2.89000 - alpha 90.000 - beta 90.000 - gamma 90.000 - Primitive - Pbam (55) - 2 - 1
83-2187 (D) - Quartz - SiO2 - Y: 83.47 % - d x by: 1. - WL: 1.5406 - Hexagonal - a 4.96500 - b 4.96500 - c 5.42400 - alpha 90.000 - beta 90.000 - gamma 120.000 - Primitive - P3121 (152) - 3 - 115.795 - I/Ic PDF 3.1 - S-Q
Operations: Smooth 0.150 | Smooth 0.150 | Import
File: Trung BK mau flyash saturated.raw - Type: 2Th/Th locked - Start: 10.000 ° - End: 70.000 ° - Step: 0.030 ° - Step time: 0.8 s - Temp.: 25 °C (Room) - Time Started: 13 s - 2-Theta: 10.000 ° - Theta: 5.000 ° - Chi: 0.00 ° -
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Furnace slag 

 

 
 

Saturated furnace slag 

 

 
  



APPENDIX 
 

 Page 19 
 

Fly ash 

 
Saturated fly ash 
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Surface area of Fly ash: 2.823 m2/g 
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Furnace slag 
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Fly ash 
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