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We propose a novel method to study
the aggregation of ENPs in natural
waters.
Aggregation and DOM adsorption
were correlated to the initial TOC
concentration.
Aggregate structure were closely
related to the amount of DOM
adsorbed by the ENPs.
Aggregate strength factor and fractal
dimension were strongly correlated.
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a b s t r a c t

Adsorption of natural organic matter, aggregation and disaggregation have been identified as three of
the main processes affecting the fate and behaviour of engineered nanoparticles (ENPs) in aquatic envi-
ronments. However, although several methods have been developed to study the aggregation behaviour
of ENPs in natural waters, there are only a few studies focusing on the fate of such aggregates and their
potential disaggregation behaviour. In this study, we proposed and demonstrated a simple method for
characterising the aggregation behaviour and aggregate structure of ENPs in different natural waters.
Both the aggregate size of ENPs and their adsorption capacity for dissolved organic matter (DOM) were
strongly related (R2 > 0.97, p < .05) to the combined effect of initial concentration of dissolved organic
matter (DOM) and the ionic strength of the natural waters. The structure of the formed aggregates was
strongly correlated (R2 > 0.95, p < .05) to the amount of DOM adsorbed by the ENPs during the aggrega-
ractal dimension tion process. Under high ionic strength conditions, aggregation is mainly governed by diffusion and the
aggregates formed under these conditions showed the lowest stability and fractal dimension, forming
linear, chain-like aggregates. In contrast, under low ionic strength conditions, the aggregate structure
was more compact, most likely due to strong chemical binding with DOM and bridging mechanisms
involving divalent cations form
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ersity of Technology, Sydney (UTS), Post Box 123, Broadway, NSW 2007, Australia.
el.: +61 02 9514 2629; fax: +61 02 9514 2633.

E-mail address: Hokyong.Shon-1@uts.edu.au (H.K. Shon).

ttp://dx.doi.org/10.1016/j.jhazmat.2014.11.003
304-3894/© 2014 Elsevier B.V. All rights reserved.
ed during reaction-limited aggregation.
© 2014 Elsevier B.V. All rights reserved.

1. Introduction
Over the past few decades, rapid progress in nanomaterial
research and development has led to industrial scale production
and extensive commercialisation of nanoproducts. As a result,
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ngineered nanoparticles (ENPs) are increasingly released into the
nvironment [1]. With several recent studies reporting potentially
egative effects of ENPs [2–7], research into their environmental

ate and behaviour is urgently needed to underpin risk assessment
nd policy development. However, until recently, few studies have
nvestigated the behaviour of ENPs in real environmental sam-
les, and little is known about their transport, fate and probable
oncentrations in different environmental compartments. A recent
odelling study by Keller et al. [8] estimated that in 2010, 63–91%

f the global ENP production ended up in landfills; 8–28% was
eleased into soils; 0.4–7% into water bodies; and 0.1–1.5% into the
tmosphere. Among the ENPs considered, titanium dioxide (TiO2)
as released to the environment in the largest quantities, followed

y iron and zinc [8]. Gottschalk et al. developed a probabilistic
aterial flow analysis model to predict the environmental con-

entrations of ENPs and found that silver NPs (Ag NPs) present in
ewage treatment effluents and surface waters, and TiO2 NPs and
inc oxide NPs (ZnO NPs) in sewage treatment effluents, may pose
risk to aquatic organisms [9].

After entering the environment, the fate of ENPs greatly depends
n their transport characteristics (i.e. aggregation, sedimentation
r adsorption) and transformation (i.e. dissolution or chemical
ransformation) [10]. Agglomeration/aggregation and sedimen-
ation are major processes affecting the behaviour of ENPs in
quatic systems and results suggest they are mainly controlled
y the combined effects of pH, ionic strength, salt composition
nd the presence and concentration of organic matter [11,12]. Dif-
erent experimental approaches have been tested to predict the
ehaviour of ENPs in aquatic systems. One approach is to consider
he individual effects of different physical and chemical compo-
ents (i.e. the effect of pH, a single electrolyte, organic matter,
tc.) in order to identify the main factors affecting the stability of
NPs. A more realistic, yet more complex, approach investigates the
ehaviour of ENPs under environmentally-relevant conditions and
ltimately in natural waters. Several recent studies have used these
pproaches to understand and predict the behaviour of ENPs once
hey enter the environment [12–24]. Results from these studies
onfirmed the role of pH, electrolyte composition and the pres-
nce of organic matter in the aggregation or stabilization of ENPs.
owever, very few studies (e.g. [13,25]) have focused on the struc-

ure and stability of the resulting aggregates and their potential for
isaggregation. Aggregate structure (i.e. whether they are densely
acked or loosely bound) is an important criteria to evaluate as

t is likely to significantly influence aggregate behaviour and fate
11]. Nevertheless, knowledge in this area is still lacking, partly
ecause this type of investigation provides a significant analytical
hallenge.

Light scattering detectors are simple, robust and accurate tools
hat can be used to measure particle size, aggregation behaviour
nd aggregate structure. They are currently among the most widely
sed techniques worldwide for aggregation studies. Dynamic light

cattering (DLS), in particular, has been applied in most nanoparti-
le aggregation studies in both synthetic and natural aquatic media
12–14,21,23,26,27]. In this study, we proposed an alternative way
o characterise the aggregation behaviour and aggregate structure

able 1
haracteristics of the tested nanoparticles.

Fe2O3 NPs Citrate coated-Ag N

Average primary particle size (TEM) <30 nm 40 nm ± 4 nm
Density 1.17 g/mL ± 0.1 at 25 ◦C 0.990 g/mL at 25 ◦C
pH 3.7 ± 0.3 7.1 ± 0.1
Initial zeta potential (mV) +35.4 ± 2.2 (pH 4) −35.7 ± 2.4 (pH 4)
Point of zero charge (PZC) 7.0 (200 mg/L) <2.0 (1 mg/L)
CCC (mM NaCl) 50 73
CCC (mM CaCl2) 1.5 1.6
Materials 284 (2015) 190–200 191

of various ENPs in complex environmental samples by performing
continuous on-line light scattering analysis (i.e. combining both
dynamic and static light scattering techniques) by using a pump to
recirculate the sample inside the sample cell as shown in Fig. S1 of
the Supporting information (SI). This simple set-up presents several
advantages over conventional light scattering measurements. For
instance, by recirculating the sample inside the measurement cell, it
is possible to change the chemical or physical conditions of the sam-
ple or to apply external forces (e.g. by increasing the mixing speed
inside the test jar to induce the disaggregation of the aggregates)
and to directly observe and measure the effects of such changes on
aggregate size. In addition, the fractal dimension (FD) of the aggre-
gates can be studied using a static light scattering (SLS) instrument
equipped with a series of photosensitive detectors positioned at
different angles. Therefore, the method developed in this study can
be useful to other researchers, working on fate of nanomaterials in
the environment, to rapidly characterise the aggregation behaviour
and aggregate structure of engineered nanoparticles (ENPs) formed
in complex environmental system.

The overall objective of this paper was to assess and compare
the aggregation behaviour and aggregate structure of different
ENPs in a range of natural water sources using on-line laser light
scattering detectors. Aggregates were characterised in terms of
size, surface charge, DOM and Ca2+ adsorption capacity, fractal
dimension, disaggregation and regrowth potential. To the authors’
knowledge, this is the first time that disaggregation and regrowth
potential of ENP aggregates formed in natural waters has been
investigated.

2. Materials and methods

2.1. Chemicals and reagents

Commercially available Fe2O3 NPs and citrate coated-Ag NPs
were supplied by Sigma–Aldrich, Australia. The Aeroxide P25 TiO2
nanoparticles were provided by Evonik Degussa Corporation (Par-
sippany, NJ, USA). Suwannee River natural organic matter (SRNOM),
used as a model NOM, was obtained from the International Humic
Substances Society (IHSS, St. Paul, USA). Further details are available
in Table 1.

2.2. Natural water samples

Five natural water samples were collected from a variety of
sources across New South Wales, Australia: sewage effluent (Sew-
Eff) from Sydney Olympic Park treatment plant, seawater (SeaW)
from Chowder Bay (Sydney Harbour), lake water (LW) from Pen-
rith, river water (RW) from Parramatta and groundwater (GW)
from Williamstown. All water samples were filtered through a
0.2 �m polyethersulfone (PES) vacuum filtration unit (Vivascience

AG, Germany), and stored at 4 ◦C in the dark prior to use.

More details on the sample preparation and physical and chem-
ical characteristics of the water samples are given in the Supporting
information (SI).

Ps TiO2 NPs SRNOM-coated Fe2O3 NPs Source

21 nm – Manufacturer
3.8 g/mL at 25 ◦C – Manufacturer
3.5–4.5 (40 g/L) – Manufacturer
+20.7 ± 1.5 (pH 4) −30.1 ± 1.8 (as prepared) This study
6.0 (25 mg/L) <2.0 (as prepared) This study – Fig. S5
21 110 This study – Fig. S6
0.99 2.1 This study – Fig. S7
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.3. Sample preparation

The methodology for the preparation of SRNOM-coated Fe2O3
Ps is described in a previous publication [28] and detailed in the

upportive information (SI). SRNOM-coated Fe2O3 NPs were used
n this study to mimic situations where ENPs are already coated

ith NOM before entering an aquatic system (e.g. pre-coated with
OM prior to subsurface injection for groundwater remediation).

The methodology for the sample preparation of TiO2 NPs is
escribed in the Supporting information (SI).

.4. Aggregation study in natural waters

ENPs were introduced into each individual natural water sam-
les in a variable-speed jar tester (ZR4-2, Zhongrun Water Industry
echnology Development Co. Ltd., China). The final volume of sam-
le in the jar tester was 150 mL. More details on the experimental
et-up and aggregation study can be found in the Supporting infor-
ation (SI). Final concentrations of ENPs in the natural waters were

00 mg/L, 25 mg/L and 1 mg/L for Fe2O3 NPs, TiO2 NPs and citrate-
g NPs, respectively. These concentrations were chosen as they
re similar to those used in other studies involving the same ENPs
13,14,21]. Particles/aggregates size were measured by two differ-
nt light scattering instruments: a DLS system for particle sizes in
he 10 nm to 6 �m range (model ZEN3600; Malvern Instruments,

orcestershire, UK) and a static light scattering (SLS) instrument
Malvern Mastersizer 2000, Malvern Instruments, Worcestershire,
K), for the larger aggregates.

In addition to particle/aggregate size analysis, the zeta poten-
ial and surface-adsorbed DOM and Ca2+ were also measured at
he end of the 60 min aggregation experiments while the slow

ixing speed of 40 rpm was maintained to avoid aggregates from
ettling at the bottom of the jar. Many recent studies have demon-
trated the significant impact of DOM and divalent cations on
oth the aggregation behaviour and aggregate structure of ENPs
14,18,22,25,28–36]. In these studies, the effect of DOM has been
ound to be concentration-dependent as, at sufficient concen-
ration, DOM can effectively stabilise ENPs through electrosteric
tabilisation. The presence of divalent cations, and especially Ca2+,
as been found to enhance the aggregation of ENPs through charge
eutralisation by compressing the electrical double layer. In the
resence of DOM, Ca2+ can further exacerbate the aggregation phe-
omena via the formation of calcium complexation with NOM.

Zeta potential was determined by DLS using 5 mL sample
liquots and a Zetasizer instrument (model ZEN3600; Malvern
nstruments, Worcestershire, UK). Measurements were performed
n triplicate and the presented results are mean values and standard
eviations.

For surface-adsorbed DOM analysis 50 mL samples were cen-
rifuged for 10 min at 2000 g (Model 2040, Centurion Scientific
td., UK) to separate the solution phase from the solid particles.
he amount of DOM in the supernatant was measured using a
OC analyser (TOC-VCPH, TNM-1, Shimadzu, Japan). The amount
f DOM adsorbed on the surface of the ENPs was then determined
y calculating the difference between the initial and final DOM
oncentrations in solution.

The same protocol was followed to determine the amount
f Ca2+ in the supernatant after sedimentation of the formed
ggregates. The concentration of Ca2+ was measured by ion chro-
atography (IC) (850 Professional IC, Metrohm, Australia).

.5. Disaggregation studies in natural waters (aggregate strength

nd recovery factors)

Disaggregation studies were conducted with the SLS detector
Malvern Mastersizer 2000, Malvern Instruments, Worcestershire,
Materials 284 (2015) 190–200

UK) with the same experimental set-up used for the aggregation
study. Preliminary studies showed that this instrument does not
give repeatable results for small aggregates (i.e. below 500 nm) and
very low concentrated solutions (below 5 mg/L). Therefore, after
an initial screening, TiO2 NPs and Fe2O3 NPs were chosen for the
disaggregation study in lake water, sewage effluent, groundwater
and seawater as the concentration of citrate-Ag NPs and SRNOM-
coated Fe2O3 NPs were below the detection limit of the instrument.

A high mechanical shear force (i.e. 200 rpm mixing speed) was
used in this study to induce aggregate breakage. More details on the
disaggregation study can be found in the Supporting information
(SI). Aggregate strength factors (SF) and recovery factors (RF), which
are used to evaluate the stability and propensity for formation of
the aggregates were determined as follows [37–39]:

S F=
d2

d1
× 100 (1)

RF = d3 − d2

d1 − d2
× 100 (2)

where d1 is the average aggregate size of the plateau before apply-
ing the shear force, d2 is the average aggregate size after aggregate
breakage, and d3 is the average aggregate size after regrowth to a
new plateau.

2.6. Aggregate structural analysis

The highly disordered structure of colloidal aggregates can be
characterised by its scaling behaviour, and is defined as the mass
fractal dimension (FD) [40,41]. The FD represents the actual space
occupied by the system and defines the degree of “openness” of the
colloidal aggregate structure.

Previous studies have reported the determination of aggregate
FD using a Mastersizer 2000 [37,39,42]. The method is based on
the fact that the total scattered light intensity I is related to the
scattering vector Q and the FD [43]:

I ∝ Q−FD (3)

The scattering vector Q is the difference between the incident
and scattered wave vectors of the radiation beam in the medium
[42]:

Q = 4n�sin(�/2)
�

(4)

where n, � and � are the refractive index of the medium, the laser
light wavelength in vacuum, and the scattering angle, respectively.

The FD value equates to the slope of a linear regression line fit-
ting a plot of I against Q values (on a log–log scale) measured at
different angles. Densely-packed aggregates will display a higher
FD value, while lower FD values indicate linear and loosely bound
aggregates.

2.7. Data analysis

Single and multiple linear regression analysis were performed
to investigate the independent and combined effect of different
variables (e.g. ionic strength, initial TOC concentration) on the
aggregate size, surface-adsorbed DOM, strength factor and fractal
dimension of the formed aggregates.

Preliminary screening showed that ionic strength, initial TOC
and Ca2+ concentration of the natural waters tested were the three

main variables controlling the aggregate size and surface-adsorbed
DOM while ionic strength, surface-adsorbed DOM and Ca2+ were
found to be the main variables affecting both the strength factor
and fractal dimension of the formed aggregates.
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Table 2
Aggregation state of ENPs in natural waters (particle size and amount of DOM adsorbed onto the surface of ENPs).a

Parameters DI River water Lake water Sewage effluent Groundwater Seawater

Characteristics pH – 6.89 7.09 7.8 6.53 7.86
TOC (mgC/L) – 15.76 14.66 5.81 5.12 2.65
Ionic strength (mM) – 1.96 3.46 11.7 14.9 735
Ca 2+ (mM) – 0.06 0.41 0.72 1.48 10.3

Particle/aggregate size (nm) Fe2O3 NPs 40.5 ± 0.3 225 ± 1.5 850 ± 10.7 2368 ± 34.4 2901 ± 12.5 4245 ± 47.9
TiO2 NPs 216.0 ± 3.0 819 ± 5.7 1416 ± 17.4 17049 ± 368b 19891 ± 714b 24136 ± 256b

Citrate-Ag NPs 60.5 ± 0.3 61 ± 0.4 97 ± 1.6 1722 ± 4.5 2110 ± 17.2 4095 ± 43.1
SRNOM-Fe2O3 NPs 202.6 ± 1.0 211 ± 3.0 538 ± 3.9 1642 ± 5.9 1826 ± 20.7 3140 ± 39.7

Amount of DOM adsorbed on
the surface of ENPs (%)

Fe2O3 NPs – 22.8 ± 1.1 21.5 ± 0.9 15.2 ± 0.6 11.5 ± 0.7 4.9 ± 1.77

TiO2 NPs – 14.22 ± 1.2 13.9 ± 0.7 9.9 ± 0.6 7.6 ± 1.1 2.3 ± 0.9
Citrate-Ag NPs – 20.9 ± 1.0 19.9 ± 0.4 13.6 ± 0.6 10.0 ± 0.7 4.2 ± 0.8
SRNOM-Fe2O3 NPs – n.d. n.d. n.d. n.d. n.d.

n.d.: not detectable.
a The particle/aggregate size and amount of DOM adsorbed on the surface of ENPs are average of three replicates (n = 3) and ± 1SD.
b Size measured by SLS.

Table 3
Summary of regression statistics analysis and one-way ANOVA test (95% confidence level) showing the independent and combined effect of IS (X1), initial TOC concentration
(X2) and initial Ca2+ concentration (X3) on both the aggregate size (Y1) and amount of DOM adsorbed by the ENPs (Y2).

Y1 = Aggregate size (nm)

Fe2O3 NPs TiO2 NPs

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p)

X1 Y1 = 1479.6 + 3.8X1, 0.551 3.68, n.s. Y1 = 9568.2 + 20.2X1, 0.366 1.73, n.s.
X2 Y1 = 4456.1 − 271.8X2, 0.95 56.70, *** Y1 = 28567.3 − 1807.4X2, 0.995 568.21, ***

X3 Y1 = 1264.7 + 308.1X3, 0.642 5.38, n.s. Y1 = 8298.5 + 1682.2X3, 0.454 2.49, n.s.
X1, X2 Y1= 3879.9 + 1.3X1 − 229.5X2, 0.993 149.46, ** Y1 = 28159.7 + 0.9X1 − 1777.4X2, 0.995 210.19, ***

X1, X3 Y1 = 257.4 − 25.3X1 + 2189.9X3, 0.911 10.27, n.s. Y1 = 558.3 − 194.1X1 + 16142.6X3, 0.83 4.89, n.s.
X2, X3 Y1 = 3714.9 − 219.8X2 + 109.3X3, 0.996 233.31, *** Y1 = 27999.7 − 1767.6X2 + 83.7X3, 0.995 215.77, ***

X1, X2, X3 Y1 = 3133.7 − 5.4X1 − 186.9X2 + 538.9X3, 0.999 6687.24, ** Y1 = 26134.4 − 17.2X1 - 1661.8X2 + 1462.8X3, 0.996 92.68, n.s.

Citrate-Ag NPs SRNOM-Fe2O3 NPs

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p)

X1 Y1 = 956.3 + 4.3X1, 0.705 7.17, n.s. Y1 = 1025.9 + 2.9X1, 0.66 5.83, n.s.
X2 Y1 = 3899.0 − 259.3X2, 0.865 19.19,* Y1 = 3090.0 − 183.9X2, 0.897 26.03, *

X3 Y1 = 735.0 + 340.0X3, 0.783 10.81,* Y1 = 873.0 + 230.7X3, 0.742 8.65, n.s.
X1, X2 Y1 = 2900.8 + 2.3X1 − 185.9X2, 0.996 237.60,*** Y1 = 2482.8 + 1.39X1 − 139.3X2, 0.996 292.77, ***

X1, X3 Y1 = -2.2 − 18.5X1 + 1717.4X3, 0.927 12.70, n.s. Y1 = 306.5 − 14.2 X1 + 1289.1X3, 0.918 11.20, n.s.
X2, X3 Y1 = 2642.2 − 171.1X2 + 185.3X3, 0.997 346.83,*** Y1 = 2323.7 − 130.2X2 + 112.9X3, 0.998 513.43, ***

X1, X2, X3 Y1 = 2556.0 − 0.8X1 − 166.2X2 + 249.0X3, 0.997 119.48, n.s. Y1 = 2213.2 − 1.0X1 − 123.9X2 + 194.7X3, 0.998 204.23, n.s.

Y2 = Amount of DOM adsorbed by the ENPs (%)

Fe2O3 NPs TiO2 NPs

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p)

X1 Y2 = 17.9 − 0.02X1, 0.623 4.96, n.s. Y2 = 11.5 − 0.01X1, 0.705 7.15, n.s.
X2 Y2 = 4.9 + 1.2X2, 0.897 26.07, * Y2 = 2.9 + 0.7X2, 0.842 15.98, *

X3 Y2 = 18.9 − 1.4X3, 0.715 7.53, n.s. Y2 = 12.2 − 1.0X3, 0.789 11.19, *

X1, X2 Y2 = 8.4 – 0.008X1 + 0.9X2, 0.979 47.29, * Y2 = 5.95 − 0.007X1 + 0.5X2, 0.979 47.17, *

X1, X3 Y2 = 23.1 + 0.1X1 − 9.3X3, 0.954 20.84, * Y2 = 14.6 + 0.06X1 − 5.4X3, 0.961 24.36, *

X2, X3 Y2 = 9.4 + 0.8X2 − 0.7X3, 0.985 65.97,* Y2 = 6.8 + 0.48X2 − 0.6X3, 0.986 68.22, *

X1, X2, X3 Y2 = 14.1 + 0.04X1 + 0.6X2 − 4.1X3, 0.999 286.62, * Y2 = 9.3 + 0.02X1 + 0.3X2 − 2.4X3, 0.995 61.49, n.s.

Citrate-AgNPs

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p)

X1 Y2 = 16.3 − 0.02X1, 0.6 4.49, n.s.
X2 Y2 = 3.9 + 1.1X2, 0.907 29.33, *

X3 Y2 = 17.2 − 1.3X3, 0.693 6.77, n.s.
X1, X2 Y2 = 7.0 − 0.007X1 + 0.9X2, 0.977 43.03, *

X1, X3 Y2 = 21.3 + 0.1X1 − 9.0X3, 0.949 18.71, n.s.
X2, X3 Y2 = 7.9 + 0.8X2 − 0.6X3, 0.983 56.93, *

X1, X2, X3 Y2 = 12.4 + 0.04X1 + 0.6X2 − 3.9X3, 0.997 126.69, n.s.

ns: non-significant.
* p < .05.

** p < .01.
*** p < .005.
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Table 4
Summary of strength factor (SF), recovery factor (RF), fractal dimension (FD) of the formed aggregates.

Sample SF (%) RF (%) FD

Before breakage After regrowth

Fe2O3NPs TiO2NPs Fe2O3NPs TiO2NPs Fe2O3NPs TiO2NPs Fe2O3NPs TiO2NPs

Lake water 84.2 ± 0.9 50.2 ± 1.5 38.4 ± 0.9 64.9 ± 2.3 1.94 ± 0.02 1.75 ± 0.02 1.95 ± 0.02 1.77 ± 0.02
Sewage effluent 79.9 ± 1.6 41.0 ± 1.9 53.6 ± 1.2 70.1 ± 2.0 1.86 ± 0.01 1.67 ± 0.02 1.87 ± 0.02 1.73 ± 0.01
Groundwater 74.7 ± 1.3 39.3 ± 2.4 54.5 ± 1.5 73.8 ± 2.6 1.82 ± 0.01 1.65 ± 0.04 1.84 ± 0.01 1.72 ± 0.03
Seawater 63.8 ± 2.2 32.8 ± 3.1 58.5 ± 1.3 78.9 ± 2.9 1.69 ± 0.03 1.59 ± 0.02 1.75 ± 0.02 1.69 ± 0.03

Table 5
Summary of regression statistics analysis and one-way ANOVA test (95% confidence level) showing the independent and combined effect of IS (X1), amount of DOM (X2) and
Ca2+ adsorbed by the ENPs (X3) on both the strength factor (SF, Y3) and fractal dimension (FD, Y4) of the formed aggregates.

Y3 Strength Factor (%)

Fe2O3 NPs TiO2 NPs

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p)

X1 Y3 = 79.8 − 0.02X1, 0.815 8.83, n.s. Y3 = 43.7 − 0.01X1, 0.568 2.63, n.s.
X2 Y3 = 59.2 + 1.2X2, 0.957 44.18, * Y3 = 28.7 + 1.4X2, 0.953 40.49, *

X3 Y3 = 67.3 + 0.7X3, 0.829 9.72, n.s. Y3 = 35.9 + 0.8X3, 0.873 13.79, n.s.
X1, X2 Y3 = 65.0 − 0.008X1 + 0.9X2, 0.991 57.93, n.s. Y3 = 24.5 + 0.006X1 + 1.8X2, 0.976 20.05, n.s.
X1, X3 Y3 = 73.1 − 0.01X1 + 0.4X3, 0.976 20.60, n.s. Y3 = 38.5 − 0.008X1 + 0.7X3, 0.997 154.40, n.s.
X2, X3 Y3 = 52.1 + 2.4X2 − 0.7X3, 0.999 2451.55, * Y3 = 30.7 + 0.9X2 + 0.3X3, 0.997 167.08, n.s.

Y4 Fractal Dimension

Fe2O3 NPs TiO2 NPs

Variables Regression statistics (linear regression equation, R2) ANOVA (F, p) Regression statistics (linear regression equation, R2) ANOVA (F, p)

X1 Y4 = 1.9 − 0.0003X1, 0.783 7.20, n.s. Y4 = 1.7 − 0.0001X1, 0.585 2.83, n.s.
X2 Y4 = 1.6 + 0.01X2, 0.981 101.39, ** Y4 = 1.6 + 0.01X2, 0.965 55.40, *

X3 Y4 = 1.7 + 0.009X3, 0.89 16.15, n.s. Y4 = 1.6 + 0.008X3, 0.857 11.94, n.s.
X1, X2 Y4 = 1.7 − 0.00007X1 + 0.01X2, 0.999 1909.99, * Y4 = 1.5 + 0.00005X1 + 0.02X2, 0.985 31.82, n.s.
X1, X3 Y4 = 1.8 − 0.0001X1 + 0.006X3, 0.997 175.13, n.s. Y4 = 1.6 − 0.00008X1 + 0.006X3 , 0.993 69.28, n.s.
X2, X3 Y4 = 1.6 + 0.02X2 − 0.005X3, 0.993 70.85, n.s. Y4 = 1.6 + 0.009X2 + 0.003X3, 0.999 440.84, *
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s: non-significant.
* p < .05.

** p < .01.

The statistical significance of the effect of each variables (inde-
endently and combined) on each property tested was assessed by
nalysis of variance (one-way ANOVA, p < .05).

. Results and discussion

.1. Aggregation behaviour of engineered nanoparticles in
atural waters

Table 2 shows the results of the aggregation studies in the
ifferent natural waters while Table 3 gathers the results of the

inear regression analysis and one-way ANOVA test. Results from
able 3 show that more than 85% of the aggregate size variabil-
ty is explained by the initial TOC concentration of the natural

aters. The relation became stronger (i.e. R2 > 0.99, p < .05) when
ombining the effect of both ionic strength (IS) and initial TOC
oncentration. These multiple regression analysis show that the
ggregate size of all ENPs were positively related to the increase
n IS and negatively related to the increase in TOC concentration
.e. slope values in Table 3 Interestingly, when only considering the
nitial concentration of Ca2+ rather than the IS, the results of the

ultiple linear regression analysis (Table 3) are still statistically
ignificant (i.e. p < .005) and the correlation between the aggregate
ize and the combined effect of initial TOC and Ca2+ concentration is
ven stronger (i.e. R2 > 0.995) suggesting that the concentration of

a2+ might dominate the behaviour of ENPs in most natural waters
44].

Similarly, the amount of DOM adsorbed on the surface of ENPs
as found to be strongly correlated (i.e. R2 > 0.97, p < .05) to the
combined effect of both IS and initial TOC concentration and initial
Ca2+ and TOC concentration. According to the DLVO theory [45],
an increase in ionic strength will lead to a significant decrease
in the repulsive forces between particles, hence leading to the
formation of larger particle aggregates. On the contrary, many stud-
ies [13,46,47] have demonstrated that the presence of sufficiently
high concentrations of DOM can stabilise the nanoparticles in solu-
tion and thus prevent them from aggregation. Despite differing in
absolute values, both particle/aggregate size and DOM adsorption
followed similar trends for all ENPs, although TiO2 NPs appeared
to be relatively more strongly affected by the IS and initial con-
centration of TOC and Ca2+. This difference between TiO2 NPs and
the rest of the ENPs is revealed by comparison of the slope val-
ues in Table 3. This difference may be due to TiO2 NPs occurring
as small aggregates rather than single particles and exhibiting an
initial lower zeta potential value (Table 1). Besides, Table S3 (SI),
which reports the zeta potential values of the different ENPs in the
natural waters, shows that the zeta potentials of TiO2 aggregates
are the smallest in magnitude indicating smaller repulsive forces
between particles promoting their aggregation. The very distinct
behaviour of TiO2 NPs compared to the other ENPs becomes signif-
icant in the higher IS samples (i.e. sewage effluent, groundwater and
seawater) and may indicate that the energy of interaction has been
eliminated (i.e. there is no more repulsive forces between particles)
and thus diffusion limited regime has been achieved for TiO2 NPs.

Unexpectedly, citrate-Ag NPs effectively adsorbed DOM on their
surfaces (Table 2) despite being negatively charged at the begin-
ning of the aggregation experiments (Table 1). A recent study [31]
indicated that negatively charged functional groups on NOM such
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ig. 1. Breakage and regrowth profile of Fe2O3 NPs (200 mg/L) and TiO2 NPs (25 mg
ater. Shear force applied: 200 rpm for 5 min. SF: strength factor; RF: recovery fact

s R COO− and R S− groups may facilitate NOM adsorption on
old NP surfaces by displacing weakly adsorbed citrate from the
urface. This may also be the case for Ag–NPs in the present study.
n fact, a recent study [48] showed that cysteine was adsorbed to
itrate-Ag NP surfaces through the formation of Ag(+I)-sulfhydryl
onds.

In the case of SRNOM- Fe2O3 NPs, neither adsorption nor des-
rption of DOM was observed in the different natural waters as
he initial and final measured TOC were similar (Table 2). However,
hese results could not indicate if there was an exchange between
he SRNOM adsorbed on the surface of Fe2O3 NPs and the DOM
resent in the natural waters.

The citrate-Ag NPs and the SRNOM-Fe2O3 NPs were most sta-
le (i.e. did not aggregate) in the low IS river water and their
ize remained quite similar to those obtained in DI water (i.e.
ncrease in size of less than 5%) (Table 2); possibly due to their
igher critical coagulation concentration (CCC) (see Table 1 and SI
igs. S6 and S7). In the relatively low IS lake water, however, both
itrate-Ag NPs and SRNOM-Fe2O3 NPs aggregated. This is probably
ue to the presence of divalent ions (i.e. Ca2+, 16.51 mg/L; Mg2+,
.60 mg/L; and SO4

2−, 12.97 mg/L). These are known to promote
NP aggregation, even in the presence of NOM [21], due to bridg-
ng effects and/or charge neutralisation [49]. In seawater, because
f the high ionic strength conditions, and especially the high con-
entration of divalent cations, the aggregates formation was mainly
overned by diffusion (diffusion-limited aggregation mode) as the

urface charge of the ENPs is partially or totally screened (i.e. zeta
otential values close to 0 in Tables S3 and SI) through the com-
ression of the electric double layer [50], giving a rise to weak
hysical particle–particle bonds such as van der Waals forces.
gregates formed in (a) seawater, (b) groundwater, (c) sewage effluent and (d) lake

Similar results were obtained in other recent studies [20,21] where
electrophoretic mobility values were found to be close to zero in
seawater samples.

3.2. Characterisation of aggregate structure: comparison between
Fe2O3 and TiO2 NPs

3.2.1. Aggregate strength and recoverability
In order to investigate aggregate structure, the aggregate

strength and recoverability were evaluated using a high mechan-
ical shear force to induce breakage of the aggregates, followed by
a slow stirring to allow aggregate regrowth. The SF and RF of the
aggregates were then calculated using Eqs. (1) and (2). These results
are presented in Tables 4 and 5 and Fig. 1.

When the shear force was introduced, both Fe2O3 and TiO2
NPs aggregates immediately decreased in size in all water sam-
ples (Fig. 1). After slow stirring was reintroduced the aggregates
began to grow again. Results for both Fe2O3 and TiO2 NPs
indicated the following order for SF: lake water > sewage efflu-
ent > groundwater > seawater, and the reverse order for RF. In all
waters, only partial aggregate recoverability was observed (i.e.
RF < 100%). Aggregate recoverability provides information about
the internal bonding structure of the aggregates. In previous stud-
ies focusing on floc structure, irreversible breakage of flocs was
seen as evidence that floc formation was not caused by pure charge
neutralisation mechanisms but was also associated with chemi-

cal bonds such as hydrogen bindings [37,39]. In the present study,
chemical bonds could well arise from surface adsorption of DOM on
ENPs as well as through intermolecular bridging via calcium com-
plexation. In fact, Table S4 (SI) shows the amount of Ca2+ adsorbed
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Fig. 2. Representative SEM images of (a

ithin the formed aggregates in the different water samples which
ay suggest that calcium, together with NOM, plays a role in ENP

ggregation. This statement is confirmed by the results obtained
n Table 3 which shows that the aggregation of ENPs is strongly
elated to the combined effect of NOM and Ca2+ present in the nat-
ral waters (i.e. R2 > 0.99, p < .005). Enhanced aggregation of ENPs

ue to a bridging mechanism by NOM was also observed in previous
tudies [25,49,51,52].

In seawater, the aggregates were formed under high ionic
trength conditions; much higher than the CCC of both Fe2O3 and
and (b) Fe2O3 aggregates in seawater.

TiO2 NPs. This indicates that the ENPs aggregated in a diffusion
limited aggregation mode or fast aggregation regime where aggre-
gation is mainly governed by diffusion as the zeta potential values
of the ENPs are close to 0 (Table S3, SI) due the compression of the
electric double layer [50]. Therefore, it may be expected that these
aggregates have low SF and proportionally high RF. In lake water,

however, aggregates of both ENPs had higher SF and lower RF. This
can partly be explained by low IS water promoting reaction limited
aggregation or a slow aggregation regime, giving rise to more com-
pact aggregates. Furthermore, this could also be the result of DOM
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Fig. 3. Representative SEM images of (a

present in higher concentrations in lake water) helping to bind the
articles together through chemical bonds [29,37]. In fact, adsorp-
ion of DOM on the surface of both ENPs is more important in lake
ater where the recovery factor has the lowest value, suggesting

hat DOM plays a role in the aggregate recoverability. In fact, Table 5
2
hows a fairly strong correlation (i.e. R > 0.95, p < .05 for both Fe2O3

Ps and TiO2 NPs) between SF and the amount of DOM adsorbed by
he NPs. Furthermore, Table 2 shows that Fe2O3 NPs have a greater
dsorption capacity for DOM than TiO2 NPs. This can be explained
and (b) Fe2O3 aggregates in lake water.

by their higher initial zeta potential (+35.4 mV for Fe2O3 NPs vs.
+20.7 mV for TiO2 NPs) and higher surface area (because Fe2O3
NPs are initially present as primary, well-dispersed particles rather
than small aggregates). Finally, the presence of calcium cations in
lake water can also influence the strength and recoverability of the

2+
formed aggregates. In fact, Table S4 (SI) shows the amount of Ca
adsorbed within the formed aggregates. This amount was found to
be more important in the waters with lower IS (i.e. river and lake
waters) which can be seen as evidence of calcium complexation
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ith DOM within the aggregates formed in these waters leading
o more compact aggregates. Besides, Table 5 shows that there
s a strong correlation (i.e. R2 > 0.99, p < .05) between the SF and
he combined effect of surface-adsorbed DOM and Ca2+ for Fe2O3
Ps only; which may explained the stronger SF values obtained

or this ENP compared to TiO2 NPs. In fact, as discussed earlier,
trong chemical bindings can arise from the intermolecular bridg-
ng via calcium complexation with DOM leading to more compact
ggregates.

.2.2. Aggregate structural analysis
The structure of the aggregates was also described by calculat-

ng their fractal dimension (FD) before breakage and after regrowth
Table 4). Fractal dimension can provide useful information about
he morphology (i.e. porosity and compactness) of the aggregates
11]. For both ENPs, the FD values remained fairly unchanged after
egrowth, except in the samples with high IS (i.e. seawater). As dis-
ussed in the previous section, in seawater, the aggregates were
ormed under high ionic strength conditions and thus aggrega-
ion is mainly governed by diffusion giving rise to weak physical
article–particle bonds such as van der Waals forces. When the
igh shear force is applied, the aggregates will preferentially break
t these weak points. When the slow mixing speed is then reintro-
uced, the aggregates will start to reform slowly and new bonds will
e created at more favourable points (i.e. where the attractive forces
ill be greater or the repulsive forces lower) resulting in the forma-

ion of more compact aggregates with higher FD. [38]. By comparing
he FD of both ENPs in the different water samples (Table 4), it
an be seen that the FD values followed the same trend as the
F values: increasing together with increasing quantities of DOM
dsorbed on the ENPs (i.e. R2 > 0.96, p < .05) (Table 5). Baalousha
t al. [25] obtained similar findings, with the addition of humic acid
HA) molecules inducing a change in aggregate structure. In the
bsence of HA, the nanoparticles formed open porous aggregates
ith a low FD, whereas in the presence of HA, compact aggregates
ith higher FD were formed. The difference observed here between

e2O3 and TiO2 NPs may also be explained by the fact that Fe2O3 NPs
dsorbed DOM more efficiently and therefore formed more com-
act aggregates. Furthermore, it can also be explained by the way
NP aggregates interact with DOM. Christian et al. [11] explained
hat HA (and therefore DOM) adsorption on NP aggregate surfaces
ould occur in two steps. Initially, DOM may cover the surfaces
f NP aggregates in a fast adsorption step. This could be followed
y slow diffusion of DOM within the aggregate pores, leading to
he formation of more compact aggregates. Finally, the difference
n aggregate structure could also arise from the difference in ini-
ial particle surface area. A recent study [29] showed that there is
linear relationship between NP surface area and fractal dimen-

ion, which suggests that smaller particles can form more compact
ggregates.

SEM images of both ENPs in seawater (Fig. 2) and in lake water
Fig. 3) confirmed the difference in structure between the two
xtreme water samples (i.e. high IS and low TOC seawater versus
ow IS and high TOC lake water). Despite the difference in size,
oth Fe2O3 and TiO2 NPs formed linear, chain-like aggregates in
eawater, whereas in lake water, aggregates of both ENPs were
ore compact. In a recent study [22] investigating the aggregation

ehaviour of TiO2 NPs under relevant environmental conditions,
imilar findings were reached regarding the structure of the formed
ggregates. In their study, Romanello et al. [22] found that TiO2
ggregates formed under favourable conditions (i.e. high IS) exhib-

ted an open, porous morphology (based on SEM images analysis).
uthors explained that under these unstable conditions, the total

nteraction energy between particles is positive which resulted in
igh attachment efficiency [53].
Fig. 4. Correlations between the strength factor SF and the fractal dimension FD
of the formed aggregates. The error bars represent the standard deviation from
triplicate measurements.

3.2.3. Correlation between SF and FD
Fig. 4 shows that there is also a strong correlation (i.e. R2 > 0.98)

between aggregate FD and SF. This can be explained by the strong
relationship between the aggregate structure and breakup mech-
anism. In fact, Jarvis et al. [54] explained that there are two
mechanisms of aggregate breakup: surface erosion (slow) and
large-scale fragmentation (fast). Highly-branched aggregates with
low FD (e.g. in seawater) will breakup via a fragmentation mech-
anism, whereby aggregates split into pieces of comparable size,
leading to a low SF. This suggests that these small aggregates were
agglomerated rather than aggregated as they were only held by
weak van der Waals forces [55]. However, compact aggregates
with higher FD (e.g. in lake water) will preferentially breakup via
a surface erosion mechanism, whereby small particles are sepa-
rated from the surface of the aggregates, leading to higher SF. The
high degree of compactness of these aggregates (i.e. high FD value)
makes the disaggregation process more difficult (resulting in higher
SF value) and this is mainly due to the presence of DOM within the
aggregates [25]. This finding is also supported by Wang et al. [56]
who found a close relationship between floc structure (i.e. FD) and
floc SF.

4. Conclusions

This study showed that aggregation behaviour and aggregate
structure of ENPs are both strongly dependent on the physico-
chemical characteristics of the environmental medium (i.e. ionic
strength, ionic composition and presence and concentration of
NOM). Aggregate structure of ENPs, in particular, is an important
factor controlling their fate and behaviour in the aquatic environ-
ment. In fact, the more porous the aggregate, the lower the FD,
resulting in faster sedimentation in comparison to higher fractal
aggregates [57,58]. Results from this study also revealed a strong
correlation between FD and SF. Compact aggregates (i.e. having
high FD and SF) will more likely disaggregate via surface erosion
which will likely lead to the formation of smaller aggregates that
can potentially be resuspended in the water column where they can
adsorb and transport pollutants, nutrients and/or natural colloids.

The method presented in this study only considers homo-
aggregation. However, hetero-aggregation process will more
likely occur in real situations where the presence and concen-

tration of natural nanoparticles and/or large agglomerates of
organic molecules is much larger than the ENPs intentionally or
unintentionally released into the environment. The characterisa-
tion of aggregation behaviour and aggregate structure in such
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